


Alina Kabata-Pendias

Arun B. Mukherjee

Trace Elements from Soil to Human



With 26 Figures and 209 Tables

Trace Elements
from Soil to Human

Alina Kabata-Pendias
Arun B. Mukherjee



Library of Congress Control Number:   2007920909

ISBN-10 3-540-32713-4   Springer Berlin Heidelberg New York
ISBN-13 978-3-540-32713-4   Springer Berlin Heidelberg New York

This work is subject to copyright. All rights are reserved, whether the whole or part of the material
is concerned, specifically the rights of translation, reprinting, reuse of illustrations, recitations,
broadcasting, reproduction on microfilm or in any other way, and storage in data banks. Duplica-
tion of  this publication or parts thereof is permitted only under the provisions of the German Copy-
right Law of September 9, 1965, in its current version, and permission for use must always be ob-
tained from Springer.  Violations are liable to prosecution under the German Copyright Law.

Springer is a part of Springer Science+Business Media
springeronline.com
© Springer-Verlag Berlin Heidelberg 2007

The use of general descriptive names, registered names, trademarks, etc. in this publication does
not imply, even in the absence of a specific statement, that such names are exempt from the rel-
evant protective laws and regulations and therefore free for general use.

Cover design: WMXDesign, Heidelberg
Typesetting: Stasch · Bayreuth (stasch@stasch.com)
Production: Agata Oelschläger

Printed on acid-free paper     30/2132/AO – 5 4 3 2 1 0

Authors

Prof. Dr. hab. Alina Kabata-Pendias

IUNG-PIB
ul. Czartoryskich 8
24-100 Pul/////awy
Poland
Phone: +48 81 886 34 21
Fax: +48 81 886 45 47

Dr. Arun B. Mukherjee

Environmental Sciences
Department of Biological and Environmental Sciences
P.O. Box 27
FI-00014 University of Helsinki
Finland
Phone: +358 9 191 58539
Fax: +358 9 191 58462
E-mail: arun.mukherjee@helsinki.fi



Preface

The understanding of fundamental principles and phenomena that control the trans-
fer of trace elements in soil-plant-human chain can contribute to the protection of the
environment and human health. Many books, articles, and reports have already de-
scribed both fundamental and/or detail problems related to these topics.

The intention of the authors is to provide up-to-date and selected interdisciplinary
data for the concise presentation of existing knowledge on trace element transfer in
the food chain, from soil to human. To accomplish this, the inclusion of appropriate
data has been necessary. This book inevitably leaves publications of many investiga-
tors’ uncited. The authors regret that such approach was necessary.

This volume is composed of two parts. Part I – Biogeochemistry of the Human En-
vironment – presents fundamental information on biogeochemical properties of envi-
ronmental compartments (soil, water, air, plants, humans) concerning trace elements.
Part II – Biogeochemistry of Trace Elements – provides detailed data of the behavior
and the occurrence of trace elements in the environment. There is a close relationship
in the biogeochemical behavior between elements and their position in the Periodic
System. Therefore, the format of this book follows the elemental sequences of the
contemporary Periodic Table. The book provides data on the production usage, and on
the occurrence of trace elements in soils, waters, air, plants, and humans (animals).
Environmental stress, and biological functions of these elements are widely discussed.

The authors hope that information, presented in this book, will encourage young
scientists to undertake further studies for better understanding of all factors that in-
fluence cycling of trace elements in a given ecosystem, and to develop the most effec-
tive methods for the effective remediation of contaminated sites. Finally, this knowl-
edge will improve the assessment of health and ecological risk. The authors will be
satisfied if this book fires the imagination of some readers and encourages them to
study the biogeochemistry of trace elements in greater depth.

Alina Kabata-Pendias, Arun B. Mukherjee
January 2007
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Basic units of the International System (SI Unit) are used in this book. Mean contents
refer to arithmetic mean value, unless otherwise specified.

The concentrations of a trace element in soil, plant, animal, and human samples are
based on the total content by weight of the element in air-dried or oven-dried (at 40 °C)
material. Otherwise it is indicated as follows:

AW – ash weight
FW – fresh weight or wet weight
BW – body weight

All data are given for topsoils, unless otherwise indicated. If not identified, a con-
tent of an element in environmental samples is given as, so called “total”, i.e., measured
in totally digested sample or measured directly in a sample.

Presentation of Data

Units

Mt – million metric tons (103 kt)
kt – thousand metric tons (103 t)
t – metric ton (103 kg)
kg – kilogram (103 g)
g – gram (10–3 kg)
mg – milligram (10–3 g)
µg – microgram (10–3 mg)
ng – nanogram (10–3 µg)
pg – picogram (10–3 ng)
fg – femtogram (10–3 pg)
pm – picometer (10–12 m); 1 Å = 100 pm
ha – hectare (10 000 m2)
l – liter (1 dm3)
m3 – cubic meter (103 dm3)
Bq – becquerel
mBq – millibecquerel
Ci – curie; 1 Ci = 3.7 × 1010 Bq
mCi – millicurie
nCi – nanocurie
pCi – picocurie

Symbols

°C – temperature in Celsius degrees
cmol(+)kg–1 – centimoles of positively

charged ions (cations) in 1 kg of
sample (formerly meq / 100 g;
1 cmol(+)kg–1 = 1 meq/100 g)

Eh – redox potential (volts, millivolts)
pH – negative logarithm, base 10,

of hydrogen ion concentration
(activity)

M – molar concentration of solution
of an element (compound)

t1/2 – half life-time of an radionuclide
Kd – dissociation constant: product

of the activities of cations and
anions divided by the activity
of the unionized electrolyte





AAAc ammonium acetic acid
AAAcEDTA mixture of ammonium acetic acid with Na2EDTA
AAP acid available particulate
AD Alzheimer disease
ADI acceptable daily intake
AMAP Arctic Monitoring and Assessment Programme
A/N ratio of anthropogenic to natural sources
AROMIS Assessment and Reduction of Heavy Metal Inputs into Agro-Ecosystems
ASB alkaline-stabilize biosolids
ASM artisanal and small-scale gold mining
ATSDR Agency for Toxic Substances and Disease Registry
AHM Asian herbal medicines

BAC biological absorption coefficient
BAT biological tolerance values at workplace
BC Before Christ
BCF biological concentration factor
BIM biologically induced minerals
B-x blood level of a given element

Cc continental crust concentration of element
CEC cation exchangeable capacity
CLPP community level physiological profile
Clarke Clarke’s data for mean values for chemical elements in a given geological

material
COPR chromite-ore processing residue
Cw dissolved concentration of element in water
Cw/Cc ratio of element concentration in water to its content in the continental

crust

DBT dibutyltin
DDI daily dietary intake
DM-X dimethylated element
DMT dimethyltin
DNA de(s)oxyribonucleic acid, carrier of genetic information

Glossary (Abbreviations, Acronyms)



Glossary (Abbreviations, Acronyms)XXIV

DOC dissolved organic carbon
DOM dissolved organic matter
DTPA diethylenetriaminepentaacetic acid
DU depleted uranium

EC European Commission
EDTA ethylenediaminetetraacetic acid
EFc enrichment factor-ratio of element concentration in air to its content in

the Earth’s crust, normalized to the reference element (Al)
EPA Environmental Protection Agency
ESADDI estimated safe and adequate daily dietary intake
FA fly ash

FAO Food and Agriculture Organization of the United Nation
FDA Food and Drug Administration

GIS geographical information system
GEMS Global Environment Monitoring System
GERM Geochemical Environmental Reference Methods

HA humic acids
HELCOM Helsinki Commission
HI hazardous index
HDL high density lipoproteins
HRE heavy rare earth

IHC interactive health communication
IAEA International Atomic Energy Agency
IARC International Agency for Research on Cancer
IBA index of bioaccumulation
ICRP International Commission on Radiological Protection
IDD Iodine Deficiency Disorders
IHC Interactive Health Communication,
IHR International Health Regulation
IPCS International Program on Chemical Safety
IUPAC International Union of Pure and Applied Chemistry
IUR International Union of Radioecology

JECFA Joint FAO/WHO Expert Committee on Food Additives

KD Keshan disease
KBD Kashin-Beck disease

LDL50 lethal dose, the simple dose of an element which causes the death of
50% of a population in a specific period of time

LDL0 the lowest lethal dose



XXVGlossary (Abbreviations, Acronyms)

LDH low density lipoproteins
LOAEL lowest-observed-adverse-effect level
LRE light rare earth
LTI lowest threshold intake

MAC maximum allowable concentration
MAK maximum concentration of a chemical substance on air at the work-

place (after German)
MBT monobutyltin
MCL maximum concentration level
MCRA Monte Carlo Risk Assessment
Me-X methylated metal
MF modifying factors
ML maximum level
MPL maximum permissible limit
MMT methylocyclopentadienyl manganese tricarbonyl
MM-X monomethylated metal
MND motor neuron disease
MPC maximum permissible concentration
MSW municipal solid waste
MTD maximum tolerable dose

NAS National Academy of Sciences
NIOSH National Institute for Occupational Safety and Health
NOAEL no-observed-adverse-effect level
NOEC no-observed-effect concentration

OEL occupational exposure limit
OECD Organization for Economic Cooperation and Development
OTC organo-tin compound
OSHA Occupational Safety and Health Administration (in USA)

PbB lead in blood
PCBs polychlorinated biphenyls
PGM platinum group metal
PM particulate matter (e.g., PM10 = particle 10 µm in diameter)
PT50 phytotoxicity threshold corresponding to 50% growth retardation
PTDI provisional tolerable daily intake
PTWI provisional tolerable weekly intake
PMTD provisional maximum tolerable daily intake

RDI recommended daily intake
RDA recommended dietary allowance
REE rare earth element
RfD reference dose
RNA ribonucleic acid, structural element of the cytoplasm and cell nucleus
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SeCys selenocysteine
SEFcrust soil enrichment factor in relation to crust mean concentrations (ratio of

mean soil content to crustal content)
SeGSH selenoglutathione
SeMC selenomethylocysteine
SeMet selenomethionine
SOD superoxide dismutase
SETAC Society of Environmental and Toxicological Chemistry
SOM soil organic matter
SPTF soil-plant transfer factor

TAV trigger action value
TBT tributyltin
TF transfer factor (ratio of an element content in plant to its concentration

in soil)
TDI total dietary intake
TDS Total Diet Study
TI tolerable intake
TIC trace inorganic contaminants
TLV threshold limit value
TUIL tolerable upper intake level
TWA time weighted average

UF uncertainty factors
UL tolerable upper intake level
UNEP United Nations Environmental Program
UNESCO United Nations Educational, Scientific and Cultural Organization
UPAC International Union of Pure and Applied Chemistry
USEPA US Environmental Protection Agency
USGS United States Geological Survey

WHO World Health Organization
W/S worms/soil concentration ratio



The quality of human life depends on the chemical composition of food and of the
surroundings. Recent improvements and new methods in analytical chemistry and
increasing fields of environmental investigations have added substantially to our knowl-
edge of the biogeochemistry of trace elements. In the last three decades there has been
a real “explosion” of research data and various publications on occurrence and behav-
ior of almost all trace elements including both elements of known and unknown physi-
ological functions in organisms. In order to realize the vast significance of the bio-
geochemistry of trace elements, it is essential to gather the knowledge acquired over
this period into one comprehensive compilation.

Soil is not homogenous, and the microscale heterogeneity creates a real problem in
representative sampling. Also the variability in sampling procedure from plants and
other organisms is a subject of concern and this has made the assessment and evalu-
ation of some data almost impossible. Therefore, quantitative comparisons of analyti-
cal data for soils, plants and human/animal tissues have often been difficult.

Different chemical preparations of samples (e.g., HNO3 microwave decomposition,
ashing with aqua regia, total digestion) as well as different instrumental methods used
for the determination of elements (e.g., ICP-MS, ICP-OES, F-AAS, ETA-AAS) have an
influence on final results. Luckily, analytical quality assurance and the use of reference
materials have decreased uncertainties of analytical data. Therefore, each measure-
ment of trace elements builds up a database and contributes to a better understanding
of their overall distribution and behavior in given media and in the total environment.

A better understanding of the biogeochemical processes that control trace element
cycling and comprehensive dataset on the abundance of trace elements in abiotic and
biotic environmental compartments may be a key to better management of trace ele-
ments in the environment that is prerequisite to sustainable land use and, presumably,
to diminish health risks due to trace inorganic pollutants.

The term “trace elements” has never been defined precisely. It has been used in
geochemistry for chemical elements that occur in the Earth’s crust in amounts less
than 0.1% (1 000 mg kg–1) and also in biological sciences, for elements at similar con-
centrations. Therefore some elements that are “trace” in biological materials are not
“trace” in terrestrial ones (i.e., iron). The term “trace elements” is related to their abun-
dance and includes elements of various chemical properties: metals and metalloids.

Common trace cations descriptors are “trace metals” and/or “heavy metals”. The
trace metalloids are simple “trace elements”. The other terms: “micronutrients”, “es-
sential elements”, and “toxic elements” are related to their physiological functions and

Introduction



2

are rather confusing since their effects on organisms and health depend upon concen-
trations. All these terms are inadequate, and a great deal of confusion has occurred in
the literature where authors have been imprecise in their use of these terms. Especially
the term “heavy metals” has recently become a subject of a broad discussion that
emphasizes its non-precise definition. Duffus (2002) has written: “Over the past two
decades, the term ‘heavy metals’ has been widely used… and related to chemical haz-
ards. It is often used as a group name for metals and semimetals (metalloids) that have
been associated with contamination and potential toxicity or ecotoxicity.” This term is
based on various criteria (i.e., atomic weight, atomic number, density, chemical prop-
erties etc.). Thus, the inconsistent use of the term “heavy metals” reflects inconsistency
in the scientific literature. This term has never been defined by any authoritative body,
such as IUPAC.

Other terms that need to be defined are related to chemical speciation and fraction-
ation of elements. Thanks to new developments in analytical instrumentation and
methodology, the identification and measurement of element species in a particular
system is possible. In an attempt to end the confusion regarding the usage of the term
speciation, three IUPAC Divisions collaborated to consider the issue (Templeton et al.
2000). Their definitions for the recommended use of term speciation are following:

� Chemical species. Chemical elements: specific form of an element defined as to iso-
topic composition, electronic or oxidation state, and/or complex or molecular struc-
ture

� Speciation analysis.  Analytical chemistry: analytical activities of identifying and/or
measuring the quantities of one or more individual chemical species in a sample

� Speciation of an element, speciation. Distribution of an element among defined
chemical species in a system

� Fractionation.  Process of classification of an analyte or a group of analytes from a
certain sample according to physical or chemical properties
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Chapter I-1

The biosphere, also called the ecosphere, is the natural environment of living organ-
isms and is the complex biological epidermis of the Earth whose dimensions are not
precisely defined. It consists of the surficial part of the lithosphere, a lower part of the
atmosphere, and the hydrosphere. Several ecosystems have been developed within the
biosphere. Each ecosystem is a fundamental division of the total environment consist-
ing of living organisms in a given area and having a balanced cycling of chemical
elements and energy flow.

Among the principal resources of which man disposes, are terrestrial ecosystems
consisting of soil and water, and associated animal and plant life. Ecosystems are func-
tional environmental units, having balanced cycles of chemical elements, organic
materials and energy flow. There is a homeostatic interrelationship between the non-
living media (abiotic compartments) and the living organisms (biotic compartments).
However, a significant part of the ecosystems has already been considerably modified
by humans, and these processes will continue.

The energy for life is derived from the radiant energy of the sun, which drives the
chemical reaction of photosynthesis. The other sources of energy, e.g., geothermal,
gravitation, and electrical, are of negligible importance in the total energy flow, but
may determine specific conditions of some ecosystems.

Organisms have adjusted during the course of evolution and life to the chemistry of
their environment and have developed their biochemistry in close connection to the
composition of the natural environment. These phenomena have been easily observed,
mainly in microorganisms and plant populations that have evolved tolerance to high
concentrations of trace elements either in natural geochemical provinces, or under
man-induced conditions.

Most of the chemical elements for life on the land are supplied mainly from the soil
overlying the surficial lithosphere (Fig. I-1.1). Although mechanisms of biological
selection of chemical elements allow plants to control, to a certain extent, their chemi-
cal composition, this barrier is somewhat limited in respect to trace elements. There-
fore concentrations of trace elements in plants are often positively correlated with the
abundance of these elements in growth media. This creates several problems for plants,
animals and humans associated either with deficiency or with excess. Thus, questions
of how and how much of an element is taken up by organisms have been hot topics
of research in recent decades. Usually the quantitative differences between essential
amounts and biological excesses of trace elements are very small. A proper balance
between trace and major elements plays a significant role in biochemical processes.

The Biosphere
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The bioavailability of these elements is variable and is controlled by specific properties
of abiotic and biotic media as well as by physical and chemical properties of a given
element.

The biochemical functions of essential trace elements are already known. A great
number of trace elements are known to have a biological role, often as cofactors or part
of cofactor in enzymes and as structural elements in proteins. Some of them also are
used in several processes of electron transfer. Non-essential elements seem to be in-
volved in vital processes but their biochemical functions are not yet understood. The
essentiality of other trace elements, possible at very minor concentrations, may be
discovered in the future. Most of trace elements that are essential to humans are also
essential to plants. Unfortunately, contents of most elements that may be harmful to
humans and animals are not toxic to plants. This has created an increased transfer of
some elements in the food chain.

The survival of mankind is a story of food. Both, lack of food and bad quality of
food have created throughout the centuries serious problems for people. Nowadays it
is calculated that over 3 billion people worldwide suffer from either deficiency or tox-
icity of some trace elements.

Here is a place to remind Paracelsus’ (1538) statement:

All substances are poisonous, there are none which is not a poison; the right dose is what differenti-
ates a poison from a remedy.

Fig. I-1.1.
The transfer of chemical ele-
ments in schematic terrestrial
trophic chain
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The anthroposphere.  Many ecosystems have been considerably modified by humans
and therefore it has become necessary to distinguish the anthroposphere – the sphere
of man’s settlement and activity. The anthroposphere does not represent a separate
sphere, but may be applied to any part of the biosphere that has been changed under
an influence of technical civilization.

While geological, geochemical and biological alterations of the lithosphere have been
very slow, changes introduced or stimulated by humans have been accumulated ex-
tremely quickly in recent decades of the past century. Anthropogenic changes, associ-
ated mainly with chemical pollution, lead most often to a degradation of the natural
human environment. Among all chemical pollutants, trace elements are of a special
ecological, biological and health significance.

The production of energy and the consumption of natural resources are the main
source of trace elements as contaminants. However, agricultural activities and espe-
cially application of sewage sludge, manure, mineral fertilizers (NPK), and pesticides
also contribute significantly to the trace metal status of agroecosystems.

Bowen (1979) has suggested that when the rate of mining of a given element ex-
ceeds the natural rate of its cycling by a factor of ten or more, the element should be
considered a potential pollutant. Thus, the potentially most hazardous trace metals to
the biosphere may be: Ag, Au, Cd, Hg, Pb, Sb, Sn, Te, W. Also those elements that are
essential to plants and humans, such as: Cr, Cu, Mn, and Zn, may be released, in some
regions, in excessive amounts.



Chapter I-2

Soil is not only a part of the ecosystem but also occupies a basic role for humans, because
the survival of man is tied to the maintenance of its productivity. Soil functions as a
filtering, buffering, storage, and transformation system protect against the effects of
trace element pollution. Soil is effective in these functions only as long as its capacity
for cation exchange and its biological activity are preserved. The frequent association
of trace element pollution with acid deposition (mainly S, NOx, and HF) greatly com-
plicates the overall effects in the environments.

Soil is the main source of trace elements for plants both as micronutrients and as
pollutants. It is also a direct source of these elements to humans due to soil ingestion
affected by “pica-soil”, geophagia, dust inhalation, and absorption through skin.

The soil-plant transfer of trace elements is a part of chemical element cycling in
nature. It is a very complex process governed by several factors, both natural and af-
fected by humans. Thus, the prediction of trace element uptake by plants from a given
growth medium should be based on several biotic and abiotic parameters that control
their behavior in soil.

Soils contain trace elements of various origins: (i) lithogenic – inherited from the
lithosphere (parent material), (ii) pedogenic – from lithogenic sources but forms changed
due to soil-forming processes, and (iii) anthropogenic – elements deposited onto and/
or into soils as results of human’s activities. Soil processes and anthropogenic factors
control the behavior of all these elements (Table I-2.1). It has been assumed that the
behavior of trace elements in soils and in consequence their phytoavailability differ as
to their origin. Several recent reports have indicated that regardless of the forms of the
anthropogenic trace metals, their availability to plants is significantly higher than those
of natural origin (Kabata-Pendias and Pendias 2001).

Soils of several regions of the world (and especially of Europe) have been and will
be in the future subjected to mineral fertilization, pesticide application, waste disposal,
and industrial pollution. All these human activities affect both chemical and physical
soil properties, and will lead to changes in the behavior of trace elements in soils. The
impact of soil acidification, alkalization, salinity and losses of SOM on the uptake of
trace elements by vegetation, particularly by crop plants, have already become serious
issues for the environment and for human health.

Weathering.  Weathering, the basic soil-forming process is a complex set of interac-
tions between the lithosphere, atmosphere, and hydrosphere that occur in the biosphere
and are powered by solar energy. It can be described chemically as the processes of

Soils
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Table I-2.2. Geochemical classification of trace elements (based on data after Rankama and Sahama
vide Fairbridge 1972)

Table I-2.1. Influence of origin of trace elements on their behavior in soil

dissolution, hydration, hydrolysis, oxidation, reduction, and carbonization. All these
processes are guided by the rules of enthalpy and entropy, and they lead to the forma-
tion of mineral and chemical components that are relatively stable and equilibrated in
the particular soil environment (Pédro 1979). The behavior of elements during weath-
ering and pedogenic processes are highly associated with their geochemical proper-
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ties, which are base for the geochemical classification (Table I-2.2). The majority of
elements reveal lithophilic character, which indicates a tendency to form oxygen com-
pounds, as well as silicates, carbonates, phosphates, and sulfates.

Clay minerals, the principal products of weathering and soil formation, are due to
water-rock interaction processes. Two types of compounds released by organic matter or
organisms are believed to be particularly involved in weathering processes: carbonic acid,
formed from the CO2 released during decay of organic matter, and organic chelates.

Processes of weathering (degradation) and neoformation of minerals as well as
formation of amorphous minerals and organo-mineral substances greatly affect the
forms and adsorption of trace elements in soil. The affinity of trace elements for soil
constituents is strongly influenced by their electrochemical properties and is closely
related to the specific surface area and cation exchange capacity (CEC) of the minerals.
Some clay minerals, such as montmorillonite, imogolite, vermiculite, and amorphous
allophanes reveal the highest sorption capacity (Table I-2.3).

Table I-2.3. Surface area and sorption capacity (CEC) of some soil mineralsa
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Factors controlling the complex set of chemical weathering processes of minerals in
rocks and soils are: (i) oxidation, (ii) reduction, (iii) hydrolysis, (iv) hydration,
(v) solution, and (vi) chelation. All of these reactions are controlled by chemical equi-
libria of the particular environment that can be illustrated by the Eh-pH diagrams for
the given geochemical reactions (Garrels and Christ 1965). In various weathering
environments, the behavior of trace elements differs (Table I-2.4). The electrochemi-
cal properties of elements and the stability of host minerals controls the mobility of
trace elements. In an arid environment, physical weathering generally occurs, chemi-
cal transformation being rather poor due to the lack of water. In a tropical climate with
high temperature and humidity, chemical weathering is favored, resulting in the for-
mation of more clay minerals.

Due to the variable charge of both clays and organic particles, different organo-
mineral complexes are formed that may greatly influence element mobility in soils
(Tan 1998). This author has emphasized that various bindings between microorgan-
isms, like bacteria and fungi, and soil clays and organic matter, may also occur and may
have serious environmental importance.

Pedogenic processes.  Pedogenic processes cannot be easily distinguished from weath-
ering processes as they take place simultaneously and at the same sites; most often they
are closely interrelated. The principal types of these processes include: (i) podzolization,
(ii) alkalization, (iii) aluminization, (iv) laterization, (v) sialization, and (vi) hydromor-
phic processes. All these processes control the distribution and behavior of trace ele-
ments in distinct layers of soil profiles that are related to sorption and desorption and
to the formation of various species of elements.

Table I-2.4. Behavior of trace elements in various weathering conditions (after Kabata-Pendias and
Pendias 2001)
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The main soil parameters governing these processes are: (i) pH and Eh values,
(ii) amount and mineral composition of the fine granulometric fraction (<0.2 mm),
(iii) amount and kind of organic matter, (iv) oxides and hydroxides of Fe, Mn and Al,
and (v) microorganisms.

In most soil conditions the effects of pH on the solubility of trace elements, espe-
cially of microcations, is more significant than that of redox potential (Chuang et al.
1996). In some soils, however, redox potentials have a crucial impact on the behavior
of some metals, in particular of Co, Cr, Fe and Mn (Bartlett 1999). The diversity of ionic
species of trace elements and their various affinities to complex inorganic and organic
ligands make possible the dissolution of each element over a relatively wide range of
pH and Eh.

Smith and Huyck (1999) described metal mobility under different environmental
conditions. Although it is rather difficult to predict trace element mobility in soils and
other terrestrial compartments, the authors referred to the capacity of an element to
move with fluids after dissolution in surficial environments. The following conditions
and behavior of trace elements were distinguished:

� Oxidizing and acid, pH <3: (a) very mobile – Cd, Co, Cu, Ni, and Zn, (b) mobile – Hg,
Mn, Re, and V, and (c) somewhat mobile and scarcely mobile – all other metals

� Oxidizing in the absence of abundant Fe-rich particles, pH >5: (a) very mobile – Cd
and Zn, (b) mobile – Mo, Re, Se, Sr, Te, and V, and (c) somewhat mobile and scarcely
mobile – all other metals

� Oxidizing with abundant Fe-rich particulates, pH >5: (a) very mobile – none,
(b) mobile – Cd and Zn, and (c) somewhat mobile and scarcely mobile – all other metals

� Reducing in the absence of hydrogen sulfide, pH >5: (a) very mobile – none,
(b) mobile – Cd, Cu, Fe, Mn, Pb, Sr, and Zn, and (c) somewhat mobile and scarcely mobile
– all other metals

� Reducing with hydrogen sulfide, pH >5: (a) very mobile – none, (b) mobile – Mn and
Sr, and (c) scarcely mobile to immobile – all other metals

It is evident that Fe/Mn-rich particulates and hydrogen sulfide are most significant
among the abiotic factors in controlling trace metal behavior in the terrestrial environ-
ment (Sparks 1995; Bartlett 1999). The relationship between Fe contents and some trace
metals indicates an impact of soil Fe on the distribution of some trace metals. How-
ever, this relationship is significantly high only for Ni (Fig. I-2.1).

All metals that are especially susceptible to redox reactions, e.g., Co, Cr, Fe, and Mn
play a significant role in dissolution/precipitation reactions in soil. This is best illus-
trated by the behavior of Mn:

� The reduction of Mn3+ to Mn2+ by: Fe2+, Cr3+, Co2+, reduced S, phosphate ligands
(e.g., P2O7

4–), phenols, and other easily oxidizing organic compounds
� The oxidation of Mn2+ to Mn3+ or Mn4+ by: any hydroxyl free radicals or atmo-

spheric oxygen
� The Mn3+ is an extremely reactive redox species that quickly disappears, either by

accepting or by donating an electron
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Other soil minerals such as, carbonates, phosphates, sulfides, sulfates and chlorides may
have important influences on the distribution and behavior of trace elements in soils devel-
oped under specific geological and climatic conditions (Kabata-Pendias and Sadurski 2004).

Soil biota.  Living organisms in soils composed of fauna and flora of various dimensions
(macro-, meso-, and micro-) are abundant in soils, especially in surface layers. Functions
of living organisms are reflected in biological activity of soils and greatly contribute to
bio-physico-chemical processes in soils and soil fertility.

Some species of soil mesofauna (invertebrates) may easily reflect chemical changes
in soil and are used as sensitive indicators of the trace metal status of soils (Ma 1987).
According to this author the concentration factor (ratio of worms to soil) varies from
0.1 to 190, being the lowest for Pb and the highest for Cd. Depending upon soil properties,
this factor is also variable for a given element. Also Edwards et al. (1998) have concluded,
based on an earthworm bioassay, that many factors hampered quantitative determina-
tion of the degree of metal bioavailability in soil. However, there is always observed a general
rule, that Cd is the most available to earthworms (Worms/Soil ratio: 1–37) whereas Cu
and Pb are the least available (W/S ratio < 1) (Kabata-Pendias and Pendias 2001).

Trace element contamination causes changes in biochemical parameters of soils such as
biomass and species diversity, and microbial activity. Most of these parameters have been
used as indices of trace element status of soils, however, there is not always a clear relation-
ship. The impact of soil microorganisms and enzymes on all redox and dissolution/precipi-
tation processes is crucial (Burns and Dick 2002; Naidu et al. 2001; Kostyuk and Bunnenberg
1999). The physicochemical relationship between bacteria and mineral surfaces leads to
diverse effects of dissolution and secondary precipitation of trace elements, including
changes in their valence and/or conversion into organomineral compounds. The water-
extractable F in soils is also positively correlated with the microbial biomass (Tschenko
and Kandeler 1997). The microbial activities are associated with following processes:

� uptake or release of an element from a cell
� charge alteration of an ion
� complexation of an element by various produced compounds
� immobilization of an element
� mobilization of an element, often due to the methylation

Fig. I-2.1.
Relative distribution index
(RDI) of statistically-signifi-
cant relationships between
trace metals and Fe content of
mineral soils, at the 99% confi-
dence level (after Kabata-
Pendias and Pendias 2001)
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Biological methylation of some elements, such as As, Hg, Se, Te, Tl, Pb, and In may
greatly influence their behavior in soils. Microorganisms reveal a variable and often
high sorption capacity to trace elements. Cumulative pools of trace elements in the
mass of microbiota has been calculated as follows (g ha–1): Ni, 350; Cu, 310; Zn, 250;
Co, 150; Mo, 148; and Pb 8.4, which corresponds to 0.002 to 0.21% of their total abun-
dance in the 20-cm topsoil level (Kovalskiy et al. 1980). Microbioaccumulation of trace
elements may be of great importance both in the cycling of elements in soil and in
their phytoavailability. Increased levels of trace elements can disturb soil microbial
processes. On the other hand, bacterial impact on trace metal behavior may be sig-
nificant, especially in soil amended with sewage sludge, where bacterial leaching of
metals have a practical application (Olson 1986). Apparently, soil microorganisms are
more sensitive than other terrestrial organisms to increased levels of metals, thus the
assessment of their toxicity has recently become the subject of investigations (Brooks
et al. 2005). These authors reported that N fixation in clover is the most sensitive to
an excess of Cd and Zn. However, the adverse concentration effects on the potential
nitrification rate differs greatly between soils and varied for Cd from 7 to 55 mg kg–1

and for Zn from 107 to 1 764 mg kg–1. Increased levels of F (up to 189 mg F kg–1) is
reported to decrease microbial activity to 5–20% of those in the uncontaminated soil
(Tschenko and Kandeler 1997).

The microbial activity is highly governed by soil properties. As microorganisms
are involved in SOM transformations, their activities are associated with organic matter
content. Czaban and Wróblewska (2005) observed that microbial transformation of
Cd species from the solid phase to species soluble in DTPA was lower in fine-texture
soil with low SOM content (1.1% C) than in sandy soil with higher SOM content (4.2%
C). Smolders et al. (2004) have suggested that the most significant factor controlling
different reactions of microbial processes to increased Zn concentrations is the vari-
able community tolerance. Community level of physiological profiles (CLPPs) of
soil microorganisms have not changed under different levels of Cd, Zn, and Pb
that indicate their developed tolerance to increased contents of metals (Nikliôska
et al.  2004).

There are a large number of biologically induced minerals (BIM) especially of Fe
and Mn. The major metabolic processes that cause deposition and/or dissolution of Fe
and Mn minerals are oxidation and reduction of metal, metal sulfate oxidation, and
metal sulfide reduction (Frankel and Bazylinski 2003).

Mycorrhizal fungi play very specific and important role in the uptake of trace ele-
ments by plants. There is evidence that mycorrhiza play a role in the micronutrient
supply to plants (Turnau et al. 1996). The presence of mycorrhizal symbiosis has also
been demonstrated in plants, especially hyperaccumulating plants which are being used
in the phytoextraction of metals (Skinner et al. 2005; Turnau et al. 2005). Arbuscular
mycorrhizal fungi (AMF) exhibit various mechanisms in controlling metal uptake by
plants (Biró at al. 2006).

Soil solution.  Transfer of trace elements between soil phases should be considered as
the main process controlling their behavior and bioavailability. The aqueous phase of
the soil (soil solution) is composed of water with a colloidal suspension, free and/or
complexed, and dissolved substances of various compounds, including bio-inorganic
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complexes. Concentrations of trace elements in soil solution are closely correlated with
their mobility and availability. However, the soil solution is constantly and rapidly
changing in amount and chemical composition of species due to contact with highly
diverse soil solid phase and by the uptake of water and ions by plant roots. Data on
trace element concentrations in soil solution can be useful for the prediction of their
phytoavailability and efficiency/toxicity to crops. Chemistry of the soil solution pro-
vides useful information on soil processes that are important to both agricultural and
environmental sciences. Mineral particles of biological origin associated with some
protists are also found in soil solution (Keller 1997).

Methods used for obtaining soil solution differ widely, and therefore, it is difficult
to determine adequate mean contents of trace elements in soil solutions. As Wolt (1994)
stated “No one approach to obtain soil solution is appropriate to all applications”.

The concentrations of some elements measured in the solution obtained by various
techniques from uncontaminated soils are (after Kabata-Pendias and Pendias 2001;
Wolt 1994), as follows (in µg l–1): As, 0.01; B, 5–800; Be, 0.1; Cd, 0.08–5; Co, 0.08–29;
Cr, 0.01–29; Cu, 0.5–135; Mn, 25–8 000; Mo, 0.0004–30; Ni, 0.2–150; Pb, 0.005–63; Se, 0.06;
Sn, 0.2; and Zn, 0.1–750. Most commonly reported concentrations of some metals (Co,
Cr, Cu, Mo, Ni, and Pb) in soil solution are in the range between 0.05 and 100 µg l–1

(Fig. I-2.2).
In general, the total contents of trace elements in solutions of uncontaminated

mineral soils range from 1–100 µg l–1, while in contaminated soils these values can be
much higher. In both kinds of soils, however, these are negligible portions of the total

Fig. I-2.2. Common ranges of trace metals in the solution of uncontaminated soils
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soil metals. The transfer factor, calculated as ratios of metals in solution of contami-
nated soils to their contents in solution of the control soils usually decreases in the
following order: Cd > Ni > Zn > Cu > Pb > Cr.

Common ion pairs are mainly hydroxides, however several other complexes are also
likely to occur in solutions of various soils (Table I-2.5). Ion pairs, specific forms of oppo-
sitely charged ions that are thermodynamically stable can occur in solutions as manifold
and of variable compositions. Complex compounds of a relatively high stability con-
stant occurring in soils solution are: BeF2

0, CdCl2
0, Cd(OH)2

0, CdSO4
0, Co(OH)2

0, Cr(OH)3
0,

Cu(OH)2
0, FeCl2

0, FeCl3
0, Hg(OH)2

0, MnSO4
0, Ni(OH)2

0, PbSO4
0, Pb(OH)2

0, VO(OH)3
0, Zn(OH)2

0.
Chemistry of the soil solution provides useful information on soil processes that

are important to agricultural and environmental sciences. Data on concentrations of
trace elements in a “real” soil solution are useful for the prediction of their availabil-
ity, toxic effects on crops and on biological activities of soils. McBride et al. (1997)
have formed an equation for the metal solubility as a function of some soil properties
(e.g., pH, SOM, and total metal content). The SOM content was often, but not always,
a statistically significant variable in predicting metal solubility, especially Cu. These
authors stated that “Although total metal content alone is not generally a good predic-
tor of metal solubility or activity, it assumed great importance when comparing metal
solubility in soils having similar pH and organic matter content”.

Table I-2.5. Inorganic ionic species of trace elements and iron in soil solutions (after Kabata-Pendias
and Sadurski 2004)



18 Chapter I-2  ·  Soils

The partitioning of trace elements between the soil and soil solution determines their
mobility and bioavailability. However, the prediction of properties of soil solution is rather
difficult, and sophisticated techniques must be applied for the extraction of undiluted
soil solution as well as special conditions for the storage of soil/sediment samples.

The concentrations of free metal species in soil solution are controlled by several
factors of which the most significant are thermodynamic/kinetic parameters. Math-
ematical approaches to modeling soil solution – solid phase equilibria are broadly
described in numerous publications (Sposito et al. 1984; Waite 1991; Wolt 1994; Sparks
1995; Suarez 1999), and several models for calculating activity coefficients for trace
metals have been overviewed and discussed. Waite (1991) concluded that: “mathemati-
cal modeling clearly has a place in extending the information that can be obtained on
trace element species distributed by other methods and will be of practical use in systems
for which determination of concentrations of all species of interest is impossible be-
cause of sensitivity constraint or other analytical difficulties”.

Trace element speciation.  As soils consist of heterogeneous mixtures of different
organic and organic-mineral substances, clay minerals, oxides and hydroxides of Fe,
Mn, and Al, and other solid components as well as a variety of soluble substances, the
binding mechanisms for trace elements and forms of their occurrence in soils are
manifold and vary with the composition and physical properties of soils.

Great confusion exists in the use of the term “speciation” in environmental sciences.
According to Ure et al. (1993), the definition of speciation in the context of soils, sedi-
ments and sewage sludge refers to processes of identification and quantification of the
different defined species, forms and phases in which an element occurs in investigated
materials. However, most often “speciation” also means the description of the amounts
and kinds of existing forms of trace elements. Whichever approach is taken, the spe-
cies, forms or phases are defined: (i) functionally, (ii) operationally, and/or (iii) as spe-
cific chemical compounds or oxidation states.

Considerable controversy has developed over selective extraction methods to deter-
mine the amounts of trace elements associated with various soil phases and compounds.
Determination of various fractions of these elements is broadly used, especially for
two purposes: to link with the potential bioavailability, and to predict the mobility
affecting their transport within the soil profile and to ground waters. The speciation
of trace metals in soils is not stable and relatively easy transformation of their forms
in soils is observed.

Various concentrations of different reagents and variable soil/solution ratios over
broad pH ranges are used for the selective extraction procedures. In consequence,
each method gives operational groups of metals that are not comparable. However,
each method gives an approximate fractionation of metals occurring in soils, from
easily mobile to strongly sorbed/fixed forms. All these methods are used for the de-
termination of commonly distinguished metal species which are, in general: (i) easily
exchangeable or water soluble, (ii) specifically sorbed, e.g., by carbonates, or phos-
phates, (iii) organically bound, (iv) occluded by Fe/Mn oxides and hydroxides, and
(v) structurally bound in minerals (residual).

Metal species resulting from the partitioning of the total metal content that is asso-
ciated with various solid soil fractions are usually estimated using specific operational
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extraction procedures. Comprehensive reviews of methods applied for sequential ex-
traction have been given in several publications (Tessier et al. 1979; Salomons and
Förstner 1984; Brümmer 1986, 1986; Kersten and Förstner 1991; Sauvé 2001; Mortvedt
et al. 1991; Ure and Davidson 1995).

Some authors distinguish also water-soluble fraction of metals, which actually cor-
responds to a dilute salt solution extract (Boust and Saas 1981; Mathur and Levésque
1988). Solid phase fractionation methods allow separate additional fractions of metals,
such as silicate clays, sulfides, and specifically sorbed or precipitated forms.

Various methods used to evaluate the pool of soluble (phytoavailable) trace ele-
ments in soils are based mainly on extraction by various solutions at different concen-
trations (as described by Houba et al. 1999; McLaughlin 2001):

� Acids: mineral acids at various concentrations
� Chelating agents: e.g., EDTA, DTPA
� Buffered salts: e.g., AAAc
� Neutral salts: CaCl2, MgCl2, NH4NO3, Sr(NO3)2
� Other extractants, like Coca Cola, which has been proposed for use in routine soil testing

Several other techniques like electrodialysis, diffusion through membranes, diffu-
sion gradients in thin films as well as bioindicators have also been proposed (Kabata-
Pendias and Sadurski 2004).

According to Houba et al. (1999), solutions of a neutral salt, such as CaCl2, are the
most suitable for the extraction of bioavailable pools of metals. Karczewska (2002) has
reported the highest proportions of metals (up to above 90% of total contents of Cu,
Pb, and Mn; and up to above 60% of Zn) to be extracted from surface horizons of
polluted soils by the following solutions: 0.02 M EDTA-Na, 1 M HCl, and 0.1 M HCl.

Depending upon the variability in physico-chemical characteristics of metals, their
affinity to soil components governs their speciation. Rule (1999) broadly reviewed recent
literature on the phase distribution of trace metals in soils, and concluded that the
highest proportions of most metals are found either in the residual or in Fe-Mn oxide
fractions in both natural and contaminated soils. A high association with the exchange-
able fraction was observed only for Cd in a few soils. Cadmium and Zn were also abun-
dant in the carbonate form in some soils. The association of metals with organic matter
was generally low for Cd and Ni, and high for Cu. Herbert (1997) found that Cu, Pb, Ni and
Zn are bound primarily to cation exchange sites and to organic matter in the reference
soil, while in the polluted soils, metal partitioning is dominated by Fe oxide fractions,
despite the high organic matter content. However, the proportion of different species is
highly variable and depends on elements, soils, and seasons (e.g., climatic conditions).

Kernsten and Förstner (1991) presented the affinity of metals for different minerals:

� Sulfides of Fe and Pb are likely to sorb most metals
� Carbonates fix predominantly Cd, Cu, Pb, and Mn
� Fe/Mn nodules (deep-sea) sorb mainly Fe, Mn, Cu, Zn, Ni, and Cr
� Fe crystalline oxides hold, as reducible fractions, Fe, Mn, Cd, and Zn
� Chlorite reveals variable capacity to fix metals, predominantly as reducible and

residual fractions
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It is necessary to emphasize, however, that during analytical procedures several
artifacts can occur and create unreal results.

The speciation of trace metals in soils is related to their biogeochemical reactivity and
to several physicochemical soil conditions. The determinations of various fractions of these
elements are broadly used especially for two purposes, to link with the potential bioavail-
ability, and to predict the mobility affecting their transport to groundwater. The speciation
of metals in soils is not stable, and the transformation of their forms in soil is observed.
An example can be the relatively rapid transformation of metals (Cd, Zn, Pb) applied to
soils as oxides into exchangeable and carbonate species (Kabata-Pendias and Pendias 2001).

Trace element speciation analysis provides a basis for the description of forms and
compounds in which they occur in soils. Other definitions are also used to define the
properties of trace elements in soils. The general term “availability” has been recently
described as: geoavailability, geochemical availability, biogeochemical availability and
bioavailability (Wolt 1994; Smith and Huyck 1999). “Geoavailability” is defined as that
portion of the total content of a chemical element or a compound in an earth material that
can be liberated to the surficial (soil) environment. “Geochemical availability” is related
to that fraction of a chemical element that participates in transport processes affecting
the spatial distribution and changes over time. “Biogeochemical availability” is defined as
the quantity-intensity factor calculated as a ratio of total content to the concentration of
a trace element in soil solution. “Bioavailability” refers to the fraction of a trace element
that is or has been available to an organism.

In spite of intensive investigations (sequential extractions and specific extractants)
on the prediction of the availability of trace metals, good estimations of general
bioavailability of a given trace element are needed. However, based on results of long-
term experiments, some specific extractants, as well as weak neutral salt solutions seem
to be adequate to assess the impact of trace elements on plants and soil bioactivity.

Trace element interactions.  Interactions between chemical elements both micro and
macro may have an antagonistic and/or synergistic character. Although most of these
interactions are associated with physiological processes in plants some reactions are
also related to pedochemical processes. These are mainly impacts of major elements
on the distributions and forms of some trace elements in soils. The main antagonistic
interactions (or relationships) in soils, often associated with microbiota, are reported
by Kabata-Pendias and Pendias (2001) for:

� Ca and B, Ba, Cd, Co, Cr, Cs, Li, Mn, Ni, Pb, Sr, and Zn
� P and As, Cr, Hg, Mo, Mn, Ni, Pb, Rb, Se, and Zn
� Mg and Cr, Mn, Zn, Ni, Co, and Cu
� Fe and Co, Ni, Mn, Mo, Cr, and Zn
� Mn and As, Cr, Cu, Mo, Ni, V, and Zn
� Cu and Mo
� Cd and Zn

Interactions between elements in soils are of multivariant character but may be
mainly attributed to the sorption sites of soils particles and also to the surface root
cells and to root exudates.
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Trace element occurrence.  Contents of trace elements in soil materials from natural
as well as from contaminated sites show great variability in both the horizontal and
vertical dimensions. The heterogeneity of soils, especially at the microscale, creates
real problems in representative sampling that have serious impacts on the reproduc-
ibility and comparability of analytical data. This is of great concern in the assessment
of background (pristine) contents of trace elements in soils. Although a real pristine
status of trace elements in soils does not exist nowadays, even in remote regions, some
values of trace elements in “uncontaminated” soils are prerequisites as reference values
for the evaluation of soil pollution. Several methods were developed to calculate back-
ground contents of trace elements in soils. The best-known methods are, as presented
(from various sources) by Kabata-Pendias and Pendias (2001):

� GB: Geochemical Baseline
� GD: Index of Geochemical Distribution
� IGL: Index of Geochemical Load
� IPD: Index of Pedogenic Distribution
� PEF: Pedochemical Enrichment Factor
� FSP: Factor of Soil Parameters
� SCV: Spatial Concentration Variability
� GIS and MA: Geographical Information System and Multivariate Analyses

The fine granulometric soil fraction (<0.02 mm) is composed mainly of clay min-
erals and therefore exhibits a high ability to bind trace ions. Thus, in most soils there
is observed a positive correlation between the content of the clay fraction and amounts
of trace elements, in particular cations. The highest relationship, more than 50% of
relative distribution index (RDI) has been documented for Zn, Fe, Ni and Cr (Fig. I-2.3).
This is clearly demonstrated in “background” contents of trace elements in sandy (low
content of clay fraction) and loamy (high contents of clay fraction) soils (Table I-2.6).
Clay minerals and other aluminosilicates represent several groups of minerals of vari-
able structure, and can be both primary (inherited from parent material) and second-
ary (formed in soils).

Fig. I-2.3.
Relative distribution index
(RDI) of statistically-signifi-
cant relationships between
trace metals and content of
clay fraction, <0.02 mm (CF)
in mineral soils, at the 99%
confidence level
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Organic matter also plays a significant role in sorption of trace elements. Most
kinds of SOM have a relatively high specific surface area and common range of CEC
(at pH 8) is calculated to be in the range from 60 to 300 cmol(+)kg–1 (Baldock and
Nelson 2000). The CEC values of SOM are governed to a great extent by acidity and
increase from 36 cmol(+)kg–1 at pH 2.5 to 215 cmol(+)kg–1 at pH 8 (Sparks 1995).
The contribution of SOM to the CEC is significant, and varies from 25 to 90%, de-
pending on soil categories.

In several soils or in some layers of soil horizons, oxides and hydroxides of Fe and
Mn play very important roles in the distribution and behavior of trace elements, and
may fix great amounts of some trace metals, especially of Co (up to 0.3%) and Ni (up
to 0.5%) (see Table II-7.3). The Fe and Mn hydroxides occur in soils as concretions
and/or nodules, as well as coatings on soil particles, and as fillings in cracks and veins.

The large database of recent surveys of trace elements in soils allows general estima-
tions to be made of the concentration means in soils of various countries (Table I-2.7).
The background populations of trace elements in soils, both uncontaminated and
contaminated, seem to be log-normally distributed, though with much higher extremes
in contaminated ones.

Table I-2.6. Mean (arithmetic) and maximum values (mg kg–1) of the background contents of some
trace elementsa in two common soil kinds on the worldwide scale
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Many elements are likely to be accumulated in the surface soil layer (SEFcrust > 1).
However, some elements, e.g., Te, Se, Pd, Pt, Cd, Ge, Cl, As, Sb, Br, and Hf are significantly
enriched in soils as compared to their crustal abundance (SEFcrust from >2 to 16).

The surface soil layer, enriched in organic matter (mainly humus) is an important
sink for trace element deposition from the atmosphere. The investigation of trace
metals in organic surface soils in Fennoscandia, sampled in 1995, has shown a general
impact of long-range transport of pollutants (Steinnes and Rühling 2002). There was
observed a much smaller influence of regional differences in geochemistry of the under-
lying bedrocks than of aerial pollution. The ranges of trace metals were following (in
mg kg–1, expressed in range of < and >): As, 0.4–2; Cd, 0.2–1; Cu, 4–12; Fe, 1 000–5 000;
Hg, 0.1–0.5; Ni, 2–10; Pb, 10–60; V, 3–15; and Zn, 30–110.

Soil pollution.  Both terms, contamination and pollution, are used synonymously.
According to the definition given by Knox et al. (1999) trace element contaminated
soils are not considered to be polluted unless a threshold concentration exists that begins
to affect biochemical and biological processes.

Soil pollution is as old as man’s ability to smelt and process ores, and goes back as far as
the Bronze Age (2500 BC). Ernst (1998b) comprehensively reviewed ancient metal contami-
nation from the Bronze Age to Roman times. Almost all human activities have resulted in
increased levels of trace elements in soils. The trace elements from anthropogenic sources
exist mainly on the surfaces of soils as reactive forms and may occur as: water-soluble, ex-
changeable, associated with organic matter, carbonate, oxides of Fe, Al and Mn and silicates
(Ma and Uren 1998; Ramos et al. 1994). Sources of trace inorganic contaminants (TIC) are:

� Industrial activities
– Mining and smelting of metalliferous ores
– Brick and pipe manufacture
– Cement manufacture
– Others, e.g., ceramic, glass, chemical plants

� Power generation
– Burning of fossil fuel
– Nuclear reactors
– Incineration of municipal wastes

� Agricultural practices
– Soil amendment with sewage sludge
– Application of manure
– Mineral fertilizers
– Pesticides, fumigation

� Transport and urban-derived pollution
� Long-range transport of pollutants

Energy and mineral consumption by humans is the main cause of contamination
of the biosphere. The ratio of mined trace elements to their deposition in contempo-
rary geological sediments may indicate their potential threat to the environment. Based
on such calculations, Bowen (1979) has found that the most dangerous to the bio-
sphere are following elements: Ag, Au, Cd, Cr, Cu, Hg, Pb, Sb, Tl, and Zn. Among the
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least dangerous elements are: Ga, La, Nb, Sr, Ta, and Zr. Data for the world mining of
trace elements differ between 2000 and 2003, and also depend on the source of data
(Table I-2.8). The residence time of trace metals in surface soils depends on several
soil properties of which pH and Eh parameters are the most significant. As Bowen
(1979) has reported, the maximum residence time (in years) may be: (i) 1 000 for Cd,
Hg, and Be, (ii) 3 000 for Zn and As, and (iii) 6 000 for Pb.

The natural sources of trace elements are associated mainly with continental and
volcanic dust, although some elements easily released from the ocean surface (e.g., I
and Se) contribute to their elevated contents in soils of some ecosystems. According to
Korzh (1991) the deposition of trace elements from oceans via the atmosphere onto
soils are at the rate (in t yr–1):

� 104–106: Li, Rb, Mo, I, Ba, B, Br, F, and Sr
� 102–103: Cr, Mn, Fe, Cu, Ga, Se, Y, Zr, Cd, W, TI, Ti, V, Ni, Zn, As, Sb, Cs and U
�   1 –10: Be, In, Eu, Pr, Nd, Sm, Gd, Dy, Ho, Er, Yb, Hf, Ta, Re, Au, Hg, and Pb

Table I-2.8. World mining of the elements in 2000 and 2003 (t, kt, Mt yr–1)
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Cosmic particles that are deposited on the Earth at rates of 100–1 000 t d–1 may also
be, though mainly unrecognized, a source of some trace elements (Dodd 1981). How-
ever, as indicated by data presented by Kjølholt (1997), the atmospheric deposition of
trace metals from natural sources is negligible compared with their loads with prod-
ucts used for soil amendment (Table I-2.9). The highest amounts of trace metals are
added to agricultural soils with the application of sewage sludge, compost with biosolids,
and fly ash (Table I-2.10). This may change, however, depending on the soil system and
on variable factors that affect the trace element status of soils (Fig. I-2.4). Inputs of
trace metals to soil on both animal and crop farms may be quite significant, however

Fig. I-2.4. Factors affecting the trace element status of various soil systems

Table I-2.9. Loads of trace elements (g ha–1 yr–1) from various products applied on Danish agricultural
soils and from aerial deposition (after Kjølholt 1997)
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they vary depending on the farm, the country, and the metal (Table I-2.11). The highest
annual net gain has been calculated, among European countries, for Cu and Zn in dairy
farms in France. The balance for the same elements was negative in dairy farms of
Norway. Crop farms may generate higher inputs, than animal farms, of trace metals to
soils. However, there is also observed a great variation between farm types and this
depends mostly on crop and soil types. Balances for trace metals in crop-farm soils are
presented in the AROMIS database (Eckel et al. 2005) as follows (in g ha–1 yr–1):

� Cd: from –0.3 in Denmark to 4.4 in France
� Cr: from 14 in Denmark to 100 in France
� Cu: from –35 in France to 347 in Germany
� Ni: from –3.3 in Denmark to 33 in France
� Pb: from 1.3 in Norway to 139 in France
� Zn: from –115 in Germany to 838 in France

Table I-2.11. Trace metal balance (g ha–1 yr–1) for livestock farms in some EU countries, selected data
from the AROMIS data base (after Eckel et al. 2005)
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Budgets of trace metals in soils of forest ecosystems are also variable, however, they
are more often negative than in agricultural soils. The highest negative balances were
calculated (in the 1970s and 1980s) for spruce forest soils (in Sweden) and for Fe and
Mn (Tyler, Bergkvist vide Kabata-Pendias and Pendias 2001).

Trace element budgets have been calculated for various ecosystems, and the ratio of
input/output, show that for the majority of elements, the accumulation rate in surface
soils is positive. However, in some European forest soils with a high rate of mobility
and leaching of trace metals, a decrease of these elements is observed, even with rela-
tively high inputs to soils. The highest losses, under such conditions, have been re-
ported mainly for Mn (up to 6 100 g ha–1 yr–1) and for Fe (up to 11 000 g ha–1 yr–1) (Kabata-
Pendias and Pendias 2001). It has been estimated, that in most European ecosystems,
and in particular in agricultural soils, the input of most metals is higher than their
losses. This is especially pronounced for Zn, Pb and Cd. The calculation of Cd bud-
gets for two soils, in Germany and Poland, has indicated that the point source of
pollution and long-range transport is about equal to nonpoint source of pollution,
which is mainly from agricultural practices. The net gain balances for Cd range (in
g ha–1 yr–1) between 4.5–7.5 and 1.3–40 for Poland and Germany, respectively (Kabata-
Pendias and Brümmer 1991).

The transport of dissolved trace elements may take place through the soil solution
(diffusion) and with the moving soil solution (mass flow, leaching). In soils formed
under a humid and cool climate, the leaching of elements downward through the pro-
files is greater than their accumulation, unless there is a higher input of these elements
into the soils. In warm and dry climates, and to some extent in humid hot climates,
upward translocation of trace elements in the soil profiles is relatively common. Sev-
eral soil properties control leaching processes, of which the most important may be
considered soil texture and the Eh-pH system.

Radionuclide contamination.  Nuclear power generation has been utilized since the
mid-1950s. As Fuge (2005) has described, accidental leakage and permitted effluence
have released some radionuclides, mainly to the immediate environment of the nuclear
installations. The explosion at the Chernobyl nuclear station (presently in Ukraine) in
April 1986 caused widespread contamination that seriously affected some European
countries and several other parts of the world.

More important radioactive isotopes released by the Chernobyl accident, according
to Becker-Heidmann and Scharpensel (1990), are as follows:

� Short half-life time (days): 141Ce, 132Te, 133Xe, 131I, 99Mo, 95Zr, and 89Sr
� Longer half-life time (years): 134Cs, 85Kr, 137Cs, 103Ru, and 90Sr
� Long half-life time (hundreds of years): 238–240Pu, and 241Am

The artificial radioactivity of soils is caused by settling of the released radionuclides.
The fallout of Chernobyl’s isotopes varied greatly and the nonhomogenous distribu-
tion is partly associated with the wet precipitation (rainfall) during that period.

The behavior of isotopes in soil depends on several soil properties, as well as on the
specific behavior of each radionuclide. The distribution, fate, and phytoavailability of
137Cs (half-life 30 years) have been investigated most frequently (Sheppard 2003).
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The highest radioactive contamination of surface soils of Poland, after the
Chernobyl explosion was observed in the southwestern part of the country. The con-
centrations of 137Cs in soils of those regions were at the range 5–13 kBq m–2. During
the period 1988–2001 the country average concentration of this isotope diminished
from about 4.6 to 3.2 kBq m–2 (Biernacka et al. 2004).

Urban soils.  Contamination of urban soils has recently become the subject of several
studies (Kasimov 1995; de Miquel et al. 1997; Kabata-Pendias and Krakowiak 1998; Um-
fitseva and Terekhina 2005). Recently reported levels of some trace metals in various
soils, e.g., in China may be a real hazard to the environment and health (Table I-2.12).

There are several sources of trace element pollution in the urban environment, among
which roadside dust may be a significant one, due to their increased contents in fuels
and road materials (Table I-2.13).

Based on investigations of soil pollution in Oslo and Madrid, some trace metals
have been distinguished as so-called “urban” contaminants: Ba, Cd, Pb, Sb, Ti, and Zn
(de Miquel et al. 1997). However, the pollution of cities is specific and varies with local
conditions. The trace elements increased in soils of some cities as compared with
surrounding soils are reported as follows:

� Berlin: Cd, Cu, Hg, Ni, Pb, Sn, Th, Tl (Birke and Rauch 1994)
� Minsk: Cd, Pb, and Zn (Pietukhova et al. 1996)
� Novosibirsk: As, Br, Cd, Cu, Hg, Mo, Pb, Zn, and Zr (Ilyin 1997)
� Sankt-Petersburg: Ba, Cr, Cu, Pb, V, W, and Zn (Umfitseva and Terekhina 2005)
� Toronto, increase in house dust against street dust: Cd, Cu, Hg, Pb, Sn (Rasmussen

et al.  2001)
� Warsaw: Ba, Cd, Cr, Cu, Li, Ni, Pb, Sr, and Zn (Kabata-Pendias and Krakowiak 1998)

Table I-2.12. Concentrations (the highest reported contents) of some trace elements in soils contami-
nated from industrial sources in selected countries (mg kg–1) (various sources, as compiled by Kabata-
Pendias and Pendias 2001, unless otherwise indicated)
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As reported by Umfitseva and Terekhina (2005), most of other trace elements also
are increased in urban soils as compared with soils of surrounding areas (Table I-2.14).
Increased levels of some trace metals in house dust as compared with both street dust
and garden soils may be a significant source of metallic pollutants, and may pose a risk
especially to children.

Soil remediation. The remediation of soils refers to practices of either removing con-
taminants or converting them into to less mobile species – that is, into less bioavailable
forms. Remediation methods are based on physical, chemical and biological ap-
proaches. The selection of a method is generally based on the nature of the contami-
nants, the soil type, the characteristics of the contaminated site (e.g., chemical and
physical soil properties, and the length of the soil contamination period). Also
remediation costs and regulations of the country are involved in remediation projects
(Alloway 1995; Mukherjee 2001).

Methods for remediating metal-polluted soils have been recently widely investigated
and discussed (Sparks 1995; Adriano et al. 1998; Cunningham and Berti 2000; Iskandar
2001; Knox et al. 2000). The remediation of soils and sites contaminated with radionu-
clides is of special concern. Several techniques, in situ and non-in situ are applied to
clean up soils contaminated with trace metals. Due to the complexity of soils and the
presence of multiple contaminants, only a few of these techniques have been applied
successfully in practice and some of them are quite costly. Most commonly used
remediation technologies (in-situ and non-in-situ methods) are:

Table I-2.13. Trace metals in samples contributing to roadside dust (after Ozaki et al. 2004). Samples
collected during the period 2001–2002 in Japan
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� Leaching/washing/flushing – soil with water or surfactant (a surface active substance),
not very commonly practiced, limited due to the need for large quantities of water,
results depend strongly on physical soil parameters

� Solidification/stabilization/immobilization – soil amendments with materials hav-
ing a high capacity to bind metals in possible slightly mobile fractions and/or im-
mobilize by keeping a neutral soil pH, for effectiveness required site-specific data,
relatively low cost

� Biodegradation – substances containing trace metals are decomposed due to micro-
bial degradation, trace pollutants are mobilized and washed-out, long-term effects,
practiced in specific sites

� Vitrification – pollutants are immobilized with an electric current, seldom used,
very costly

� Isolation/containment – minimizing downward migration of pollutants by install-
ing subsurface barriers: e.g., clay layer, organo-clay layer, plastic liner

� Encapsulation – covering small sites with a layer of material of a low permeability
(e.g., clay) to prevent water percolation and wind-blown dust

Table I-2.14.
Trace elements and iron in
soils of central Sankt-Peters-
burg and of the surrounding
region (mg kg–1) (after Um-
fitseva and Terekhina 2005)
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� Immobilization of trace metals, e.g., by steel shots, containing mainly Fe oxides, which
adsorb or occlude several trace metals, by phosphoric compounds which decrease
the mobility of most metals

� Phytoremediation – the phytoextraction techniques provide an adequate method
under reasonable yield of plants that hyperaccumulate metals, promising in prac-
tice, needs development of technology, relatively low cost

� Removal – the contaminated soil is exposed to chemical extraction and/or thermal
treatment to remove volatile elements or compounds, and to other leaching or
immobilizing processes, high costs

� Excavation – the contaminated soil is removed and disposed elsewhere (e.g., in
prepared landfills), high cost and possible problem with groundwater contamina-
tion

The problem of concern in soil remediation actions is the cost. Phytoremediation
techniques are likely to be less costly than those based on conventional technologies.
At present, an urgent requirement for phytoextraction is to increase the yield of plants
that hyperaccumulate metals from soils, and to develop adequate technologies for the
utilization of the plant materials.

Agricultural practices have also been applied to soil remediation. Most commonly,
the uptake of metals by plants is diminished by keeping a neutral soil pH and by
amendments with materials having a high capacity to bind metals in possibly slightly

Table I-2.15.
Mean (arithmetic) contents of
trace elements in street dust,
garden soils and house dust
of Ottawa, Canada (mg kg–1)
(after Rasmussen et al. 2001;
samples collected in 1993)
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mobile fractions. Various materials are used for soil amendments and remediation.
These are mainly: lime, phosphate fertilizers, zeolites, montmorillonite clays, humic
(organic) matter, and biosolids. The beneficial effects of these treatments are broadly
discussed by some authors (Adriano et al. 1995; Cunningham and Berti 2000; Iskandar
2001; Pierzynski et al. 2000).

In general, the phytotoxicity of trace metals are severe at low pH, thus liming is a
very common practice to prevent their phytoavailability. However, site effects of lim-
ing are a decreased mobility of other metal micronutrients. This has been clearly dem-
onstrated by Siebielec and Chaney (2006) who found Mn deficiency in plants grown in
soil limed to remediate Ni-phytotoxicity.

According to Adriano et al. (2004), using agricultural chemicals (e.g., lime, phos-
phate compounds, organic compounds) metals may be immobilized in soils. Such
a natural attenuation has been reported by several authors to be very effective in re-
ducing of the bioavailability of metals (Knox et al. 2000a,b; Basta et al. 2001; Naidu
et al.  2006).

The Maximum Allowable Concentrations (MAC) for trace metals, differ greatly
between countries (Table I-2.16). Generally, lower concentrations are for light sandy
soils and for low range of soil pH 5–6. In most countries, the permissible value for soil
Pb is 100 mg kg–1, whereas in the UK, it is 300 mg kg–1. In the Netherlands, the permis-
sible value of soil Cd is reported to be 0.8 mg kg–1, but in other European countries this
value is 3 mg kg–1 (McGrath 1992; Gzyl 1995).

Table I-2.16.
Ranges of Maximum Allowable
Concentrations (MAC) and
Trigger Action Value (TAV) for
trace metals in agricultural
soils (mg kg–1)
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Phytoremediation. Phytoremediation is an environmental cleanup strategy in which
plants and their root-bound microbial community are used to absorb and remove trace
elements in the contaminated soil and to translocate them to plant tissues (Robinson
et al.  2003).

Field trails of accumulation of Ni and Zn in wild plants grown in metal contami-
nated sludge confirmed the feasibility of phytoextraction. In this process, plants act as
bio-pumps to remove contaminants and water from growth media. These processes
can be divided into three following sections:

� Phytostabilization – binding of trace metals (metalloids) in an aerobic environment
in the root zone

� Phytoextraction – increased uptake of trace metals, mainly by hyperaccumulating
plants, process that should be continued for several seasons to obtain an effect

� Phytofiltration/rhizofiltration – absorption of metals (metalloids) in root tissues
due to chelation and surface absorption from both soil and groundwater

Recently, several papers have been published on this topic (Baker et al. 1994; Cun-
ningham et al. 1995; McGrath et al. 2001; Fitz and Wenzel 2002; Wenzel et al. 2003; Prasad
2004b, 2006; Chaney et al. 1997).

Hyperaccumulators are plants and/or genotypes that accumulate metals much above
common concentrations. At present, there are about 400 species that are known as
hyperaccumulator plants (Robinson et al. 2003). As Greger (1999) showed, based on a
literature review, hyperaccumulators may contain trace metals in leaves above the fol-
lowing levels (in mg kg–1):

� 100 – Cd
� 1 000 – Co, Cu, Ni, and Pb
� 10 000 – Mn and Zn

Various wild plants species are known as hyperaccumulators, depending on growth
conditions and contaminant. Most commonly Alyssum, Thlaspi, and Astragalus species
are proposed for the phytoextraction of Ni, Zn, and Se, respectively. These plants,
however, usually give a low yield and this limits their effectiveness. Thus, a number of
cereal crops, such as wheat, rice, rye, oats, barley, corn, and sorghum, have been re-
cently proposed to be used for phytoremediation, since they can tolerate relatively high
concentrations of metals (Huang and Cunningham 1996; Kashem and Singh 2001;
Schmidt 2003; Shtangeeva et al. 2001).

The application of phytoremediation procedures for the clean up of highly con-
taminated soils has been widely discussed (Shtangeeva 2006). Calculated amounts of
trace elements that are removed with plant yield are relatively small. Even accumulator
plants withdraw, mainly from topsoils, about 10% of Cd, the most readily available
metal (Table I-2.17). The utilization of crops enriched in metals is a serious problem
that has to be always included in the application of any phytoremediation methods.
Such biomass could be used for the production of ethanol and straw (of corn and cereals)
and can be burned for the production of heat and electricity. Seeds of sunflower, which
is quite effective in the accumulation of Cu and Pb from contaminated soils, can be
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used for the production of bio-fuels (Kayser et al. 2000). Any yield of biomass that
contains elevated amounts of metals is a hazardous waste which needs specific tech-
nologies to be utilized for the production of heat and energy or other secondary prod-
ucts. The ash from biomass power plants containing metals (e.g., Zn and Cd) can be
recycled to recover these metals (MacDougall et al. 1997).

Some plants reveal a special capability to accumulate a specific element. For ex-
ample, ladder brake (Pteris vittata L.), a terrestrial fern, can contain large amounts of
As, up to 23 000 mg kg–1 (Ma et al. 2001). The unique properties of Chinese brake fern
has great importance in the clearing of As contaminated soils by the phytoremediation
process. The laboratory study conducted by Tu et al. (2002) indicated that this plant
might take up to 7 230 mg As kg–1 within 20 weeks. Tu and Ma (2003) reported that the
addition of phosphates is an important strategy in improving the removal of As from
contaminated soils by use of Chinese brake.

The phytovolatilization method can be applied for elements which are highly vola-
tile, such as Se, As and Hg. It is not clear whether or not terrestrial plants can volatilize
As in significant quantities. However, volatilization of As may occur by the rhizospheric
bacteria of terrestrial plants (Salt et al. 1998). It is also reported that transgenic plants
(Arabidopsis) are very effective for volatilization of Hg (Watanabe 1997). Rugh et al.
(1996) suggested a molecular genetic approach to the transfer of Hg resistance genes
to plant species as a potential means of phytovolatilization of Hg0. According to these
authors this technique may be useful to remove Hg from contaminated soils. In addi-
tion, it is possible to manipulate the transfer of Hg0 in plant shoot tissue to Hg2+ that
may be another option for the Hg phytoremediation. Some plants may convert Se into
dimethyl selenium that is nontoxic and may volatilized from plant tissues.

Phytovolatilization mechanisms are not yet fully understood. There are obser-
vations that some commercial vegetables (e.g., broccoli, cabbage) and rice are quite

Table I-2.17. Trace element removal with plants from soils (after Kabata-Pendias 1994)
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effective in the phytovolatilization. These processes, however, are controlled by soil
factors, such as sulfates and salinity of soils.

Economic aspects are very significant in phytoremediation practices (Thewys 2006).
There is not much information in this field, as well as on farmers’ approaches to this
problem. Lewandowski et al. (2005) have recently studied this topic in Germany and
widely discussed the income expected from cleaned up areas and the length of period
the area can be used for the production of food crops. This information is quite valu-
able for farmers and landowners. The authors have distinguished important param-
eters, such as: (i) length of time needed for remediation and (ii) time for production of
crops after remediation.

The cost of and socio-economic aspects of phytoremediation has been recently
discussed and two alternative crops have been considered: rape and willow (Thewys
2006). However, using the biomass as a source of energy, especially rape oil for bio-
diesel creates a risk of uncontrolled emission of trace inorganic pollutants.

According to Chaney et al. (1999b), hyperaccumulator plants offer a new sustain-
able economic system based on the use of biomass from the phytoremediation for power
generation factories. There is a belief that phytoremediation processes may be eco-
nomically acceptable in about 10 years time. However, possible risks of food and for-
age chain contamination and the reaction of plants when overloaded with metallic
pollutants, have become open questions (Keller 2006).

The effectiveness of some plants in the extraction of metals from constructed wet-
land purification systems have recently become widely investigated in both laboratory
and field conditions (Ofelder et al. 2006; Marmiroli et al. 2006). Some plants (e.g.,
Phragmites, Salix, and Populus) may remove more than 50% of metals (Ba, Cd, Cu, Ni,
Pb, Sr) from the growth media (Samecka-Cymerman et al. 2004).
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Freshwater.  Water plays fundamental functions in processes both geochemical and
biochemical. It is also a main carrier for all chemical elements; its amount and chemi-
cal composition control element cycling in water-air-soil systems. Thus, water is probably
the most studied medium that governs the forms of trace elements of which investigated
Cr, Se, Cu, As, Pb, Cd, and Hg have been studied the most frequently (Das et al. 2001).

All surface waters (oceans, seas, rivers, lakes, ponds) form the so-called hydrosphere
of mass of which has been estimated at about 1.35 × 1018 t. Waters of oceans and seas
contain approximately 98% of the hydrosphere mass. All waters contain various ions
at different concentrations. The main ions dissolved in waters are: Na+, K+, Mg+, Ca+,
Cl–, SO4

2–, HCO3
–, and these also occur as different species adsorbed by inorganic and

organic colloidal particles. Concentrations of these elements differ greatly being usu-
ally much higher in sea than in river waters. So-called secondary elements (C, N, P, S,
and Si) as well as trace elements occur in all water systems, in highly variable concen-
trations, depending on several factors of which pollution plays a significant role.

Water pollution by trace elements is an important factor in both geochemical cy-
cling of trace elements and in environmental health. The hydrocycle of trace elements
plays a significant role in each aquatic and terrestrial ecosystem. Especially cycling of
trace metals in the oceans and their role in the photosynthetic fixation of carbon by
phytoplankton is of great importance. Ecological consequences of trace element pol-
lution of waters are difficult to predict and to assess.

Most trace elements, especially trace metals, do not remain in soluble forms in waters,
for a longer period. They are present mainly as suspended colloids or are fixed by
organic and mineral substances. On the other hand, easily volatile elements such as Br
and I can reach higher concentrations in surface waters, from which they can easily
vaporize under favorable climatic conditions. In addition, microbial alkylation of several
elements, e.g., Hg, Se, As, Te, and Sn may greatly affect their volatilization from surface
waters. Trace element speciation in water control their behavior and toxicological risk.
The bioavailability of trace elements to both unicellular and higher organisms is the
result of complex reactions between the ligands present in the aqueous medium and
those of living cells. Practically, all fractions of trace elements, truly dissolved and asso-
ciated with suspended particulate matter, may be bioavailable to aquatic organisms.

Several elements have been identified in water as simple cations (e.g., Li+, Co2+,
Ni2+, Rb+, Cs+). Some metals (e.g., Cd, Cu, Hg, Pb, Zn), however, are known to occur
in complex forms. It may be illustrated on the example of Pb that can be present in water
as cation: Pb2+, PbCl+, Pb3(OH)4

2+, Pb4(OH)4
4+, and as anion: PbCl3

–, Pb(OH)–, Pb(OH)3
–.

Waters
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Vignati (2004) has distinguished four groups of elements based on their fraction-
ations in freshwater:

� Terrigenous metals: Al, Ti, and Pb, associated mainly with the particulate phase (often
>90% of the total) and with the high molecular weight colloids in the filterable phase

� Trace cations: Co, Cu, Fe, Mn, Ni, and Zn, variably distributed between particulate,
colloidal and truly dissolved phases depending on master environmental variables.
Mn-Fe oxides and organic matter are significant carrier phases

� Oxyanions: As, Mo, Sb, U, slightly associated with suspended particulate matter and
colloids, are preferentially transported in the truly dissolved fraction

� Metals of variable characters: Cr and V, may occur in various forms and phases
depending on variations in water parameters

The main sources of trace elements in ocean and sea basins are riverine fluxes,
however, calculations of these values differ depending upon authors (Table I-3.1). The
contribution of anthropogenic pollution to the trace element pool in waters is very
significant. As Matschullat (1997) calculated, the fluxes of anthropogenic trace metals
to the Baltic Sea, with both river flow and atmospheric deposition amounts to over
90% of total input of Cd, Hg, and Pb, and about 80% of Cu and Zn. Although it varies
for each water basin and season, the total contribution of anthropogenic sources should
be regarded as very important.

Trace element concentrations of seawaters seem to be relatively stable, whereas in
river waters their contents might be very variably between both rivers and seasons.
Nevertheless some average values have been calculated for various water systems and
show distinct differences among sea and river waters (Table I-3.2).

Table I-3.1.
World average riverine fluxes
of trace elements to oceans
and seas (kt yr–1)
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Table I-3.2. Commonly reported mean concentrations (or ranges) of trace elements in natural sea and
river waters, as compiled by different authors (µg l–1)
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Concentrations of trace elements in rainwater are highly variable depending on local
conditions and in particular on anthropogenic pollutants. Their concentrations in
samples collected in Sweden during 1999 (Eriksson 2001a) are in most cases much
lower than in river waters, with the exception of Pb and Zn with mean contents of
1.5 and 11 µg l–1, respectively, which are fairly similar to those reported in river waters.

Increased concentrations of trace metals in surface run-offs contribute to their higher
levels in river and water reservoirs. Several factors control their levels, however, in
mountain areas the land slope seems to be very important. Wiäniowska-Kielan and
Klima (2005) reported that contents of some trace metals (e.g., Cr) in run-offs are similar
to those in rainwater, whereas others, e.g., Cd (max. 9.9 µg l–1) and Ni (max. 24 µg l–1)
are significantly higher than in rainwater.

Bottom sediments. In the most cases trace element concentrations in bottom sedi-
ments and/or in plankton are adequate indications of water pollution. Soluble frac-
tions of trace elements are, in most aquatic environments, rapidly absorbed either by
clay or organic compounds and deposited in sediments or they are caught by plankton
and root tissues of aquatic plants. Generally, the speciation of trace metals in sedi-
ments is very similar to that in soil. Both phytoplankton and vascular water plants are
known to selectively concentrate trace elements of both geochemical and anthropogenic
origins. Higher accumulation by mesoplankton has been observed for Cd, Cu, and Zn,
while seaweeds take up Cd, Zn, Mn, and Pb more readily (Szefer 1998). Thus, concen-
trations of trace elements in selected samples of aquatic compartment reflect either
chemical composition of bedrocks or anthropogenic influence.

Trace elements which are absorbed and thus immobilized in bottom sediments
constitute a potential hazard to water quality and aquatic life as they may be released
as a result of physico-chemical changes. These changes are most commonly stimulated
by a change in the redox conditions and by microbial activity.

The anthropogenic sources of trace elements in waters and sediments are associ-
ated mainly with mining of coal and mineral ores and with manufacturing and mu-
nicipal waste waters. The most frequently described example of industrial metal pol-
lution is that of Minamata, Japan. Sediment samples taken about 1 and 1.5 km away
from the discharge point contained 22 and 12 mg Hg kg–1, respectively (Förstner 1979).

Several regulations of acceptable trace element pool in various waters and discharged
wastewaters have been set up at national level. The most crucial are health-related lim-
its for potable waters (Table I-3.3). However, limits for mine-discharge waters are also
of great importance for total “geochem” balance in the environment (Pluta 2005).

Ground waters. About 99% of the world’s fresh, available water is groundwater that is
a basic source of the domestic, industrial, and agricultural water supply (Bhattacharya
and Mukherjee 2002). Therefore the chemical composition of groundwater and its
contamination has become recently of great concern. All contaminants, both inorganic
and organic are likely to pass from soil to groundwater. The transfer of trace elements
depends on several properties of the soil media as well as on the geochemical proper-
ties of an element. Thus, elements that predominate in soils in easily mobile forms are
of higher hazard than those that are relatively stable in prevalent soil conditions.
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The chemical quality of groundwater is of special importance, as it is a source of
both drinking and irrigation waters and therefore has a significant impact on trace
element transfer into the food chain. Groundwater pollution by leachate from landfills
is considered to be the most important. Not measured and not controlled leachate
entrance into the groundwater may contribute a source of contamination long after
dumping has ceased (Bjerg et al. 2003). According to these authors, the highest con-
centration in landfill leachate is observed for Zn, up to 1 000 mg l–1.

Ground waters also may contain elevated concentrations of elements resulting from
weathering processes of rocks. Common pollutants of natural origin are As and F that
in some regions have significant ecological and health effects.

Table I-3.3.
Threshold limits of trace ele-
ments in drinking water, irri-
gation water and coal mine
water (µg l–1)
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Arsenic contamination of groundwater is relatively well known and has been widely
investigated in several regions: (i) alluvial plains and deltas (e.g., the Bengal Delta Plain),
(ii) inland basins in arid and semi-arid areas (e.g., Mexico, Argentina), (iii) sulfide
mining-related regions, and (iv) geothermal waters (Naidu et al. 2006; Smidley and
Kinniburgh 2005).

Natural high-F groundwater is associated with several parameters among which
geology and climatic conditions seem to be the most significant. Increased F level in
waters occurs mainly in arid climatic regions and in areas where F-rich minerals are
abundant. In several countries, defluoridation water treatments had to be applied
(Edmunds and Smedley 2005).

Drinking waters. Concentration of trace elements in drinking water is of special con-
cern in relation to health. Several ecological studies have indicated an influence of the
quality of drinking water on some diseases. Liu et al. (2000) have reported a signifi-
cantly increased levels of Ti, V, Fe, Cu and Sr in drinking water collected from areas
with high incidence of gastric carcinoma. Increased levels of As in waters pose very
great threats to human health in many parts of the world. Also high-F waters are known
to have detrimental effects on health in several regions.

The quality of drinking water is very important since it is consumed every day during
the whole lifetime. In recent years, carcinogenic and non-carcinogenic risks of ground
waters are of a special interest. Momot and Synzynys (2005) have calculated daily in-
take of several metals by inhabitants of Obninsk (Middle Russia) and assessed that it
may be a risk of oncological diseases to 4 of 100 persons and of non-oncological dis-
eases to 1 of 1 000 persons. The daily doses of metals to this population are as follows
(in µg kg–1 BW): Ag, <1.0; Al, 4.01; As, 1.28; B, 2.57; Be, 0.04; Cd, 1.03; Cr, 2.1; Hg, 0.17;
Pb, 0.43; and Zn, 0.17.

Aquatic biota. Aquatic plants are known for a high ability to accumulate increased
amounts of trace elements and for the resistance to high concentrations of some met-
als. Samecka-Cymerman and Kempers (2004) reported that macrophyte (Myriophyllium
spicatum) survived in surface polluted water, at tissue contents (in mg kg–1) up to:
1 040 Cu, 6 660 Mn, and 57 Co.

The worldwide literature on trace elements in phytoplankton and seaweeds has
been presented by Szefer (2002). Aquatic plants can be considered suitable biomonitors
for trace elements and radionuclides. The special trends in the distribution of some
metals in aquatic plants (algae and weeds) indicate variable pollution of both water
and sediments. They also are sensitive indicators of temporal changes. After the
Chernobyl accident (1986), elevated levels of several radionuclides have been reported
in aquatic plants of the Baltic Sea. Recently, the main source of radionuclides in this
sea is the Chernobyl fallout being transported by riverine runoff entering the sea
(Szefer 2002b).

The biomonitoring of the pollution of river waters (from the Odra catchment, Po-
land) indicated a great accumulation of trace metals by Elodea canadensis (Cymerman
and Kempers 2003). This macrophyte seems to be a suitable bioindicator of metal
pollution. Enrichment ratios of metals between this macrophyte and water varied as
follows:
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� Cd: 6 670 – 255 000
� Co: 84 – 3 130
� Cr: 2 830 – 117 200
� Cu: 906 – 23 600
� Fe: 19 – 176
� Ni: 1 690 – 97 700
� Pb: 31 700 – 823 000
� Sr: 29 – 159
� Zn: 145 – 4 450

Ciesielski et al. (2006) studied the hepatic distribution of trace elements in the Baikal
seals and have concluded that their content is, in principle, affected by physiological
factors and not by anthropogenic (pollution) ones. On the other hand, aquatic biota
are a good indicator of Hg levels in water. Fish captured in rivers from goldmining
area in Brazil contained enhanced level of Hg; higher levels (410–550 µg kg–1) were
found in larger, older and carnivorous fishes than in detrivore and herbivore ones
(130–170 µg kg–1) (Moreira 1996). Some associations among trace metals in tissues of
Antarctic seals may result from pollution (Szefer et al. 1994).
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Air pollution has arisen from both natural (meteoric, terrestrial, marine, volcanic,
erosion and surface winds, forest fires, biogenic) and anthropogenic (coal and fuel
combustion, industry, automobile, agriculture) sources. The steady global increase
of trace element concentrations in the atmosphere has been observed and monitored
in some countries for over 30 years. The majority of trace element emitters have been
located in the northern hemisphere (mainly between 40–55° N). Buat-Ménard (1984)
calculated that emissions of trace elements in the Northern Hemisphere are several
times higher than in the Southern Hemisphere and are about 80% and 30%, respec-
tively of anthropogenic origin. However, at the global scale, the natural emissions
of trace elements cannot be neglected because large amounts of dusts containing
trace elements come from natural sources. The estimated principal trace elements
emissions for natural sources are as follow: 50% of Cr, Mn, and V, and >20% of Cu,
Mo, Ni, Pb, Sb and Zn. Volcanic activities may contribute over 20% of the atmo-
spheric Cd, Hg, As, Cr, Cu, Ni, Pb, and Sb. Sea salt aerosols may also contribute about
10% of total trace element emissions to the atmosphere (Allen et al. 2001). Differen-
tiating natural and anthropogenic sources of metals is not easy and some methods
for monitoring various sources of metal pollution have been discussed (Dias and
Edwards 2003).

Retrospective studies of trace element enrichment in ice layers, ombrotrophic
peatlands and tree-rings show a steady increase of several trace metal contents due to
anthropogenic emissions. However, recent observations have shown downward trends
for several metals, e.g., Fe, Pb, Cr, Cd, Hg, As, and Be. A significant reduction of the Pb
content in airborne particulates has recently been reported for some urban sites
(Puxbaum and Limbeck 2004).

Investigations of ice cores have indicated that anthropogenic emissions of Pb and
Cd have dramatically increased over the last 200 years. However, volcanic eruptions
also have contributed greatly to increased levels of Pb, Bi, Tl, and Cd, especially during
the pre-industrial Holocene period.

Metals in the atmosphere, whether anthropogenic or natural in origin, are associ-
ated mainly with particulate matter, except for Hg, which occurs mostly in gaseous
form. These elements are adsorbed by particulates, both inorganic and organic, mainly
of diameter between 0.01 µm to 100 µm. Particles of larger diameter have a tendency
to precipitate quickly near the discharge sources, but particle sizes less than 10 µm and
low density exhibit long term existence, from days to months, and may be transported
to distant regions. There is evidence that trace elements of anthropogenic sources are

Air
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widely distributed in the atmosphere and occur at high latitudes in mountainous re-
gions and in the Arctic, causing “Arctic Haze” which creates poor visibility, and affects
the atmospheric radiation budget (Heidum 1986).

The calculated EFc values near unity in air dust, normalized to the ratio of the
given element in the crust to the reference element (Al) indicates that the primary
source of most elements in the atmosphere is terrestrial dust (Puxbaum and Limbeck
2004). There are also various studies on the origin of Arctic air pollution and it is
generally agreed that there are three main sources: anthropogenic, soil dust, and sea-
salt. The major contributor of anthropogenic pollutants in the Arctic air is Eurasia
(Maenhaut et al. 1989; Pacyna 1995). In summer, aerosol concentrations are lower
than in other seasons. The fate of Arctic pollutants is not well understood, but it is
known that they are removed somehow and end up in the ocean mainly in the North
Atlantic, Norwegian Sea and the Bering Sea (Pacyna and Oehme 1988). These phe-
nomena have significant effects on trace metal levels in aquatic biota and affect the
quality of marine food (Dehn et al. 2006).

In the last three decades, large amounts of data on trace elements in air have been
presented. However, the calculated global atmospheric inventory differs depending on
the sources used (Table I-4.1 and I-4.2). Nevertheless, there are general similarities con-
cerning relative ranges and sources. These may be summarized, based on the highest
emissions, as follows:

Table I-4.1.
Global atmospheric emission
inventory for trace metals
(kt yr–1)
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� Total (>50 kt yr–1): Pb > Zn > V > Ni
� Anthropogenic (>50 kt yr–1): V > Pb > Ni > Zn
� Natural (>10 kt yr–1): Mn > Zn > Ni > Cr > V > Cu
� Combustion (>10 kt yr–1): V > Ni > Pb > Cr, Al
� Nonferrous metal (>10 kt yr–1): Zn > Cd > Cu > Pb
� A/N emission ratio (>1): Pb > V > Ni > Cd > Zn

Anthropogenic sources exceed natural ones for some metals, in the order as follows:
Pb > V > Ni > Cd > Zn.

Several other trace elements, not presented in Table I-4.1 and I-4.2, are also re-
ported to be significantly increased in air. These elements are, most often, from
coal combustion that is clearly indicated by their high increased levels in fly ash
(Fig. I-4.1). Concentrations of trace elements in FA are different from different
geological coal basins and with the technology applied for cleaning gas from the
power plant.

Table I-4.2. Worldwide emissions of trace metals from major anthropogenic sources to the atmosphere
(kt yr–1) (after Pacyna and Pacyna 2007)
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There is no estimation of world production and consumption of fly ash (FA) as a
byproduct from coal combustion, but Smith (2005) calculated the production of FA
for 30 countries at 400 Mt yr–1, between 2001 and 2002. China and India have domi-
nated the production of FA, followed by the USA and Europe. Due to better gas clean-
ing equipment, FA may contain less trace elements. However, some countries, e.g.,
India, due to high ash content (>32%) in coal, emits over 100 Mt yr–1 of FA enriched
in trace elements.

The atmospheric deposition of trace elements, both wet and dry, contributes to
contamination of all environmental compartments (e.g., soil, water, and vegetation).
Trace metal deposition has been reported even for relatively remote sites, e.g.,
rural areas across New Zealand (Gray et al. 2003). The ranges of mean values of
the atmospheric deposition in this country, over a period of two years, were as fol-
lows (in g ha–1 yr–1): Cd, 0.09–0.36; Cr, 7–50; Cu, 18–55; Ni, 6–16; Pb, 10–50; and
Zn, 87–1 347.

Moss analysis, including the moss-bag method, has been used as a good indicator
for aerial pollution. Results of studies have indicated a steady decrease in aerial depo-
sition of almost all trace elements during the last 25 years. Especially noticeable de-
creases are observed for Cd, Cr and Pb (Table I-4.3). Significant variation in average
trace metal contents of moss has been reported for European countries during the period
1990–1992 (Rühling 1994). The ranges of the metals determined in mosses, Pleurozium

Fig. I-4.1.
Commonly reported ranges
of trace elements in fly ash as
compared to their abundance
in the Earth’s crust
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schreberi, Hylocomium splendens and Hypnum cupressiforme, from various countries,
are as follows (in mg kg–1):

� Cd: Portugal 0.22 – Slovenia 1.38
� Cr: UK 0.76 – Spain 5.36
� Cu: Swiss 4.8 – Romania 26.3
� Fe: UK 255 – Romania 7 856
� Ni: Denmark 1.5 – Romania 11.2
� Pb: Lithuania 9.5 – Slovakia 60.5
� V: UK 1.7 – Romania 15.0
� Zn: Estonia 31.6 – Slovakia 173.0

Moss monitoring carried out in Poland, in 1995, indicated regional variation in metal con-
tents of Pleurozium schreberi. Grodziôska et al. (2003) reported the following ranges of mean
metal concentrations (in mg kg–1) in moss sampled in Poland, from a rural-forested region
(Baltic region) and from an industrialized region (south region), as follows (respectively):

� Cd: 0.34 – 1.07
� Cr: 1.4 – 2.6
� Cu: 1 – 9.7
� Fe: 299 – 763
� Hg: 0.34 – 0.22
� Ni: 1.73 – 1.65
� Pb: 11 – 38.3
� V: 5 – 4.8
� Zn: 39 – 69

Aerial particles and aerosols contain variable amounts of various species of trace
elements. Manecki (1984) reported that urban dust of Kraków (Poland) contained
the following amounts of metals (in weight-%): Fe, 33–38; Mn, 0.3–0.5; Pb, 0.1–0.4;
Zn, 0.05–0.06; Cd, 0.002–0.01; and Cr, 0.008. In gaseous emission of a municipal incin-
erator in Vienna the major constituent among trace metals are: HgCl2, HgCl, HgO, and
Hg. However, halides of Pb, Zn, and Cd were also identified in gaseous states, as well
as small quantities of CdO (Puxbaum and Limbeck 2004).

Dmuchowski (2005) has applied the moss-bag method for monitoring of air pollu-
tion in Warsaw. The results indicated a relatively small variation in time, with an excep-
tion of Pb that has decreased by about half, during 10 years. The ranges of mean concen-
trations of metals in moss-bags exposed in Warsaw during the period 1992–2004 varied,
respectively, as follows (in mg kg–1):

� Cd: 0.4 – 0.35
� Cr: 2.13 – 2.0
� Cu: 5.9 – 5.9
� Fe: 638 – 552
� Pb: 13.5 – 7.9
� Zn: 52 – 53
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Trace elements in the atmosphere occur in various chemical forms, of which organo-
metallic compounds are of special concern. Also the size of aerial particles, especially
PM10 (diameter 10 µm) that are easily inhaled, are of a great significance. These com-
pounds are of both anthropogenic and natural origin. The natural processes, mainly
the methylation, have a significant influence on forms and fate of aerial pollutants.
Volatile methylated compounds of several trace elements have been detected in air,
particularly in highly polluted environments. Biogenic methyl and methyl/hydride
species of metals (As, Hg, Pb. Sb, Sn, and Tl) and of metalloids (Br, Cl, I, Se, and Te) have
been reported to occur in air (Brinckman et al. 1982). These compounds are relatively
easily soluble and thus bioavailable and are of a greater toxicity than inorganic forms
(Puxbaum and Limbeck 2004). The chemical composition of rainwater is closely asso-
ciated with air pollution and greatly contributes to the deposition of pollutants. Eriksson
(2001a) reported ranges of trace element concentrations in rainwaters, collected in
Sweden, during 1999, as follows (in µg l–1):

� Above 10: Al, Zn
� Range 0.1 – 1: As, B, Ba, Cr, Cu, Mn, Ni, Pb, Rb, Se, Sn, Sr, Ti, V
� Range 0.01 – 0.1: Ag, Cd, Ce, Co, Ge, Fe, La, Li, Mo, Nd, Pt, Sb, W, Y, Zr
� Range 0.001 – 0.01: Au, Be, Bi, Dy, Ga, Gd, Hf, Hg, Nb, Pr, Sc, Sm, Te, Th, Tl, U
� Below 0.001: Er, Eu, Lu, Pd, Rh, Ru, Ta, Tb, Tm, Yb

Seasonal as well as regional differences in trace element distribution are evident.
Many anthropogenically-derived elements are elevated in winter season and in urban
areas. Very high and variable concentrations of trace metals have been measured in
urban air (Table I-4.4). Several factors influence their atmospheric abundance, but most
commonly they are industrial technologies and fuel combustion. The highest concen-
trations have been reported for Cu, Zn, and Fe in Bursa, Turkey, and for Pb in Taejon,
Korea. A close relationship between the Pb concentration and the contents of other trace

Table I-4.4. Concentrations of trace metals in air of worldwide cities (ng m–3) (after Tasdemir et al. 2005)
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metals in the urban atmosphere has been observed. Sakata (1998) has proposed a method
based on Pb isotope ratios for the estimation of pollution sources in urban air.

Extremely high Hg concentrations in air result from roasting of Au/Hg amalgam
and from the purification processes. Atmospheric Hg concentration in area with
goldmining in Brazil reached 292 000 ng m–3, whereas its contents in rural and urban
areas varied between 0.1–10 and 0.5–50 ng m–3, respectively (Moreira 1996).

Trace pollutants in air have a significant impact on human health. They may be
absorbed by aerial parts of vegetables and thus included into the food chain. All com-
pounds of trace elements present in air can be inhaled both in the open air and in-
doors. Especially occupational exposure is of great concern and should be monitored
because clean air is considered to be a basic requirement for humans. The WHO (2005)
has updated the air quality guidelines for Europe. It is clearly mentioned that the “Guide-
lines values” are not just numbers, but they incorporate recommendations that will
help to reduce harmful effects of organic and inorganic particulates to humans and
vegetables. However, there is limited information for guideline values for inorganic
elements (Table I-4.5).

Household dust. House dusts may be a significant source of several trace elements.
Fergusson and Kim (1991) reported that concentrations of Pb, Zn, Cu, Cd, As, Sb, Co,
and Cl in house dusts exceed their abundance in soil-borne dusts. Especially four
metals, Pb, Cd, Cu, and Zn are increased in house dusts of worldwide towns and cities
(Table I-4.6). A great proportion of the metals is associated with two phases, carbon-
ate and Fe-Mn hydroxides. The bioavailability of house-dust metals is not well known,
however, some elements are fairly soluble in stomach fluids but less in lung fluids
(Rasmussen et al. 2001).

The mode of cooking and heating can be a dominant source of indoor trace ele-
ments. It has been estimated that two thirds of all households in the developing coun-
tries still depend on unprocessed wood, crop residues and animal dung burned in poorly

Table I-4.5.
The revised guideline values,
for concentrations and time
exposure of selected trace
metals for Europe (after WHO
2005) and in workplace air
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functioning wood stoves, for their daily cooking and heating requirements (World
Resources Institute 1998 vide ITDG Project 2002). These materials as well as coal-heat-
ing generate airborne particles and smoke are enriched in some trace elements. In
improperly ventilated buildings, metal-bearing smoke may be of a great health risk.
Dramatic examples of indoor intoxications in China, due to the combustion of coal
enriched in As or F, have been described (Finkelman et al. 2003).

Table I-4.6.
Concentrations of trace metals
in common household dusts
of worldwide towns and cities
(mg kg–1) (as compiled by
Rasmussen 2004 from various
sources)
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Trace element concentrations in plants reflect, in most cases, their abundance in growth
media (soil, nutrient solution, water) and in ambient air. The metabolic fate and role
of each element in plants can be characterized in relation to some basic processes
such as: (i) uptake (absorption), (ii) transport within plants, concentration, and
speciation, (iii) metabolic processes, (iv) deficiency and toxicity, and (v) ionic com-
petition and interaction. Some trace elements, particularly trace metals such as Cu,
Fe, Mn, Mo, and Zn play a key role in plant metabolisms and are constituents of sev-
eral enzymes.

Plants exhibit various tendencies in the uptake of trace elements, and these depend
on several factors both internal and external. During the evolution of plants, several
mechanisms have developed that have resulted in adaptation to and tolerance of new
or chemically imbalanced environments. Therefore, plant responses to trace elements
in the environment should always be investigated for a particular system. Neverthe-
less, some generalization for trace element contents in plants and their physiological
aspects can be made (Table I-5.1).

Absorption. Plants exhibit a variable, and sometimes specific, ability to absorb trace
elements from soil. Plants absorb trace elements by roots from soil (or other growth
media) and by above-ground parts from aerial deposition.

Foliar uptake is governed by several factors, mainly by surface properties of leaves
and by aerial deposition of elements (contaminants). Foliar absorption usually con-
sists of two phases – nonmetabolic cuticular penetration and metabolic transport across
cell membranes.

Foliar absorption is significant in both aerial contamination of plants and foliar
applications of fertilizers. Elements absorbed by leaves are partly translocated to roots
and are also leached from plant foliage, especially by acid rain. Under specific condi-
tions, and especially with atmospheric pollution, a high proportion of trace metals
may enter plant tissues. Dalenberg and van Driel (1990) have calculated that 73 to
95% of the total Pb content of field crops are from aerial deposition on leaf surfaces.

The root absorption can be both active (metabolic) and passive (nonmetabolic).
In each case, however, the rate of trace element uptake is positively correlated with
their available (mobile) pool at the root surface. The plant uptake of elements from
growth media is evaluated by a ratio of element concentration in plants to element
concentration in soils and is called: Biological Absorption Coefficient (BAC), Index of
Bioaccumulation (IBA), and/or Transfer Factor (TF). Values of these indexes differ

Plants
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highly for both plants and elements, however, the general tendency for the phyto-
availability of elements can be summarized for terrestrial plants, at a given values of
TF, as follows:

� 101: Cd
� 1: B, Br, Cs, Rb
� 10–1: Ag, As, Co, Cu, Ge, Hg, Mo, Pb, Sr, Te, Zn
� 10–2: Be, Cr, Li, F, I, Mn, Ni, Sb
� 10–3: Ba, Bi, Ga, Fe, Sc, Se, V, Tl, Zr

Sheppard (2003) has widely discussed the great variability in plant/soil concentra-
tion ratios and emphasized the significance of generic data. Transfer processes are
controlled by several highly changeably parameters and thus on-site data can signifi-
cantly differ from the generic data. For example, TF values for Cs in Vaccinium vary
from 0.7 to 2.7, calculated in Poland and Canada, respectively. This value for vascular

Table I-5.1.
Approximate common con-
centrations of trace elements
in mature leaf tissues general-
ized for various plant species
(mg kg–1) (after Kabata-
Pendias and Pendias 2001)
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plants is recommended at 1.0 and according to the IUR/IAEA estimations it is 0.05
(Sheppard 2003). Generally, trace element concentrations in plants are highly associ-
ated with the chemical composition of growth media. Based on this relationship, there
is a possibility to identify the origin of food plants that occurred in markets (Szefer
and Nriagu 2006).

Various fungi are well known to accumulate a high proportion of easily available
and/or easily volatile elements such as Hg, Se, Cd, Cu, Zn, as well lanthanides and ac-
tinides.

One of the most important factors that determines phytoavailability of a trace
element is its binding to soil constituents. In general, plants readily take up all spe-
cies of elements that are in the soil solution. However, plant roots reveal a great
capability to take up also slightly mobile forms of elements due to various root exu-
dates that change the pH of the root ambient solution and chelate elements. Roots of
plants grown in metal-contaminated sites can develop mechanisms to protect the
plant from excessive uptake of a metal (Santa-Maria and Cogliatti 1998). However,
root exudates from some hyperaccumulating plants do not enhance metal mobiliza-
tion (Zhao et al. 2001).

In agricultural practices, several extractants have been used for quite a long time to
estimate the phytoavailable pool of elements, and with various results. However, since
a number of soil and plant parameters, as well as climatic factors, have a significant
impact on the absorption of trace elements by roots any applied method must be re-
lated to a given soil and plant conditions. Methods used for the evaluation of soluble
(bioavailable) trace elements are based on extractions by various solutions: (i) mineral
acids, (ii) chelating agents, (iii) buffered salts, (iv) neutral salts, and (v) other solutions,
such as Coca Cola (containing phosphoric acid). There are also proposed some other
techniques, such as electrodialysis, diffusion through membrane, and diffusive gradi-
ent in thin-film (Kabata-Pendias and Sadurski 2004). However, neutral salt solutions
(mainly CaCl2) and chelating agents (EDTA and DTPA) have been used most com-
monly and broadly.

Deficiency and Toxicity. In spite of great progress that has been made in understand-
ing the mechanisms and external factors that control the uptake of trace elements by
plants, there is still not a simple model to predict their phytoavailability, especially in
contaminated environments. Several models have been used to predict the bioavail-
ability of trace metals, and in particular of Cd, Zn, Cu, and Pb (McLaughlin 2001). These
models, however, are limited to a given plant and specific growth conditions, and thus
the application to crop plants and field condition is still uncertain.

Based on a huge database of observations it has been possible to characterize soil
properties that can affect deficiency of some elements to crop plants (Table I-5.2). The
most common symptoms of micronutrient deficiency in sensitive plants are: (i) chlorosis
and necrosis mainly of young leaves, (ii) wilting, (iii) melanism: brown, violet, red,
(iv) stunted growth, and (v) leaf deformation. Schematic plant response to changes in
concentrations of essential and nonessential elements differs at the ranges of low con-
tents (Fig. I-5.1).

It is much more difficult to define soil properties and concentrations of trace ele-
ment that are related to toxic effects of element excess. An assessment of toxic contents
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Table I-5.2. Soil factors contributing to micronutrient deficiency

Fig. I-5.1.
Schematic diagram of plant
response to deficient and toxic
concentrations of trace ele-
ments in growth media: a es-
sential trace elements; b non-
essential trace elements

and effects on plants is very complex since this depends on many factors both external
and internal. Plants reveal a great behavioral plasticity under chemical stress (Fig. I-5.2).

General effects of toxicity on common cultivars are: (i) stunting and damaged roots,
(ii) chlorotic, necrotic, brown, and dark green spots, mainly on old leaves, (iii) wilting
and dying-off of older leaves. Krämer et al. (1999) have supported a concept that the
excess of trace metals induce biochemical changes in plants similar to responses elic-
ited by pathogen attack. Nevertheless, the damage to photosynthesis apparatus involved
in several metabolic processes is the most significant toxic effect of the excess of trace
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metals. Prasad and Hagemeyer (1999) summarized the main plant reactions to the
toxicity of element excesses, as follows:

� Changes in permeability of cell membranes – Ag, Au, Br, Cd, Cu, F, Hg, I, Pb, and U
� Reactions of thiol group with cations – Ag, Hg, Pb
� Competition for sites with essential metabolites – As, Sb, Se, Te W, F
� Affinity for reactions with phosphate, ADP, and ATP groups – Al, Be, Sc, Y, Zr, lan-

thanides, and possible several other trace metals
� Replacement of essential ions (mainly major cations) – Cs, Li, Rb, Se, and Sr
� Occupation of site for essential groups such as phosphate and nitrate – compounds

of As, B, Br, F, Se, Te, and W

A number of studies have been carried out on trace element toxicity to plants and
the results vary with each experiment and each plant. However, it can be generalized
that the most toxic trace metals for both higher plants and certain microorganisms are:
Hg, Cu, Ni, Pb, Co, Cd, Ag, Be, and Sn. Several plants may adapt relatively readily to the
excess of trace elements, but they may be very sensitive to a particular element. In
many higher plants mechanisms of adaptation to, or avoidance of the stress factor have
been developed. These mechanisms depend on plant species, specific element and
environmental conditions. The most important processes are:

� Complexing and chelating of ions outside roots, in root tissues, and in plant cells
� Selective uptake of ions
� Binding to cell walls
� Immobilization in various organs in form of different immobile compounds, in-

cluding minerals
� Restricted influx through the plasma membrane
� Release by leaching from foliage
� Excretion from leaf tips in the form of salts
� Volatilization of toxic compounds
� Efflux of element excess from roots
� Removal with falling leaves/needles

Fig. I-5.2.
Effect of increasing concentra-
tions of trace elements on be-
havior of plants: a tolerant
species, no behavioral changes;
b development of behavioral
tolerance; and c nontolerant
species



62 Chapter I-5  ·  Plants

Several other mechanisms of adaptation include also the alteration of metabolic pat-
terns that either increase the enzyme system that is inhibited or reduce the metabolic
pathway associated with toxic ions. Tyler et al. (1989) concluded that: “The action of the
tolerance mechanism often imparts a demand for metabolic energy, which would make
tolerant forms less competitive under normal conditions than their nontolerant outerparts”.
Therefore, the growth of plants under the impact of elevated contents of trace elements
is highly limited. In most cases, the morphology of those plants is altered, and salt
excretion can be observed at the tips of leaves in some plants grown in soil polluted
with trace metals. Forest declines have been often observed in contaminated regions.

Speciation. Trace metals in plants apparently occur mainly in organic complexes,
however, data on forms of their occurrence are rather scant. Most metals form various
complexes with both small and macromolecular organic compounds that are present
in xylem and phloem of plants (òobiôski and Potin-Gautier 1998; Schaumlöffel et al.
2003. Common chelating agents are organic acids (i.e., carboxylic, amino, mercaptic,
mugineic, phytic), proteins, polysaccharides, lingnins, pectins, DNA, metallothioneins,
phytoferritins, etc. Inorganic ligands like Cl, F, and sulfate are also important complex-
ants in plants (Prasad and Hagemeyer 1999). Plants are able to synthesize various
metallo-complexes such as methylmercury, organoarsenic, and organoselenium
(Schaumlöffel et al. 2006). Relatively often selenomethionine has been found in wheat,
soybean, and Se-enriched yeast (Shibita et al. 1992; Dauchy et al. 1994).

Organo-Pb species were of a special concern before the abatement Pb additives, into
gasoline as an anti-knock agent. Several Pb species, such as Me3Pb+, Me2Pb2+, Et3Pb+,
Et2MePb+, have been reported to be absorbed by plants through roots or by foliage
from the atmosphere (van Cleuvenbergen and Adams 1991).

Various organoarsenic species (different methylated compounds) have been found
in aquatic plants and apparently this causes a higher As concentration in marine plants
than in terrestrial ones (Kuehnelt et al. 2000). Microbial methylation has resulted in
methylate-species of several elements, including trace metals.

The phytochelation of Cd and Cu has been demonstrated in cell cultures of rice,
soybeans, and maize (Vacchina et al. 2000; Chassaigne et al. 2001). Pavlikova et al. (2005)
separated, using organic solvents and water, species of As, Cd, and Zn from spinach
biomass. The highest proportion of As was extracted by water and identified as phytin,
phytic acid, pectin, and metallothioneins. Zinc was extracted mainly by methanol and
acidified (HCl) methanol; isolated fractions were: compounds with organic acids, (in-
cluding mugineic and phytic acids) flavone glucuronides, oligopeptides, proteins, lignins,
and pectin. Cadmium was extracted predominantly by acidified methanol as fractions
of: proteins, phytic acid, lignins and pectin. However, the largest amount of Cd re-
mained as non-extractable residues, mainly as polysaccharides.

Interactions. Interactions of chemical elements may greatly contribute to a chemical
balance of plants. Both, antagonistic and synergistic relations either between trace
elements or between major and trace elements are variably and may occur inside the
cells, within the membrane surface, and also surrounding plant roots. Interrelation-
ships in different soils and/or plant species are of multivariant character and quite
complex, being at times both antagonistic and synergistic (Table I-5.3).



63Chapter I-5  ·  Plants

The main major antagonistic elements are Ca, P, and Mg that interfere the absorp-
tion and metabolism of several trace elements. Some synergistic effects, however, have
also been observed for antagonistic pairs of elements, depending on the specific reac-
tion of plants or specific properties of growth media. Most important for practical
application are the antagonistic interactions between Ca and P and some trace cations
and anions.

The greatest number of antagonistic reactions has been observed for Fe, Mn, Cu and
Zn with several other elements, including As, Cr, Cr, Fe, Mo, Ni, Pb, Rb, and Se (Kabata-
Pendias and Pendias 2001). Deficiency of one trace element essential to a plant can
facilitate uptake of other micronutrients. The compensatory absorption of trace ele-
ments under deficiency stress is reported for several elements and most commonly for
Mn and Cu, for Fe and Cu, Zn, and Mn (Rengel et al. 1998). Broadly studied Cd/Zn, Cd/
Cu and Cu/Zn relationships are very complex, and as Sharma et al. (1999) have de-
scribed, when only one element of these binary ratios exceeds the toxic level, the joint
effect is either synergistic or additive. There is a controversy regarding Cd/Zn interac-
tions, however, Zn seems to play an important role in controlling the Cd uptake in Cd-
contaminated soils, whenever the ratio Zn/Cd is higher than 100 (Kabata-Pendias and
Terelak 2004).

Synergistic interactions are not commonly observed. Some reported interactions
between for Cd and other metals such as Fe, Ni, Pb may be artifacts resulting from the
destruction of physiological barriers under the stress of elevated metal contents.

Bioindication. Indicator species are organisms that serve as a measure of chemical
status of a given site or area. These may be various animal and plants organisms and
their organs, or products (i.e., honey). Using plant chemical status for geochemical
prospecting is a very old practice for the exploration of metal ores. The response of
plants to the chemistry of the environment is controlled by several external and

Table I-5.3.
Interactions between major
and trace elements in plants
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biochemical factors. Nevertheless, the trace element contents of plants is a promising
indicator for the study of chemical properties and changes of the terrestrial environment.
Basic characteristics of a good bioindicator are summarized by Witting (1993) as follows:

� Suitable accumulation rate of several or selected elements
� Toxitolerance and no sensitivity to the accumulated element
� Present in large amounts in the ecosystem under investigation
� Wide distribution in various environments
� No seasonal differences in availability and applicability
� Existence of a correlation between accumulation and input to the ecosystem

Based on these characteristics, mosses, lichens and mushrooms are especially suit-
able phytoindicators. However, plants that occur more commonly and are easy to sample
are relatively often used as indicators. The Coefficient of Specific Relative Accumula-
tion (CSRA) calculated as a ratio of the content of an element in a given plant to its
average content in all other plants grown on the same site indicates that dandelion is
especially useful bioindicator (Table I-5.4).

The biota reveals a potential to develop a resistance to anthropogenic loads of trace
elements to ecosystems. However, the biodiversity and biological activity of polluted
ecosystems is very poor, as observed in vicinities of most industrial plants. Sensitive
phytoindicators such as mosses, lichens and mushrooms are among the first plants
that disappear in such regions. Therefore, dandelion that easily adapt to contami-
nated ecosystems is suitable for biomonitoring. Metal concentrations in dandelion
leaves sampled from different regions of Poland clearly indicate metal pollution in
the industrial region (Table I-5.5). The RDB value identifies a very high relative de-
viation from background values of all metals in plants from industrial region. The
order of relative accumulation of metals, as expressed by RDB factor, is the following:
Ni > Cd > Zn > Pb > Mn > Cu.

The suitability of the dandelion as versatile phytomonitor has been confirmed by
Rule (1994) who found the worldwide background concentrations of metals fairly
similar in plants grown in various countries (Bulgaria, Poland, and USA). These vary
(in mg kg–1) for leaves: Cd, 0.2–1; Cr, 0.2–0.5; Cu, 5–20; Mn, 15–170; Ni, 0.5–6.2; Pb,
0.8–6.5; and Zn, 20–110; and for roots: Cd, 0.1–0.8; Cr, 0.1–2.8; Cu, 5–25; Mn, 5–50;
Ni, 0.2–6.6; Pb, 0.2–5; and Zn, 10–60.

Table I-5.4. Transfer factor (TF) for trace metals in plants (leaves) grown under the same conditions
(after Kabata-Pendias and Krakowiak 1998)
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Table I-5.5. Metals in leaves of dandelion (Taraxacum officinale) grown in different region of Poland
(after Kabata-Pendias and Pendias 2001)

Some other organisms such as, e.g., roots of aquatic plants, soil microorganisms, are
also considered good bioindicators of contamination of a given environment. Also
enzymes that are inhibited by the excess of trace metals, particularly by Cd, Co, Cu and
Zn, are known as good indicators (Nowak et al.1999).
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Organisms have developed their internal biochemistry in close connection to the com-
position of the natural environment. Humans, as well as all mammals, unlike prokary-
otes and other lower organisms, are not able to adapt easily to any change in the chemical
composition of their surroundings. Changes in trace element concentrations are of
especially vital importance. The homeostatic balance of chemical elements in an or-
ganism is the basic requirement of good health. Ionic relationships within any organ-
ism are very fragile and governed by several factors. Their balance is controlled by
factors such as bioavailability of an element, capability of tissues or organs to accumu-
late and excrete an element and by interactions among elements that might vary from
antagonistic to synergistic depending mainly on their quantitative ratio.

Trace elements, both those of vital physiological functions, and those not essential
play fundamental roles in the normal development and health of organisms. Func-
tions of most of the essential trace elements in metabolic and growth processes have
been relatively well recognized. Their crucial roles are attributed commonly to func-
tions of metallo-enzymes. Especially essential for the activity of physiologically im-
portant enzymes that function as catalysts are Cu, Zn, and Fe (Kleczkowski et al. 2004).

Geochemical anomalies of the bedrock, variable soil parameters, agricultural prac-
tices, and anthropogenic pollution influence the trace element contents of food crops
and other plants resulting in a dietary intake of trace elements. Diseases and/or im-
paired metabolism, attributable to trace element deficiency or excess, are some times
not easy to assess, especially at early stages of development. Moreover, often effects of
their imbalanced supply may be quite variable (Table I-6.1 and I-6.2).

Trace elements that occur and/or may occur in human body are as follows:

� Essential: As, B, Br, Co, Cl, Cu, Cr, F, Fe, I, Li, Mn, Mo, Se, Si, V, and Zn
� Possible essential: Al, Ba, Ge, Ni, Rb, Sn, Sr, Ti
� Non-essential: Ag, Au, Be, Bi, Cd, Cs, Hf, Hg, In, Ir, Pb, Sb, REEs, Ta, Te, Tl, U, Y, Zr.

(In bold are elements of high toxicity to humans)

Most common deficiencies for the worldwide population are reported for Fe and I.
There are estimations that about 50% of the worldwide population suffer from
Fe deficiency, especially in Africa and Asia, which is associated mainly with low
Fe contents in food plants. Iodine deficiency occurs commonly in regions with light
sandy soils developed from young geologic formations. It is not likely to occur in
close-to-sea areas.

Humans
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Table I-6.1. Consequences of deficiency and excess of some essential trace elements (adopted from
various sources, mainly from Abernathy et al. 1993 and Plumlee and Ziegler 2003)

Table I-6.2.
Consequences of excess of
some non-essential trace ele-
ments (adopted from various
sources, mainly from Anke
2004a and Plumlee and Zieg-
ler 2003)

Contents of trace elements in the human body vary greatly, and are controlled by
several external and internal factors. The highest variation in reported concentrations
of most trace elements (with an exception of Cu and Zn) in human serum, generally
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by an order of three magnitudes, is either a real natural differentiation or artifact af-
fected by sampling and analytical methods (Dybczyôski 1998). Nevertheless, calcula-
tions of average concentrations of these elements in human tissues have been accepted
(Table I-6.3).

There are not many data on the elemental speciation in biological fluids/tissues.
According to Cornelis and De Kimpe (1994) trace elements may occur in a complex

Table I-6.3. Trace element concentrations commonly reported for some human tissues (adapted from
the database http://eko.ch.pw.edu.pl/kons/aimzs.doc)
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matrix, such as biological fluids, in various forms, as: (i) simple anions (e.g., Br–, F–),
(ii) chelated compounds (e.g., Fe-citrate), and (iii) build into simple metabolites (e.g.,
As in monometylarsonic acid, etc.). These authors studied the relative distribution of
injected 74As in the body fluids and found the highest concentration of As in urine
(53%) and in the red blood cells (28%). In other tissues, the 74As relative concentra-
tions varied from 0.1% in pancreas to 2.7% in liver.

Concentrations of trace elements in brain tissue have been investigated and
authors have suggested that further studies are needed with special regards to the
correlation with health and disease (Andrási et al. 1999). According to these authors,
the distribution of some trace metals in brain of normal humans varies (in mg kg–1),
as follows:

� Cd: from 0.19 in substantio nigra, right side to 0.42 in putamen, left side
� Cu: from 14 in genu corporis callosi to 38 in putamen
� Fe: from 124 in genu corporis callosi to 819 in putamen
� Mn: from 1 in genu corporis callosi to 3.1 in putamen
� Pb: from 0.16 in vermis cerebelli to 14.3 in caput nuclei caudate, right side
� Zn: from 37 in genu corporis callosi to 85 in putamen

Of the greatest nutritional concern are concentrations of Cd, Hg, and Pb in human
milk. These values are highly variable upon several factors. Ursinova and Masanova
(2005) have summarized data for trace metals in human milk in worldwide countries
as follows (range of means, µg l–1):

� Cd: Canada, 0.08 – Germany, 24.6
� Hg: Austria, 0.23 – Germany, 5.5
� Pb: Sweden, 0.5 – Mexico, 61.8

Environmental pollution has a significant influence on trace metal level in human
tissues that is clearly illustrated by higher metal contents in bones of men from an
industrial region than of men from a city (Table I-6.4). Skeletons of ancient inhabit-
ants of the region of Cu mining activity in southern Jordan, especially during the Bronze

Table I-6.4.
Geometric means of trace ele-
ments in surface part of the
head of thighbones of adult
men from two different loca-
tions in Poland (mg kg–1) (af-
ter Kwapuliôski et al. 2004)
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Age and Byzantine Age, contain markedly enhanced amounts of Cu (103 mg kg–1) and
Pb (35 mg kg–1). However, these metals were not distributed in bones uniformly and
chemical fingerprints of skeletons differed between these two Ages (Pyatt et al. 2005).
Contemporarily, a serious problem of pollution stress to humans is in the Arctic due
to a combined effect of long distance transport of inorganic trace pollutants and
biomagnification in the ocean food chains. This results in a human exposure to trace
elements at a level which is often in excess of international accepted limits for intake
(Hansen 1996).

Behavioral habits as well as some diseases can also affect contents of some trace
elements in human organs. For example, smokers and persons with lung cancer have
in lung tissues higher amounts, especially of As, Cd, and Ni than control persons, non-
smokers (Table I-6.5). Wªsowicz et al. (2003) reported lower concentrations of Se
(49.7 µg l–1) and Zn (0.86 µg l–1) in plasma of patients with pulmonary cancer than in
persons of the reference group (Se: 54.3 and Zn: 0.93 µg l–1), whereas the Cu level was
higher in cancer patients than in healthy ones, 1.53 and 1.17 µg l–1, respectively. However,
these results do not confirm the role of these trace elements in lung cancer development.
The decrease of Cu concentrations in human organs with age has been observed. Livers
of the babies aged 1 day to 12 months contain, on average, 119 mg Cu kg–1. With increas-
ing age, the Cu contents of livers decrease to 18–20 mg kg–1 and remain at these con-
centrations through the life (Müller 2006).

There is not much information on forms of trace elements in human body. The
most comprehensive data have been presented by Szpunar et al. (2003). According to
these authors, predominating complexations of trace elements in biological systems
are by organic compounds:

� Proteins and their constituents (via sulfur atom): Cu, Zn, Cd, Hg, and Ag (e.g.,
methionine, cysteine, phytochelatins, metallothioneins, albumine)

� Proteins and their constituents (via oxygen atom): Mo, Mn, Fe, Co, Ni, Cu, and Zn
(e.g., histidine, tyrosine, glutamic acid, aspargine, metalloenzymes)

� Nucleic acids and their constituents: Cr, Ni, Pt, and Ru
� Metabolites with metalloid-carbon covalent bond: As, Se, and I (e.g., methyloarsonic

acid, arsenobetaine, arsenosugar, selenoaminoacids, selenopeptides, selenoproteines)
� Complexes with polysaccharides: Sr, Ba, La, Pb (e.g., rhamnogalacturoran-II)
� Tetrapyrrol ligands: V, Fe, Co, Ni (e.g., porphyrins, cobalamins)
� Small organic ligands: Al, Ni, and Fe (e.g., citric acid, nicotianamine)

Table I-6.5. Mean concentrations of selected trace elements in human lung tissues (mg kg–1) (after Chen
and Wang 1990)
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Increased accumulation of some elements in certain organs may be an affect
of both their physiological functions or immobilization and exclusion from
metabolic processes. Increased contents of trace metals are observed in some
biominerals formed in the human body. Many elements, such as Fe, Cu, Co, Sr, Ba,
Zn, Cr, Pb, Te, Nb, Mo, Mn, Ti, Th, Ag, Cs, Sc, and Au (given in an occurrence fre-
quency order) have been identified in kidney stones (Tynaliev and Usupbaev vide
Kabata-Pendias and Pendias 1999). Some metals (Zn and Mg) are reported to in-
crease in cancer tissues with simultaneously a decrease in the serum of those per-
sons (Pasternak 1997). This may be associated with increased glutathione levels
in carcinoma cells (Chen et al. 1997). Hasumi et al. (2003) have reported the asso-
ciation of Zn and Cd in prostate glands and suppressing effects of the Zn treatment
on the growth of cancer cells. Floriaôczyk and Grzybowska (2006) have reported
a higher Zn level (16.6 mg kg–1) in breast tumors than in tissues of benign breast
lesions (7.6 mg kg–1).

Suitable biomarkers for assessing human exposure to trace elements have been
subjects of several studies for quite some time. Most commonly, hard dental tissues
(including enamel), scalp hair and other ectoderm derivates have been found to be
good indicators to assess human exposure (also prenatal exposure) to trace elements
(Ericson 2001; Pereira et al. 2004; Rakoviã et al. 1996).

Release of excess of trace metals from the human body follows normal physiologi-
cal processes. However, there has been proposed, for more than 40 years, chelation
therapy to remove excess trace metals from the human body. Ibrahim et al. (2006)
widely described chelation therapies of patients intoxicated by some metals. The therapy
with EDTA has been approved by the FDA as a treatment for lead poisoning. EDTA and
other chelating drugs, used for intravenous infusions, can lower high blood levels of
metals such as Cd, Cr, Hg, Mn, Pb, Zn and several others, by attaching to the metal
molecules, which helps the body to remove them through the urine. However, chela-
tion therapy is not a solution for the long-term toxicity of trace metals in human body.

Sata et al. (1998) investigated the behavior of eight metals in urine and blood fol-
lowing CaEDTA injection. The authors have concluded that only Cr and Mn absorbed
in human tissues might be mobilized by this therapy. Other metals, e.g., Pb and Hg,
have also been shown to be decreased in human tissues following the chelation therapy
(Liu et al. 2002; Risher and Amler 2005). However, a number of studies have shown
no clear relief from DMSA (trade name, drug composition not given) for humans, on
the other hand the DMSA treatments have poisoned the patients (Englund et al. vide
Risher and Amler 2005).

A few recent studies have indicated that the chelating agent may redistribute a metal
from hard tissue to the brain causing fatal injury (Hoover and Aposhian vide Flora
et al. 2005). Thus, there is still a controversy concerning chelating therapy. These pro-
cedures have not been yet sufficiently supported by the controlled studies (Chisolom
2001; Liu et al. 2002).

Different types of chelators have been used against a widespread As exposure to
humans. The chelator, BAL (British Anti Lewisite) has been selected for the treatment
of As poisoning patient in the USA (Klaassen 1985). This therapy, however, after in-
tramuscular injection, resulted in pain and discomfort.
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Exposure sources. The general population is exposed to trace elements mainly by
ingestion of drinking water and food and by inhalation of air. Adults inhale daily
approximately 20 m3 of air and intake about (above) 2 l of water.

Humans intake trace elements from various sources by three absorption pathways:

� Gastrointestinal tract, from: food, water, drugs, soil, and aerosols
� Respiratory tract, from: aerosols, and gases
� Skin, from: soil, water, aerosols, gases, and others

All exposure pathways finally result in the absorption across the body’s membrane
by passive or active diffusion and can be deposited in specific tissues. Soft tissue or-
gans, especially the liver and kidneys are likely to accumulate most trace elements.
Easily bioavailable forms of elements are those which compounds can be dissolved by
body fluids (i.e., gastrointestinal and respiratory tracts).

The food chain is considered the main tract for transfer of trace elements to hu-
mans. There are several possible routes of their (TE) transfer, via food chain, from soil
to human:

� TE → soil → plant → animal→ human
� TE → soil → plant → human
� TE → soil → animal → human
� TE → soil → microbiota, mezobiota → human
� TE → soil → airborne dust → animal, human
� TE → soil-geophagia → human
� TE → soil → groundwater → drinking water → animal, human
� TE → soil/sediment → surface water → aquatic biota → human

The oral intake of trace elements has became to be of the greatest concern and several
official regulations have been established for their safety intake. Some attempt has been
made by the UNEP (2004) and European Communities to accept provisional toxic
concentrations of metals as potential hazards to humans (Table I-6.6 and I-6.7).

A special source of some trace metals is associated with various orthopedic and sto-
matological metallic implants and prosthesis. Various alloys are used for orthopedic sur-
gery. The most commonly they are alloys of Co, Cr, Mo, Ni and W. Several precious and
semi-precious metals are also used. Recently Ti-base alloys are increasingly used for sur-
gical implants. Metals are released into body tissues, due to the corrosion (in some cases
due to the abrasion) of alloys. There are variable responses of cells on increased levels of
metals, from tolerance to allergy and inflammatory. Most of the metals released from
metallic implants can be recovered in the human organism in implant-surrounding tis-
sues, in human fluids, and in ectoderm derivates (e.g., nails, hair).

Trace element intake due to soil ingestion both involuntary and deliberate may be
significant especially for children. There was observed a higher content of Pb in blood
in children present pica for soils than in no-pica soil. Intaken mean amounts of some
metals by children, 1–4 years of age, were as follows (in mg d–1): Al, 136; Ti, 208; V, 148;
Zr, 113; and Y, 97 (Calabrese and Stanek vide Abrahams 2005).
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Significantly, however, the most often unrecognized sources of ingested metals are
those released from kitchen utensils. Marzec et al. (2006) have reported that cookware,
especially enamel and stainless steel, may be a source of Cr, Ni, Zn, and Fe in popular
soups, however, their concentrations are significantly lower than accepted limits for
standard acid solution.

In addition to the food-chain transfer, the exposure to trace elements from other
sources may be important. Among them, the ingestion from some herbal medicines

Table I-6.7. Setting maximum levels for Pb and Cd in foodstuffs by European Communities (mg kg–1 FW;
in parenthesis data for kidneys) (Commision Regulation 2001)

Table I-6.6.
Trace element oral intake
of toxic hazards to humans
(adopted from UNEP 2004)
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has been recently of concern. Especially notable, contents of trace metals, in Asian herbal
medicines (AHMs) have not been controlled until the present. Ernst (2002) has de-
scribed elevated contents, mainly of Hg, Pb, and As, in some AHMs, possible due to:
(i) intentional addition for alleged medicinal properties, (ii) contamination during
manufacture, and (iii) increased metal levels in plants grown on polluted soil. This
author has concluded that trace metals in AHMs represent a potentially serious prob-
lem that puts consumers at risk. Beneficial and/or toxic effects of trace elements in
medicinal plants have been discussed by Szentmihalayi et al. (2006).

Contents of Pb and Cd in foodstuffs are presently of the greatest concern, and several
regulations have been enacted to established allowable maximum levels of these metals
in various food products. The ranges of maximum concentrations in food products, as have
been set by the EC, vary (in mg kg–1 FW) for Pb from 0.02 in milk to 1 in bivalve mollusks,
and for Cd from 0.05 in meat and vegetables to 1 in bivalve mollusks (Table I-6.7). All
types of these mollusks are of a great health risk due to trace metal concentrations.

Maximum level for Hg in foodstuffs is set by the Commission Regulation (2001) for
fishery products only. For most fish it is 0.5 mg kg–1 FW, excluding several fish like
halibut, catfish, pike, sharks etc. for which this value is 1.0 mg kg–1 FW.

The intake of trace elements by various groups of population has recently been widely
studied. Estimated daily intake of metals of the greatest concern vary significantly
between European countries, which may have resulted from different methods used
for the estimation of dietary exposure (Table I-6.8).

Table I-6.8.
Mean or range intake of Cd,
Hg, and Pb by adults with total
diet in some European coun-
tries (after Winter-Sorkina et al.
2003) and in Nigeria (after Ojo
et al. 2006) (µg person–1 d–1)
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Diet, including drinking water, is the main source of trace element intake by humans.
Extension studies for monitoring chemical contaminants and radionuclides in food have
been carried out since 1961 under the program of the Total Diet Studies (TDS) in USA
(Egan et al. 2002). These studies have identified four trace metals of concern, As, Cd, Hg,
and Pb that have been controlled by JECFA regulation (WHO 1999). Fourteen groups of
population have been distinguished in this program, from infants to adults (>70 years).
Daily intakes of these elements were the highest among adult males (60–65 years), how-
ever, the highest relative intakes, expressed in % of the PTDI, were by infant (2 years) and
children (6 years) (Table I-6.9). Results of TDS carried out in the UK in 1994 have indi-
cated that, similarly as in other countries, the dietary exposure for most of the elements
are decreasing and are below the relevant PTWIs and PMTDs (Gillian et al. 1999).

The total diet studies conducted in the UK, in 1994, for 30 elements (Table I-6.10)
have shown that the dietary exposure (in µg person–1 d–1) is the highest (>1 000) for:
Al, B, Cu, Fe, Mn, Sn, Sr, and Zn, medium (>100) for: Ba, Cr, Mo, and Ni, low (>10) for:
As, Cd, Co, Li, Pb, and Se, and very low (>1 to <1) for: Au, Bi, Ge, Ir, Hg, Pd, Pt, Rh, and Tl.

The estimated ingestion of trace elements does not provide information on their
intake by body. These processes are control by several factors, of which bioavailability
of a given element is of great importance. The bioavailability of Cd and Pb from cocoa
powders was determined by their solubility in water and in simulated physiological
liquids. Both, metal contents and the extractability were quite variable, depending mainly
upon their origin (Table I-6.11).

Decreasing intake of trace elements by populations has been observed during re-
cent decades in some countries. Larsen et al. (2002) have reported a decrease of intake
by adults in Denmark, during the periods 1983–1987 and 1993–1997, as follows (in
µg person–1 d–1): Cd, 20 and 16; Hg, 7 and 3.5; Ni, 7 and 3.5; Pb, 42 and 18; and Se, 51
and 48. Similar trends in trace metal intake by adults are observed in Poland (Table I-6.8).

Slow decrease in concentrations of trace metals, particularly of Pb, in food plants
has been reported for European countries (Winter-Sorkina 2003; Szteke 2006). This
trend is clearly illustrated by results of monitoring trace elements in edible plants. The
decrease in Pb contents in cereal grains from 0.3 to 0.15 mg kg–1, during the period
1995–2003, has been observed (Fig. I-6.1), whereas Cd contents are relatively stable,
and average at about 0.04 mg kg–1 in rye and about 0.08 mg kg–1 in wheat (Fig. I-6.2).

Table I-6.9. Daily intake of trace metals by some population groups of USA, based on the TDS studies
1991–1996 (µg person–1 d–1, and % PTDI) (adapted from Egan et al. 2002)
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Table I-6.10. Daily intake by the population (µg person–1 d–1) and mean contents of trace elements in
some foodstuff (µg kg–1 FW), as estimated by the UK, TDS in 1994 (after Gillian et al. 1999)
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Data presented by Szefer and Nriagu (2006) have indicated a great variation in the
distribution of trace elements in staple food of worldwide countries (Table I-6.12). Also
concentrations of some trace elements in wine differ upon origin and apparently also
due to various technologies (Table I-6.13).

Table I-6.11. Solubility of Cd and Pb in cocoa powders originated from eight countries (after Mouncou
et al. 2003)

Fig. I-6.1.
Lead contents (mg kg–1) in
cereals (wheat and rye) of
Poland, as a function of time
(based on data from Szteke
2006)

Fig. I-6.2.
Cadmium contents (mg kg–1)
in cereals (wheat and rye) of
Poland, as a function of time
(based on data from Szteke
2006)
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Highest amounts of Cd and Pb in the diet of the whole population of Denmark are
from food plants (wheat and potatoes), and from meat (beef and pork) (Table I-6.14
and 7.15). Some fish, herring and salmon, are a significant source of Hg in the Danish
diet, apparently not because of high concentrations but due to high consumption
(Table I-6.15). It is recommended in Denmark to measure Cd concentrations in bev-
erages (coffee), cereals, and beef and pork meat (Winter-Sorkina et al. 2003).

Table I-6.13. Range of trace elements in different wines produced in various countries

Table I-6.14.
Mean contents (µg kg–1 FW) in
food plants and mean intakes
(ng d–1) of Cd and Pb by the
whole population of Denmark
(after Winter-Sorkina et al.
2003)
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Reference intake. Risk assessment and characterization of the health hazard associ-
ated with the exposure to excess of trace elements, especially via the food chain, have
been recently a hot topic of several international and non-government organizations.
The risk assessment for trace elements has been proven to be very difficult. Smolders
(2005) discussed the risk assessment for Cd, as a case study, and emphasized impor-
tance of soil as a critical pathway to the food chain.

Ibrahim et al. (2006) have emphasized the importance of exposure characteriza-
tion in term of routes, intensity, exposure media, spatial scales and time scales (i.e.,
duration, frequency, timing). The framework for the integration of health and eco-
logical risk assessment has been developed by some groups, mainly of WHO, EC,
USEPA, JECFA, OECD, and IPCS. Also UNEP and UNESCO have been collaborating in
several GEMS programs that are collective efforts to protect human health and pre-
serve natural resources.

According to the EC Commission Regulation (2001), maximum levels (ML) for Cd,
Pb, and Hg in foodstuffs have to be controlled. MLs for Hg have been given for various
fish only and is set up at 1 mg kg–1 FW. These values for Cd in main food products vary
(in mg g–1 FW) from 0.05 in meat and vegetables to 1.0 in kidney and mollusks, and for
Pb vary from 0.1 to 1.0, respectively (Table I-6.16). In general, four main groups of
foodstuffs can be distinguished as a source of trace metals: (i) mollusks and crusta-
ceous – high exposure, (ii) offal and fish – medium exposure, (iii) meat (muscle), ce-
reals and vegetables – low exposure, and (iv) fruits and milk – very low exposure.

Table I-6.15. Mean contents (µg kg–1 FW) in animal food and mean intakes (ng d–1) of Cd, Hg, and Pb
by the whole population of Denmark (after Winter-Sorkina et al. 2003)
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The evaluation of default safety factors in health risk assessment has been recently
a subject of many workshops and discussions. The problem of cancer and non-cancer
risk has been widely investigated. Kimmel and Vu (2001) have concluded that the field
of risk assessment is changing and will continue to do so. Contemporary activities
contribute to develop the framework for human health risk assessment.

Present literature strongly implies that there are links between health conditions,
particularly cancer, and the geographical sites all over the world. This has indicated
that the human health is related to permanent chemical characteristics of the environ-
ment. Among chemical elements that may be involved in this relationship, some trace
elements of both natural and anthropogenic origin are of special importance. The human
exposure to Cd, Hg, and Pb has been presently considered to be of the greatest health risk
(Commission Regulation (EC) No 466/2001, OJ L77, 16.3.2001, p. 1). However, in some
regions elevated As in food chain, and especially in waters, is also a real health hazard.

Various approaches and strategies have been suggested for integrating and harmoniz-
ing health risk assessment and for characterizing safe food. The common strategies are
estimations of dietary exposure. Thus, in many countries monitoring trace elements (of-
ten together with major elements) in foodstuffs has been carried out. Recently the method
of Monte Carlo Risk Assessment (MCRA) has been applied for the estimation of di-
etary intake (including geophagia) of metals and of health risk (Stanek et al. 2001;
Winter-Sorkina et al. 2003). MCRA, in collaboration with other programs, based on
consumption and chemical concentration data, provide following options: (i) acute and
chronic risk assessment, (ii) modeling of residue levels and processing effects, (iii) assess
the uncertainty of percentiles, and (iv) comparison with deterministic estimates.

In spite of several approximations, some provisional data for allowable intake of trace
metals and nutritional and toxicological references have been established (Table I-6.17
and I-6.18).

Table I-6.16.
Maximum levels for Cd, and Pb
(mg kg–1 FW) in some food-
stuffs set by EC Commission
Regulation (2001)
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Table I-6.17.
Reference intakes for contami-
nant elements (µg kg–1 BW)
(source: WHO 1999, cited by
Egan et al. 2002)

Table I-6.18.
Nutritional and toxicological
daily references values estab-
lished for adults by various
organizations (adopted from
data summarized by Leblanc
et al. 2005)

Table I-6.19.
Recommended dietary allow-
ance (RDA), estimated safe
and adequate daily dietary
intakes (ESADDI) and refer-
ence dose (RfD) for some
trace elements for adults
(µg kg–1 BW d–1) (after
Abernathy et al. 1993)

All consumers are concern about technology-based and chemical-based informa-
tion on foodstuffs. Communication on food safety is very important issue. Patric et al.
(1999) have discussed needs for relevant policy associated with the evaluation of inter-
active health communication (IHC).

Abernathy et al. (1993) discussed several aspects related to reference doses and
recommended dietary allowance for essential trace elements. They pointed out sev-
eral problems associate with uncertainty (UF) and modifying (MF) factors. The vari-
able bioavailability of different chemical forms and from various exposure sources
needs to have special consideration when RDA and RfD values are proposed. These
values cited after the EPA by Abernathy et al. (1993) differ significantly for some el-
ement (Table I-6.19).
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Chapter II-1

The trace alkali elements of Group 1 are: lithium (Li), rubidium (Rb), and cesium (Cs).
Their common characteristic is a single electron in the outermost energy level and
highly reactive chemical behavior. These cations do not usually form complex ionic
species but can be bound in some chelates and organometallic compounds. Although
their properties differ (Table II-1.1), they are quite similar, especially Rb and Cs, in
their behavior in crystallochemical and geochemical processes. Lithophilic elements,
Li, Rb, and Cs, are closely associated with the major crustal components and are likely
to enter silicate minerals.

II-1.1
Lithium (Li)

II-1.1.1
Introduction

Lithium is the lightest metal widely and relatively uniformly distributed through the
Earth’s crust, but is likely to be concentrated in acidic igneous rocks and in argillaceous
sedimentary rocks. Its abundance in upper continental crust averages at a value of
above 20 mg kg–1 (Table II-1.2).

As a highly reactive cation of relatively small ionic radii (Table II-1.1), Li easily re-
places cations having sufficiently similar atomic radii in geochemical processes: Mg2+,
Fe2+, Al3+, Ti4+. It is associated with minerals of the late pegmatitic stage, e.g., micas,
some pyroxenes, and tourmaline, as well as with some sedimentary aluminosilicates,

Trace Elements of Group 1
(Previously Group Ia)

Table II-1.1. Selected properties of trace elements of Group 1

Li
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and phosphates. However, the Li content in phosphorites is reported to be rather low,
1–10 mg kg–1. Common Li minerals, all associated with pegmatite bodies, are: petalite,
(Li,Na)AlSi4O10; spodumene, LiAlSi2O6; lepidolite, K2Li3Al4Si7O21(OH,F)3; and eucryplite,
LiAlSiO4.

Table II-1.2. Abundancea of trace elements of Group 1 in the environmentLi
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During weathering, Li is released easily from the primary minerals in oxidizing and
acid environment, and then is incorporated in clay minerals and Fe-Mn hydroxides,
and is also easily absorbed by organic matter. Its concentrations in coal differ widely
depending upon the condition of coal formation. In the US coal, Li contents vary from
0.17 to 370 mg kg–1, and in coal ash range from 50 to 1 064 mg kg–1 (Finkelman 1999)
Globally, mean Li content (mg kg–1) in coals is 65, while the range in crude oil is 0.02
to <3, and in benzene 0.001 to <0.6 (Table II-1.2).

The environmental distribution index (EDI) for Li is as follows: soil/sandstone: 0.7;
plant/soil: 0.1; animal tissue/plant: 0.008; animal tissue/sandstone: 0.0003. Natural
cycling of Li indicates its decrease in biotic components as compared with geological
material.

II-1.1.2
Production and Use

Lithium is obtained mainly from spodumene (also from petalite and lepidolite) and
from subsurface brine. The global annual production in 1995 was estimated as 9.6 kt
and in 2000 exceeded 183 kt (USGS 2004).

Lithium is used in organic synthesis, plastic production, special alloys, and in ce-
ramic and glass (mainly optic) manufacturing. It is also added to some rocket fuels,
lubricants and as cooling agent in nuclear reactors. Aircraft manufactures use Al-Li
alloys to reduce the weight of aircraft. In recent years, extensive uses of Li have been
in batteries for video cameras, computers, telephones, and cordless tools. It is also used
in the pharmaceutical industry.

II-1.1.3
Soils

The abundance of Li in surface soils seems to be highly correlated with the fine
granulometric fraction (<0.02 mm). Its average contents increase from 4.2 mg kg–1

in light sandy soil to 14.8 mg kg–1 in heavy loamy soils (Kabata-Pendias and Krakowiak
1995). Also positive relationship between Li (ranging from 4.9 to 8.7 mg kg–1) and
organic matter content was reported for surface soils (0–25 cm depth) from various
regions of Poland (Motowicka-Terelak et al. 1997). However, the texture of mineral
soils is the most significant factor controlling the Li status of soil, while all other
soil parameters, such as SOM, CEC, and pH are of a much less importance. Mean
Li content in soils, at the global scale, also indicates the lowest value for sandy soils,
and higher for heavy loams and calcareous soils (Table II-1.2). Median Li concen-
trations in soils of Japan vary from 21 to 45 mg kg–1, in Andosols (volcanic soils)
and Cambisols, respectively (Takeda et al. 2004). Surface soils of the Piedmont region
of the southeastern US contain Li from 11.5 to 33.3 mg kg–1 (four soil samples),
and from the Coastal Plain, from 3.7 to 5.8 mg kg–1 (two soil samples). Higher
contents of Li are found in deeper soil horizons, with the greatest amounts found
in the parent rocks, up to 59.9 mg kg–1. Contents of soluble Li in these soils (extracted
with 1 M NH4Cl) are very low and do not exceed 3–5% of the total Li content in sur-
face layers (Anderson et al. 1988). The means of extractable Li (0.1 N ammonium

II-1.1  ·  Lithium (Li)

Li
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acetate) in soils of Jordan range from 13.1 to 25.4 mg kg–1 (Haddadin et al. 2002).
Swedish arable soils contain Li in the range from 1 to 36 mg kg–1, at average value of
17 mg kg–1 (Eriksson 2001a).

Lithium is very soluble and mobile during hypergenic processes, as well as in the
initial stage of soil formation. Later, it may become more stable due to its firm bind-
ing with clay minerals, hydrous oxides of Fe and Mn, and organic matter. However it
may be relatively easily leached down the soil profile, especially in humid temperate
climatic conditions. In the arid climatic zones, it follows the upward movement along
with other soluble salts of chlorites, sulfates and borates. These processes explain the
relatively higher Li contents of different soil units that have developed under hot and
dry climate, e.g., solonchaks, kastanozems, and prairie soils.

II-1.1.4
Waters

Lithium occurs in all kinds of waters, most often sorbed by colloids in the form of
hydroxides LiOH, but seldom as the simple ion Li+. Its contents in the dissolved load
of worldwide rivers vary between 0.16 and 2.46 µg l–1 and average 1.84 µg l–1. Riverive
flux of Li is estimated as 69 kt yr–1 (Gaillardet et al. 2003). Concentrations of Li in
ocean waters are not very differentiated (Table II-1.2) and range from 170 to 200 µg l–1.
The global average Li concentration for world ocean water is 180 µg l–1 (Reimann
and Caritat 1998). Surface sediments from the Baltic Sea contain Li in the range of
<10.0–84.0 mg kg–1 (Szefer 2002a).

In ground waters, Li varies from <0.05 to 150 µg l–1 (Matschullat 1997). Lower
contents of Li are found in ground waters in the temperate humid zones than in
the dry, hot regions, where Li in well waters is reported to reach up to 15 000 µg l–1.
In waters used for irrigation Li contents in the range 5–100 µg l–1 can be harmful to
crop plants.

Rainwater collected in Sweden during 1999 contained Li from 0.03 to 0.11 µg l–1 at
an average value of 0.06 µg l–1 (Eriksson 2001a).

Lithium concentrations in drinking water of Germany are highly variable de-
pending on the source rocks of the water resources. Average concentrations range
from 4.2 to 60 µg l–1, the lowest being for waters derived from new red sandstone
and the highest for those from shell limestone and marshy lowlands (Anke et al.
1995a).

II-1.1.5
Air

There is a paucity of data on Li occurrence in air. Its content in atmospheric dust is
probably related to its concentrations in fine soil granulometric fractions. The maxi-
mum Li concentrations at various regions are given as 2.3 and 8.9 ng m–3 (Reimann
and Caritat 1998).

The maximum concentration of LiOH in the air at the work place was established
in Germany as 25 µg m–3 (Schäfer 2004a).

Li



91

II-1.1.6
Plants

Usually Li is easily available to plants. The plant content of this element is believed to
be a good indicator of the Li status in soils. There are, however, considerable differ-
ences in plants’ ability to take up this element and to tolerate its increased concentra-
tions. Plants of the Rosaceae (mean Li content 2.9 µg kg–1) and Solanaceae (mean Li
content 1.9 µg kg–1) families are known to have the highest tolerance to Li and also to
accumulate high amounts of this element, especially when grown on Li enriched soils
like e.g., solonchak and solonetz.

Lithium shares the K+ transport carrier and therefore is easily transported to above-
ground part of plants, being concentrated mainly in leaf tissues (Table II-1.3). Rela-
tively high contents of Li are reported for lettuce (average 15 mg kg–1) grown in Hun-
gary (Szentmihalyi et al. 1985). Some foodstuff plants accumulate a higher proportion
of Li in above-ground parts than in storage roots or bulbs. However, the ratio of root
to shoot for Li in other plants, especially grasses and clovers differs which shows that
some plants are likely to concentrate more Li in roots than in tops. This can also be an
effect of the source of Li, for example, in industrial regions dandelion accumulates
significantly higher amount of this metal in leaves than in roots, while in the rural
areas plant roots contain only a bit less Li than tops. This phenomenon clearly indi-
cates an aerial source of Li in plants in industrial areas (Kabata-Pendias 1995). A rela-
tive accumulation of Li by leaves of dandelion (Taraxacum officinale) grown in

Table II-1.3.
Lithium in vegetables and
fruits (mg kg–1) (data from
Anke et al. 1995a and Kabata-
Pendias and Pendias 2001,
unless otherwise indicated)

II-1.1  ·  Lithium (Li)

Li
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Warsaw is much higher than the accumulation of other trace elements and indicates
anthropogenic sources of this element (Kabata-Pendias and Krakowiak 1997).

Some interactions of Li with other elements should also be considered. There have
been reported antagonistic effects from Rb and possibly Zn, whereas synergistic ef-
fects from Fe and Mn. Also Ca inhibits Li uptake by plants, thus the addition of lime
to high-Li soil may reduce toxic effects of this element.

Citrus fruits of Jordan, grown on soils with a relatively high level of extractable Li contain
much higher amounts of this metal than other fruits and vegetables (Table II-1.3). Leaves
of citrus trees contain Li at above 100 mg kg–1, and its concentrations in leaves of red
pepper (Capsicum annuum) range from 149 to 319 mg kg–1, and average 256 mg kg–1

(Haddadin et al. 2002).
Contents of Li in moss (Hylocomium splendens) growing in Norway in the period

1990–1995 ranged from 0.0027 to 2.6 mg kg–1 (average 0.22) and have not changed as
compared with Li contents in moss sampled earlier (Berg and Steinnes 1997).

Although Li is not known yet as an essential plant nutrient, there is some evidence
that Li can affect plant growth and may play some metabolic function in halophytes.
However, the observed stimulation may also be related to the influence of some other
factors, including secondary effects of anions associated with Li salt used for experiments.

Most of data demonstrate the detrimental effects of Li to plants, of which Citrus
trees are the most susceptible to an excess of this element. Several data have indicated
that at low concentrations Li stimulates the growth and development of crop plants.
Lithium has been used in fertilizers to increase starch levels and biomass of potatoes
(Schäfer 1997). Based on several experimental results, it can be stated that Li affects
various plant systems at the membrane level. However, it still has not been proven that
Li is an essential nutrient for plants because its function seems to be non-specific and
Li substitutes for other monovalent cations.

Increased Li contents in soil can be toxic to some plants. Citrus trees are probably
the most susceptible to an excess of Li, and their growth in salt-enriched soils can be
significantly reduced due to high Li contents. In high-Li soils, damage to root tips,
injured root growth and chlorotic and necrotic spots on leaves have been observed
for corn.

Although several microorganisms are relatively sensitive to increased levels of Li,
some fungi, Penicillium and Aspergillus, are known to adapt easily to such growth
conditions.

II-1.1.7
Humans and Animals

Humans.  Lithium occurs in mammalian tissues within the very narrow range from
<0.02 to 0.08 mg kg–1, being the most concentrated in skin (Jørgensen 2000). The av-
erage Li content is estimated for total soft tissues of humans as 0.006 mg kg–1 (Li 2000).
It is likely to be concentrated in tooth enamel where probably plays a protective func-
tion against decay processes. It is also slightly concentrated in kidneys and pancreas.

Lithium does not appear to serve a normal cofactor function in any enzyme or trans-
port system, but is considered an essential element for man and animals. It is known
to have an affinity for enzymes activated by Ca and Mg. Its deficiency apparently dis-

Li



93

turbs protein metabolism and may have an effect on several biological systems, such
as endocrine, cardiovascular, neuromuscular, renal, and dermatological (Anke et al.
1995a). There are some observations that Li influences several hormonal, metabolic,
neurological and immunological processes (Duda and Pasternak 2003). It is reported
to stimulate body’s natural defense against viral infection and is proposed as a sup-
porting drug in the treatment of HIV (Gallichio 2003).

Lithium salts have been used in the psychiatry for over 50 years. It is now known
that Li may stabilize mood swings by altering neurotransmission at the synaptic level
in the brain. The cation Li+ can substitute for Na+ and K+ in compounds that regulate
the ratio of these elements in cells and may have a positive impact on several cell pro-
cesses and on the immune system (Skotnicki 1990). Lithium salts have been used to
control several nervous manifestations, however, a long term therapy is not without
risk, and therefore those patients should be monitored for serum Li levels, which should
not exceed 0.5–1.5 mMol l–1 (Hameed and Vohora 1990). People taking Li compounds
to control their moods swings may have problems with being thirsty because of alter-
ation of the action of protein (aquaporin) that controls water transport within the body
(Chaccour et al. 1977).

The most important source of Li for humans is drinking water, although the highest
Li contents are in animal foodstuffs, from 1.7 mg kg–1 in herrings to 7.4 mg kg–1 in eggs
(Anke et al. 1995a). The mean Li intake from all sources (food, water, and air), by humans
in the USA has been calculated at 2 mg d–1 per person (Schäfer 2004). In Germany, the
average intake of Li in diet and water is calculated as 0.18–0.35 mg d–1 for women, and
0.18–0.55 mg d–1 for men. Intake of Li by man is very variable due to different con-
sumption of beverage, which is a significant source of Li. Studies on the human expo-
sure to the Li in drinking water have not indicated neither positive nor negative effects.

Animals. Animals, as investigated in goats, are sensitive to both deficiency and excess
of Li in feed (Anke 2004b). At low Li ration a lower activity of several serum enzymes
was observed. The supplementation of more than 100 mg Li kg–1 ration decreased feed
consumption by experimental animals, and 50 mg Li kg–1 of feed badly affected test
animals (Haddadin et al. 2002; Schäfer 2004a).

II-1.2
Rubidium (Rb)

II-1.2.1
Introduction

The upper continental crust contains Rb at around 110 mg kg–1 (range 90–310). Ru-
bidium behaves similarly to Li in the lithosphere and thus it is likely to be concen-
trated rather in acidic igneous rocks and sedimentary argillaceous rocks (Table II-1.2).
Although Rb is closely linked with K, its binding forces in silicates are stronger than
those of K, and therefore the K: Rb ratio continually decreases during soil-forming
processes.

Rubidium is considered to be a dispersed element and does not form minerals of its
own. It is associated mainly with some feldspars (e.g., pollucite) and micas (e.g.,

II-1.2  ·  Rubidium (Rb)

Rb



94 Chapter II-1  ·  Trace Elements of Group 1 (Previously Group Ia)

lepidolite), and is likely to replace K in some silicates. Micas seem to be the most
important Rb carriers, and contain up to 0.1% of this element.

Average global Rb content in coal is reported at 25 mg kg–1, and in US coal at
21 mg kg–1 (Finkelman 1999; Llorens et al. 2000).

II-1.2.2
Production and Use

World mining of Rb was estimated at <1 t in 1988, and its capacity of production in
1997 was established as 5 t (USGS 2004).

Elemental Rb is highly reactive and can ignite spontaneously in air. It is used in
electronics, special glass and in the production of semi-conductors and photocells.

II-1.2.3
Soils

The Rb content in soils is largely inherited from the parent rocks, as is indicated by the
highest mean Rb content, 100 to 120 mg kg–1, in soils over granites and gneisses. Also
soils of heavy texture contain relatively high amounts of Rb (Table II-1.2) that is the
result of easy adsorption onto clay minerals, especially on micaceous clays. A signifi-
cant positive correlation between the Rb contents and clay fraction in loess deposit
was established (Vaganov and Nizharadze 1981). Due to the small diameter of hydrated
ion (Table II-1.1) Rb is likely to be relatively active in soil processes.

The lowest concentrations of Rb (30–50 mg kg–1) are found in sandy and organic
soils, as well as in peat bogs, 1–10 mg kg–1 (Markert and Lieth 1987). Relatively high Rb
contents were reported by Shacklette and Boerngen (1984) for US soils, for which mean
values range from 30 to 120 mg kg–1, being the lowest for organic soils and the highest
for soils developed from granites and gneisses. Results presented by Govindaraju (1994)
for Rb in reference soil samples give a bit higher Rb contents in soils, in the range from
69 to 1 141 mg kg–1 in soils from the USA, and from 15 to 140 mg kg–1 for soils from
China. Japanese soils contain Rb within the range from 36 to 100 mg kg–1, being the
lowest in Andosols and the highest in Gleysols (Takeda et al. 2004). Swedish arable
soils contain Rb in the range from 70 to 190 mg kg–1, at average value of 116 mg kg–1

(Eriksson 2001a).
The content of Rb in manure is very low, and reported as 0.06 mg kg–1, whereas

phosphate fertilizers contain Rb at an average value of 5 mg kg–1, and sewage sludges
– up to about 100 mg kg–1. Its content in sewage sludges collected in Sweden varied
between 2.5 and 53 mg kg–1 (Eriksson 2001a).

II-1.2.4
Waters

The Rb concentration in ocean and seawaters is fairly stable and ranges from
100–200 µg l–1 (Table II-1.2). Its contents in the dissolved load of worldwide rivers water
vary between 0.2 and 6.5 µg l–1 and average 1.6 µg l–1. The global riverine flux of Rb is
calculated to be 61 kt yr–1 (Gaillardet et al. 2003).

Rb
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Rubidium content was reported by Suszkin (vide Szefer 2002a) to range from 0.69
to 6.7 µg l–1 in rainwater sampled in 1976 around Baltic Sea region, whereas median
concentrations in unfiltered rain-water in the Northern Europe range from 0.08 to
0.15 µg l–1 (Reimann and Caritat 1998), and in Sweden from 0.06 to 0.25 µg l–1 (Eriksson
2001a). Ground waters contain Rb within the range of 0.05–2.5 µg l–1 (Kabata-Pendias
and Pendias 1999).

As relatively strongly adsorbed element, it is likely to concentrated from around 20
to over 100 mg kg–1 in surface sediments of the Baltic Sea (Szefer 2002a).

Aquatic biota. Soft tissues of mussels from the Baltic Sea contain Rb within the range
3.2–14.0 mg kg–1, whereas in muscles of fish it ranges from 0.51 to 5.7 mg kg–1 FW (Szefer
2002a).

II-1.2.5
Air

There are very little data on the occurrence of Rb in the atmosphere. Cawse (1987)
reported that the concentration of Rb in air above the UK was from <1 to <6 ng m–3,
and its deposition in inhabited regions was from <10 to <40 g ha–1, during the period
1972–1981. Rubidium concentrations in air at the global scale are calculated at
<1–2 ng m–3, for remote and polluted regions, respectively (Reimann and Caritat 1998).

II-1.2.6
Plants

Rubidium, as other monovalent cations, is easily taken up by plants. The radius of Rb
(298 pm) is similar to radius of K (277 pm) and therefore Rb can substitute at K sites
in plants, but cannot substitute for K in metabolic processes. High Rb contents in
plants might become toxic. Symptoms of its toxicity are dark green leaves, wilting
and stunted foliage, and short brown roots; however, in field conditions they are prac-
tically unknown.

Despite the chemical similarity of Rb to K there is a significant difference in uptake
of these metals. The availability of Rb to several plants increases with soil acidity (Tyler
1983), while K is not easily taken up from acid soils. Drobner and Tyler (1998) reported
that a shortage or low availability of K increases Rb uptake from acid soils, and sug-
gested that leaf Rb content may be used as a method to assess early stage deficiency of
K in plants grown on acid soils.

Most of the higher plants species contain Rb in the range of 20–70 mg kg–1. How-
ever, Rb contents in plant foodstuffs vary highly, from 1 to 20 mg kg–1 and are the low-
est in grains and the highest in soybean seeds (Table II-1.4.). Fodder plants sampled in
Poland in 1995 contained Rb in the range of about 33 and 5 mg kg–1. In most cases, the
highest contents were in plants from industrial regions (Koäla et al. 2001).

The distribution pattern of Rb in leaves of rice plants was similar to that of K and
decreased from above 4 to around 1 mg kg–1, from young to old leaves respectively
(Tsukada et al. 2002b). The mean concentration of Rb in wheat and barley grains grown
in Sweden are 2.6 and 4.7 mg kg–1, respectively (Eriksson 2001a).

II-1.2  ·  Rubidium (Rb)
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Mosses from the Nordic countries, collected in 1985, contained Rb at levels from 14
to 37 mg kg–1 (Rühling et al. 1987), and a fairly similar range for Rb was reported in
moss sampled in Norway during the period 1990–1995 (Berg and Steinnes 1997).

Some fungi and also bacteria are known to accumulate increased amounts of Rb.

II-1.2.7
Humans and Animals

Humans. Rubidium is present in all tissues of mammals within the range from 8 to
30 mg kg–1, with the lowest value for skin and the highest for liver (Jørgensen 2000).
Other sources reported the Rb contents in soft tissues of human’s organs, liver, kidney
and brain, to range from 1 to 15 mg kg–1 (Kabata-Pendias and Pendias 1999). Total
average soft tissue content of Rb in “reference man” has been calculated at 9.7 mg kg–1 (Li
2000). The Rb concentrations in human blood range from 0.9 to 6.8 mg l–1 (mean 2.8),
in serum from 0.06 to 0.40 mg l–1, and in urine from 450 to 840 µg l–1 (Reimann and
Caritat 1998; Ward and Abou-Shakra 1993). The distribution of Rb in dairy cows’ tissues
shows a regular pattern of the highest concentration in liver, from >25 to <40 mg kg–1 and
the lowest in rib, about 5 mg kg–1 (Koäla et al. 2001).

Rubidium is associated with the K cycle in organisms but does not substitute for it.
There is some evidence that Rb is involved in brain functions, but specific roles have
not yet been identified (Hameed and Vohora 1990). This element is antagonistic to Li,
and its increased level in food can be harmful to some metabolic processes related to Li.

Amounts of Rb in food above 200 mg kg–1 might be harmful and its concentrations
above 1 000 mg kg–1 in human diet are of a health risk. Most of Rb compounds can
irritate the skin, by contact or when breathed. The most toxic Rb compounds are fluo-
ride, hydroxide, and cyanide.

Daily intake of Rb by adults with a mixed diet is estimated at around 1.7 mg. In
Germany, during the period of 1988–1992, it varied from 1.3 to 1.7 mg d–1 per person,
being a bit higher for men than for women (Anke and Angelov 2004).

Table II-1.4.
Rubidium in vegetables and
fruits (mg kg–1) (data com-
piled by Kabata-Pendias and
Pendias 2001)
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Animals. Experiments carried out by Anke (2004b) have indicated that small amounts
of Rb might be essential for animals, and the normative requirement was estimated as
0.3–0.4 mg kg–1 feed. However, its increased level in the diet can cause neuromuscular
hyperirritability spasms.

II-1.3
Cesium (Cs)

II-1.3.1
Introduction

Various sources list the Cs abundance in the continental crust within the range from
<1 to 6 mg kg–1 (Table II-1.2). It is a relatively rare element of the naturally occurring
alkali metals in the terrestrial environment. It has lithophilic properties and behaves
in the geochemical environments similarly to Rb, but appears to have a greater affinity
to aluminosilicates. Thus, it is concentrated mainly in acidic igneous rocks and in
argillaceous sediments where its contents range from 5 to 10 mg kg–1 (Table II-1.2). It is
a component of three minerals, of which only pollucite, H4Cs4Si9O27, containing between
5 and 32% Cs2O, is of commercial importance. Most Cs, however, is dispersed in some
common minerals, like micas and feldspars. Mean Cs content in coal is about 1 mg kg–1.

II-1.3.2
Production and Use

Annual global production of Cs is estimated as 5.9 Mt (USGS 2004). There are rela-
tively few commercial uses of metallic Cs. It is used in: vacuum tubes, rocket propel-
lant, photovoltaic cells, and accurate atomic clocks. Compounds of Cs have also been
employed as catalyst in organic synthesis.

Radioactive 137Cs has been approved for the sterilization of some foods (e.g., wheat
flour, potatoes), sewage, and surgical equipments, thus reducing the numbers of dis-
ease-causing bacteria. It may also be used in cancer treatment (to be placed within
the body).

II-1.3.3
Soils

There is little information on the Cs status of soils. The common range for different
soils, based on various data can be established as <1–30 mg kg–1 (Table II-1.2). In the
reference soil samples, Cs contents range from 0.41 to 21.4 mg kg–1, being higher in
soils from China than from the USA (Govindaraju 1994). In agricultural soils of Canada,
Cs is reported to range between 0.2 and 7.1 mg kg–1 (Reimann and Caritat 1998). Ex-
perimental surface soils of Japan have Cs at the level of around 3.3 mg kg–1, whereas its
contents in agricultural soils are at levels of 1–11 mg kg–1, and in pine forest litter vary
from 0.29 to 0.98 mg kg–1 (Tsukada et al. 1998, 2002a; Tsukada and Nakamura 1999).
Swedish arable soils contain Cs in the range from 0.3 to 4.5 mg kg–1, at average value
of 1.7 mg kg–1 (Eriksson 2001a).

II-1.3  ·  Cesium (Cs)
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Dust samples from roadside in the vicinity of a metals factory in India contain Cs
from 1.53 to 3.63 mg kg–1. Bottom ash of municipal solid waste incinerations contains
Cs at concentrations of 0.44–2.01 mg kg–1 (ATSDR 2002a).

Based on the available data on Cs content in soils, it is rather difficult to relate its
occurrence to soil textural groups. Studies with radiocesium confirmed an increased
capacity of fine granulometric fraction, clay minerals, apatite, and other minerals to
bind this cation (Paasikallio 1999). Although Cs and most of its compounds are gen-
erally easily water soluble, they are very likely to be strongly adsorbed by clay soil frac-
tions. Clay minerals that strongly influence the Cs absorption are mainly illites (Nakao
et al.  2003).

II-1.3.4
Waters

Cesium abundance in waters is low, but significantly higher in oceans and seas
(0.03–0.4 µg l–1) than in rivers and streams (0.0004–0.02 µg l–1). Japanese streams con-
tain Cs up to 0.093 µg l–1 (Tanizaki et al. vide ATSDR 2002a). The world average Cs
concentration in river waters is estimated at a value of 0.011 µg l–1 and riverine flux at
0.4 kt yr–1 (Gaillardet et al. 2003).

Cesium cations in water are rapidly transformed to CsOH and easily adsorbed by
suspended solids and sediments where it forms insoluble, immobile complexes. Thus,
Cs is almost absent in waters, particularly in ground waters. Ground and drinking waters
of Nigeria contain Cs at averages values of 0.61 and 0.35 µg l–1, respectively (Asubiojo
et al. vide ATSDR 2002a).

Stream sediments of some rivers are likely to concentrate Cs, up to 52 mg kg–1. Its
contents in surface sediments of the Baltic Sea range from 3.1 to 10 mg kg–1 (Szefer
2002a). The concentrations of Cs in rainwater sampled in 1976 around the Baltic Sea
region were reported by Suszkin (vide Szefer 2002a) to range from 0.06 to 0.53 µg l–1.
Rainwater collected in Sweden during 1999 contained Cs from 0.004 to 0.011 µg l–1,
with an average value of 0.007 µg l–1 (Eriksson 2001a).

Aquatic biota. Szefer (2002a) reported, after various authors, Cs contents in soft tissue
of mussels from the Baltic Sea to range from 0.001 to 0.05 mg kg–1. It is relatively easily
taken up and held by algae, and ranges in plankton of the Baltic Sea between 0.03 and
0.23 mg kg–1 (Brzeziôska et al. 1984).

II-1.3.5
Air

There is little information on the occurrence of stable Cs in air. The background Cs
content in air might be 0.02–0.04 ng m–3, reported for Norway and Shetland Islands,
respectively (Bowen 1979). High Cs contents, up to 14–18 ng m–3, are reported for air
above cities, respectively in Germany and Japan, whereas the highest content of Cs in
air from Northern America was found to be 3 ng m–3. In 1972–1981, Cs concentrations
in air from Great Britain ranged from 0.1 to 0.34 ng m–3, and its deposition in England
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was calculated as 0.6–1.2 g ha–1 (Cawse 1987). At the global scale, median Cs concen-
trations are reported to range from 0.045 to 0.4 ng m–3, for the remote and polluted
regions, respectively (Reimann and Caritat 1998).

II-1.3.6
Plants

Cesium is not essential to plants and thus its distribution in plant samples has not
been studied intensively. However, this element is relative active in soils and easily
taken up by plants, especially from sandy acid soils. Based on few data, the common
range of Cs in various plants is estimated at <0.1–3 mg kg–1 (Kabata-Pendias and
Pendias data 2001). Usually lower concentrations of Cs are found in green leaves and
are lower in plants from arid regions than from other areas. Roots of higher plants
contain about twice as much Cs (0.32 mg kg–1) as old leaves (0.16 mg kg–1), whereas
much smaller amounts of Cs are in young leaves – 0.07 mg kg–1 (Ozoliniya and Kiunke
1978). Tsukada et al. (2002a) has observed increasing Cs levels from below 0.01 to
0.02 mg kg–1 in older leaves of rice. According to these authors, over 90% of the total
Cs content was in non-edible parts of rice plants. Also up to 77% of Cs was accumu-
lated in non-edible leaves of cabbage (Tsukada and Hasewaga 2002). A very broad range
of Cs was noticed for mushrooms sampled from pine forests in Japan, from 0.005 to
1.6 mg kg–1 (Tsukada et al. 1998).

Cesium contents in tea-leaves vary from 0.01 to 0.31 mg kg–1, and are the highest in
jasmine tea of China (Inadira et al. 1984). Rühling et al. (1987) found Cs to range from
0.3 to 0.48 mg kg–1 in moss samples from Nordic countries in 1985, and mosses col-
lected in Norway in the period 1990–1995 had a mean Cs content at 0.26 mg kg–1, with
a range of 0.019–3.1 mg kg–1 (Berg and Steinnes 1997). The highest content of Cs in
mosses from Germany is reported to be 9.8 mg kg–1 (Reimann and Caritat 1998).

White et al. (2003) observed that, although Cs and K are chemically similar, differ-
ent transport proteins control their uptake and delivery to the xylem. Thus, the Cs/K
concentration ratio differs among plant species.

II-1.3.7
Humans

Cesium occurs in tissues of all terrestrial and aquatic animals, and is distributed fairly
uniformly in all types of tissues within the common range 0.01–0.05 mg kg–1. The high-
est content is found in liver and heart tissues (Jørgensen 2000). The mean concentra-
tion of Cs in soft tissues of “reference man” is given as 0.021 mg kg–1 (Li 2000). In human
fluids Cs averages (in µg l–1) in: blood, 3; serum, 1.5; and urine, 7 (Reimann and Caritat
1998; Li 2000). When its intake by organisms is increased, then it is likely to be accu-
mulated in soft tissues.

Cesium exhibits an antagonistic reaction against potassium with respect to the bio-
logical availability.

The daily dose of Cs with a regular adult’s diet is calculated as 10 µg and its content
in an average diet is 9.4 mg kg–1.

II-1.3  ·  Cesium (Cs)
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II-1.3.8
Cesium-137

Radioactive isotopes, 134Cs and137Cs, are produced by nuclear fission in nuclear power
plants and occur also in fallout from nuclear weapons. Environmental concern with
radiocesium in soils and food chain is largely a consequence of two events: (i) the
worldwide fallout in the period 1952–1958, and (ii) the fallout from Chernobyl in 1986.

One of many Cs isotopes, 137Cs is of special concern because it is a by-product of
atomic energy production and nuclear weapons testing. Anthropogenic sources of this
radionuclide include the mining and processing of contaminated ores. Also ash from
coal burning and municipal waste incinerations may be a source of 137Cs.

The geochemical characteristics of this long-lived radioisotope are fairly similar
to those of the stable Cs. Thus, when it is deposited on soils it becomes strongly
adsorbed by clay fractions, clay minerals and organic matter, and appears to migrate
quite slowly in soil (Meriwether et al. 1988). The fate of 137Cs was widely studied after
the fallout following the Chernobyl accident. At this accident, 134Cs was also released,
but this radionuclide is of a much less concern because it was released in a signifi-
cantly smaller quantity and has a relatively short half-life (t1/2 is 2.1 years) compared
with 137Cs (t1/2 is 30 years). The deposition of both radionuclides was not only large
in the zone surrounding the reactor, but also in several European countries, as well as
on other continents.

Soils. Results of investigations about a decade after the Chernobyl accident indicated
that up to 90% of the inventory of radiocesium was still contained in the top 3 to 7 cm
soil layer and ranged from 103 to 1 500 kBq m–2 (Kagan and Kadatsky 1996). Increased
contents in clay fraction, organic matter and Fe and Mn sesquioxides decrease the
mobility, and thus the migration rate of this nuclide (Arapis et al. 1997; Grin et al. 1999).
Soil organic matter, especially of higher molecular weight, is likely to accumulate a
large proportion of the 137Cs and therefore influences its relatively low mobility
(Agapkina et al. 1995). Horizontal distribution of Cs radionuclides in soils seems to be
correlated with seasonal microbiota activity (Kostyuk and Bunnenberg 1999).

Reported concentrations of 137Cs in other soils vary from 1.7–28.2 Bq kg–1 in paddy
field soils, and from 1 to 37 Bq kg–1 in agricultural soils of Japan (Tagami and Ushida
1998; Tsukada and Nakamura 1999). Soils of the of Louisiana, USA, were reported to
contain 137Cs at the surface within the range from 1 to 92 Bq kg–1 (Meriwether 1988).
Soils of lowland of Poland, analyzed in the period 1992–1993, contained both Cs radio-
nuclides (137 and 134) up to 8 kBq m–2 (Strzelecki et al. 1993), while the surface soils
of the Tatra Mountain in Poland contain 137Cs within the range from 160 to 650 Bq kg–1,
at about the same time (Górski and Uziak 1991). In Russia (Bryansk region), soils after
the Chernobyl accident, accumulated 137Cs in the range of 703–899 Bq m–2, mainly in
the surface layer. Its fraction insoluble in water varied from 40 to 93% of the total content
(Korobova et al. 1998). Soils of Kazakhstan sampled in 1992 contained 137Cs in the
range of average values from 82 to 120 mCi km–2 (Panin 2004). Soils of wetland in South
Carolina, USA, contain 137Cs in the range of 0.2 to 10.1 Bq kg–1, with the highest values
for moisture-regime location. In fresh alluvial sediments, most of the Cs was held by
either amorphous Fe-oxyhydroxides or organic matter (Kaplan et al. 2005).
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Soil samples collected during 1999–2001 in France had the activity of 137Cs above
10 kBq m–2 in the surface layer (Renaud et al. 2003). These authors demonstrated
a close relationship between 137Cs deposition and the rainfall of the first week of
May 1986, right after the Chernobyl accident. The impact of industrial pollution
on the levels of 137Cs has been reported by Outola et al. (2003) for forest soils sur-
rounding the Cu-Ni smelter in Finland. Soil samples taken in 2000 had the total depo-
sition of 137Cs in the range 15–25 kBq m–2 being the highest at the distance of 2 km
from the smelter.

Waters. The background 137Cs concentration in surface waters is ordinarily between 0.01
and 1.2 µg l–1. After the accident in Chernobyl, increased levels of radiocesium in various
water basins have been observed. The concentration of 137Cs in the Black Sea was between
2.7 and 8.1 pCi l–1, for the period of 1991–1996, whereas in the Mediterranean Sea was
0.13 pCi l–1 at about that same period (Strezov et al. and Molero et al. vide ATSDR 2002a).

The maximum concentrations of 134Cs and 137Cs in drinking water have been esti-
mated as 900 and 1 000 pCi l–1, respectively, under the condition that there was no other
intake of radioactivity (ATSDR 2002a).

Bottom sediments of pond around Chernobyl, sampled in 1992 contained radio-
cesium at an average value of around 1 Bq g–1, but some samples had up to 11 Bq g–1

(Jagoe 1997). Surface sediments of the Baltic Sea (Gdansk Basin) collected before 1990
accumulated 137Cs in the range between 100 and >200 mBq g–1. Below 20 cm depth this
radionuclide was undetectable (Pempkowiak 1991).

Aquatic Biota. Freshwater fish can absorb increased amounts of 137Cs. For example,
pike from lakes of Finland contained this radionuclide at concentrations of 66 297
and 18 567 pCi kg–1 in the period 1988 and 1992, respectively (ATSDR 2002a). The
concentrations of radiocesium in fish (Carassius carassius) from ponds in the vicinity
of Chernobyl varied greatly, but did not exceed the level of 8 Bq kg–1 (Jagoe et al. 1997).
Stingray (Dasyatis akajei) fished off Japanese Sea in 2001 contained 137Cs within the
range from 0.15 to 0.31 Bq kg–1 (Isoyama 2003). However, as reported by Malek et al.
(2003), radiocesium may be removed to a considerable extent from fish by dressing
and cooking.

Air. There are rather limited data on 137Cs in the atmosphere. This radionuclide
was reported in the range of 0.072 to 0.14 pg m–3 in the South Pole during 1974–1975.
Its concentration in the Arctic air ranged from 10 to 60 pg m–3 during 1990–1991
(ATSDR 2002a). The greatest 137Cs concentration following the accident at the
Chernobyl nuclear power station was around the reactor location with values of
1 756–8 919 pCi m–3 (Buzulukov and Dobrynin vide ATSDR 2002a). The maximum
concentration of 137Cs at that time in New York City was reported as 0.26 pCi m–3

(Freely et al. vide ATSDR 2002a).

Plants. Radioactive Cs, similarly to the stable Cs, is easily absorbed by higher plants
and microorganisms. However, some data indicated that radioactive Cs is more easily
taken up by rice than the stable Cs, apparently due to a higher biological activity
(Tsukada and Nakamura 1999). Schimmack et al. (1989) reported that the rates of
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vertical migration of 134Cs and 137Cs deposited on grassland soil by fallout from the
reactor accident in Chernobyl was considerably faster (0.2 and 0.3 cm h–1) than of those
from the long-term migration of 137Cs from the global fallout of weapon-testing.

The phytoavailability of radiocesium from peat soil to grass is relatively high. Ad-
dition of some minerals can inhibit its uptake. Paasikallio (1999) reported that the
most effective agent for the reduction in the uptake of 134Cs, especially in the long-
term, was biotite and a biotite-zeolite mixture.

Plants take up more 137Cs from light sandy soils than from loamy soils and
soils rich in organic matter (Table II-1.5). Some plants, such as Amaranthus and
Helianthus species, exhibit a relatively great accumulation of this radionuclide and
are suggested for the phytoremediation of polluted sites (Dushenkov and Sorochinsky
1999). White et al. (2003) stated that the specific mechanism by which Cs is taken up
by root cells can be adapted to develop plant species for the phytoextraction of
radiocesium from soils. Jegadeeswari et al. (2005) reported a much higher accumu-
lation of radiocesium by sorghum roots (mean activity 696 Bq pot–1) than by whole
plant (mean 8.52 Bq pot–1).

Knox et al. (2001) investigated the 137Cs distribution and bioavailability in both
aquatic and terrestrial sites of wetlands on Savannah River Sites, USA. Almost in all
types of sediments the largest proportion of this radionuclide was absorbed by amor-
phous Fe oxyhydroxides. The concentration of 137Cs in plants of aquatic sites varied
from 0.2 to 8.1 Bq g–1 and in plants of terrestrial sites from 0.03 to 5.9 Bq g–1.

Levels of 137Cs in food plants of the USA were non-detectable, but in honey it was
181.1 pCi kg–1 (6.7 Bq kg–1), which is about 200 times lower than the regulatory level.
Green vegetables and fruits sampled in the UK after the Chernobyl accident contained
radiocesium at an average value of 2 703 pCi kg–1. The average concentration of 137Cs
in onions from Denmark was 0.21 µg kg–1, and in wheat flour from Pakistan was be-
tween 6.7 and 11.2 µg kg–1 (ATSDR 2002a).

The transfer of radiocesium in the food chain has been recently investigated. Tsukada
et al. (2003) calculated that the geometric mean of the soil-to-grass transfer factor (TF)
for 137Cs was 0.13, which was 6 times higher than that for the stable Cs (TF 0.022). The
values of both factors decreased with increasing K content in the soil. The geometric
mean of TF value for radiocesium in the chain of grass-to-milk was 0.0027, which was
fairly similar to that for stable Cs. The authors concluded that data on the food-chain
transfer of stable Cs might help to understand the fate of radiocesium. The fraction of

Table II-1.5.
Concentration of 137Cs (nCi g–1)
in plants grown on various soils
with addition of 0.03 nCi kg–1

(data compiled by Kabata-
Pendias and Pendias 2001)
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transferable 137Cs seems to be larger than that of stable Cs in most of the soil-plant
chain, which has been confirmed by the relatively high soil-to-potato TF, which ranged
between 0.004 and 0.16 (Tsukada and Nakamura 1999). Soil-to-potato transfer of 137Cs
is of a real concern in Belarus (Knatko et al. 2000).

A high accumulation of radiocesium in mushroom pericarp is of a special concern
due to its transfer to the food chain. Therefore, the health-related limit for 137Cs in
edible mushrooms has been established in Europe at 600 Bq kg–1 FW (vide Kabata-
Pendias and Pendias 1999). The median content of radionuclides in mushrooms (65 spe-
cies) collected in 1990 in Japan was 60 Bq kg–1 for 137Cs, and <7 Bq kg–1 for134Cs (Yoshida
and Muramatsu 1994). The soil-mushroom transfer factor was calculated to range from
5.5 to 13. Sugiyama et al. (1993) reported clear correlations between wild mushroom-
to substrate ratios of 137Cs concentrations and those of stable Cs. Concentrations of
137Cs in wild mushrooms from Japan range from 0 to 1 070 Bq kg–1 FW, with an average
value of 87.5 Bq kg–1. Mushrooms sampled in pine forests in Japan in the autumn of
1992 contained 137Cs in the range of <4 to 570 Bq kg–1 FW, whereas substratum had
this radionuclide with the range from 53 to 261 Bq kg–1 FW. There was no observed
relationship between 137Cs in mushrooms and substratum (Tsukada et al. 1998). Mush-
rooms collected in 1998 in forests of Belarus exhibited a good correlation between
137Cs and stable Cs (Yoshida et al. 2003).

The behavior of radioactive Cs isotopes in forest ecosystems is of a special concern
because forest litter, the most surficial layer, has a great capacity for their accumula-
tion. Also a moorland ecosystem can fix and hold a large amount of 137Cs. The myc-
orrhiza of heathers prevents the transfer of 137Cs from roots to top parts of the plant.
Thus a relatively smaller content of this radionuclide, up to 52 Bq kg–1, was noticed in
heather (Erica) than in moss (Sphagnum), which had up to 1 992 Bq kg–1 (Horrill and
Clint 1994).

Lichens from Greece contained radiocesium at levels of 2.6 × 104–3.3 × 104 pCi kg–1

in 1986, and had fallen to 3 324–7 892 pCi kg–1 in 1996 (ATSDR 2002a). The con-
centrations of both isotopes 137Cs and 134Cs in the lichen (Stereocaulon vesuvianum),
sampled in Italy in autumn 1986, indicated an increase with elevation of Mt. Vesuvius,
respectively from 460 to 1 020 and from 1 330 to 2 500 Bq kg–1. In 1999 only 137Cs
was found within the range from 270 to 570 Bq kg–1, from low and high elevation
sites, respectively (Adamo et al. 2004). Isomura et al. (1993) observed a significant
decrease of 137Cs in moss (Hylocomium splendens) sampled in Japan, during the pe-
riod of 1984–1991, however, a negligible radioactivity derived from the Chernobyl
accident was noticed only in the period 1986–1988. The concentrations of 137Cs
varied within the ranges 0.9–34.3 and 38.0–359 Bq kg–1, respectively for Lowland and
Mt. Fuji. The contents of 134Cs were much smaller and did not exceed 9.7 Bq kg–1

in mosses from Mt. Fuji.

Humans. The mean concentrations of 137Cs in tissues of persons not exposed to this
radionuclide vary from 0.106 to 2.440 pCi kg–1 FW, being the lowest in bones and the
highest in gonads (ATSDR 2002a).

Radiocesium is most effectively taken up by cancer cells and thus it might be used
for cancer testing and therapy (Brewer 1984).

II-1.3  ·  Cesium (Cs)

Cs



104 Chapter II-1  ·  Trace Elements of Group 1 (Previously Group Ia)

Animals. Radiocesium was relatively easily transferred to animal tissues right after the
Chernobyl accident. The content of 137Cs in deer muscles (in Lithuanian forest) de-
creased after about a decade from 200 to 10 Bq kg–1 (Drebickas et al. 1996). In 1995,
caribou from Canada (Saskatchewan) contained 137Cs in tissues at levels 58, 228, and
553 Bq kg–1, respectively in bone, liver, and kidney (ATSDR 2002a). The average 137Cs
contents in livers of albatross sampled from Indian Ocean during 1994, were at values
of 0.014 to 0.029 ng kg–1 (ATSDR 2002a).

Cs



Chapter II-2

The trace elements of Group 2, beryllium (Be), strontium (Sr), and barium (Ba), be-
long to the alkaline earths and behave similarly to Ca and Mg. Their physical proper-
ties, especially sizes of their ionic radii are fairly similar to those of Ca, and they may
substitute for each other, however, the small ionic radius of Be prevents its replace-
ment by other cations (Table II-2.1). All the alkaline earths are associated with the
carbon cycle that strongly controls their behavior in the terrestrial environment. Ra-
dium (Ra), which occurs as several radionuclides, also belongs to this group, and is a
product after the decay chain of U and Th.

Radionuclides of this group, and especially 90Sr and 226Ra, could present significant
risk of environmental hazard.

II-2.1
Beryllium (Be)

II-2.1.1
Introduction

The abundance of Be in the Earth’s upper crust averages 3 mg kg–1, but the range of
4–6 mg kg–1 has been cited quite frequently (Grew 2002; Rossman 2004). Beryllium is
the lightest of the alkaline earths and although widely distributed, exists in relatively
small quantities and is likely to concentrate in acid igneous rocks and in argillaceous
sediments, where its contents reach up to 6 mg kg–1, (Table II-2.2). However, some al-
kaline rocks tend to be enriched in this element.

Table II-2.1. Selected properties of trace elements of Group 2

Trace Elements of Group 2
(Previously Group IIa)

Be
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Organic matter reveal a sorption capacity for Be, and thus its concentrations in
coal vary broadly from 11 to 330 mg kg–1 and average 2.5 mg kg–1 (Finkelman 1999;
Llorens et al. 2000). Other data for Be in coal give the range 1.8–2.2 mg kg–1, and in
fly ash – up to 47 mg kg–1 (Stadnichenko et al. 1961). However, higher contents of Be,
from 100–1 000 mg kg–1, have also been reported, and the highest Be concentration,

Table II-2.2. Abundancea of trace elements of Group 2 in the environmentBe
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up to 2 000 mg kg–1, was found in coals from the North Bohemian Basin in the Czech
Republic (Veselý et al. 2002). Crude oil may content from 0.0005 to 0.5 mg Be kg–1,
depending upon local geochemical conditions.

Beryllium exhibits lithophilic affinity; it is similar to Al in geochemical behavior
and can substitute for Si and Al in some minerals, and it can strongly bond, especially
to montmorillonitic clays. Over 100 naturally occurring minerals contain essential
amounts of Be. The most common its own mineral is beryl Be3Al2Si6O18, associated
mainly with pegmatite bodies, where crystals of beryl may comprise a few percent of
the total volume. Other minerals like bertrandite, Be4Si2O7 · H2O; bromeline, BeO; and
chrysoberyl, BeAl2O3; are relatively rare. Of these minerals, beryl and bertrandite are
of commercial importance.

Beryllium occurs in several isotope species (8), of which 9Be is stable, and 7Be and
10Be are both cosmogenic and produced by nuclear reaction induced by cosmic rays or
accelerator mass spectrometry. Like Bourles (1992) described, both radionuclides ex-
hibit a great affinity for either inorganic or organic particles of soil and 10Be is espe-
cially likely to be concentrated in organic-rich sediments and soils.

II-2.1.2
Production and Use

Industrial use of Be has been highly increased in recent years. Its global mining is
calculated as 2.55 kt in 2003 (WMSY 2004). Beryllium oxide is the most important
commercial product and the Cu-Be alloy is the most commonly used in the metallurgy.
Together with the use in electronic and electrical components (i.e., electrical insula-
tors, submarine cables), these applications accounted for more than 80% of its con-
sumption. It is also used in several precision instruments for aircraft/satellite struc-
tures, rocket propellants, atomic reactors, high-speed computers, high technology ce-
ramics, as well as in other special facilities.

II-2.1.3
Soils

The abundance of Be in soils has not been investigated on a large scale. The mean
background contents for worldwide soils range from 0.48 to 3.52 mg kg–1 (Kabata-
Pendias and Pendias 2001). Geometric means for Be in various soils of Poland (range
0.03–2.8 mg kg–1, N = 671) are 0.33 and 0.73 mg kg–1, for light sandy and heavy loamy
soils, respectively. A close positive relationship was reported for Be and clay fraction
contents in soils (Kabata-Pendias and Motowicka-Terelak 1996), and it is likely to be
more strongly bound by clay minerals than by organic matter. Results presented by
Govindaraju (1994) for the Be in reference soil samples from different countries give
the range from 1.4 to 4.4 mg kg–1. The mean Be contents in soils of the USA is esti-
mated to be 0.6 mg kg–1 (ATSDR 2002a). In Japanese soils it varies from 0.5 mg kg–1 in
Andosols to 1.5 mg kg–1 in Gleysols (Takeda et al. 2004). Swedish arable soils contain
Be in the range from <0.5 to 1.8 mg kg–1, at an average value of 1.3 mg kg–1 (Eriksson
2001a). Average Be contents in Florida and California soils are given as 0.46 and
1.14 mg kg–1, respectively (ATSDR 2002a).

II-2.1  ·  Beryllium (Be)
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Most of recent data for soil Be are related to contaminated soils. Other considerable
concentrations were reported for some soils in Alaska, up to 300 mg kg–1 and for soils
over Be-rich granite in Czech Republic, up to 15 mg kg–1 (Veselý et al. 2002). Soils from
the North-Bohemian industrial region of the Czech Republic contain Be from 2.1 to
5.2 mg kg–1 (Podleïáková and Nèmeãek 1994). The degree of soil pollution in this re-
gion reflects the isolines of fly ash deposition, as an effect of the increased Be content
in coal. Soils from the San Joaquin Valley of central California, described as “uncon-
taminated” and “highly contaminated” contain Be at mean levels, 2.0 and 3.2 mg kg–1,
respectively (Wilson et al. 1994). Average Be contents in Florida and California soils
are given as 0.46 and 1.14 mg kg–1, respectively (ATSDR 2002a). Concentrations of Be
in the range 0.46–4.7 mg kg–1 are reported for soils at the Nevada Nuclear Weapons
Test Site, USA (Patton vide Veselý et al. 2002). High Be contents, up to 55 mg kg–1, was
reported for soils in the neighborhood of the Be factories in Japan (Asami 1988).

Beryllium occurs most often as divalent cation (Table II-2.1), and its complex ions
also are mainly divalent: (BeO2)2–, (Be2O3)2–, and (Be20)2+. Common anionic complexes
in alkaline environments are Be(OH)CO3

–, and Be(CO3)2
2–. Although Be appears to be

rather immobile in soils, its salts, such as BeCl2 and BeSO4, are easily soluble and avail-
able, and therefore potentially toxic to plants. Its concentration in solutions of various
soils ranges from 0.2 to 1.1 µg l–1, mainly as simple cations, Be2+ and BeOH+, and an-
ions, BeO2

2– and Be(OH)3
– (Kabata-Pendias and Sadurski 2004). As reported by Krám

et al. (1998), Be is especially highly mobile under the condition of acidic (pH 3.4) for-
est soil, which can have serious environmental consequences in temperate climate
regions. Most Be in soil does not dissolve easily in soil solution and remains in bound
forms; its binding increases with increasing pH. Also soil organic compounds (mainly
fulvic acid) reveal a greater sorption capacity for Be with increasing pH. There is
observed a decrease of Be mobility with dissolved Al and dissolved organic carbon
concentration (Veselý et al. 2002).

Some fertilizers, and especially phosphorus fertilizers, containing Be within the range
<0.2–13.5 µg kg–1 might be a source of Be contamination. Also, the application of sew-
age sludge with elevated Be contents can be significant source of this element in soils.

II-2.1.4
Waters

Beryllium concentration in surficial waters ranges broadly from ng l–1 to µg l–1. Its
common contents in rivers are established for the range <0.008–0.6 µg l–1 (Table II-2.2).
World average in dissolved load (<0.2 µm) for Be is calculated by Gaillardet et al. (2003)
for 0.0089 µg l–1, and world riverine flux – for 0.33 kt yr–1. These authors have calcu-
lated that the chemical mobility of Be during erosion and transport is very low. How-
ever, pH of the terrestrial environment is the main factor controlling the Be solubility,
and there is an inverse relationship between the Be concentration in waters and pH.
The highest Be concentration in fresh water is at about pH 4. The median concentra-
tion of Be in water at pH 7 was about 0.03 µg l–1, while at pH 4 was about 1 µg l–1. The
mean Be content of shallow ground water in the Czech Republic was 3.3 µg l–1 at pH 5.2
(Veselý et al. 2002). In polluted rivers of the industrial region of Poland Be ranges from
0.2–1.7 µg l–1 (Lis vide Kabata-Pendias and Pendias 1999).
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The average value of Be in drinking water of the USA is 0.19 µg kg–1 (ATSDR 2002a),
and the EPA US standard for drinking water is 4 µg Be l–1 (Rossman 2004). Vaessen
and Szteke (2000) reviewed Be concentration in tap water and reported range for
the mean values from 0.008 µg kg–1 (Germany) to <0.1 µg kg–1 (The Netherlands).
However, the highest concentration of Be, 1.24 µg kg–1, was found in tap water of
Saudi Arabia. Mean Be concentrations in mineral (bottled) drinking water range from
<0.1 to 0.17 µg kg–1, being the highest for Poland.

Calculated mass balance of Be in watersheds indicates that the output in surface
waters from acidified area, and especially from moorland, is higher than the atmo-
spheric flux (Neal et al. vide Veselý et al. 2002). High concentrations of Be occur in
deep ground water, where F content is high, apparently due to the formation of the
mobile Be-F complex. So, mobility of Be is enhanced by formation of soluble F and
organic complexes, but several other factors, e.g., Al and dissolved organic matter con-
tents, can also influence the Be behavior in waters (Krám et al. 1998). Common species
of this element in soft water are Be-F and Be-OH complexes.

In acidic conditions, Be may be easily mobilized from fly ash and slag, and its in-
creased levels in aquatic environments around coal power plants might be a reason for
real concern. The EPA guidelines established the threshold concentration of Be for the
universal treatment of wastewater as 820 µg l–1 (ATSDR 2002a).

Beryllium in wet deposition (rain) ranges generally from <0.01 to 0.22 µg l–1

(Table II-2.2). Its average concentration of 0.36 µg l–1 was reported for mist in upland
catchments in Wales (Neal et al. vide Veselý et al. 2002). The Be concentration in
throughfall in different forests was investigated in the Bohemia-Lysina, Czech Repub-
lic, and fairly similar concentrations, within the range 0.017–0.032 µg l–1, were reported
for beech and spruce ecosystems. It has been suggested that leaching of Be from foliage
is a possible source of this element in these waters (Veselý et al. 2002). Rain and snow
melt-water from Kola region (Russia) contain Be in the range 0.1–0.3 µg l–1 (Reimann
and Caritat 1998). Rainwater collected in Sweden during 1999 contained Be from 0.33
to 1.2 µg l–1 at an average value of 0.76 µg l–1 (Eriksson 2001a).

In water, Be as bivalent cation (Table II-2.1) is likely to occur in several, mainly
hydroxyl compounds, i.e., in acid solution, Be2OH+, Be3(OH)3

3+, and in basic solution
Be5(OH)7

3+. However, in typical range of pH in water (pH 6–8), slightly soluble Be(OH)2
is the main species that controls the solubility of this element (Cotton and Wilkinson 1989).

Aquatic biota. The toxicity of Be to fresh water organisms decreased with water hard-
ness (content of Ca + Mg), most probably because of the formation of non-toxic com-
plexes between Be and HCO3

– or other ligands, e.g., with SO4 and CO3 (Moore 1991).
Laboratory tests indicate that the direct application of Be on the surface of fish gills is
extremely toxic (Jagoe vide Veselý et al. 2002).

II-2.1.5
Air

Data for Be contents in air are rather scarce, although its concentration in urban air is
relatively broadly studied. Its content in air varies from 0.1 to 100 ng m–3 and is the
highest over Japanese cities (Table II-2.2). Beryllium range for urban regions of the

II-2.1  ·  Beryllium (Be)
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USA is reported for 0.1 to <0.5 ng m–3 (N = 397), but in urban Detroit, Michigan, it
varied between 0.02 to 2.0 ng m–3, in the period 1982–1992 (Del Delumyea et al. 1997).
Average Be concentration in ambient air in the USA is reported to be 0.03 ng m–3, but
the median concentration in cities is 0.2 ng m–3 (ATSDR 2002a). Near the Be processing
industry in Mumbai, India, Be level in air was measured (N = 397) at 0.42–0.48 ng m–3

(Thorat et al. 2001).
Concentration of Be in air is of a great environmental concern because inhaled rich-

Be dust is acutely toxic to humans and animals and induce lung cancer. The concentration
of Be 200 ng m–3 in air in the workplace has been adopted as an action level by the US
Department of Energy (DOE) in 1999 (Rossman 2004). Much smaller concentration,
1.3 ng Be m–3 is given as hazardous ambient air in some states of the USA (ATSDR 2002a).

The highest Be emission is related to coal combustion. Annual emission of Be in
Europe was calculated by Pacyna (1990) for 50 t, while total 450 t of Be bearing com-
pounds (including Be) were released into atmosphere of the USA during the 1990s
(www.epa.gov/triexplorer/chemicla.htm).

II-2.1.6
Plants

Mechanisms of the Be absorption by plants seem to be similar to those involved in the
uptake of major divalent cations, Mg2+ and Ca2+. However, these elements reveal an-
tagonistic interactions, and Be is known to substitute for Mg, especially in some plants.
Plants can easily take up Be when it occurs in mobile forms in soils.

Mean contents of Be in plants vary broadly from <1 to >100 µg kg–1. Some plants of
the Leguminosae and Cruciferae families reveal a great ability to accumulate Be, par-
ticularly in their root tissues. In some plant shoots increased levels of Be have been
observed, e.g., lettuce leaves – 33 µg kg–1, and tomato fruits – 240 µg kg–1 (Krampitz
1980). Vaessen and Szteke (2000) reviewed Be contents in food plants of several coun-
tries and gave range of mean values for Be from 0.07 to <25 µg kg–1 FW, with the lowest
for beans, and the highest for corn (Table II-2.3).

Moss samples from Norway, collected in the period 1990–1995 contained Be within
very broad range, from <0.4 to 370 µg kg–1 (Berg and Steinnes 1997). It has been al-
ready indicated that increased level of Be in plants, over that of baseline concentra-
tions, can be a good indicator of pollution, mainly from industrial sources (Sarosiek
et al. 1998). Beryllium in tissues of trees grown in the polluted region of Bohemia in
the Czech Republic showed the highest concentrations in spruce needles (310 µg kg–1)
and in beech leaves (230 µg kg–1), while its contents in stem wood and bark varied
within the range 3–78 µg kg–1 (Skâivan et al. vide Veselý et al. 2002).

The toxicity of Be to plants has been frequently reported, and was observed at the
concentration range form 10 to 50 mg kg–1. However, according to the results of Hlušek
(2000), above 2 mg Be kg–1 soil affected yield decrease of lettuce, up to 40%. The Be
concentration in nutrient solution ranging from 2 to 16 mg l–1 is highly toxic to plants,
reducing root length of collard and of wheat by 50%; concentrations >8 mg Be l–1 to-
tally inhibited seed germination (Gettier and Adriano 1987). Increased levels of Be in
plants reduce growth, inhibit the uptake of Ca, Mg, and partly of P, and degrade some
proteins and enzymes.
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II-2.1.7
Humans

In mammals soft tissues, Be ranges from 0.9 µg kg–1 in liver to about 40 µg kg–1 in skin
(Jørgensen 2000). Its abundance in a reference man is calculated to be 0.5 µg kg–1 (Li
2000). Concentrations of Be average in human fluids are following (in µg l–1): about 1.0 in
whole blood, 0.15 in serum, and 0.07–1.0 in urine. Data reported by ATSDR (2002a)
gave background average levels of Be humans as follows (in µg kg–1): lung, 20–210; brain,
80; kidneys and spleen, 70; liver and muscle, 40; heart, 30; and bones, 20.

The respiratory tract in humans and animals is the primary target of Be inhalation.
Also skin exposures to Be may result in local immune or inflammation reactions. Oral
ingestion of Be has not been associated with any clinical diseases, possible due to low
rate of absorption estimated at 0.006% of ingested Be (Rossman 2004).

Beryllium is highly toxic to all organisms, especially when inhaled as aerosol dust
of its compounds like BeF2, BeO. Probably Be(OH)+, as well as other Be species, can
stimulate in cells enriched with Be the antigen-specific inflammatory response and
inhibit the function of several enzymes, and particularly alkaline phosphatase. Ca-
metabolism may also be disturbed under the increased Be levels. Although Be com-
pounds are not biotransformed in the body, its soluble species are partly converted to
less soluble forms in the lung.

Symptoms of chronic low concentration of Be toxicity include inflammation of the
respiratory tract (berylliosus), however, Be is also considered as a carcinogenic agent.
The risk of skin and respiratory track exposure to increase Be levels should be espe-

Table II-2.3.
Beryllium in food plants
(µg kg–1 FW) (adapted from
Vaessen and Szteke 2000, un-
less otherwise indicated)
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cially considered in a given environment. Some impaired health effects might be sum-
marized as follows (ATSDR 2002a):

� Cardiovascular – artrial and ventrical hypertrophy
� Carcinogenic/mutagenic – granulomatous lensions, especially in the lung
� Endocrinologic – impact on several glands (i.e. testicular, prostate)
� Hematologic – a few differences in erythrocytes
� Hepatic – possible hepatocellular (carcinoma)
� Lungs – granulomatous inflammation, mainly in experimental animals

Chronic Be disease is observed mainly in workers of Be manufacturing facilities.
The sensitivity to increased levels of Be may highly differ among the population. Human
exposure to Be and its compounds occurs mainly in the workplace. The normal Be
inhalation by adults in the USA is estimated to be <0.6 ng d–1 (at Be < 0.03 ng m–3). It
may highly increase at the work place where 8-hour time weighed average is allowed
to be 2–5 µg m–3 (ATSDR 2002a). The exposure of adults from drinking water is calcu-
lated to be 1 µg d–1, at Be concentration in water 0.5 µg l–1. The daily average intake of
Be via hospital diets in Japan was determined to be 84.4 µg person–1 while other cal-
culations have reported the total daily Be intake to range from 5 to 100 µg d–1 (Vaessen
and Szteke 2000; Muto et al. vide ATSDR 2002a). The EPA guidelines applicable to Be
is 20 µg kg–1 d–1 for food of adults (ATSDR 2002a).

II-2.2
Strontium (Sr)

II-2.2.1
Introduction

Strontium is a relatively common element in the Earth’s crust and its contents range
between 260 and 730 mg kg–1. It is likely to concentrate in mafic igneous rocks and in
carbonate sediments (Table II-2.2). Both geochemical and biochemical characteristics
of Sr are similar to those of Ca. Strontium reveals lithophilic affinity and is associated
with Ca, and in smaller extends with Mg. The Ca/Sr ratio, in particular environments,
may reflect, to a certain extend, the abundance of Sr and its biogeochemical proper-
ties. Strontium occurs mainly as bivalent cation, but its chelated forms play an impor-
tant role in the cycling.

Geological occurrence of Sr is associated mainly with calcareous rocks and sulfur
deposits. The distribution of Sr in minerals is largely controlled by Ca, the ionic radius of
which is fairly similar to that of Sr, thus it is likely to concentrate in calcium-rich minerals
and to be incorporated in calcite and aragonite. Clay minerals have a large capacity to
absorb Sr, and most argillaceous sediments are enriched in this element (Table II-2.2).

Commercially important minerals are strontianite, SrCO3; and celestite, SrSO4. Stron-
tium occurs also in several other minerals, e.g., nordite or belovite, which are in asso-
ciation with Na and lanthanides. During weathering and transportation, Sr is incorpo-
rated in clay minerals and strongly fixed by organic matter. However, most Sr is likely
to precipitate as biogenic carbonates, largely in the form of invertebrate shell material.
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II-2.2.2
Production and Use

Strontium world mine production in 2000 was 320 kt (USGS 2004).
Strontium does not have direct applications as a pure metal. However, its various

compounds are broadly used (e.g., above 80% of all Sr consumed in the USA) in the
manufacturing of ceramics and glass, i.e., television tubes, pyrotechnic materials. All
color televisions in the USA are required by law to contain Sr in the faceplate glass of
the picture tube to block X-ray emissions (ATSDR 2002a). Other uses of Sr compounds
are in various technologies of metallurgy, luminescent paint pigments, and some
medicines.

II-2.2.3
Soils

Strontium content of soils is highly controlled by parent rocks and climate. Its mean amount
in surface soils is approximately 250 mg kg–1, but the content of 1 000 mg Sr kg–1 is
often reported for various soils (Table II-2.2). Geometric means (for over 4 000 samples)
of Sr contents in soils of Poland show a relation with textural soil groups, as follows
(in mg kg–1): sandy soils, 40; and loamy soils, 80 (Kabata-Pendias and Pendias 1999).
However, in some calcareous soils and soils from industrial regions, Sr contents above
1 000 mg kg–1 have been reported (Lis and Pasieczna 1995). Soils from the San Joaquin
Valley of the central California contain Sr, at mean levels from 236 to 246 mg kg–1

(Wilson et al. 1994). Median Sr concentrations in Japanese agricultural soils range from
32 to 130 mg kg–1, in Acrisols and Gleysols, respectively (Takeda et al. 2004). Swedish
arable soils contain Sr in the range from 112 to 258 mg kg–1, at an average value of
163 mg kg–1 (Eriksson 2001a).

Strontium is moderately mobile in soils, and the predominate cation, Sr2+, is likely
to be sorbed in hydrated form by clay minerals and Fe oxides and hydroxides. In cal-
careous soils, Sr may precipitate as strontianite (SrCO3) and became less mobile. Its
distribution in soil profiles follows the general trends of soil solution circulation; thus,
in acid soils is likely to be leached down the profile, while in calcareous soils and in
SOM rich soil-layers, Sr can be concentrated in upper horizons.

Main source of Sr pollution are associated with coal combustions and sulfur min-
ing. Strontium in phosphorites may be concentrated up to 2 000 mg kg–1 and thus it
can be also a local source of soil contamination due to phosphate fertilizers. Some soil-
amendment materials containing elevated amounts of Sr might be a source of pollu-
tion. Average contents of Sr in these materials are (in mg kg–1): P-fertilizers, 610; lime-
stone, 610; manure, 80; communal sludges, 75; and industrial sludges, 270.

II-2.2.4
Waters

Data on the Sr occurrence in waters are relatively scanty. Common Sr compounds
(carbonates and sulfates) are slightly soluble. However, depending on local conditions,
its concentration can highly differ. Gaillardet et al. (2003) gave a very broad range for

II-2.2  ·  Strontium (Sr)
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Sr in river waters, from 3 to 238 µg l–1, the world average at a value of 60 µg l–1, and
world riverine flux at 2 240 kt yr–1. In industrial regions and some areas with calcare-
ous bedrocks, Sr concentration in waters can be highly increased. Some river waters of
industrial region of Poland contain above 300 µg Sr l–1, whereas in uncontaminated
rivers Sr ranges from 10 to 35 µg l–1 (Szefer 2002a).

The median Sr concentration in seawater is approximately 8 mg l–1 (Reimann and
Caritat 1998). Nozaki (2005) reported average Sr concentration as 7.8 mg kg–1 in the
North Pacific. However, a much lower Sr concentration, such as <0.5 mg l–1, in the Pacific
northwest of the USA, is also reported (ATSDR 2002a).

Rainwater collected in Sweden during 1999 contained Sr from 0.52 to 3.3 µg l–1 at an
average value of 1.2 µg l–1 (Eriksson 2001a).

Aquatic biota. Most of aquatic organisms can accumulate large amounts of Sr and this
process shows an inverse correlation to levels of Ca in water. Mussels from the Baltic
Sea are likely to accumulate Sr up to 100 mg kg–1 (Szefer 2002a).

II-2.2.5
Air

Distribution of stable Sr in air has not been investigated much. Its common range is
given as 20–50 ng m–3. In some industrial areas, especially close to coal power stations,
Sr in air can be significantly enriched. Median Sr contents in air is reported for world-
remote regions to be 0.81 ng m–3, while in polluted areas it can reach up to 50 ng m–3

(Reimann and Caritat 1998).
Strontium is emitted during thermal processes as oxide, SrO, which in contact with

water can be transferred to ionic form Sr2+ that can be easily trapped by both biotic
and abiotic environmental components.

II-2.2.6
Plants

The content of Sr in plants is highly variable (Table II-2.4) and seems to be the lowest in
grains (means 1.5–2.5 mg kg–1) and the highest in vegetable leaves (means 45–74 mg kg–1)
and in tops of legume feed plants (means 219–662 mg kg–1). Strontium in mosses sampled
in Norway in the period 1990–1995 ranges from 2.8 to 51 mg kg–1 and averages
15 mg kg–1 and was somewhat lower than data reported earlier (Berg and Steinnes 1997).
In the European forest ecosystem, Sr in blueberries (Vaccinium sp.) is reported to range
4.5–5.5 and 2.9–3.9 mg kg–1, in Russia and Germany, respectively (Markert and Vtorova
1995). Although Sr seems to be not very readily transported from roots to shoots, most
often its contents in plant tops are relatively high, which may be an effect of aerial
deposition. In most cases, however, Sr is likely to be accumulated in roots (Fig. II-2.1).

Although Sr is apparently not a plant micronutrient, it is absorbed following the
plant’s metabolic requirements for Ca. Interactions between Sr and Ca are complex,
and although they can compete with each other, Sr cannot replace Ca in biochemical
functions. Increased level of Ca in growth media may both inhibit and stimulate Sr
uptake by plants, depending of several soil and plant factors. Most often, however,
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addition of Ca to soil increases its concentration in the soil solution and decreases Sr
phytoavailability (Fig. II-2.1). Takeda et al. (2005) concluded that the exchangeable
Sr/Ca ratio in the soil could be a good predictor of the Sr concentration in komatsuna
(Brassica rapa). The highest uptake of Sr is from acid light sandy soils.

Table II-2.4.
Strontium in food and forage
plants (mg kg–1) (data com-
piled by Kabata-Pendias and
Pendias 1999, 2001)

Fig. II-2.1.
Effects of Ca on Sr distribution
in bush beans exposed 48 hr to
10–3 N Sr in solution culture.
*Ca normality is given in pow-
ers of ten. These correspond to
the Ca concentration (in g l–1):
0.02, 0.2, and 2, respectively
(adopted from Wallace and
Romney 1971)

II-2.2  ·  Strontium (Sr)
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Both Sr deposited on the plant surface and taken up by roots can be easily absorbed
and translocated to other parts of the plant. Soil-to-plant transfer ratios are relatively
high and calculated to range 0.017–1.0 (ATSDR 2002a).

II-2.2.7
Humans

Strontium occurs in all mammalian tissues in the range from 0.09 to 0.24 mg kg–1. Its
highest concentration is in kidneys and lowest in brain (Jørgensen 2000). According to
data presented by Li (2000), Sr contents range from 0.08 mg kg–1 in brain to 0.3 mg kg–1

in lymph. It is accumulated mainly in bones (138 mg kg–1) and other hard tissues (e.g.,
hair 4.2 mg kg–1). In human fluids, Sr concentrations vary as follows (in µg l–1): se-
rum, 40; blood, 27; saliva, 11; and milk, 20 (ATSDR 2002a).

Biochemical functions of Sr are not well known, but as reported D’Haese et al. (2002),
its small quantities are needed for proper processes of the calcification of bones and
teeth.

Daily intake of Sr by humans varies greatly, depending mainly on the locality.
Its intake by adults (70 kg body weight) from food was calculated by Hamilton
(1987) for 1.9 mg at the world scale and only for 0.9 mg for inhabitants of the Great
Britain. Recent compilation by Seifert et al. (2002) has indicated that daily Sr intake
by adults from different countries varies between 1.0 and 2.3 mg, and its avail-
ability from the nutrition is estimated to be about 20%. Fairly similar values have
been given by Anke (2004a), being lower for women (1.8 mg d–1) and higher for man
(2.2 mg d–1). The total exposure of adults to Sr in the USA is approximately estimated
per adults as follows (in mg d–1): from inhalation, 3.3; from drinking water, 2; and
from the diet, 1.3. In the UK, combining air, water and diet exposure is estimated as
3.3 mg d–1 (ATSDR 2002a).

There is not much evidence of Sr toxicity to man, other than in the biogeochemical
provinces where increased level of Sr in the food chain, and especially in water is af-
fected by bedrocks of increased Sr levels (Kovalskiy 1974). Seifert (2004) has stated
that Sr seems to be relatively low toxic to humans and animals. It has been even used
medicinally against various diseases, and its effect on bone formation/mineralization
in the treatment of osteoporosis and osteoarthritis has been discussed (D’Haese et al.
2002). However, these authors have described that effects of stable Sr on bone are dose-
dependent, and while low doses may stimulate bone formation, high doses of the ele-
ment may induce a mineralization defect. Young organisms are more sensitive to Sr
excess than older organisms. Inadequate levels of Ca and vitamin D in the diet in-
creases the severity of skeletal effects, such as a reduction in bone mineralization, and
alteration in the chemical composition of organic bone matrix.

The excess of Sr in food and water inhibits the metabolic processes of Ca, P, and
also Cu and Co. At the improper Ca/Sr ratio (e.g., below 8), deformation of bones and
other symptoms of disordered metabolisms are likely to occur (Rikhanov 1997).
However, there is no evidence that the stable Sr at levels present in the pristine envi-
ronment has any deleterious effects on humans and animals. It has been suggested
that an alimentary Sr intake by adults of 1 to 4 mg d–1 is normal and without any risk
(Seifert et al. 2002).
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II-2.2.8
Strotium-90

Strontium exists in the geological formations in several isotopic species, with atomic
mass number from 79 to 102, of which 88Sr is the most abundant stable isotope. The
87Sr: 86Sr ratio is used in age determinations, since 87Rb decays to 86Sr. Products of
several nuclear processes are 89Sr and 90Sr, however the last radionuclide (90Sr) is con-
sidered to be one of the most biologically hazardous for humans. The basis of the
adverse effects of 90Sr is related to ionizing radiation that is in the interaction of free
radicals with cellular macromolecules, including DNA. Isotope 89Sr is used as a cancer
therapeutic to alleviate bone pain, while isotope 85Sr has been used in various radio-
logic instruments (ATSDR 2002a).

Sources of 90Sr are associated with nuclear reactions, and have been tracked since nuclear
energy became used on the global and regional scales. During the period 1945–1980,
radioactive Sr was released into the atmosphere mainly from aboveground detona-
tions of nuclear weapons. Its continuous sources increased greatly after the Chernobyl
accident in 1986, and its relatively long live (t1/2: 29 years) may lead to steadily increas-
ing concentrations in various environmental compartments.

Soils. Radionuclide 90Sr is of special environmental concern. Its geochemical behavior
is similar to stable Sr, and thus is highly mobile in acidic conditions. The distribution
of this radionuclide has been recently monitored, particularly in the regions affected
by the deposition of Chernobyl emissions.

About a decade after that accident (1986–1995), mineral soils of Belarus, in the most
affected area, contained 90Sr at the range from 1.64 to 109 kBq m–2. Alluvial and or-
ganic-rich soils accumulated higher amounts of 90Sr, up to 340 Bq kg–1, than light min-
eral soils. This radionuclide is likely to occur in easily exchangeable forms and thus is
characterized by relatively high migration ability (Kagan and Kadatsky 1996; Kuzniecow
and Generalova 1996). Soils of Tomsk (industrial region of Russia) contained this ra-
dionuclide, in the period of the 1990s, in the range of 111–121 Bq kg–1 (Rikhanov 1997).
Soils of Kazakhstan sampled in 1992 contained 90Sr in the range of average values from
48 to 70 mCi m–2 (Panin 2004).

The speciation of this radionuclide in various soils of semi-natural landscapes in-
dicates that easily soluble fractions make up to 90% the total content, and are likely to
occur as organic fractions in the soil solution (Agapkina et al. 1995; Korobova et al.
1998). The migration of this radionuclide in soil profiles is relatively extensive, but
depends largely upon soil properties, and particularly on both kind and content of
SOM. The migration velocity for 90Sr has been calculated as 0.7–1.5 cm yr–1, but a great
part of the residual 90Sr still is located in the upper 10 cm soil layer (Arapis et al. 1997;
Shagalova et al. 2000).

Waters. Sources of 90Sr in waters are from both aerial deposition and industrial slud-
ges. This radionuclide in aerial dusts is relatively easily soluble in water, and thus easily
deposited on all terrestrial compartments.

Concentration of 90Sr in surface of the Pacific Ocean has decreased steadily since
the early 1960s to present days, approximately from 23 to 8.1 pCi m–3 in seawater (ATSDR

II-2.2  ·  Strontium (Sr)
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2002a). In 1969, water of the Northern Sea was assayed to contain 90Sr at the level
30 mBq l–1, and by the 1980s the level of this radionuclide increased up to 40 mBq l–1.
At that period, drinking water in Berlin had 90Sr activity within 3.7–14.0 mBq l–1

(Becker-Heidemann and Scharpensel 1990). The median 90Sr in drinking water of the
USA in 1995, was 0.1 pCi l–1 (4 mBq l–1) and ranged up to 0.5 pCi l–1. Ground water
sampled at that time had median and average concentrations of this nuclide at 1.9
and 1.4 nCi l–1, respectively (ATSDR 2002a).

Air. A contribution of 90Sr to global Sr concentration is estimated for about 2.4%. Some
times its elevated presence in air can be of great risk to health. The concentration of
90Sr in air of Silesia, the industrial region of Poland, was at levels 3–6.5 µBq m–3, whereas
after the Chernobyl accident its concentration in air of the central lowland of Poland
was 47 mBq m–3, but decreased, within period of two weeks, to 15 µBq m–3 (Grabowski
et al.  1990).

Fall out of the 90Sr with aerosols in the vicinity of Tomsk, Russia, was in the 1990s
within the range 21–166 Bq m–2 (Rikhanov 1997). The average total annual wet depo-
sition of 90Sr in the USA during similar period was 5 pCi m–2 (0.2 Bq m–2) (ATSDR
2002a).

Plants. Plants, easily absorb 90Sr, similarly to stable Sr. Thus, some plants are
proposed for use in phytoremediation; for example, alamo switchgrass (Pani-
cum virginatum L.), can accumulate up to 44% of the total amount of this radio-
nuclide from soils (Entry and Watrud 1998). Also Amaranthus species are reported
to be effective in the phytoextraction of the radionuclide from soils, as has been
investigated in the Chernobyl exclusion zone (Dushenkov and Sorochinsky 1999).
The transfer factor (TF) for 90Sr, expressed as its ratio in fresh weight plants to
concentration in soils varies highly, and has been calculated as follows, 0.4 for
potato tubers, 0.8 for vegetable leaves, and for 20 vegetable roots (Kabata-Pendias
and Pendias 1999).

The uptake of 90Sr by plants depends upon the content of its easily mobile fractions
in soils and on the plants capability for uptake. Korobova et al. (1998) reported the
following order of the radionuclide uptake by plants: legumes > herbs > grasses. Soils
amendment with Ca, Mg, and K fertilizers inhibit its availability to plants.

Humans and Animals. The accumulation of 90Sr in food and feedstuffs has been of a
great concern. Milk and milk products can be one of the most serious sources of 90Sr
to humans in regions contaminated by this isotope.

The process of the discrimination of this radionuclide occurs during its transfer in
the food chain, and the ratio of its concentrations in bones and soils is estimated to be
relatively low, at value of 0.05. However, humans and animals are subjected to its ad-
ditional sources from air dust and water. Bones of children are more susceptible to
concentrate 90Sr than skeletons of adults (Rikhanov 1997). Radioactive Sr is mainly
taken up into bone and retains there for a long time. At very high exposure to 90Sr in
bone, bone marrow is damaged (at critical average level 8 pCi l–1). The health of organ-
isms exposure to higher doses of 90Sr is harmfully affected. Toxic effects of the 90Sr are
following:
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� Development of various tumors, especially in bones
� Impaired bone mineralization
� Blood cells (red and white) reduction
� Leukemia
� Loss of platelets resulting in abnormal bleeding
� General fatigue and susceptibility to infection disease

The impact of radioactive Sr on human reproduction has not been observed yet.
However, these effects are known to have occurred in animals.

Similarly, as stable Sr, the radionuclide is relatively easily extracted from the organ-
isms, especially by young, while in elders it is likely to be accumulated, especially in
bones where Sr becomes relatively immobile.

II-2.3
Barium (Ba)

II-2.3.1
Introduction

Barium is common and quite ubiquitous element; its mean content in the Earth’s crust
amounts to 425 mg kg–1, and ranges from 550 to 668 mg kg–1 in the upper continental
crust. Barium has a lithophilic affinity and is likely to concentrate in acid igneous rocks
and argillaceous sediments, ranging widely in various rocks from 250 to 1 200 mg kg–1

(Table II-2.2). Its ionic radius is fairly similar to the ionic radius of K, and thus usually
follows the K fate in geochemical processes.

During weathering, Ba is not very mobile because is easily precipitated as sulfates
and carbonates, and also strongly adsorbed by clays. Its great affinity for the concen-
tration in Mn soil nodules (up to 0.2%) and Mn soil minerals (up to over 5%) is an
effect of easy displacement of other sorbed alkaline earth metals. Those metals, on the
other hand, can also readily substitute for Ba in aluminosilicates.

Contents of Ba in coals range from 75 to 330 mg kg–1, but in some lignite coal it can
be concentrated up to 1 420 mg kg–1 (Churey et al. 1979). Average Ba in coals of the USA
is estimated as 170 mg kg–1, but may reach the concentration up to 22 000 mg kg–1

(Finkelman 1999). In crude oil, Ba ranges from 0.3 to 5 mg kg–1.
The most common naturally occurring minerals are barite, BaSO4; and hollandite,

Ba2Mn8O16. The carbonate-Ba compound – whiterite, BaCO3, occurs relatively often.
Also, Ba occurs in some silicate minerals as impurities.

II-2.3.2
Production and Use

World mining of Ba, mainly from intrusions in granites and shale, was estimated as
2.9 Mt in 1995 (Reimann and Caritat 1998).

Industrial uses of Ba are wide and variable. It is widely used in the production of
brick, tile, glass, and ceramics. It is applied in the synthetic rubber industry. The use
of Ba is broad in the chemical industry, especially for the paint production.

II-2.3  ·  Barium (Ba)
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The barite mineral (BaSO4), due to its relatively heavy weight, is used extensively (as
a drilling mud) in oil- and gas-drilling fluids. Also, different Ba compounds have sev-
eral important medical uses. Because, some Ba compounds are normally not absorbed
after oral intake, they are used for the X-ray examination. However, some uses of Ba
have been abandoned due to their toxicity.

II-2.3.3
Soils

Barium contents in surface soils are fairly similar to its distribution in parent rocks
(Table II-2.2). The reported Ba average range for soils on the world scale is from 84 to
960 mg kg–1, being the lowest in organic soils and the highest in loamy and clay soils.
Govindaraju (1994) reported the Ba content in reference soils from China to range
within 18–1 210 mg kg–1, and in soils of the USA, from 290 to 240 mg kg–1. The high Ba
content in Chinese soils is related to the Au ore field (Peters 2002). Monitoring on 218
surface-soil samples from throughout Poland gave the Ba range of 20–130 mg kg–1 and
did not show any changes within the period 1995–2000 (Terelak et al. 2002). Swedish
arable soils contain Ba in the range from 383 to 778 mg kg–1, at an average value of
608 mg kg–1 (Eriksson 2001a). An interim soil quality criterion of 750 mg Ba kg–1 for
agricultural soils has been established in Canada (Jaritz 2004).

Although Ba is easily adsorbed, especially by oxides and hydroxides, it is relatively
mobile in most soils. Its concentration in soil solution shows considerable variation,
from 43 µg l–1 in loamy soil to 307 µg l–1 in sandy soil (Turski et al. 1989). Easily soluble
mineral, hollandite, is often responsible for upwards migration of Ba in aridic soils,
where it is known to concentrate at surface varnish layer. However, in soils of temper-
ate humid climate zones, Ba can be fixed by Fe and Mn hydrous oxides and become
immobile.

Barium from aerial sources and from P-fertilizers can influence a steady increase of
this metal in rural soils of some regions. Also, soils in surroundings of phosphate fer-
tilizer plants have increased Ba levels in the surface layer.

II-2.3.4
Waters

Barium is a common component of all surface waters, but occurs at relatively low
levels, unless waters are polluted. World river waters contain Ba within the range from
4 to 73 µg l–1, and average 23 µg l–1 (Gaillardet et al. 2003). Background reported ranges
for river and stream unfiltered waters are between 32 and 56 µg l–1 (Table II-2.2).

In surface fresh waters, Ba is reported to range between 7 and 15 000 µg l–1 (Jaritz
2004); in polluted rivers of Poland it has reached up to 136 µg l–1 (Lis vide Kabata-
Pendias and Pendias 1999). In streams of Karpaty Piedmont, Ba concentrations range
25–47 µg l–1 (Strªczyk and Somerlik 2003). In both, natural and treated waters, there
are sufficient concentrations of sulfate anions to bond the Ba cation, so that its levels
do not exceed usually the range of 1–1.5 mg l–1.

Barium released from industries and mining is deposited mainly in waters and
bottom sediments. Pollution sources are often from coal and oil combustion. Waters
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of some coal mines (i.e., in Upper Silesia, Poland) are enriched in Ba and affect its
increased concentration in waters of rivers surrounding the settling mine ponds water.
Its accumulation up to >1%, in river bottom sediments was observed (Pluta 2001).
Coal-mine waters and stream waters of polymetallic ore deposits can contain high
amounts of Ba, up to 2.5 g l–1. However, when those waters are flowing through old
coal mines, its concentration can be significantly reduced due to the precipitation of
BaSO4 (Pluta 2001).

Rainwater collected in Sweden during 1999 contained Ba from 0.33 to 1.2 µg l–1, at
an average value of 0.76 µg l–1 (Eriksson 2001a).

Aquatic bryophyte (Scapania undulata), used for the bioassay, can accumulated up
to 5 500 mg Ba kg–1 (Samecka-Cymerman 1988).

II-2.3.5
Air

Range for the Ba concentrations in air of remote and polluted regions of the world
are reported as 0.02–0.73 and 0.2–90 ng m–3, respectively (Reimann and Caritat 1998).
In urban air of the USA, the concentration of Ba is reported to be between 0.2 and
28 ng m–3. The Ba distribution in air was observed in city vicinities at concentrations
of up to 100 ng m–3 (ATSDR 2002a). Its source is mainly from oil and coal combustion.

The occupational limit for Ba is estimated as 500 µg m–3 (ATSRD 2002a).

II-2.3.6
Plants

Although Ba is reported to be commonly present in plants, it is apparently not an es-
sential component of plant tissue. Barium mean contents in most plants range from
2 to 13 mg kg–1, with an exception of blueberries in which highly elevated Ba levels are
reported (Table II-2.5). Much higher concentrations of Ba are also found in different
trees and shrubs grown in area of arid climate (Schaklette vide Kabata-Pendias and
Pendias 1999). The highest contents of Ba are reported for Brazil nuts, depending on
the location of growth, from up to 3 000 to 4 000 mg kg–1 (Shacklette et al. vide Kabata-
Pendias and Pendias 2001, www.orau.org/ptp/collection).

Plants can take up Ba quite easily from acid soils, however there are only a few re-
ports on toxic Ba concentrations in plants, i.e., the growth of barley and beans was
inhibited in soil containing 2 000 mg Ba kg–1 (Chaudry et al. 1977). Possible toxicity of
this element to plants may be reduced by the addition of Ca, Mg, and S salts to the
growth media, as effects of antagonistic interactions between these elements, but most
probably due to the formation of slightly soluble BaCO3 ad BaSO4.

II-2.3.7
Humans

Contents of Ba in mammalian tissues vary largely from <0.007 to 0.15 mg kg–1, being
the lowest in liver and the highest in skin (Jørgensen 2000). According to data
presented by Li (2000), Ba in soft tissues of humans varies from 0.006 mg kg–1 in
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brain to 0.8 mg kg–1 in lymph. Its contents in all tissues of humans decrease with
age and the highest is in babies below 1-year age (Anke et al. 2002). As Jaritz (2004)
described, liver of adults contain 4–20 mg Ba kg–1, whereas Ba amounts up to
144 mg kg–1 are reported for liver of children. The biomarkers used for Ba are: bone,
blood, urine, and feces.

Barium is not metabolized in the body, but it may be metabolically transported
or incorporated into complexes of tissues. Excessive Ba decreases K concentration at
the cellular levels, apparently due to the similarity in their ion radii. Toxic effects
are related to the disorder of digestion and respiratory trucks and also to the in-
hibition of the mineralization of bones. There is some evidence that the cardio-
vascular system may be one of primary targets of Ba toxicity (hypertension, ab-
normality in heart rhythm). Also carcinogenic effects of Ba compounds have been
observed.

In most food products (e.g., farinaceous, cocoa, sugar, cheese, fish) Ba is detected
at average values of 1–6 mg kg–1. Also some plants can be a significant source of this
element (Table II-2.5). However, the largest Ba concentrations are in black tea leaves,
at an average value of 10.5 mg kg–1 (Anke et al. 2002), and in Brazil nuts. here are

Table II-2.5.
Barium in food and forage
plants (in mg kg–1) (data com-
piled by Kabata-Pendias and
Pendias 2001, unless otherwise
indicated)
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indications that Ba in Brazil nuts is present in a very easily assimilatable form, how-
ever, due a relatively low consumption of nuts, it does not appear to be hazardous to
humans (Lisk et al. 1988; Stoewsand et al. 1988).

It has been calculated that above 50% of the total Ba intake by people comes from
vegetables, while animal foods contribute about 30%, and beverages about 10%. As Anke
et al. (2002) reported, the Ba intake by adults, with mixed diets, varies largely, depend-
ing on the location and gender, the lowest is for women in Ronneburg (0.37 mg d–1) and
the highest for men in Jena (2.27 mg d–1). Average daily intake of Ba is estimated for
around 0.5 mg, and the intake of 70 µg Ba kg–1 BW is considered harmless (Jaritz 2004).
Average-sized adults exposed to 1.5 mg Ba every day for 70 years would not experience
adverse health effects (www.hepn.com/tri/barium.htm).

Information on the absorption of Ba from gastrointestinal track is confusing, be-
cause its insoluble compounds can also be a significant source of this element. It seems
to be rapidly transported in blood plasma. However, 20% of an ingested dose is ex-
creted in the feces within 24 hours. The toxicity of Ba salts depends highly on their
solubility in water. Compounds such as: BaCl2, Ba(NO3)2, and BaCO3 are very toxic and
may affect hypertension and abnormality in heart rhythm.

The dietary intake of Ba by humans from drinking water may be a significant source.
Acceptable Ba concentration in drinking water does not exceed 1 mg l–1 in most coun-
tries; the WHO (2004) regulation established the maximum Ba as 1.1 mg l–1, and in
Russia this limit is given as 4 mg l–1 (Kabata-Pendias and Pendias 1999).

II-2.4
Radium (Ra)

II-2.4.1
Introduction

Radium is a naturally occurring metal and is ubiquitous in all environmental com-
partments at very low concentrations. It exists mainly as divalent radioactive cation
composed of several isotopes and has chemical properties that are similar to Ba, Sr,
and Ca (Table II-2.1). It is a lithophilic element and occurs as impurities in several
minerals of zeolite group, its typical mineral is radiobarite, (Ba,Ra)SO4.

The most common and, so-called, stable isotopes are 226Ra and its daughter 222Ra.
Most data on the environmental distribution are for the 226Ra, and its half-live time is
estimated at 1 599 or 1 622 years. All Ra radionuclides are products of the U and Th
decay chain. Thus, the chemistry of U and Th controls in what minerals Ra is likely to
occur.

The radionuclide 226Ra is a natural component of the environment, and is also of the
anthropogenic origin, mainly from phosphate and potassium fertilizer, coal combus-
tion and cement factories. The mean concentration of 226Ra in coal is on the order of
1 pCi g–1 (ATSDR 2002a).

Radium has been used as a radiation source for radiotherapy, for several nuclear
facilities and in radiometric dating methods. Until the 1960s, Ra was a component of the
luminous paints used for various instruments, and watch and clock dials (ATSDR 2002a).

II-2.4  ·  Radium (Ra)
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II-2.4.2
Soils

Radium content in the continental crust is estimated as 0.9 ng kg–1, its range in various
rocks is between 0.1 and 1.1 ng kg–1, and range in soils – between 0.03 and 1.6 ng kg–1. In
some soils, e.g., near coal-fired power plants, Ra level in surface soils was elevated up
to 8 pCi g–1 (Jaworowski and Grzybowska vide ATSDR 2002a).

The cycling and behavior of 226Ra has been recently a subject of various studies,
often together with other radionuclides. It is accumulated in soil organic matter and
is sparingly mobile in soil (exchangeable fraction amounts 0.5–10% of the total).

II-2.4.3
Waters

There is scarcity of information regarding the occurrence of Ra in waters, although the
most interesting phase of Ra geochemistry is associated with the ocean. The radioac-
tive equilibrium between 230Th and 228Ra is used to study large-scale-time oceanic
mixing processes (Moore 1972).

Gaillardet et al. (2003) gave few data on the Ra abundance in river waters within the
range between 0.002 and 0.09 pg l–1, with the highest values for Asian rivers and the world
average at 0.024 pg l–1. Its occurrence in seawaters is calculated for around 1 pg l–1.

The typical concentrations of 226Ra in drinking water of the USA range from 0.9 to
10 pCi l–1, and of 228Ra, from 1.4 to 6.4 pCi l–1 (ATSDR 2002a). The MAC value for Ra in
drinking water in Russia has been established for 0.1 pg l–1 (Reimann and Caritat 1998).

Aquatic biota. Aquatic organisms accumulate easily Ra from water. Bioconcentration
factors for fish from lakes polluted with U-processing waste range from 1 to 60 for flesh
portions, and from 40 to 1 800 for bone. The transfer chain for Ra are apparently bot-
tom-feeding organisms consumed by predatory fish (ATSDR 2002a).

The most significant source of Ra is from leaching of U-mine tailings and from the
release of ore processing effluents. It has been reported in ATSDR (2002a) that the
untreated U-milling effluent contains 226Ra up to 2.2 µCi l–1 (81 kBq l–1). Concentra-
tions of 226Ra and 228Ra found in surface and ground waters are generally low. However,
there are specific geographic regions where elevated concentrations of Ra may occur.

Waters discharged from some coal mines are reported to be enriched in 232Ra. After
the reaction of polluted waters with sulfates during the flow through old coal mines, the
concentration of this radionuclide can be reduced from 23.3 Bq l–1 to 0.3 Bq l–1 (Pluta 2001).

II-2.4.4
Air

The combustion of coal is the most common and important source of Ra in the atmo-
sphere. After combustion, volatilized Ra condenses onto fly ash, where may be concen-
trated within the range of 1–3 pCi g–1. Thus, Ra transport in the atmosphere is mainly
by the movement of particulate matter.
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Dust samples collected from the air of New York City contained 226Ra at 8 × 10–5 pCi m–3

and 228Ra at 1.5 × 10–4 pCi m–3 (ATSDR 2002a).

II-2.4.5
Plants

The content of Ra in plants is roughly estimated as 0.03–1.6 ng kg–1. Plants grown on
soil with total Ra at 8.48 Bq kg–1, and exchangeable Ra at 0.62 Bq kg–1, contained this
isotope in the range from about 30 to above 1 000 mBq kg–1 (Kabata-Pendias and
Pendias 1999).

Radium is relatively easily taken up by plants, mainly through the root system, but
its phytoavailability varies depending on the specific plant species and soil conditions.
Soil-plant transfer factor may range from 0.001 to 6.5, being lower for fruits than for
grains (Rayno vide ATSDR 2002a). The order of the transfer factor from soil to plants
was, as follows: leaf-vegetables > root-vegetables > grasses > corn stems > grains (Rosiak
and Pietrzak-Flis 1998). The concentration of 226Ra in vegetables collected in Poland during
the period 1995–1996 varied from 8.66 (cucumber) to 59.4 (carrot) mBq kg–1.

II-2.4.6
Humans

Jørgensen (2000) reported Ra contents in liver and kidneys of mammals, at values of
1–8 ng kg–1. Radium enters the body by digestion and breathing. There is not evidence
that it may be taken in through the skin.

Pietrzak-Flis et al. (2001) presented the average intake of 226Ra by adults in different
countries as follows (in mBq d–1): Japan, 23; Poland, 42; Italy, 52; and USA, New York, 52.
Its intake in 1995 by adults in Poland was calculated as 15.4 Bq yr–1. Estimated intake
of 226Ra intake by American adults (in mBq d–1 kg–1 BW) is around 2 × 10–4 from water,
0.11 × 10–4 from food, and 1.9 × 10–4 from air (ATSDR 2002a).

Medium content of 226Ra in food of the USA is estimated as 0.6 pCi kg–1. The great-
est sources of the radionuclide are cereals, potatoes and milk, including milk products
(Pietrzak-Flis et al. 2001).

A potential Ra exposure for humans is related to the consumption of meet and milk
from cattle that graze on forage grown in soils contaminated with Ra. Although the
values of its transfer factors of forage to milk and of forage to flesh are very low, from
3.8 to 6.8 × 1013, respectively, cattle food products are considered to be the most signifi-
cant source of Ra radionuclides.

There is no evidence that the log-term exposure of humans to Ra at normal envi-
ronmental contents may be of a risk health. However, exposure to higher levels over a
long period may result in harmful effects, mainly such as: anemia, cataracts, and tu-
mors, especially bone cancer. It also may be easily deposited in eyes. Increased oral
exposure to Ra of humans and animals affects several processes in immunology, neu-
rology, hematology and reproductivity.

II-2.4  ·  Radium (Ra)
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Chapter II-3

Geochemical and biochemical properties of the elements of Group 3, as well as their
abundance in the biosphere are highly divergent. Two elements, scandium (Sc) and
yttrium (Y) are rather rare in the environment, and usually exhibit an affinity for oxy-
gen and their oxidation state is mainly +3 (Table II-3.1). Together with two other ele-
ments of this group, lanthanum (La) and actinum (Ac), two subgroups of elements are
distinguished as: lanthanides and actinides, of which many elements are either natural
or artificial radionuclides.

II-3.1
Scandium (Sc)

II-3.1.1
Introduction

Scandium is likely to occur in higher amounts in mafic igneous rocks and in
argillaceous sediments. In natural environments Sc3+ occurs mainly which can
substitute for Al3+, Fe3+, and also Ti3+, and it is mainly associated with ferromag-
nesian minerals and biotite; it is also reported to be enriched, up to 36 mg kg–1,
in some phosphorites. Its mineral, rarely occurring thorveitite, Sc2(Si2O7), is the pri-
mary source of Sc.

Some organic raw materials such as peats, coal, and crude oil can accumulate in-
creased levels of Sc, and thus their combustion can be a source of environmental en-
richment of this metal. Its mean concentration in US coal is 4.2 mg kg–1, but may reach
up to 100 mg kg–1 (Finkelman 1999).

II-3.1.2
Production and Use

Scandium is obtained as byproduct at uranium processing and its global annual pro-
duction has been estimated at 537 kt (Reimann and Caritat 1998). It is used mainly
for cathode-ray tubes, lasers, and lightening and fluorescent materials (e.g., high in-
tensity lights, color television).

Trace Elements of Group 3
(Previously Group IIIb)

Sc
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II-3.1.3
Soils

Average contents of Sc in worldwide soils range between 1.5 and 16.6 mg kg–1, being
the lowest in sandy and the highest in loamy soils (Table II-3.2). Govindaraju (1994)
reported Sc to range from 5 to 28 mg kg–1 in the reference soils of China, and from 5
to 18 mg kg–1 in soils of the USA. Soils of San Joaquin Valley of central California
contain Sc within the range of 9.2–12 mg kg–1 and its distribution did not show any
relation to contamination of soils (Wilson et al. 1994). In Japanese agricultural soils,
its median concentrations vary from 13 to 28 mg kg–1 in Acrisols and Andosols, re-
spectively (Takeda et al. 2004). Swedish arable soils contain Sc in the range from 3.5
to 16 mg kg–1, at an average value of 10 mg kg–1 (Eriksson 2001a). Average contents of
Sc in soils of Poland range from 1.11 to 4.38 mg kg–1 and do not reveal any increase
in soils of the industrial region (Buhl and Poledniok 2000). Sandy soils of Poland
contain Sc in the range from <2 to 5 mg kg–1 (mean 2) and loamy soils from 3 to
10 mg kg–1, at the mean value of 5.6 mg kg–1 (Dudka 1992). Vaganov and Nizharadze
(1981) reported a higher level of Sc in silty deposits (mean 5 mg kg–1) than in calcar-
eous deposits (mean 0.5 mg kg–1).

Scandium is likely to form complexes such as Sc(H2O)6
3+ and Sc(H2O)5OH2+ in aque-

ous phases, and also shows an affinity for complexing with PO4, SO4, CO3, as well as
with some organic compounds. Phosphate fertilizers contain relatively high amounts
of Sc, in the range of 7–36 mg kg–1, and may elevate its concentration in surface agri-
cultural soils (Kabata-Pendias and Pendias 2001).

II-3.1.4
Waters

Reimann and Caritat (1998) calculated the median Sc concentration in worldwide ocean
waters at 0.6 ng l–1, and Nozaki (2005) reported Sc in waters of the North Pacific to be
at 0.7 ng kg–1.

Concentrations of Sc differ widely in river waters, in African rivers its range is
between 0.055 and 0.087 µg l–1, whereas river waters of South America contain Sc be-
tween 0.530 and 1.770 µg l–1. The world average of Sc in rivers is estimated as 1.2 µg l–1

(Gaillardet et al. 2003). Ground water of Norway contains Sc in the range of 0.5–9.6 µg l–1

(Reimann and Caritat 1998). Scandium concentrations in drinking water from remote
regions of Poland range from 0.01 to 0.35 µg l–1, with an average value of 0.07 µg l–1

(Macioszczyk vide Kabata-Pendias and Pendias 1999).

Table II-3.1. Selected properties of scandium and yttriumSc
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Snow from the Kola Peninsula contained Sc in the range of 0.01–0.5 µg l–1, from
remote and polluted areas, respectively (Reimann and Caritat 1998). Rainwater col-
lected in Sweden during 1999 contained Sc at concentrations from 2 to 12 ng l–1 and an
average value of 4 ng l–1 (Eriksson 2001a).

II-3.1.5
Air

Air from the South Pole contains Sc in the range of 0.06–0.21 pg m–3, air above Greenland
contains Sc at around 40 pg m–3, and in air from some urban regions of the USA, Sc
concentration may be up to 3 000 pg m–3. The world median values are cited by Re-
imann and Caritat (1998) to range from 19 to 30 pg m–3. Cawse (1987) reported the

Table II-3.2. Abundancea of scandium and yttrium in the environment

II-3.1  ·  Scandium (Sc)

Sc
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atmospheric deposition of Sc in the UK to range between 0.3 and 2 g ha–1 yr–1, and Sc
concentrations in air to range from 30 to 90 pg m–3. Wet deposition of Sc in Sweden is
calculated to be 0.04 g ha–1 yr–1 (Eriksson 2001a).

Fly ash of lignite coal contains up to 5.2 mg Sc kg–1 (average 3.7) and might be a
local source of increased levels of this metal in the environment.

II-3.1.6
Plants

There is a paucity of data on Sc contents in plants.  The commonly reported range for
Sc in various plants is 0.002–0.25 mg kg–1 (Kabata-Pendias and Pendias 2001). In Swed-
ish cereal grains, Sc contents are reported to be <0.01 mg kg–1 (Eriksson 2001a).

Scandium is likely to increase in roots and old leaves. Relatively high levels of Sc
have been found in tea leaves, in the range from 0.013 to 0.14 mg kg–1, at an average
value of 0.037 mg kg–1 (Inadira et al.1984). This supports the observation that the great-
est amount of Sc is taken up by plants from sandy soils, which in the most cases are also
acid soils. Tea plantations are usually on very acid soils, often of pH <4.

Shtangeeva et al. (2004) studied the effect of Sc addition to germinating wheat seeds.
This addition decreased the uptake of K and Ca and increased contents of Sc from 0.03
to 0.18 mg kg–1 in control and experimental seedlings, respectively.

Contents of Sc in lichens and bryophytes range from 0.3 to 0.7 mg kg–1, and in fungi
from <0.02 to 0.3 mg kg–1 (Bowen 1979). Moss samples collected in Norway in the period
1990–1995 contained Sc in the range of 0.02–3.1 mg kg–1 (Berg and Steinnes 1997).

II-3.1.7
Humans

Scandium occurs in tissues of terrestrial and aquatic organisms at very low concentrations
from <0.1 to 3 000 µg kg–1 and is accumulated more in aquatic animals than in terrestrial
ones. Bones of man and animals exhibit a tendency to concentrate Sc. Jørgensen (2000) re-
ported Sc to occur in mammalian tissues from 0.06 µg kg–1 in heart to 8.0 µg kg–1 in muscles.

Scandium is dangerous to human health, but mainly in the working environment.
Thus, it must be treated and handled with extreme care. The excess of Sc, both inhaled
and ingested, can cause lung embolisms, and damage to the liver and cell membranes.

II-3.2
Yttrium (Y)

II-3.2.1
Introduction

The occurrence of Y in the Earth’s crust is relatively common and fairly uniform in
different rocks, being somewhat less in mafic rocks (0.5–22 mg kg–1) than in acid rocks
(28–44 mg kg–1) and sandstones (5–50 mg kg–1).

Geochemical behavior of Y is very similar to the alkaline earths and other rare earth
elements and, particularly to the lanthanides. Thus, its higher contents are associated

Y
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with minerals that concentrate rare earth elements (REEs). This element exhibits
lithophilic affinity, has the oxidation state +3 (Table II-3.1) and is incorporated, to-
gether with REEs, in several minerals, such as: oxides, carbonates, silicates and phos-
phates (e.g., xenotime, YPO4; fergusonite, YNbO4). Minerals of Y are associated mainly
with monazite veins and pegmatites.

Contents of Y in coal range from 7 to 12 mg kg–1 and does not indicate its sorption
by organic substances, although in some coal samples it may reach up to 170 mg kg–1

(Finkelman 1999). In fly and bottom ashes it is concentrated to about 44 mg kg–1 (Llorens
et al.  2001).

II-3.2.2
Production and Use

Global production of Y (as Y2O3) was calculated in 1995 at 1.15 kt (Reimann and Caritat
1998) and in 2001 at 2.4 kt (Dobrowolski 2004). It has a relatively broad industrial
application in ceramic and glass industries, high-temperature bricks, laser, color moni-
tors, and various catalysts (e.g., in the production of plastics). Some Y compounds have
luminescence properties and are used for various lasers.

II-3.2.3
Soils

The most comprehensive data are for Y in soils of the USA, and give the range of av-
erage contents from 16 to 33 mg kg–1. The highest contents (up 150 mg kg–1) have also
been cited for various soil units (Shacklette and Boerngen 1984; Gough et al. 1988).
Data of other authors, however, gave smaller amounts of Y in soils of various countries,
within the range of <2–70 mg kg–1 (Kabata-Pendias and Pendias 2001). The average
contents of Y in reference soils range from 22 to 24 mg kg–1, for China and the USA,
respectively (Govindaraju 1994). In Japanese agricultural soils median contents of Y
varied from 8.8 to 24 mg kg–1, in Acrisols and Andosols, respectively (Takeda et al. 2004).
Soils of San Joaquin Valley of central California contain Y in the range between 17 and
27 mg kg–1, being the highest in contaminated sites (Wilson et al. 1994). Swedish ar-
able soils contain Y in the range of 9–41 mg kg–1, at an average value of 27 mg kg–1

(Eriksson 2001a). Sandy soils of Poland contain Y in the range from <2 to 17 mg kg–1

(mean 4.8) and loamy soils from 7 to 19 mg kg–1 (mean 12.4) (Dudka 1992).

II-3.2.4
Waters

The mean concentration of Y in worldwide ocean waters is estimated at 0.013 µg l–1 (Rei-
mann and Caritat 1998), and at 0.017 µg kg–1 in waters of the North Pacific (Nozaki 2005).

Gaillardet et al. (2003) reported data for Y in river waters only for Europe (range
0.05–1.40 µg l–1) and for North America (range 0.028–0.217 µg l–1), and have estimated
world average at 0.04 µg l–1. The concentrations of Y in European stream waters vary
between 14 and 98 µg l–1, being the highest for Romania (Reimann and Caritat 1998).
These authors cited the maximum Y concentrations in snow from the Kola Peninsula to

II-3.2  ·  Yttrium (Y)
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range from 0.01 to 0.7 µg l–1, for remote and polluted regions, respectively. Rain waters
collected in Sweden during 1999 contained Y from 0.003 to 0.033 µg l–1, at an average
value of 0.01 µg l–1 (Eriksson 2001a).

Bottom sediments of streams are reported to contain relatively high amounts of Y,
with the maximum values of 731, 485, and 2 005 mg kg–1 for Scotland, Germany and
Austria, respectively (Reimann and Caritat 1998). However, the top layer of bottom
sediments of the Swedish river of the Baltic catchment contains Y at the range of
13–23 mg kg–1 (Szefer 2002a).

II-3.2.5
Air

Atmospheric dust contains Y in the range of 0.2–2 mg kg–1. The maximum content of
6.0 ng m–3 is reported for air in polluted areas (Reimann and Caritat 1998).

Wet deposition of Y in Sweden has been estimated at 1 g ha–1 yr–1 (Eriksson 2001a).

II-3.2.6
Plants

As Connor and Shacklette (1975) reported, Y was found at detectable levels in about
10% of the plants studied. The reference content of Y in plants is calculated at
0.02 mg kg–1 (Markert 1992). However, results of real analysis gave quite variable
amounts for Y in plants, in the range of 0.01 to 3.5 mg kg–1, depending on soil and
climatic factors (Kabata-Pendias and Pendias 2001).

Relatively high contents of Y are reported for mosses and lichens. The data for Y
in these plants, collected in 1970 in Scandinavia, indicate its contents range from 0.2
to 2.0 mg kg–1 (Erämetsä and Yliroukanen 1971). Mosses collected during the
period 1990–1995 contained fairly similar amounts of this element, in the range of
0.04–2.3 mg kg–1 (Berg and Steinnes 1997). Much smaller mean values are given by
Eriksson (2001a) for Swedish wheat and barley grains: 0.79 and 1.3 µg kg–1, respec-
tively. Increased levels of Y in mosses and lichens, as compared with higher plants,
clearly indicate that main source of this metal is atmospheric deposition.

II-3.2.7
Humans

Yttrium is reported to occur in all human and animal tissues at the average level of
about 20 µg kg–1 and is likely to be concentrated in bones, up to 70 µg kg–1 (Li 2000).
This author reported Y contents to range from 4 µg kg–1 in brain to 20 µg kg–1 in lung.
Human liquids, blood and lymph, contain Y at averages values of 5 and 60 µg kg–1,
respectively.

The inhalation of aerial dust from combustion of Y-enriched materials may be a
risk for human health. No adverse effects of Y have been reported on the health of
mammals. However, an increased level of Y may reduce the activity of some enzymes
and hormones, possibly due to its great affinity to phosphorus-containing ligands and
some metal-binding proteins (Dobrowolski 2004).

Y
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II-3.3
Lanthanides

II-3.3.1
Introduction

Lanthanides, also called rare earth elements (REEs) comprise of a group of 15 elements
(Table II-3.3), of which only one, promethium (Pm) does not occur naturally in the
Earth’s crust, while the other fourteen are relatively abundant in rocks and soils
(Tables II-3.4 and II-3.5). The terrestrial distribution of the REEs shows a general
peculiarity; their contents decrease with an increase in atomic weights, and, according
to the Oddon-Harkins rule, the element with an even atomic number is more abundant
than the next element with an odd atomic number. This rule also governs the distri-
bution of all elements in the universe, but is much less pronounced than in the case of
lanthanides. Although several factors influence the abundance of lanthanides in soils,
this rule can also be observed in the average contents of lanthanides (Fig. II-3.1).

Geochemical properties of lanthanides are fairy similar; they occur mainly as +3 cat-
ions (Table II-3.3), exhibit an affinity for oxygen, and are likely to be concentrated in
acid igneous rocks and in argillaceous sediments (Table II-3.4). Lanthanides are con-
stituents of several different minerals and are also likely to be concentrated in phos-

Table II-3.3. Selected properties of the lanthanide elements (natural)

II-3.3  ·  Lanthanides
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Fig. II-3.1.
Average contents of lantha-
nides in surface soils (prome-
thium, Pm, does not occur in
the natural environment)

Table II-3.4. Abundance of REEs in rocks (mg kg–1) (compiled from Heiserman 1997, Reimann and
Caritat 1998, and Kabata-Pendias and Pendias 2001)

phorites being incorporated in relatively common minerals such as: monazite,
(CeLa)PO4; bastnaside, (CeF)CO3; cheralite, (Ce, La, Y, Th) PO4; and xenotime, YPO4. The
content of Ce is relatively high in phosphate fertilizers, at around 20 mg kg–1. Christensen
et al. (2004) studied the REEs in 70 natural calcite samples and found the variation in the
distribution of light and heavy REEs depending upon the origin of calcite.

Organic compounds play a significant role in the distribution of lanthanides and
affect their increased levels in humus horizons of soils and in forest-soil litter.

Lant
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II-3.3.2
Production and Use

Annual production of lanthanides plus Sc and Y was estimated to be 52.9 kt in
1990; and 83.3 kt in 2000 (Di Francesco and Hedrick vide Goering 2004). The total
world production of REEs (in oxide equivalent) was in 2003 estimated as 75.15 Mt
(WMSY 2004).

Two major Ce sources for the commercial production are monazite, and bastnaside.
Monazite is especially resistant to weathering of granitic rocks and is concentrated, by
sedimentary processes, often in beach sands.

The use of lanthanides is relatively broad in various industries from glass produc-
tion (mainly as colorants) to sophisticated electronic devices, as well as to catalytic
converters, metallic alloys, rechargeable batteries, radars, etc.

Table II-3.5. Average contents of REEs in soils (mg kg–1) and in soil leachates (ng l–1)

II-3.3  ·  Lanthanides
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II-3.3.3
Soils

There are scanty data on individual REEs in soils, however, the trend of their distribu-
tion in various soils is apparently related to the geological origin of parent rocks and
their mineral composition.

The distribution of lanthanides in different soils is quite similar when comparing
mean values after various authors. In most cases their lowest values are for sandy soils,
and the highest for loamy soils (Table II-3.5). Acid soils contain usually less the REEs
than alkaline soils, most probably due to the easy removal of soluble hydroxide com-
plexes. There are data indicating a strong positive relation between several lanthanides
(La, Ce, Pr, Nd, Sm) and fine granulometric fractions (<0.002 and <0.02 mm) in soils
(Chojnicki 2000). Especially HREs are likely to concentrate in the fine granulometric
soil fraction (<0.002 mm). In general, REE due to the affinity to SOM, are about ten
times more abundant in peats than in surrounding mineral soils (Markert 1987).

Two subgroups of lanthanides can be distinguished: light metals (LREs), from La to
Gd – more basic and more mobile than metals of the second group (HREs), from Tb
to Lu (Table II-3.3). During weathering processes, lanthanides become fractionated,
and metals of the LREs subgroup are more likely to be concentrated in weathered

Table II-3.6.
Average contents of REEs in
sewage sludges and farmyard
manure (mg kg–1)

Lant
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material than the HREs. They also occur in higher amounts in soils than the metals of
the HREs group (Table II-3.5). Zhu et al. (1997) reported that LREs range in soils of
China from 76.2 to 447.7 mg kg–1, whereas HREs range from 9.2 to 55.2 mg kg–1. Some
authors have also distinguished a medium weight group: MHs containing elements
from Sm to Ho (Xu et al. 2002). Agricultural soils of Japan have the following median
contents of HREs (in mg kg–1): Tb, 0.73; Dy, 3.8; Ho, 0.73; Er, 2.1; Tm, 0.31; Yb, 2.0; and
Lu, 0.31 (Takeda et al. 2004). Light sandy soils of Poland contain smaller amounts of
some lanthanides than silty and loamy soils; geometric means are as follows (in mg kg–1):
La, 9.0–22.0; Ce, 16.9–42.8; Nd, 7.3–19.2; and Yb, 1–1.2 (Dudka 1992).

Lanthanides are commonly found in sewage sludges and manure at quite high amounts,
fairly similar to their abundance in soils (Table II-3.6). Thus, these amendment materials
as well as phosphate fertilizers might be considered as their source in cultivated soils.

All lanthanides are slightly mobile in soils. Their extractability with chelating agents
(e.g., EDTA) is low and does not exceed 10% of the total contents (Zhu et al. 1997;
Wyttenbach et al. 1998). The global mobility of REEs, calculated as the ratio of water-
dissolved concentrations to those of the upper continental crust is relatively low; at
about a 0.01 ratio value (Gaillardet et al. 2003). The solubility of soil REEs is very small;
hundreds of times lower than their total contents. Nevertheless, their concentrations
in soil solution are relatively high and exceed, by a hundred times those found in rain-
water and throughfall (Table II-3.7).

Table II-3.7. Concentrations of REEs in different aquatic samples (ng l–1)

II-3.3  ·  Lanthanides
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II-3.3.4
Waters

Concentrations of lanthanides in river waters vary highly, however, a general rule of
their distribution can also be observed (Table II-3.8). The highest average concentra-
tion is for Ce, 0.263 µg l–1 and the lowest for Lu, 0.002 µg l–1. Fairbridge (1972) gave
10.2 µg l–1 for the total REE concentration in Pacific Ocean water, with the highest value
for La (2.9 µg l–1) and the lowest for Lu (0.12 µg l–1). As Gaillardet et al. (2003) described,
pH and DOC of waters control the REE concentrations, as well as some associated
elements, such as Th and Y.

Rain waters collected in the Vosges Mts., France, contain smaller amounts of some
REEs than rainwater sampled in Sweden (Table II-3.7). Somewhat higher concentra-
tions of REEs were found in snow than in rain waters (Aubert et al. 2002).

II-3.3.5
Air

There are very limited data on lanthanide abundance in air. Concentrations of some
REEs in air from the South Pole and/or Greenland, as compiled by Kabata-Pendias and
Pendias (2001), are as follows (in pg m–3): Ce, 0.8–4.9; Eu, 0.004–0.02; La, 0.2–110;
Sm, 0.03–12; and Tb, 1–5. Concentrations of these elements in air from urban or in-
dustrial regions are increased by factors of 10 to 10 000, which clearly indicate their
anthropogenic enrichment.

Table II-3.8.
Range and world average con-
centrations of lanthanides in
the dissolved load (<0.2 µm)
of rivers (ng l–1) (after Gaillar-
det et al. 2003) and in the North
Pacific Ocean (ng kg–1) (after
Nozaki 2005)
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II-3.3.6
Plants

Although the distributions of lanthanides in plants have not been studied very inten-
sively until the recent decade, Robinson et al. (1958), about 50 years ago, reported high
concentrations (up to 2 300 mg kg–1) of total REEs in hickory trees and pointed out a
relationship between their content in trees and their exchangeable pool in the soil.
Also Laul et al. (1979) have emphasized a close relationship between the REE content
in plants and their occurrence in soils. Contents of REEs in plants vary widely, from <1
to >10 000 µg kg–1, and their concentration orders, similarly as in terrestrial materials,
decrease with increase of the atomic number, and follow somehow the Oddon-Harkins
rule (Table II-3.9). The same rule can be observed in the distribution of lanthanides in
edible mushrooms (Table II-3.10). Wheat grains from China contain higher amounts
of all REEs than grains from Sweden (Table II-3.9). Soil dressing with these elements
had variable effect on their content in wheat grains (Liang et al. 2005).

Table II-3.9. Lanthanide elements (average and range) in terrestrial plants (µg kg–1)

II-3.3  ·  Lanthanides
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Wyttenbach et al. (1998) observed variable absorption of REEs by plants from a
forest ecosystem and have related this phenomena to organic complexes or changes in
the oxidation state of individual REEs. Plant sampled in 1999 along highways in Ger-
many contained (in µg kg–1): La, 53–380; Ce, 110–820; and Nd 48–330. Always the high-
est concentrations were in dandelion (Djingova et al. 2003).

The sum of REE contents of food plants (edible parts) is reported by Liu (1988) to
be in (mg kg–1): tomato, 0.05; corn, 0.2; rice, 0.6; wheat, 1.0; and sesame, 3.6. Cabbages
from the background area of Denmark contain, at average, La, Ce, Pr, Nd and Gd within
the range of 0.15–2.6 µg kg–1 FW, while concentrations of Sm, Tb, Dy, Ho, Er, Tm, Yb,
and Lu in sprouts ranged from 0.005 to 0.06 µg kg–1 FW (Bibak et al. vide Goering 2004).

Some authors (Liu 1988; Xijie et al. 1986) have reported good effects of the addition
of REEs on plant growth and yield. These authors, however, have not specified the
compounds of RREs used for the experiments, and have not discussed a possible func-
tion of these elements in plant metabolism. There is a report, that REEs are applied in
Chinese agriculture to improve crop nutrition (Xu et al. 2002). The authors reported
that the common dose of REEs at <0.23 kg ha–1 yr–1 does not affect the quality of maize
grains. The uptake of REEs by maize plants by both tops and roots increased with
increasing doses, and was higher for the LREs than for the HREs. Xu et al. (2002) have
not discussed any processes that might be related to the effects of REEs on the yield of
crop plants. Li et al. (2001) reported that the availability of REEs to crop plants corre-
lates well with their 0.1 M HCl soluble pool. Although there are some other reports on
the stimulating effect of REEs on several processes in plants such as, for example, seed
germination, root growth, nodulation, chlorophyll production, these elements have not

Table II-3.10.
Lanthanide elements (mean
and range of means) in wild
edible mushrooms sampled
during 1997–1998 from north-
ern Poland (µg kg–1) (after
Falandysz et al. 2002)

Lant



141

yet been proved to be essential to plants. Shtangeeva and Ayrault (2006) reported that
Eu added to a nutrient solution at the concentration of 0.01 mg l–1 disturbed the min-
eral balance in the plant tissues. The synergetic effect of Eu + Ca on the yield of wheat
seedlings, observed by these authors, needs to be understood.

There is no evidence of toxic effects of REEs to plants, however, they have impairing ef-
fects on cell membranes of vascular plants and on the Ca metabolism in microorganisms.

II-3.3.7
Humans

Lanthanides occurring in oxide forms are apparently slightly available to both humans
and animals. Other salts of REEs, however, might be easier absorbed by humans. Their
danger is mainly from aerial dust inhalation by humans.

Levels of lanthanides, as compiled by Goering (2004), in human tissues are as fol-
lows (µg kg–1 AW): liver, 5; kidneys, 2; lung, 4; testes, 2; and bones, 200–1 000. Average
concentrations of individual lanthanides in lungs of adults from urban environments
varied from 4.2 to 30.5 µg kg–1 FW, being the lowest for Tb and Yb, and the highest for
Ce. Thus, the distribution of lanthanides in human tissues also follows the general rule
of lanthanide distribution in the terrestrial materials.

Chloride salts of lanthanides (Ce, Pr, Eu, Dy, Lu, and Y) administered by intravenous
injection to rats were distributed after one day with over 78% of the dose to liver, bones,
and spleen, and retained in organs for 45 days (Nakamura et al. vide Goering 2004).
Lanthanides are likely to concentrate in lung, liver and kidney in individuals exposed
to increased levels of these elements, mainly in smelter surroundings. Chronic expo-
sure to the inhalation of dust increased in lanthanides has been reported to induce
pulmonary fibrosis. However, due to the low toxicity of lanthanides, they are generally
not considered to be hazardous to health.

The most important lanthanide feature is their affinity for Ca2+ sites. Thus, binding
of lanthanide ions may alter a structure of some molecules, and change their biological
functions. There are numerous reports on antitumor influence of some lanthanides,
however, there is still a great paucity of defined experimental results. It is likely that
lanthanides might affect biochemical pathways, and thus may alter physiological pro-
cesses of humans and animals (PaÝasz and Czekaj 2000).

II-3.4
Actinides

II-3.4.1
Introduction

Among the actinide series that obtains the elements from atomic number 89 (Ac) to 103 (Lr),
only four elements: Ac, Th, Pa, and U occur naturally in the terrestrial environment
(Table II-3.11), and only two elements exist in relatively large quantities as long-lived nu-
clides; two isotopes of U (238U and 235U) and one of Th (232Th). Other actinide elements
also have been found to occur as results of natural nuclear reactions of U, but in very neg-
ligible traces. These are mainly Ac, Pa, of which some isotopes have a relatively long half-life.

II-3.4  ·  Actinides
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Distribution and behavior of Th and U has received most attention, as the most
abundant actinide elements in the terrestrial environments. Salic igneous rocks and
argillaceous sediments contain usually more of these elements than do acid rocks and
sandstones or limestones (Table II-3.12).

Geochemically, U and Th are coherent. They exist in the +4 and +6 oxidations states
in most geological environments (Table II-3.11). They may substitute for REEs in some
minerals and are associated with apatite and sphene. The common carriers of Th are
monazite and cheralite – Ce minerals. Thorium has also own minerals, e.g., thorite,
ThSiO4 and thioriate, ThO2, and can be associated with several other minerals. A major
commercial ore of U is uranitite and pitchblende, of similar composition: UO2 + UO3.

Table II-3.11. Selected properties of naturally occurring actinide elements

Table II-3.12. Thorium and uranium in rocks and soilsa (mg kg–1)

Act
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The mobility of Th and U during weathering processes depends highly on the host
minerals. When these elements become mobilized, they are very likely to be quickly
precipitated as hydroxides or absorbed and form organic complexes and various stable
compounds such as oxides, carbonates, phosphates, vanates, and arsenates. Actinides
easily form strong complexes with oxygen ligands, and thus their species with inor-
ganic ligands such as OH–, CO3

2–, and HPO4
2– are likely to occur in various environmen-

tal conditions. Thus, the distribution of Th and U in the lithosphere is highly con-
trolled by the Eh-pH system.

Actinides, and especially U, exhibit an affinity to be absorbed by organic matter and
accumulated by microorganisms. Letunova and Kovalskiy (1978) calculated the factor
of bioaccumulation of U by microorganisms at 300 times as compared with its content
in soils. Due to easy U sorption by organic matter, its significant accumulation in coal
and peat is often reported. Nakashima (1992) described that naturally occurring hu-
mic substances such as coals may play important role in the U concentrations at vari-
ous stages of sedimentary cycles. The average contents of Th and U in coal is estimated
as 5.6 and 6.1 mg kg–1, respectively, while in fly ash their contents increased up to above
22 mg kg–1 (Llorens et al. 2001).

Among the actinide series, beside Th and U, only Pa occurs as natural unstable iso-
tope. Other transuranic elements are artificial isotopes resulted from Th and U decay
reactions.

Americium is a man-made radioactive element that contains four principal isotopes
(241, 242m, 242, 243) of very long half-lives from 432 to 7 370 years, and has no stable
isotopes. The only commercially important is 241Am and may be found at very low
levels, in all environmental media, as a result of fallout from past atmospheric nuclear
weapons tests. Since 1973, concentrations of this radionuclide are continuing to de-
cline, especially in air.

II-3.4.2
Production and Use

Information on the production of Th and U is variable, but recent data gave the annual
world production of Th to be 700 t in 1984, (Reimann and Caritat 1998) and the pro-
duction of U to be 35.37 kt in 2003 (WMSY 2004).

The use of actinide isotopes has been quite recent and restricted to scientific ex-
periments and nuclear-power industries. Thorium is used as a coating material for
optical lenses and some metallic wires, and as an addition to metallic alloys. Uranium
is applied mostly in the nuclear industry and also for some very sophisticated devices.
Depleted U (DU) is used in the manufacture of armor-piercing ammunition for the
military and its deployment has been undertaken recently in wars (e.g., in Kosovo and
Iraq). Compounds of U are used in photography for toning, for special lamps, and in
the leather, ceramic and wood industries, for stains and dyes.

Plutonium, 239Pu, has recently received much attention recently because of its use in
nuclear power reactions. It has been calculated that since 1980, the world’s nuclear
power reactors have produced more than 20 t Pu. In addition, Pu isotopes (mainly 239
and 240) are produced for military programs (ATSDR 2002a). This radionuclide is also
use in thermo-electric power devices.

II-3.4  ·  Actinides
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II-3.4.3
Soils

Average contents of Th and U reported for different worldwide soils are fairly similar and
vary for Th in the range of 3.4–10.5 mg kg–1 and for U in the range of 1.2–11 mg kg–1

(Table II-3.13). Harmsen and De Haan (vide ATSDR 2002a) gave the typical con-
centration range of naturally-occurring Th in soils as 2–12 mg kg–1, and an average
value of 6 mg kg–1. Fairly similar Th contents, in the range of 11–14 mg kg–1, are re-
ported for soils of central California. (Wilson et al. 1994). Data for the reference soils
of China gave a bit higher Th contents ranging between 8 and 27 mg kg–1 (Govindaraju
1994). In Japanese agricultural soils median concentrations of Th vary from 5.8 to
12 mg kg–1, in Andosols and Acrisols, respectively (Takeda et al. 2004). Swedish ar-
able soils contain Th in the range from 1.6 to 16 mg kg–1, at an average value of
6.1 mg kg–1 (Eriksson 2001a).

Soils of the lowland of Poland contain average amounts of Th at the value of
3.23 mg kg–1, and U at the mean value of 1.6 mg kg–1. In the mountain soils (Sudeten),
amounts of U increased up to >10 mg kg–1 (Strzelecki et al. 1994). Surficial sediments
of Finland contain, most commonly, Th in the range of 5–20 mg kg–1 and U in the
range of 1–5.5 mg kg–1 (Koljonen 1992). Yoshida and Muramatsu (1997) reported
the lowest contents of both elements for sand dunes and peat soils of Japan (Th 0.3
and U 0.6 mg kg–1) and the highest for red and gray lowland soils (Th 1.4 and
U 2.9 mg kg–1). In Japanese agricultural soils median concentrations of U vary
from 1.4 to 2.4 mg kg–1, in Gleysols and Acrisols, respectively (Takeda et al. 2004).
Swedish arable soils contain U in the range from 1.3 to 16 mg kg–1, at an average value
of 4.4 mg kg–1 (Eriksson 2001a).

The extensive studies curried out in the USA show relatively small variation in the
concentrations of U and Th among soil types, with the exception of the radionuclides
238U and 232Th which are likely to be concentrated in the soils close to aquatic systems
(Meriwether et al. 1988). Variable parameters (pH and Eh) of ground water may con-
trol the adsorptive reactivity of U species. The hydroxides of Th4+ are the dominant
species in soil and in aquatic systems, although carbonate complexes are also formed
(Zhang et al.  2002).

Table II-3.13. Uranium and thorium in leaves of trees grown on background and contaminated sites of
wetland in South Carolina, USA (adapted from Hinton et al. 2005)
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The fate of U in the environment has recently been widely investigated. Although
in the soil vadose zone the immobile U6+ is predominated species, its reduction to soluble
U4+ can frequently occur under biological processes and due to changing redox poten-
tial and pH (Scheinost et al. 2004). According to Takeda et al. (2005), the water soluble
fraction of U in surface soils varies from about 0.05 to below 0.2 µg l–1, being the high-
est for soil amended with chemical fertilizers and compost.

Several organisms common in soil and subsurface environments have been identi-
fied that can enzymatically reduce U6+ to U4+, under anoxic conditions (Fendorf et al.
2002). This process, however, is highly controlled by the presence of Fe hydroxides.
The reduction of immobile U6+ to mobile U4+ by microbial activity (mainly by
Thiobacillus ferrooxidans) has been also observed by Fox et al. (2004). On the other
hand, Abdelouas and Grambow (2004) reported that soil microorganisms could en-
hance the retention of U6+ and other radionuclides via the precipitation of highly in-
soluble mineral phases. There is evidence that arbuscal mycorrhizal fungi (AMF) in-
crease concentrations of U in roots of some herbaceous plants and may have a poten-
tial role in the phytostabilization of U in soils (Chen et al. 2005). Also Landa (2003)
emphasized the role of reducing bacteria in leaching of U from Uranium Mill Tailings.
Tsuruta (2003), on the other hand, described possible accumulation of Th by bacteria
(Micrococcus luteus and Streptomyces levoris) that might have a practical use.

Studies on the mobility and phase formation of the DU indicate a low migration of
this metal throughout a loamy clay column (Trueman et al. 2004). Grive et al. (2004)
emphasized that U cycles are closely associated with Fe cycles in various environments
and are also linked to carbonates. Other factors that control the mobility of U are the
redox potential, the pH, and CEC. The sorption and co-precipitation of U6+ by calcium
carbonates and mobilization due to the reduction to U4+ is of great environmental
importance (Koroleva and Manginii 2004). The increased use of apatite as a soil amend-
ment resulted in the enhanced desorption of Th in soils and sediments. Nevertheless
Th predominates in the residual fraction of both apatite and soil amended with apatite
(Kaplan and Knox 2004).

There is presently a considerable interest in the behavior of other elements of the
actinide group, which are isotopes not occurring naturally but released from the nuclear
fuel power industry. This group includes various isotopes of plutonium (Pu), ameri-
cium (Am), curium (Cm), and neptunium (Np), of which 239Pu and 241Am, long-lived
and highly radiotoxic, are of the greatest concern.

Regardless of the forms of Pu and Am entering soils, mainly from the aerosols pro-
duced and discharged by the nuclear facilities, their behavior is controlled by various
soil factors. Jakubick (1979) described in details the geochemistry of worldwide fallout
and discharge of Pu. He has concluded that the behavior of stack discharged PuO2
from a nuclear facility can give information about the environmental impact of the
nuclear industry. Average fallout of 239+240Pu on soils in the temperate zone of the USA,
has been calculated at 7.8 × 104 Bq km–2 and of 238Pu at 1.9 × 103 Bq km–2 (Hanson vide
ATSDR 2002a). The concentration of Am in soil in the New York region has been es-
timated in 1969 at 2 MBq km–2, which may increase up to 33 MBq km–2 in the year
2035, resulting from cumulative deposition (ATSDR 2002a). In the period 1969–1983,
the mean annual fallout of Am to Antarctica was about 8.3 mBg m–2. The levels of 238Pu
in soils of the UK were detected in the range of 0.2–18 nCi kg–1, and of 239+240Pu in the

II-3.4  ·  Actinides
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range of 0.8–83 nCi kg–1 (ATSDR 2002a). Amounts of 239+240Pu in the surface layer of
the contaminated soil near Heidelberg, Germany, were at 0.13–0.45 mCi km–2 (Jakubick
1979). Soils of Kazakhstan sampled in 1992 contained 239+240Pu in the range of average
values from 10 to 93 mCi km–2 (Panin 2004).

In soils, Pu occurs mainly as complexes of fulvic and humic acids and in forms
absorbed by fine mineral particles, often coated with an organic layer. Oxide com-
pounds, like PuO2

2+, are more stable than nitrate compounds, Pu(NO3)4, which are likely
to occur in soil solution as hydroxides and are easily soluble, and therefore plant-avail-
able. Relatively mobile, and thus available PuO2

2+ migrates slowly into deeper soil lay-
ers, but most of this compound remains within the 10 cm top-soil layer. Plutonium is
adsorbed on hematite in larger amounts than on silica and montmorillonite (Runde
2002). Microbial activity may enhance the mobility of Pu, as well as other soil param-
eters, such as low pH, low clay content, and low organic matter. Zhang et al. (2002)
described that surface contamination, rather than uptake by roots, should be consid-
ered as primary source of Pu in plants.

Especially 241Am is known to easily form humate complexes. At low humic content
and low soil pH (low carbonate content) the adsorption of this radionuclide is reduced
and its mobility and phytoavailability increased (Zhang et al. 2002).

To protect soils against contamination with radionuclides, the storage in the form
of glass fusion is proposed (Menard et al. 1998). The presence of amorphous silica and
phosphates stimulate the processes of the immobilization. Recent studies of Wieland
et al. (2004) reveal a great sorption capacity of cementation matrices for radionuclides
at the solid/liquid interface. Qinn et al. (2004) reported a great adsorption of YREE
(yttrium and rare earth elements) by freshly precipitated hydroxides of trivalent met-
als (Fe, Al, Ga, and In).

II-3.4.4
Waters

There are very limited data on actinides in waters. Gaillardet et al. (2003) esti-
mated the world average concentration of Th in river waters at 0.041 µg l–1 (range
0.0005–1.054 µg l–1) and for U as 0.372 µg l–1 (range 0.02–4.94 µg l–1). Levels of U in
surficial waters of Germany were reported to range between 0.007 and 52.7 µg l–1, being
increased in the vicinities of U mines and in agricultural regions where intensive phos-
phate fertilization was applied (Birke and Rauche 1997). In the Colorado River, analy-
sis done during the period 1985–1986 showed that levels of total U ranged from 3.4 to
60 pCi l–1 (Steward vide ATSDR 2002a). The concentration of 241Am in the North Sea
and Atlantic Ocean waters is given as 10 Bq m–3 in surface seawater (ATSDR 2002a).
Szefer (2002a) reported that concentrations of U in Baltic Sea waters range from 0.67
to 1.65 µg l–1 and of Th, range between 0.5 and 7.7 ng l–1. Nozaki (2005) cited the mean
concentration of U in the North Pacific as 3.2 µg kg–1.

Radioactive actinides, 238U and 239+240Pu in waters of the Southern Baltic Sea were at
levels 8.37 and 0.0035 mBq l–1, respectively, during the period 1980–1991. After the Chernobyl
accident, their increase was not observed (Skwarzec 1997; Skwarzec and Bojanowski 1992).

Unlike PuO2, Pu(NO3)4 is an easily soluble compound. However,  the presence of com-
plexing agents (e.g., CO3, PO4, humic, fulvic acids, etc.) in natural waters are important
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ligands for Pu, and highly control its solubility (Jakubick 1979). As Yamada et al. (2004)
reported, the occurrence of Pu-isotopes in the Pacific Ocean is mainly a consequence
of global fallout from atmospheric nuclear weapons testing. Most nuclear power plants
release great quantities of radioisotopes, especially of 239Pu into aquatic environment.
Bottom sediments can act as both a repository and a source of waterborne actinides.

Drinking waters of the Gdansk agglomeration (Poland 1988) contained (in mBq l–1):
238U at 2.67 and 234U at 2.86, which gives an average annual intake of both radionu-
clides at the range of 2.81 Bq per person (Skwarzec et al. 2001b). Drinking waters of
the Eastern part of Germany contained U, in the range of average values from 0.29 to
2.4 µg l–1 (Anke et al. 2000). Generally, U found in drinking water is <1 pCi l–1. The
limits for U in domestic water in the USA is <15 pCi l–1, and the maximum concentra-
tions for ground-water protection is 30 pCi l–1 (ATSDR 2002a).

Concentrations in ground waters vary in the following ranges: 2–12 and 0.08–2.0 µg l–1

for U and Th, respectively. Their levels are usually lower in zones of the temperate humid
climate and higher in areas of hot, dry climate (Kabata-Pendias and Pendias 1999).

Rain water in Norway contained U in the range of 0.01–0.05 µg l–1 at the coastal
region and 0.01–0.43 at the inland areas. Fairly similar concentrations of Th are re-
ported for rainwater of other regions (Reimann and Caritat 1998). Rainwater collected
in Sweden during 1999 contained U and Th at mean levels of 0.0022 and 0.0023 µg l–1,
respectively (Eriksson 2001a).

Aquatic biota. All actinides are easily bioaccumulated in aquatic organisms, primarily
at the lower end of the food chain. Contents of 239+240Pu in fish and shelfish sampled
in the Irish Sea were reported to range from 2 × 10–4 to 2 pCi g–1 (ATSDR 2002a).
Sanchez-Cabeza et al. (2003) have stated, based on enrichment factor values, that dis-
crimination rather than enrichment of Am and Pu in the primary producer trophic
chain is observed in the Mediterranean Sea. These authors reported mean concentra-
tions of 239+240Pu, 238Pu, and 241Am in mesoplankton sampled from <200 m depth as (in
mBq kg–1): 452, 13, and 81, respectively. Mesoplankton collected from a deeper layer
contained significantly smaller amounts of these radionuclides.

Bioconcentration factors for radionuclides in fish are fairly high in all tissues, and
are the highest for intestines (above 20 000) and for gills (up to 10 000). Nevertheless,
the annual doses of U and Pu radionuclides from the consumption of Baltic fish are
relatively small (Skwarzec et al. 2001a).

II-3.4.5
Air

Increased concentrations of U and Th in air are associated mostly with coal combus-
tion and nuclear powers and should be considered the most important risk to the
environment and health. Thorium abundance in air above the South Pole ranges be-
tween 0.02 and 0.08 pg m–3, and above Greenland it ranges from 20 to 40 pg m–3. Air
above cities of Europe, Japan and the USA is enriched in Th up to 1 000–13 000 pg m–3.
Cawse (1987) estimated atmospheric deposition of Th in urban regions of the UK as
<0.5–1 g ha–1 yr–1, and Eriksson (2001a) calculated the wet deposition in Sweden at
0.08 g ha–1 yr–1.

II-3.4  ·  Actinides
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The maximum concentration of U in air of polluted sites is reported to be <0.5 ng m–3

and of Th 1.3 ng m–3 (Reimann and Caritat 1998). Therefore the concentration of U in
air around urban regions estimated at about 0.5 ng m–3 clearly indicates its anthro-
pogenic source.

Concentrations of 239Pu and +240Pu and in air near Heidelberg, Germany, during
the period 1954–1975 varied from 0.086 to 0.75 fCi m–3, and cumulative total depo-
sition was calculated to range between 0.054 and 2.10 mCi km–2 (Jakubick 1979).
Contents of both radionuclides in air have stayed presently at an approximate value
of <0.04 µBq m–3.

Limits values given by OSHA are 50 µg m–3 for soluble U compounds and 250 µg m–3

for insoluble U compounds.

II-3.4.6
Plants

Little information is available about the transfer of U, Th, and transuranic radionu-
clides from soils to plants, although this is very important in environmental researches.

Soluble fractions of these elements in soils are readily available to plants and this is
clearly evident from the studies conducted in the U-geochemical provinces where plants
accumulate up to 100 times more U than do plants from other areas. Values of the
transfer factor for radioactive U and Th from soils around an abandoned U mine to
grass pasture indicated a relatively low uptake with an exception of 228Th which was
accumulate at a higher concentration in plants (TF 1.6–2.0) than in soils (Vera Tome
et al. 2003). Some plants when grown on contaminated sites exhibit a relatively high
ability to accumulate both radionuclides (Table II-3.13) and are suggested for the
phytoremediation technology (Hinton et al. 2005). Uranium in plants can form com-
plexes with protein and/or be precipitated as mineral compounds (e. g., autunite,
Ca(UO2PO4)2 · 10H2O) (Jones et al. 1990).

The gram-positive bacterial strains (Streptomyces levorie) can adsorb relatively
high amounts of both U and Th from the aqueous solution at pH 3.5: 390 µmol U g–1

and 383 µmol Th g–1 (Tsuruta 2004). Some plants, e.g., Brassica sp. exhibit the capa-
bility to absorb large quantity of U, especially with treatment by citric acid (Chang
et al.  2003).

Shtangeeva et al. (2005) reported an easy accumulation of Th by wheat seedlings
which resulted in the decrease of Ca in leaves as well as in the uptake of other nutrients.
A significant decrease of Th in the growth media, both soil and water, up to 5 times and
1.7 times, respectively indicates that Th may be easily phytoextracted (Shtangeeva and
Ayrault 2004).

Based on available data on the occurrence of U in plants, following contents can be
presented (in µg kg–1): higher vascular plants, 5–60; various vegetables, <5–20; potato
tubers, 0.08 µg kg–1 (Kabata-Pendias and Pendias 2001). Uranium content in crop plants
decreases slightly with the age of plants, e.g., lucerne sampled in May contained U at
the level of 9.2, while lucerne sampled in June contained this element at the level of
3.9 µg kg–1 (Anke et al. 2000). These authors presented data for U content in several
plant foodstuffs in the range from 0.2 to 17 µg kg–1 FW in apple and sweet paprika,
respectively. Parsley is reported to contain the highest level of U among vegetables
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(Table II-3.14). The average U content in winter wheat grains sampled in Sweden is
0.1 µg kg–1 and in barley grains is 0.2 µg kg–1. Fairly similar Th concentrations have
been determined in Swedish cereals (Eriksson 2001a). Important sources of certain
actinides (Pu, Am, Cm) as well as other radionuclides to plants may be marine algae
used as organic fertilizer, particularly for vegetable cultivated in certain areas of the
French Atlantic coast (Colle et al. 2002).

Little et al. (1980) studied the behavior of Pu and concluded that its soluble fraction
is easily mobile in soils and easily available to grasses. In an area polluted with Pu,
much of this radionuclide was attached to the plant surface which indicated its aerial
sources (Deinstbach et al. 1983). Accumulation of 239+240Pu in mosses of Lithuania is
higher in the southwestern part on the country (range 0.4–8.4 Bq kg–1) than in the
northern part (range 0.1–1.6 Bq kg–1) (Lukšienè and Druteikienè 2004).

Moss samples from the Scandinavian countries contain U in the range of 2.8–1 300
and Th in the range of 4–5 100 µg kg–1 (Berg and Steinnes 1997). Lichens are found to
be good monitors of concentrations of U in air and were used to assess the U levels in
the Balkan area, after the use of DU during the conflict in 1999. The U contents of
lichens varied widely depending on species and sampling sites. The highest levels, from
81 to 306 µg kg–1, seem to be found in Pseudevernia sp. collected in Greece. According
to the statements of the authors, the average U concentration was in line with the val-
ues reported in lichens from other countries and does not indicate any contamination
by DU in this area (Loppi et al. 2003).

II-3.4.7
Humans

Actinides are easily accumulated in plants and thus are taken up by humans with veg-
etation in their diet and by animals with forage. However, presently available data do
not indicate any significant biomagnifications in the food chain. Nevertheless, it has
been stated that the main source of radionuclides, especially for rural population, is
from food chain (Dolin and Bongdarenko 2004). Aerial dust and aerosols also can be
a significant source of these elements, especially in areas of the U industry (e.g., min-
ing, production of nuclear fuel).

Table II-3.14.
Uranium in some foods of the
USA (µg kg–1 FW) (adopted
from ATSDR 2002a)

II-3.4  ·  Actinides
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Easily soluble compounds of U are accumulated in the human body in both, soft or-
gans (mainly in kidneys and liver) and bones. Mean concentrations of U in the organs
of persons of all age groups from the USA are as follows (in µg kg–1): lungs, 0.5–1.2;
liver, 0.12–0.33; kidneys, 0.4–1; bones, 0.3–1.9; and whole blood, 0.1–0.14. The mean
worldwide value for U in blood is 0.58 µg kg–1 (ATSDR 2002a).

Normal levels of dietary 234+238U indicate that the intake of these radionuclides by
adults might be about 0.3–0.5 pCi d–1 for each isotope. Whereas, worldwide intake values
for U has been reported to average 1 pCi d–1. Dietary intake of U by the US population
varies from 1.3 to 4.4 µg d–1 per person and a mean intake by Japanese people is
0.71 µg d–1 (ARSDR 2002a). Soft tissues of beef organs may contribute relatively high
proportion of U in the diet (Table II-3.14). The MPL value of 2 µg kg–1 d–1 is given for
an intermediate-duration of oral exposure to soluble compounds of U, based on renal
effects in dogs (ATSDR 2002a).

Plutonium occurs mainly as oxide compound (PuO2) and thus is less available to
humans than U, however, it is considered to be relatively more toxic than U. There is
a possibility that Pu can enter the body through ingestion of dust in areas close to
nuclear weapon test camps. The gastrointestinal absorption values for actinides, as
estimated by ICRP (1993), vary from 0.01 to 0.05% of the dose and are much lower than
the absorption due to inhalation.

Plutonium is considered to be the most radiotoxic among the transuranic elements.
Several mutagenic, carcinogenic and teratogenic effects, especially pulmonary disor-
ders, after the inhalation Pu compounds, have been frequently reported in recent years
(Melo and Burkart 2004). In addition several other health effects on both humans and
animals were observed, particularly hepatic degeneration, hematological, neurologi-
cal, developmental, and musculoskeletal (ATSDR 2002a). Uranium can damage capil-
lary vessels, the nervous system, and chromosomes of white blood cells. Similar toxic
effects, as for Pu, were observed at the increased exposure to this radionuclide (Seiler
and Sigel 1987).

The concentrations of 241Am are reported to be at the levels of 0.48 and 0.048 mBq kg–1 FW
in shellfish and in fresh vegetables, respectively. The concentrations of 232Th in vegetables
of the USA vary form ≤1 to ≤9 fCi g–1 FW, being the lowest in tomatoes and the highest
in celery. In canned fruits, Pu was detected at the concentration up to 0.11 fCi g–1

(ATSDR 2002a).
Contents of 241Am in food plants vary greatly and seem to be the lowest in potatoes

(0.013 mBq kg–1 FW) and the highest in squash and pumpkin (3 mBq kg–1 FW) (ATSDR
2002a). The availability of 241Am from the food chain to humans is considered to be
low. However, the food chain lichen-reindeer-man might be of concern, since in rein-
deer livers its content seems to be increased, and in the period 1974–1976, was at
5.4 pCi kg–1 FW (Jaakkola vide ATSDR 2002a). The overexposure of humans and ani-
mals to this radionuclide indicates several health effects such as damage in liver, thy-
roid, blood, and kidneys. Bones accumulate the majority of the 241Am in all mamma-
lians and this can cause bone fibrosis, cell depletion, and marrow atrophy.
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Chapter II-4

The trace elements of Group 4 are titanium (Ti), zirconium (Zr), and hafnium (Hf).
Titanium is considered a trace element only because of its low concentrations in plant
and animal tissues. The physical and chemical properties of these metals differ
(Table II-4.1), but they all are widely distributed in both litho- and biosphere. How-
ever, their biochemical functions are hardly known.

II-4.1
Titanium (Ti)

II-4.1.1
Introduction

Titanium shows the strong lithophilic characteristic and is a common constituent of
rocks, in the range of 0.03–1.4%. Its average abundance in the Earth’s crust is given
as 0.4–0.6% (Table II-4.2.). Titanium exhibits variable valences (Table II-4.1), but in
minerals occurs mainly in the tetravalent oxidation state as a major component of
oxides, titanates, and silicates. The most important and of an economic value are:
ilmenite, FeTiO3; rutile, TiO2; and to a lesser degree, sphene (titanite), CaTiO · SiO5.
Anatase and brookite are also composed of TiO2, but have different crystallographic
coordinations. Many of Ti-containing minerals are resistant to weathering and they
are often associated with other heavy, resistant minerals that are accumulated in
some deposits.

Trace Elements of Group 4
(Previously Group IVb)

Table II-4.1. Selected properties of trace elements of Group 4

Ti
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II-4.1.2
Production and Use

Annual global production of Ti in 2003 was 4.22 Mt and increased significantly since
1995 when its production was 2.30 Mt (Reimann and Caritat 1998; WMSY 2004). It is
obtained mainly from rutile and ilmenite deposits. Additional sources of Ti are
byproducts of the production of iron by electronic furnace reduction of ilmenite.

Table II-4.2. Abundancea of titanium, zirconium and hafnium in the environmentTi
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Most of the total quantity of mined Ti is used for the production of white pigments
used broadly in various manufactures. It serves as catalyst in the production of polyeth-
ylene. It is also used in the aeronautic industry and is added to metal plates, pins, etc.

Additional, but significant use of Ti is in alloys, especially for orthopedic implants
and prosthesis. Titanium dioxide is applied in cosmetics, mainly in the therapy of skin
disorders. It is an additive to food and toothpaste and is used in variety of tablet-coat-
ing formulations.

II-4.1.3
Soils

Titanium contents in surface soils range from 0.02 to 2.4% (Table II-4.2). Calculated
mean for worldwide soils is 0.33%. Soils of Kazakhstan contain Ti at the level of 0.2–0.7%
of which very low proportion was easily mobile (Grabanov 1970). Swedish arable soils
contain Ti in the range from 0.14 to 0.51%, at an average value of 0.37% (Eriksson 2001a).

Since Ti minerals are very resistant to weathering they occur often undecomposed
in soils and therefore has been used as an index for soil genesis. Due to its relatively
stable content in soil layers, the total Ti (also Zr) contents of soils have been used in
several studies of soil genesis and of the continuity of soil profiles.

The solubility of Ti in soils is very limited, therefore in the soil solution it occurs at
a relatively low level of about 30 µg l–1. When Ti-bearing silicates are dissolved, the
metal is soon transformed into Ti oxide-aquate and transformed to anatase or rutile.
Anatase seems to be the most common Ti-mineral in soils. However, Ti can enter into
the structure of some layered silicates and is likely to be adsorbed on surface of Fe-Mn
concretions.

Soils exposed to effluents or emissions from certain industries (Ti alloys, Ti-paint
production) may become contaminated by Ti, however, this element does not create
any environmental problems.

II-4.1.4
Waters

Titanium, a slightly mobile element, is present in the hydrosphere in limited amounts.
According to data presented by Gaillardet et al. (2003), concentrations of Ti in river wa-
ters range between 0.02 and 2.3 µg l–1 and worldwide average is estimated at 0.49 µg l–1.
Titanium concentration in stream waters, as given by Reimann and Caritat (1998), varies
from 12 to 926 µg l–1, being the highest in India and the lowest in Nova Scotia, Canada. In
the US rivers, its concentrations vary from 2 to 107 µgl–1 (www.inchem.org/documents/ehc).

Titanium in waters of the Baltic Sea drainage basin ranges from 1.2 to 29 µg l–1, and
its concentrations in water of the Baltic Sea are between 0.08 and 0.15 µg l–1 (Szefer
2002a). Concentration of Ti up to 9 µg l–1 has been observed in seawater (Nordman
and Berlin vide Anke and Seifert 2004), whereas Nozaki (2005) reported mean concen-
tration of Ti at 0.007 µg kg–1 for the Northern Pacific.

Rainwater collected in Sweden during 1999 contained Ti at an average value of
0.44 µg l–1 (Eriksson 2001a). Drinking waters in the USA contain Ti from 0.5 to 15 µg l–1

(Anke and Seifert 2004).

II-4.1  ·  Titanium (Ti)
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Aquatic biota. In seaweeds, Ti is likely to be concentrated at the range of 22–60 mg kg–1

(Szefer 2002a). However, higher Ti concentrations, especially in zooplankton also have been
reported. Increased level of Ti in some algae may introduce its large quantities into the food
chain. Titanium can be concentrated up to 400 mg kg–1 in hard tissues of sea animals.

The discharged TiO2 into water systems can be harmful to some fish.

II-4.1.5
Air

The origin of Ti in the atmosphere is mainly terrestrial. However, anthropogenic sources
of Ti are also of an importance as is clearly demonstrated by the increase of its content
in the range of 0.5–2.5 ng m–3 in air from remote regions to 15–25 ng m–3 in urban
areas (Table II-4.2). Reimann and Caritat (1998) gave the global median values for Ti
in the remote regions as 7 ng m–3 and in polluted zones as 85 ng m–3. Concentrations
of Ti in air of the USA range from 10 to 100 ng m–3, and in industrial regions can in-
crease up to ≤1 000 ng m–3 (www.inchem.org/documents/ehc).

II-4.1.6
Plants

Contents of Ti in plants seem to be highly controlled by soil properties and origin.
Anke and Seifert (2004) presented the variation in Ti mean contents in various plants
as affected by geological origin of soils. The highest contents of Ti, at about 100 mg kg–1,
were found in plants from loess and some weathered in situ soils, whereas the lowest
concentrations were in plants grown on Histosols.

Titanium in food-plants ranges from 0.13 to 6.7 mg kg–1. The lowest values are in
prepared cereals and fruits (apples, bananas and oranges) and the highest in lettuce,
radish and corn. Contents of Ti in grain crops from Kazakhstan range from of 1.2 to
7 mg kg–1 and in wheat flour, from 0.4 to 1.0 mg kg–1 FW (Grabanov 1970). In Swedish
cereal grains, mean Ti concentrations are 0.17 and 0.25 in wheat and barley, respec-
tively (Eriksson 2001a).

The concentration of Ti in plants decreases with age and may be reduced by one-
third in older plants as compared with plants in early growth stage (Anke and Seifert
2004). Some weeds, especially horsetail and nettle are known to accumulate more Ti,
up to 80 mg kg–1 (Kabata-Pendias and Pendias 2001). The phytoavailability of Ti is
low; the TF values are calculated for grass pasture as 0.03–0.04 (Vera Tome et al. 2003).

No clear evidence of a biochemical role of Ti has been given, although there are
some suggestions on possible catalytic function in N fixation by symbiotic microor-
ganisms and in photooxidation of N compounds by higher plants (Pais and Jones 1997).
These authors described some beneficial effects of Ti-chelates (mainly ascorbates) on
photosynthesis and on the molecular N2 fixation. Also Simon et al. (1990) reported
that the addition of Ti stimulates the growth of Rhizobium bacteria strains. Only one
early report by Wallace et al. (vide Kabata-Pendias and Pendias 2001) has described
toxicity symptoms at the content of 200 mg Ti kg–1 in bush bean, as necrotic and chlo-
rotic spots on leaves.
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Concentrations of Ti in moss from Norway average 53 mg kg–1 and range from 12
to 310 mg kg–1 (Berg and Steinnes 1997). Apparently, lichens and mosses can be
bioindicators for Ti aerial pollution.

II-4.1.7
Humans and Animals

Humans. Titanium occurs in all tissues of terrestrial and aquatic organisms. Its con-
tents in soft tissues of mammalian are around <0.3 mg kg–1, whereas in skin and hair
it occurs at 0.54 and around 3.0 mg kg–1, respectively (Jørgensen 2000). The highest
mean Ti contents in humans are reported for lung and hair, as 3.7 and 10.6 mg kg–1,
respectively (Pais and Jones 1997), and it is likely to increase with age, especially in
lung and lymph nodes. The calculated Ti content in total soft tissues of humans is
0.26 mg kg–1 (Li 2000).

A special source of Ti in human body might be due to its release from some
implants made of Ti-alloys. There is evidence that some Ti-implants can cause mild
inflammatory reactions. A man exposed to Ti contamination might have 33 and
150 mg of this metal in lung and lymph nodes, respectively (www.inchem.org/
documents/ehc).

Food is the principal source of humans exposure to Ti. The intake of Ti varies
depending on diet and region, and is calculated, on average as 66–207 µg d–1 for women
and 90–253 µg d–1 for men, being the lowest for vegetarians (Anke and Seifert 2004).
Aerial dust can be a significant source of Ti to humans and especially to children.
Davis and Waller (1990) calculated that children aged 2–7 years might take up to
250 mg Ti per day (medium 81 mg d–1) derived mainly from the “pica-soil”. Daily Ti
intake for the world population is reported to vary from 750 to 2 000 µg. Typical
American diets were estimated to provide approximately 300 µg Ti d–1 (www.inchem.org/
documents/ehc).

Although Pais and Jones (1997) described beneficial effects of chelated forms of Ti
(mainly ascorbate) on humans and animals, there is no evidence indicating that Ti is
an essential element. Still no clear biochemical function has been identified for Ti.
However, Anke and Seifert (2004) have stated that the essentiality of Ti to fauna and
humans can no longer be excluded, although further investigations are required. They
concluded that the daily Ti of 30 µg for humans is likely to meet the Ti requirement.
There is not much evidence of Ti hazard to humans. Thus, there is no reason to believe
that the exposure to Ti would have any health risk for the general population, with an
exception of accidental exposures, especially to TiCl4.

Animals. Relatively high average contents of Ti reported for the house mouse are 1.89
and 3.26 mg kg–1 for unpolluted and polluted areas, respectively. Anke and Seifert (2004)
calculated that mice and voles ingest 140–170 µg Ti per day, while daily intake by cats
via commercial food varies between 17 and 590 µg d–1.

Some evidence has been reported for the carcinogenicity of TiO2 (mainly due
to dust exposure) and for effects on the reproduction of animals (Anke and Seifert
2004).

II-4.1  ·  Titanium (Ti)
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II-4.2
Zirconium (Zr)

II-4.2.1
Introduction

The crustal abundance of Zr varies from 100–200 mg kg–1, being the lowest in ultra-
mafic rocks and calcareous sediments (Table II-4.2). Zirconium exhibits both oxyphilic
and litophilic tendencies and its predominant valency is +4 (Table II-4.1). The main mineral
of Zr is zircon, ZrSiO4, but baddeleyite (zirconia), ZrO2, has also technological impor-
tance. It occurs in several complex silicates and is associated with Ti and Hf minerals.

II-4.2.2
Production and Use

Zirconium is obtained as sand deposits which are most often enriched in U and Th
what leads to environmental concern. Its production in 2003 was estimated at 1.1 Mt
(WMSY 2004). It is also obtained as byproduct of the Ti production.

The principal use of Zr is for atomic energy purposes. Due to its great resistance to
heat (melting point 4 377 °C) and to corrosion, it is an important component of alloys,
glass and ceramics. It is also applied for water-repellent textiles, dyes and pigments;
and utilized in pyrotechnics. Some Zr minerals (zircon and baddeleyite) are used for
the gem zircons production and sometimes to imitate diamonds.

The important application of Zr-metal is in medicine as an addition to implant
materials for bones and muscles. ZrO2 is also added to bone cement for better X-ray
contrast (Schaller 2004). This metal is a component of some cosmetics and toothpaste.

II-4.2.3
Soils

Parent rocks are the main source of Zr in soils where it is slightly mobile. Some or-
ganic acids seem to be the transporting agents for the migration of Zr within soil
profiles.

Contents of Zr in soils vary within the range of 30–250 mg kg–1, being the lowest in
peat soils and the highest in sandy soils (Table II-4.2). Zicronium distribution in soils
seems to be a function of soil texture (Table II-4.2), the lowest contents are in sandy
soils (90–200 mg kg–1) and the highest in heavy loams (330–850 mg kg–1). This metal,
like Ti, has been used as an index for soil genesis. Especially the Ti to Zr ratio gives
reliable results. The greatest abundances of Zr, up to 300 mg kg–1, was found in residual
soils derived from Zr-rich rocks, and up to 850 mg kg–1 in soils derived from basalts
and andesites (Kabata-Pendias and Pendias 2001). Also some chernozems of Russia
are reported to contain Zr between 200 and 550 mg kg–1 (Protasova and Kopayeva 1985).
Median contents of Zr in agricultural soils of Japan are 21 and 100 mg kg–1 in Gleysols and
Andosols, respectively, and average 85 mg kg–1 (Takeda et al. 2004). The mean value of Zr
in Swedish topsoil samples is 308 mg kg–1 and the maximum content is 757 mg kg–1

(Eriksson 2001a).

Zr



157

II-4.2.4
Waters

Due to the limited solubility of most compounds and minerals of Zr, its concentration
in waters is relatively low. Water-soluble Zr compounds are converted into insoluble
zirconia (ZrO2) at a broad range of water pH 4–9.5.

Different values for Zr concentration in waters are presented in literature. In stream
and river waters its abundance is: (i) 0.9–90 µg l–1, median values after Reimann and
Caritat (1998), (ii) 20–200 µg kg–1, after Schaller (2004), and (iii) 0.03–0.98 µg l–1, after
Gaillardet et al. (2003). The last authors calculated the global average for Zr in fresh
waters as 0.04 µg l–1. The median Zr concentration in sea waters is around 0.03 µg l–1

(Reimann and Caritat 1998) and mean Zr content in the North Pacific is 0.015 µg l–1

(Nozaki 2005).
Rainwater collected during 1999 in Sweden contained Zr at the average value of

0.024 µg l–1 and at the maximum value of 0.04 µg l–1. Its wet deposition has been esti-
mated as 0.25 g ha–1 yr–1 (Eriksson 2001a).

II-4.2.5
Air

The Zr concentrations in air from polluted regions ranges between 0.7 and 26 ng m–3,
and the calculated median value is 3 ng m–3 (Reimann and Caritat 1998).

The maximum concentration at the workplace established in Germany (MAK value)
for Zr in air is now reduced to 1 mg m–3 (Schaller 2004).

II-4.2.6
Plants

The soil Zr is slightly available to plants, and it is taken up presumably as anionic forms,
Zr(OH)5

–. Its higher content in roots, especially in nodules and roots of legumes, than
in tops, indicates its low mobility within plant organs. The TF value for the accumula-
tion of Zr by grass pasture calculated as 0.09 clearly confirmed its low phytoavailability
(Vera Tome et al. 2003).

There are very scanty data on Zr status in plants. The Zr levels in food plants vary
from 0.002 to 2.6 mg kg–1, being the lowest in cereals and the highest in beans (Kabata-
Pendias and Pendias 2001). Winter wheat and barley grains grown in Sweden contain
Zr at the mean value of 0.008 and 0.013 mg kg–1, respectively (Eriksson 2001a). Some
herbage, especially legumes, trees and shrubs are likely to concentrate more Zr than
other plants. Herb plants sampled in 1999 along highways in Germany contained Zr in
the range of 0.07–0.92 mg kg–1, being the highest in dandelion (Djingova et al. 2003).

There is not much agreement among the reported values for Zr (presumably due to
low reliability of analytical results), however there is no accumulation of this metal in
food plants. This metal can be relatively easily taken up by plants from the deposition
of atmospheric particulates, especially in industrial regions. Increased level of Zr in
moss (average 0.35 mg kg–1) indicates its source from dust and rainwater (Berg and
Steinnes 1997).

II-4.2  ·  Zirconium (Zr)
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Toxic effects of high concentrations of Zr on plants, especially on root growth, are
commonly reported. However, a stimulating impact of this metal on the growth of
yeast and on protein synthesis of some microfungi has also been described (Pais and
Jones 1997).

II-4.2.7
Humans

Zirconium is reported to occur in mammalian tissues at the range from <2 to <5 mg kg–1,
and its intake with diet is calculated as 0.1 g d–1 by a man of weight 70 kg (Jørgensen
2000). Li (2000) calculated Zr content in total soft tissues of humans as 0.021 mg kg–1,
with the highest concentration in lymph, at 0.3 mg l–1. Its increased accumulation in
liver may also occur.

Zirconium has been considered as an element of low toxicity. However, the inhala-
tion of Zr compounds by workers exposured to industrial sources of that metal might
affect granulomatous changes both in skin and lungs (Schaller 2004).

II-4.3
Hafnium (Hf)

II-4.3.1
Introduction

Crystallographic and chemical properties of Hf are very analogous to those of Zr, es-
pecially resemblance of the atomic radius is remarkable (Table II-4.1). However, its
terrestrial abundance is much lower than Zr and ranges between 3 and 5 mg kg–1. Some
higher Hf contents, up to 6 mg kg–1 can be found in sandstones.

Hafnium occurs mainly in minerals of Zr, such as zircon, (Zr,Hf)SiO4 and baddeleyite,
(Zr,Hf,Ti,Fe,Th)O2, and may be also associated with other minerals such as biotite and
pyroxenes.

II-4.3.2
Production and Use

The global annual production of Hf in 1997 was estimated as 60 t (Kabata-Pendias and
Pendias 1999).

Hafnium is used mainly (up to 90% of its production) in the nuclear industry, es-
pecially as reactor control rods. It is added to various alloys and applied in photo-
graphic flashes. Also biomaterials can contain Hf due to its good biocompatibility and
osteoconductivity (Szilàgyi 2004).

II-4.3.3
Soils

Contents of Hf in soils are reported to range between 2 and 20 mg kg–1 (Table II-4.2).
Reference soils from China contain Hf from 7 to 14 mg kg–1 (mean 7.9), and soils of the
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USA contain from 2.5 to 17 mg kg–1 (mean 7.3) (Govindaraju 1994). The median Hf
content of the worldwide soils is 5 mg kg–1, with a range of 1–10 mg kg–1. The mean
value of Hf in Swedish topsoil samples is 7.6 mg kg–1 and the maximum content is
14 mg kg–1 (Eriksson 2001a).

II-4.3.4
Waters

Median concentrations of Hf in stream and river waters range between 8 and 10 ng l–1,
after Reimann and Caritat (1998), and from 4 to 110 ng l–1, after Gaillardet et al. (2003).
The worldwide average is calculated as 6 ng l–1. Hafnium in ocean water averages
7 ng l–1 (Reimann and Caritat 1998) and in the North Pacific its concentration is given
as 3.4 ng kg–1 (Nozaki 2005).

Somewhat elevated contents of Hf were found in stream sediments in Germany, up
to 38 mg kg–1 (Reimann and Caritat 1998).

Rainwater sampled during 1999 in Sweden contained Hf at the average value of
1 ng l–1 and at maximum of 2 ng l–1, and its wet deposition has been calculated as
11 mg ha–1 yr–1 (Eriksson 2001a).

II-4.3.5
Air

Hafnium occurrence in air from the remote area (Greenland) ranges between
40–60 pg m–3. Air from industrial regions contains much higher amounts of this metal,
up to over 700 pg m–3, that clearly indicates its anthropogenic sources (Kabata-Pendias
and Pendias 1999). The hazard level of Hf in air is 0.5 mg m–3 (Szilàgyi 2004).

II-4.3.6
Plants

The common range of Hf contents in plants vary from 0.01 to 0.4 mg kg–1. Some parts
of plants, e.g., spruce bark, contain a bit higher amounts of Hf, up to 11 mg kg–1 (Re-
imann and Caritat 1998). Lieth and Markert (1985) reported Hf content of blueberry
tops to be <1 mg kg–1. Eriksson (2001a) has found the Hf concentrations in cereal grains
to be at the mean values of 0.4 and of 0.6 µg kg–1 for wheat and barley, respectively.
Food plants contain Hf within the range of 0.6–1.1 µg kg–1 FW (Oaks et al. vide Kabata-
Pendias and Pendias 2001). Although Hf is very slightly available to plants, its elevated
contents, in plants grown on soil amended with sewage sludges were observed.

II-4.3.7
Humans

Hafnium was detected in mammalian muscles at the content of <40 µg kg–1 (Jørgensen
2000), and in human blood at mean concentration of 21 µg l–1 (Reimann and Caritat
1998). The distribution of radiohafnium in rat organs was found to be in the following
order: skeleton > skin > muscle > liver (Taylor et al. 1983).

II-4.3  ·  Hafnium (Hf )

Hf



160 Chapter II-4  ·  Trace Elements of Group 4 (Previously Group IVb)

The absorption of orally administered 181Hf to hamsters was relatively low, between
0.04 and 0.13% of the dose. The radiohafnium (175+181Hf) was found to be bound mainly
to blood plasma and in the liver cytosol (Szilàgyi 2004).

Similar concentrations of Hf in plant and animal tissues indicate a lack of the bio-
logical discrimination in its easy transport through the trophic chain.

There are no reported toxicity symptoms of Hf, except for an individual allergic
sensitivity.

Hf
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Geochemical characteristics of the metals of Group 5, vanadium (V), niobium (Nb)
and tantalum (Ta), are variable, although all elements exhibit mainly lithophilic ten-
dencies. Vanadium is widely distributed in geochemical environments where it forms
both cationic and anionic compounds. Two elements, niobium and tantalum have very
similar atomic radius and resemble each other in geochemical properties (Table II-5.1).
Both metals are rather rare in the biosphere (Table II-5.2), are highly associated with
Fe, Ti, Mn and Zr, and are likely to be concentrated in polymetallic concretions in the
ocean bottom.

II-5.1
Vanadium (V)

II-5.1.1
Introduction

The abundance pattern of V in rocks shows its tendency to be concentrated in mafic
igneous rocks and in argillaceous sedimentary rocks (Table II-5.2). Its oxidation state
is variable, but under weathering conditions it is mainly V5+ (Table II-5.1). In the oxi-
dized state, V5+ shows isomorphic relation to other cations such as: As5+, and Mo5+,
whereas V2+ behaves similarly to Fe2+.

Vanadium does not form many own minerals of which most important are: vana-
dinite, Pb5Cl(VO4)3; roscoelite, KV2(OH)2(AlSi3O10); mottramite, Pb(Cu,Zn)(VO4) (OH);
and patronite, of variable composition: VS2, VS4, and V2S5. Vanadium can form variable

Trace Elements of Group 5
(Previously Group Vb)

Table II-5.1. Selected properties of trace elements of Group 5

V
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compounds (vanadium oxysalts) of which (VO4)3– plays significant role due to adsorp-
tive properties. These minerals have complex composition, like e.g., carnolite,
K2(UO2)2(VO4)2 · 3H2O. Vanadium occurs commonly as admixture in about 70 miner-
als. Most of the V-containing minerals, however, are of secondary origin. Vanadium is
very often associated with primary minerals such as: pyroxenes, hornblende, biotite
and magnetite. During weathering, the mobility of V is dependent on the host miner-
als and on pH-Eh conditions, and finely is incorporated into clay minerals, and Fe-

Table II-5.2. Abundancea of vanadium, niobium and tantalum in the environmentV
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hydroxides. Some V-ions, e.g., (VO4)3–, are easily fixed to the surface of clay particles,
and often together with phosphates to secondary apatites.

Vanadium reveals lithophilic affinity, and also is highly concentrated in several bitu-
minous sediments and coals. Its average content in coal is estimated for 58 mg kg–1, and
in fly ash for 208 mg kg–1 (Llorens et al. 2000). However, some elevated concentrations
of V are reported (in mg kg–1) in: (i) fly ash up to >1 000, (ii) crude oil  up to 1 300,
(iii) crude-oil ash up to 22 000, and (iv) asphalt, up to 6 000 (Kabata-Pendias and Pendias
1999). High concentrations of V in organic sediments are effects of several processes
like sorption by lipids and cholines, and substitution of Mg2+ by vanadyl ions VO2+

(Piispanen and Lähdesmäki 1983).

II-5.1.2
Production and Use

Global production of V was around 34 kt in 1990 and 43 kt in 2000 (USGS 2004). Some
quantities of V are recovered from petroleum residues, ashes, and catalysts, however it
is not possible to calculate this level (ATSDR 2002a).

Various compounds of metallic V are currently used for a wide variety of purposes.
A great proportion of this metal (about 85% of mined metal) is utilized as an agent in
the steel industry, mainly for heat-resistant and high-strength alloys, especially for high-
speed tools in vibration (engines, springs). It is a component of alloys in the manufac-
ture of jet aircraft engines. It is significant corrosion inhibitor.

Small quantities of V play an important role as a catalyst in the production of some
chemicals, glass, ceramic and also in electronic industries. Some dyes for textiles con-
tain V compounds. It al also added to some pesticides and is applied as photographic
developer.

II-5.1.3
Soils

Levels of V in soils are closely related to the parent rock types. Its world median con-
tent has been established at 90 mg kg–1 (Reimann and Caritat 1998). Average contents
of V in soils vary from 10 mg kg–1 in sandy soils to 500 mg kg–1 in calcareous soils
(Table II-4.2). The reference soils of the USA contain V in the range of 36–150 mg kg–1

(Govindaraju 1994). Fairly uniform contents of V, presented as average values from 79
to 91 mg kg–1, are reported for various soils from different regions of Russia (Protasova
and Kopayeva 1985). Geometric mean of V in representative soils of Poland is
18.4 mg kg–1 (Dudka and Markert 1992). Topsoil samples from Sweden contain V within
the range of 28–111 mg kg–1, at average value of 69 mg kg–1 (Eriksson 2001a). The
median V contents in agricultural soils of Japan vary from 94 mg kg–1 in Gleysols to
250 mg kg–1 in Andosols (Takeda et al. 2004). Some residual soils derived from rocks
enriched in V contain elevated amounts of this metal, from about 70 to 100 mg kg–1

(Anke 2004c).
Low V contents are mainly in soils of light texture. Vanadium in soils seems to be

associated mainly with Fe hydrous oxides and SOM. In some soils, clay minerals can
also control the mobility of V. Apparently, the most common form of V in soils is

II-5.1  ·  Vanadium (V)
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the vanadyl cation (VO2+), that predominates in acid soils and is likely to be mobi-
lized as complexes with organic acids. Anionic forms of this metal, VO3

–, VO4
2–, and

H2VO4
–, occur rather in neutral and alkaline soil solutions (Kabata-Pendias and Sadurski

2004). Anionic species of V can be relatively easily sorbed by clay minerals, especially
together with Fe cations. This might explain considerable concentrations of V in
various concretions and nodules formed in soils: 400 mg kg–1 in Fe-rich, and
440 mg kg–1 in Mn-rich nodules.

Although there are not many reports on V pollution of soils, it is likely that indus-
trial processing of certain mineral ores as well as burning of coals and oils increase the
deposition of V in soil. Increased levels of V are observed in soils of urban and indus-
trial regions, especially around coal-burning plants and oil refinery. Elevated V con-
tents in soils are also noticed in areas with high levels of residual fuel oil consumption.
Surface soils polluted by fly ash contain up to 429 mg V kg–1 (Morrell et al. 1986).

II-5.1.4
Waters

Average concentration of V in seawaters is established at 2.5 µg l–1, in the range be-
tween 1 and 3 µg l–1 (Table II-5.2). Waters of the North Pacific contain V at the average
value of 2 µg kg–1 (Nozaki 2005). Concentrations of V in waters of the Baltic Sea vary
from 0.4 to 5 nmol kg–1, whereas in riverine-estuarine sediments of the Baltic catch-
ment V is accumulated and ranged between 53 and 153 mg kg–1 (Szefer 2002a). This
author reported that also ferromanganese nodules of the Baltic Sea contain increased
level of V, up to 400 mg kg–1.

Concentrations of V in river waters range widely from 0.02 to 5.8 µg l–1, and the
world average is estimated at 0.71 µg l–1 (Gaillardet et al. 2003). Some municipal waters
in the USA have been found to contain V levels of between 1 and 6 µg l–1, whereas up
to 70 µg l–1 was determined in rivers in the U ores regions in the USA (ATSDR 2002a).
Waters of rivers polluted by industrial effluents contain V in the range of 4–19 µg l–1

(Lis vide Kabata-Pendias and Pendias 1999).
The chemistry of V ions in aqueous media is diverse and depends highly on numer-

ous factors involving reactants as well as reaction conditions. In oxidized water con-
ditions, V is likely to occur in forms: VO2, V2O5, VO2+, and H2VO4

–. However, all V spe-
cies are easily fixed in bottom sediments. Thus V contents of sediments can be an
indicator for the pollution of aquatic systems.

Skjelkvåle et al. (2001) investigated the occurrence of V in the Nordic lakes, and
reported its concentrations to vary, at the value of 99.5 weighted percentiles, as follows
(in µg l–1): 3.1 in Finland, 2.5 in Sweden, and 2.2 in Norway. Rainwater samples col-
lected in Sweden during 1999 contain V in the range from 0.28 to 0.94 µg l–1, at an average
value of 0.5 µg l–1 (Eriksson 2001a).

Vanadium concentration in drinking water in Germany varies between 0.18 to
1.1 µg l–1, depending upon the geological origin of bedrocks (Anke 2004c).

Aquatic biota. Both zoo- and phytoplankton accumulate V, and its content in aquatic
plants can reach 80 mg kg–1 (Szefer 2002a). Vanadium is known to stimulate the pho-
tosynthesis in algae, especially blue ones.

V
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II-5.1.5
Air

Vanadium concentrations in atmospheric air vary broadly from 0.0006 ng m–3 around
South Pole to 200 ng m–3 in urban areas (Table II-5.2). Air from Spitsbergen contains
V in the range of 0.4–2 ng m–3, and in the remote region of the UK it varies from 5 to
10 ng m–3 (Cawse 1987). Concentrations of V in rural air in the USA ranged, during the
period 1965–1969, from <1 to 64 ng m–3 (ATSDR 2002a). Reimann and Caritat (1998)
reported the median values for V in the world air from remote sites at 0.5–08 ng m–3,
and from polluted sites at 200 ng m–3.

Vanadium input to the atmosphere from natural sources (soil dusts, marine aero-
sols) is estimated at 65 kt yr–1, and about the same amounts of V enter the atmosphere
from industrial sources (Anke 2004c). Increased V concentrations in air during cold
periods, as compared with warm seasons, indicate its sources from burning of fossils
fuels. Its emission from the combustion of residual fuel oils in the USA, in 1970 ranged
from 14 to 22 kt. Additional V source is from the burning of coal, wood, solid wastes
etc. (ATSDR 2002a). The wet deposition of V in Sweden is estimated at 5.7 g ha–1 yr–1

(Eriksson 2001a).

II-5.1.6
Plants

Contents of V in food plants vary broadly, from about 10 to 700 µg kg–1 and do not
show any clear regularity in the distribution among plant species and plants organs.
The highest reported contents of V are related to the V-polluted areas in Germany (Anke
et al. 2003). Several mushroom species contain elevated amounts of V, up to about
2 000 µg kg–1 (Table II-5.3).

Mosses collected in Norway during 1990–1995 contained V in the range of
<0.01–16 mg kg–1, at the average value of 2.8 mg kg–1 (Berg and Steinnes 1997). Vanadium
content of moss samples from the vicinity of peat-fired plant was up to 8 mg kg–1, and
vegetables grown close to the thermal power station contained up to 4.9 mg V kg–1.
Also grasses and clovers, grown in surroundings of the crude oil refinery contain 8 and
13 mg V kg–1, respectively (Kabata-Pendias and Pendias 1999).

Vanadium is relatively easily taken up by plants through root systems from acid
soils, and presumably it is absorbed passively as indicated by the linear function of its
content in plants versus its concentration in soil solution. Apparently cationic species
of V are more available to plants than anionic species, however, both species are ca-
pable of being chelated and thus could contribute substantially to V uptake by plants
from soils. The biotransformation of vanadates (VO3

–) to vanadyl (VO2+) during up-
take by plants has been observed (Morrell et al. 1986).

The essentiality of V for alga species and certain bacteria has been demonstrated,
while it is not considered yet to be an essential element for higher plants.

The reduction of elevated V content in plants is of a great significance since V5+ is
recognized as a potent inhibitor of several enzymes which are largely unaffected by the
reduced V4+. There is also some evidence that V is a specific catalyst of N2 fixation and
may substitute for Mo, particularly in Rhizobium bacteria. Evidence for this comes

II-5.1  ·  Vanadium (V)
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from the accumulation of V (up to 12 mg kg–1) in nodules of several legumes
(Dobritskaya vide Kabata-Pendias and Pendias 2001).

There is not much evidence for V toxicity to plants. Increased concentration of V
(up to 3 mg kg–1) in the nutrient solution under greenhouse conditions is reported to
reduce the length of collard roots by 50% (Gettier et al. 1987). Symptoms of V toxicity
(chlorosis and dwarfing) may appear at about its content of 2 mg kg–1 in some plants.

II-5.1.7
Humans and Animals

Humans. Vanadium is distributed fairly uniformly in mammalian tissues in the range of
20 to <300 µg kg–1 (Jørgensen 2000). In humans, V contents are as follows (in µg kg–1):
kidney, 25–28; liver, 61–67; and ribs, 26–40. Li (2000) has calculated V content in the total soft
tissues of human as 12 µg kg–1, being the lowest in muscles (10 µg kg–1) and the highest in
lung (100 µg kg–1). Anke et al. (2003) have stated that only V content in liver has not been
affected by age, while in other organs its content decreases significantly in older people.

Vanadium intake by adults varies from 10 to 60 µg d–1, depending on the diet and
regions. The dietary V intake of about 10 µg d–1 seems to meet the requirement (Anke
2004c). The experiments of this author show that goats fed with forage of low V con-
tents have reduced concentrations of this metal, especially in kidneys, uterus, ribs and

Table II-5.3.
Vanadium in food plants
(µg kg–1) (adapted from
Kabata-Pendias and Pendias
1999 and Anke et al. 2003)
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carpal bones. In serum, V is bound mainly to transferrin and albumines, but its trans-
port within the organism depends highly on the oxidation state (De Cremer et al. 1998).
The deficiency of V has not been observed often, however its low supply can affect lipids
level in blood and bone mineralization processes (Kabata-Pendias and Pendias 1999).

Biological function of V is related to metabolisms of lipids, glucose and phospho-
transferrine (Salifoglou 2003). It was also shown to be a strong inhibitor of Na-K and
Ca-Mg balances in the organism. Observed influence of V on metabolic and ionic
changes in a heart remains to be understood. Highly oxidized species of V are toxic,
especially to nervous system, and breathing and digestion processes. The increased
inhalation of V (at 0.1 mg V m–3) resulted in coughing and other signs of respiratory
irritation. There were no observed other acute symptoms of its excess (ATDR 2002a).

The common pathway of V exposure for the general population is the ingestion of
food, especially that bearing soil residue. Since children have a tendency to ingest soil
(pica-soil) and dust during everyday activities, soil containing increased levels of V
may result in their increased V exposure.

The threshold level for V toxicity to humans is established at 10–20 mg d–1 (Anke
2004c). Airborne V can cause irritation of eyes and respiratory track. The threshold
limit for V-pentoxide, V2O5, the most toxic compound, in air dust differs in various
countries, as follows (in mg m–3): USA, 0.5; Russia, 0.1; and Germany, 0.05–0.1 (Anke
2004c). The guidelines applicable to V in the USA gave most commonly the limit of
0.05 mg m–3 (ATSDR 2002a).

Animals. Symptoms of V toxicity in young cattle are observed at intake of 10 mg V kg–1 BW,
while a rate of 300 mg V kg–1 BW may have lethal effects (Hansard et al. vide Anke
2004c). There is some evidence that V is involved in antioxidant status of plasma of
rats and interacts with Cr in oxidative processes (Þcibior 2003).

II-5.2
Niobium (Nb)

II-5.2.1
Introduction

Niobium, also called columbium (Cb), is relatively common in the terrestrial environ-
ment, at an average content of 26 mg kg–1 in the Earth’s crust. The amounts of Nb in-
crease in acid igneous rocks and in argillaceous sediments (Table II-5.2). The +5 va-
lence state of Nb is the most stable, and its compounds are slightly soluble in both acid
and alkaline media, especially in the presence of organic complexing agents.

In the nature, Nb and Ta occur together because of their similarities in some prop-
erties and atomic radii (Table II-5.1) and both exhibit an affinity to associate with Fe,
Ti, and Zr. It is scattered in several minerals of complex formula, like for example
columbite/niobite, (Fe,Mn)(Nb,Ta)2O6, and pyrochlore, (Na,Ca)2(Nb,Ta)2O6(OH,F).
Niobium is also included in the crystal lattices of Ti-minerals and in minerals bearing
REEs. Also zircon is known as carrier of Nb in igneous rocks (Fairbridge 1972).

The average Nb content in US coal is estimated to be 2.9 mg kg–1, with the maxi-
mum level of 70 mg kg–1 (Finkelman 1999).

II-5.2  ·  Niobium (Nb)
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II-5.2.2
Production and Use

Annual global production of Nb, calculated together as Nb-Ta ores in 1995, was 18.3 kt
(Reimann and Caritat 1998). Its annual production reported in the WMSY (2004) is
about 27 kt. This metal is used mainly for carbon and stainless still alloys. It is also
applied for welding and nuclear-industry tools. Nb-containing alloys are resistant to
strength and to cryologic factors, therefore are widely used in pipeline constructions
and in aerial transportation industries.

Due to special properties, Nb is added to alloys used for surgical implants as well as
in the stomatology.

II-5.2.3
Soils

There are not many reports on the Nb status of soils. Geometric mean value of this
element has been calculated for surface soil samples of the USA (in mg kg–1) at 12.5,
and for soils of Lithuania and Poland at 3.2 (Dudka and Markert 1992; Kadunas et al.
1999). Topsoil samples from Sweden contain Nb within the range of value from 5 to
17 mg kg–1, at an average of 12 mg kg–1 (Eriksson 2001a). The median Nb contents in
agricultural soils of Japan vary from 6.3 mg kg–1 in Andosols to 14 mg kg–1 in Cambisols
(Takeda et al. 2004).

Increased levels of Nb, up to 300 mg kg–1, is reported for in situ soils derived from
various rocks, especially from alkaline basalts and trachyte-basalts (Ure et al. vide
Kabata-Pendias and Pendias 2001).

II-5.2.4
Waters

Scanty data are presented by Gaillardet et al. (2003) on Nb in river waters, only for the
USA, within the range of 1.2–11 ng l–1. The world average for river waters is given by
these authors as 1.7 ng l–1. Reimann and Caritat (1998) estimated the mean value of
Nb in the world ocean water as 10 ng l–1, and Nozaki (2005) gave the mean concentra-
tion at <5 ng kg–1 in the North Pacific. In aquatic environments Nb is likely to occur
in the ionic form of Nb(OH)6

–.
Elevated concentration of Nb in stream bottom sediments in Europe, at the maxi-

mum value of 243 mg kg–1, as reported by Reimann and Caritat (1998), may be an evi-
dence for both anthropogenic sources and easy leaching out from soils. The amount of
Nb cycling from the ocean via the atmosphere on the continents, as calculated by Korzh
(1991) is at the order of 10 t yr–1, and is fairly similar to the most of other easily mobile
cationic elements. This might be an evidence of a relatively high mobility of Nb in the
environment.

Rainwater samples collected in Sweden during 1999 contain Nb in the range from
0.8 to 7.9 ng l–1 (Eriksson 2001a).

The limit for Nb in drinking water was established in the USSR, in 1980, as 10 µg l–1

(Goering and Ziegler 2004).

Nb
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II-5.2.5
Air

Data on Nb concentration in air are lacking, however the maximum allowable level for
the hydrate form of this metal has been established at 6 mg m–3, and for the hydrate
form, at 10 mg m–3 (Goering and Ziegler 2004).

The wet deposition of Nb in Sweden has been calculated to be 23 mg ha–1 yr–1

(Eriksson 2001a).

II-5.2.6
Plants

The common range of Nb in plants is 0.02–1.1 mg kg–1. Cereal grains of Sweden con-
tain Nb in the range from 0.5 to 1.7 mg kg–1 (Eriksson 2001a). Its contents in herbs
liquor-ice (Glycyrhiza uralensis) from the Ural Mountains range from 0.14 to
1.0 mg kg–1 (average 0.4) in root system and from 0.4–2.1 mg kg–1 (average 1) in top
parts (Grankina et al. 2003). Several native plants have a capability to extract Nb from
soils that is enriched in this metal. The evidence for this is the Nb content up to about
10 mg kg–1 in plants of Rubus species grown in the Nb mineralized area of Komi (Rus-
sia) that has served as an exploration indicator for the Nb-ore deposits (Kabata-Pendias
and Pendias 2001).

Niobium in moss sampled in Norway in the period 1990–1995 ranged between <0.002
and 0.8 mg kg–1 and averaged 0.11 mg kg–1 (Berg and Steinnes 1997). Its contents have
not been changed much during the recent decades.

II-5.2.7
Humans

Li (2000) calculated the mean content of Nb in total soft tissues of humans at 27 µg kg–1,
being the lowest in kidneys (10 µg kg–1) and the highest in lymph (60 µg kg–1).

II-5.3
Tantalum (Ta)

II-5.3.1
Introduction

Mean contents of Ta in the Earth’s crust are established at the range of 1.5–2.2 mg kg–1.
The highest abundance of Ta is in granites and the lowest in some alkaline igneous
rocks (Table II-5.2).

Tantalum exhibits properties of both lithophilic and chalcophlic element and oc-
curs in few minerals, mainly oxides, and in association with Nb, Ti, Y and lanthanides.
Most of minerals bearing Ta have complex structure, and several have similar compo-
sition to tantalite/columbite, (Fe,Mn)(Nb,Ta)2O6.

Geochemical properties of Ta are fairly similar to those of Nb, but it is less mobile
than Nb because of a lower solubility during weathering processes and a slight stability

II-5.3  ·  Tantalum (Ta)
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of organic complexes. It is likely to be concentrated in argillaceous sediments and in
Fe-enriched sea bottom sediments.

II-5.3.2
Production and Use

Annual global production of Ta has been calculated to be 1.22 kt in 2000 (USGS 2004).
The major use of Ta is in the production of electronic components that are broadly

applied in nuclear, cosmic, and telecommunication industries. Because of high melting
point and good ductility, Ta is a component of super alloys used for jet engines, nuclear
reactors and missile parts. Thus, Ta is a metal of strategic importance since it is used
for rust and acid resistant alloys. Metallic dust of Ta is a fire and explosion hazard.

Tantalum is totally immune to the action of body liquids and therefore is widely
used in surgical appliances.

II-5.3.3
Soils

There is a paucity of information on the occurrence of Ta in soils. Its content of refer-
ence soils of China is reported to range from 0.8 to 5.3 mg kg–1, and in reference soils
of the USA to range between 0.7 and 1.2 mg kg–1 (Govindaraju 1994). The 90th percentile
for Ta in Finnish soils is about 1.5 mg kg–1 (Köljonen 1992). The range of Ta in soils
derived from loess deposit in Russia is 1–2 mg kg–1 (Vaganov and Nizharadze 1981).

Topsoil samples from Sweden contain Ta in the range of 0.5–1.6 mg kg–1, at an aver-
age of 1.1 mg kg–1 (Eriksson 2001a). Median levels of Ta in agricultural soils of Japan
range from 0.7 to 1.4 mg kg–1 being the highest in Gleysols (Takeda et al. 2004). A few
reports on Ta in soils from other countries gave the range between 0.2 and 3.9 mg kg–1

(Kabata-Pendias and Pendias 2001).

II-5.3.4
Waters

Gaillardet et al. (2003) presented only a few data on Ta concentrations in river waters,
in the range between 1 and 148 ng l–1, and the world average at the value of 1.1 ng l–1.
Nozaki (2005) cited the mean concentration of Ta in the North Pacific to be <2.5 ng kg–1.

Rainwater samples collected in Sweden during 1999 contained Ta in the range from
<0.1 to 0.4 ng l–1, at an average value of 0.2 ng l–1 (Eriksson 2001a).

II-5.3.5
Air

The concentration of Ta in air above Greenland is 10–30 pg m–3, and it is substantially
increased in urban areas of Japan, up to 100 pg m–3 and in atmospheric air of the USA,
up to 280 pg m–3 (Table II-5.2).

Wet deposition of Ta in Sweden is reported to be 1.5 µg ha–1 yr–1 (Eriksson 2001a).

Ta
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II-5.3.6
Plants

In vegetables, Ta ranges from 1 to <6 µg kg–1. Cereal grains (wheat and barley) from
Sweden contain Ta in the range of 1.1–5 µg kg–1, with smaller amounts in wheat than
in barley (Eriksson 2001a).

II-5.3.7
Humans

Scanty data on the occurrence of Ta in human tissues are presented by Divine and
Goering (2004) for lungs, to range from 0.1 to 18 µg kg–1, with the average value of
3.9 µg kg–1.

Human exposure to Ta radionuclides via inhalation has been demonstrated a low
solubility in human fluids. In workers of the hard-metal industry, high levels of Ta
were reported in bronchoalveolar lavage fluids, however no relation between Ta con-
centration and hard-metal pneumoconiosis was demonstrated (Sabbioni et al. 1994).

There is no defined biological function of Ta in humans and animals. Acute and
chronic effects of Ta on humans and animals are related to the impaired impact on
respiratory track and cardiovascular functions. When administered orally to rats, it is
poorly absorbed and when administered intravenously it is accumulated primarily in
kidneys (Wilson vide Divine and Goering 2004).

There is also some evidence that Ta compounds can cause tumors and therefore it
should be regarded as a toxic element. However, Ta implants are presently considered
to be biologically inert and pose little concern for human clinical pathophysiology
(Divine and Goering 2004).

The hazardous occupational exposure concentrations of Ta vary depending on its
compounds and countries. The limit for metal and oxide dust is 5 mg m–3 and for the
short-term-exposure is 10 mg m–3 (NIOSH, www.cdc.gov/niosh/rtecs/ww53fee8.htlml).

II-5.3  ·  Tantalum (Ta)
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Chapter II-6

Trace Elements of Group 6
(Previously Group VIb)

The trace metals of the Group 6, chromium (Cr), molybdenum (Mo), and tungsten (W),
have strong lithophilic tendencies. They have variable oxidation states, possess bimo-
dal redox behavior in terrestrial and aquatic environments, and are likely to be present
in two oxidation states, +3 and +6 (Table II-6.1). Metals of this group have the propen-
sity to form oxyanions and coordinate only weakly with other common environmen-
tally ligands such as Cl– or OH–.

The geochemical behaviors of Mo and W are very similar. Furthermore, in biochemi-
cal processes of some anaerobic organisms, a substitution of Mo by W in enzymes has
been observed (Buc et al. 1999; Makdessi et al. 2001).

II-6.1
Chromium (Cr)

II-6.1.1
Introduction

The distribution pattern of Cr in rocks shows the tendency to its concentration in mafic
igneous rocks and in argillaceous sediments (Table II-6.2). In ultramafic rocks its content
can be over 1 000 mg kg–1 and in felsic ones (e.g., granites) may be less than 20 mg kg–1.

Chromium is precipitated from magma at an early stage, in the chromium spinel
mineral group, with the general formula, (Mg,Fe)O · (Cr,Al,Fe)2O4. All Cr minerals are
resistant to chemical weathering and due to their high specific gravity and are usually
concentrated in various types of intrusions and deposits. Chromite ores differ in com-

Table II-6.1. Selected properties of trace elements of Group 6
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position mainly due to their variable proportion to silicate minerals. Cr-minerals are
likely to be associated with pyroxenes, amphibolites and micas. Among these miner-
als chromite, FeCr2O4 has an economic importance. Crocoite, PbCrO4, is also rela-
tively common.

Table II-6.2. Abundance of chromium, molybdenum, and tungsten in the environmenta

Cr
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The speciation of Cr is Eh-pH dependent under most environmental conditions.
The geochemistry of Cr is complex because of its easy conversion from one oxidation
state to another. The variable properties of Cr have been described in several funda-
mental publications (e.g., Bartlett 1999; Barnhart 1997; James et al. 1997; Kotaä and
Stasicka 2000).

The geochemical association of Cr with Fe and Mn is responsible for its elevated
concentrations in ferromanganese nodules of sea bottom sediments as well as in Fe-
concretions of soils.

II-6.1.2
Production and Use

Global production of Cr in 2003 was reported at 15.83 Mt (WMSY 2004). The main use
of Cr is in metallurgical, refractory and chemical industries, however, it was first used
as a pigment because of its yellow color.

The major proportion of Cr is used for stainless steel and chromate plating. In the
chemical industry, Cr (both +3 and +6) is used primarily in pigments, metal finishing,
leather tanning and wood preservatives. It is commonly used in the manufacture of
green tints for paints, varnishes, glazes and inks. Leather tanning utilizes especially
substantial amounts of Cr compounds. This metal is used in various phases of paper
manufacture. It is a component of different refractory products, such as refractory bricks.

The main source of Cr pollution is considered to be from dyestuffs and leather tan-
ning when wastes are discharged directly into waste streams, either as liquids or solids.
Sewage treatment plants from industrial and residential sources discharge substantial
amounts of Cr. Thus, COPR (chromite-ore processing residue) is of the greatest envi-
ronmental risk in some regions.

II-6.1.3
Soils

The world median content of Cr in soils has been established as 54 mg kg–1 (Table II-6.2).
Its content in soils is determined mainly by its abundance in the parent material. Since
soil Cr is inherited from parent rocks, higher contents are generally found in soils
derived from mafic rocks and argillaceous sediments. Soils developed from serpentines
are especially elevated in Cr, sometimes to above 100 000 mg kg–1. Chromium occurs
in soils mainly (>80% of total content) in the immobile residual fraction (Kabata-
Pendias and Pendias 1999).

A positive relationship between Cr and the fine granulometric fraction in soils has
resulted in a higher Cr content in silty and loamy soils than in sandy ones. Sandy and
light loamy soils contain Cr within the range of 2–350 mg kg–1, whereas in heavy loamy
and clay soils Cr ranges from 30 to 1 100 mg kg–1 (Kabata-Pendias and Pendias 2001).
Swedish arable soils contain Cr in the range from 3 to 50 mg kg–1, at an average value
of 22 mg kg–1 (Eriksson 2001a). The median Cr contents in agricultural soils of Japan
vary from 56 to 70 mg kg–1 in Andosols and Acrisols, respectively (Takeda et al. 2004).

The highly variable oxidation states of Cr (Table II-6.1) allow the formation of com-
plex anionic and cationic species, as well as organic complexes. Naturally occurring Cr

II-6.1  ·  Chromium (Cr)
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compounds have principal valences of +3 (chromic) and +6 (chromate). Highly oxi-
dized Cr forms are much more mobile than Cr3+ species, especially under very acid
and alkaline ranges of pH (Fig. II-6.1). Estimated complex ion species mobile (soluble)
in soil environments are: CrOH2+, CrO4

2–, HCrO4
–, HCrO3

2–, Cr(OH)4
–, Cr(CO3)3

3– (Kabata-
Pendias and Sadurski 2004). In the contrary, the species Cr(H2O)6

3+, is considered rela-
tively inert due to the slow exchange of hydration water (Raspor 2004). In addition, Cr
reveals a great capability to form various organic complexes. Thus, ionic Cr species are
highly susceptible to oxidation-reduction processes that govern the behavior of this
metal in soils (Bartlett 1999).

Soil pH has an influence on Cr speciation. In uncontaminated (pristine) soils at
neutral pH, Cr is slightly mobile and thus not easily available to plants which may have
nutritional implications. However, several soil factors, and especially organic substances
have a crucial impact on Cr forms and behavior. Soil pH also has an influence on Cr
species and solubility (Fig. II-6.1). As El-Bassam (vide Kabata-Pendias and Pendias
2001) observed, under the same redox potential (500 mV), Cr3+ predominated at pH 5,
Cr(OH)3 was formed between pH 5 and 7, and CrO4

2– occurred at pH >7. The rapid
conversion of the Cr oxidation state is closely associated with Fe and Mn oxidation-
reduction processes in soils (James et al. 1997; Geelhoed et al. 2003). The reduction of
Cr6+ can lead to two general types of products: soluble Cr3+-organic compounds or Cr-
hydroxide precipitates, Cr1–xFex(OH)3 (Fendorf et al. 2004). However, biological reduc-
tion or reduction by organic molecules have the potential to form soluble Cr3+-organic
complexes. Biogenic Fe2+ is also involved in the reduction of Cr6+. Due to the ease in
variability of the oxidation state of Cr, this metal is used for the standard spot plate
field test for the oxidation potential in soils (Bartlett 1999).

The sorption of Cr in soil is associated primarily with the clay content, and to a
lesser extent with Fe hydroxides and the organic matter content (SOM). The impact of

Fig. II-6.1.
Solubility of trivalent and hexa-
valent Cr as a function of pH
(based on data after Bartlett
and Kimble 1976)

Cr
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SOM on the conversion, and particularly on the reduction of Cr (especially Cr6+ to
Cr3+) is of great environmental significance, and has been studied widely (Bartlett 1999;
Barnhart 1997; Wittbrodt and Palmer 1996). James et al. (1997) and James (2001) de-
scribed the Cr3+/Cr6+ balance of exchange as an oscillating “seesaw” with available Mn
and organic matter, where the soil pH acts as a controllable master variable that helps
to set the oxidizing reactivity of Mn oxide versus the reducing properties of organic
matter and other compounds (e.g., Fe, S). These authors has also described the vari-
ability of Cr ions as affected by the oxidation-reduction potential of soils amended
with various wastes, particularly those containing organic matter. Under oxidizing con-
ditions, Cr6+ in soil is present mainly as CrO4

2– and HCrO4
– (James et al. 1997). Under

natural soil conditions, the Cr oxidation potential seems to be directly related with
Mn-oxide contents (Chung and Sa 2001). Peat exhibits a high sorption capacity for Cr,
in the range of values from 24 250 to 52 800 mg kg–1, and bind this metal mainly as an
insoluble metal-organic complex (KyzioÝ 2004).

Forms and transformation of Cr in soils have great environmental and health im-
plications. Therefore, the speciation of Cr in soils and its solubility in Cr-polluted soils
have been widely studied (Barnhart 1997; Rüdel et al. 2001). The conversion of Cr species
in soils can be relatively rapid and significant. Dudka et al. (1993) demonstrated, using
Tessier’s method (Tessier et al. 1979), that organic matter added as sewage sludge to
the soil (loamy sand, pH 6.1) caused significant variation in Cr species: exchangeable
forms increased from 8 to 52%, and organic matter-bound forms increased from 9 to
31% of the total Cr content. Such concentrations of mobile Cr can be toxic to crop
plants. In highly Cr-polluted soils in Mexico, total Cr contents in surface layer vary
between 807 and 12 960 mg kg–1 and is concentrated mainly in two fractions; reducible
hydrous Fe-Mn oxides and oxidizable sulfides and organic phases (Armienta et al. 1996).

In ultramafic soils, where a large part of Cr occurs mainly in insoluble phases, Cr
was present in the soil solution, under natural vegetation, in the range of 2.7–10 µg l–1,
whereas under crop vegetation, due to effects of phosphorous fertilizers, its concentra-
tions reached up to 700 µg l–1 (Becquer et al. 2003).

Readily soluble Cr6+ in soils is toxic to both plants and animals. Toxic effects, how-
ever, are highly dependent on soil properties, and especially on soil texture and pH.
The activities of soil microbial enzymes decrease under increased Cr-levels in soils;
dehydrogenase activity and nitrification processes are especially sensitive (Pacha 1989;
Rüdel et al. 2001). Hexavalent Cr compounds exhibit a strong mutagenic effect on
Bacillus subtilis, while Cr3+ compounds are only slightly mutagenic to that microbial
species (Pacha and Galimska-Stypa (1988). The response of soil bacteria to Cr3+ is
species dependent, that is, while Rhizobium sp. and Bradyrhizobium sp. do not tolerate
any Cr3+, the growth of other soil bacteria is stimulated by concentrations (0.2–5 mg l–1)
of Cr3+ (Wyszkowska and Kucharski 2004).

Soil Contamination and Remediation. The Cr content of surface soils is known to
have increased due to pollution from various sources, of which the main ones are COPR,
pigments and tannery wastes, leather-manufacturing wastes, and municipal wastes. A
number of studies have recently been curried out to understand environmental prob-
lems and effectives of remedial treatments of Cr-contaminated land (Farmer et al. 1999;
Geelhoed et al. 2003; Hiller et al. 2003).

II-6.1  ·  Chromium (Cr)
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Land contaminated with COPR (millions of tons of COPR in the past have been depos-
ited in lands around Cr industries) has recently become of great environmental concern.

Municipal and industrial wastes from various sources may contain elevated amounts
of Cr, up to 10 200 mg kg–1, at an average of 1 993 mg kg–1 (Maján et al. 2001). Its contents
in sewage sludge (mainly municipal wastes) applied to agricultural soils usually vary be-
tween 100 to 200 mg kg–1. The deposition rates of Cr to agricultural soils have been cal-
culated as 0.5–46 g ha–1 yr–1, being the lowest in Finland and the highest in Italy (Nicholson
et al. 2003). As estimated by these authors, the total annul input of Cr to agricultural land
in England and Wales in 2000 was 327 t of which 126 t was from inorganic fertilizers (mainly
phosphate), 83 t from atmospheric deposition and 78 t from sewage sludge.

Topsoils around electroplating industries in Portugal contain Cr up to 27 132 mg kg–1, at
an average of 1 000 mg kg–1 (Morgado et al. 2001). On a worldwide basis, the disposal
of commercial products that contain Cr may be the largest contributor, accounting for
about 51% of the total Cr released to soil. The disposal of coal fly ash and bottom fly
ash contribute more than 30% of Cr to soil (Nriagu and Pacyna 1988).

Farmlands amended with sewage sludges are likely to be enriched in Cr, especially
because Cr is usually accumulated at the thin top layer of soils. Chromium, as all micro-
element-cations, is not distributed uniformly in soils but is likely to be concentrated in
nodules and concretions. Nodules separated from the COPR-contaminated soils near Glas-
gow, Scotland, contain elevated amounts of Cr between 14 700 and 36 400 mg kg–1, whereas,
the whole surface soil layer (20–40 cm) averaged 16 200 mg Cr kg–1 (Farmer et al. 1999).

The main purpose of remediation treatments of Cr-contaminated soils is the conver-
sion of easily mobile Cr6+ to Cr3+. Both Cr species occur in COPR, which has a pH between
11 and 12, and is associated with various mineralogical phases. Most minerals, e.g., car-
bonates, oxides and silicates exhibit a strong capacity to accommodate significant amounts
of Cr. Due to specific geochemical properties of COPR, ferrous sulfate has appeared to be
not effective enough in the reduction of Cr6+ (Hiller et al. 2003). Geelhoed et al. (2001 and
2003) have emphasized that each Cr-contaminated site has to be studied to evaluate the
adequacy treatments designed using the model ORCHESTRA-CHROMIUM, based on
chemical equilibrium and the precipitation/dissolution reactions of various mineral phases.

Some recent studies have been focused on the effect of organic compounds (car-
bon) on the reduction of Cr6+ to Cr3+. Tzou et al. (2003) reported that in surface soils
this reduction is highly accelerated even when artificial light is available, whereas
Tokunaga et al. (2003) indicated an increased reduction of Cr6+ due to microbial ac-
tivities after the addition of organic carbon to heavily contaminated soils. Alcântara
and Camargo (2004) reported an increased Cr movement in the A soil horizon, pos-
sibly due to the formation of soluble compounds with fulvic acids.

Varieties of treatments have been applied with different effects depending upon
specific geochemical conditions of Cr-contaminated sites. Some of the remediation
treatments are as follows:

� Immobilization of Cr using materials of high sorption capacity, e.g., smectite clays,
coal, bone charcoal (or other sorbents)

� Removal of Cr by electrokinetic techniques
� Reduction of Cr6+ by ferrous sulfate and/or sulfate-reducing bacterial biofilms
� Phytoremediation

Cr
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The suitability of phytoextraction methods is rather limited because the SPTF (Soil-
Plant Transfer Factor) for Cr is relatively low and varied for herbaceous plants from 0.1
to 0.6 (Byliôska 1993) and Cr is known to be concentrated mainly in roots. The addi-
tion of organic ligands (e.g., picolinic acid) can promote the phytoavailability of Cr, as
Simon et al. (2001) have reported for a fodder radish.

The regulatory standards set up for soil Cr in the USA have been based on the in-
halation or ingestion exposure and range from 50 to 10 000 mg kg–1 (Proctor et al. 1997).

II-6.1.4
Waters

The global median value for Cr in ocean water is given as 0.3 µg l–1 (Reimann and Caritat
1998). Nozaki (2005) cited, after Nakayama, the following mean concentrations in the
North Pacific Ocean: Cr6+, 0.21 µg kg–1; and Cr3+, 0.002 µg kg–1.

The Cr content in particulate matter of the Baltic Sea varies from 0.3 to 185 mg kg–1,
being the lowest in the Southern Baltic and the highest at the Swedish coast (Szefer
2002a). Estimated total input of Cr to the Baltic Sea is relatively high, and Matschullat
(1997) calculated this as 540 t yr–1, of which 46% is of anthropogenic origin.

The median Cr content in world river waters is given as 0.7 µg l–1, with the range of
0.04–1.3 µg l–1 (Table II-6.2). Average values for Cr in river waters across the eastern
UK range from 0.4 to 6.9 µg l–1, reaching the concentration of 46.8 µg l–1, in industrially
polluted rivers (Neal et al. 2003).

The chemical mobility of Cr during erosion and transport is relatively low, and
calculated as about a 0.02 Cw/Cc ratio (Gaillardet et al. 2003), indicating a low geochemi-
cal mobility of the metal. Chromium does not occur as mobile forms in the hydro-
sphere for a long time period, however, once in marine waters, its residence time is
estimated as approximately 104 years. Chromium occurs in the oceans as both Cr3+

and Cr6+ ions, but most commonly in the highest oxidation state, CrO4
2–.

Hexavalent Cr in ground waters is likely to be bound to organic layers (Konek et al.
2004). Under natural conditions in surface waters, aqua/hydroxo complexes of Cr3+ are
dominant, although various complexes with organic matter are likely to occur. It also
may occur in surface waters in forms of ions such as CrO4

2–, Cr2O7
2–, CrOH2+, and Cr3+

(Witczak and Adamczyk 1995).
The speciation of Cr in wastewaters varies widely since organic and inorganic ligands

determine its forms. Hexavalent Cr dominates in effluents from metallurgical, refrac-
tory and pigment industries, whereas trivalent Cr is likely to be present in wastewater
from tannery, textile and plating industries (Kotaä and Stasicka 2000). Szefer (2002b)
reports that the Baltic Sea accumulates 540 t Cr yr–1, 47% of which is from anthropogenic
contamination. It has been estimated that electroplating, leather tanning, and textile
industries release especially large amounts of Cr to surface waters (ATSDR 2002a).

Farmer et al. (2002) reported that Cr concentrations in groundwater from the vicin-
ity of Cr ore processing residue disposal sites were up to 91 mg l–1 and predominantly
in the hexavalent form, as CrO4

2–. However, in the presence of organic (humic) matter
it is likely to form soluble Cr3+-humic complexes or precipitate as insoluble Cr(OH)3.
Thus, the addition of organic matter may be considered for the remediation of Cr-
contaminated aquatic sites. Concentrations of Cr in groundwater at a laboratory (Idaho
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State), where chromate was used as a corrosion inhibitor ranged from <1 to 280 µg l–1

(ATSDR 2002a).
Chromium concentrations in US drinking water are reported to range from 0.4 to

8 µg l–1, with a mean value of 1.8 µg l–1 (ATSDR 2002a). Health based limit value is
50 µg Cr l–1 (WHO 2004).

Rainwater samples collected in Sweden during 1999 contained Cr in the range of
0.08–0.38 µg l–1, at an average value of 0.23 µg l–1 (Eriksson 2001a). Concentration of
Cr in rainwater around the Baltic Sea Basin varies from 1.6 to 20 µg l–1, being the high-
est at the North Sea (Szefer 2002a).

Aquatic biota. Chromium occurs in tissues of all aquatic animals, and its highest con-
tent was reported by Lande (vide Szefer 2002a) to be 2 mg kg–1 FW in haddock (Gadus
aeglefinus), and 20 mg kg–1 in soft tissue of mussels from the Baltic Sea. The content
of Cr in seaweeds of the Baltic Sea varies broadly from 0.1 to 15 mg kg–1 (Szefer 2002a).
Some submerged aquatic plants (e.g., Vallisneria spiralis) can accumulate extremely
high amount of Cr, above 1 000 mg kg–1, and are proposed for the bioremediation of
tannery effluents (Sinha et al. 2002). Trojanowska (2003) reported a close relationship
between Cr contents in roots of Phragmites communis (macrophyte) and its contents
in bottom sediments contaminated by tannery effluent.

Some marine invertebrates (e.g., tunicates, crabs) can accumulate high amounts of
Cr, about 1 000 mg kg–1. The toxicity of Cr6+ to fish is high and has an impact on some
enzymatic activities. Toxicity is, however, very dependent on other factors, mainly water
pH (Stoecker 2004).

II-6.1.5
Air

Global median values of Cr in air are reported as 0.5–0.6 ng m–3 in remote areas and
as 40 ng m–3 in polluted regions (Reimann and Caritat 1998). However, Cr in air varies
highly from 0.003 ng m–3 above the South Pole to over 1 000 ng m–3 in industrial areas
(Table II-6.2). Continental dust flux is the main natural source of Cr in the atmosphere.
Anthropogenic sources, mainly from emissions of the metal industry and from fuel
combustion, contribute above 70% of Cr to the atmosphere. The total atmospheric Cr
concentration in the USA is <10 ng m–3 in rural areas and 10–30 in urban areas. The
maximum level of Cr in ambient air sampled during the period 1978–1982 at a site of
chromate manufacture in the State of Texas was 5 500 ng m–3 (ATSDR 2002a). The glo-
bal emission of Cr during 1990 has been calculated at 30 kt, most of which was from
metal smelters.

In the atmosphere, Cr6+ may be reduced to Cr3+ by various compounds of V2+, Fe2+,
and As2+. Conversely, Cr3+ may be oxidized to Cr6+ in the presence of at least 1% of Mn
oxide (ATSDR 2002a).

Atmospheric deposition of Cr on agricultural land in 1990 was estimated to average
(in g ha–1 yr–1) as follows: 8.7 in England and Wales, 3.5 in Germany, and 27.8 in New
Zealand (Alloway et al. 1999; Gray et al. 2003). However, earlier deposition of Cr in the
UK was estimated as 610 g ha–1 yr–1 (Cawse 1987). Recently, wet deposition in Sweden
was calculated to be 2.5 g ha–1 yr–1 (Eriksson 2001a).
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II-6.1.6
Plants

There is no clear evidence to date that Cr is essential in plant metabolisms, and thus, de-
scribed positive effects of Cr application on plant growth and development may be artifacts.

Chromium is slightly available to plants and not easily translocated within plants, thus
it is concentrated mainly in roots. The form most available to plants is Cr6+, which is the
very unstable form under normal soil conditions. Also Cr3+ and several complex Cr an-
ions (e.g., CrO4

2–) seem to be easy available to plants. Zayed et al. (1998) have shown that
patterns of accumulation and translocation of these two Cr species (Cr3+ and CrO4

2–) are
identical, however, Cr3+ is rather benign to most plants and binds strongly to soil solids.

The mechanism of absorption and translocation of Cr in plants is apparently simi-
lar to those of Fe, and therefore the capability of roots to convert Cr3+ to CrO4

2– is the
key process in Cr absorption. This Cr conversion has been observed in spite of the
different forms of Cr supplied to plants. There is some evidence that easily available
Cr6+ is transformed into Cr3+ forms in plant cells (Zayed and Terry 2003). Fendorf
et al. (2004) concluded, based on results of recent work, that Cr bioaccessibility is a
function of soil type and retention time. Plants, in general, accumulate Cr mostly in
roots, apparently because of the propensity of Cr3+ to bind to cell walls (Zayed et al.
1998). The ratio of the shoot/root Cr concentration varies widely from 0.005 to 0.027
for most vegetable crop plants.

Contents of Cr in plants have recently received much attention due to the knowl-
edge of its importance as an essential micronutrient in human metabolic processes,
but also because of its carcinogenic effects. Thus, an adequate rate of nutritional Cr has
become an important issue. There is some evidence of Cr phytotoxicity, and Chatterjee
and Chatterjee (2000) reported that an excess of Cr in plants caused poor protein for-
mation resulting from the disruption of N metabolism.

In cereal grains and vegetable crops, Cr contents are fairly uniform (Table II-6.3).
Contents of Cr in cereal grains seem to be rather stable and vary either from 0.01 to
0.35 mg kg–1 (Kabata-Pendias and Pendias 2001) or from 0.07 to 0.41 mg kg–1 (Bratakos
et al. 2002). Winter wheat and barley grains grown in Sweden contain Cr at the mean
values of 0.01 and 0.02 mg kg–1, respectively (Eriksson 2001a). Cereal grains sampled
in France in 1998 contained Cr in the range from 0.04 to 0.25 mg kg–1 which was influ-
enced mainly by soil types (Baize et al. 2003). The highest content of Cr is in carrot
(0.13 mg kg–1), onion (0.16 mg kg–1), and cabbage (0.13 mg kg–1). Leafy vegetables and
fruits contain Cr in the range of 0.04–0.08 mg kg–1. Relatively higher amounts of Cr are
found in nuts (0.16 mg kg–1) and almonds (0.11 mg kg–1).

Chromium contents in moss samples from Norway, collected during the period
1990–1995, averaged 2.6 mg kg–1, in the range of 0.21–290 mg kg–1, across all sampling
sites (Berg and Steinnes 1997). Lichens from Wisconsin State, USA sampled during the
period 1987–2001 contained Cr at the average value of 1.2 mg kg–1, in the range from
1.1 to 1.4 mg kg–1 (Bennett and Wetmore 2003). These data indicated a rather stable
emission of Cr to the atmosphere in these regions.

The range of average contents of Cr in the mushroom, bay bolete (Xerocomus badius)
sampled in the period of 1993–1998, from the northern part of Poland, were 0.22–0.75
and 0.20–0.71 mg kg–1, in caps and stalks, respectively (Malinowska et al. 2004).

II-6.1  ·  Chromium (Cr)
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II-6.1.7
Humans

Contents of Cr in mammalian tissues vary between 30 and 290 µg kg–1, being the high-
est in skin and the lowest in heart and liver (Jørgensen 2000). Its concentrations in
soft tissues of humans range from 5 to 500 µg kg–1, in muscles and lungs, respectively
(Li 2000). Normal endogenous Cr levels for the USA population have been reported
as 0.01–0.17 µg l–1 in serum, 0.24–1.8 µg l–1 in urine, and 234 µg kg–1 in hair (ATSDR
2002a). In workers exposed to Cr6, the mean level of total Cr body’s fluids signifi-
cantly increases.

Amounts of Cr in many human organs decrease with aging, especially in the liver,
whereas its concentration in the lungs is likely to increase with age. The Cr concentra-

Table II-6.3.
Chromium in food plants
(µg kg–1) (compiled from
Kabata-Pendias and Pendias
1999, 2001, unless otherwise
indicated)
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tion in human milk is especially variable, with a range of 0.4–80 µg l–1. This can be
related to both different dietary habits as well as to genetic factors (Stoecker 2004).

Chromium is an essential micronutrient for normal energy metabolism of humans
and animals. It is reported to control the metabolism of glucose and lipids. It is a part
of the glucose tolerance factor (GTF) and appears to affect some of the enzymes that
regulate cholesterol synthesis. The beneficial impact of Cr on cholesterol fractions and
the ratio of LDL and HDL (low and high density lipoproteins) have been observed.
Although severe Cr deficiency is rare, marginal Cr deficiency is relatively common and
results in:

� Increased cholesterol levels
� High blood sugar levels
� Coronary dysfunction
� Some changes in aortas
� Some abnormalities of nerve stimulation of the extremities

However, Cr6+ also exerts toxic effects and any exposure (oral, dermal and inhala-
tion) to increased concentrations of Cr can be harmful (ATSDR 2002a). Mechanisms
of Cr6+ induced carcinogenesis have been widely investigated (Anderson 1997; Klein
1996; Stoecker 2004). Excessive doses of Cr may result in liver and kidney failure, anemia,
muscle breakdown and abnormalities in blood clotting. When an excess of Cr com-
pounds are inhaled, lung, nasal and possible stomach cancer may develop (ATSDR
2002a). Also dermal allergy and asthma may occur under the exposure to Cr compounds.

Toxic effects in humans, and occupational exposure limits (OELs) for Cr6+ have been
reported by Cross et al. (1997). When Cr compounds in air are poorly soluble the ex-
posure limit of 50 µg m–3 may be adequate, however for a safe protection TWA (Time-
Weighted Average) limits have been set at 10–25 µg m–3. These authors presented the
quantitative risk assessment for lung cancer related to occupational exposure over a
working lifetime and have stated that mortality from lung cancer is apparently influ-
enced by cumulative exposure.

The primary sources of dietary Cr are vegetables, whole cereal grains and nuts,
(Table II-6.3) followed by egg yolks, brewer’s yeast, liver, and seafoods (Stoecker 2004).
Recently, a dietary supplement of Cr picolinate (picolinic acid is the body’s prime natural
chelator) has been proposed. Ascorbic acid (vitamin C) and glutathione are found to
reduce Cr6+ to Cr3+ and thus may reduce toxic effects of the excess of Cr6+.

Several oral studies reported no signs of Cr6+ toxicity following administration of
70–100 mg kg–1 in the diet or drinking water (Cross et al. 1997). In the USA, daily di-
etary intake of Cr by adults varies in the range of 25–224 µg, at an average value of
75 µg d–1 (ATSDR 2002a). Anderson (1989), on the other hand, estimated the average
Cr intake by population in the USA at about 50 µg d–1 and concluded that it might not
cover the requirements of some organisms. This author reported that the RDI is esti-
mated for adults as 50–200 µg in different countries.

The regulatory limit for Cr in drinking water is 0.05 µg l–1, for dietary intake is
3 µg kg–1 d–1, and in air is from 0.5 to 500 µg m–3, depending on the Cr species, com-
pounds and time of exposure (ATSDR 2002a).

II-6.1  ·  Chromium (Cr)
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II-6.2
Molybdenum (Mo)

II-6.2.1
Introduction

The average content of Mo is given for the upper Earth’s crust as 1.1 mg kg–1 (range
1–2 mg kg–1), and its concentration is elevated in granitic rocks and argillaceous sedi-
ments, up to 2.5 mg kg–1 (Table II-6.2).

Molybdenum exhibits unusual geochemical behavior since in most environmental
compartments it is likely to form oxyanions, however, under reducing conditions it has
a high affinity for sulfur. The most common Mo mineral is molybdenite, MoS2, which
occurs in several geological formations. Less frequent are: molibdite, MoO3; wulfenite,
PbMoO4; and powellite, CaMoO4. Several other Mo minerals, mainly oxidates, are known
to be associated with various sediments. Especially Mn-Fe rich nodules have the abil-
ity to concentrate Mo up to 2 000 mg kg–1 (Fairbridge 1972). Ferromanganese oxides in
ocean sediments are known to accumulate high amounts of Mo (Anbar 2004; Arnold
et al. 2004). These concretions seem to occur under anoxic S-rich conditions (Lei and
Boström 1995; Erickson and Helz 2000; Arnold et al. 2004). Szefer (2002a) gives the
range of 20–507 mg kg–1 for Mo in ferromanganese nodules of the Baltic Sea. The Mo
content in soil Mn-nodules is reported to reach 410 mg kg–1 (Kabata-Pendias and
Sadurski 2004).

II-6.2.2
Production and Use

Molybdenum is mined as a primary ore deposit, mainly as molybdenite, and as a by-
product, generally from copper mines. Annual production of Mo in 2003 was 127.4 kt
(WMSY 2004). Its main use is in metallurgy for the hardening of alloys. This metal is
also widely used in electronics and chemistry (e.g., catalysts).

II-6.2.3
Soils

For soils, the Global mean of 1.8 mg kg–1 for Mo has been calculated. However, its
occurrence in soils ranges from 0.1 to above 7 mg kg–1, and its concentrations resemble
its abundance in parent rocks (Table II-6.2). The Mo means for different soil units vary
from 1.3 mg kg–1 for sandy podzols to 2.8 mg kg–1 for loamy cambisols. The 90th per-
centile value for Mo in Finnish soils is 1.5 mg kg–1 (Köljonen 1992), whereas the me-
dian content of Mo in Lithuanian soils is reported to be 0.62 mg kg–1 and does not
show any distinct association with soil texture (Kadunas et al. 1999).

Soils in arid and semiarid regions, especially ferrasols, usually contain rela-
tively high amounts of Mo. These soils, and soil contaminated with Mo, need ame-
lioration to depress the Mo availability to plants. Increased contents of Mo, up to
35 mg kg–1 are reported for the vicinity of Mo processing plants in the USA, and up
to 38 mg kg–1 in Chile (vide Kabata-Pendias and Pendias 2001). Also high con-
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centrations of Mo were determined in soils of British Columbia, up to 24 mg kg–1, on
which vegetables were commercially grown (Pieri et al. 1996). Swedish arable soils
contain Mo in the range from 0.1 to 4 mg kg–1, at an average value of 0.6 mg kg–1

(Eriksson 2001a).
Molybdenum behaves both like a chalcophile and a lithophile element and its chem-

istry in soils is related mainly to anionic species. The MoO4
2– anion dominates in the

neutral and moderate alkaline pH range, whereas HMoO4
– occurs at lower pH values.

Both anions occur in soil solutions (Kabata-Pendias and Sadurski 2004). The behavior
of Mo in soils differs greatly from that of other trace metals, and it is slightly mobile
in acid soils (pH <4–5) and readily mobilized in alkaline soils (pH >6.5). However,
relatively easily soluble Mo anions are readily coprecipitated by organic matter, CaCO3,
and, in addition to Fe and Mn, by several other cations (e.g., Cu, Zn, Pb). It is especially
readily adsorbed by freshly precipitated Fe(OH)3. Molybdenum is likely to form vari-
ous complex compounds and/or minerals in soil, as for example PbMoO4 (wulfenite),
Fe2(MoO4)3 · 8H2O (ferrimolybdite), and other semicrystalline Fe-Mo forms. Under
reducing conditions Mo can easily form soluble thiomolybdates (e.g., MoS4

2–, MoO2S2
2–).

All these reactions are highly dependent on Eh-pH conditions of soil, and thus may be
quite variable.

II-6.2.4
Waters

Reimann and Caritat (1998) calculated the median concentration of Mo in global ocean
waters at 10 µg l–1 and a similar value is given by Nozaki (2005) for the North Pacific
Ocean. Waters of the Baltic Sea contain Mo in the range from 1.6 to 6.3 µg l–1, as recal-
culated from values given in nmol kg–1 (Szefer 2002a).

Concentrations of Mo in river and lake waters are highly variably between <0.2 and
60 µg l–1, from clean to polluted waters, respectively (Kabata-Pendias and Pendias 1999).
The world average of Mo in rivers is estimated at 0.42 µg l–1, whereas the mean value
for the Amazon River is given as 0.18 µg l–1 (Gaillardet et al. 2003).

Concentrations and behavior of Mo in waters, especially in seawaters, have recently
received much attention due to its unique properties. Under oxygenated conditions its
concentrations, nominally do not change, whereas in anoxic waters it is readily removed
and precipitated in bottom sediments, so its enrichment is considered diagnostic of
reducing conditions (Anbar 2004).

The speciation of Mo in waters is affected by the pH-Eh regime. The ion MoO4
2–

predominates in water with pH >5, H2MoO4, whereas HMoO4
– occurs at pH <5, and

such species as Mo7O2
6

4
– or Mo8O2

4
6
– predominates at pH <6, at a high Mo concentration

(Anbar 2004).
The background level of Mo in ground waters is calculated at 5 µg l–1, and the rec-

ommended threshold Mo concentration in irrigation waters is 10 µg l–1 (Vermes 1989).
Concentrations of Mo in atmospheric precipitations over the Baltic Sea are in the

range of 0.08–0.27 µg l–1 (Szefer 2002a). Rainwater samples collected in Sweden during
1999 contain Mo in the range between 0.03 and 0.06 µg l–1 (Eriksson 2001a). The wet
deposition of Mo in this country was determined as 0.4 g ha–1 yr–1.

Health based limit value for Mo in drinking water is 70 µg l–1 (WHO 2004).

II-6.2  ·  Molybdenum (Mo)
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II-6.2.5
Air

The background concentration of Mo in air above the Spitsbergen and Shetland Is-
lands ranges between <0.05 and <0.6 ng m–3, whereas above urban regions of Europe
the concentration of this metal can reach 10 ng m–3 (Table II-6.2).

II-6.2.6
Plants

Molybdenum is an essential nutrient to all plants, but the requirement for this element
by most plants is relatively low.

The average Mo content of cereal grains is 0.5 mg kg–1 and does not show a great
variation neither between cereals nor between field conditions (Table II-6.4). For ex-
ample, the lowest average Mo content of barley, 0.16 mg kg–1, was estimated in Norway
and the highest, 0.72 mg kg–1 – was in Russia (Kabata-Pendias and Pendias 2001). Winter
wheat and barley grains grown in Sweden contain Mo at the mean values of 1 and
0.5 mg kg–1, respectively (Eriksson 2001a). Staple foods from Germany, analyzed dur-
ing the period 1990–1994, contain following amounts of Mo (in mg kg–1): rye grains,
0.54; wheat grains, 0.40; and unpeeled potato tubers, 0.21 (Brüggemann et al. 1996).

Molybdenum content of forages is of a special concern in animal nutrition. There-
fore, most available data are on the Mo status in grasses and legumes. In general, con-
tents of this metal greater that 10 mg kg–1 can cause molybdenosis, a serious problem
to most ungulate livestock. However, in areas where toxicities of Mo were observed in
livestock, its contents were reported as low as 1.5 mg kg–1 in grasses and 5.2 mg kg–1 in

Table II-6.4.
Molybdenum in food plantsa

(mg kg–1)
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legumes (Table II-6.5). Increased Mo contents of grasses (up to 36 mg kg–1) have been
observed in surroundings of various industries and especially near Mo ore-processing
plants (Kabata-Pendias and Pendias 1999).

The translocation of Mo in plants is moderate, and there is the assumption that
Mo-S amino acid complexes are involved in this process. Chemical similarities be-
tween MoO4

2– and SO4
2– have led to the suggestion that the biological assimilation of Mo

may be inhibited by sulfur compounds (Marinio et al. vide Anbar 2004).
The role of Mo as a component of enzymes involved in the N metabolism, mainly

nitrogenase and nitrate reductase, has been the subject of several studies. Also its in-
hibitory and regulatory functions in the activity of DNA and RNA have been empha-
sized (Ivchenko 1988). Two Mo-containing enzymes in N metabolism are involved in
either N2 fixation or in NO3 reduction. Therefore, the requirement of plants for Mo is
related to N supply; plants supplied with NH4-N have less need for Mo than those uti-
lizing NO3-N. Molybdenum is an essential micronutrient to most microorganisms and
is obviously functional to Rhizobium bacteria and other N-fixing microorganisms. Some
fungi and free-living bacteria can concentrate high amounts of Mo, up to 100 mg kg–1.

Mobile species of Mo in soils (MoO4
2–, and HMoO4

–) are easily available to plants, how-
ever, Mo content of plants is not a simple function of its abundance in soil. The uptake of
Mo by plants is, in most cases, controlled by the soil pH. Molybdenum availability from
reducing environments, where thiomolybdates are formed (MoS4

2–, MoO2S2
2–) is appar-

ently due to the oxidizing ability of the root surface (Kabata-Pendias and Pendias 2001).
Usually a positive correlation is observed between Mo contents in plants and the

soil pH. Thus, plants (mainly native) grown on neutral or alkaline soils can accumulate
extremely high amounts of Mo (up to 52 mg kg–1, average 11 mg kg–1) whereas on Mo-
rich acid soils, Mo concentrations in the same varieties of plants average 0.9 mg kg–1

(Doyle et al. vide Kabata-Pendias and Pendias 2001). Contents of Mo do not exceed
1 mg kg–1 in most plants, with the exception of legumes, and grassland vegetation on
soils with increased levels of Mo (Tables II-6.4 and II-6.5).

In general, Mo contents in plants, in the range from 0.1 to 0.5 mg kg–1, are sufficient
for plant metabolism, whereas concentrations of Mo in the range of 10–50 mg kg–1 are
toxic to most plant species. Only some leguminous and cruciferous crops require more
Mo. Deficiencies of Mo are likely to occur on acid soils (pH <5.5) and soils with a low

Table II-6.5.
Mean contents of molybdenum
in grasses and legumes from
areas where Mo toxicity was
observed and not observed in
grazing animals (mg kg–1)
(values from various sources
as compiled by Kabata-Pendias
and Pendias 1999, 2001)
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Mo content and high Fe oxide levels. The most sensitive to Mo deficiency are some
vegetables, e.g., cauliflowers, that exhibit deficiency symptoms (mainly chlorosis) at a
Mo content of <0.4 mg kg–1 in leaves. Also on organic-rich soils (peat soils) plants can
suffer from Mo deficiency due to its slow release from organic bound forms. Liming of
acid soils is a common practice to increase the Mo availability to plants. However, an
inadequate rate of liming may decrease its mobility. The application of Mo fertilizers
has to be based on a proper assessment of Mo doses and is the subject of publications
(Mortvedt et al. 1991; Pierzynski and Jacobs 1986; Wang et al. 1994).

Where Mo-rich sludges (with Mo up to 50 mg kg–1) are used for soil amendments,
crops should be monitored to ensure that contents of this metal are within safe limits,
especially for grazing animals. Agricultural utilization of alkaline-stabilized biosolids
(ASB) poses a special potential risk to ruminant animals due to the easy transfer of Mo
from ASB to forage (Stehouwer and Macneal 2004).

Predicting the phytoavailability of Mo to various crops is not easy and a case study
should always be undertaken for the assessment of its status in food and forage plants.

II-6.2.7
Humans and Animals

Humans. Molybdenum occurs in all human and animal tissues. Its range in human
organs is given by Li (2000) to be from 0.001 to 0.4 mg kg–1, being the lowest for blood
and the highest for kidneys and liver. Its average content in soft tissues of “reference
man” is calculated by this author as <0.075 mg kg–1 and in skeleton as <0.48 mg kg–1.
Average values of Mo concentrations in human whole blood range from 3.4 to 14.9 µg l–1

and seem to be a little bit lower in women than in men (Monèiloviã and Iviãiõ 2003).
Jørgensen (2000) gave the range of Mo in mammalian tissues from <0.2 to 2.8 mg kg–1;
the lowest in muscles and the highest in liver.

Molybdenum is an essential micronutrient being a component of several enzymes
involved in oxydation-reduction processes and regulates the metabolism of purines
and fats. The oxomolybdenum enzymes belong to the xanthine oxidase, sulfide oxi-
dase and reductase families. It is relatively easily absorbed at all levels of intake and its
whole blood levels vary directly with the dietary Mo intake. There is only one human
case of the Mo deficiency described, that responded to Mo therapy. Symptoms included
tachycardia, headache, nausea and vomiting (Combs 2005).

The main sources of Mo in human diet are legumes, pulses, dark leafy vegetables
and organ meats (Combs 2005). The minimum daily requirement for Mo by adults is
estimated at about 0.02 mg (Turnlung et al. 1993). The upper tolerable intake of Mo
by children is established as 0.3–1.7 mg d–1, depending on the age and by adults as
2 mg d–1 (WHO/IPCS 2002). Daily intake of Mo by adults in Germany (in the period
1990–1994) was about 100 µg, and the RDI for adults is established at 150–500 µg for
adults, 50–100 µg for children, and 40–80 µg for infants (Brüggemann et al. 1996). Daily
intake of Mo by adults in the UK was estimated at 113 µg, and in the USA at 120–140,
whereas in Poland the Mo intake varied highly from 37 to 137 µg d–1, in different re-
gions of the country (Kabata-Pendias and Pendias 1999).

The excess Mo in the human diet influences its accumulation in serum, urea, and
hair. Apparently, it is also related to cancer of the stomach (Xianmao et al. 1990).

Mo



189

Animals. The deficiency of Mo in animals is seldom observed when low content Mo
feed is supplied. Chickens seem to be most sensitive and show low growth and feather
quality. There is some evidence that Mo is involved in the metabolism of Ca and F in
bones; its excess can lead to osteoporosis and bone deformation (Kabata-Pendias and
Pendias 1999).

An excess of Mo, especially in cattle, is widespread in the world. It can affect growth
and health of animals, and in that particular of ruminants. Frank (2003) and Frank
et al. (2002) described molybdenosis symptoms in the Swedish moose. They presented
a negative relationship between concentrations of Mo and Cu in the liver from moose;
at the lowest Cu content of about 20 mg kg–1 FW was the highest Mo content of about
55 mg kg–1 FW.

The function of Mo in animals is closely related to interaction reactions with Cu
and S. The dietary ratio of Cu/Mo for ruminants should range from >4 to 5, and this
ratio affects the metabolism of sulfur. Any variation in the ratio between Cu-Mo-S in
ruminant feed can affect a secondary deficiency of Cu, and some times impaired
metabolism of Fe. The Mo-induced Cu deficiency has been relatively often observed
(Jones 2005).

II-6.3
Tungsten (W)

II-6.3.1
Introduction

The distribution of W in the Earth’s crust shows that its concentration seems to in-
crease with increasing acidity of magmatic rocks and with increasing clay content of
sedimentary rocks (Table II-6.2). The common concentration of W in granite rocks
and argillaceous sediments varies from 1 to 2 mg kg–1, and in mafic rocks and in
limestones, from 0.5 to 1 mg kg–1. Its content in coals is relatively high and averages
0.5–1 mg kg–1, and in some oil shales can reach up to 2.5 mg kg–1 (Kabata-Pendias and
Pendias 1999; Li 2000). In fly ash samples from coal-fired power plant in Indiana State,
USA, contents of W vary in the range of 1.04–1.17 mg kg–1 (Brake et al. 2004).

Geochemical properties of W are similar to those of Mo and in several minerals the
substitution of W for Mo is observed. Predominate minerals contain the anionic form
of the metal, (WO4)2–. The most common minerals are wolframite, (Fe,Mn)(WO4) and
sanmartine, (Zn, Fe)(WO4). However, several tungstanites, anhydrous and hydrous, in
coordination with different metals are known. Under most geochemical conditions,
minerals and compounds of W are slightly soluble, but some complex compounds,
especially those associated with Mo are likely to be mobilized under specific condi-
tions.

II-6.3.2
Production and Use

Global production of W was estimated as 50 kt in 2003 (WMSY 2004). It is used mainly
in metallurgy as an addition to alloys (steel) for abrasives and cutting tools. Tungsten

II-6.3  ·  Tungsten (W)

W



190 Chapter II-6  ·  Trace Elements of Group 6 (Previously Group VIb)

is broadly utilized for rocket engines, X-ray tubes and various electric tools and in the
lighting industry (e.g., light bulbs). It is also used for catalysts in automobile exhaust
systems, and as pigments in dyes and inks. Tungsten carbide (WC) has a hardness of
that of diamond.

II-6.3.3
Soils

The distribution of W in soils has not been widely studied. Compiled data for the
occurrence of W in non-polluted soils indicate the following ranges for W (in mg kg–1) in
soils of different countries:

� Brazil: 0.62 – 3.4 mean 1.38 (Licht 2005)
� China: 0.95 – 85.5 (Govidaraju 1994)
� Finland: 2.23 90th percentile range (Köljonen 1992)
� Japan: 0.9  – 1.8 (Takeda et al. 2004)
� Scotland: 0.68 – 2.7 (Ure et al. vide Kabata-Pendias and Pendias 2001)
� Sweden: 0.4  – 2.4 mean 1.3 (Eriksson 2001a)
� USA: 0.5  – 5.0 (Govindaraju 1994)

Soils surrounding an W ore-processing plant contain total W in the range of
100–200 mg kg–1, of which 30% is water soluble, 15% bound to Fe oxides, and 5% fixed
by organic matter (Panova 1988).

Fly ash can be a serious source of W in soils; added at the concentration of 20%, by
weight, has increased W level from 0.01 mg kg–1 to 0.28–0.52 mg kg–1 in different soil
treatments (Brake et al. 2004). Also sludges used for amending soil can add W, as slud-
ges often contain elevated amounts of this metal, up to 1.2–2.5 mg kg–1 (AW) (Furr
et al. vide Kabata-Pendias and Pendias 2001).

II-6.3.4
Waters

Although most of W minerals are considered to be slightly soluble, its global mobility,
as calculated by Gaillardet et al. (2003), is relatively high (Cw/Cc ratio is about 0.9).

Data for W concentrations in water are very scant. The concentration of W in sea-
waters is estimated as 1 µg kg–1 (GERM database: http://www.earthref.org). However,
Reimann and Caritat (1998) have cited 0.1 µg l–1 as a median value of W in ocean waters
and Nozaki (2005) gave the value of 0.01 µg kg–1 in the North Pacific Ocean. In sea
water W, similarly as Mo, is likely to occur in the oxide species of WO4

2–.
In stream waters of various continents, W concentrations vary from 0.002 to

0.89 µg l–1, with the median values in the range of 0.01–0.05 µg l–1 (Reimann and Caritat
1998). Rainwater samples collected in Sweden during 1999 contain W in the range from
4.2 to 23 ng l–1 (Eriksson 2001a).

Tungsten is readily accumulated and concentrated in polymetallic nodules of the
ocean bottom. In ferromanganese nodules of the Baltic Sea, W contents vary from 0.4
to 285 mg kg–1 (Szefer 2002a).
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II-6.3.5
Air

Natural concentrations of W in air above the Spitsbergen range from 0.004 to
0.08 ng m–3, and above urban areas of the UK, between <0.5 and <1 ng m–3 (Kabata-
Pendias and Pendias 1999). Reimann and Caritat (1998) gave the range of 0.005–
0.02 ng m–3 and median value of 2.5 ng m–3 for W concentrations in air from remote
and polluted regions, respectively.

II-6.3.6
Plants

There is some evidence that W might have a biological function in plants. However, it
displays competitive inhibition of Mo in the enzyme nitrate reductase, reducing that
enzyme’s catalytic activity (Pais and Jones 1997). Makdessi et al. (2001) reported that
the function of W as a component of two dehydrogenases of some bacteria (e.g.,
Eubactrium acidaminophilum) has now been fully recognized. The behaviors of Mo
and W are very similar in biochemical processes and some substitution by W for Mo
has been reported (Buc et al. 1999; Makdessi et al. 2001; Tajima 2005). There have been
some observations on the antagonistic interactions between W and Mo causing a slower
N-fixation process that is governed by pH of the media (Zajic vide Kabata-Pendias and
Pendias 2001).

The common range of W in terrestrial plants is established at the range of
<1–150 µg kg–1, whereas Markert (1992) has proposed 200 µg kg–1 for W in the stan-
dard plant. Contents of W in vegetables vary within the range from <1 to 350 µg kg–1.
Wheat and barley grains from Sweden contain W at averages values of 6 and 5 µg kg–1,
respectively (Eriksson 2001a).

In mosses sampled in Norway in the period 1990–1995, amounts of W varied from
<2 to 1 500 µg kg–1 (Berg and Steinnes 1997). Concentrations of W in mosses from
Germany range from 10 to 2 500 µg kg–1 (Reimann and Caritat 1998).

There are confusing reports on the phytoavailability of W. Results of studies with
radionuclide 185W have indicated its easy accumulation by plants. Elevated levels of W,
up to 100 mg kg–1 AW, in some trees and shrubs grown in the Rocky Mountains in
Colorado, USA were reported by Shacklette et al. (vide Kabata-Pendias and Pendias
2001). Wilson and Cline (vide Kabata-Pendias and Pendias 2001) reported that barley
removed a large proportion of radioactive W from polluted soils, and suggested that it
is taken up as the anionic form, WO4

2–.
Panova (1988) found W contents in semiarid herbs grown in the vicinity of the W

industries to decrease from 600 mg kg–1 AW to 50 mg kg–1 AW with increasing distance
from the pollution source. This observation, however, might be associated also with
the atmospheric source of W.  Brake et al. (2004), on the other hand, suggested that the
absence of W in plants grown on soils enriched in this metal indicates its low
bioabsorption. However, Furr et al. (vide Kabata-Pendias and Pendias 2001) found W
to range from 0.7 to 3.5 mg kg–1 in vegetables growing on soil amended with fly ash.
Apparently, these observations could be related to species of W that are present in
polluted soils.

II-6.3  ·  Tungsten (W)
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II-6.3.7
Humans and Animals

Humans. The only available data gave concentrations of W in human fluids as follows
(in ng l–1), after Li (2000): blood, 1; and urine, 5; and after Reimann and Caritat (1998):
blood, 390; and in urine, 320. The reference value for W in urea has been estimated by
Kraus (2004) as 860 ng l–1.

The biological functions of this metal are not known well, though naturally occur-
ring enzymes using W seem most prevalent among anaerobic bacteria (Vorholt and
Thauner 2002; Laukel et al. 2003). Easily soluble W (e.g., from sodium tungstate,
Na2WO4) is also easily absorbed and is harmful to the nervous system. Dust exposure
of man to W is associated with tool-manufacturing industries. The MAK value in
Germany has been set at 1 mg m–3 for soluble W compounds.

Animals. Information on adverse and stimulating effects of W in animals are confus-
ing and need more studies (Kraus 2004). The toxicity of W depends on its compounds
and is the highest for sodium tungstate and the lowest for tungsten metal. The intake
of W by individual animals is estimated as 13 µg d–1. Fibrotic lung changes are ob-
served in animals under exposure to tungsten-carbide dust (Kraus 2004).

W
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The elements of Group 7 are manganese (Mn), technetium (Tc) and rhenium (Re). Only
Mn is essential to living organisms. Technetium is a by-product of nuclear fuel pro-
cessing and occurs as unstable radionuclides with variable but mainly short half-lives
(from seconds to years). Rhenium is highly dispersed in the environment. All elements
of this group have variable valences (Table II-7.1) and exhibit both lithophile and
chalcophile characters.

II-7.1
Manganese (Mn)

II-7.1.1
Introduction

Manganese is one of the most abundant trace elements in the lithosphere. Its common
occurrence in rocks ranges from 350 to 2 000 mg kg–1 and higher concentrations are
associated with mafic rocks (Table II-7.2).

Manganese is a member of the iron family and is closely associated with Fe in geochemi-
cal processes. Thus, the Mn cycle follows the Fe cycle in various geochemical environ-
ments. During weathering, Mn is oxidized in minerals, under atmospheric conditions
and may be mobilized. The Mn oxides are reprecipitated and readily concentrated in forms
of secondary Mn minerals, often in forms of concretions and nodules. Under weathering
in tropical and subtropical conditions, Mn is concentrated in residual deposits, while under
humid colder climate, Mn is leached by acid solutions from sediments and soils.

Trace Elements of Group 7
(Previously Group VIIb)

Table II-7.1. Selected properties of trace elements of the Group 7

Mn
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Complex behavior of Mn in sedimentation processes resulted in the accumulation
of this metal in different layers of sediments. Polymetallic concretions in deep-sea
sediments are effects of specific Mn properties. Manganese is the dominating metal of
these concretions and its concentration can reach from 15 to over 40% (Kotlinski 1999).
The genesis of deep-sea concretions is not fully understood, but recently the influence
of microbes and organic matter has been recognized. Occurrence of Mn is highly as-
sociated with activities of microbes in both sediments and soils.

Table II-7.2.
Abundancea of manganese and
rhenium in the environment
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The redox state of Mn is very variable (Table II-7.1) and is mediated by both
geochemical and biological processes. The most common cation is Mn2+ that readily
occupies the sites of other divalent cations (e.g., Fe2+, Mg2+). Several complex anions
and cations of Mn as well as hydroxides of variable composition are also common.

The complex mineralogical and chemical behavior of Mn and its participation in
oxidation-reduction processes resulted in the formation of the large number of oxides
and hydroxides of variable stability and properties. The physical features of Mn com-
pounds and minerals, especially the small size of crystals and large surface areas of
amorphous forms have important geochemical and pedochemical implications.

Both Mn and Fe oxides are considered to be the most abundant compounds of the
Earth’s surface that can serve as anaerobic terminal electron acceptors in microbial
metabolism. Thus, it has recently been recognized that microorganisms play a key role
in Mn cycling (Megonigal et al. 2003). Tebo et al. (2003) have described the Mn-oxide
biomineralization and the role of those Mn oxides in the transformation/degradation
of organic and inorganic compounds in various environmental compartments.

Manganese micro-nodules found on ancient brick walls have resulted, as stated by
López-Arce et al. (2003), from the impact of water enriched in Mn compounds or due
to oxidation processes linked to algae biofilms.

II-7.1.2
Production and Use

Global annual production of Mn in 2003 was 24.35 Mt (WMSY 2004). Manganese ores
are widely distributed in various geological and climatic environments and concen-
trated mainly in residual deposits, as various oxides and hydroxides; to a lesser extend
as carbonates and silicates.

Manganese is used mainly in the metallurgical industry for steel and various alloys
to provide hardness and toughness, and as an anti-oxidant. Alloys with Mn are used in
the electrical industry (e.g., dry-cell batteries). It is also widely applied in the produc-
tion of pigments, ceramics, and glass. Manganese sulfate (MnSO4) is used as fertilizer
and as a fodder supplement. It is relatively broadly used as fungicides, mainly for seed
treatment (e.g., Maneb, manganese ethylene-bis-dithiocarbamate).

Since 1970, Mn has been used in gasoline, first in Canada and the USA, as an anti-
knock agent (as replacement for Pb in unleaded fuel), in the form of an organic com-
pound – methylocyclopentadienyl manganese tricarbonyl (MMT), which has been
already approved for use in several countries (Howe et al. 2004).

Potassium permanganate (KMnO4) has long been used as an oxidizing catalyst in
chemical processes, and in disinfection in medicine, as well as in the purification of
various waters. Also several other Mn compounds (e.g., gluconate, sulfate) are used in
pharmaceutical production.

II-7.1.3
Soils

Contents of Mn in soils are highly diverse and range approximately from 10
to 9 000 mg kg–1 (Table II-7.2). The world grand mean Mn content is calculated

II-7.1  ·  Manganese (Mn)
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(in mg kg–1) as 437, whereas for soils of the USA it is estimated at 495, and for Finnish
soils at 600 (Kabata-Pendias and Pendias 2001). The variation of Mn contents of sur-
face soils seems rarely to be correlated with soil classification, but is positively associ-
ated with clay contents. However, higher Mn levels are often found in soils derived
from mafic rocks, in soils rich in Fe and/or organic matter, and in soils from arid or
semiarid climatic regions.

Manganese is not distributed uniformly in soil substrata and, in addition to various
nodules, is also concentrated in certain spots and veins. It is likely to occur in soils as
oxides and hydroxides in the forms of coatings on soil particles and as nodules of
different diameters. The nodules often exhibit a concentric layering that suggests a
seasonal growth. The Mn concretions and various colloidal Mn hydroxides exhibit a
great affinity for the adsorption of Fe and several cationic and anionic forms of trace
metals (Table II-7.3). On the other hand, due to both reducing and oxidizing proper-
ties, Mn oxides can increase the mobilization of some metals under specific soil con-
ditions. Therefore, Mn has a strong influence on the mobility of trace inorganic pol-
lutants through precipitation-dissolution processes. Synthetic HMnO reveals a great
capability to bind several bivalent cations such as Ba, Ca, Cd, Co, Cu, Mg, Mn, Ni, Pb, Sr,
and Zn, that is under the influence of redox conditions and cation exchange reactions
(Tonkin et al. 2004).

Table II-7.3. Trace elements in manganese oxides (mg kg–1) (data sources: Kabata-Pendias and Pendias
2001, Bartlett 1999)
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Although Mn occurs in soils predominantly as amorphous oxides and hy-
droxides, some crystalline minerals of Mn are also present. These are mainly:
pyrolusite, β-MnO2; manganite, γ-MnOOH; hausmanite, Mn3O4; lithiophorite,
(Al, Li) MnO2(OH)2 (likely to occur in acid and neutral soils); and birnessite,
NaxCayMn7O14(2.8H2O) of unconfirmed composition, apparently associated with
alkaline soils.

The ionic species of Mn commonly occurring in soil solutions are as follows (Kabata-
Pendias and Sadurski 2004):

� Cationic forms: Mn2+, MnOH+, MnCl+, MnHCO3
+, Mn2(OH)2

2+, Mn2OH3+

� Anionic forms: MnO4
–, HMnO2

–, Mn(OH)3
–, Mn(OH)4

2–

The redox behavior of Mn in soils has been broadly studied and described by
Bartlett (1999). As Sparks (vide Bartlett 1999) has stated: “Soil Mn, or its lack, ap-
pears to be the key to the entire spectrum of soil redox behavior and status”. Recent
results presented by Nelson and Lion (2003) verify that biogenic, amorphous Mn
oxides exhibit greater specific surface areas than typical abiotic Mn oxides. The
biogenic Mn oxides exhibit very high adsorption capacity for Pb; especially at a pH
about 8 (Fig. II-7.1).

Biotic and abiotic processes in the oxidation and reduction of Mn have been broadly
described by Megonigal et al. (2003). Based on their data, the following sequence for
Mn-redox cycling can be presented:

� The reduction: Mn3+ → Mn2+, abiotic and biotic, by Fe2+, Cr3+, S, phenols, organic
compounds (humic substances), and reducing bacteria

� The oxidation: Mn2+ → Mn3+, Mn4+, can occur under both aerobic and anaerobic
conditions and is biologically mediated or autocatalytic

� The Mn3+ is an extremely reactive redox species and quickly disappears, either by
accepting or donating an electron

� The Mn2+ is either adsorbed by MnO2, or oxidized to Mn3+, or to Mn4+

� The organic and phosphate ligands are also involved in the Mn-redox cycling

Fig. II-7.1.
The Pb adsorption (in % of
initial Pb concentrations in
solution) on natural biofilm
(Mn2+ biologically oxidized by
Leptothrix discophora SS-1) as
a function of pH (based on
data from Wilson et al. 2001)
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Megonigal et al. (2003) emphasized that biologically mediated processes are the most
significant in the Mn-redox cycling in soils. This statement has been supported also by
several other findings. Tani et al. (2003) reported that Mn oxides enzymatically pro-
duced by a Mn-oxidizing fungus reveal specific adsorption properties to Co, Ni, Zn,
and As. Glasauer and Beveridge (2003) described the dissimilatory reduction of Mn by
bacteria attached to the surface of Mn-oxide minerals. Some organic acids secreted by
microorganisms can release Mn from synthetic MnO2 (Jones 1998).

Mn-oxides have relatively high total surface (32–300 m2 g–1) and CEC values
(150–320 cmol(+) kg–1). Metal species bound to Mn oxides in metal-polluted soils made
up <1–30% of total Cu, 1–26% of Pb, 3–27% of Zn, <1% of As, and <1% of Fe (Karczewska
2004; Kabala and Wilk 2004). The sorption of Co by Mn oxides, resulting in changes of
Co valences and in its unavailability to plants, has been of great importance in Austra-
lian sheep farming regions (Fleming vide Kabata-Pendias and Pendias 1999).

The distribution of Mn among soil fractions was investigated using 54Mn tracer
(Goldberg and Smith 1984). The results have shown that the distribution of Mn in soil
various fractions varies depending on soil types (pedological origin), however, the
fraction of resistant Mn minerals (oxides) contains usually the highest proportion of
the metal, about 50% of the total contents.

All Mn compounds are very important constituents of soil because this metal is
essential in plants nutrition and controls the microbial activity of soils. The mobility
of Mn in soils is highly dependent on the pH and redox potential. The predicted Mn
solubility, based on mathematical models usually does not correspond to the actual
Mn mobility in soils because multiple factors influence the Mn behavior, such as meta-
stable and/or mixed composition of Mn oxides and hydroxides, organic complexes of
Mn and variable Eh-pH condition. Even small changes in Eh-pH conditions might affect
Mn contents of a soil solution.

Concentrations of Mn in soil solutions vary highly from 25 to 2 000 µg l–1, depend-
ing on soil kinds and techniques used for obtaining solutions (Kabata-Pendias and
Pendias 2001). The mobility of Mn is especially affected by soil pH. Concentrations of
Mn in solutions of metal-polluted soils vary highly depending on soil pH. These changes
are by a factor from 7.6 to 270 of the ratio of acid soil (pH 2.5) to alkaline soil (pH 9–10),
depending on soil properties (Karczewska 2002).

The solubility of soil Mn is very significant since the plant supply of Mn depends mainly
on the soluble Mn pool in soils. Several soil factors influence the Mn availability to plants.
Among abiotic and biotic soil parameters, the complexing by root exudates and cross-
interactions with Fe oxides play a crucial role. The solubility of soil Mn is of significance
since plants can uptake mainly soluble fractions of Mn. However, the ability of Mn to form
anionic complexes and organic ligands may contribute to increased Mn solubility, even at
the alkaline pH range. In general, Mn is highly mobile at the acid range of pH. In specific
soil redox conditions, as e.g., poorly aerated soil at pH about >6.0 or well-drained soils, at
pH <5.5, the Mn mobility increased, and Mn became easily available to plants.

Manganese budgets (input/output ratios) in soils of various ecosystems indicated a
predominance of leaching processes over atmospheric input. In pine, spruce and birch
forests its leaching from soil profiles accounts from 360 to 11 000 g ha–1 yr–1, whereas
in other ecosystems some accumulation (91–191 g ha–1 yr–1) of Mn was observed
(Kabata-Pendias and Pendias 2001).
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The major anthropogenic sources of Mn are: municipal wastewaters, sewage sludge,
and metal smelting processes. The combustion of fuel additives (MMT) is of a lesser
importance. However, in some regions (e.g., Mississippi River Delta) alluvial sediments
can concentrate Mn up to >1 000 mg kg–1 from MMT fuel use (Mielke et al. 2002).

II-7.1.4
Waters

Manganese is relatively easily mobile in the terrestrial environment, and its Cw/Cc ratio
is about 0.5 (Gaillardet et al. 2003). Nevertheless its concentration in suspended mat-
ter and bottom sediments is much higher that in waters.

Ambient Mn concentrations in sea water have been reported to range from 0.4 to
10 µg l–1, with an average of about 2 µg l–1 (ATSDR 2000). However, Reimann and Caritat
(1998) calculated the median Mn concentration in the world ocean waters at 0.2 µg l–1.
The Mn range of sea waters given by Kitano (1992) is from 0.02 to 0.1 µg l–1, whereas
mean Mn concentration after GERM (www.earthref.org) is 0.01 µg l–1, and after Nozaki
(2005) in the North Pacific waters is 0.02 µg kg–1. In waters of the Baltic Sea, Mn con-
tents range from <1 to 3 µg l–1 (Szefer 2002a).

The Mn concentrations in sea basins vary with the water depth; its highest content
(450 µg l–1) was noticed at the depth of 30–40 m of the Black Sea (Konovalov and
Korenova vide Kabata-Pendias and Pendias 2001). The Mn fraction in suspended par-
ticulate matter in waters of the Gotland Deep is reported to increase also with the depth
of water column and to reach over 150 µg l–1 at the depth of over 200 m (Brügmann
et al. 1998). Suspended matter of the Baltic Sea contain extremely variable amounts of
Mn, from 20 to 73 000 mg kg–1 (Szefer 2002a).

Manganese input to the World Sea by rivers is calculated by Kitano (1992) as
400–1 000 kt yr–1, whereas the global riverine flux is estimated by Gaillarted et al. (2003)
at 1 270 kt yr–1.

Skjelkvåle et al. (2001) investigated the occurrence of Mn in Nordic lakes, and re-
ported its concentrations to vary, at the value of 99.5 weighted percentiles, as follows
(in µg l–1): 316 in Finland, 474 in Sweden, and 101 in Norway. The Mn range reported
for US river waters is between 11 and 51 µg l–1 (ATSDR 2000). Rainwater samples col-
lected in Sweden during 1999 contain Mn in the range of 0.41–3.1 µg l–1, at an average
value of 1.7 µg l–1 (Eriksson 2001a).

In various surface water conditions, several species of Mn are likely to occur,
such as: Mn2+, MnOH+, MnCl+, MnHCO3

+, Mn(OH)3
–, and MnSO4

0 (Witczak and
Adamczyk 1995).

The precipitation of Mn in bottom sediments of seas and ocean’s basins is controlled
mostly by seasonal variations of the redox conditions within the water column and the
sediments. There are different forms, mainly of secondary Mn and Fe formations.
Bacteriogenic Mn oxides occur commonly as nanoparticles and grain coatings in sedi-
ments of marine and fresh water environments. Hydrated biogenic Mn oxides pro-
duced by spores of marine and fresh water bacteria have flexible structure and are
strong scavengers of several metals, particularly Co, Cu, Zn, and U (Bargar et al. 2004).
Hlawatsch et al. (2002) stated that there is not observed a long-term accumulation of
trace metals in Fe-Mn nodules, with the exception of Zn.

II-7.1  ·  Manganese (Mn)
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Concentration of Mn in polluted river waters can reach the value >1 000 µg l–1

(Kabata-Pendias and Pendias 1999). The highest content of Mn is, however, in bottom
sediments of polluted rivers and/or water basins. Salomons and Förstner (1984) re-
ported the content of Mn in sediments of Rhine River at the value of 960 mg kg–1 to be
natural, whereas the highest Mn concentration in sediments of Odra River was
770 mg kg–1 (Kucharzewska et al. 1991). The distribution of Mn in the surface sedi-
ments of the Baltic Sea varies from 120 to 2 290 mg kg–1, and the highest concentra-
tions, up to 7 260 mg kg–1, are in sediments of gulfs and lagoons (Szefer 2002a). The
author reported Mn concentrations in bulk precipitation over the Baltic Sea to range
from 4 to 76 µg l–1. In groundwater, its concentrations can differ highly, from <1 µg l–1 in
European Russia up to 550 µg l–1 in Japan (Uchvatov and Baszkin 1997).

Manganese concentration in drinking waters generally varied from 5 to 25 µg l–1. The
recommended Mn concentration in drinking water is estimated by the EU at 50 µg l–1,
health based limit value is established at 400 µg l–1 (WHO 2004), and the ceiling value
is proposed as 500 µg l–1 (Schäfer 2004).

Aquatic biota. Some reports have shown that Mn in waters can ameliorate the toxicity
of other metals, and especially of Cd, to microalgae. However, Mn may also induce Fe
deficiency in some algae. Water hardness significantly affects Mn toxicity on aquatic
invertebrates as well as on fish (Howe et al. 2004).

Manganese is likely to concentrate, up to about 23%, in shells of mollusks, in the
form of layers coating the shell’s surface. Extremely high Mn contents were found in
shells of mollusks from the Baltic Sea, in the range of 7.5–233 mg kg–1, and in some
species (cockle), to over 34 000 mg kg–1 (Szefer 2002a).

II-7.1.5
Air

The origin of Mn in the atmosphere is from both terrestrial and industrial sources. Its
concentrations in air vary from <0.02 ng m–3 above the South Pole up to 900 ng m–3

above industrial regions of the USA (Table II-7.2). Its contents in remote areas of the
UK, in 1970, varied from 7–28 ng m–3 (Cawse 1982), and in Montreal, during the period
1993 to 2000, was relatively stable at about 10 ng m–3, but then a decreasing trend was
observed (Bankovitch et al. 2003). Median world concentration of Mn in air has been
estimated at 2 ng m–3 (Reimann and Caritat 1998).

The global atmospheric emission of Mn has been calculated by Livett (1992) as
38.27 kt yr–1, with the highest contribution from ferric metal smelting, and oil com-
bustion. Since the addition of MMT to unleaded fuel, the increase of atmospheric
Mn concentration has been expected. However, results of the investigations of Banko-
vitch et al. (2003) have not indicated a significant impact of the combustions of
MMT used in gasoline to increasing Mn levels in the urban atmosphere, nevertheless
its concentration in areas with very high traffic density could be higher than the US
EPA reference concentration of 50 ng m–3. Loranger et al. (vide Bankovitch et al. 2003)
reported a correlation between the atmospheric Mn concentration and traffic
density. Relatively stable Mn contents in lichen (Hypogymnia physodes) collected from
Apostle Islands WI, USA, during the period 1987–2001, indicated rather the decrease
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of this metal (by 14.5%), and did not show any aerial pollution by Mn (Bennett
and Wetmore 2003).

Manganese occurs in aerial particles mainly as different oxides that easily react with
SO2 and NO2 and became soluble in rainwater. Concentrations in rainwater samples of
the remote area of the Kola Peninsula ranged from 0.45 to 6.1 µg l–1 (Reimann and
Caritat 1998), and in rainwater of Sweden ranged between 0.5 and 3.1 µg l–1 (Eriksson
2001a). These authors reported the bulk deposition of Mn in Germany to range from
30 to 720 g ha–1 yr–1, and its wet deposition in Sweden to average 17 g ha–1 yr–1.

Relatively high Mn average content of moss from Norway, 310 mg kg–1, and the broad
range, from 28–2 100 mg kg–1 have indicated an impact of the aerial pollution (Berg
and Steinnes 1997).

II-7.1.6
Plants

Contents of Mn in plants are results of both the plants characteristics and the pool of
available Mn in soil, which is highly controlled by soil properties. Although the Mn
uptake is metabolically controlled, its passive absorption, especially at high and/or toxic
ranges, is also observed.

Concentrations of Mn fluctuate greatly within plant types, plant parts and during
the vegetative period. Usually concentrations increase in older parts of plants. Among
food plants, higher Mn concentrations are in cereal grains; average 27–50 mg kg–1

(Table II-7.4). Relatively low contents in fruits, average 1.3–1.5 mg kg–1, are affected by
the slight Mn transport through the phloem vessels due to complexation with large
organic molecules (Kabata-Pendias and Pendias 2001). In vegetables grown in Poland,
Mn contents vary from 0.6 mg kg–1 FW in tomatoes to 20 mg kg–1 FW in green peas
(Kunachowicz et al. 1998). Extremely high Mn contents in various types of black tea
leaves, with average values from 560 to 1 366 mg kg–1, apparently are a result of its easy
bioavailability from very acid soils of tea plantations (Smiechowska et al. 2004).

Grasses and clovers from various countries contain relatively high and fairly similar
amounts of Mn; mean range for grasses: 71–127 mg kg–1, and for clover: 25–89 mg kg–1

(Table II-7.5). The elevated average contents of Mn in grasses were given only for three
countries: Australia, Hungary and Japan.

The most important Mn function in plants is related to the oxidation-reduction
processes. The role of Mn has been already widely reviewed and summarized in sev-
eral books and articles (Crowley et al. 2000; Nelson and Lion 2003; Rengel 2004; Schäfer
2004). The Mnn+ cations in enzymes can catalyze several redox reactions. The Mn2+

cation is a specific component of two enzymes, arginase and phosphotransferase.
However, this metal can also substitute for Mg in other enzymes. The mechanism by
which Mn activates several oxidases is not yet known precisely, but it appears to be
related to the valence change between Mn3+ and Mn4+. The role of Mn in the NO2

–

reduction step is also not clear. Apparently it is related to the indirect relationship be-
tween the Mn activity and N assimilation by plants. Manganese participates in the O2-
evolving system of photosynthesis and also plays a basic role in the photosynthetic
electron transport system. Bartlett (1999) described Mn as “a key to life” due to its
function in the photosynthesis – the vital link in life’s most basic processes.

II-7.1  ·  Manganese (Mn)
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Adequate levels of available Mn in growth media are necessary in plants nutrition.
Skinner et al. (2005) reported that its transport across the soil-root interface is in the
reduced, Mn2+, state. Complex interactions between roots and microorganisms may
affect the phytoavailability of Mn (Marschner and Rengel 2005). Deficiency of Mn is
relatively common in certain crops grown on neutral and calcareous soils. In such soils,
the interactions of plant roots with microorganisms (in the rhizosphere) can facilitate
the oxidation of soluble Mn2+ into unavailable Mn3+ or Mn4+ (Rengel 2004).

Most crop plants do not suffer from Mn deficiency at concentrations above the range
of 15–25 mg kg–1. Rengel (2004) reported that Mn concentrations in the phloem sap
range from 2 to 910 µM l–1, whereas the required concentration, to keep the minimal
levels of Mn in grains (10–20 mg kg–1), ranges between 25 and 100 µM l–1.

Chloroplasts are the most sensitive of all cell components to Mn deficiency and
react by showing structural impairment. The deficiency symptoms occur first in younger

Table II-7.4.
Manganese in food plants
grown in various countriesa

(mg kg–1)
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leaves as interveinal chlorosis. At further stages, necrotic, reddish and brownish spots
on leaves and browning of roots appear. The growth of Mn-deficient plants is retarded,
the turgor is reduced and plant resistance to diseases and frost is lower. The most
sensitive to the Mn deficiency are oats (gray speck symptoms), peas (marsh spot symp-
toms) sugar beet, and some fruit trees. The optimum rates and the methods of Mn
applications, as soil fertilizers and foliar application, have been extensively reviewed in
several textbooks. However, a high rate of Mn application or use of inappropriate forms,
as well as variable soil conditions, can easily result in toxic effects on plants.

An excess of phytoavailable Mn is associated with several soil properties, particu-
larly with a high acidity (pH <5.5), anaerobic condition, and poor aeration. The Mn
toxicity in plants can occur also on highly alkaline soils, at about pH 8, where complex
Mn anions can be formed. There is a great difference between plant species and geno-
types in the sensitivity to Mn. Among crop plants, cereals, legumes and potatoes are
the most sensitive to the Mn excess in growth media. The physiology of Mn toxicity is
associated mainly with impaired impact on the activities of some enzymes and hor-
mones, as well as on amino acid synthesis. Plants resistant to Mn excess have an ability
to accumulate Mn in roots and/or to precipitate MnO2 within the epidermis. Generally,
most plants are affected by Mn contents around 500 mg kg–1. However, the accumula-
tions above 1 000 mg kg–1 in some resistant plant species or genotypes, and up to
10 000 mg kg–1 in hyperaccumulators have been reported (Greger 1999).

Foy (vide Kabata-Pendias and Pendias 2001) described the Mn tolerance as related
to several plant characteristics and metabolic processes:

� Oxidizing power of plant roots, possible oxidation of Mn to MnO2, which is stored
as inactive fraction

� Complexation of Mn by low-molecular-weight compounds produced by plant roots
or soil microorganisms

� Mn absorption rate and Mn entrapment in nonmetabolic forms
� Interactions with other elements, especially with Fe, Co, Ca, Al, and Si

Table II-7.5.
Manganese in grasses and
clover at the immature grown
stage from different countries
(mg kg–1) (values from various
sources as compiled by Kabata-
Pendias and Pendias 1999, 2001)
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The Mn biochemistry is controlled by interactions with several elements, in par-
ticular with Fe and Co. In general, Fe and Mn are interrelated in their metabolic func-
tions, and their appropriate levels and ratio (the Fe/Mn ratio should range from 1.5 to
2.5) is a prerequisite of healthy plants. Several interactions between Mn and other trace
metals have been observed, but are not fully confirmed, and in most cases might be
cross-linked with other elements.

Such a relationship can also vary, as in the case of P and Ca impacts, affecting either
a Mn deficiency or elevated Mn uptake, depending on plant characteristics and/or soil
properties (Kabata-Pendias and Pendias 1999).

II-7.1.7
Humans and Animals

Humans. Manganese occurs in all tissues of terrestrial and aquatic organisms. Com-
mon ranges of Mn in soft mammal organs vary, depending on the source of data, from
0.2 to 3.8 mg kg–1 (Jørgensen 2000) or from 0.04 to 1.3 mg kg–1 (Li 2000), being always
the lowest in muscles and the highest in kidneys. Also data on mean Mn concentra-
tions in human fluids vary greatly; for blood from 0.008 to 0.05 mg l–1, and for milk
from 0.0032 to 0.12 mg l–1. Higher contents of Mn are found in bones of terrestrial
mammals (up to 10 mg kg–1) and in hard tissues of aquatic animals.

The physiological function of Mn is closely associated with some enzyme activities,
(e. g., superoxidase dismutase-SOD, arginase) and with metallothionein (Brandi et al.
2004). It is also known that Mn2+ is involved in gene expression processes and stabi-
lizes the DNA structure (Munno De et al. 1996). The metabolism of Mn in the body is
closely related to the metabolism of Fe that is manifested by a higher Mn absorption
by women with low ferritin (Fe-protein) contents. This indicates an impact of Fe status
of the organism on the Mn metabolism (Momãiloviõ 2004). In general, Mn is an acti-
vator of different enzymes that control the metabolisms of carbohydrates, proteins and
lipids (including cholesterol), and nitrogen metabolism. A great proportion (over 50%)
of the body Mn is located in the hepatocyte nuclei of liver what can indicate some
functions of this metal in genetic regulation (Leach and Harris vide Schäfer 2004b).

Symptoms of the Mn deficiency in humans are very rare. The Mn contents in hu-
man tissues, especially in bones, decrease with age, what can be associated with bone
fractures (osteoroposis), dermatitis and hypochotesterolemia. Skeletal deformities and
testicular dysfunctions can result from a Mn deficiency (Plumlee and Ziegler 2003). A
low or absence of Mn-SOD activity in human cancer cells indicates a possible tumor-
suppressive action of this enzyme (Schäfer 2004b). At the normal, balanced diet, the
Mn supply is adequate to meet its requirement.

Average contents of Mn in different foods and beverages ingested by adults in Ger-
many varied for women from 6.8 to11 mg kg–1, and for men from 5.9 to10 mg kg–1,
depending on location and year (Schäfer et al. 2002). The contribution of various food
groups to oral Mn exposure highly differs and is the highest for bread and cereals (49%
of total Mn intake), vegetables (18%), and beverages (16%) (Nkwenkeu et al. 2002).
The infant food in Poland contains Mn at average 0.97 mg kg–1 FW, and one meal cov-
ers about 65% of the daily requirement (Marzec et al. 2004). The intake of Mn by adults
varies from 0.1 to 10 mg d–1 in different countries (Table II-7.6). The estimated safe
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and adequate daily intake of Mn by adults was previously given to be between 2 and
6 mg d–1 whereas the recent EPA recommendation is up to 10 mg d–1 for a 70 kg BW
(Djujiõ et al. 2003; Nkwenkeu et al. 2002). The upper tolerable intake of Mn by chil-
dren is established as 2–9 mg d–1, depending on the age (WHO/IPCS 2002).

Some kinds of vegetarian diet, as well as Fe deficiency, anemia, and some hepatic
dysfunction can promote chronic manganese toxicity. This can affect the Mn accumu-
lation in brain that can be associated with neurological symptoms. Manganese, either
ingested or inhaled is likely to concentrate in brain and causes a manganism – acute
toxic symptoms of psychiatric disorders. Normandin et al. (vide Bankovitch et al. 2003)
have shown that the solubility of Mn in the respiratory tract influences the brain Mn
concentrations.

Oral Mn poisoning has not been observed often and is mainly related to drinking
water. The ingestion of excess Mn can result in liver cirrhosis (Plumlee and Ziegler
2003). The harmful excessive Mn exposure in the working place was recently recog-
nized. The recent use of MMT in gasoline has prompted debates on the Mn potential
health risk, especially since several studies have proven that the inhalation of Mn-rich
dust by humans can increase susceptibility of the respiratory tract to infection and can
induce Mn-pneumonitis and some damage to the central nervous system (Plumlee and
Ziegler 2003; Schäfer 2004b). Neurotoxicity of inhaled Mn depends on its particle size
and species. In Germany, the MAK value of Mn has been set at 0.5 mg m–3. The highest
Mn concentration in drinking water, established by the WHO, is 0.5 mg l–1. A much
lower concentration of Mn, 0.05 mg l–1, has been recently proposed in the USA and
Europe (Schäfer 2004b).

Animals. In animals, Mn deficiency has been manifested relatively often. Initially, symp-
toms of Mn deficiency in farm animals were recognized in the area with soils derived
from calcareous rocks. These symptoms vary depending on animals, and are always
related to the impaired functions of some enzymes (as in the human body). The Mn
requirement for animals varies from 20 to 60 mg kg–1 BW, being the highest for lactating
ruminants and the lowest for pigs (Schäfer 2004b). Requirements for some domestic

Table II-7.6. Average daily intake of Mn (mg d–1) by population in different countries
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animals vary from <10 to 60 mg kg–1 feed (DW) and most commonly is 40 mg kg–1 BW
(Jones 2005). The Mn deficiency in animals is affected, in most cases, by interactions
between elements (e.g., Mg, Ca, P, Fe, Co) that influence a low Mn availability from the
digestion track. A low or absence of Mn-SOD activity in various rodent cancer cells
indicates, as in humans, a tumor-suppressive action of this enzyme (Schäfer 2004b).

High levels of dietary Mn intake are tolerated by most animals. However, in experi-
mental animals, the increased Mn exposure resulted in damage to the central nervous
system and in alterations in carbohydrate homeostasis (Schäfer 2004b). Increase Mn
intake by animals (e.g., fodder Mn around or above 100 mg kg–1) can affect deficiency
of some bio-elements, (i.e., Fe, Cu, Co, P).

II-7.2
Technetium (Tc)

II-7.2.1
Introduction

Technetium is a by-product of nuclear fuel processing, and the only artificial metal
that is used in metal processing (Heiserman 1997). Metallic Tc, mainly used in alloys
with Mo or Nb exhibits electrical superconductivity. Very resistant to oxidation, Tc is
added to some Fe-alloys, to inhibit the corrosion.

Minute quantities of the isotope 99Tc were found in uranium ores (Fairbridge 1972).
This isotope is widely used in medicine for the diagnostic of thyroid disorders.

II-7.2.2
Occurrence in the Environment

Geochemical properties of Tc are similar to those of Mn and Re. In compounds, Tc occurs
mainly as heptavalent (Table II-7.1) and in water forms the complex anion TcO4

–.
The source of 99Tc is mainly global fallout. According to Tagami and Uchida (1998)

contents of this radionuclide in paddy soils of Japan vary from 6.1 to 110 mBq kg–1,
being accumulated in surface soil layers. The soil to rice-plant transfer of Tc is much
lower in flooded soil than in non-flooded soil. Apparently it is controlled by the ratio
of two Tc species, soluble TcO4

–, and insoluble TcO2 (Yanagisava and Muramatsu 1995).
Adsorption of pertechnetate (TcO4

–) on mineral surface is weak and tends to be strongly
affected by pH and other anions, while reduced Tc is readily sorbed by soils constitu-
ents and also forms complexes with organic matter (Zhang et al. 2002).

The transfer factor of Tc from soil to edible parts of vegetables ranges and is the
lowest for tomato (BCF – 0.3) and the highest for spinach (BCF – 17), on a dry weight
basis (Yanagisava and Muramatsu 1993). Recent studies have indicated that the Tc
bioavailability in natural soils environments is lower than expected (Tagami and Uchida
2005). The phytoavailability of reduced Tc is much less than that of pertechnetate (Zhang
et al. 2002). In plants, Tc is relatively immobile, therefore the highest Tc concentrations
were found in older plant tissues.

Denys et al. (2005) reported that the correlation between TcO4
– and NO3

– might be
useful to assess the fate of 99Tc in soils. Organic and nitrogen fertilizers inhibit its
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phytoavailability since they stimulate changes of the mobile TcO4
– to slightly soluble

TcO2 and TcS2 (Echevarria et al. 1997).
The disposal of Tc-enriched wastes is an environmental hazard since it is easily

included in the biocycle. It is subjected to microbial oxidation and reduction processes
and is easily taken up by plants, possible as the anion TcO4

– (Echevarria et al. 1997).
Tagami and Uchida (2005) reported that the dominant species of Tc in natural aque-

ous environments is TcO4
–. However, Hu et al. (2005) concluded that in reduced ground-

waters this radionuclide is likely to occur in the slightly mobile species, TcO2 · nH2O.
Ingested Tc localizes in the thyroid gland and gastrointestinal tract. Its biological

half-life in the body is approximately 60 hours (Zhang et al. 2002).

II-7.3
Rhenium (Re)

II-7.3.1
Introduction

Rhenium is highly dispersed in the Earth’s crust, in the range from 0.4 to 0.6 µg kg–1

(Table II-7.2). It occurs primarily in minerals of other elements and is commonly asso-
ciated with molybdenite, zircon, and gadoline. The mineral dzhezkazganite, of pos-
sible formula CuReS4, containing 40–50% of Re, occurs rather seldom.

The annual global production of Re in 2003 was 39.3 t (WMSY 2004). The use of Re
is mainly in productions of lamps, photographic flashes, and thermostats. It is also
used as catalyst in some chemical reactions. This metal is added to alloys used for
medical tools and in jewelry production. The supplementation of Re compounds has
been recently used in some cancer patient treatments (Collery et al. 2004).

The most common oxidation state is +7, but other oxidation states are also known
(Table II-7.1). Two ionic forms Re4+ and Re6+ reveal similarity to Mo cations and are
likely to substitute for this metal in geochemical processes. Thus, molibdenite can
contain Re up to around 2%.

II-7.3.2
Occurrence in the Environment

During weathering, Re is readily soluble, especially in oxidizing and acidic condi-
tions, mainly as the anionic form, ReO4

–. It is precipitated or sorbed by various sedi-
ments, such as bituminous copper shales, black piritic shales, as well as some coals,
up to 10 mg kg–1. Swedish arable soils contain Re at average value of <0.04 mg kg–1

(Eriksson 2001a).
The world mean Re in river waters has been calculated by Gaillardet et al. (2003)

at 0.4 ng l–1. Much higher Re concentrations found in stream water of India, up to
10 ng l–1, are apparently associated with geochemical conditions. The world mean in
seawater is estimated by Reimann and Caritat (1998) at 4 ng l–1. Anbar et al. (1992)
gave the range of its average values as 7.4–9.1 ng kg–1 in the Pacific Ocean, and the
range of 4–6.9 ng kg–1 in the Atlantic Ocean. The concentration of Re in rainwater
collected in Sweden during 1999 averaged 0.17 ng l–1 (Eriksson 2001a).

II-7.3  ·  Rhenium (Re)
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Soluble forms of Re are apparently relatively easily available to plants. Barley and
wheat grains from Sweden contained Re at the average value of <0.1 µg kg–1 (Eriksson
2001a). The highest Re contents are observed in vegetation of areas surrounding ura-
nium ore deposits.

Rhenium supplied to human organisms is concentrated mainly in the thyroids. Its
cationic form (ReCl3) is more toxic than the anionic form (K2ReO4). Symptoms of the
Re toxicity is associated with impairments of nervous and circulation systems (Collery
et al.  2004).

Re



Chapter II-8

According to the previous nomenclature system of the Periodic Tables, the elements of
the three groups of the Table: 8, 9, and 10 were included in one VIII group. The ele-
ments of the first subgroup (triad) were the so-called: iron family metals (Fe, Co and Ni).
Two next triads contained noble metals of the platinum-group (Ru, Rh, Pd, Os, Ir, Pt).  The
old system referred to chemical and geochemical properties of the elements and there-
fore it was easier to compare and describe these elements. However, the new nomen-
clature system, as obligatory, will be followed in the text.

Group 8 of the New Periodic Table of Elements (after the latest IUPAC recommen-
dation) is composed of three elements: iron (Fe), ruthenium (Ru), and osmium (Os).
These elements exhibit very variable states of oxidation (Table II-8.1).

II-8.1
Iron (Fe)

II-8.1.1
Introduction

Iron is the most important metal and one of the major constituents of the lithosphere.
Its average content of the Earth’s crust is about 5% (Table II-8.2). The global abun-
dance of Fe is calculated to be around 4.5% and it is not considered a trace element in
rocks and soils. However, Fe plays a special role in the behavior of several trace ele-
ments and is in the intermediate position between macro- and micronutrients in plants,
animals and humans.

Trace Elements of Group 8
(Previously Part of Group VIII)

Table II-8.1. Selected properties of trace elements of Group 8

Fe
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The geochemistry of Fe is very complex in the terrestrial environment and is largely
determined by the easy change of its state of oxidation in response to physicochemical
conditions. Iron is very chemically reactive and is similar in chemical behavior to other
metals, especially to Co and Ni. Its behavior is also closely linked to the cycling of O,
S, and C. In variable environmental conditions, Fe reveals various characteristics and
can be siderophilic, chalcophilic or lithophilic. In most minerals formed near the Earth’s
crust surface, Fe occurs as the ferric (Fe3+) ion, whereas in deeper rocks the ferrous
(Fe2+) ion predominates.

There are recognized two cycles of Fe: exogenic that takes place at the surface Earth’s
crust, and involves the action of water and air, and endogenic – taking place beneath the
surface of the Earth, and includes geological processes, such as e.g., melting, metamorphism.

Chief Fe ore minerals are mainly ferric oxides (e.g., hematite) or hydrated ferric
oxide (goethite), and various dimorphous minerals including those that are commonly
occurring in soils. Important Fe ore deposits can also be composed of other Fe min-
erals, like siderite, FeCO3; pyrite, FeS2; and ilmenite, FeO · TiO2. “Bog ores” are small
deposits of FeCO3 resulted from the precipitation from soluble Fe(HCO3)2 in lakes,
swamps and shallow shelf regions.

The fate of Fe in processes of weathering is dependent largely on the Eh-pH system and
on the stage of oxidation of the Fe compounds involved. The general rules governing the
behavior of Fe are that oxidation and alkaline conditions promote the precipitation of Fe,
whereas reducing and acid conditions promote the mobilization of Fe compounds. The
complex geochemical behavior of Fe associated with its participation in oxidation-reduc-
tion processes, resulted, similarly as in the case of Mn, in the formation of great number
of oxides and hydroxides. Several minerals and amorphous compounds of Fe have a large
surface area that is involved in the reactions of various cations and anions in terrestrial
environments. Iron complexes with organic ligands have a significant impact on the metal’s
fate in the environment. A variety of humic and nonhumic organic compounds are in-
volved in the Fe mobility in various geochemical and pedochemical environments.

Megonigal et al. (2003) have broadly reviewed the cycling of Fe in relation to abiotic
and biotic processes. The authors have emphasized (after Lovley) that dissimilatory
Fe3+ reduction is the dominant form of anaerobic carbon metabolism in many ecosys-
tems, and may be one of the earliest forms of microbial metabolism to evolve on the
Earth or elsewhere. Microbial oxidation of Fe that can occur under both aerobic and
anaerobic conditions stimulates the precipitation of poorly crystalline Fe oxides, which
have significant impact on the behavior of several other cations. Microorganisms play
a key role in Fe cycling, which is closely associated with organic carbon oxidation via
Fe3+ reduction and with sulfide and sulfate compound transformations. About eigh-
teen Fe minerals, oxides, hydroxides, carbonates, phosphates, sulfates and sulfites are
listed as possibly biologically-induced (Frankel and Bazylinski 2003).

II-8.1.2
Production and Use

Since about 3 000 years BC iron has been used by man and has played a dominant role
in human civilization. It is the most commonly used metal in all civilizations. Iron
mining and processing is mentioned in the Old Testament.

Fe



211

Global mining of Fe has not changed significantly during recent decades and has
been given by various sources as 550–870 Mt yr–1. The calculation for 2000 gave the
annual Fe production as 571 Mt (USGS 2004). The Fe-processing industry is spread out
in all countries and approximately 30% was produced in the former Soviet Union.

Over 90% of “pig iron” obtained from smelting furnace is processed to steel and
various alloys. As a very chemically reactive metal, Fe tarnishes rapidly in air or water.
Additions of several other metals to alloys increased Fe resistance to corrosion. How-
ever, effects of corrosion processes, on a global scale, are a serious source of this metal
in different environmental compartments.

The main use of Fe is for various tools, and in the transport and construction industry.

II-8.1.3
Soils

The common range of Fe contents in soils is between 0.1 and 10% and its distribution
in soil profiles is variable and controlled by several soil parameters. Soil texture seems
to be highly correlated with Fe concentrations that resulted in increased Fe contents
with increasing amounts of fine granulometric fractions (<0.02 mm). Mean Fe con-
tents in the surface layer of sandy soils of Poland have been determined to be 0.57%
and in heavy loamy soils to be 1.2% (Kabata-Pendias and Pendias 1999). Contents of
Fe in soils are both inherited from parent materials and/or resulted from soil processes
that are controlled by climatic factors.

In soils, Fe occurs mainly in forms of oxides and hydroxides, as amorphous com-
pounds, small particles, fillings in cracks and veins and coatings on other minerals or
particles. The accumulation of Fe in concretions and nodules is most commonly ob-
served. Also Fe frequently forms chelates with humic and nonhumic organic substances,
especially in topsoil layers.

The transformation of Fe compounds and minerals, both biotic and abiotic, play an
important role during weathering and soil formation. The vertical Fe translocation
influenced mainly by organic ligands is a process called podzolization.

The Fe minerals that occur in soil and are also formed pedogenically and biologi-
cally, and are used as a key for soil and soil horizon characterization. Soil Fe minerals,
associated with pedogenic processes are:

� Hematite, α-Fe2O3, occurs in soils of arid, semiarid, and tropical regions and is most
often inherited from parent rocks

� Maghemite, γ-Fe2O3, is formed in highly weathered soils of tropical zones and often
occurs as concentrations associated with hematite, magnetite, and goethite

� Magnetite, Fe3O4, is mostly inherited from parent materials, and is often accompa-
nied by maghemite

� Goethite, α-FeOOH, is the most common mineral in soils over broad climatic re-
gions (temperate and tropical). The crystallinity and composition of this mineral
vary and reflect the environment in which it has formed

� Lepidocrocite, γ-FeOOH, is common in poorly drained soils (e.g., paddy soils) and
in soils of humid temperate regions. A low pH value, low temperature, and absence
of Fe3+ are favorable conditions for its formation

II-8.1  ·  Iron (Fe)
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� Ferrihydrite, Fe2O3 · nH2O, is not stable but relatively common form in mineral soils.
It is easily transformed to hematite in warm regions and to goethite in humid tem-
perate zones

� Ilmenite, FeTiO3, does not occur commonly in soils. It is resistant to weathering,
and usually is inherited from parent materials

� Pyrite, FeS2; ferrous sulfide, FeS; and jarosite, KFe3(SO4)2(OH)6, are widely distrib-
uted in submerged soils containing S-compounds

� Vivianite, Fe3(PO4)2 · 2H2O; and hydrous ferric phosphate, FePO4 · nH2O are formed
mainly under the influence of bacterial processes

Mineral and organic compounds of Fe are easily transformed in soils, and both
organic matter and microorganisms appear to have a significant influence on the for-
mation of Fe oxides, as well as on their forms (crystalline, semicrystalline, amorphous).
Especially some bacteria (e.g., Thiobacillus, Metallogenium sps.) are involved in the
accumulation and cycling of Fe (Megonigal et al. 2003). Tan (1998) has emphasized
that various binding mechanims between living organisms, like bacteria and fungus,
and soil clay and humus matter play a crucial role in the Fe distribution and forms. The
precipitation of Fe due to the accumulation of Fe(OH)3 at a bacteria cell surface is
relatively common processes in soils (Paul and Clark 2000).

Goethite is apparently the most frequently occurring Fe-mineral in soils, and its
sorption properties have been studied broadly (Gerth et al. 1993). Sorption processes
are complex and involve: (i) absorption of metals on external surface, (ii) solid state
diffusion of metals, and (iii) metal binding and fixation at position inside the mineral
particles. A strong ability of goethite to bind selected metals might suggest that this

Fig. II-8.1.
Influence of soil pH on the
activity of Fe3+ (log concentra-
tion in solution) maintained
by Fe oxides present in soils:
a goethite; b Fe(OH)3, amor-
phous; c Fe(OH)3, soil con-
stituent; d Fe concentration in
soil solution (various sources,
compiled by Kabata-Pendias
and Pendias 2001)
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mineral as well as other Fe hydroxides could be used to ameliorate metal-polluted soils.
Different authors have presented several orders of preferential sorption of metals by
goethite. Most commonly, however, metal ion affinity for the Fe-oxide surface has been
presented as follows: Cu > Zn, Co, Pb > Mn > Cd (Kabata-Pendias and Pendias 2001). The
negative correlation between Se grains and Fe in soils is suggesting a possible immobili-
zation of Se by secondary Fe minerals (Johnson et al. 2000). It has been confirmed by
Cheney et al. (2004) who studied the adsorption of selenite and iodate onto goethite.

Results presented by Karczewska (2004) indicated that amounts of metals bound to
both amorphous Fe oxides and crystalline iron oxides in metal-polluted soils are fairly
similar and governed mainly by soil properties. Relative amounts of total metal con-
tents bound to Fe oxides were as follows:

� By amorphous Fe oxides: 3–24% of Cu, 1–54% of Pb, 3–25% of Zn, and 43–90% of As;
� By crystalline Fe oxides: 5–29% of Cu, 3–53% of Pb, 15–34% of Zn, and 5–46% of As

Amounts of crystalline Fe oxides in soils irrigated with municipal wastewater were
relatively high, within the range from 22 to 66% of the total Fe contents, whereas Fe
species bound to Mn oxides were rather negligible, from 1 to 8% of the total Fe (KabaÝa
and Wilk 2004).

The distribution of Fe minerals and compounds in soil profiles is highly variable
and reflects several soil processes. The color of soils is largely associated with amounts
and forms of Fe compounds. Therefore the content and profile distribution of Fe com-
pounds has been used for the description of soil processes and for the soil classifica-
tion (Zonn 1982).

Many reactions are involved in the solubility of Fe in soil, but hydrolysis and forma-
tion of complexed species appear to be most important. The solubility of Fe3+ and Fe2+

amorphous hydrous oxides especially control the mobility of soil Fe. However, the
formation of other Fe compounds, such as phosphates, sulfides, and carbonates greatly
modify the solubility of Fe.

Contents of easily soluble and exchangeable fractions of Fe are very low in com-
parison with the total Fe content. Easily soluble species of Fe, determined as an op-
erational group by sequential extraction, account from 0.01 to 0.1% of the total Fe,
and exchangeable species account from 0.05 to 0.21% (KabaÝa and Wilk 2004). The
concentration of Fe in soil solution, at the common soil pH, ranges from 30 to 550 µg l–1,
but in very acid soils it can exceed 2 000 µg l–1. Thus, in calcareous and loamy soils
(pH range 7–7.8), Fe contents vary from 100 to 200 µg l–1, whereas in light acid sandy
soils (pH range2.5–4.5), Fe contents range from 1 000 to 2 223 µg l–1 (Kabata-Pendias
and Wiªcek 1985).

The ionic species of Fe commonly occurring in soil solutions are as follows (Kabata-
Pendias and Sadurski 2004):

� Cationic forms: Fe2+, FeCl+, Fe(OH)2
+, FeH2PO4

+

� Anionic forms: Fe(OH)3
–, Fe(SO4)2

–, Fe(OH)4
2–

The redox behavior of Fe in soils has been broadly studied and described in several
textbooks, and recently by Alloway (1995), Bartlett (1999), and Sparks (1995).
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In waterlogged soils, the reduction of Fe3+ to Fe2+ affected by both abiotic and biotic
factors results in an increase of its mobility. Also some anthropogenic factors, such as
acid rain, acid fertilizers, high input of organic matter, may increase the Fe mobility in
most soils. In consequence, geochemical and pedochemical Fe cycling associated with
its mobility and phytoavailability may be significantly changed (Zonn 1982).

Although soil Fe is slightly mobile under most soil conditions, it also exhibits a
tendency to form mobile organic complexes and chelates. These compounds are largely
responsible for the Fe migration between soil layers and for leaching of Fe from soil
profiles; they are also important in the supply of Fe to plant roots. The budget of Fe in
soils calculated as input/output differences indicates losses of Fe mainly from soils
under the spruce forest, and this phenomenon is particularly associated with acid and
light soils (Kabata-Pendias and Pendias 2001).

Areas of Fe deficiency in soils for certain crop plants are relatively common, how-
ever, in most cases this deficiency is related to a low concentration of soluble Fe species.

Table II-8.2. Abundancea of iron the environmentFe
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Most of Fe deficient soils occur under arid climates and are associated with calcareous,
alkaline, or other specific soils. In the humid climatic zone, with the predomination of
acid soils, Fe deficiency is most unlikely to occur. However, some activities of humans,
like improper liming and disturbing the soil chemical balance by remediation action,
may affect a low Fe availability to plants. Bocanegra et al. (2004) reported that iron-
humate chelates might be a source of easily available Fe to plants.

Soil testing and the correction of the Fe deficiency have been the subject of many
studies, however, there is still a lack of suitable methods to assess the Fe availability
to plants (Mortvedt et al. 1991). The chelating agents (DTPA and EDTA) appear to be
most often recommended for measuring the availability of Fe to plants, however, Kreij
et al. (1996) reported that the correlation between Fe in all substrate extracts (also
H2O and CaCl2) and Fe in the test plants was poor. Recently Houba et al. (1999) showed
that 0.01 M CaCl2 is relatively simple and suitable for the extraction of the available
pool of Fe.

Iron is an excellent metallic material for environmental remediation because it is a
strong and nontoxic reducer, effective in coprecipitating and sorbing inorganic pollut-
ants (Kaplan et al. 2002). Several Fe compounds for the remediation of soil contami-
nated with trace metals have been proposed. Also steel shots containing mainly Fe
oxides are effective in the immobilization of soil trace metal excess. The method pre-
sented by Mench et al. (1998) is based on the ability of Fe and Mn oxides to absorb and
occlude several trace elements from the ambient solution. Zero-valent Fe decreases the
solubility mainly of As and Cr, is less effective in the immobilization of Zn and seems
to increase the labile pool of Cu (Kumpiene et al. 2005). Steel shots are also little suc-
cessful in the stabilization of Cd. However, several authors suggested that the zero-
valent Fe applied as remediation treatment, gives beneficial effects in trace metal sta-
bilization, in a long-term perspective.

Table II-8.3. Trace elements in iron oxides of soils (mg kg–1) (data source: Kabata-Pendias and Pendias 2001)

II-8.1  ·  Iron (Fe)

Fe



216 Chapter II-8  ·  Trace Elements of Group 8 (Previously Part of Group VIII)

The increased ratio of magnetic Fe to regular Fe in soils, as compared with mother
rocks, indicates the impact of industrial pollution. Dust from metal processing exhib-
its greater magnetic susceptibility than Fe minerals. Measurement of the anomaly in
magnetic reactivity of soils is proposed as a tool for the monitoring of soil pollution
(Magiera et al. 2004).

II-8.1.4
Waters

According to Gaillardet et al. (2003), the global mobility index (Cw/Cc ratio) of Fe is
low (<0.01). These authors calculated the world average of Fe in the dissolved load
(<0.2 µm) of rivers as 66 µg l–1, and its concentrations in the range of 11–739 µg l–1.

Iron concentrations in seawaters range broadly and depend on the source, these
values are (in µg l–1):

� 2 – 20 world ocean (Fairbridge 1972)
� 25 – 743 world ocean (Reimann and Caritat 1998)
� 0.3 – 35 Baltic Sea (Szefer 2002)
� 0.03 µg kg–1, North Pacific (Nozaki 2005a)

Iron plays an important role in marine environments as a micronutrient for organ-
isms and its low bioavailability may limit growth of phytoplankton that are critical for
the oceans primary production (Achterberg et al. 2004).

Concentrations of Fe in surface waters can be quite variable under the impact of
different factors. McKnight and Duren (2004) reported that the Fe2+ oxidizing reac-
tions in stream water including photochemical and/or microbial reactions might con-
strain the mid-day Fe2+ maxima concentrations. The importance of these reactions
depends upon the sources and concentrations of DOM, and dissolved Fe.

Most of Fe transported by rivers reaches the ocean, however, it is also partly precipi-
tated in bottom sediments. Riverine flux of Fe to the ocean has been calculated by Kitano
(1992) as 7 Mt yr–1, whereas this value estimated by Gaillardet et al. (2003) is 2.47 Mt yr–1.

The behavior and chemistry of Fe in water systems are very complex and controlled
by several parameters of which redox potential is the most important. The predomi-
nated forms of Fe are colloids, but several hydrous ions of Fe3 and Fe2 can also domi-
nate. Most of Fe compounds are easily soluble in water at pH <7, however, under oxi-
dizing conditions they are precipitated in various oxide forms. Due to reactive surface
properties, hydrous Fe oxides are the most important factor controlling the behavior
of dissolved metals in water. The colloidal Fe oxides play a dominate role in the sorp-
tion and coagulation of other colloidal substances and ions. Dissolved Fe compounds
readily precipitate in most aquatic environments and form various multimetallic con-
cretions in bottom sediments. Bacteriogenic Fe oxides occurring in ground waters,
composed mainly of amorphous hydrous ferric oxides, Mn oxides, and bacterial or-
ganic matter, play an especially important role in the transport and fate of dissolved
metals in subterranean water systems (Ferris et al. 2000).

Iron concentrations in landfill leachate and ground water can create various tech-
nologic and environmental problems. Redox conditions of in landfill leachates are very

Fe
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complex, but reducing conditions may predominate. Therefore concentrations of Fe in
groundwater around waste disposal sites may vary in the broad range from 3 to
5 500 mg l–1 (Bjerg et al. 2003), whereas Fe contents of groundwater in unpolluted zones
of temperate humid climate average 0.75 mg l–1 (Kabata-Pendias and Pendias 1999).
Recently, several technologies based on the precipitation of metallic pollutants on fer-
ric iron band have been proposed for the remediation of contaminated waters.

Rainwaters contain Fe in the range of 11–40 µg l–1, the lowest value for coastal region of
Norway and the highest for polluted region of the Kola Peninsula (Reimann and Caritat 1998).

Aquatic plants. Zhu et al. (2005) described that Fe plaque is commonly formed on the
root surface of aquatic plants, mainly due to the oxidation of Fe2+ to Fe3+, and the precipi-
tation of Fe oxide on the root surface. This plaque is composed predominantly of ferri-
hydrite (63%) with lesser amounts of goethite (32%) and a minor level of siderite (3%).

II-8.1.5
Air

The origin of Fe in the atmosphere is from both terrestrial and industrial sources. Its
concentrations in air vary from 0.5 to 1.2 ng m–3 above the South Pole, from 13 to
40 ng m–3 at Spitsbergen, and from 166 to 17 ng m–3 above Greenland (Table II-8.2).
Contents of Fe in the atmosphere of different cities, from various continents, range
broadly from 50 to 14 000 ng m–3, and are clearly associated with industrial activities
(Kabata-Pendias and Pendias 1999). In world remote regions, median Fe concentra-
tions vary from 60 to 70 ng m–3, whereas in polluted areas range between 130 and
14 000 ng m–3, with a median of 2 500 ng m–3 (Reimann and Caritat 1998).

Aerial dust of urban region is composed, of 33–38% (weight), of Fe which the an-
nual deposition was estimated at 16 800–43 200 g ha–1 yr–1 (Manecki et al. 1988). The
deposition of Fe in inhabitant areas of Europe ranges from 300 to 5 700 g ha–1 yr–1

(Kabata-Pendias and Pendias 1999).

II-8.1.6
Plants

The mechanisms of Fe uptake by plants and transport within plants, as well as its
metabolic functions have received much study because Fe is the key metal in energy
transformation needed for syntheses and other life processes of the cells. The present
knowledge on this topic has been extensively reviewed by several scientists and com-
piled by Kabata-Pendias and Pendias (2001).

The main features of the Fe uptake by plants and Fe transport between plant organs
may be summarized as follows:

� Various species may be absorbed, mainly as Fe2+, but also Fe3+, and Fe chelate
� Plant roots may reduce Fe3+ to Fe2+, which is fundamental in the Fe absorption by

most plants
� At Fe deficiency conditions, roots (especially of cereals and other Gramineae) re-

lease mugineic acids that are effective in mobilizing Fe

II-8.1  ·  Iron (Fe)
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� In xylem exudates, Fe occurs mainly in unchelated forms
� The Fe transport is mediated largely by citrate chelates and by soluble ferritins (trans-

ferrins)

At conditions of Fe deficiency, roots of some plants can develop various mecha-
nisms responsible for enhanced Fe solubility through the reduction of Fe3+ and/or
chelation in phytosiderophore forms that are efficient in mobilizing Fe (Marschner
et al. 1989). Phytosiderophores released by the roots of Poaceae into the rhizosphere
especially influence the availability and uptake of Fe and, probably, other metals
(Reichman and Parker 2005). Boganegra et al. (2004) reported that Fe-humate com-
plexes are a good source of this metal for plants.

The essential role of Fe in plant biochemistry can be summarized as follows:

� Several Fe-proteins, mainly transferrins, ferritins, and siderophores, are involved in
transport, storage and binder systems

� Fe occurs in hem and non-hem proteins and is concentrated mainly in chloroplasts
� Chlorophyll formation is influenced by Fe
� Organic Fe complexes are involved in the mechanisms of photosynthesis electron

transfer
� Non-hem Fe proteins are involved in the reduction of nitrites and sulfates
� Fe is directly implicated in the metabolism of nucleic acids
� Both cations, Fe3+ and Fe2 may also play a catalytic role in various reactions

Interactions between Fe and other trace and major elements are very complex and
may occur within plants as well as at the root surface. In most cases these are antago-
nistic interrelationships, and can be presented as follows:

� Excess amounts of Mn, Ni, and Co cause a reduction in the absorption and trans-
location of Fe that resulted in a decrease of chlorophyll

� High levels of Fe compounds in growth media result in decreasing uptake of several
trace metals, mainly of Mn, Ni, and Co

� Interactions between Fe and Mn in both growth medium and plant tissues have the
most important impact on plant metabolism

� The interaction of Fe-Zn seems to be associated with the precipitation of franklin-
ite, ZnFe2O4, that depresses the availability of both metals

� Antagonistic interactions between Fe and Si, and Fe and Se have been observed
� Fe-P interactions, in both plants and soils, are related mainly to the precipitation of

FePO4 · 2H2O. Furthermore, P anions compete with plants for Fe and interfere with
Fe uptake and its transport. The appropriate P/Fe ratio is fundamental to plant health

� In K-deficient plants, Fe may become toxic due to disrupted oxidation of Fe2+ to
Fe3+

� Fe-Ca interactions, in both plant and soil, are very complex, but the significant impact
of Ca is to suppress Fe availability, and thus may lead to Fe chlorosis in plants on
calcareous soils

� Fe-S interactions cause a low Fe availability at low soil S, whereas a high S content
may also result in a low Fe solubility, depending on soil environments

Fe
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The physiology of Fe toxicity and of plant resistance to the excess of this metal can
be summarized as follows:

� Plants high in nutrients, especially in Ca and SiO2, can tolerate increased levels of Fe
� Rice roots (also roots of other plants) are able to oxidize Fe and deposit it on the

root surface
� Mycorrhizas reveal a great capability to bind Fe either at the root surface or in root cells
� Root damage by various factors destroys the oxidizing power of roots and aggra-

vates Fe availability and thus Fe toxicity
� Plant resistance to excess Fe is associated with different reactions like oxidation,

immobilization and exclusion of mobile Fe forms by roots
� Plants adapted to waterlogged conditions are commonly more tolerant to high Fe

levels than plants grown in well-aerated soils

The above summaries are oversimplified and very generalized, but give some infor-
mation showing that in addition to the active Fe roles in redox reactions of plant cells,
Fe also performs other fundamental functions in plants. Plant response to Fe toxicity
or deficiency is highly variable among genotypes and plant species. Therefore, genetic
transformations in plants seem to be most promising in resolving problems of Fe in
plant nutrition.

The appropriate content of Fe in plants is essential to both, the plant metabolism
and the nutrient supply to humans and animals. The plant ability to absorb Fe is vari-
able and is affected by changing conditions of soil and climate and by stages of plant
growth and specific genotype properties. Some plants, like e.g., Alyssum bertoloni, exhibit
a special capability to absorb Fe and can accumulated this metal to about 4 000 mg kg–1

in roots and 1 300 mg kg–1 in leaves (Brooks 1998).
Various cereal grains do not differ much in their Fe concentrations (Table II-8.4).

Mean grain Fe amounts vary from 31 to 98 mg kg–1, being higher in oats and barley
than in wheat and rye. The grand mean of 48 mg kg–1 for Fe in grains has been esti-
mated (Kabata-Pendias and Pendias 2001). The range of mean Fe contents in below-
ground parts (roots, bulbs, tubers) of selected food plants vary from 34 to 46 mg kg–1,
and from 3.3 to 3.7 mg kg–1 FW. Green, aboveground parts of vegetables (especially
spinach) contain higher amounts of Fe than other parts of plants. Phytoferritin, a
metalloprotein, is a soluble and available (to animals and humans) form of Fe in plants,
concentrated mainly in the shoots, root apex, and seeds.

Iron contents of forage plants (grass and clover) vary greatly and indicate the im-
pact of soil and climatic conditions (Table II-8.5). Mean Fe concentrations in grasses
range from 43 to 376 mg kg–1, being the highest for Australia, Hungary and New Zealand.
Mean Fe amounts in clover vary from 117 to 400 mg kg–1 and are higher in the same
countries as Fe in grasses. The nutritional requirement of grazing animals is usually
met at the Fe contents ranging from around 50 to 100 mg kg–1.

Contents of Fe in moss growing in Norway vary highly, from 120 to 21 000 mg kg–1

and average 660 mg kg–1, suggesting the impact of atmospheric deposition (Berg and
Steinnes 1997). Results of the research of Nieminen et al. (2004) indicated that Fe from
aerial deposition dominates (Fe in pine needles: 883 mg kg–1) over root uptake path-
way of this metal (Fe in pine needles: 69 mg kg–1).

II-8.1  ·  Iron (Fe)
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II-8.1.7
Humans and Animals

Humans. The content of total Fe of soft tissues of a “reference man” is estimated at
55 mg kg–1. Skin tissues contain only 29 mg kg–1. In human fluids the Fe concentra-
tions vary from 0.14 to 0.45 mg l–1 in urine and milk, respectively (Li 2000).

Iron is an essential nutrient for all organisms and each species regulate its own Fe
metabolism. Free ionic Fe is very reactive, being involved in the generation of free-
radicals that can be very toxic. It is, therefore, commonly stored in inert forms, e.g.,
bound to serum transferrin. Ferritin was first discovered in the mucous membrane of
the stomach and small intestine, as well as in the liver and spleen. It is a metalloprotein
involved in both the transport and storage of Fe. Iron binds to transferrin that plays a
fundamental role in Fe metabolism of cells (Schümann and Elsenhans 2004). By chelat-
ing some divalent cations (e.g., Cd, Co, Cu, and Zn,), ferritin is able to protect the cells
from metal toxicity (Sczekan and Joshi vide Prasad 2004a).

Table II-8.4.
Iron in food plants grown in
various countriesa (mg kg–1)

Fe
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A peptide called hepcidin, recently isolated from human urine and blood, appears
to be capable of regulating Fe absorption. It exhibits antimicrobial activity (Mazur
et al. 2003; Koäla et al. 2004). As a hormone, hepcidin seems to be a key regulator of Fe
metabolism. As such it is involved in anemia (Niçolas et al. 2002). An insufficient pro-
duction of hepcidin is accompanied by Fe overloading, whereas overproduction of this
hormone causes Fe deficiency and anemia. Hepcidin is, therefore, considered a pri-
mary factor in regulating Fe homeostasis (Gehrke et al. 2003).

Both non-heme and heme Fe forms are adsorbed in variable proportion depending
on the body Fe status and dietary bioavailability, and vary from 0.1 to >35% to 20–50%,
respectively (Antal 2006). The author suggests that the Fe supply of the population
should be provided primarily by nutrition. Any forms of Fe supplementation are jus-
tified only for patients with a confirmed Fe-deficiency.

Iron deficiency fosters anemia and reduces the availability of other nutrients. Iron-
deficiency anemia, particularly in young children, produce pallor, fatique and susceptibil-
ity to infections. In most instances, however, it results from the disturbed absorption and
not from the low intake of Fe. The availability of Fe depends on its species in the diet.
Commonly, from 5 to 20% of its total content is easily available. The most highly available
Fe is protein-bound, such as occurs in women’s milk, meat, and especially in liver. It is
much less readily available in plant food, particularly in plants rich in cellulose.

Excessive ingestion of Fe is mainly accidental and can be associated with Fe-con-
taining medications. It can result in haematochromatosis, siderosis, and heart and liver
damage (Plumlee and Ziegler 2003). Some persons absorb unduly high amounts of Fe,
due to hederitary haemochromatosis. They have too much Fe (not bound to transfer-

Table II-8.5. Iron in grasses and clover at the immature grown stage from different countries (mg kg–1)
(values from various sources as compiled by Kabata-Pendias and Pendias 1999, 2001)
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ring) in their plasma, a condition that produces a significant health risk. Increased
levels of serum ferritin and transferrin are indicators of excessive Fe intake and Fe
overload. According to Schümann and Elsenhans (2004), an overdose of oral Fe-con-
taining substances results in corrosion of the gastric and intestinal mucosae, particu-
larly in children. The clinical effects from Fe overload are increased risk of cardiomy-
opathy (and possible coronary heart disease), hepatic cancer, and tumor of other or-
gans (WHO/IPCS 2002).

Home-brewed beer, fermented in Fe drums (in some region of Africa) is a source of
highly available Fe (50–100 mg d–1) and may induce hepatic cirrhosis and diabetes.
Excessively high Fe content in human plasma is associated with myocardial infarction,
corrosion of gastric and intestinal mucosa, hepatic cirrhosis, and risk of cancer. How-
ever, the epidemiological evidence of neoplasmic tumours and the association with
increased Fe accumulation in bodies has not been, so far reported, and therefore, it is
still controversial. (Schümann and Elsenhans 2004).

Interactions between several elements may determine the availability of Fe to hu-
mans. Antagonistic relationships have been observed between Fe, on one hand, and
Cd, Zn, Mn, Pb, and P, on the other. The interaction between Fe and Cu is complex and
is associated with oxidation-reduction processes.

The Fe content in food has been investigated in many countries. The recommended
daily dose for adults varies from 10 to 18 mg and might be higher for pregnant women
and some other persons. The world mean daily uptake of Fe has been estimated as
13 mg (Hamilton vide Kabata-Pendias and Pendias 1999). The mean Fe content of daily
home-made meals in Poland is calculated to be 14.9 mg. The food rations served to
prisoners contain only 2.5 mg (Marzec et al. 2004b). An increased dose of Fe (e.g.,
60–100 mg d–1) may cause nausea, vomiting, heartburn, and epigastric discomfort. Doses
of 180–300 mg kg–1 BW can be lethal (Schümann and Elsenhans 2004).

Animals. Iron occurs in all tissues of organisms and seems to be more concentrated in
marine animals, as a whole, than in terrestrial mammals. According to Jørgensen (2000),
common Fe content in soft mammalian organs varies from 140 to 520 mg kg–1, being
the lowest in muscles and the highest in liver.

There are very few instances of Fe deficiency or toxicity in animals. Anemia asso-
ciated with the lack of Fe was reported for baby pigs (Anke 2004b). This author re-
ported that normative Fe requirements of farm animals range from 40 to 75 mg kg–1

feed (DW) for hens and piglets, respectively.

II-8.2
Ruthenium (Ru)

II-8.2.1
Introduction

Ruthenium is a member of the group of platinum metals and is considered to be the
least abundant of the metals of this group. Its mean concentration in the Earth’s crust
is estimated at 1 µg kg–1, whereas its contents in rocks vary from 0.01 to 60 µg kg–1.
The occurrence of Ru is often associated with Os and Ir, as well as with some base
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metals such as Fe or Cu. Some sulfide (e.g., laurite, RuS2) and arsenosulfide minerals
of Ru have been recently found at very low concentrations in other sulfide and
arsenosulfide minerals (Fairbridge 1972). Naturally occurring isotopes are mainly 102Ru
and 104Ru.

The deposits of Ru are closely associated with Pt and Pd. Pure Ru is a very hard
metal and not subject to attack by acids, but reacts with alkalis, especially under oxi-
dizing conditions. Like other Pt-group metals, Ru does not easily combine with other
elements. This metal is extracted mainly at the refinery of Ni and Cu. It is used as a
hardener for Pt and Pd alloys and to increase the resistance to corrosion of some other
metal alloys. It is also used as a substitute for Pt in jewelry. Ruthenium is used in some
electronic devices and for special ceramic paints, optical instruments, and glass of a
required quality. This metal exhibits catalytic properties in the synthesis of some hy-
drocarbons.

II-8.2.2
Soils and Plants

Recent data on the distribution of Ru in Sweden are presented by Eriksson (2001a) as
follows: (i) <40 µg kg–1 in topsoils, (ii) <1 ng l–1 in rain, (iii) <1 µg kg–1 in cereal grains,
and (iv) <11 mg ha–1 yr–1.

Concentrations of Ru are given as 0.7 ng l–1 in seawaters, 20 ng l–1 in Norwegian lakes,
100 ng l–1 in stream waters of India (Reimann and Caritat 1998), and 0.005 ng kg–1 in
the North Pacific (Nozaki 2005a).

The average Ru content in various plants is given as 5 µg kg–1 (Kabata-Pendias and
Pendias 2001). Plants exposed to automobile exhausts contain Ru in the range from 0.3
to 0.9 µg kg–1, with the highest value for moss and the lowest for mushrooms (Djingova
et al. 2003). The concentrations of both radioisotopes, 103Ru and 106Ru, in the lichen
(Stereocaulon vesuvianum), sampled in Italy in autumn 1986, indicated an increase with
elevation of Mt. Vesuvius, from 90 to 110 Bq kg–1 and from 320 to 520 Bq kg–1, respec-
tively (Adamo et al. 2004).

The radionuclides 103Ru and 106Ru are released during nuclear reactions. An elevated
content of 106Ru was found in bottom sediments of Danube River, below the nuclear
reactor (Kabata-Pendias and Pendias 2001). Both radionuclides, and particularly 106Ru,
were deposited on soil by the fallout after the Chernobyl accident. According to
Schimmack et al. (1989) this radionuclide is rather mobile and easily migrates down
soil profiles.

Plants relatively easily take up the 106Ru radionuclide, but a large proportion is
concentrated in root. According to Grogan et al. (1987), this radionuclide is not likely
to be easily transferred from soil to the food chain, however, under specific conditions
it might be significantly increased in plants.

II-8.2.3
Humans

Humans absorb Ru relatively easily from the diet. However, it does not create any health
risk since this metal is concentrated mainly in bones. Veronese et al. (2001) investi-

II-8.2  ·  Ruthenium (Ru)
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gated the absorption rate of the stable isotope 101Ru into the circulatory system of
humans and concluded that it seems to be lower than predicted from the data recom-
mended by ICRP (International Commission on Radiological Protection). Studies on
the kinetics of Ru in humans have demonstrated that complexed Ru, particularly as a
citrate compound, is cleared from blood very rapidly while inorganic Ru remains longer
in the circulatory system (Veronese et al. 2004).

Some Ru complexes are presented as potential anti-cancer drugs, similarly as Pt-based
anti-tumor medications (Pieper and Keppler 1998). The volatile compound, RuO4, may
irritate some mucous membranes and, at an elevated concentration, may disturb the
metabolism of Ca.

II-8.3
Osmium (Os)

Osmium is a member of the platinum metal group, but in contrast to other metals of
this group, it does not concentrated preferably in the nickel-iron phase of chondrites.
This metal is notable for its great density and high melting point (Table II-8.1). Its
abundance in the Earth’s crust has been calculated at 1 µg kg–1. Like other Pt-group
metals, Os occurs mainly in native alloys of variable composition. There are no Os
minerals, but this metal is likely to be associated (at about 3%) with laurite, (Ru,Os)S2.
Some other mineral species of Pt metals exhibit an affinity for increased amounts of
Os, up to about 30%, e.g., iridosmine, and osmiridium – native alloys of variable com-
position.

Unlike other Pt metals, Os easily reacts with oxygen and may occur at various oxi-
dation states, from –1 to +8 (Table II-8.1). This metal is resistant to acids but is suscep-
tible to reactions with alkalis.

There is small production of Os, estimated as 300 t yr–1 in 1995 (Reimann and Caritat
1998). The metal is used mainly for the production of hard-wearing alloys and for
electronic devices. During metal processing, various Os compounds are formed, such
as, OsF6, OsCl4, and volatile OsO4. Unlike metallic Os, these compounds are strongly
toxic to humans.

Osmium concentrations in river waters range from 3.3 to 42.1 pg l–1, and average
9 pg l–1 (Gaillardet et al. 2003). The mean concentration of Os in ocean waters is given
as 2 pg l–1 (Reimann and Caritat 1998; Nozaki 2005a).

There are seven stable isotopes of Os, of which three Os (186, 187, and 192) have
been determined in river waters. The total concentrations of these isotopes were es-
timated (in fm mol kg–1) in waters of Columbia River as 15, of Mississippi River as
34–45, and of Vistula River as 44 (Sharma and Wasserburg 1997; Kabata-Pendias and
Pendias 1999).

Soluble Os4+ species are easily mobile and thus may be available to plants. Osmium
metal has no biological role and is unreactive. However, all its compounds, and par-
ticularly OsO4, is highly toxic to humans and animals, and can cause lung congestion,
skin damage, and severe eye damage. Longer exposure to increased levels of some Os
compounds is hazardous to marrow, liver, and kidneys.

Os



Chapter II-9

The elements of Group 9 are cobalt (Co), rhodium (Rh), and iridium (Ir). Cobalt be-
longs to the iron family of metals that include also Fe and Ni, whereas Rh and Ir are
noble metals of the platinum group (PGMs).

Based on the IUPAC recommendation, these elements will be described under one
group. All three metals exhibit variable properties, siderophilic and/or lithophilic char-
acters, and variable oxidation states (Table II-9.1).

II-9.1
Cobalt (Co)

II-9.1.1
Introduction

Cobalt, in the Earth’s crust, is highly concentrated in mafic rocks, up to 200 mg kg–1,
when compared to its content in acid igneous rocks, 1–15 mg kg–1, and to its abun-
dance in the upper continental crust, 12 mg kg–1 (Table II-9.2). It is also likely to con-
centrate in black shales.

As Co reveals siderophilic character it is likely to form minerals with S, As, and Se.
Its common rock-forming minerals are: cobaltite, CoAsS; smaltite, CoAs2–3; linneite,
Co3S4; and arsenosulfide, CoAsS. In the hypergenic zones and in soils, the formation of
erythrite, Co2(AsO4)2 · 8H2O is likely to occur.

The geochemical cycle of Co closely resembles Fe and Mn cycling, and is likely to
be associated with several minerals of these metals. During weathering processes, Co3+

Trace Elements of Group 9
(Previously Part of Group VIII)

Table II-9.1. Selected properties of trace elements of Group 9
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is unstable in the aqueous phase and precipitates as sulfides and/or adsorbed by hy-
drous oxides. In soils, however, Co behavior seems to be strongly influenced mainly by
the Mn oxide phase formation. The absorption capacity of Co by Mn oxides, of both
biogenic and abiogenic origin, is very high (Tani et al. 2003).

Relatively easy interactions of Co with all metals that are associated geochemically
or biochemically with Fe, have a significant impact on its behavior in soils and its
phytoavailability. Especially exhibit are unique antagonistic reactions of Fe and Mn
arise from their ability to occupy the same sites in crystalline structures and from the
similarity of their metallo-organic compounds.

II-9.1.2
Production and Use

Global annual mining of Co in 2000 was 35.6 kt (USGS 2004) and in 2003 was 43.03 kt
(WMSY 2004). Other sources give the current annual production on the order of 15 kt
(Reimann and Caritat 1998; Hoppstock and Sures 2004). Most of Co is used for special
alloys. The application of Co is very broad and includes several industries such as

Table II-9.2. Abundancea of cobalt in the environmentCo



227

stainless steel production, aerospace equipments, electroplating, and magnetic devices.
This metal is also used in chemical catalyses and synthesis of fuels, in paints, and as a
plastic hardener.

A significant branch of the pharmacy uses Co for medical and veterinarian drugs.
The radionuclide 60Co has been used for some medical treatments as a source of gamma
radiation. This radionuclide has also been used in special equipments in steel production.

It is estimated that about 2% of Co used in the metallurgical industry is discharged
to sewage sludge.

II-9.1.3
Soils

The content of Co in soils is inherited mainly from parent materials. The range of
world mean values of Co in surface soils is between 4.5 and 12 mg kg–1, being the high-
est for heavy loamy soils and the lowest for light sandy soils and organic soils. A fairly
similar range is reported for Japanese soils, from 7.1 to 23 mg kg–1, with the highest
content in Andosols and the lowest in Acrisols (Takeda et al. 2004). The range of Co in
reference samples of the USA is from 5.5 to 29.9 mg kg–1 and in Chinese soil, in the
range of 5.5–97 mg kg–1 (Govindaraju 1994).

The content and distribution of Co in soil profiles are dependent on soil-forming
processes and therefore differ for soils of various climatic zones. Usually, higher Co
contents of surface soils are found in arid and semiarid regions, e.g., Egyptian soils
contain Co from 16.5 to 26.8 mg kg–1 (Nasseem and Abdalla 2003), while low soil Co
has been reported for the glaciated regions of northern parts of different continents,
as well as for the Atlantic Coastal Plain of the USA. Light soils developed from glacial
deposits under temperate humid climate usually contain small quantities of Co. Thus,
median value for Co in Lithuanian soils is reported to be 3.4 mg kg–1, and in soils of the
northern region of Russia is 5.5 mg kg–1 (Kabata-Pendias and Pendias 1999). Swedish arable
soils contain Co in the range of 0.4–14 mg kg–1, at the average value of 7.1 mg kg–1 (Eriksson
2001a). Surface horizons of Russian chernozems contain Co in the range of mean values
from 9.2 to 10.8 mg kg–1 (Protasova and Kopayeva 1985). Naturally high Co contents
are observed in soils over serpentine rocks, 10–520 mg kg–1, and in soils around ore
deposits, 13–85 mg kg–1 (Kabata-Pendias and Pendias 2001).

Several soil factors govern the Co distribution in soils. However, hydrous oxides of
Fe and Mn are of the greatest importance. Oxides of Fe have strong affinity for the
selective adsorption of Co. This is well reflected in the Co distribution in soil profiles
that shows a close relation between the levels of Fe and Co in a particular soil horizon.
Amounts of Co are always higher in the B-soil horizons where Fe is concentrated. Iron
nodules may accumulate up to 300 mg Co kg–1 and Fe-Mn concretions contain Co in
the range of 70–390 mg kg–1 (Table II-8.3).

The speciation of Co in soils depends on several factors, among which the Eh po-
tential plays a significant role. Both the reduction of soil Eh and a decrease in soil pH
may result in the solubilization of precipitated or adsorbed Co. The oxidation of Co2+

to Co3+, especially by Mn oxides, is a common process in soils. Interchange reactions
are involved in the sorption of Co by Mn oxides, leading to the formation of hydroxyl
species, Co(OH)2 that precipitated at the oxide surface.

II-9.1  ·  Cobalt (Co)
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Different redox mechanisms have been proposed for the sorption of Co by Mn oxides.
In general, these include: (i) oxidation of Co2+ to Co3+ at the oxide interface, (ii) reduc-
tion of Mn4+ to Mn3+ in the oxide crystal lattice, and (iii) replacement of Mn4+ or Mn3

by Co3+ (Fleming vide Kabata-Pendias and Pendias 2001). In soils, the sorption of Co
by Mn increases greatly with pH and is controlled by redox soil potential (Fig. II-9.1).
Soil Mn nodules and concretions may adsorb up to 12 000 mg Co kg–1 (Table II-7.3).

Soil texture and SOM play also an important role in the behavior of Co in soils.
Contents of Co in mineral soils indicate a positive relationship with the fine granulo-
metric fraction (Table II-9.2). Montmorillonite and amorphous Fe-Al hydroxides es-
pecially exhibit a great sorption capacity for Co (Kabata-Pendias 1973). The impact of
SOM on the Co behavior is variable and depends on the kind of organic matter and pH.
Although soils rich in SOM usually have low Co contents and low Co phytoavailability,
Co-organic chelates may be readily available. Some organic ligands stimulate the sorp-
tion of Co on Fe-coated silica compounds, but increase Co mobility when Fe hydrox-
ides are absent (Brooks and Herman 1998). In most soils, Co is rather slowly mobilized
and thus its concentrations in soil solution range from 0.3 to 87 µg l–1 (Kabata-Pendias
and Pendias 2001). Common ionic species occurring in soil solutions are: Co2+, Co3+,
CoOH+, and Co(OH)3

–. Also complex compounds, such as Co(OH)2
0, of a relatively high

stability constant, may occur in soil solution (Kabata-Pendias and Sadurski 2004).
An adequate supply of Co to grazing animals (especially ruminants) has been for

years of a great challenge. Acetic acid-soluble and EDTA extractable Co usually corre-
sponds to the readily available pool of the metal. Pasture soils, of the texture of loamy
sands and clays, from the North Western Coast of Egypt contain the AAAc-EDTA ex-
tractable Co from 3.60 to 4.69 mg kg–1 (Nasseem and Abdalla 2003). The authors sug-

Fig. II-9.1.
Effects of pH on the sorption
of Co by Mn nodules (a),
goethite (b), and effects of
time on the sorption of Co by
birnessite (c) (adapted from
McKenzie 1975)

Co



229

gested that an extractable Co content less than 2.45 mg kg–1 in pasture soils may cause a
deficiency of Co in animals. The application of Co sulfate compounds or EDTA chelates
to soil are the most common practices in controlling the Co deficiency in ruminants.

There is some evidence of Co enrichment in contaminated soils. In surface soils
around metal processing industries, Co can reach up to 154 mg kg–1, which has been
reported by Smith and Carson (vide Kabata-Pendias and Pendias 2001). Some increase
in Co contents has also been observed in sludge-applied farm soils as well as in road-
side soils.

II-9.1.4
Waters

Cobalt is slightly mobile in the terrestrial environment, and its Cw/Cc ratio is about 0.08
(Gailardet et al. 2003). However, it does not remain long in aquatic environments since
soluble species are easily adsorbed by suspended organic matter and by Fe-Mn hy-
droxides.

Concentrations of Co in river waters range from 0.02 to 0.43 µg l–1, and the world
average amount is calculated at 0.15 µg l–1 (Gaillardet et al. 2003). Rivers of Western
Siberia contain Co in the range of 0.2–2 µg l–1 (mean 1 µg l–1), and its input to Baikal
Lake has been estimated as 3 t yr–1 (Niechayeva 2002; Vietrov 2002). Relatively low Co
concentrations are reported by Pekka et al. (2004) for dissolved and suspended phases
in the Kola River (Russia), in the range from 0.03 to 0.83 µg l–1 and from 0.003 to
0.190 µg l–1, respectively. In heavily polluted rivers of Poland, Co concentrations aver-
age 2.2 µg l–1 (Lis vide Kabata-Pendias and Pendias 1999).

In ocean waters Co ranges from 0.001 to 0.02 µg l–1 (Reimann and Caritat 1998) and
in the North Pacific it averages 0.001 µg kg–1 (Nozaki 2005). In waters of the Baltic Sea,
Co contents vary from 0.001 to 0.07 µg l–1 (Szefer 2002a). The world riverine flux of Co
has been estimated by Gaillardet et al. (2003) as 5.5 kt yr–1, whereas this value for the
Baltic Sea has been given by Matschullat (1997) as 220 t yr–1, of which 44% is from
anthropogenic sources.

In waters, Co occurs at two oxidation states (+2 and +3); Co3+ is very reactive and
is rapidly adsorbed and deposited in bottom sediments. These processes have a sig-
nificant impact on the accumulation of Co in concretions and nodules of ocean-sedi-
ments, where maximum concentration of this metal can reach 0.8% (Kotlinski 1999).

Several factors, like the presence of organic ligands and various anions, as well as
redox potential and pH control the speciation of Co in waters and sediments. The percent
of Co species in a Welsh lake was found to be: Co2+, 76%; CoCO3, 9.8%; CoHCO3

+, 9.6%;
humate complexes, 4%; and CoSO4, 0.4%. However, in another models for Co species
in fresh water, the speciation of Co was completely different, with the predomination
of either CoCl2+ and Co2+ or CoCO3 and Co2+ (ATSDR 2002a).

Concentrations of Co in surface water and groundwaters seem to be fairly similar
and range from 0.03 to 10 µg l–1 (ATSDR 2002a). Extremely high Co concentrations
(5–60 µg l–1) in ground waters of the European part of Russia can be related to the
impact of both geochemical and anthropogenic factors (Uchvatov and Bashkin 1997).
High levels of Co, in the range of 4.5–6.5 mg l–1, were reported at the sites near a copper
mine and smelter in the USA (ATSDR 2002a). Skjelkvåle et al. (2001) investigated the
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occurrence of Co in the Nordic lakes, and reported its concentrations to vary, at the
value of 99.5 weighted percentiles, as follows (in µg l–1): 2.4 in Finland, 1.4 in Sweden,
and 0.96 in Norway.

In atmospheric precipitation (bulk rain) over the Baltic Sea, Co concentrations are
between 0.8 and 12.5 µg l–1 whereas over the Kola Peninsula rain water contains Co within
the range from 0.02 to 11.8 µg l–1 in remote and polluted regions, respectively (Reimann
and Caritat 1998; Szefer 2002a). Rainwater collected during 1999 in Sweden contained Co
at the average value of 0.01 µg l–1 and at the maximum value of 0.03 µg l–1 (Eriksson 2001a).

Water pollution with Co is usually reflected in its accumulation in bottom sediments.
The average Co content of river bottom sediments has been estimated at 13 mg kg–1,
but in industrially polluted rivers its concentrations can vary from around 20 to
50 mg kg–1 (Kabata-Pendias and Pendias 1999). About 60% of the 60Co was bound to
the hydrous Fe-Mn oxide phase of the streambed sediments of White Oak Creek Wa-
tershed, USA (Zhang et al. 2002). Some nuclear reactors release 60Co picolinate com-
plex that is relatively stable in waters. It is possible, therefore, that soluble species of
radiocobalt will increase in the future (ATSDR 2002a).

For drinking water, no limits have been set in most countries, but in Russia the MAC
was established as 100 µg l–1 (Reimann and Caritat 1998). The median Co concentra-
tion in US drinking water is <2 µg l–1, however increased levels up to 107 µg l–1 has
been also reported (Smith and Carson 1981).

Aquatic biota. Fish from the Baltic Sea accumulate rather small amounts of Co, in the
range from 1 to 10 µg kg–1 FW, whereas in soft tissue of mussels its contents vary from
100 to 900 µg kg–1 FW, and in plankton, from <100 to 2 100 µg kg–1 (Szefer 2002a,b).

A number of aquatic microorganisms and blue-green algae synthesized vitamin B12
that is released into the water when organisms die. Thus, relatively increased level of
cobalamins may be expected in some coastal waters (Smith and Carson 1981).

II-9.1.5
Air

The median Co concentration in air of the world remote regions is 0.05 ng m–3, and of
world polluted regions is 3 ng m–3 (Reimann and Caritat 1998). However, Co concen-
trations in air highly vary from 0.0001 to around 6 ng m–3, above the South Pole and
urban regions, respectively (Table II-9.2). Mean Co levels in air at unpolluted sites are
generally <1 to 2 ng m–3, but in open-ocean environments, Co levels of 0.0005 ng m–3

were recorded (ATSDR 2002a). At the site of a Ni refinery in Wales, Co concentrations
averaged 48 ng m–3 (Smith and Carson 1981).

Natural aerial deposition of Co into the Baltic Sea has been estimated as 3 t yr–1,
whereas the deposition from anthropogenic sources is 20 t yr–1 (Matschullat 1997).
Atmospheric input of Co on inhabitant regions of the UK was calculated to be between
1.5 and 6 g ha–1 yr–1 (Cawse 1987), and in Germany (Schwarzwald) was reported to be
5.6 g ha–1 yr–1 (Zöttl et al. vide Kabata-Pendias and Pendias 2001). According to Re-
imann and Caritat (1998), throughfall deposition of Co in Germany varies from 13 to
27 g ha–1 yr–1. Wet deposition of Co in Sweden has been calculated at 0.19 g ha–1 yr–1

(Eriksson 2001a).
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II-9.1.6
Plants

Contents of Co in plants are highly controlled by both soil factors and the ability of plants
to absorb this metal. The relatively large variations in Co levels, as reported by different
authors for cereals and food plants, apparently reflect the impact of various factors, among
which plant genotypes and environmental conditions play significant roles. Sillanpää and
Jansson (1992) evaluated results of analysis of wheat (before shooting stage, N = 1 723)
and of corn (6-leave stage, N = 1 892) from 30 countries, and stated that soil texture is the
most significant parameter controlling the Co level in plants. Mean values of Co in cereal
grains, in the range of 5–270 µg kg–1, show that its lowest concentrations are in cereals
from Norway and the highest in cereals from Egypt (Table II-9.3). Wheat and barley grains
from Sweden contain Co at mean values of 4.5 and 7.6 µg kg–1, respectively (Eriksson 2001a).

Contents of Co in plant foodstuffs vary from 8 to 170 µg kg–1, being the lowest in apples
(Table II-9.3.). In general, legumes accumulate more Co than grasses. Mean Co contents
of clovers from various countries range from 100 to 570 µg kg–1, whereas these values for
grasses are between 60 and 270 µg kg–1 (Table II-9.4).

Cobalt in nutrient or soil solution is very easily available to plants. The relationship
between Co in red clover and its concentration in the nutrient solution is very close
(Fig. II-9.2). Also contents of Co species soluble in AAAc-EDTA extractant are highly
correlated with Co levels in crop plants (Sillanpää and Jansson 1992).

Table II-9.3.
Cobalt in food plants grown in
various countriesa (µg kg–1)
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On Co-rich soils, such as serpentine soils or soils over Co ore bodies, some plants
can accumulate much Co; for example Astragalus sp. may contain up to 100 mg kg–1.
The range of Co in native vegetation from serpentine soils is reported to vary from 17
to 540 mg kg–1 AW and in vegetation grown around Co-Cu ores, was found up to about
4 000 mg Co kg–1 (Brooks 1998). Several plant species, mainly from Cruciferae,
Leguminosae, Nyssaceae families reveal the ability to accumulate extremely high
amounts of Co; e.g., Hausmaniastrum sp. up to 4 000 mg kg–1, Nyssa sylvatica above
200 mg kg–1, without any symptoms of the toxicity. However, when Co is taken up in
excess by roots of plants that have not developed a mechanism of the tolerance to Co,
it usually follows the transpiration stream, resulting in an enrichment of Co at leaf
margins and tips. Therefore, white, dead leaf margins and tips are symptoms of the Co
toxicity, as well as interveinal chlorosis of new leaves, which is closely linked with the
Fe chlorosis.

Table II-9.4.
Cobalt in grasses and clover at
the immature grown stage from
different countries (µg kg–1)
(values from various sources
as compiled by Kabata-Pendias
and Pendias 1999, 2001)

Fig. II-9.2.
Cobalt content of red clover as
a function of its concentration
in the solution containing clay
minerals impregnated with this
metal (Kabata-Pendias 1973)
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The essentiality of Co to microorganisms, as well as to higher plants, has not been yet
fully understood, although there is some evidence of a favorable effect of Co on plant
growth and especially on N-fixing processes. Studies on functions of Co in N2 fixation
indicated that cobamide coenzymes are involved in the H atom migration during the
formation of the NH3 compound by rhizobia (Nicholas vide Kabata-Pendias and Pendias
2001). The deficiency of Co in legumes inhibits the formation of leghemoglobin and hence,
inhibits N2 fixation. However, the Co requirement for this process is low. In natural con-
ditions, Co deficiency is not known to retard the growth of either legumes or nonlegumes.

The Co deficiency in herbage has been considered mainly from the viewpoint of
ruminant requirement since Co is a component of a precursor of the vitamin B12 for
these animals. It has been observed that grasses grown on soils with the Co content
less that 5 mg kg–1 may be Co-deficient for the normal growth of animals. The critical
Co levels in ruminant diet is around 80 to 100 µg kg–1 and thus common Co contents
in grasses and clovers met this requirement (Table II-9.4).

Moss samples collected in Norway in the period 1990–1995 contain Co in the range
of 0.045 to 0.7 mg kg–1, at the average value of 0.37 (Berg and Steinnes 1997).

II-9.1.7
Humans and Animals

Humans. Cobalt occurs in all mammalian tissues and its contents vary from 5.5 to
230 µg kg–1, with the highest value in the liver and the lowest in the brain (Jørgensen
2000). Average contents of Co in human soft tissues has been estimated at <20 µg kg–1 (Li
2000). According to data presented by the ATSDR (2002a), mean concentrations of Co
in some tissues of unexposed population from various countries are (in µg kg–1):
liver, 17–120; kidneys, 12; pectoral muscles, 16; nails, 40–170; and hair, 20–180. Mean
concentrations of this metal in human fluids are given (in µg l–1) as follows: blood, 0.39;
serum, 0.21; milk, 0.27; and urine, 0.57 (Reimann and Caritat 1998). Somewhat differ-
ent Co concentrations (in µg l–1) are given by Schrauzer (2004) for unexposed humans:
blood, 0.09; serum, 0.11; and urine, 0.25; whereas hard-metal workers may contain much
higher levels of Co, up to 245 µg l–1 in blood and up to 303 µg l–1 in urine. The biologi-
cal half-life of 60Co in the body is 9.5 days (Zhang et al. 2002).

Cobalt is essential for humans and for most animals as a component of the
vitamin B12. In the form of inorganic metal, Co is required for the synthesis of bacte-
rial vitamin B12 by ruminants. Although inorganic Co (non-B12) is present in organs
and fluids of a body, its other physiological functions are unknown. Cobalt is likely to
be bound by some proteins and to replace other divalent cations (e.g., Zn, Mn) in vari-
ous enzymes, without any effects. Some organic Co compounds are apparently involved
in processes of stabilizing the DNA structure (Munno et al. 1996).

The deficiency of Co may affect anemia and anorexia. Anemic patients show in-
creased requirements for Co. Presumable Co binds to Fe-transport proteins and is
involved in the formation of hemoglobin. The excessive ingestion of Co may cause
polycythemia (increased red blood cells), cardiomyopathy, hypothyroidism, pancreas
failure, bone marrow hyperplasia, and some types of cancer (Plumlee and Ziegel 2003).

Human dietary intakes of Co vary from 5 to 40 µg d–1 and is mainly from the inges-
tion of foods, particularly from livers and meet products (Table II-9.5). Mean intake of
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Co by the selected population groups of different age in Canada is (in µg d–1): chil-
dren, 7–10; adults, 9–15; and elders, 8–10 (Dabeka and McKenzie vide ATSDR 2002a).

Most of Co is ingested in inorganic forms, while vitamin B12 accounts for a very
small fraction of the total Co intake. Only a small fraction of Co is inhaled from air.
When some implants in humans contain Co, it may be a significant source of this metal;
in hip arthroplasty patients increased levels of Co in urine, up to 3.8 µg l–1, are reported
(ATSDR 2002a).

Animals. Animals require very small amounts of Co. However, the Co deficiency syn-
dromes in ruminants have been spread through several continents, and the most se-
vere were observed, at the beginning of the last century, in Australia. According to
Schrauzer (2004a), it is likely that Co deficiency will become a problem in the future,
since the natural Co content of soils is low, and the depletion of this metal occurs through
agricultural practices and natural soil leaching processes. The deficiency of Co can be
controlled by the application of Co salts to the soil, and the effect of such treatment
may last for several years. There are differences of opinion, however, as to whether it
is better to apply Co to the soil or give directly to livestock.

There are no reports on the Co toxicity to animals, attributed to the consumption
of natural feedstuffs. However, in certain geochemical areas, and under the influence
of man-induced pollution, an excess of Co in plants may be a health risk.

Stemme et al. (2002) have investigated the effect of oral Co supplies on the vitamin B12
status of calves. They concluded that relatively low Co content in fodder (130 µg kg–1)
seems to be sufficient for pregnant cows, and that only about 3% of orally intake Co is
involved in metabolic processes.

Table II-9.5.
Cobalt levels in food from
various countries (µg kg–1 FW)
(compiled from ATSDR 2002a)
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II-9.2
Rhodium (Rh)

II-9.2.1
Introduction

Data on Rh are too scarce to estimate its environmental abundance. Some authors
consider Rh as the least frequent element of the PGMs. The average content of Rh in
the bulk continental crust is given as 0.06 µg kg–1, and its range in different rocks from
0.01 to 20 µg kg–1. In coal, Rh was found at the concentration of <0.1 mg kg–1.

Oxidation stages of Rh may vary, however, most commonly it occurs at the +3 valence.
In minerals, Rh is associated with other PGMs. They are mainly arsenosulfides, e.g.,
hollingworthite, (Rh,Pd,Pt)AsS, and irarsite (Ir,Ru,Rh,Pt)AsS. The Pt-mineral, sperrylite,
can contain a large proportion of Rh and some of Fe and Cr minerals may host Rh.

The melting point of Rh is much higher than that of Pd and Pt (Tables II-9.1 and
II-10.1) and this metal is also less subjected to chemical reactions than PGMs. Rhodium
is used mainly for the production of jewelry and of special tools, but also as a catalyst
in organic synthesis.

Its global production has been estimated at 300 t yr–1 in 1995 (Reimann and Caritat 1998).

II-9.2.2
Occurrence in the Environment

Data on Rh in soils are too scarce to evaluate its mean abundance in soils. Eriksson (2001a)
reported for Swedish arable soils the content of Rh at the mean value of <0.04 mg kg–1.

The median Rh concentration in ocean waters is estimated as 0.08 ng l–1. This metal
has not been commonly determined in waters and the only data are on Rh concentration
at the value of <100 ng l–1, in stream waters of India (Reimann and Caritat 1998). Nozaki
(2005) cited the mean concentration of Rh in the North Pacific to be 0.08 ng kg–1.  It seems
to be relatively easily bioaccumulated by crustaceans (isopods), up to 12 µg kg–1, from
polluted freshwaters (Moldovan et al. 2001).

Rainwater collected during 1999 in Sweden contained Rh at the average value of
<1.0 ng l–1, and wet deposition is calculated to be <11 mg ha–1 yr–1 (Eriksson 2001a).
This author estimated the mean concentration of Rh in cereal grains at <1 µg kg–1.

There has been an increased release of Rh noticed, together with other PGMs, from
catalytic converters of cars. The Rh contents in dust samples collected in 1999 along
the highways in Germany ranged from 30 to 42 µg kg–1, whereas plant samples from
those sites contained Rh (in µg kg–1), as follows: dandelion, 2.2; plantain, 1.3; and
moss, 5.4 (Djingova et al. 2003).

Compounds of Rh are not encountered by most people, but should be considered to be
toxic and carcinogenic. Some Rh compounds are suspected human carcinogens mostly at
high levels, however the MTD depends on its compounds and sources. Several water-
soluble Rh3+ compounds are mutagenic in bacteria and in mammalian cells and induce
chromosomal aberrations. The exposure of humans to the increased inhalation of Rh
can be hazardous. Recommended limits for Rh in air is established at 0.1 mg m–3 for
soluble, and 1 mg m–3 for insoluble Rh compounds (Hoppstock and Sures 2004).

II-9.2  ·  Rhodium (Rh)
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II-9.3
Iridium (Ir)

II-9.3.1
Introduction

Mean content of Ir in the bulk continental crust is estimated at 0.05 µg kg–1, and in the
upper continental crust as 0.02 µg kg–1. It is concentrated in the Fe-Ni core and in some
meteorites. Like other PGMs, Ir occurs as natural alloys, mainly with Rh and Os, in
arsenosulfide minerals.

Increased content of Ir in sedimentary rocks, at the border layer between Creta-
ceous and Tertiary deposits, is apparently related to an effect of the meteorite collision
about 5 million years ago (Dai et al. 1998). It is concentrated in some coals, up to
<200 µg kg–1.

The melting point of pure Ir is very high (Table II-9.1) and its resistance to corro-
sion is the greatest among the PGMs. Due to a great mechanical strength at high tem-
peratures, Ir is used for special alloys and also as a catalyst in different chemical pro-
cesses. Previously Ir was commonly used for tips of ink pen.

Its production has been estimated as 300 t yr–1 in 1995 (Reimann and Caritat 1998).

II-9.3.2
Occurrence in the Environment

According to Reimann and Caritat (1998) the median Ir concentration in ocean waters
is 0.13 pg l–1. Anbar et al. (1996) reported its concentrations in the Baltic Sea at the
range from 0.32 to 1.17 pg kg–1 (calculated from values: 10–39 × 108 atoms kg–1). In
stream and lake waters, Ir ranges from 6 to 100 ng l–1 (Reimann and Caritat 1998). Rivers
supply more dissolved Ir to the oceans than do extraterrestrial sources (Anbar et al.
1996). Rainwater, collected during 1999 in Sweden, contained Ir at the average value of
<1 ng l–1 (Eriksson 2001a).

Swedish arable soils contain Ir at the average value of <40 µg kg–1 (Eriksson 2001a).
Increased levels of Ir, up to around 5 µg kg–1, have been reported for humus layer (top-
soil) from the Kola Peninsula. Increased Ir levels in soils adjacent to a motorway are
attributed to motor vehicles with catalysts (Zereini et al. 1997). In dust collected along
streets in Germany, Ir contents vary from 1.2 to 3.5 µg kg–1, and in plants grown along
those roads; it ranges from <0.02 to 0.4 µg kg–1, being the highest in dandelion (Djingova
et al.  2003).

Iridium is apparently easily taken up by plants and concentrated in leave margins.
Wheat and barley grains from Sweden contain Ir at the average value of <0.1 µg kg–1

(Eriksson 2001a).
When ingested, Ir is absorbed by animals, and at higher doses is accumulated in soft

tissues but does not have any biochemical implications. Its concentrations in human
fluids are 7.4 ng l–1 in blood, and 18 ng l–1 in urea (Hoppstock and Sures 2004).

Ir
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Group 10 contains three elements: nickel (Ni), palladium (Pd), and platinum (Pt). Nickel
belongs to the iron family that also includes Fe and Co, whereas Pd and Pt are noble
metals of the PGMs.

Based on the IUPAC recommendation, these elements will be described under one
group. All three metals reveal variable properties (Table II-10.1), siderophilic and/or
lithophilic characters, and a tendency to occur under various oxidation states. All metals
readily form sulfide and sulfarsenide compounds.

II-10.1
Nickel (Ni)

II-10.1.1
Introduction

In the Earth’s crust, the mean Ni abundance has been estimated at around 20 mg kg–1,
whereas in the ultramafic rocks Ni ranges from 1 400 to 2 000 mg kg–1. Its concentra-
tions decrease with increasing acidity of rocks, down to the range of 5–20 mg kg–1 in
granites. Sedimentary rocks contain Ni in the range from 5 to 90 mg kg–1, with the
highest range being for argillaceous sediments.

Nickel reveals both chalcophilic and siderophilic affinity and readily combines with
metallic Fe. Therefore, Ni-Fe compounds are common in the Earth’s core and meteor-
ites. The Ni-Fe alloy of the Earth’s core (called barysphere or NIFE) is composed of Fe/Ni
within the ratio of 11:1 (Fairbrigde 1972). Also the great affinity of Ni for S accounts
for its frequent association with segregates of S bodies. The principal Ni metallic ore

Trace Elements of Group 10
(Previously Part of Group VIII)

Table II-10.1. Selected properties of trace elements of the Group 10
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composed mainly of pentlandite, (Ni,Fe)9S8 and pyrrhotite, Fe1–xNi). In rocks, Ni oc-
curs primarily as sulfides, (millerite, NiS), arsenides (niccolite, NiAs), and antimonides
(ullmanite, NiSbS). Nickel often forms sulfides and sulfarsenides together with Fe and
Co, and is associated with several Fe minerals.

After weathering, most Ni is coprecipitated with Fe and Mn oxides, and becomes
included in goethite, limonite, serpentinite, as well as in other Fe minerals. It is also
associated with carbonates, phosphates, and silicates. Mn-nodules of the Pacific Ocean
floor may contain up to 1% Ni.

Organic matter exhibits a strong ability to absorb Ni, thus it is likely to be highly
concentrated in coal and oil. This concentration is apparently an effect of the precipi-
tation of Ni as sulfides in sediments rich in organisms and under reducing conditions.
Therefore, a significant proportion of Ni loads to the environment is from biolite combus-
tion. Global emission of Ni from coal combustion is calculated to be around 20 kt yr–1,
and from oil products combustion it is estimated to range from 10 to >40 kt yr–1 (Kabata-
Pendias and Pendias 1999).

II-10.1.2
Production and Use

Global Ni production in 1995 was estimated to be 1.14 Mt in 2000 and 1.2 Mt in 2003
(WMSY 2004; USGS 2004).

Nickel has been broadly used in several industries. A great proportion of Ni goes
into the production of variety of metal alloys for the aircraft and the plating industries.
Most of Ni is used in various alloys (e.g., hastelloy, nickelbase, nickel-silver) that pro-
vide oxidation and corrosion resistance for use with acids and salts. Ni-alloys are also
high-temperature and creep and stress resistant. Stainless steel usually contains Ni at
8–10%, however amounts up to 30% are also reported (ATSDR 2002a).

It is widely used for magnetic components (e.g., magnetic tapes, permanent mag-
nets) and electrical equipments. Ni-alloys are used for different tools and vessels used
in medicine and in food technology, as well as for kitchen equipment (e.g., cutlery). Its
compounds are utilized as dyes in ceramic and glass manufactures, and in batteries
containing Ni-Cd compounds. Nickel has been a common catalyst for hydrogenation
of fats and oils, and for the oxidation of various organic compounds.

II-10.1.3
Soils

The status of Ni in soils is highly dependent on its contents in parent rocks. However,
the concentration of Ni in surface soils reflects the additional impact of both soil-form-
ing processes and pollution.

Soils throughout the world contain Ni in the very broad range from 0.2 to 450 mg kg–1.
The common background range of mean Ni contents varies between 19 and 22 mg kg–1

(Table II-10.2), but various values, ranging from 20 to 40, have been cited (Adriano
2001). The geometric mean of Ni contents in surface (0–20 cm depth) agricultural soils
of Poland (calculated for 48 590 soil samples) is 6.2 mg kg–1 (Terelak et al. 2000). Sandy
soils of Poland contain, on average, 8 mg Ni kg–1 and loamy soils 18 mg Ni kg–1 (Kabata-
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Pendias and Pendias 1999). The geometric means Ni concentrations in soils of two-
background-sites in the State of Idaho, USA, are 11.8 and 23.4 mg kg–1 (ATSDR 2002a).
The median Ni contents in Japanese soils range from 25 to 31 mg kg–1, with the lowest
value for Acrisols and the highest for Andosols (Takeda et al. 2004). These authors
have indicated slightly elevated Ni contents in agricultural soils as compared with non-
agricultural ones. Swedish arable soils contain Ni in the range of 1–30 mg kg–1, with an
average value of 13 mg kg–1 (Eriksson 2001a).

Senwo and Tazisong (2004) reported a close relationship between Ni in surface soils
of Alabama and CEC and clay content. The lowest Ni level (7.6 mg kg–1) was in soil
with 0.9% clay content, and the highest (53.8 mg kg–1) in soil with 4.6% clay content.
Data presented by Bettinelli et al. (2000), 88 mg Ni kg–1 in calcareous loam and
27 mg Ni kg–1 in light sandy soil, also show the impact of soil texture on the soil Ni
status. Niechayeva (2002) reported Ni contents in soils of the taiga zone of Western
Siberia to be in the range of 20–100 mg kg–1 (mean 40). In surface horizons of Russian
chernozems, mean Ni contents range from 28 to 34 mg kg–1 (Protasova and Kopayeva

Table II-10.2. Abundancea of nickel in the environment
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1985). Naturally elevated Ni contents are observed in soils over basic and volcanic rocks
and especially in soils derived from serpentine rocks, where Ni ranges from 770 to
7 375 mg kg–1 (Kabata-Pendias and Pendias 2001).

Soil Ni is strongly associated with Fe and Mn oxides. Iron oxides and minerals contain
Ni within the range from 100 to 170 mg kg–1, whereas Fe-Mn concretions accumulate
this metal up to 680 mg kg–1 (Table II-8.3). Manganese oxides in soils accumulate Ni in
the range from 40 to 4 900 mg kg–1, and Mn minerals present in sediments contain this
metal from 120 to 10 900 mg kg–1 (Table II-7.3). Also clay minerals, in particular mont-
morillonite, exhibit a great capability to bind this metal (Dähn et al. 2003).

Nickel in soils is slightly mobile and occurs mainly in the residual fraction, in over 50%
of its total contents in loamy sandy soil, and in about 70% of its occurrence in estuary
muck (Kabata-Pendias and Pendias 2001; Zhang et al. 2004). However, in surface soil
horizons Ni occurs mainly in bound organic forms, a part of which are relatively easily
soluble chelates. Bonding of Ni to organic ligands may be very strong, and can highly
affect its mobility. Conversely, the remobilization of Ni from solid phases appears to be
possible in the presence of FA and HA. Thus, Ni may be quite mobile in soils with high com-
plexation ability (e.g., organic-rich and polluted soils). Generally, the mobility of Ni is in-
versely related to the soil pH. This is clearly demonstrated by Siebielec and Chaney (2006)
who reported a drastic decrease of the Ni extractability at soil pH above 6.5 (Fig. II-10.1).

The forms of Ni in soils are diverse and range from highly mobile to ones that have
no reactivity. Several soil properties, particularly clay and SOM contents, and pH, control
Ni behavior, and its phytoavailability. Massoura et al. (2005a) reported that Ni associ-
ated with phyllosilicates is more easily taken up by plants than that associated with Fe
oxides. Isotopic exchange kinetics, based on the soil-solution distribution coefficient
of the radionuclide, 63Ni, is proposed as an easy method to measure the available frac-
tion of Ni in soils (Echevarria et al. 1998; Massoura et al. 2005b).

Concentrations of Ni in soil solution vary highly, from 3 to 150 µg l–1, depending on
soil type and techniques used for obtaining the soil solution (Kabata-Pendias and
Pendias 2003). Species of Ni in soil solution have been specified as follows: cationic:
Ni2+, NiOH+, NiHCO3

+, and anionic: HNiO2
–, Ni(OH)3

–. Also complex compounds like
Ni(OH)2

0 and NiSO4
0, of a relatively high stability constant, are known to occur in soil

solution (Kabata-Pendias and Sadurski 2004; Uren 1992).

Fig. II-10.1.
Effect of harvest soil pH on Ni
extractable with 0.01 M Sr(NO3)2
from two different soils (loam
and muck) contaminated by
emissions of a Ni refinery at
Port Colborne, Ontario (after
Siebielec and Chaney 2006, with
the authors’ permission)
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Soil contamination. Nickel has recently become a serious pollutant that is released
from metal processing operation and from the increased combustion of coal and oil. Also
some sewage sludges and phosphate fertilizers may be importance sources of Ni in agri-
cultural soils. The Ni balance in soils of crop farms varies significantly (in g ha–1 yr–1)
from –3.3 in Denmark to 33 in France (Eckel et al. 2005). The highest contamination
by Ni, up to 26 000 mg Ni kg–1, has been reported for topsoils near the Ni-Cu smelter
at Sudbury, Canada (Freedman and Hutchinson 1980). The impact of the Ni industry
of Russia, has been reported to affect elevated levels of Ni in soils of Norway (Almås
et al. 1995). The concentrations of HNO3-extractable Ni varied in surface agricultural
soils of this region from 6.25 to 136.88 mg kg–1 (mean 30.43), whereas the background
content was estimated as 25 mg kg–1.

Some municipal sludges are enriched in Ni, and for American cities its content is
reported to range between 29 and 800 mg kg–1, with a median value of 195 mg kg–1

(ATSDR 2002a). The presence of sludge in soils increases the mobility of Ni, which may
be because of complexation with dissolved organic compounds. However, land appli-
cation of Ni-contaminated sludge did not result in an increased level of Ni in ground-
water (ATSDR 2002a).

II-10.1.4
Waters

Nickel is slightly mobile in the terrestrial environment, and its Cw/Cc ratio is about 0.08
(Gaillardet et al. 2003). However, it does not remain long in the aquatic environment
as soluble species since it is easily adsorbed by suspended matter and by Fe-Mn hy-
droxides and deposited in bottom sediments. These processes have a significant im-
pact on the Ni accumulation in concretions and nodules of ocean-sediments, where
maximum concentration of this metal, in certain types of nodules, can reach 1.35%
(Kotlinski 1999). According to Vignati (2004), the Ni distribution in freshwaters be-
tween the particulate, colloidal and truly dissolved phases, depends on the variation in
master variables by Mn controlling the oxygen saturation.

Concentrations of Ni in river waters range from 0.15 to 10.39 µg l–1, and the world
average is 0.8 µg l–1 (Gaillardet et al. 2003). Rivers of Western Siberia contain Ni within
the range 1–15 µg l–1 (mean 5 µg l–1), and its input to the Baikal Lake has been estimated
as 30 t yr–1 (Niechayeva 2002; Vietrov 2002). Relatively low Ni concentrations are reported
by Pekka et al. (2004) for dissolved and suspended phases in Kola River (Russia), within
the ranges from 0.68 to 4.62 µg l–1, and from 0.06 to 1.58 µg l–1, respectively.

The world riverine flux of Ni has been estimated by Gaillardet et al. (2003) as
305 kt yr–1, whereas this value for the Baltic Sea has been given by Matschullat (1997)
as 400 t yr–1, of which 57% is of anthropogenic sources.

In seawaters Ni concentrations ranges (in µg l–1) vary, depending on data sources:

� 0.48 – 1.7 (Reimann and Caritat 1998)
� 0.1 – 3.0 (ATSDR 2002a)
� 0.48 mean in the North Pacific (Nozaki 2005)
� 0.09 – 1.08 mean 0.7 in the Baltic Sea (Szefer 2002a)
� 0.12 – 0.33 mean 0.2 in the Sargasso Sea (ATSDR 2002a)

II-10.1  ·  Nickel (Ni)
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In atmospheric precipitation (bulk rain) over the Baltic Sea, Ni concentrations are
between 0.9 and 19.7 µg l–1, whereas over the Kola Peninsula rain water contained Ni
within the range from 0.09 to 57 µg l–1 in remote and polluted regions, respectively
(Reimann and Caritat 1998; Szefer 2002a). Rainwater collected during 1999 in Sweden
contained Ni at the average value of 0.34 µg l–1 and at the maximum value of 0.56 µg l–1

(Eriksson 2001a). Rainwater collected in Canada has been reported to contain Ni at the
concentration of ≤1.5 µg l–1 (ATSDR 2002a). Nickel in aerobic waters is likely to occur
as the hexahydrate species, Ni(H2O)6

2+, but also easily makes complexes with common
anions, such as OH–, SO4

–, HCO3
–, and Cl–.

Background concentrations of Ni in ground water, in temperate humid zones,
average 2.5 µg l–1, while the global Ni average has been estimated as 15 µg l–1 (Rei-
mann and Caritat 1998). Data presented by the ATSDR (2002a) gave median Ni
concentrations in both surface and groundwater in the range of about 0.5–6 µg l–1.  Waters
of the industrial region of Uzbekistan contain following amounts of Ni (in µg l–1): sur-
face waters, 30; well water at 8 m depth, 120; well water at 70 m depth, 80 (Galiulina
et al. vide Kabata-Pendias and Pendias 1999). In ground waters of the European
part of Russia, Ni varies from 2 to 45 µg l–1, however in some regions (e.g., tributary
of Oka River) the concentration of this metal has reached 300 µg l–1 (Uchvatov and
Bashkin 1997). Skjelkvåle et al. (2001) investigated the occurrence of Ni in the Nordic
lakes, and reported its concentrations to vary, at the value of 99.5 weighted percen-
tiles, as follows (in µg l–1): 7.1 in Finland, 5.7 in Sweden, and 3.2 in Norway. The au-
thors cited that content of Ni in the lakes of the Russian Kola Peninsula is 50.4 µg l–1,
at 99.5 weighted percentiles.

Water pollution with Ni is usually reflected in its accumulation in bottom sediments.
Background Ni content in bottom sediments of Rhein River has been established as
46 mg kg–1, and of Vistula River as 40 mg kg–1 (Kabata-Pendias and Pendias 1999). The
fine granulometric fraction of bottom sediments of polluted rivers may contain highly
elevated amounts of Ni, e.g., up to around 300 mg Ni kg–1 in rivers of industrialized
Silesia region of Poland (Bojakowska et al. 1992).

For drinking water, various limits (MAC) have been set in different countries
(in µg l–1): 50 in Norway, 100 in Russia, and 20 in the WHO recommendation (Reimann
and Caritat 1998). The NIOSH regulations vary from 500 to 1 700 µg l–1, for children
and adults, respectively (ATSDR 2002a). The value of MCL for Ni established by EPA
as 100 µg l–1 has been discussed recently.

Drinking water of the USA analyzed during the period of 1969–1970 contained Ni
at levels (in µg l–1) as follows: 22% of samples, <1; 43% of samples, 1–5; 26% of samples,
6–10; 9% of samples, 11–20; and 1% of samples, >20. The highest level of Ni, 68 µg l–1, was
reported for municipal drinking water in Sudbury, Ontario, Canada (ATSDR 2002a).

Elevated Ni levels may exist in tap waters as a result of the corrosion of Ni-contain-
ing alloys used in some water distribution systems.

Aquatic biota. Fish from the Baltic Sea contain Ni in muscle tissue within the broad
range from <0.04 to 0.8 mg kg–1 FW, whereas in soft tissue of mussels its contents vary
from <1 to 13.8 mg kg–1 FW, and in plankton from 0.16 to 16.6 mg kg–1 FW (Szefer 2002a).
The accumulation of Ni in muscles of flounder from a clean area close to Finland was
found to be 0.2 mg kg–1, whereas from polluted area was 0.6 mg kg–1 (Mukherjee 1999).
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II-10.1.5
Air

The median Ni concentration in air of remote world regions is 90 ng m–3, and of pol-
luted world regions 60 ng m–3 (Reimann and Caritat 1998). The Ni concentrations in
air vary highly, from 0.9 to 120 ng m–3 in control and urban regions, respectively
(Table II-10.2). Ninety-nine percent of the urban and non-urban samples collected in
the USA, during 1977–1979, did not exceed 68 and 52 ng m–3, respectively. Later deter-
minations suggest that atmospheric Ni concentrations in the USA have been declining
(ATSDR 2002a).

It is estimated that 8.5 kt of Ni are emitted into the atmosphere from natural sources
each year, whereas the anthropogenic emissions are calculated to be 55.6 kt (ATSDR
2002a). The main natural Ni sources are windblown dust (56%) and volcanoes (29%),
while anthropogenic sources are principally burning residual and fuel oil (62%), and
Ni metal refining (17%).

Global atmospheric Ni deposition has been estimated by Livett (1992) as 55.7 kt yr–1,
of which the major proportion is related to oil (27 kt yr–1) and coal (13.8 kt yr–1) com-
bustion. The bulk aerial Ni deposition (in g ha–1 yr–1) has been reported to range in
Germany from 20 to 510, in Great Britain from 59 to 110, and in the industrial area of
Poland up to 150 (Kabata-Pendias and Pendias 1999; Reimann and Caritat 1998).
Nicholson et al. (2003) reported that the European average Ni deposition amounts
10 g ha–1 yr–1, and varies from 1.5 (in Finland) to 36 (in Italy). The wet deposition of
Ni in Sweden has been calculated as 3.6 g ha–1 yr–1 (Eriksson 2001a).

The natural aerial deposition of Ni on the Baltic Sea has been estimated as 5 t yr–1,
whereas deposition from anthropogenic sources as 100 t yr–1 (Matschullat 1997).

Rocher et al. (2004) have estimated Ni loads in roof runoff in central Paris as
340 mg ha–1 d–1 that is relatively highly increased as compared with its atmospheric
deposition. This elevated amount of Ni is due to both the material used for roof cov-
ering and the vicinity of the chimney stacks of heating boilers.

The Ni contents of forest moss (Pleurozium schreberi) sampled in 1975 and 2000
clearly have decreased 2.8 folds and clearly indicate its smaller global emission (Rühling
and Tyler 2004).

II-10.1.6
Plants

The content of Ni in plants seems to be highly controlled by soil properties and origin,
however, plant abilities to absorb Ni (e.g., accumulators and hyperaccumulators) also
has a strong influence.

Average contents of Ni in cereal grains from different countries vary from 0.34 to
14.6 mg kg–1, and show the highest contents in oat grains, especially oats grown in
Finland (Table II-10.3). Barley and wheat grains from Sweden contain Ni at mean values
of 0.15 and 0.16 mg kg–1, respectively (Eriksson 2001a). The Ni content of plant food-
stuffs varies from 0.06 to 2 mg kg–1 with the lowest value in apples and the highest in
cucumber fruits (Table II-10.3). The mean Ni contents of clover from various coun-
tries range from 1.2 to 2.7 mg kg–1, whereas these values for grass are between 0.13 and
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1.7 mg kg–1 (Table II-10.4). A much higher Ni content has been reported for meadow
grass (13–75 mg kg–1) and forest grass (10–100 mg kg–1) from taiga zone of Western
Siberia (Niechayeva 2002). In spite of the impact of various factors, among which plant
genotypes and environmental conditions play significant roles, the Ni contents in food
and forage plants are fairly similar.

Nickel is very easily extracted from soils by plants and the Ni contents of plants are
simple functions of the Ni forms in soils (Fig. II-10.2). Plants more readily absorb in
the ionic Ni2+ form than when it is chelated. Both plant and pedological factors affect
these processes and the most pronounced factor is soil pH. Berrow and Burrige (vide
Kabata-Pendias and Pendias 2001) found that increasing soil pH from 4.5 to 6.5 de-
creased the Ni content of oats by a factor of about 8.

Stauton et al. (1999) noted that the secretion of organic anions, and modification of
soil pH by roots and fungi in the rhizosphere may decrease Ni adsorption by soils
components, and thus increase its plant availability. In plants, Ni is very mobile and is
readily accumulated in both leaves and seeds.

There are a great number of plants, 317 taxa of 37 families, which have the ability to
accumulate over 1 000 mg Ni kg–1 (Greger 1999). The most common Ni accumulators
are Alyssum sps., and Chaney was one of the first to suggest the possible phytoextraction
of Ni from polluted soils, using these species that can accumulate over 400 kg Ni from
one hectare (Chaney et al. 1999a). The mechanism of the Ni hyperaccumulation is not

Table II-10.3.
Nickel in food plants grown in
various countriesa (mg kg–1)
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yet well-understood, but evidently it is associated with organo-metallic complexes. An
association has been found between Ni concentration in the sap of several genotypes
of hyperaccumulators and concentrations of some organic acids (polycarboxylate),
especially of citric acid (Brooks 1998). Apparently these complexes react as transport-

Fig. II-10.2.
Nickel concentrations in plants
as a function of Ni contents of
soils: a leaves of Alyssum sp.,
hyperaccumulator; b Alyssum
montanum, nonaccumulator;
c wheat leaves; d barley grains;
e carrot roots; and f radish
roots. aNi in soils, leaves and
roots are given in powers of
ten (modified from Kabata-
Pendias and Pendias 2001)

Table II-10.4.
Nickel in grasses and clover at
the immature grown stage from
different countriesa (mg kg–1)
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ligands for Ni within plants which have accumulated the metal. Pohlmeier (1999) broadly
reviewed the mechanisms of the complexation of Ni2+ in plants and listed several or-
ganic ligands involved in these processes. Krämer et al. (1996) reported that exposing
a species of Alyssum to Ni elicits a large increase in the levels of free histidine in a Ni-
accumulator phenotype. The authors concluded that an enhanced production of his-
tidine is responsible for the Ni hyperaccumulation in these plants. Nicks and Cham-
bers (1998) have described a great variation in Ni content (3 280–7 820 mg kg–1) of
individual plants of one species of the Brassicaceae family that is endemic to serpen-
tine soils in California.

Several investigators have suggested that Ni might be essential for plants. The es-
sentiality of Ni for some biosynthesis of a number of bacteria has been proven. How-
ever, there is no evidence yet of a metabolic role of Ni in higher plants, although re-
ported beneficial effects of Ni on plant growth have stimulated the speculation that
this metal may have some function in plants. Its role in the nodulation of legumes and
effects on the nitrification and mineralization of N has been described. Thus Ni is
considered as essential for legumes in which is involved in the urease metabolisms
(Eskew et al. 1983).

Although Ni is already considered as an essential element for higher plants, its tox-
icity to plants has been most frequent studied. Restricted growths of plants and inju-
ries caused by an excess of Ni have been observed for quite a long time. The mecha-
nism of Ni toxicity and biological effects are highly related to its species. The cationic
form, Ni2+, is more readily absorbed and more toxic than its complexed forms. Molas
(1997a,b) observed that Ni-glucose chelate was more toxic to cabbage than Ni-EDTA
complex, and described various morphological and anatomical changes caused by an
in vitro excess of Ni.

The most common symptom of Ni phytoxicity is chlorosis followed by yellowing
and necrosis of leaves. This is induced mainly by a Ni-Fe interaction; low foliar Fe
levels are closely associated with toxic Ni concentration in the growth media. Plants
under the Ni stress exhibit retarded absorption of nutrients, impaired root develop-
ment, and metabolic dysfunctions.

The phytotoxic Ni concentrations vary widely among plant species and cultivars,
and have been reported to range from 40 to 246 mg kg–1 (Kabata-Pendias and Pendias
2001). However, some plants are very sensitive to increased levels of Ni in the growth
media, and small Ni concentration in nutrient solution, 1 mg Ni l–1, has been reported
as toxic to hybrid poplars (Punshon and Adriano 1999). Chang et al. (1992) attempted
to establish the phytotoxicity threshold for Ni and determined that the PT50 leaf tissue
corresponds to 3 mg Ni kg–1 and is much lower than Ni concentrations reported to be
associated with its phytotoxicity levels. These authors suggested that the typical plant
tissue Ni concentration is approximately 10 mg kg–1. Generally, the range of excessive
or toxic amounts of Ni in most plant species varies from 10 to 1 000 mg kg–1. However,
several species are known for their great tolerance and hyperaccumulation of Ni. These
are mainly species of the Boraginacea, Cruciferae, Myrtaceae, Leguminosae, and
Caryophyllacea families.

Under natural conditions, Ni toxicities are associated with serpentine or other Ni-
rich soils. Some native plants from such locations accumulate leaf concentrations of
over 6 000 mg Ni kg–1 (Kabata-Pendias and Pendias 2001). Baker et al. (vide Greger 1999)
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described that hyperaccumulators may concentrate Ni in leaves over 1 000 mg kg–1. The
pronounced ability of some plants to extract Ni from soils over Ni ore bodies may
make them useful biogeochemical indicators.

The easy phytoavailability of Ni is of real environmental concern. Increased Ni lev-
els in food plants are associated with health hazards. The ready transfer of Ni from
soils to vegetables has been illustrated by Frank et al. (1982) in the notable accumula-
tion of this metal, up to 4 000 mg kg–1, in cabbage heads and celery roots and tops planted
on soil around a nickel smelter (Niagara Peninsula) with Ni contents between 500 and
1 500 mg kg–1.

II-10.1.7
Humans and Animals

Humans. The average Ni content in human soft tissues is estimated as 88 µg kg–1 (Li
2000). Its concentrations in soft human organs vary greatly, with the mean values high-
est for the lung (173 µg kg–1) and lowest for the pancreas (34 µg kg–1) (Rezuke et al.
vide Sunderman 2004). In human fluids, mean Ni concentrations are (in µg l–1):
blood, 2.3; serum, 1.2; and urine, 0.9 (Reimann and Caritat 1998).

The Ni deficiency seems unlikely to occur in humans (Sunderman 2004). However,
Anke et al. (1995b) have established the Ni requirements by adults as 25–35 µg d–1. Lower
Ni intake can induce some dysfunction of fat metabolism, but human diets generally
contain sufficient amounts of Ni.

Average dietary Ni uptake by the German population has been estimated as 144 µg d–1

for women and 166 µg d–1 for man (Pilz et al. 2004). Fairly similar values, average of
168 and 145 µg d–1, are reported for the USA and the UK, respectively (Sunderman
2004). Pais and Jones (1997) have calculated the average intake of Ni by adults to range
from 300 to 500 µg d–1. A market basket survey in England, in 1984, estimated a dietary
intake of 154–166 µg d–1 for a 70-kg person (ATSDR 2002a). According to this source
of data, the oral RfD for Ni is proposed as 20 µg kg–1 d–1. The adsorption of Ni is rela-
tively low, when administrated with drinking waters was about 27% of the dose whereas
Ni mixed with food was absorbed only around 0.7% of the dose (Sunderman 2004).

Hundreds of foods from various European countries have been analyzed for Ni, and
its common contents were established as <0.5 mg kg–1 (Sunderman 2004). This value
corresponds well to Ni contents of food plants presented in the Table II-10.3.

The toxicity of Ni compounds to animals and humans has been broadly review by
Sunderman (2004). Investigations on the toxicity of Ni have indicated various effects of
its excess, among which the most important are developmental, genotoxic, neurological,
reproductive, and carcinogenic. Generally, the soluble compounds are more toxic than
the less-soluble compounds. However, slightly soluble Ni compounds are likely to be car-
cinogenic at the site of deposition (ATSDR 2002a). Nickel tetracarbonyl, Ni(CO)4, has been
found to be the most toxic, as reported for industrial workers (Sunderman 2004).

Nickel should be used with great precautions in industry since is exceedingly toxic
when inhaled. Lung and nasal cancer were the forms of cancer commonly reported in
the nickel-refinery workers. Up to 55% of the inhaled less-soluble Ni is retained in the
lungs. However, when it has been absorbed into the blood stream is primarily excreted
in the urine. Significant correlations have been found between exposure to Ni and its
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levels in urine and serum. Correlations between exposure concentration and the level
of Ni in hair were not reported (ATSDR 2002a).

The atmospheric limits (expressed as an 8-h TWA) for soluble Ni compounds es-
tablished in different countries vary from 0.05 to 1 mg m–3. A much lower value,
0.005 mg m–3 is reported for Russia (Sunderman 2004). Regulations for Ni concentra-
tions in air vary, depending primarily on its compound, from 0.02 to 1 mg m–3. The
average Ni intake by inhalation in US cities is calculated to range from 0.1 to 1 µg d–1.
Smokers inhale from 2 to 12 µg of this metal, for each pack of cigarettes (ATSDR 2002a).

Animals. Nickel occurs in mammalian tissue within the range from 8 to <300 µg kg–1,
being fairly uniformly distributed, with an exception of the skin where its lowest con-
tent is reported (Jørgensen 2000).

Based on reports of experimental induction of dietary Ni deficiency in animals, this
metal appears to be essential. However, at the established dietary requirements for
ruminants around 0.1 mg Ni kg–1, deficiency is not likely to occur under normal con-
ditions (Pais and Jones 1997). Symptoms of induced Ni deficiency in experimental
animals are associated with the growth retardation of hemoglobin, hematocrit and
erythrocytes.

Increased administration of water-soluble Ni compounds (NiCl2) to animals resulted
in acute toxicities, such as: (i) immune inhibition of spleen cells, (ii) hyperglycemia,
(iii) nephrotoxicity, (iv) hypothermia, (v) hepatotoxicity, (vi) coronary vasoconstriction,
(vii) bronchoalveolar hyperplasia, and (viii) increased heme oxydase activity in kidneys
and liver. Several other chronic effects have been noted, such as: pulmonary damage,
renal dysfunction, arteriosclerotic lesions, and allergy. Carcinogenic effects, and par-
ticularly reproductive and teratogenic disorders, have been described (ATSDR 2002a).

II-10.2
Palladium (Pd)

II-10.2.1
Introduction

The abundance of Pd in the Earth’s crust is given as 10 µg kg–1, and in the upper con-
tinental crust, 1 µg kg–1, but it may be concentrated in ultramafic rocks, some coals,
black shales and phosphorites. Higher concentrations, from 0.5 to 0.6 µg kg–1, are found
in basalts and shale schists. The arithmetic mean of Pd in US coal is <1 µg kg–1

(Finkelman 1999). Manganese ores and Mn concretions are known for their capacity
to accumulate Pd, which ranges from 3.7 to 11.4 µg kg–1. Palladium exhibits a relatively
strong chalcophilic character. In general, Pd is considered as a greater potent threat to
the environment than the other PGMs.

Palladium is more reactive chemically than other PGMs, and therefore it is known
in more compound mineral forms that others. Among better-known minerals are:
potarite, PdHg; stibiopalladinite, Pd3Sb; and arsenopalladinite, Pd3As. Also relatively
common are sulfide minerals, like braggite (Pt,Pd,Ni)S and cooperite (Pt,Pd)S. This
metal is relatively common in several sulfide minerals, at the approximate concentra-
tion range from 0.7 to 10 mg kg–1.

Pd
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II-10.2.2
Production and Use

The global production of Pd, in the period 1999–2002, has varied from 140 to 230 t yr–1

(Hoppstock and Sures 2004), whereas its use in 2000 was estimated as 238 t (Ravindra
et al. 2004). This metal is widely used for electronics and jewelry production and in
dentistry. Alloys with Pd are also used for bearings and springs in watches, as well as
for chemical and medical instruments. Its compounds are used in photography,
electroplatings, and as a catalyst, mainly in organic synthesis.

Above 50% the Pd supply was used in the year 2000 for automotive catalytic con-
verters. The use of Pd in car converters has increased 200-fold between 1989–1997
(Stilianakis 2005). Palladium, as other PGMs (Pt and Rh) used to reduce hydrocarbon,
carbon monoxide and nitrous oxide in automotive emissions pose a potential risk to
humans and the environment (Zereini and Alt 2006).

II-10.2.3
Soils

There are only few reports on Pd contents in soils. Contents of Pd in surface soils have
been found by different authors to range between 0.5 and 130 µg kg–1 (Kabata-Pendias
and Pendias 2001). An association of concentrations of Pd with the clay fraction and SOM
has been observed. Swedish arable soils contain Pd in the range of <40–150 µg kg–1, at an
average value of 40 µg kg–1 (Eriksson 2001a). In the Report of the UNEP/WHO (2002), its
mean content is given as 40 µg kg–1. Soils near German highway contain Pd in the range
between 1 and 47 µg kg–1, at an average value of 6.6 µg kg–1 (Zereini et al. 1997; Ravindra
et al. 2004). Pd-hydroxides and complex compounds are relatively mobile in soil.

Concentrations of Pd in roadside dust have been found to range from 1 to 26 µg kg–1

near Frankfurt and from 20 to 115 µg kg–1 near San Diego, California (UNEP/WHO
2002). The highest contents of Pd, however, are reported for road tunnel dust, from 20
to 297 µg kg–1 (Helmers et al. 1998). Contents of Pd in soils from the Napoli metropoli-
tan area vary from 8 to 110 µg kg–1, with a mean value of 12.7 µg kg–1 and indicate a
positive relationship with the traffic density (Cicchella et al. 2003). Since 1990, Pd has
been added instead of Pt to some vehicle catalytic converters, which has resulted in
increased amounts of Pd released to roadside areas (Helmers and Krümmerer 1999).

II-10.2.4
Waters

Palladium ranges in river waters from 1 to 30 ng l–1, and its world-average concentra-
tion has been calculated by Gaillardet et al. (2003) as 2.8 ng l–1. In waters of Rhein
River it is estimated by Ravindra et al. (2004) to be 0.4 ng l–1. Contents of Pd in waters
of the Pacific Ocean vary from 0.04 ng l–1 to 0.06 ng kg–1 (Ravindra et al. 2004; Nozaki
2005). Rainwaters collected during 1999 in Sweden contained Pd at the average value
of <1 ng l–1 and its wet deposition is calculated to be <11 mg ha–1 yr–1 (Eriksson 2001a).

According to the UNEP/WHO (2002) data, common ranges of Pd in waters are as
follows (in ng l–1): 0.4–22 in fresh water; 19–70 in salt water; and <24 in drinking water.

II-10.2  ·  Palladium (Pd)
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Concentrations of Pd in sewage sludges of Southern Australia vary from 18 to
153 µg kg–1 in industrialized areas and from 9.4 to 20.4 µg kg–1 in rural areas. Lotter-
moser (1995) has stated that these amounts of Pd in waste dumped on land or at sea,
might pose a threat to the environment and human health. Recently, increased applica-
tion of Pd has been reflected in its concentration in sewage sludge ashes from the munici-
pal purification plant of Stuttgart. Its concentration below 100 µg kg–1 in the late 1980 has
rapidly increased and reached 600 µg kg–1 in 1992 (Helmers et al. vide Pyrzyôska 2000).

Aquatic biota. Palladium seems to be relatively easily bioaccumulated by crustaceans
(isopods) up to 155 µg kg–1 from polluted freshwater (Moldovan et al. 2001). Also hya-
cinth accumulates Pd from water, up to 785 µg kg–1 (Abbasi 1987).

II-10.2.5
Air

Palladium contents in air samples seem to range commonly from <0.07 to 280 pg m–3.
However, mean Pd concentrations of 12 700 pg m–3 for Chicago, USA and 56 600 pg m–3

for Chernivtsi, Ukraine, have been reported (Ravindra et al. 2004). According to data
of UNEP/WHO (2002), average Pt concentration in air in USA is <1 pg m–3, and varies
from <0.06 to 110 pg m–3, in unpolluted and urban areas, respectively.

The environmental exposure limit of Pd in air has been established at 5 mg m–3

(Hoppstock and Sures 2004).

II-10.2.6
Plants

Palladium seems to be easily available to plants when it occurs in soluble forms. The
accumulation of Pd by plants takes place in both experimental and natural conditions.
Its contents in various shrubs and trees are in the range of 30–400 µg kg–1 AW. In twigs
from birch grown close to the mineral deposits of PGMs in Canada, Pd is accumulated
up to 4 014 µg kg–1 (UNEP/WHO 2002). Barley and wheat grains from Sweden contain
Pd at a mean value of <1 µg kg–1 (Eriksson 2001a). Its contents in staple foods vary
from <0.1 to 3 µg kg–1 FW, being the highest in nuts and bread (Table II-10.5).

Table II-10.5.
Mean palladium contents of
selected food (µg kg–1 FW)
(data from UNEP/WHO 2002)
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Plants exposed to automobile exhausts contain Pd in the range from 0.43 to 2.4 µg kg–1,
with the highest value for moss and the lowest for plantain (Djingova et al. 2003). Farago
and Parsons (1994) reported that Pd is relatively toxic to water hyacinth which has a
strong ability for its accumulation.

Palladium is likely to be bound to high molecular-weight proteins and is able to
replace Mn in some metalloenzymes due to similar ionic radii. Phytotoxic effects in
terrestrial plants at Pd concentrations from about 2 to 60 mg l–1 of the nutrient solu-
tion have been reported (UNEP/WHO 2002).

II-10.2.7
Humans

The occurrence of Pd in animal and human tissues is almost unknown. Jørgensen (2000)
has cited the Pd content in muscles of mammals as 2 µg kg–1. Ravindra et al. (2004)
compiled data for Pd in urine in German population; the general population contained
Pd in the range from 0.01 to <0.036 µg l–1 and occupationally exposed population – in
the range from 0.08 to 3.4 µg l–1. The population is preliminarily exposed to Pd through
dental alloys, jewelry, and automobile catalytic converters. People working in the cata-
lyst production are exposed to increased levels of Pd; their urinary Pd concentrations
are reported to be from 0.2 to 1 µg l–1 (Hoppstock and Sures 2004). According to data
of the UNEP/WHO (2002) its concentrations in urine of adults range between 0.0006
and <0.3 µg l–1. It is likely to accumulate in kidneys.

Exposure of humans to increased levels of Pd may be associated with iatrogenic
effects of dentist therapy. Sensitization effects of increased levels of Pd can be observed
in some individuals as dermatitis, stomatitis, and oral lichen planus. Excess of Pd causes
histopathological effects in liver, kidneys and spleen. It may inhibit most major cellular
functions and is likely to bind to amino-acids, DNA, and other macromolecules (e.g.,
vitamin B6). Palladium is considered to be a relatively strong allergen, and there has
been a suggestion for no dental use of Pd-Cu-alloys (Zinke vide Hoppstock and Sures
2004). Human average dietary intake of Pd appears to be up to 2 µg d–1 and varies from
<1.5 to 15 µg d–1 (UNEP/WHO 2002).

Palladium can form complexes with nucleic acid components that behave similarly
as Pt complexes but are much more active. These complexes could find their applica-
tion in the treatment of different types of tumor (Rau and Eldik 1996). Several Pd
compounds have been found to have antiviral, antibacterial and fungicidal properties.

II-10.3
Platinum (Pt)

II-10.3.1
Introduction

The bulk continental abundance of Pt is given in the range form 0.4 to 5 µg kg–1. The
range of its content in rocks has been estimated to vary from 0.05 in limestones to
3 µg kg–1 in ultramafic rocks (Table II-10.2). As a very non-reactive metal with other
elements, Pt occurs mainly in alloys with other PGMs. Its more common minerals are:

II-10.3  ·  Platinum (Pt)
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sperrylite, PtAs2; cooperite, (Pt,Pd)S; and braggite, (Pt,Pd,Ni)S. Several sulfide miner-
als are possible hosts for Pt which has an proximate range of concentrations from 0.2
to 2 mg kg–1.

According to Finkelman (1999), the arithmetic mean of Pt in US coal is <1 µg kg–1,
whereas Li (2000) reported 230 µg Pt kg–1 in the reference coal sample (SRM1632).

Although Pt does not represent an acute danger, due to its low concentrations in the
environment at the present, long-term monitoring studies are prerequisite for the as-
sessment of the impact of its increased levels to the environment and human health.

II-10.3.2
Production and Use

The annual global production of Pt in the period 1997–1983 ranged between 200 and
203 t (WHO/IPCS 1991) and in 2000 it was 365 t (USGS 2004). The highest proportion of
Pt is presently used for automotive catalytic converters and for jewelry (Table II-10.6).  It
is also broadly used in various industries, mainly as catalyst in chemical processes. In
different alloys, Pt is used in dentistry and in medicine for neurological prostheses and
some long-term electrode implantations. Pt-alloys are increasingly used in glass pro-
duction and in dental medicine.

II-10.3.3
Soils

The common range of Pt in surface soils vary from <20 to 75 µg kg–1, although concen-
tration of up to 150 µg kg–1 has also been reported (Kabata-Pendias and Pendias 2001).
Swedish arable soils contain Pt at the mean value of 40 µg kg–1 (Eriksson 2001a). Lat-
erite soils of Australia contain Pt in the range from <5 to 70 µg kg–1 and its contents in
soils from the Napoli metropolitan area vary from 1.6 to 52 µg kg–1, with the mean
value 4.2 µg kg–1 (Reimann and Caritat 1998; Cicchella et al. 2003). The average con-
tent of Pt in soils near Sudbury, an industrial region of Canada, is <0.8 µg kg–1 (WHO/
IPCS 1991).

Table II-10.6.
Platinum use to various types
of industry, after the intro-
duction of automotive cata-
lytic converters, in the USA
and in Western-World coun-
tries (kg yr–1) (adopted from
WHO/IPCS 1991)
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The distribution of Pt in surface soils shows positive correlation with major traffic
flow. Its highest concentrations in the soil occur directly at the edge of the motor-
way and decrease with increasing distance from the highway. Along highways in
Germany, Pt content ranges from 0.35 to 330 µg kg–1, whereas in soils of botanic
garden in the UK it varies from 0.8 to 1.6 µg kg–1 (Ravindra et al. 2004). Farago et al.
(1998) presented mean concentrations of Pt in soils and road dust in the UK from
2.29 to 20.8 µg kg–1, being the lowest for minor roads and the highest for major road
intersections.

The estimation of Pt emission from traffic varies and recent calculations showed
that it might be between 0.5 and 0.8 µg km–1 (Pyrzyôska 2000). Based on Pt concentra-
tions found in soils near roadsides and on volumes of traffic, Zereini et al. (2001) cal-
culated this value at an average of 0.27 µg km–1 in the vicinity of Frankfurt, Germany.
Although Pt emitted from the catalytic converters are mainly in the form of nanocrystals
of metallic Pt, some oxidized species have been identified (Nachtigall et al. vide
Pyrzyôska 2000). Such Pt species could be easily mobilized by complexation, particu-
larly when complexed with chlorides and organic matter (e.g., humic and fulvic acids)
and/or undergo biotransformation (e.g., biomethylation). Increased Cl levels in soil
solution especially promote its mobility (WHO/IPCS 1991).

Platinum content in sewage sludge ashes from the municipal purification plant of
Stuttgard, Germany, has been monitored during the period 1972–1994. Since the early
1980s it has rapidly increased, from <100 µg kg–1 to around 300 µg kg–1 (Helmers et al.
vide Pyrzyôska 2000).

II-10.3.4
Waters

Platinum concentrations in seawaters vary, depending on the location and water
depth, from 37 to 332 pg l–1 (Ravindra et al. 2004). The median value for the North
Pacific is reported to be 50 pg kg–1 (Nozaki 2005). A much higher Pt concentration,
up to 20 ng l–1, has been found in lake water of Norway (Reinmann and Caritat 1998).
Rainwater collected during 1999 in Sweden contained Pt at the average value of
22 ng l–1 with the maximum value of 39 ng l–1, and its wet deposition is calculated to
be 250 mg ha–1 yr–1 (Eriksson 2001a).

Concentrations of Pt in sewage sludges of Southern Australia vary from <0.5 to
157 µg kg–1 in industrialized areas and from <0.5 to 6.1 µg kg–1 in rural areas.
Lottermoser (1995) has stated that increased amounts of Pt in waste dumped on the
land or at sea, might pose a threat to the environment and human health.

The recent discharge of Pt from some hospitals should be of environmental con-
cern. The total Pt emission for all German hospitals was calculated as 28.6 kg yr–1

(Krümmerer and Helmers 1997). It has been shown that 70% of this metal, adminis-
trated during anti-neoplastic drug therapy, was excreted, ended in the hospital efflu-
ents, and was transferred into the aquatic environment (Ravindra et al. 2004).

Aquatic biota. Platinum seems to be relatively easily bioaccumulated by crustaceans
(isopods), up to 38 µg kg–1 from polluted freshwater (Moldovan et al. 2001). In marine
algae its concentrations vary from 0.08 to 0.32 µg kg–1 (WHO/IPCS 1991).

II-10.3  ·  Platinum (Pt)
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II-10.3.5
Air

Recently, Pt concentrations in airborne samples, especially from urban and highway
areas, have been investigated. Ravindra et al. (2004) reported the following data for
various locations (in pg m–3): California, <0.05; Rome, 7.8–38.9; Madrid, <0.1–57.1;
and Copenhagen, (heavy traffic) 25–2 740. According to data of the WHO/IPCS (1991),
Pt contents in air near Frankfurt vary from <1 to 13 pg m–3, whereas in rural areas it
is between <0.6 and 1.8 pg m–3. Road dust from Munich (1997/1998) contained an av-
erage of 730 µg Pt kg–1.

Maximum Pt concentration in air recommended in Germany for occupational ex-
posure is 2 µg m–3 (Hoppstock and Sures 2004).

II-10.3.6
Plants

Although Pt is strongly held in soils, apparently plants easily take up mobile complexes
of Pt (mainly associated with SOM), as of other PGMs. Plants grown in a medium
enriched in Pt compounds, absorb this metal which accumulates mainly in roots. Sev-
eral Pt-binding proteins were isolated from those plants (Hoppstock and Sures 2004).
Pyrzyôska (2000) cited, after Helmers, that values of the TF for Pt, from soil to plants,
are relatively high and similar to those for Cu. Wheat and barley grains from Sweden
contain Pt at mean values of 0.2 and 0.9 µg kg–1, respectively (Eriksson 2001a).

Grasses from remote locations contain Pt in the range of 0.2–0.5 µg kg–1 (Hoppstock
and Sures 2004). Plants (collected in Germany) exposed to automobile exhausts con-
tain Pt in the range from 3.6 to 30 µg kg–1, with the highest content in moss and the
lowest in plantain (Djingova et al. 2003). Roadside grasses (collected also in Germany)
contained Pt between 5 and 8 µg kg–1 (Ravindra et al. 2004). The highest Pt content in
grass, in the range between 17 and 95.6 µg kg–1, was found in Germany along the
motorway near Siegen (Hees et al. vide Pyrzyôska 2000).

Some plants collected from a roadside in France are reported to contain
100–830 µg Pt kg–1 (Cabrera et al. 1996). According to these authors, mean Pt concen-
tration of wine from different regions of France averages around 10 µg l–1 and does not
represent any imminent toxicological risk. According to Leiterer et al. (2004), the main
part of Pt emitted from catalytic converters is deposited as suspended particles on the
plant surface.

II-10.3.7
Humans

There is very scant information on Pt occurrence in human tissues. Ravindra et al.
(2004) compiled some data as follows: unexposed persons of Austria contain Pt in liver
in the range of 0.05–0.24 µg kg–1, and in blood, 0.1–2.8 µg l–1. These authors have cited
that the physiological levels of Pt in blood of unexposed persons of Germany range
from 0.032 to 0.078 µg l–1. According to Farago et al. (1998), mean concentrations of Pt
in blood of different populations vary as follows (in µg l–1): precious metal workers,

Pt
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0.246; motorway maintenance workers, 0.145; and Imperial College staff, 0.129. These
authors have reported the linear relationship between Pt in blood and Pt in urine. Intake
of Pt by population in the UK is given as 1 µg d–1 person–1 (WHO/IPCS 1991).

Metallic Pt is considered to be biologically inert. Most probably, metallic and/or oxides
forms emitted from car exhausts are not toxic. However, emitted Pt compounds, when
ingested or inhaled, became available and form compounds that have mutagenic and
carcinogenic effects. Platinum may readily form complexes with proteins and cause a
reduction in enzymatic activity. The toxicity of Pt depends considerably on its species
and is reported to decrease in the following order: PtCl4 > Pt(SO4)2 · 4H2O > PtCl2 > PtO2.
Methionine seems to be a primary binding compound for Pt (WHO/IPCS 1991).

The Pt-DNA complexes reveal high cytotoxicity and antitumor activity (Farrell 1996).
Platinum anticancer drugs based on cis-Pt compound (cis-[Pt(NH3)2Cl2]) have been
widely used. A new generation of Pt-drugs, carboplatin and lobaplatin show increased
activity and reduced toxicity (Gauchelaar et al. vide Pyrzyôska 2000). Kümmerer and
Helmers (1997) have estimated that during the therapy one patient exudes in urine
from 2 to 330 g Pt yr–1, depending on the kind of therapy and hospital.

The excess of cis-Pt compounds administered to mammals causes nausea and vom-
iting, anorexia, nephrotoxicity, and some neuropathy symptoms. Applications of anti-
tumor Pt compounds have been broadly investigated, and the results should be still
reexamined (Farrell 1996; Arpalahti 1996; Hoppstock and Sures 2004).

Some Pt compounds that may occur during the refining processes of Pt, may cause
allergy sensitization. Halogenated Pt salts are especially known to cause allergic asthma
and dermatitis in occupational individuals (Hoppstock and Sures 2004). However, opin-
ions on physiological effects of Pt-halogenated complexes are variable (Farago et al. 1998).

It is now under the discussion, whether this metal is toxic for living organisms and
humans (Bencs et al. 2005; Bowles 2005). Metallic Pt is inert as far as biological reac-
tions are concerned. However, its chloro-compounds and complexes with organic ac-
ids become mobile in the environment and may be of potential health risk for indi-
viduals living in an urban area and/or along major highways.

Platinum released during the past decades by vehicle exhaust catalysts, has been
significantly accumulated in abiotic and biotic matrices and organic bound species
that are relatively easily bioavailable. There is no evidence, as yet, of adverse health
effects of the great accumulation of Pt near roads (during 5 years increased up to 90-
fold above natural background levels). However, the situation warrants continued
monitoring and health risk assessment (Hutchinson and Pearson 2005).

II-10.3  ·  Platinum (Pt)
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Chapter II-11

The Group 11 is composed of copper (Cu), silver (Ag), and gold (Au). Silver and Au
belong to the so-called noble metals. All these metals occur in variable oxidation stages,
mainly +1, and +2, (Table II-11.1). Copper and Ag reveal chalcophilic tendencies
whereas Au is siderophilic.

The terrestrial abundance of Cu is very well documented, however, data for Ag and
Au occurrence in some environmental compartments are rather scarce and presented
values vary, especially for the bulk continental crust (Table II-11.2). The co-occurrence
of As is used (e.g., in Albania) as a geo-indicator element in Au and Cu surveys due to
their frequent geochemical association (Lazo et al. 2007).

For nearly nine millennia, Cu and Au were the only metals known to man (Aitchi-
son 1960; Tylecote 1976) and they thus are very closely associated with the progress of
human civilization. Copper was known already at the end of Stone Age and has been
used by human beings since 4 000 BC. Romans exploited Cu from the island Cyprus,
and the metals was named cuprum, after the island name.

II-11.1
Copper (Cu)

II-11.1.1
Introduction

Copper occurs in the Earth’s crust at concentrations between 25–75 mg kg–1. Its abun-
dance pattern in rocks shows the tendency for the concentration in mafic igneous rocks

Table II-11.1. Selected properties of trace metals of the Group 11

Trace Elements of Group 11
(Previously Group Ib)

Cu
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Table II-11.2. Abundancea of elements of Group 11 in the environmentCu
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and in argillaceous sediments, however, it is rather excluded from the carbonated rocks
(Table II-11.2).

Copper reveals a strong affinity for sulfur; hence its principal minerals are chal-
copyrite, CuFeS2; bornite, Cu5FeS4; chalcocite, Cu2S; and covellite, CuS. The second group
contains oxidized copper minerals, which are mainly formed during the weathering of
copper sulfides exposed to erosion. Here, Cu is incorporated in oxide and carbonate
minerals of which cuprite, Cu2O; tenarite, CuO; malachite, Cu2CO3(OH)2, and azurite,
Cu2 (CO3)2 (OH)2 are the most common. Copper is often associated with sphalerite,
ZnS; pyrite, FeS; and galena, PbS. Its deposits are commonly found in acid igneous
rocks and various sedimentary deposits.

II-11.1.2
Production and Use

World primary production of Cu has increased from 9.2 Mt in 1990 to 13.7 Mt in 2003
(USGS 2004). In the 20th century its utilization increased rapidly and now the mining
and refining of Cu takes place on all six continents.

Due to its versatile properties, Cu has a wide range of applications. It is used for the
production of conductor materials, wire, rod and bar; it is also used for current gen-
eration, transmission and conduction, and in the manufacture of motors and electrical
equipment. Other applications of Cu include: fabrication of household articles, coins,
art objects and ammunition. In the automobile industry, Cu has been partly replaced
by Al. Copper wires and cables used for telecommunications are being nowadays dis-
placed by microwave technology and fiber optics.

Copper is also widely used in agriculture (fertilizers, pesticides etc.). Due to its
bacteriostatic properties, it is also used as a feed additive in livestock and poultry
nutrition.

II-11.1.3
Soils

The general values for the average total Cu contents in soils of different types all over
the world are reported to range between 20 and 30 mg kg–1 (Alloway 1995). However,
values below 10 mg kg–1 are very often cited and thus, the global range for mean Cu
concentration is cited to be from 8 mg kg–1 in acid sandy soils to 80 mg kg–1 in heavy
loamy soils (Kabata-Pendias and Pendias 2001). Other sources (Aaseth and Norseth
1986; ATSDR 1990) gave the global range for Cu in soils as 2–250 mg kg–1. Generally,
Cu is accumulated in the upper few centimeters of soils, but it has a tendency to be
adsorbed by organic compounds, carbonates, clay minerals, and oxyhydroxides of Mn
and Fe also in deeper soil layers (Janssen et al. 1997).

Contents of Cu are closely associated with soil texture and usually are the lowest in
light sandy soils and the highest in loamy soils (Table II-11.2). In addition to soil tex-
ture, several other soil parameters in particular soil pH and SOM control its distribu-
tion and behavior. Average contents and ranges of Cu in arable top-soils of different
EU countries are fairly similar (in mg kg–1):

II-11.1  ·  Copper (Cu)
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� Finland: 13 – 29 means for mineral and organogenic soils, re-
spectively (Mäntylahti and Laakso 2002)

� Germany: 1 – 130, mean 14.4 (Alloway 1995)
� Italy, mean: 51 (Arduini et al. 1995)
� Poland: 1 – 100, mean 14.6 (Kabata-Pendias and Pendias 1999)
� Sweden: 2 – 45, mean 17 (Eriksson 2001a)
� UK: 1.2 –1 508, mean 23 (Alloway 1995)

Copper occurs in most soils as the Cu(H2O)6
2+ ion adsorbed on clay minerals or co-

precipitated on other mineral and organic soil components. Depending upon soil pH,
Cu may occur in various forms: Cu2+, Cu+, Cu(Cl2)–, CuSO4

0, Cu(OH)2
0, CuCO3

0, CuCl0,
and (McBride 1981; Alloway 1995). The behavior of Cu in soils depends highly on its
compounds and species (Fig. II-11.1). Concentrations of Cu in soil solution range from
0.5 to 135 µg l–1, depending on techniques used for the solution extraction and on soil
types. In soil solution it may occur as cations: Cu2+, CuOH+, Cu2(OH)2

2+, and as anions:
Cu(OH)3

–, Cu(OH)4
2–, and Cu(CO3)2

2– (Kabata-Pendias and Sadurski 2004). Ponizovsky
et al. (2006) calculated that most of the added Cu is sorbed in soil, and only about 1%
of the total amount remained in soil solution. These authors adapted a model for a
prediction of dissolved Cu concentration in soils at low moisture content.

The behavior, phytobioavailability and toxicity of Cu are influenced by its species, and
are not a function of its total concentration (Allen 1993). Several soil variables control the
Cu solubility and thus bioavailability; these include: pH, oxidation and reduction poten-
tial, organic matter, soil texture, mineral composition, temperature, and water regime. The
mobility of Cu is especially reduced in the presence of large mineral colloids with Fe-Al-
oxyhydroxide coatings by oxyhydroxide particles of Al, Mn, Fe, and by organic matter
(Kabata-Pendias and Sadurski 2004). Dissolved organic matter (DOM) has a great affinity
to fix Cu and thus to inhibit its sorption in soils. These phenomena are attributed to the for-
mation of soluble Cu-organic complexes (Zhou and Wong 2003). In mineral soils, natural
attenuation of Cu occurs as an effect of Cu substituting for Ca in calcites present in calcar-
eous soils and precipitation of Cu(OH)2 and/or Cu2(OH)2CO3 in other soils (Ma et al. 2006).

Fig. II-11.1.
Schematic diagram of solubil-
ity of Cu compounds and spe-
cies as a function of soil pH.
(adopted from Lindsay and
McBride vide Kabata-Pendias
and Pendias 2001)

Cu
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The Cu deficiency in crop plants due to low contents of Cu in soils has been re-
ported for many countries since the 19th century (Gartrell 1981; Alloway 1995). How-
ever, Cu deficiency in world agriculture is also closely associated with soil conditions
and management practices. Copper deficiency most commonly occurs in soils which
are: (i) coarse structured and high pH, (ii) formed from on calcareous parent material,
and (iii) rich in organic matter. Thus, the deficiency can be a consequence of the low
content of total soil Cu, or the condition of the soil reducing the mobility and thus
availability of Cu. Among different exctractants used for the diagnosis of Cu deficiency,
the solution of AAAcEDTA has been recently used most commonly, however EDTA
and DTPA also have been used for long time. The interpretation of these values has
been broadly discussed by Alloway (1995). However, it may be generally stated that
total Cu contents below 10 mg kg–1 in different soils may indicate deficiency.

Soil contamination by Cu compounds has been the subject of detailed studies for sev-
eral decades and a large database has been already collected and presented in a number
of monographs and papers. Several significant sources such as fertilizers, sewage sludge,
manures, agrochemicals, industrial by-product wastes and the quality of irrigation waters
have contributed to increased Cu levels to agricultural soils. Highly increased levels of Cu
are observed in soils surrounding Cu mines and smelters (Table II-11.3). As Cu is only
slightly mobile under most soil conditions,  its elevated contents may persist for a long
time (Hutchinson 1979).

Input of Cu to soils of livestock farms in the EU member countries vary greatly
(in g ha–1 yr–1): from 29 in Czech Republic to 2 771 in Italy. Minus load charges were
calculated only for Switzerland (–17) and for Norway (–138). Copper balance in crop
farms is much lower and in several countries show some loss of Cu from top-soils, up
to 54 g ha–1 yr–1 in Norway. However, the balance of Cu for vineyard soils and sludged
soils of Italy have been estimated at 13 923 and 3 905 (g ha–1 yr–1) respectively (Eckel
et al. 2005). The maximum allowable loading of Cu with wastes to arable soils of the
EU countries is estimated at 12 kg ha–1 yr–1. Ranges of MAC values commonly cited in
literature range from 20 to 100 mg kg–1 (Kabata-Pendias and Sadurski 2004). Precau-

Table II-11.3. Copper in contaminated soils (mg kg–1)

II-11.1  ·  Copper (Cu)
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tionary values for Cu in Germany are established for soils of various texture as follow
(in mg Cu kg–1): clay, 100; loam, 60; and sand, 30 (Eckel et al. 2005).

Among various methods used to remediate Cu-contaminated soils, a relatively com-
mon technique is immobilization by organic matter. For example, Kikkkilä (2002) stud-
ied the remediation techniques for polluted soils, 0.5 km away from a Cu-Ni smelter in
Finland, by mulching with organic matter (mixture of compost and woodchips). The
organic mixture converted the Cu into less exchangeable and thus less bioavailable
forms. This technique has resulted in a low Cu in soil solution and in the subsequent
reduction of the toxic effects on microbiota.

II-11.1.4
Waters

Nozaki (2005) gave the mean Cu concentration in the North Pacific Ocean as 0.15 µg kg–1

(Table II-8.2). The median for world ocean waters is estimated at 0.25 µg kg–1 (Reimann
and Caritat 1998).

The variation in Cu concentrations in seawater is greatly dependent on the water
pH. For example, Cu(OH)2 concentration increases by 90% with a pH change from 7
to 8.6 (USEPA 1980). The prevailing Cu species in seawater over the entire ambient
range are Cu(OH)2, CuCO3 and Cu2+ (USEPA 1980). In surface waters, Cu is likely to
occur as Cu2+, Cu(OH)+, CuCO3, and CuSO4 (Witczak and Adamczyk 1995).

Waters in sea basins receive Cu from various sources. Matschullat (1997) calculated
the Cu input to the Baltic Sea as follows (t yr–1):

� Transport with river water: 1 300
� Atmospheric deposition: 1 200
� Total input: 2 500 of which 82% has been established to be from

anthropogenic sources

World average of Cu in river waters is estimated at 1.48 µg l–1 and its riverine flux
at 55 kt yr–1 (Gaillardet et al. 2003). However, its concentration in surface and ground
waters differ significantly (Table II-11.4).

The speciation and chemical forms of Cu in waters are important in controlling
biogeochemical processes and its bioavailability (Hodson et al. 1979). In freshwater,
the solubility of Cu salts is decreased under reducing conditions, which is governed by
factors such as water pH, temperature, hardness, density of suspended materials and
many others parameters (Luoma 1983; Eisler 1998). In sea water, the major chemical
species of Cu are Cu(OH)Cl and Cu(OH)2. Brügmann, (vide Szefer 2002b) reported
that Cu in seawater occurs in both organic and inorganic fractions in equal amounts,
while in pore water samples, Cu is present mainly in inorganic forms.

The concentration of Cu in water is in a dynamic equilibrium with its content in
surface bottom sediments. Generally, Cu in bottom sediments is associated with min-
eral matter or is tightly bound to organic material (Kennish 1998). Helios-Rybicka (1993)
investigated phase-specific bonding of metals in sediments of the Vistula River and
found that in most cases the moderately reducible fraction of Cu predominated (up to
50%) over other fractions and that a relatively very small proportion of Cu occurred
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in the organic fraction. The distribution of Cu fractions was not related to Cu contents
in sediments that varied from 48 to 2 800 mg kg–1. The available data suggests that Cu
is generally in the bound forms in natural waters and sediments.

The threshold values for Cu in drinking water vary in different countries from
0.04 µg l–1 to 3.0 µg l–1. However, in most European countries it is established as 0.05 µg l–1

(WHO 1998). The limit value of 1.3 µg l–1 proposed by the US EPA (2002) may be exceeded
in some waters. Higher values of Cu in drinking water may be due to variation of pH and
hardness; Cu may also be taken up from the plumbing pipes through which it is distributed.

Bottom sediments. In many areas, sediments of lakes and/or rivers may be sinks for
Cu, with little release to the water body. Usually increased concentrations of Cu are
observed near smelter and mining areas, and near sewage outlets. Increased Cu con-
tents in surface layers of bottom sediments are reported as follows (in mg kg–1):

� India, rivers near the megacity Chenai (formerly Madras): 760 – 939
(Govindarajan and Rao 1992)

� Poland, highly industrialized region: 17 – 278
(Aleksander-Kwaterczak and Helios-Rybicka 2004)

� Russia, lake near Cu-Ni smelter: 905
(Lukin et al. 2003)

� Sweden, lake near smelter area, up to 2 000
(Bradley and Morris 1986)

� UK, southwest industrialized region: 590
(Bryan and Langston 1992)

Table II-11.4. Copper in waters in selected areas of North America

II-11.1  ·  Copper (Cu)
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Copper contents in sediments of lakes and rivers of uncontaminated regions are
reported to range (in mg kg–1) between:

� 36 and 74 in Lake Asososca, Nicaragua (Cruz et al. 1994)
� 18 and 39 in Lake Ro«nowskie, Poland (Skwarzec 2005)
� 7 and 70 in streams of Wales (Thornton et al. 1979)
� 57 and 107, during wet and dry season, respectively, karstic river Nahr Ibrahim,

Lebanon (Korfali and Davies 2005)
� 31 mean, Lower Ganges, India (Datta and Subramanian 1998)

Aquatic Biota. Copper is essential for the growth and development of aquatic species
and its accumulation rate and retention are based on both biological and abiotic vari-
ables.

Copper concentrations in the tissues of aquatic biota (Table II-11.5) depend on a
number of factors such as: temperature, pH, salinity and depth, chemical species of
Cu, organic and inorganic compounds, and chelators (Eisler 1998). Biological variables
affecting Cu build up in marine organisms include age, the size and development stage
of a particular organism, and physiological adaptation for Cu substrates (Eisler 1979).

Table II-11.5. Copper content in selected aquatic biota (mg kg–1 FW)
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In Cu contaminated river waters, detritovores contained Cu as high as 102 mg kg–1,
whereas predators and omnivores contained between 54 and 43 mg kg–1, respectively
(Cain et al.  1992).

In general, trace elements in aquatic fauna are higher in the coastal waters than in
the middle of the Baltic Sea (Miettinen et al. 1985; Voigt 1997, 2000; HELCOM 2001;
Szefer 2002a).

The European Council guideline for Cu in waters inhabited by salmon and trout is
0.04 mg l–1 (Ruf 1981). Apparently the Cu species, Cu+2, CuOH+ and Cu2(OH2)2+ are
more toxic to aquatic biota than the species, CuHCO3

+ and CuCO3 (Meador 1991).

II-11.1.5
Air

Copper content in the air varies greatly, from 0.03–0.06 ng m–3 around the South Pole
and up to 4 900 ng m–3 in industrialized regions of Germany (Kabata-Pendias and
Pendias 2001). Livett (1992) proposed a concentration of 4 ng m–3 as the Cu background
value in the atmosphere and Reimann and Caritat (1998) calculated the median Cu in
world-remote regions at 2.6 ng m–3.

Global emission of Cu in 1983 was calculated to range from 20 to 51 kt but by 1995
had decreased to 35 kt (Nriagu and Pacyna 1988; Pacyna and Pacyna 2001). Due to the
strict pollution control regulation, and use of the best available technology (BAT),
emissions of Cu have recently been significantly reduced. This is confirmed by the

Table II-11.6.
Copper deposition rate on
agricultural soils in some Eu-
ropean countries (adopted
from Nicholson et al. 2003)

II-11.1  ·  Copper (Cu)
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observations of Berg and Steinnes (1997) who reported Cu content in moss sampled in
Norway during the period 1990–1995 to average only 7 mg kg–1 whereas mosses sampled
earlier contained this metal at levels above 20 mg kg–1; even in Greenland, it was mea-
sured at 11.2 mg kg–1 (Rühling et al. 1987).

The Cu deposition rate in European countries has varied from 5 to 100 g ha–1 yr–1

(mean 34), being the lowest in Finland and the highest in Austria (Table II-11.6).
Sources of anthropogenic Cu in the atmosphere include smelting of ferrous and

non-ferrous ores, heat and electricity production by combustion of fossil fuels, found-
ries, kiln operation for the production of cement, application of fertilizers and munici-
pal sludge to the land and industrial manufacturing (Ruskin et al. 1994; Cunningham
et al. 1997; Pacyna et al. 2001). Natural sources of Cu are: weathering of rocks, volca-
noes, thermal springs and blown dust from terrestrial components.

Copper is likely to form oxides that are often associated with dust particles and are
relatively easily dissolved in rainwater. Oxides of Cu react easily with SOx and there-
fore in air around Cu smelters (e.g., in Arizona, USA) it is strongly correlated with
sulfur (Schroeder et al. 1987).

II-11.1.6
Plants

Copper contents in plants vary greatly and are controlled by several factors of which
the pool of mobile Cu in soils and plant properties play significant roles. Crop plants
from various countries contain fairly similar amounts of Cu, e.g., mean contents in
wheat grains vary from 3.8 to 6.7 (mg kg–1) and leafy vegetables 3–8 mg kg–1 contain
Cu at the range of 3–8 mg kg–1. Average Cu contents in various food plants show
a relatively small variation between countries (Table II-11.7). Higher contents of
Cu are in grasses, in the range of 2–10 mg kg–1 and in clovers, from 7 to 15 mg kg–1

(Table II-11.8).
A number of projects have been carried out recently on Cu levels in edible plants,

since about 30% of daily Cu intake by adults is from food plants. The reference, after
Ensminger et al. (1995) for food composition in the USA, gives the following values for
Cu in some categories of plant food (in mg kg–1 FW):

� vegetables, range 0.1 – 3.2 lowest in celery roots, highest in garlic cloves
� fruits, range 0.3 – 4 lowest in grapes, highest in avocados
� cereals, range 0.3 – 13 lowest in oats, highest in rye
� nuts, range 0.2 – 23.8 lowest in coconut, highest in Brazil nuts

Copper, the essential metal in plants, is a constituent of several “key” enzymes, and
plays important functions in physiological processes, such as:

� photosynthesis and respiration
� carbohydrate and nitrate metabolisms
� water permeability
� reproduction
� disease resistance
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Table II-11.7.
Copper in food plants grown
in various countriesa (mg kg–1)

Table II-11.8.
Copper in grasses and clover at
the immature grown stage from
different countries (mg kg–1)
(values from various sources
as compiled by Kabata-Pendias
and Pendias 1999, 2001)

The deficiency of Cu strongly affects physiological processes and therefore plant pro-
duction. Cu-deficiency in crops is widespread and often it is in a hidden form. As Alloway
(1995) has stated this form of Cu-deficiency in crop plants is the most ubiquitous and
economically important, and is a more serious problem in Europe than in many other

II-11.1  ·  Copper (Cu)
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parts of the world. This is associated mainly with soil types, climatic conditions and
crops grown. Common crop plants that are highly sensitive to Cu deficiency are: wheat,
oats, sunflower, alfalfa, carrots, lettuce, spinach, onion, and citrus trees.

Copper is slightly mobile in plants as it is strongly bound by nitrogen and proteins.
With Cu deficiency, a plant may grow normal vegetation for a short time, but there will
be a failure in the redistribution of Cu from old leaves and roots causing chlorosis and
tip necrosis in new leaves, known as Cu deficiency symptoms.

Plants growing on Cu-polluted sites tend to accumulate increased amounts of this
metal, especially near industrial areas, and in soils treated with Cu-bearing herbicides
(Read and Martin 1993; Fishelson et al. 1994; Reimann et al. 1999). Thus, coffee trees
from African plantations using Cu herbicides contain the following amounts of Cu
(in mg kg–1): bark, >1 000; leaves 400; and roots 150 (Lepp 1994). Forest trees, e.g., pine
trees, grown near a Cu-smelter in Finland contain also very high amounts of Cu
(in mg kg–1): bark, 1 500; phloem, 66; wood, 11; and needles, 500 (Heliövaara and
Väisänen 1990, 1991).

In the root or rhizosphere, Cu is in complex form, but its uptake and translocation
is a function of the activity of Cu+2. When the total soil concentration of Cu is between
25–40 mg kg–1 at below 5.5 pH, then a soil solution level of Cu2+ can be toxic to many
higher plants (Baker et al. 1994). Hence, soil pH plays an important role in the avail-
ability and toxicity to many terrestrial plants.

Some plants of the mint Family (e.g., Aeolanthus biformifolius and Becium homblei)
are good indicators of Cu deposits and, when grown on mineralized land contain Cu at
level of 13 700 and 1 000 mg kg–1, respectively (Hutchinson 1979; Jenkins 1980). Cu-tolerant
plant communities and the role of Cu-hyperaccumulators in geochemical prospecting have
been described widely by several authors (Kovalevsky 1991; Brooks 1998; Vernadsky 1998).

Despite general Cu tolerance in plants, this element is considered to be quite toxic.
The effects of Cu excess such as decrease of photosynthesis and yield are well known.
Sensitive plants are already affected at Cu contents of 15 to 20 mg kg–1 in the growth
media (Kloke et al. 1984). The most common characteristic symptoms of the Cu2+

and Cu+ toxicity are: (i) root malformation, (ii) damage to membrane permeability,
(iii) inhibition of photosynthetic electron transport, (iv) damage to DNA, and
(v) immobilization of Cu in membranes and protein complexes.

II-11.1.7
Humans and Animals

Humans. According to Jørgensen (2000) the average contents of Cu in mammalian
tissues range from 1.7 to 196 mg kg–1, with the lowest value in skin and the highest in
liver. The range of Cu concentrations in human tissues is given by Li (2000) to be between
0.7 and 7.8 mg kg–1, with the lowest value for muscles and the highest for liver; mean
Cu level in tissues of the “reference man” is estimated at 1 mg kg–1. Copper concentra-
tion of blood varies in the range of 0.8–1.6 mg l–1 and usually is higher in women than
in men (Yunice and Hsu vide Kabata-Pendias and Pendias 1999).

Copper is an essential element that is a component of several proteins and
metalloenzymes. It is prerequisite in oxidation-reduction reactions and hemoglobin
synthesis. The liver is a real storage site for Cu that can be mobilized in case of a nega-
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tive Cu balance (Momãiloviõ 2004). Metallothionein is the main intracellular Cu-pro-
tein involved in Cu transport within the body. Copper is associated mainly with three
distinctive phases, ceruloplasmin, albumins, and amino acids (Kleczkowski et al. 2004).

Copper deficiency in humans may affect several diseases such as: slow growth,
anemia, and fertility, hair and weight loss, disorders of central nervous system, cardio-
vascular problems, osteoporosis and several other metabolic dysfunctions (ATSDR 1990;
Percival 1995). Menke’s syndrome, a result of the Cu deficiency, causes brain diseases,
and low concentration of Cu in liver and other tissues (Aaseth and Norseth 1986).
Chronic electroconvulsive shock induces an increase, by 36%, in the Cu levels in the
hippocampus and by 16%, in the cerebellum (Schlegel and Nowak (2000). Schlegel-
Zawadzka et al. (1999) reported elevated Cu levels in the serum of depressed patients
(1.2 mg l–1) as compared with its level in the control persons (0.95 mg l–1).

An excess of Cu has an adverse affect on several physiological processes such as:

� impairment of membrane properties,
� impairment of DNA and enzyme functions, especially those containing sulfhydryl

groups,
� cellular injury due to the generation of hydroxyl radicals OH– and OH+ from hydro-

gen peroxide H2O2 which can lead to oxidative stress

An excess of Cu may result in Wilson’s disease, mostly ending in death (USEPA 1980;
Aaseth and Norseth 1986). The increased level of Cu in tissues of humans with Wilson’s
disease as compared with healthy adults is, after the data of ATSDR (1990), as follows
(in mg kg–1 for healthy versus ill individuals):

� Bone: 2.9 vs. 31.0
� Brain: 5.4 vs. 54.9
� Cornea: 3.8 vs. 35.1
� Kindeys: 2.8 vs. 36.2
� Liver: 7.8 vs. 99.2

The main source of Cu for humans and animals are all kinds of food and water.
However, the inhalation of atmospheric fine particles (<10 µm) which are carriers of
Cu, can also be a significant source of Cu, in Cu-rich regions. Copper in human diets
does not generally exceed the human requirement. Several European studies indicated
that intake of Cu is rather low among the populations of many European countries.
Daily intake of Cu by adults varies for European countries from 0.9 to 1.8 mg, being the
lowest for Poland and the highest for Austria (J¡drzejczak and R¡czajska 1996).

In the USA, adults’ Cu intake from food is 0.93–1.3 mg d–1 (i.e., 0.013–0.019 mg kg–1 d–1

considering 70 kg body weight) (ATSDR 2002a), whereas a dietary allowance (RDA) of
0.9 mg d–1 (0.013 mg kg–1 d–1) has recently been proposed. Daily intake of Cu by two
groups in Ankara (Turkey) was 1.78 mg d–1 and 1.87 mg d–1. This value is lower than
the estimated safe and adequate daily dietary intake (ESADDI) value of 2.6–5.0 mg d–1

(Aras and Kumpulainen 1996). The general estimation by Jørgensen (2000) gives 2–5 mg Cu
per day for a man (70 kg weight). However, dietary habits including different agricul-
tural and food processing practices can greatly influence these values. Brüggemann

II-11.1  ·  Copper (Cu)
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et al. (1996) estimated that most adults in Europe intake on average 33% of the daily
Cu dose from cereals and potatoes.

Copper is absorbed mainly through the gastrointestinal tract (WHO 1998). The
requirement of adults for Cu is established as 1.5–4 mg d–1 and is practically covered
by the normal diet of the population in most countries. The FAO/WHO (1998) have
adopted the provisional dietary requirement of Cu to be 0.05 mg kg–1 BW, and toxi-
cological intake as 0.5 mg kg–1 BW. There are a few adopted levels by the FAO/WHO
(2003) for Cu in food that is 5 mg kg–1 FW for fruit juices, and 0.1–0.4 mg kg–1 FW
for fats and oils. The maximum limits for Cu established by the Ordinance of
the Ministry of Health and Human Welfare of Poland are 6.0 mg kg–1 in wheat
grain, rye grain and flour, and 5.0 mg kg–1 in powdered milk (Wojciechowska-Mazurek
et al.  1996).

Animals. Copper levels in different tissues from selected wild and domestic animals
indicate fairly similar distributions, being always the highest in the liver and/or in
kidneys and the lowest in muscles (Table II-11.9). Liver of both, ducks and various
mammals, contain the highest amounts of Cu, up to 200 mg kg–1 FW whereas other tis-
sues contain Cu at the level <10 mg kg–1 FW (Falandysz et al. 1994a).

Important agronomic problems in certain regions are related to secondary Cu defi-
ciency in cattle and other ruminants due to the presence of Mo and S in diets which are
responsible for the decreased availability of Cu caused by the formation of the unavail-
able Cu-thiomolybdate complex (Aaseth and Norseth 1986). Cattle may die if diets
contain low Cu and high Mo concentrations, 2–20 mg kg–1, (Eisler 1989). It is believed
that ruminants are more susceptible to Cu deficiency than nonruminant animals be-
cause of a difference in a sensitivity rate of Cu absorption from fodder. On the other
hand, non-ruminant animals are extremely resistant to Cu toxicity (Momãiloviõ 2004).

The deficiency of Cu in mammals is relatively often observed and has been reported
for several animals, i.e., domestic swine, camels, sheep, and mink. Swine need a higher
Cu-containing diet than mink. Swine have a low hemoglobin and growth rate, when
the animals’ diets contain 15–36 Cu mg kg–1 BW, for only seven days (ATSDR 1990).
Chickens may suffer from anemia, poor growth, cardiovascular disease and high mor-
tality due to Cu deficiency, at <2.7 mg kg–1 in fodder (Carlton and Henderson 1964).
However, Cu is ubiquitous in common food and fodder hence its deficiency is not
normally the result of continually consuming a Cu-poor diet (Percival 1995).

Many animals reveal a relatively high tolerance to increased levels of Cu in fodder.
Apparently some enzymatic systems are involved in the reduction of metal toxicity, but
these processes are still unclear (Augustyniak and Migula 2000). The most tolerant are
chicken and swine. In Cu contaminated regions domestic animals may have elevated
contents of this metal, as for example near a copper foundry in Poland, cattle livers
contained more Cu (35–140 mg kg–1 FW) than livers of cattle grazed on agricultural
lands (7–32 mg kg–1 FW) (Falandysz et al. 1994c). Gummow et al. (1991) suggested that
high concentrations of Cu, up to 141 and 444 mg kg–1 FW in kidneys and liver, respec-
tively, were responsible for the death of some wild ruminants.

The concentrations of Cu in birds of colonies in the Barents Sea vary between spe-
cies (Savinov et al. 2003). The hepatic Cu concentration in muscle tissues of common
eider was twice as high (227 mg kg–1) as that of the king eider (84.9 mg kg–1). The
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authors confirmed that different levels of Cu in the liver of sea birds are results of
differential intake of Cu containing food. Copper concentration in liver may also be
increased due to the starvation of birds (Parker and Holm 1990).

II-11.2
Silver (Ag)

II-11.2.1
Introduction

The geochemical characteristics of Ag are similar to those of Cu, but its concentra-
tion in the Earth’s crust is about 1 000 times lower than Cu and ranges around
0.08 mg kg–1 (Table II-11.2). In some sandstones and calcareous rocks its abundance
can be enriched up to about 0.2 mg kg–1. After weathering it is relatively easily pre-
cipitated in alkaline reduction-potential media and media rich in S compounds, due
to its chalcophilic properties.

The most common Ag minerals are: argentite, Ag2S; cerargyrite, AgCl; arsenide,
Ag3As; pyrargyrite, Ag3SbS3; proustite, Ag3AsS3; and polybasite (Ag,Cu)16Sb2S11. Silver
is easily combined with minerals of other trace elements, such as Se, Te, As, Sb and Bi
(Etris 1997). Minute concentrations of Ag impurities occur often in sulfide minerals,
e.g.: sphalerite, ZnS; pyrite, FeS2, chalcopyrite CuFeS2, and galena PbS.

In 1978, the disposal of Ag to ecosystems (air, water and land) of the USA had been
estimated at the range of 2.39–2.54 kt (Smith and Carson 1977a). In northern Europe,
the annual loss of Ag to the environment has been calculated as follows: to land (FI),
23.3 t, and to water (FI, DK, N, SE), 3.2 t (Mukherjee 1994,1997).

II-11.2.2
Production and Use

The global annual production of Ag in 2000 was estimated at 320 kt (USGS 2004). There
are about 20 top Ag-producing countries in the world. The highest amount of Ag
(2 852 t) was produced in 2002 in Mexico and the lowest (115 t) in South Africa (The
Silver Institute 2003). The specific metallurgical processes applied to Ag-bearing min-

Table II-11.9.
Copper in tissues of livestock
and poultrya (mg kg–1)

II-11.2  ·  Silver (Ag)
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eral concentrates depend on whether the primary metal is Cu, Zn, Pb or Au. However,
most often it is recovered as byproducts at Cu and Zn ores exploration.

Silver was discovered about 4000 BC, when it was used as jewelry and a medium of
exchange. Presently, the major part of Ag production is used in the manufacturing and
photographic industries. It can be recycled from spent photographic processing solu-
tions and photographic and X-ray films. In the former case, electrolytic method for the
recovery of Ag is generally adopted (Kodak Publication 1983). Its demand is also in
different other sectors, including: batteries, coins, jewelry, silverware, brazing and sol-
dering, catalysts, electronics and electroplating,

Accordingly to data of The Silver Institute (1994), Ag consumption in 2002 was in
various manufacturing as follows:

� industrial application:  39.67% (10.63 kt)
� photographic sector:  23.75% (6.37 kt)
� jewelry and silverware markets:  30% (8.04 kt)
� other uses (medical applications, mirrors, coatings):  6.58% (1.76 kt)

II-11.2.3
Soils

The common range of mean contents of Ag in soils is between 0.06 and 0.4 mg kg–1

and is likely to be increased in some organic soils (Table II-11.2). Smith and Carson
(1977a) have estimated soil Ag concentration to be between 0.03 and 0.09 mg kg–1,
whereas the background concentration of Ag was reported by (US EPA 1981a) to range
from 0.1 to 0.2 mg kg–1.

In soils, Ag is present primarily as sulfides associated with Fe, Pb. Also MnO2 has a
strong affinity for Ag, and appears to be the most significant sorbant of this metal. Silver
may occur also as complex ions associated with chlorides and sulfates which are mostly
insoluble or sparingly soluble (Etris 1997; Cappel 1997). Humic substances, known to
absorb and complex Ag, control its mobility in soils (Sikora and Stevenson 1988).

Common species of Ag in soils are simple cations, Ag+, Ag2+, and AgO+; and com-
plex anions that predominate in soil solution: AgCl2

–, AgCl3
2–, Ag(SO4)2

3– (Kabata-Pendias
and Sadurski 2004).

Soils from mineralized areas are usually enriched in Ag and may contain up to 2.5 and
3.2 mg kg–1 in the USA and Canada, respectively (Shacklette and Boerngen 1984). Near
Ag-Pb mining areas in the UK, soils contain this metal at the range of <0.1–18 mg kg–1

(Jones et al. 1985). Lockhart (1983) described that Ag may be extracted from soil con-
taining about 1 000 mg Ag kg–1 (e.g., in Mexico and western USA).

Rasmussen et al. (2001) reported for garden soil and street dust in Canada contents
of Ag at 0.4 and 0.2 mg kg–1, respectively. According to these authors, Ag concentration
in household vacuum dust is 4.5 mg kg–1. Elevated Ag contents, in the range between
15 and 120 mg kg–1, in soils near industrial areas and landfills also have been reported.

Ewell et al. (1993) studied survival and growth of earthworms (Lumbricus terrestris)
in soil with the addition of Ag2S. Results indicate the growth reduction (62 mg Ag kg–1,
NOEC) due to contact with Ag2S, but there was no bioaccumulation of Ag. In general,
Ag and its compounds are toxic to meso and microbiota.

Ag



273

II-11.2.4
Waters

Data for mean Ag concentrations in ocean waters vary; after Andren and Bober (2002),
the range is <0.024 to 0.56 ng l–1, and after Reimann and Caritat (1998) the range is
2–40 ng l–1. In the North Pacific Ocean waters it averages 2 ng kg–1 (Nozaki 2005). In
surface waters AgS concentrations are higher and vary (in ng l–1) from <0.01 to 140 in
rivers and from 0.2 to 0.5 in Great Lakes water (Andren and Bober 2002). Drinking
water in Finland contains Ag at the level of 30 ng l–1 (Mukherjee 1997).

According to Andren et al. (1995), data for Ag in waters prior to “clean technology”
(e.g., before 1980) are no longer valid. Shafer (1995) confirmed the above statement, in-
dicating that levels of Ag in Lake Michigan dropped during the last three decades. Mean
Ag concentrations in surface waters have changed in recent years, as follows (in ng l–1):

� 1972: 300 (Copeland and Ayers 1972)
� 1984: 57 (Rossman 1984)
� 1995: 0.2 –0.5 (Shafer 1995)

Silver in waters occurs in several ionic species, mainly associated with Cl and S. Com-
mon species that control Ag solubility are: Ag+, AgCl2

–, AgCl3
–, Ag(MS)2

–, and Ag2S3M2
2–. Also

some inorganic and organic complexes are known to control Ag concentrations and be-
havior in waters. The model for Ag transfer in fresh water is depicted in Fig. II-11.2.

Total Ag discharged from photographic processing facilities, prior to sewage treat-
ment plant, was mainly in the form of Ag thiosulfate that is not toxic in concentrations
of mg l–1. After the treatment, the effluent discharged to the open waters contained Ag
at the levels below µg l–1 (Wood et al. 1999). Due to marketing of digital cameras, Ag
release to the aquatic environments will be significantly lower. Silver is transported in the

Fig. II-11.2. Conceptual model for silver transfer in the aquatic systems (reproduced with permission
from the SETAC)

II-11.2  ·  Silver (Ag)
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colloidal phase or in fixed forms with organic and mineral substances and is readily scav-
enged by suspended sediments (Sañudo-Wilhelmy and Flegal 1992; Smith and Flegal 1993).

Silver concentrations in surface waters vary greatly, depending on distances from
the industry or discharged sources. Its level in waters near a point source discharge is
between 0.8 and 100 ng l–1, whereas far from a point source discharge it is 0.58 ng l–1

(Andren and Bober 2002).
Bottom sediments are principal sinks for Ag that may cause large environmental

risk (Luoma et al. 1995; Purcell and Peters 1998). Concentrations of Ag in sediments
vary significantly upon site and pollution source (Table II-11.10). Depending on sev-
eral properties of the sediment, e.g., salinity, pH, hydroxides of Fe and Mn, and organic
matter, Ag may become slightly mobile and remains for over 100 years (Wingert-Runge
and Andren 1994). The speciation of Ag and geochemistry of bed-rocks also signifi-
cantly control its behavior (Call et al. 1999).

Aquatic biota. At the beginning of the 1990s, research on the toxic effects of Ag in the
aquatic environment had been initiated by the Silver Council and the Silver Council of
the USA (Gorsuch and Klaine 1998). The bioaccumulation of Ag in marine food chains
and its transfer to human foods are subjects of a great interest (Fisher and Rainfelder
1995; Fisher and Wang 1998).

Table II-11.10. Silver in bottom sediments in different countries (mg kg–1) (after Andren and Bober
2002, unless otherwise indicated)Ag



275

Silver is a highly reactive element in the aquatic environment, however, only the free
ionic form, Ag+, is highly toxic at low concentrations. This cation can exist in waters for
quite a short time due to reactions with inorganic and organic ligands (Lytle 1984; Purcell
and Peters 1998). In seawater, Ag toxicity to fish is caused by the Ag+ cation that attacks fish
gills or other parts of fish, causing osmoregulatory failure; hence fishes appear to die from
elevated plasma Na+ and Cl– concentrations and dehydration (Hogstrand and Wood 1998).

The toxicity of Ag species in seawater is still poorly understood. It is 10–100 times
less toxic in marine water than in fresh water (Cappel R. pers. comm.; Wood and
Hogstrand 1998; Wood et al. 1999). According to Andren and Bober (2002), the toxic
concentration of Ag to fresh water organisms is between 0.85 and 1 542 µg l–1 whereas
to marine organisms it varies between 13.3 and 2 700 µg l–1.

Silver accumulations by algae play a crucial role in its cycling in the aquatic envi-
ronments and especially in its transfer to food chain. The bioaccumulation of Ag in
marine food chains and its transfer to human foods are subjects of a great interest
(Fisher and Reinfelder 1995; Fisher and Wang 1998).

Silver is relatively easily accumulated by aquatic biota that play a crucial role in its cycling
in aquatic environments and especially in its transfer to the food chain (Fisher and Reinfield
1995). Silver concentrations in the zooplankton range from 10 to 20 mg kg–1 AW and in
the phytoplankton it averages 4 mg kg–1 AW (Kabata-Pendias and Pendias 1999). The
concentrations Ag in algae and periphyton grown in river water with AgNO3 addition
were 3 and 0.1–3.6 mg kg–1, respectively (Forsythe et al. 1996; Di Toro et al. 1996).
Mussels accumulate more Ag at low salinities than at higher salinities, due to decreased
Ag influx and reduced filtration activity of mussels (Langston and Burt 1994). Its con-
tent in shells of mollusks varies depending on the area. In mollusks collected from the
Baltic Sea, Ag varies in the range <0.01–4.0 mg kg–1 WW, and from the coast of the
United States, it ranges from 0.002 to 0.09 mg kg–1 WW (Szefer 2002a). Silver content
in organs of cutthroat trout (Oncorhynchus mykiss) in vicinities of urban areas was as
follows (in µM kg–1): bone, 26–44; liver, 14–23; and skin, 2–3 (Cain and Luoma 1990;
Berthet et al. 1992). Silver is the most easily available to trout (Ratie 1999).

The toxicity of Ag depends upon chemical forms and availability of free Ag+ cation
(Wood et al. 1994). Silver has been stamped as a toxic element by the US EPA (1999)
based on water hardness. The equation proposed by for the prediction of the Ag tox-
icity in aquatic systems in relation to water hardness has been widely discussed, be-
cause several other factors also have a significant impact on the Ag toxicity (Bills 1996;
Purcell and Peters 1998; Karen et al. 1998).

II-11.2.5
Air

The world median Ag concentration has been estimated at 0.044 ng m–3 (Reimann and
Caritat 1998). In the USA, the background value of Ag in the atmosphere has been calcu-
lated to be <1 ng m–3, whereas in urban areas it can be >10 ng m–3. In industrialized cities
of Europe (e.g., Heidelberg and Glasgow), mean Ag concentrations in the air were re-
ported to range from 4.2 to 2.7 ng m–3, respectively (McDonald and Duncan 1979). The
background value of Ag concentrations measured in summer, autumn and winter at Ähtäri,
Finland, were 0.014, 0.010, and 0.011 ng m–3, respectively (Jalkanen and Häsänen 1994).

II-11.2  ·  Silver (Ag)
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In the atmosphere, Ag occurs manly in forms of halides, sulfides, bromides or ox-
ides (US EPA 1973). Cawse (1987) calculated the atmospheric deposition of Ag to be
<0.7–1 g ha–1 yr–1 in rural regions of the UK. The wet Ag deposition in Sweden, during
1999, was 0.4 g ha–1 yr–1 (Eriksson 2001a).

Coal combustion may be a significant source of Ag. There is an estimation that
about 50% of Ag occurring in coal (average value of Ag in coal: 0.5 mg kg–1; range:
0.02–2.0 mg kg–1) is released to the atmosphere from thermal power plants (Clarke
and Sloss 1992; Mukherjee 1994).

II-11.2.6
Plants

Contents of Ag in plants vary greatly; the lowest is in cereals grains and the highest in
grasses and fungi (Table II-11.11). Concentrations of Ag in plants may be highly el-
evated when grown in Ag-contaminated soils (Klein 1978; Hirsch 1998).

Roots of grasses and agricultural crops accumulate more Ag than other parts
of the plant. Silver is apparently deposited in root tissues in the forms of Ag2S
and/or metallic, and therefore is excluded from metabolic processes (Kabata-
Pendias and Pendias 2001). Grasses grown on Ag-contaminated soils accumulate large
amounts of Ag in roots, up to 64 mg kg–1, whereas above ground parts of grass
contained only 1.2 mg kg–1 (Ratie 1999). Ward et al. (1979) showed that 90% of Ag in

Table II-11.11. Silver in plants and fungi from uncontaminated and contaminated sites (mg kg–1)
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rye grass and white clover was immobilized in the root system for 10 days, under
laboratory study.

The resistance of plants to increased Ag contents varies greatly. Some crop plants
were not affected when they were grown in the sludge amended soils containing
Ag2S at the concentration of 106 mg Ag kg–1 soil, whereas the yield of soybean plants
grown in the same condition was decreased (Hirsch 1998). In most cases, no signifi-
cant toxicity and growth reduction have been reported for higher plants. However, in
sensitive plants, growth and germination may be reduced at the concentration of
7.5 mg AgNO3 l–1 in nutrient solution (the most toxic Ag form to plants) (Ratie 1999).

II-11.2.7
Humans and Animals

Humans. Jørgensen (2000) reported that normal contents in human tissues vary
(in mg kg–1) between 0.06 and 0.08. The toxic level is 60, and the lethal level is 1 300.
Similar Ag concentration, 0.04 mg kg–1, in “reference man”, is given by Li (2000). Hu-
man fluids contain Ag at following mean concentrations (in µg l–1): blood, 0.37; se-
rum, 0.18; and urine, 0.46 (Reimann and Caritat 1998).

The total (with food and water) daily intake of Ag by adults ranges from 35 to
above 100 µg. Also inhalation of air, especially in urban areas, is a source of this metal
(Table II-11.12). Chronic exposure of humans to Ag and its compounds has caused
argyria (a slate-gray pigmentation of the skin and hair caused by Ag). It is rare and
it occurs when Ag compounds enter into the broken skin or mucous membranes (Smith
and Carson 1977a). However, it has been reported for workers engaged in Ag-indus-
tries: mining, smelting operation, mirror plating, soldering, drilling or silver nitrate
manufacturing. The MAK-value at the workplace has been set at 0.1 mg Ag m–3 for
metallic forms and 0.01 mg Ag m–3 for Ag salts (Doherty 2004).

However, some authors concluded that Ag exposure is not expected to cause any sig-
nificant risk to human health (Eisler1996; Campbell et al. 2002). Argyria, a cosmetic pig-
mentation of the skin does not occur as a result of environmental exposure. Hence hu-
man beings seem to be excluded from the risk of increased Ag levels in the ecosystem.

Animals. There is no report on the toxicity of Ag to grazing animals. However, rats
and mouse exposed to Ag deposits had higher Ag content in tissues and developed
some neurological disorders and argyria, e.g., a bluish gray coloration of the skin
(Walker 1971).

Table II-11.12.
Silver exposure of adults from
ingestion and inhalation (as
compiled from various source
by Andren and Bober 2002)

II-11.2  ·  Silver (Ag)

Ag



278 Chapter II-11  ·  Trace Elements of Group 11 (Previously Group Ib)

II-11.3
Gold (Au)

II-11.3.1
Introduction

The abundance of Au in the continental crust averages 3 µg kg–1 and its concentration
in sedimentary rocks is usually lower than in magmatic rocks (Table II-11.2). It was
one of the first metals to be recognized by humans and due to its chemical and physi-
cal properties, it became very important throughout human civilization.

Gold has a tendency to occur in the free state and tends to remain in this form due
to its great chemical resistance. It occurs most commonly in the form of the native
metal. Relatively common Au minerals are: calverite, AuTe2; montbrayite, Au2Te3;
petzite, Au,AgTe2; and sylvanite, AuAgTe4. It also may be a minor constituent of some
types of ores.

There are several oxidation states of Au (Table II-11.1), however the occurrence of
Au+, Au2+, Au3+, and Au5+ in the environment or in biological systems has not been
very often reported (Shaw 1991).

II-11.3.2
Production and Use

Accurate information on Au production is difficult to obtain, but it has been estimated
that the global Au production has increased from 2 180 t in 1990 to 2 590 t in 2000 (USGS
2004). In Brazil and many other countries, Au production is often under-reported
(Porvari 1995).

The oldest method of metallic Au exploration is washing out from sediments such
as sands, sandstones, gravels, and conglomerates. Gold in residual sediments tends to
collect in various bottom sediments as well as in some alluvial soils. The flotation
method of Au extraction is based on the amalgamation with Hg and therefore creates
a great environmental risk (Jernelöv and Ramel 1994). The use of Hg in the small-scale
Au mining (ASM) industry is quite common in 62 countries, including, South America,
USA, Canada, Tanzania, Indonesia, India, Vietnam, Zambia, Zimbabwe and many oth-
ers (Veiga and Meech 1995; Veiga and Baker 2004).

Recently, Au became an important by-product from non-ferrous Cu and Pb ores. In
a modern Au-recovery plant, it is extracted by the cyanide process wherein finely ground
ore is agitated in a diluted solution of sodium cyanide and calcium hydroxide (Adams
et al. 1999). These technologies create health risks because of contact with toxic chemi-
cals. The inhalation of Hg at ASM method of Au mining affects Au-dealers and also
surrounding inhabitants (Veiga and Baker 2004).

The bio-methods of dissolving Au from solution cause less risk and environmental
problems for microorganisms and other aquatic biota (Ting et al. 1995; Ting and Mittal
1999; Niu and Volesky 1999, 2000). In 1990, the bacteria Thiobacillus ferrooxidans was
used for the recovery of 30 t of Au from a complex ore in Chile, under laboratory con-
ditions (Maturana et al. 1993).

Au
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Gold is widely used in jewelry, coinage, electroplating, electronics, dental alloys, and
anti-arthritic drugs. It is also an essential metal in information processing, telecom-
munications, and the military and space industries. The biggest advantages of this metal
are its resistance to oxidation and corrosion. Pure Au is soft and therefore is alloyed
with Ag, Pd, Cu, Ni and Zn for industrial applications (Ishida 2004).

II-11.3.3
Soils

Common average content of Au in soils is between 1 and 3 µg kg–1 and usually is el-
evated in organic soils (Table II-11.2). The Au status in reference soils is in the range
from 0.6 to 20 µg kg–1 (Govindaraju 1994). The background contents of Au in soils are
proposed as 0.8–8 µg kg–1 (Roslanov vide Kabata-Pendias and Pendias 2001). Agricul-
tural soils of Sweden contain Au at level <5 µg kg–1 (Eriksson 2001a).

Its distribution in soils depends on the origin of the soil material and the weather-
ing stage and in most cases its content is inherited from parent rocks. In most soils, Au
forms several complex ions such as AuCl2

2–, AuBr4
–, AuI2

–, Au(CN)2
–, Au(CNS)4

–, Au(Se2O3)2
3–

which are relatively mobile. Gold complexes such as Au(OH)3 · H2O0, AuClOH–, and
Au(OH)2FA are known to be formed in tropical lateritic soils. These complexes are
very mobile and increase Au phytoavailability (Davies 1997).

Some alluvial soils, soils with postmining Au deposits, and soils amended with Au-
enriched sludge may contain much higher Au levels that are reported to range from 43
to 473 mg kg–1 (Williams et al. 1995; McBride et al. 1997; Rashed and Awadallah 1998).

In rain forest lateritic soils, Au complexes may be easily mobilized and thus readily
available. In the Au mining area of Sri Lanka, high concentration of Au in peat and
algal mats was increasing with depth and correlated with Fe, Mn, Co, Zr, Na, Mg and K
(Dissanayake and Kritsotakis 1984).

The global balance of the accumulation of Au in sewage streams is estimated at
360 t yr–1 (Eisler 2004). Sewage sludge may be a major source of Au when applied to
soils. Elevated contents of Au have been reported as follows (in mg kg–1):

� 0.18 – 2.35 soils at Au mining area in Australia (Lottermoser 1995)
� 0.5 – 4.5 sewage sludge, Germany (Eisler 2004)
� 0.5 – 3.0 sewage sludge, USA (Lottermoser 1995)

II-11.3.4
Waters

World median Au concentration in the oceans is estimated to be 4 ng l–1 (Reimann and
Caritat 1998). Cidu et al. (1994) reported contents of Au in seawaters and river waters to
vary from ≤0.03 to 119 ng l–1, depending on sampling sites. Nozaki (2005) cited Au at the
mean concentration of 0.02 ng kg–1 in the North Pacific Ocean. Gordeyev et al. (1997)
reported that in 1989, surface water of NE Atlantic Ocean Au at the level of 2–7 ng kg–1.

The speciation of Au in seawater may be AuCl2
–, and in smaller amounts AuClBr–.

Several bromo-, iodo-, hydroxyl complexes of Au+ also are likely to occur. In the bottom

II-11.3  ·  Gold (Au)
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water samples of the mid-Atlantic ridge, Au was found in different oxidation states: Au0,
Au+, and Au+3 (Karamushka and Gadd 1999). It is known that there are Au-rich sea-floor
deposits in the SW Pacific Ocean and the sea-floor hydrothermal system of this region
contains 28.7 mg Au kg–1 at an average of 3.1 mg Au kg–1 (Eisler 2004).

In marine sediments, Au is associated with other trace elements (e.g., As, Sb, and
Pb). However, the correlations between these elements and Au are variable (Herzig
et al. 1993). High Au concentrations in sediments around Soda Island in the Sea of
Japan resulted from auriferous mineralization and mining activities (Terashima et al.
1991). According to these authors, Au was supplied to the bottom sediments by river
and seawaters, as dissolved forms and as minerals.

Aquatic biota. Some aquatic biota (e.g., brown algae) may accumulate considerable
amounts of Au. Occasionally very high concentrations of Au in marine species have
been reported near the mining and smelting areas. Gold concentration in the soft parts
of Common mussel (Mytilus edulis) was cited to be 2–38 µg kg–1, whereas in fish, mack-
erel, (Pneumatophorous japonicus) it was 0.12 µg kg–1 (Eisler 1981).

II-11.3.5
Air

Concentrations of Au in air from remote regions vary from 0.08 to 1.5 pg m–3, whereas
at polluted sites its content can reach 300 pg m–3 (Reimann and Caritat 1998). In the
1970s, Au contents in Great Britain were reported to range from 5 to 10 pg m–3 and its
deposition was estimated between <0.07 and <0.2 g ha–1 yr–1 (Cawse 1987). Its wet
deposition in Sweden has been calculated at 0.07 g ha–1 yr–1 (Eriksson 2001a).

Atmospheric particulates contain relatively increased amounts of Au when com-
pared with mean crust abundance. Volcanoes can emit large amounts of Au in gaseous
and aerosols forms and it has been estimated that Mt. Etna, Italy emitted 880 kg yr–1

and Mt. St. Helen, USA 1 100 kg yr–1 of Au (Reimann and Caritat 1998).
Elevated contents of Au, in the range from 224 to 7 450 mg kg–1, in lichens collected

from the vicinity of an Au mine in New Zealand indicated aerial pollution (Williams
et al. 1995). Gold content in lichens collected from nearby Au mine accumulate from 0.22
to 1.45 mg Au kg–1 whereas the average background value in this area is 0.12 mg kg–1

(Limbong et al. 2003).

II-11.3.6
Plants

Plants grown in uncontaminated sites usually contain Au in the range 0.5–10 µg kg–1,
and in most cases it is concentrated more in roots than in above-ground parts. Greger
(1999) calculated the content of Au in the reference plant to be 1 µg kg–1. Accumulator
plants (e.g., Artemista persia, Prangos popularia, Stripa sp.) may contain Au at levels of
0.1–100 mg kg–1 (Table II-11.13). Cyanogenic plants and some deciduous trees can
accumulate above 10 mg Au kg–1.

In most cases, microorganisms in the plant rhizosphere are responsible for the
mobility and the phytoavailability of this metal (Eisler 2004). However, this process is
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still not fully understood. The bioaccumulation of Au is also observed in stems and
needles of Corsian pine tree (Pinus laricio) and in other plants growing in soils with
Au levels of 1–25 mg kg–1 (Pyatt 1999). Higher concentrations of Au in seeds than in
leaves and stems have been reported for planted fenugreek and lupin (both of
Leguminosae family).

The concentration Au in plants and shrubs grown in various place has been used ex-
tensively for the biogeochemical survey for Au mineralized areas, especially in Russia
(Vernadsky 1998). Some plants (e.g., Sedum aceotatum, Phaselia servicea, Artemisia sp.)
have been used successfully for biogeochemical prospecting (Girling et al. 1979). Prom-
ising results were reported also for the use of Au hyperaccumulation for phytomining
(Anderson et al. 1999).

Some microfungi (e.g., ectomycorrhizal and terrestrial saprobes) are reported to
accumulate Au between 20 and 30 µg kg–1 (Boroviãka et al. 2005). According to these
authors, Au levels in Boletus edulis (ectomycorrhizal sp.) may be up to 235 µg kg–1.
Increased Au concentrations in microfungi are controlled by several factors of which
humidity and pH are of real importance.

II-11.3.7
Humans

Jørgensen (2000) gave the Au content in mammalian tissues in the range <0.1 to about
500 µg kg–1, being the lowest in liver and the highest in kidneys and brain. In the hu-
man liver, Au concentration averages 0.72 µg kg–1 that is more than the concentration
in pig liver, 0.43 µg kg–1 (Chen et al. vide Ishida 2004).

Gold concentrations in human fluids, as compiled by Ishida (2004), have been re-
ported to range (in µg l–1): from 0.125 to 0.413 in blood and from 0.02 to 0.13 in urine.

Table II-11.13. Gold in plants growing in various sites (µg kg–1)
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Mean Au concentration in human urine is given at 0.07 µg l–1 (Reimann and Caritat
1998). It may vary, however, upon people’s occupations. Students contain Au at mean
level (in µg l–1) 0.03, construction workers 0.03, and dental technicians 0.19 (Begerow
et al.  1999).

Content of Au in human hard tissues may be of diagnostic potential. It ranges
(in µg kg–1) in fingernails of adults of Niger from 8–39 (mean 20) and in hair from 6
to 880 (mean 47) (Oluwole et al. 1994). Hairs of goldsmiths contain 1 440 µg Au kg–1

(Caroli et al. 1998). People dealing in articles of Au have higher Au contents in urine
than students or road construction workers (Begerow et al. 1999). Gold concentration
in hair of goldsmiths in Italy has been reported to be 1 400 µg kg–1, and healthy adults
of Nigeria to range between 6 and 800 µg kg–1 (Oluwole et al. 1994). It has also been
reported that the population of Uzbekistan has high Au concentration in blood com-
pared to the rest of the world. This has resulted in more frequent hypertension and
anemia among this population than among others people (Eisler 2004; Zhuk et al. 1994).

An estimate of dietary Au intake by adults is ≤7 µg d–1. However the absorption of
Au compounds from the alimentary tract and skin is very poor (Ishida 2004). Gold
poisoning is not common but it may occur, as a result of therapeutic overdose or as a
side effect of chrysotherapy, e.g., the use of chemicals containing Au for treatment,
especially rheumathoidal diseases (Ishida 2004). However, due to unique Au proper-
ties, its safe application has been documented in medicine. There are observations that
in cancerous tissues and parkinsonian brain, the Au content may be elevated (and Zecca
et al. vide Ishida 2004).

Ishida (2004) reported that some Au complexes, especially of Au3+, may be toxic to
mammals due to the rapid reduction to Au+ that is involved in the metabolism of sul-
fide proteins.

Au
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The Group 12 consists of zinc (Zn), cadmium (Cd), and mercury (Hg). These metals
have quite a low abundance in the Earth’s crust. These metals form compounds in
which their oxidation states are usually not higher than +2 and easily form metal-
metal (+M–M+) bonds (Table II-12.1). The strength of the bond increases down the
group, in the following order: Hg < Cd < Zn. The Zn2

2+ and Cd2
2+ ions are highly un-

stable, however, the +1 state of Hg is quite stable compared with the other two ele-
ments. The toxicity of Cd and Hg is well known, whereas Zn has enormous biological
importance.

II-12.1
Zinc (Zn)

II-12.1.1
Introduction

Zinc has been known as the metal since the Middle Ages, but industrial extraction and
Zn refining only began in Europe in the late 18th Century.

Zinc is quite uniformly distributed in magmatic rocks, whereas in sedimentary
rocks is likely to be concentrated in argillaceous sediments (Table II-12.2). It is very
mobile during weathering processes and its easily soluble compounds are readily
precipitated by reaction with carbonates, or it is sorbed by minerals and organic
compounds, especially at the presence of sulfur anions. Some of the most common
compounds are zinc chloride, ZnCl2; zinc oxide, ZnO; zinc sulfate, ZnSO4; and zinc

Trace Elements of Group 12
(Previously Group IIb)

Table II-12.1. Selected properties of trace elements of the Group 12

Zn
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sulfide, ZnS. This means that the metal has the potential for forming a variety of
compounds with organic and inorganic groups. Most Zn minerals contain above 50%
of pure metal (Table II-12.3).

Table II-12.2. Abundance of trace metals of Group 12 in the environmenta

Zn
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II-12.1.2
Production and Use

Global production of Zn in 2000 was 8.73 Mt and in 2003 was 9.17 Mt (WMSY 2004;
USGS 2004). Compared with the production in 1998, it has increased by 15%. The
principal ores of Zn are composed of sphalerite and wutzite, ZnS, of the same chemical
formula but with various crystallographic structures, cubic and hexagonal, respectively.
Relatively common is also smithonite, ZnCO3. Zinc ores contain different elements such
as Pb, Cu, Ag and Cd of which Cd is most closely associated with Zn.

Zinc is used in many industries, mainly as corrosion protection on steel compo-
nents and other metals. It is an important component of various alloys and is widely
used as catalyst in different chemical production (e.g., rubber, pigments, plastic, lubri-
cants, and pesticides). Due to its versatile properties, its use has been documented in
different sectors such as batteries, automotive equipment, pipes and household devices.
Different compounds of Zn have dental and medical applications.

II-12.1.3
Soils

Zinc is unevenly distributed in soils and its concentration ranges between 10 to
300 mg kg–1, with a mean of about 50 mg kg–1 (Malle 1992). Mean Zn for worldwide
soils is calculated as 64 mg kg–1 (Table II-12.2). The highest background Zn contents
are observed in calcareous soils and organic soils. Mean contents of Zn in soils re-
ported for several European countries vary between 7 and 89 mg kg–1, being the low-
est for Denmark and the highest for Italy (Angelone and Bini 1992; Kabata-Pendias
and Pendias 2001). Agricultural practices are known to increase Zn contents of sur-
face soils. Japanese agricultural soils contain Zn in the range of mean values from 59
to 99 mg kg–1, with the lowest value for sandy Acrisols and the highest for Andosols
(Takeda et al. 2004). Zinc contents in agricultural soils of Sweden ranges from 6 to
152 mg kg–1, with mean value of 65 mg kg–1 (Eriksson 2001a). In the USA, the geo-
metric mean of Zn in cultivated soils was reported to be 43 mg kg–1, in the range of
<3–264 mg kg–1 (Holmgren et al. 1993).

Although Zn is very mobile in most soils, clay fractions and SOM are capable of
holding Zn quite strongly, especially at neutral and alkaline pH regimes (Kabata-Pendias
and Pendias 2001; Peganova and Edler 2004; Shtangeeva et al. 2005b). It has been cal-

Table II-12.3.
Zinc contents in common Zn
minerals (adopted from Land-
ner and Lindeström 1998)
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culated that the clay fraction controls up to about 60% of Zn distributed in soils (Kabata-
Pendias and Krakowiak 1995). Apparently, there are two different mechanisms of Zn
sorption: one in acid media related to cation exchange sites, and the other in alkaline
media that is considered to be the chemisorption and is highly influenced by organic
ligands. Also hydroxides of Al, Fe, and Mn appear to be of importance in binding Zn
in some soils.

The behavior and phytoavailability of Zn are controlled by several soil parameters
and they vary greatly in different soils (Mukherjee and Hartikainen 2002). Silicates,
carbonates, phosphates, oxides and organic matter may contribute to the metal reten-
tion in soils (McBride et al. 1997). In the soil solution, Zn occurs in forms of free and
complexed ions; as cations: Zn2+, ZnCl+, and ZnOH+, ZnHCO3

+, and as anions: ZnO2
2–,

Zn(OH)3
–, and ZnCl3

– (Kabata-Pendias and Sadurski 2004). According to Tyler and Olsson
(2002) the concentration of Zn in cultivated soil solution was 78 (12–223) µg l–1, whereas
in natural soil it was 35 (13–72) µg g–1. However, depending on techniques used for
obtaining soil solution its concentrations vary between 21 and 570 µg l–1 (Kabata-
Pendias and Pendias 2001).

Main Zn sources are related to nonferric metal industry and to agricultural prac-
tices. Some fertilizers and in particular super phosphate can significantly contribute
to Zn levels in soils (Table II-12.4).

It is a very difficult task to estimate Zn pollution in soils. Anthropogenic Zn
 in forest soils is mostly of industrial origin, whereas in agricultural soils it may
originate from numerous other sources. The fate of the Zn from various sources
(e.g., atmospheric deposition, fertilizers, pesticides, sewage sludge, leaching from
galvanized materials, manure, waste, slag and ashes) differs depending upon its
chemical species and their affinity to soil and soil parameters (Kabata-Pendias
et al.1992; Ross 1994).

Near to nonferric smelters and contaminated sites, levels of Zn along with other
metals may be quite high, from 443 to 1 112 mg kg–1 (ATSDR 1994). High levels of Zn
in soils around mining areas have been reported by Angelone and Bini (1992) for dif-
ferent countries, as follows (in mg kg–1): the Netherlands, 1 020; Austria, 8 900; and
Greece, 10 547.

In a recent report (EC 2003), the average concentration of Zn in sludge for the EU
countries was reported at 811 mg kg–1. The lowest concentration of Zn in sludge oc-
curred in the Netherlands (131 mg kg–1, in 2000) whereas Portugal had relatively high

Table II-12.4. Trace elements of Group 12 in fertilizers and slurrya (mg kg–1)
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Zn concentration (1 670 mg kg–1, in 2000). In some countries (e.g., Sweden), public
opinion and farmer’s attitudes are quite important regarding the use of sludge in ag-
ricultural soils. Regulations and loading rates for trace metals exist for the developed
world, although variation is quite noticeable (Table II-12.5). Recently, the report of
AROMIS has summarized that the input of Cd, Cu, Pb and Zn in 2000, in some coun-
tries (UK, CH, NL and DE) was lowest in the UK (454 g ha–1 yr–1) and the highest
(1 468 g ha–1 yr–1) in the Netherlands (Eckel et al. 2005). Apparently, the highest Zn value
for the Netherlands is due to considerable high Zn input from corrosion, dredging and
hunting. Zinc loads, with various materials used for soil amendments vary in the fol-
lowing order (in g Zn ha–1): compost, 1 190; pig manure (solid), 1 080; triplesuperphos-
phate, 54 (Döhler et al. 2002).

The Zn balance in surface soils has been summarized for different ecosystems and
it has been observed that this metal exceeds its output due to both leaching and the
production of biomass. However, in most ecosystems the anthropogenic source of Zn
may highly influence its elevated contents, especially in surface soils. The Zn balance
in crop-farm soils vary (in g ha–1 yr–1) from –115 in Germany to 838 in France (Eckel
et al.  2005).

II-12.1.4
Waters

World average of Zn in river waters has been calculated at 0.6 µg l–1 and its riverine
flux at 23 kt yr–1 (Gaillardet et al. 2003). The median Zn has been estimated for world
ocean water from 0.5 to 4.9 µg l–1 (Reimann and Caritat 1998). However, Zn concentra-
tions in open oceans, lakes and rivers vary considerably (Table II-12.6). In Europe, water
quality has been studied for 550 rivers and of these 176 stations were analyzed for Zn.
At 44 stations, samples contained 5 µg l–1 whereas in other stations, the Zn concentra-
tion was 10 µg l–1 (EEA 1995).

In lakes, rivers and estuaries, Zn is bound by hydroxides, clay minerals, and other
sediment materials. Zinc is present in aquatic systems in the divalent state and the
chemical speciation of Zn2+, by analytical-chemical methods remains indispensable
(Table II-12.7). The speciation of Zn varies with pH; between pH 4 and 7, Zn exists in
freshwater as aqua ion, at pH 7, the dominant forms of Zn are the free ion (98%) and
ZnSO4 (2%), and at pH 9, the main species of Zn are the monohydrooxide ion (78%),
ZnCO3 (16%) and the free ion 6% (Witczak and Adamczyk 1995).

Zinc may enter into waters from numerous sources including mine drainage, in-
dustrial and municipal wastes, urban runoff, but the largest input occurs from the
erosion of soil particles containing Zn (US EPA 1980). Due to the strict regulation,
in recent years (1987–1997) Zn discharge to the river Rhine from industrial and

Table II-12.5.
Maximum allowable loading of
metals of Group 12 (kg ha–1yr–1)
(after Kabata-Pendias and
Sadurski 2004)
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wastewater treatment plants has decreased by 20.4% and 35.0%, respectively. The
largest (28%) Zn discharge to the aquatic environment in the European Communities
occurs from the manufacturing of basic industrial chemicals. Matschullat (1997) es-
timated the total load of Zn to Baltic Sea at 11 000 t yr–1 of which 81% is of anthro-
pogenic source. During the flood of the Odra River in 1997, the load of Zn into the
Baltic Sea was calculated at 168 t yr–1, of which about 70% was of geogenic source
(Helios-Rybicka et al. 1998).

Zinc is easily accumulated in bottom sediments. Its background contents in sedi-
ments of rivers are estimated at 110 and 115 mg kg–1 for Vistula and Rhein River, re-
spectively. However, in polluted rivers (or parts of rivers flow) its contents may reach
up to 2 000 and 14 000 mg kg–1, as reported for these two rivers (Helios-Rybicka et al.
1998; Leôczowska-Baranek vide Kabata-Pendias and Pendias 1999).

Table II-12.6. Zinc concentrations in different water systems (µg l–1)

Table II-12.7. Chemical forms of dissolved zinc in surface waters (after Florence 1980)
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Aquatic biota. Contents of Zn in aquatic organisms vary greatly and are influenced mainly
by sites of sampling. In the Baltic Sea, fish contain Zn in the range of 1.4–48 mg kg–1 FW,
soft tissues of mussels contain from 50 to 600 mg kg–1, and plankton, from 11 to
673 mg kg–1 (Szefer 2002a). Also the rhizosphere of aquatic plants can adsorb rela-
tively high amounts of Zn in root tissues (Séguin et al. 2004).

Zinc in waters is not very toxic to the biota, however, concentrations above 240 µg l–1

may have adverse effects on some sensitive organisms, as for example salmons (Weis
and Weis 1991). Depending on the hardness of fresh water, the limit for safe Zn con-
centration is established at 180–570 µg l–1, for soft and very hard water, respectively
(Peganova and Eder 2004).

II-12.1.5
Air

Generally, levels of Zn in the air are low and fairly constant. Median Zn concentrations
in world air are estimated at 7 and 900 ng m–3 for remote and polluted sites, respec-
tively (Reimann and Caritat 1998). Zinc concentration in rural air varies between
10–200 ng m–3 whereas in urban air, it can reach 16 000 ng m–3 (Table II-12.2). Aerosol
samples over the Southern Bight of the Northern Sea collected between September
1988 and October 1989 averaged 67 ng m–3, in the range of 3–220 ng m–3 (Barrie and
Hoff 1985; Injuk et al. 1992).

Zinc enters into the atmosphere in the vapor as well as particulate forms from in-
dustrial processes, incineration of waste, cement plant, and from fuel fired power plants.
Combustion temperature, process parameters, composition of raw materials and emis-
sion control technologies influence the load of Zn in the atmosphere.

In the Netherlands, 3.8 kt yr–1 of Zn was deposited to the soil from diffuse sources
in the 1980s (RIZA 1989). There are data that in the Netherlands, 575 t yr–1 entered
directly the soil and groundwater.

Considering the dry and wet deposition, the later process dominates supplying by
60–90% of Zn deposition over the soil (Pattenden et al. 1982). There is no recent infor-
mation on the total global deposition of Zn in soil. Previously, Nriagu and Pacyna (1988)
estimated global deposition of Zn in soils, for the 1980s, to vary between 683 and 1 954 kt.
The largest quantity stemmed from coal fly ash and bottom ash generated during the
coal combustion process for heat and electricity.

II-12.1.6
Plants

Although the Zn contents of plants vary considerably, reflecting impact of different
factors of the various ecosystems and of genotypes, in certain food and fodder plants
its content is fairly similar (Siegert et al. 1986). In cereal grains from worldwide coun-
tries, the mean Zn concentrations vary between 18 and 33 mg kg–1, being the lowest in
rice and the highest in oats (Table II-12.8). Elevated Zn contents are observed only in
cassava grain from Nigeria and in rice from industrial regions of India. In vegetables,
Zn also does not show any accumulation in a specific plant, but is relatively very low

II-12.1  ·  Zinc (Zn)
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in fruits (Table II-12.9). Zinc in grains is bound strongly, which is attributed to high
phytate content, as well as to high level of fiber, hemicelluloses, and amino acid-carbo-
hydrate complexes and this causes decrease in its availability to animals (Case and
Hambidge 1980). In grasses its mean contents vary from 25 to 47 mg kg–1 and is fairly
similar to those in clover (Table II-12.10). Studies by Eisler (1997) indicated that Zn
concentration in plant parts follows the pattern: roots > foliage > branch > trunk. Small
lateral roots retain more Zn than other vegetation components.

Table II-12.8.
Zinc concentration in cereals
from various countriesa

(mg kg–1)

Table II-12.9.
Zinc in food plantsa (mg kg–1)
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Zinc plays essential metabolic roles in plants, being an active component of a vari-
ety of enzymes, such as dehydrogenase, proteinases, peptidases, and phosphohyrolases.
Thus, the basic Zn functions are related to the metabolism of carbohydrates, proteins,
and phosphate and also to auxins, RNA, and ribomosome formations. It influences the
permeability of membranes and stabilizes cellular components. There are evidences
that Zn stimulates the resistance of plants to dry and hot weather and also to bacterial
and fungal diseases. Von Wiren et al. (1996) studied Zn2+-phytometallophore complexes
and observed that these complexes were readily absorbed by maize roots where
the maize root-cell plasma membrane binding sites were not highly specific for the
Fe3+-phytometallophores.

Zinc deficiency in plants is generally observed when the plant contains less
than 20 mg kg–1 and toxic effects are expected when the concentration exceeds
300–400 mg kg–1 (Boawn and Rasmussen 1971; Vitosh et al. 1994). These values may,
however, vary significantly because: “the Zn deficiency reflects both the requirements
of each genotype and effects of the interactions of Zn with other elements within the
plant tissues” (Kabata-Pendias and Pendias 2001). Due to Zn deficiencies, large crop
loses have been cited for citrus grown in California, peach trees in Texas and for vari-
ous crops in Australia. Zinc is not translocated readily in plants; deficiency occurs
generally first in younger leaves. Due to the Zn deficiency, some plants remain short
and underdeveloped which is the result of an inadequate supply of the growth hor-
mone, indole acetic acid.

Zinc toxicity and Zn tolerance in plants have been of concern because the pro-
longated use of Zn fertilizers, as well as its input from sewage and from other
pollution sources, that enhances Zn content of surface soils. Zn-phytotoxicity
is reported relatively often, especially for acid and heavily sludged soils. The toxicity
limit for Zn depends on the plants species and genotypes, as well as on the growth
stage. Sensitive terrestrial plants die when soil Zn concentration exceeds 100 mg kg–1

and photosynthesis is stopped when the content is more than 178 mg Zn kg–1

(Eisler 1993). Some species are known to hyperaccumulate Zn, as for example
Thlaspi species that can contain above 10 000 mg Zn kg–1 and is applied for the
phytoremediation of contaminated soil (Greger 1999). These plants can extract of

Table II-12.10.
Zinc in grass and clover from
different countries (mg kg–1)
(values from various sources
as complied by Kabata-Pendias
and Pendias 1999, 2001)
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Zn from a soil in the range of 14–444 kg ha–1, depending on species and soil pa-
rameters (McGrath 1998).

The mobility of Zn within plant highly varies depending on species and Zn nutri-
tion status. In most cases, however, Zn is likely to concentrate in mature leaves and in
roots. The rhizosphere plays a significant role in the concentration of Zn in roots. Séguin
et al. (2004) found water extracted Zn from inner, and outer rhizosphere and bulk
saturated soils to be (in mg kg–1): 3.77, 1.83 and 1.0, respectively. This indicates in-
creased content of Zn in rhizosphere as compared with its content in surrounding soil.
However, other authors reported that the concentration of water-soluble Zn in the rhizo-
sphere is lower relative to that of bulk soils (Sarong et al. 1989). Nevertheless, more
opinions suggest that the rhizosphere contains elevated amounts of metals that are
complexed with organic matter (Gobran and Clegg 1996; Courchesne et al. 2001).

Plants cultivated close to metal smelters may contain elevated amounts of Zn. Its
contents in seeds of oil crops grown in the vicinity of Non-Ferrous Metal Works near
Plovdiv, Bulgaria varied from 13.9 to 66.9 mg kg–1 whereas in crops at 15 km distance
from the Works it was at the range of 8.7–33.6 mg kg–1 (Angelova et al. 2004).

II-12.1.7
Humans and Animals

Humans. Contents of Zn in mammalian tissues vary between 13 and 210 mg kg–1, be-
ing the highest in kidneys and liver and the lowest in skin (Jørgensen 2000). Its con-
centrations in soft tissues of humans range from 10 to 57 mg kg–1, in lung and liver,
respectively. The average content in tissues of the “reference man” is 33 mg kg–1 (Li
2000). Its mean concentrations in human fluids have been reported (in mg l–1) as: 6.3 in
blood, 0.9 in serum, and 0.5 in urine (Reimann and Caritat 1998). The highest Zn ac-
cumulation (about 130 mg kg–1 FW) was found in prostate gland and retina (Peganova
and Eder 2004).

The serum Zn ranged between 0.39 and 1.5 mg l–1 with a mean value of 0.77 mg l–1.
The difference in the Zn blood value between men and women was quite narrow
(Kabata-Pendias and Pendias 1999). Schuhmacher et al. (1994), however, observed
higher Zn values for females, although many other authors found no correlation of
serum Zn between the sexes (Songchitsomboom and Komindr 1996).

Zinc plays several fundamental functions in metabolic processes, mainly of pro-
teins, carbohydrates and DNA (Prasad 1980; Apgar and Everell 1988). It is essential for
growth, development, and reproduction. Its intake from food varies highly and de-
pends on several factors, but often on intereactions between other metals. Important
antagonistic relationship is between Zn-Cd and Zn-Cu. Also increased levels of Ca and
Mg in food inhibit its availability (Kabata-Pendias and Pendias 1999).

Dietary reference values for Zn intake (in mg d–1) as established by the WHO in
1996 (vide Peganova and Eder 2004) are as follows: 5.5–7.5 for children (1–10 years),
12–13 for children (11–18 years), 9.5 for adult man, and 6.5 for adult female.

Meat products are a better source of Zn than plants. Meat contains Zn at the level
of 19 to 90 mg kg–1, in pork and pork-liver, respectively. The highest Zn concentration
(1 430 mg kg–1) is in oysters (Peganova and Eder 2004).

Zn
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Zinc is relatively slightly toxic and therefore its deficiency occurs most commonly.
Most serious symptoms of its severe deficiency are according to Maher (vide Peganova
and Eder 2004):

� Frequent infections
� Diarrhea
� Compromised immune function
� Alopecia
� Delayed sexual and bone maturation
� Mental disturbance

In addition, several other dysfunctions like impaired wound healing and skin
lesions, enlarged spleen and liver, impaired taste and smell, and night blindness,
may occur. Schlegel-Zawadzka et al. (2000) observed a negative correlation be-
tween depression symptoms and Zn level in the serum. Zinc deficiency also cause
growth retardation and various blood disorders. At risk of the Zn deficiency are
mainly infants and children, but also older adults, non-healthy adults, and some
vegetarians.

The ingestion or inhalation of larger doses of Zn, especially in forms of inorganic
compounds, can be harmful to individuals. It can damage alimentary tracts, and af-
fect diarrhea and fever. A short-term illness called metal fume fever can result if workers
breath very high levels of zinc dust or fumes at the working place. It may cause chills,
fever, excessive sweating and weakness.

Animals. Zinc is very essential for to animals and because it is not stored in the body;
it must be supplied continuously with the diet. The required amounts of Zn vary highly
depending on various parameters (species, age, health condition) and in the most
cases its supply is sufficient with normal feeding. Thus, in farm animals, few cases of
Zn deficiency have been reported. Symptoms of Zn deficiency, such as decreased
growth, testicular atrophy, alopecia, and dermal lesions have been observed mainly in
young animals.

Farm animals are rather tolerant to high Zn levels in the diet.  However,
animals grazing on forage in the vicinity of Zn smelters may suffer from Zn tox-
icity. Horses are the most sensitive to the Zn excess which symptoms are: lame-
ness, osteoporosis, and lymphoid hyperplasia of spleen and lymph node (Pega-
nova and Eder 2004).  However, some other pathological changes of different
organs may also be observed. Near a zinc and lead smelter, dairy cattle did not
show abnormal level of Zn in blood and hair although their daily Zn intake was
5.6 mg kg–1 BW against 1.2 mg kg–1 BW for cattle in a control area (Milhaud and
Mehannaoui 1998).

Accumulation of Zn in seabirds has been studied and it is considered to be a good
bioindicators of Zn pollution (Kim et al. 1998). Its levels in marine birds normally
range between 6.4 and 150 mg kg–1 FW in eggs and liver, respectively (Eisler 1997).
Both environmental quality and health condition of birds may highly influence Zn
levels in body (Debacker et al. 2000).

II-12.1  ·  Zinc (Zn)
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II-12.2
Cadmium (Cd)

II-12.2.1
Introduction

The average content of Cd is given for the Earth’s crust as 0.1–0.2 mg kg–1 and its abun-
dance is fairly similar in both igneous rocks and sedimentary rocks (Table II-12.2).
The metal occurs rarely in nature in the pure form. Its common minerals are: greenoc-
kite, CdS; octavite, CdSe; and monteponite, CdO. Its host minerals are Zn and Pb ores,
sphalerite, biotite, and amphiboles. Sphalerite is its principal carrier in geochemical
processes (Fairbridge 1972; Garrett 1996).

Cadmium and Zn have similar ionic structures and electronegativities and belong
to the chalcophile group (Table II-12.1). However, Cd has stronger affinity for S than
Zn and thus its mobility in an acidic environment is higher than that of Zn (Alloway
2005). Although Cd has the same valence and similar ionic radius as Ca, it does not
substitute for Ca in minerals.

During weathering processes, Cd forms simple compounds, such as CdO, Cd(OH)2, CdCl2
and CdF2 that are easily mobile and follow Zn, especially in sedimentation processes.

Cadmium is considered as being one of the most ecotoxic metals that exhibits ad-
verse effects on all biological processes of humans, animals, and plants. This metal
reveals its great adverse potential to affects the environment and the quality of food.

II-12.2.2
Production and Use

The global production of Cd decreased from 20 kt in 1990 to 19.2 kt in 2000, and to
16.8 kt in 2003 (USGS 2004; WMSY 2004).

Cadmium is produced mainly as a by-product in mining and refining of Zn. There-
fore its supply is more dependent on the Zn production than on the Cd demand. Gen-
erally, 3 kilograms of Cd is produced from one ton of the Zn production (OECD 1994).
Cadmium is also recovered from recycled materials such as Zn-Cd batteries. Approxi-
mately 10–15% of the Western World production stems from secondary materials.

The main use of Cd is in the sector of Ni-Cd and Ag-Cd battery production
(Table II-12.11). Relatively high amounts of Cd are used as pigments (yellow) and for

Table II-12.11.
World use pattern of cadmium
in 2000
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coatings and stabilizers. Due to its unique physical and chemical properties, this metal
is also added to alloys as stabilizers for various plastics, mainly for a purpose to pro-
vide protection from sunlight, chemical attack or heat degradation.

II-12.2.3
Soils

The global average soil Cd concentration is estimated to range between 0.06 and
1.1 mg kg–1, and to average 0.5 mg kg–1 (Table II-12.2). In uncontaminated soils, its
contents are highly governed by soils texture and averages from 0.22 to 0.51 mg kg–1 in
light sandy and heavy-loamy soils, respectively (Kabata-Pendias and Pendias 1999).

In most soils, 99% of Cd is associated with soil colloids, thus very proportion oc-
curs in the soil solution (Christensen and Huang 1999). Cadmium may form several
types of complex ions and organic chelates. Its concentrations in the soil solutions
may vary, depending on techniques used for obtaining solution, from 0.2 to 300 µg l–1.  It
may occur as cationic species: CdCl+, CdOH+, CdHCO3

+, CdHS+ and as anionic spe-
cies: CdCl3

–, Cd(OH)3
–, Cd(OH)4

2–, Cd(HS)4
2– (Kabata-Pendias and Sadurski 2004). Sposito

and Page (1984) have predicted, based on a model, following species of Cd in oxic soil:
Cd2+, CdSO4

0, and CdCl+, in acidic solution, and Cd, CdCl+, CdSO4
0, and CdHCO3

+ in
alkaline solution. Taylor and Percival (2001) studied soil solution Cd that is readily
available to plants. Between 55 to 90% of Cd in soil solution is present as free metal ion
Cd2+, although speciation of a metal in the solution depends on concentrations of ligands
and metal complexes. According to Welch and Norvell (1999), in addition to inorganic
species, Cd in the soil solution also occurs in complexes with various organic acids
such as aminoacids, humic and fulvic acids.

Basta et al. (1993) demonstrated the importance of organic matter to the Cd and
Pb adsorption, however, a simple correlation analysis indicated that only pH is sig-
nificantly correlated with metal absorption. The pH is a controlling variable of metal
complexation by organic matter and it is not possible to decouple pH from the or-
ganic matter.

The oxidation-reduction reactions and formation of complexes are important for
the Cd mobility in soils (Herrero and Martin 1993). Lamy et al. (1993) explained that
the pH (4.4–7.0) dependent Cd sorption capacity involves competition between the
metallic cation and protons for reactive sorption on soil constituents. Increasing pH
results in increased sorption of Cd on humic material. The precipitation of Cd may
occur at high Cd2+ activities under alkaline conditions (pH >7.0) Under anaerobic
conditions, the Cd in soil solution is governed by sulfide precipitation (Table II-12.12).

Table II-12.12.
Solubility products of Cd com-
pounds and calculated mini-
mum anion activity controlling
the Cd concentration (from
Christensen and Haung 1999)
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The mobility and plant availability of Cd in wetland soil differs from that of upland
soils. The metal is strongly retained in wetland soils, but it is available to plants under
upland conditions (Grambrell 1994). Cadmium is very mobile in oxidizing conditions:
pH <3, in low contents of Fe-rich particles and at pH >5; and slightly mobile in the
presence of oxidizing particulates and pH >5. However, in reducing conditions and in
the presence of hydrogen sulfide and pH >5, high mobility of Cd is also reported
(Kabata-Pendias and Sadurski 2004).

Soil contamination and remediation. Anthropogenic source of Cd in soils, and in
particular in arable soils are of a great concern. The deposition rate of this metal in
Europe has been cited as 3.0 g ha–1 yr–1 (Pacyna 1987) whereas the smallest deposition
rate 0.15 g ha–1 yr–1 has been reported for Finland (MAF 1997). In Sweden, the wet
deposition has been calculated at 0.39 g ha–1 yr–1 (Eriksson 2001). In USA, about 300 t
of Cd (22% of the total release) was deposited on the soil in 1996 (TRI96 1998). It is
believed that the deposition rate of Cd in the industrialized countries will be further
reduced due to strict environmental regulations and decreased Cd production
(Beavington et al. 2004).

Considering all sources of Cd in soils, the major sources of pollution are atmospheric
deposition and P-fertilizers (Table II-12.13). Most of Cd pollution, up to 90%, from
various sources remains in the top, 15 cm depth layer of soil.

In Sweden, Cd concentration in topsoil has increased by 33% during 1900–1999 years.
After this period, its concentration decreased by 0.21% due to: (i) reduced trace metal
emissions to the atmosphere, (ii) less use of P-fertilizers, and (iii) leaching (Eriksson

Table II-12.13. Anthropogenic input of cadmium from different sources to soil (from Alloway and
Steinnes 1999)
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2001b). The study indicated that Cd accumulation in soils of Sweden and Finland were
about equal (Table II-12.14). The EU regulations and national policies encourage use
of compost materials on agricultural lands when Cd content in composts varies be-
tween 0.2 to 1.3 mg kg–1 (Eckel et al. 2005).

In New Zealand, the Cd input to soils from P-fertilizer production has been cited
at 8.9 g ha–1 yr–1 whereas average value of EC countries is at 2.5 g ha–1 yr–1 (Bramley
1990). In New Zealand, the input of fertilizers to agricultural soils has caused double
increase of Cd concentration compared to their non-agricultural soils (Roberts et al.
1994). In Switzerland, Cd concentrations in soils decreased from 25.2 mg kg–1 in 1975
to 1.7 mg kg–1 in 1999 (Herter and Kuelling 2001), whereas in the EU countries, it has
decreased from 9 mg kg–1 in 1982/1983 to 1.6 mg kg–1 in 1996/1997 (Smith 1996; Gen-
derbien et al. 1999).

The Cd content in phosphate rocks depends on the geological nature. Its concentra-
tions in P-fertilizers used in the EU are rather high. Also elevated Zn content is ob-
served in these fertilizers (Table II-12.15).

Phosphate fertilizer application causes increased in the Cd concentration in soil
solution. However, the increase of Cd can also be due its desorption from the soil matrix
that occurs at low soil pH (Alloway 1995; Taylor and Percival 2001).

Industrial Cd emission is well documented as its significant source in agricultural
lands of several countries. The highest Cd concentrations (in mg kg–1) are reported for
soils in the vicinity of metal-processing industries, e.g., in Belgium, 1 781; in Poland, 270;
and in the USA, 1 500 (Kabata-Pendias and Pendias 2001). The Cd balance in crop-
farm soils vary (in g ha–1 yr–1) from 0.3 in Denmark to 4.4 in France (Eckel et al. 2005).

Table II-12.14.
Cadmium status and sources
in arable soils of Sweden and
Finland (based on data sum-
marized by Jansson 2002)
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Several methods, including incineration of soils, adsorption and desorption pro-
cesses, solubility, chemical treatment and biodegradation have been applied for soil
remediation (Rulkens et al. 1993; Rulkens and Honders 1996; Ottosen et al. 1997; Cun-
ningham and Berit 2000).

Liming is an old practice that reduces uptake of Cd, as well as other metals by of
crop plants. The effectiveness of liming on its adsorption by plants depends greatly
on the relative change in pH and Ca2+ concentration in soil solution (Adriano et al.
2004). Even coal fly ash (if it has alkaline properties) may decrease the Cd availability
to plants.

In recent years, the phytoremediation technique has been applied on Cd and other
metals and organics (Huang and Cunningham 1996; Li and Chaney 1998; Ma et al.
2001; Tu and Ma 2003). Although many soil parameters control Cd uptake by plants
(Table II-12.16), some plant species reveal unusual ability to its uptake from soils
(Table II-12.17). When plants are watered with EDTA, the uptake of trace metals from
contaminated soils may be increased (Jørgensen 1993). Many different plants can be
used to clean contaminated soils, but growth rate is very important when considering
phytoextraction. It has been observed that the transfer of Cd is much lower to barley
grains than to straw (Fig. II-12.1).

Recently, another technique known as “inoculating soils with viable microorgan-
isms” has been introduced, that depends on the bioaccumulation of metals from soils

Table II-12.15.
Cadmium and zinc concentra-
tions in mineral fertilizers
(mg kg–1) (after Eckel et al.
2005)

Table II-12.16.
Factors affecting Cd uptake
from soil by plants (after
McLaughlin et al. 1995)
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Fig. II-12.1.
Impact of Cd added to the soil
with Zn and Pb smelter flue-
dust on its concentration in
spring barley. Cd contents
(mg kg–1) in soil: I, 0.7; II, 3.7;
III, 7.7; IV, 50.7; V, 100.7 (Kabata-
Pendias and Piotrowska 1999)

Table II-12.17.
Crops accumulating cadmium
from contaminated soils (after
Felix et al. 1999)

Table II-12.18. Cadmium biosorption by microorganisms (after Lebeau et al. 2002)

(Table II-12.18). The soil microorganisms will accumulate high Cd levels (Ledin et al.
1999; Burd et al. 2000).

II-12.2.4
Waters

The median Cd concentration in world ocean waters has been estimated to range
from 0.07 to 0.11 µg l–1 (Reimann and Caritat 1998). However, Cd concentrations in
open oceans, lakes and rivers vary considerably (Table II-12.19). The residence time
of Cd in ocean water has been calculated at 0.7 × 104 to 25 × 104 yr (Boyle et al. 1976;
Nriagu 1980).

II-12.2  ·  Cadmium (Cd)
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World average of Cd in river waters has been calculated at 0.08 µg l–1 and its riverine
flux at 3 kt yr–1 (Gaillardet et al. 2003). Nriagu (1980) has estimated the atmospheric Cd
input to the oceans at 2.4 kt yr–1 while the annual input via stream waters at 7.5 kt yr–1.

Cadmium may enter into water systems from various sources of which smelting of
nonferrous metal ores are considered to be the largest one. In the EU-15 states, 11.33 t
of Cd and its compounds entered into the aquatic environment in 2001 of which 8.1 tons
stemmed from the ferrous and non-ferrous metal industries (www.eper.cec.eu.int/eper/).

Cadmium is easily mobile in seawaters, but much less soluble in other waters (Sundby
et al. 2004). In fresh water, Cd is present as Cd2+, Cd(OH)+, and CdCO3

0, and also as
inorganic compounds and organic complexes (NTP 1991).

Different studies suggest that the Cd concentration in river systems depends on the
discharge that is shown for the river Rhine to be affected by the following parameter:

� Dilution as the volume of discharge increases
� Increased erosion, maximum flows will contaminated fluvial particulates with soil

particles
� Grain size difference (at a low discharge suspended particulates are finer)
� Difference of residence time – the residence time of particulates will be low when

river discharges high volume of water compared to low

In the USA, the mean Cd level in 2 595 samples of drinking water was reported at
3 µg l–1, but the authorities believe that the general value of Cd is less than 1.0 µg l–1.
The Cd concentration may increase up to 10 µg l–1 as a result of industrial discharge or

Table II-12.19. Cadmium in waters (µg l–1)Cd
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leaching from metal or plastic pipes (IARC 1993). The WHO (1984) guideline for Cd
in all kinds of drinking water is 5.0 µg l–1, whereas Cd in drinking water and the per-
missible level in bottle water in the USA is 10 µg l–1 (IARC 1993). The toxicity of Cd in
waters decreases with increasing water hardness.

Aquatic biota. Marine biota bioaccumulates Cd from sediment and water and they
may act in the biomonitoring of aquatic pollutants (Table II-12.20). Several aquatic
organisms may have specific physico-chemical properties that they can detoxify met-
als or can reduce the effects of the exposure to high concentrations of metals (Phillips
1995). Bivalves (such as oyster) and mussels (green mussels) are used as bioindicators
of pollutants in coastal environments. Oysters collect high concentrations of trace metals.
Near the Machu Islands, southern China, Hung et al. (1997) observed 6.82 mg kg–1 Cd
(geometric mean value) in oysters from water basin where heavy metal concentration
in the area was quite high in mud, sand and water.

In 17 species of macrophytes from Lake Maggiore, Italy, Cd contents ranged from
0.20 to 9.60 mg kg–1 (average 0.33) for Nympheea, the species with lowest collection
capacity, and average 3.93 mg kg–1 for Ceratophyllum, the species with highest collec-
tion capacity (Gommes and Untau 1981). In the same lake, Gommes and Muntau (1981)
observed higher concentration of Cd (15.70 mg kg–1) in the soft tissue of Unio mancus
(bivalve) whereas in Viviparus ater (Gastropod) only 0.75 mg kg–1.

Effects of Cd on green algae (Chlorella spp.) indicate that growth stopped at
2.0 mg kg–1 whereas Hutchinson (1979) observed more sensitive algae species (Chlo-
rella vulgaris) whose cell division started to decline at 0.05 mg kg–1.

Several studies have shown that the Cd concentration in plankton varied from lake to
lake. In Lake Washington, USA, it was noted to be 15 mg kg–1 whereas in Lake Alpaca,
Switzerland, the mean Cd concentration was 5.6 mg kg–1. Some plankton species have
evolved mechanisms to cope with relatively high concentrations of Cd in growth media.

Table II-12.20.
Cadmium in different aquatic
species (mg kg–1) (after Jeng
et al. 2000, unless otherwise
indicated)
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Aquatic plants take Cd from the aquatic environment and the body burden of Cd is
many times higher than the level of Cd in water. The Cd threat to aquatic plants may
be due to the Cd concentration in the surrounding medium but also due to its uptake
and accumulation (Prasad 1995).

II-12.2.5
Air

Cadmium concentration in air of Greenland varies between 0.003 and 0.6 ng m–3

(Table II-12.2). Its concentration in rural areas ranges from 0.1 to 4.0 ng m–3 whereas
in urban/industrial areas it is in the range of 2–150 ng m–3, after OECD (1994), and be-
tween 0.5 and 620 ng m–3, after other sources (Table II-12.2). According to data presented
by Reimann and Caritat (1998), the worldwide median Cd concentration in remote re-
gions ranges between 0.2 and 0.4 ng m–3 whereas in polluted sites is at 20 ng m–3.

Cadmium and its compounds have negligible vapor pressures due to which they
may exist in the atmosphere as suspended particulate matter as well as a vapor (Wilber
et al. 1992). For this reason, small particulates of Cd may cross the national boarder
and travel for a long distance. Particles greater than 10 µm may fall onto soils and
vegetation near the released sources by wash out and self cleaning processes. It has
been cited that metallic Cd and its oxides are the prevailing forms discharged from
industrial sources. These two forms together with CdCl2 released from waste incinera-
tion are toxic to the environment (AMAP 1998).

Most significant sources of Cd in the atmosphere are from human activity. However
natural sources, such as volcanic activity, forest fire, wind-blown soil and rock dusts may
also contribute to its concentration in air (Alloway and Steinnes 1999). The industrial Cd
sources are associated with many industrial and manufacturing activities such as: ferrous
and non-ferrous metallurgical facilities, waste incineration, cement kiln, fossil fuel com-
bustion, wear of vehicle tires, pigment production, and metal scrap melting and refining.
It has been suggested that the coal and oil fired power plants and metal industries are
responsible for major Cd emissions to the atmosphere. In the EU-15 states, total Cd emission
from anthropogenic sources was 24 t in 2001 of which 13.84 t stemmed from metal pro-
duction and refining. In 1996, 25.0 t of Cd was released to the atmosphere of the United
States from manufacturing and processing industries (TRI96 1998).

The deposition rate of Cd in Europe between 1970s to 1990s has been estimated by
many authors and the summarized value varies between <1.1 to 12.5 g ha–1 yr–1 (Alloway
and Steinnes 1999). Its deposition in the EU-15 countries has been reduced in recent
years. Unfortunately, in many areas of Europe (for example south of Sweden), elevated
concentration of trace metals due to transboundary emission and deposition is ob-
served. It has been calculated that for long-term protection of the environment, the Cd
atmospheric deposition should be reduced by 50% (Johansson 1996).

II-12.2.6
Plants

Plants have no metabolic requirement for Cd, however its relatively easy availability
to plants reveals serious health risk. Its concentration in food, especially in food and
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feed plants is of great concern. Contents of Cd in food plants varies in the range of
5–400 µg kg–1 and is a little bit higher in leafy vegetables and in roots than in other
parts of plants (Tables II-12.21, II-12.22). Its common range in grasses is 50–320 µg kg–1

Table II-12.21.
Cadmium in food plantsa

(µg kg–1)

Table II-12.22.
Cadmium content in selected
foods in USA (µg kg–1) (after
Gartrell et al. 1986)

II-12.2  ·  Cadmium (Cd)
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and similarly in clover, from 20 to 350 µg kg–1 (Kabata-Pendias and Pendias 2001). Thus,
it seems that its availability to plants depend rather on soil parameters than on plants
species. However, there are several indications that biotic factors such as plant species,
root activity, and crop cultivation may have an impact on Cd uptake by plants (Guo
et al. 1996; Welch and Norvell 1999; Lebeau et al. 2002).

Plant species, root activity and rooting pattern may affect the accumulation of Cd
that can result in its elevated accumulation in the leaves. The Cd contents of cereal
grains, as illustrated for spring barley, are not increased significantly under its elevated
amounts in soil (Fig. II-12.1). Usually, Cd concentration is the highest in roots and
decreases towards the top of plants (Welch and Norvell 1999). In the USA, 29 rice samples
were analyzed and geometric mean concentration of Cd in sample was at 7.43 ng Cd g–1

(IARC 1993). In cereal grains, Cd distribution follows in the following order:
wheat > oat > barley (Eriksson et al. 1996). In Sweden, Cd concentration for wheat
grains is below 0.2 mg kg–1 and 0.1 mg kg–1 for other cereals, such as oats and rye. These
data are below the EU’s limit value. In Swedish potatoes and carrots, Cd concentration
was reported at 0.049 mg kg–1 and 0.30 mg kg–1, respectively (Olsson et al. 2005).

The absorption of Cd via roots and transport within the plants is highly affected by
soluble species of Cd2+ in soils. Organic Cd complexes such as phytometallophore may
play a very significant role. However, it is believed that there is no direct evidence in
support of Cd binding with phytometallophores during its transport in root cells (Singh
and McLaughlin 1999). Nowadays it has been suggested that Cd-binding complexes
similar to metallothionein exists in several higher plants such as tomato, bean, tobacco,
soybean, and rice (Bartolf et al. 1980; Kaneta et al. 1983).

There is a general agreement, over many years, that an increase in the solubility and
hence availability of metals go together with a decrease in soil pH that affects Cd con-
centration in the soil solution. Hence, the composition of soil solution is a good indi-
cator for the Cd concentration in crops (Wolt 1994). Although several factors may control
the uptake of Cd by plants such as soil properties, weather, and plant species/cultivars,
the soil Cd and soil pH are probably the most important (Eriksson et al. 1996).

Several interactions of Cd with other elements have a great impact on its uptake by
plants and its fate. Commonly described interactions are related to some metals of
which Zn is the most significant (Kabata-Pendias and Pendias 2001). This interaction
appears contradictory since both depressing and enhancing effects of Zn on Cd have
been reported. Recent studies indicated that there is no effect on inhibition of Cd
accumulation by plants due to increase Zn supply to the growth media (Eriksson 1990;
Grant and Bailey 1997; Turner 1997). When there is Zn deficiency in a plant, increas-
ing Zn supply decreases Cd accumulation in various plant organs. However, addition
of Zn further will promote Zn accumulation in shoots and leaves of plants. The build
up of Cd in seeds and grains is possible often, but not always reduced by increasing
the Zn supply to plants (Oliver et al. 1994; Grant and Bailey 1997). The behavior of Cd
in plants is closely related to Zn as both metals have affinity for sulfur, particularly
sulphydryl groups (Garrett 1996).

The symptoms of Cd toxicity in plants generally are stunting and chlorosis. The
chlorosis may be due to the Fe deficiency or it may be due to direct or indirect inter-
action of Cd with foliar Fen (Das et al. 1997). Some researchers have reported on the
association of Cd with other elements in plants (e.g., Zn, Cu, Se, P, Cl) and on the role
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of pH, carbonates, organic carbon, (Page et al. 1987; Jackson and Alloway 1992;
McLaughlin et al. 1994).

Cadmium is an effective inhibitor of photosynthesis and inhibited the net photo-
synthesis of several plants by increasing stomatal and mesophyll resistance to carbon
dioxide uptake (Ferretti et al. 1993; Greger et al. 1994). In presence of Cd, the inhibi-
tion of stomatal openings in plants depends on Cd concentration and exposure time.
Damage due to presence of Cd has been cited (Prasad 1995). In pigeon pea (Cajanus
cajan), Cd reduced photosynthesis indirectly, stomatal conductance and the electron
transport system.

Generally, Cd decreases water stress tolerance of plants, causing the increase of bulk
elastic modules and decreased cell wall electricity (Becerril et al. 1989; Prasad 1995).
Cadmium induced cell wall degradation in xylem, which is due to reduced water trans-
port (Barceló and Poschenrieder 1990).

Several native plants, in particular trees, shrubs, fern herbs and mosses may accumu-
late variable and considerable amounts of Cd that ranges between 7 and 2 700 µg kg–1

with an average value of 529 (Aloway and Steinnes 1999). In some tree species (Salix aurita
and Populus tremula), average concentration of Cd was less in leaves (1 500 µg kg–1)
than in twigs (2 250 µg kg–1). In dwarf shrubs, Cd concentrations varied between
600–1 000 µg kg–1 that was 25 times higher than other shrubs species. The highest Cd
accumulation, above 100 mg kg–1, has been reported for Thlaspi caerulescens (Greger
1999). Felix et al. (1999) reported extremely high Cd-content (560 mg kg–1) in this plant,
grown on contaminated soil, which suggest its suitability for phytoremediation.

Nuorteva (1990) observed high concentrations of Cd in the phloem of conifers, bark
beetles, honeydew of the aphids, formica ants, forest humus, earthworms, and mush-
rooms. The increased Cd level in roots is not only the cause of forest decline in Europe
but also of deleterious effects of Cd and other trace elements on forest systems.

The accumulation or exclusion of Cd by plants differs at the family levels. Brassicaceae
and Fabaceae species are the highest and the lowest tolerant to Cd, respectively (Rauser
1990). It is often observed that the resistance of plants functions normally even at the
presence of high concentration of Cd, as for example in the mining or contaminated
sites by Cd waste which is generally accomplished strategies of avoidance or tolerance
of metal toxicity (Kanerva et al. 1988). This type of plant can be used as indicators for
exploration of metal ores.

II-12.2.7
Humans and Animals

Humans. Contents of Cd in mammalian tissues vary between <0.06 and 1 300 mg kg–1,
being the highest in kidneys and the lowest in muscles (Jørgensen 2000). Its concentra-
tions in soft tissues of humans range from 0.03 to 14 mg kg–1, in muscles and kidneys,
respectively. The average content in tissues of the “reference man” is 0.17 mg kg–1 (Li 2000).
Its mean concentrations in human fluids have been reported (in µg l–1) as 0.6 in blood,
0.2 in serum, and 0.9 in urine (Reimann and Caritat 1998).

Cadmium is one of the most toxic metal to humans, mainly due to the ability to
combine with sulfhydryl groups and thus disturb function of several SH-group en-
zymes that leads to changes in proteins. Recognized in 1960s in Japan, so-called Itai-
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Itai disease has increased the attention paid to environmental Cd pollution and its
impact on health.  Itai-Itai disease had occurred due to run off Cd containing mining
tailings in the paddy fields. Thus, Cd uptaken by rice was subsequently ingested by
humans.

The Cd excess caused mainly the damage to skeletal structure, especially in elderly
women. This phenomenon has brought important information on the Cd transfer in
food-chain.

Main toxic effects of the excess of Cd on humans are related to:

� renal damage
� hypertention
� emphysema
� carcinogenic changes, mainly of kidney and prostate
� skeletal deformation due to impaired Ca metabolism
� low reproduction functions

Cadmium intake by humans is mainly by inhalation and ingestion of food and drink.
For inhalation exposure, particle size and solubility in biological fluids (in contrast to
solubility in water) appears to be the important detriments of toxicokinetics (Hirano
et al. 1989; Oldiges and Glaser 1986). Other mechanism is “hand-to-mouth” which
generally occurs at the working place. The dietary exposure of population varies highly
between countries and is affected by local conditions and occupations. The highest
source of dietary Cd is from plant food, up to 75% (Tables II-12.21, II-12.22), among
which cereals and particularly rice, and also potatoes, may contribute above 50% of
total intake (Louekari et al. 2000).

The current PTWI is 7 µg kg–1 BW, i.e., 400 to 500 µg per adult per week (WHO
2001). However, most data on Cd intake is given in µg d–1 person–1. These values, for
different countries, are as follows: Japan, polluted sites, 59–113 µg; Belgium, 16–30;
Sweden, 8–15, and Finland, 9–16 (compiled from various sources by Kabata-Pendias
and Pendias 1999).

The primary mechanisms of Cd exposure are: inhalation and hand-to-mouth factor
where hygienic practices are not followed (Yost 1986; NTP 1991). The high tempera-
ture processes generally generate Cd-oxide fumes that are absorbed well through the
lungs (IARC 1993). Also the smoking is a significant root of the Cd exposure to general
population. A person may absorb 1 µg Cd d–1 from smoking 20 cigarettes that is about
the as same daily absorption of Cd in Sweden (Friberg et al. 1986). In most countries,
Cd may be inhaled by the general population at 50 µg Cd d–1, at a variation from 25 to
75 µg Cd d–1 (Friberg et al. 1976). The 10–40% of inhaled Cd may be retained in the
body depends on the particle size of Cd whereas ingested Cd is retained by 4 to 10%
(Yost 1986).

It has been estimated that the intake of Cd (in µg d–1) by humans from different
sources follows the order: diet, 20–50 > smokers, 2–4 µg > air intake, ca 2 µg (Yost 1986).
The primary human health concern is now related to the long-term chronic exposure.

The concentration of Cd in the atmosphere does not appear to pose a great threat
to human unless one lives close to a zinc-lead smelter. But still, physicians are con-
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cerned about Cd exposure in Pb-Zn smelter, Ni-Cd battery factories or other
manufacturings that use Cd compounds, especially when the operation involves heatings.
These persons can build up Cd level in the liver over time. Cadmium is not very well
absorbed (it may be about 20%), but still it is high comparing with other metals in the
environment. Children living in the vicinity of the Pb-smelter contained elevated BCd
levels up to 8.9 ng l–1. As Carvahlo et al.(1989) reported, houses of these children were
contaminated with Pb-smelter dust.

The FAO/WHO expert committee jointly proposed tolerable intake of Cd at about
70 µg Cd d–1 (WHO 1992). Other sources recommend safe daily intake of Cd by adults
at 40–80 µg (Louekari et al. 2000). For smokers and anemic persons the critical level of
dietary Cd intake should be lower.

The acute toxicity of Cd is rather rare. With the Zn deficiency, more Cd is stored in
human body. The highest chronic exposure is generally found in worker populations
in facilities where Cd is used as a feed material or is present in by-product stream (Yost
1986). With long body retention time, the concentration of Cd in target organs will
increase in time. The target organ is generally kidney or more specifically the renal
cortex. The renal cortex dysfunction generally occurs when Cd concentration is about
200 mg kg–1 (Kjellstrom and Nordberg 1978). Recent suggestions, however, consider
that <50 mg Cd kg–1 FW in renal cortex should be accepted (Louekari et al. 2000). Eld-
erly women living in the industrialized urban areas often suffer from lowered kidney
function (Yost 1986).

Animals. Cadmium is concentrated mainly in animal kidneys; however, other soft tis-
sues may also contain relatively high amounts of this metal (Table II-12.23). Eisler (1985)
reported that: (i) Cd level is higher in older organisms than in younger ones, (ii) marine
biota contained more Cd than their freshwater or terrestrial counterparts, and (iii) it
is accumulated mostly in liver and kidneys.

Table II-12.23. Cadmium in liver and muscles of animals (mg kg–1) (adoped from WHO (2001)
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Cadmium is easily accumulated, especially in animal kidneys and thus it may serve
as a sensitive bioindicator for the Cd contamination. Especially horse kidneys are good
indicators (Szkoda and ¢mudzki 2000). As these authors reported, the median content
of Cd in young horses is 0.02 mg kg–1 FW, whereas in old ones (above 2 years old) it
increased to 30.72 mg kg–1 FW. The level of Cd in soft tissues of cattle in Poland was at
about similar levels during the period 1995–1997 (in mg kg–1 FW): kidneys, 1.0; liver, <0.2;
and muscles, 0.005. However, in kidneys of hunting animals, Cd contents increased during
that period from 1.5 to 2.5 mg kg–1 FW, but remained constant in other soft organs
(¢mudzki and Szkoda 2000). These authors concluded that due to highly elevated Cd in
kidneys of most animals, these organs should be excluded from the food products.

According to data presented by the WHO (2001), Cd levels in both, kidneys and liver
of different animals is about equal. Wild game (not specified species) seems to contain
Cd in liver at lower levels than farm animals (Table II-12.23).

The toxicity of Cd is to animals is similar to those described for humans. Its acute
toxicity is not common and is observed mainly in fish and other aquatic organisms
(Louekari et al. 2000). The main concern related to increased contents of Cd in animal
tissues is related to its transfer in the food-chain.

II-12.3
Mercury (Hg)

II-12.3.1
Introduction

Mercury has been known since prebiblical times and this element occupies a unique
place in the human civilization. It has been known by alchemists in China, perhaps
since 2 000 years BC. For over a century it has been known as an environmental pol-
lutant.

Mercury abundance in the Earth’s crust is very low, in the range of 0.02–0.06 mg kg–1,
but is it likely to be concentrated in argillaceous sediments and in coal (Table II-12.2).
The most important mineral, cinnabar, HgS, has been mined continuously since 415 BC
(Clarkson and Marsh 1982). There are several other Hg minerals, mainly simple com-
pounds with some anions and cations, but of much less importance (Fairbridge 1972).
Thus, it can occur in rocks in forms of oxides, sulfides, halides, organic complexes and
native metal (Mitra 1986). There are several Hg host minerals such as amphiboles,
sphene, sphalerite, and other sulfides. It may evaporate from some compounds release
to various ecosystems.

Mercury exists in several states, like Hg-metallic liquid, Hg-vapor metallic, inor-
ganic Hg+ (mercurous salts), inorganic Hg2+ (mercuric salts) and gaseous Me-Hg
(Drasch et al. 2004). It is chalcophilic and shows the affinity to several metals, such as
Ag, Zn, Cd. The mercuric salts (such as HgCl2) are soluble in water whereas organo-
mercurics are neither soluble nor do they react with weak acids and bases due to the
low affinity of Hg for oxygen bound to carbon (US EPA 1997a).

The characteristics of Hg in the environment are in a number of chemical and
physical forms, including Hg0, HgCl2, HgO, HgS, CH3HgCland (CH3)2Hg (Schroeder
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and Munthe 1998), and each species behaves differently in various ecosystems. In the
1950s, it was established that emissions of Hg to the environment could have serious
effects on human health. Concerns arise when Hg-contaminated fish and wildlife from
ecosystems are passed into the human food chain (D’Itri 1972; Friberg and Vostal
1974). The tragic case of Hg poisoning known as a Minamata Disease was a funda-
mental information for the scientific community and decision makers on its use and
discharge to the environment (Tsubaki and Takahashi 1986). In the United States, the
1990 US Clean Air Act Amendments have identified Hg as one of the trace elements
listed in the legislation as “hazardous air pollutant” because of its toxicity, availability,
and potential bio-accumulation within the environmental compartments (Petersen
et al.  1998).

Increased Hg load into the environment is additionally due to its use in Au-mines
for amalgamation process became of a real risk of its transfer to the food chain. This
is a serious threat in the Amazonian region and in the Siberian subregion.

II-12.3.2
Production and Use

The global production of Hg has decreased from 5.36 kt in 1990 to 2.2 kt in 1999, whereas
virgin Hg production in EU-25 was about 0.55–0.68 kt in 1999. An approximate value
of the Hg annual production is given at 1.8 kt in the year 2000 (Drasch et al. 2004).
However, Jernelöv and Ramel (1998) have emphasized a disagreement between the
established global Hg production and the use of Hg that was about twice higher, dur-
ing the period 1991–1995.

Due to toxic properties of Hg and strict regulations, primary Hg production and its
uses have been restricted in many countries. In Finland, virgin Hg is recovered from
roaster gases by precipitation-filtration methods at the Kokkola Zinc Plant. In the West,
secondary Hg production (e.g., recycling) can be accomplished by chemical or thermal
treatment. The most common method is thermal treatment where Hg-containing scrap
is sized and heated in furnaces or retorts at about 538 °C to vaporize the Hg. The vapor
is then condensed and collected under water (Reisdorf and D’Orlando 1984; US EPA
1984). In the EU-25 states, Spain and Finland still produce virgin Hg.

In some countries, the Hg production has been lowered or completely stopped (Ferrara
1999). The old Hg mine in Almadén, Spain, operating since 4th Century BC, the largest Hg
producer in the world, has been stopped in recent years.

Main uses of Hg are in the caustic soda and chlorine production and in the Au-ore
processing (amalgamation). There is a tendency to replace Hg by other metals or com-
pounds, as for example, in Northern Europe; an organic compound has replaced Hg-
amalgam for teeth feelings. Also Hg free thermometers or Hg free batteries are quite
common in the western countries. However, Hg is still used in many products includ-
ing: fluorescent lamps, batteries, instruments, manometers, electric conductors, metal
recovering processes, dental fillings, bactericides, fungicides, insecticides, pharmaceu-
ticals and also in paints (Mitra 1986; US EPA 1997b). The use of Hg in both interior and
exterior paints is prohibited in the USA and in many other countries in Europe (par-
ticularly in the north Europe).

II-12.3  ·  Mercury (Hg)
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II-12.3.3
Soils

Background levels of Hg in soils are not easy to estimate due to the widespread Hg
pollution that has a strong affinity for most soils, which act as a vast reservoir (Meili
1991; Swedish EPA 1991). When added to soil, both as elemental Hg or inorganic and
organic complexes, it is likely to be strongly bond.

Natural Hg contents in soils are fairly low and seldom exceed 1 mg kg–1 (Table II-12.2).
Its highest levels are always in organic soils (histosols) than in sandy or loamy soils. In
the reference soils of China, Hg contents vary between 0.015 and 0.294 mg kg–1 and
average 0.14 mg kg–1 (Govindaraju 1994). However, most top soils contain increased
amounts of this metal, especially near mining and smelting areas (Table II-12.24).

The behavior of Hg in soils depends highly on its species, which is a function of
several soil parameters and on interactions with other ions (Yin et al. 1997). In soils,
the Hg2+ species undergo biological and chemical reaction forming different inorganic
and organic compounds that are controlled by such factors as temperature, pH and
SOM content (Schuster 1991). In the surface soil, about 1–3% of total Hg is in the Me-
Hg form and the rest may be considered as Hg2+ complexes (Revis et al. 1990).

Table II-12.24. Mercury in soils of various countries (mg kg–1)
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Some specific properties of Hg species in soils are as follows:

� easy volatilization: Hg0 and (CH3)Hg
� easy solubilization: HgCl2, Hg(OH)Cl, and Hg (OH)2
� low mobility: CH3Hg+ and CH3HgS–

Its concentration in the soil solution is very low, at about 2.5 µg l–1, and preferable
as cationic species: Hg2

2+, HgCl+, and HgCH3
–. However, it can form also anions; HgCl3

–

and HgS2
2– (Kabata-Pendias and Sadurski 2004).

Mercury enters soils from several sources: atmospheric fall out and rainfall, sewage
sludge application, Hg-based pesticides, disposal of industrial, domestic solid waste
products, and municipal incinerator ash.

Mercury contents in topsoils may greatly differ depending on the soil origin and
pollution sources. Its highest accumulation is reported for soils from the vicinity of
chlor-alkali plant (Table II-12.24).  Often these are cumulative effects of the
anthropogenic deposition of Hg over the last 100 years (Fitzgerald 1994; Expert Panel
on Mercury Atmospheric Processes 1994).

The phytoavailability and toxicity of Hg in soil-plant systems depends on its forms
in soils. Simple Hg salts or metallic Hg may create hazardous effects on plants and soils
biota due to the toxic nature of Hg vapor. Leinonen (1989) and Nuorteva (1990a,b)
presented results of studies on effects of tilling of soil on the Hg concentration in leaves
of Vaccinium myrtillius. The Hg concentration in leaves of plant grown in untreated
and clear-cut forest plots was at 0.02 mg kg–1, whereas plants from tilled plots contain
a bit more Hg, up to 0.03 mg kg–1. These findings indicate that the mobility of Hg in
soils is very labile and controlled by several soil and climatic factors.

Due to specific properties and behavior of Hg in soils, remediation of Hg contami-
nated soils is complicated and costly. However, increasing Hg pollution in some re-
gions, affected mainly by Hg uses in the Au-amalgamation processes in Au-mines, has
stimulated intensive studies on this topic (Ebinghaus et al. 1999). Lacerda and Salomons
(1991) calculated that during the Au-Hg amalgam processes, mean total Hg losses of
1.32 kg are for 1 kg of Au produced.

The vaporization of Hg from soils is generally accelerated by microbial and
non-microbial processes and the volatilization rate is probably maximum when
microbial processes are most intense (Andersson 1979). Several studies have dem-
onstrated that the addition of water significantly increases Hg release from soils and
the magnitude of its release correlates with the Hg concentration in the soil (Lind-
berg et al. 1999; Frescholtz and Gustin 2004). The release mechanism of Hg from soil
is assumed to be due to the displacement of Hg by the more polar water molecules
(Engle et al. 2001).

The soil pools of Hg and Me-Hg are the potential source of Hg accumulated in the
freshwater food chain. Bishop and Lee (2004) observed high concentrations of Me-Hg
(2–20 mg kg–1) in stream-bank sphagnum mosses and (Me-Hg: 5–10 mg kg–1) in
swampy ground at the depth 0–20 cm. Their study confirmed that the Me-Hg is not
only from atmospheric sources but also from the methylation of inorganic Hg in soil/soil
water system, especially in wetlands. Bishop et al. (2004) demonstrated that boreal
wetlands may bear important source of Me-Hg to the watershed.

II-12.3  ·  Mercury (Hg)
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II-12.3.4
Waters

Concentrations of Hg in seawaters vary highly depending on sampling sites; water from
open sea contains Hg in the common range of 0.5–3.0 ng l–1, whereas coastal and bay
waters contain from 2 to 65 ng Hg l–1. Its median concentration in worldwide ocean
water is calculated at 30 ng l–1 (Reimann and Caritat 1998). Terrestrial waters, and in
particular, mines and drainage waters might be enriched in Hg (Table II-12.25).

Mercury occurs in waters in several forms: Hg0, Hg+, Hg2+, HgCl2
0, HgS2

–, and various
methylated species (Me-Hg). It is partitioned between suspended particulate matters,
organic matters and DOC. About 25–60% of Hg2+ and Me-Hg are particle-bound in
the water and the rest is in dissolved and DOC-bound phases (Nriagu 1979; Bloom
et al. 1991; Witczak and Adamczyk 1995). Phenyl-Hg, or alkoxyalkyl-Hg can be con-
verted into Me-Hg compounds by natural processes (Jernelöv 1969). Mercury methy-
lation and its bioaccumulation in the aquatic ecosystems depend on Hg loadings,
microbial activity, nutrient content, pH and redox potential, sediment load, tempera-
ture and other factors (NAS 1978; Compeau and Bartha 1984; Callister and Winfrey

Table II-12.25. Mercury in waters (ng l–1) (as summarized by US EPA 1997a)
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1986; Wastras and Bloom 1998). There are two processes, biotic and abiotic, which are
guiding the Me-Hg formation mechanisms (Celo et al. 2004). Mercury in the water
may revolatilize, deposit on sediments and be uptaken by aquatic biota.

Aquatic biota. The Me-Hg is highly bioavailable and easily accumulates in fish (Bloom
et al. 1991). Planktivorus and piscivorus fish uptake Me-Hg through their food chain.
Relatively high Me-Hg concentration in fish tissues is reported in acidic lakes (Winfrey
and Rudd 1990). The Hg levels in different fish species highly depend on their nutri-
tional habits (Fig. II-12.2). Fish take Hg straight from the water as well as from their

Fig. II-12.3. Transformation of mercury in air, water and sediment (based on data from ATSDR 1999a).
aq – associated with aqueous phase; s – solid fraction

Fig. II-12.2.
Average Hg contents in fish
species according to their ali-
mentary habits (reproduced
with permission from Brasil
et al. 2004)

II-12.3  ·  Mercury (Hg)
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fodder. Mercury discharged to the Amazon River is easily bioaccumulated in aquatic biota,
whereas its increased content in bottom sediments of the Baikal Lake (at a level of per-
centage) seems to not affect its concentration in fish tissues (Jernelöv and Ramel 1998).

The Hg concentrations in pike have risen from 0.05–0.3 mg kg–1 to 0.5–1.0 mg kg–1 in
rivers of southern and central Sweden. Due to a high acidity, many lakes have been black
listed in Sweden and Finland because of elevated concentrations of Hg in fish that is
observed at low water pH. This is not a general rule, however, as in some lakes positive
correlation with water pH has been observed and a negative in others (US EPA 1993).

The geometric mean concentration of all freshwater fish (in USA, N = 112 samples)
was 0.11 mg kg–1 FW, in the range of 0.01–0.77 mg kg–1 FW (Lowe et al. 1985). Bahnick
et al. (1994) measured Hg levels from 314 sampling sites of the United States, in five
bottom feeders (e.g., carp) and five game fish (e.g., bass). Mercury was detected at 92%
of the sampling sites. Average concentration of Hg in fish tissues was 0.26 mg kg–1 FW.
This difference may be also due to sampling position, the size and age of fish.

A great part (>95%) of total Hg in both fresh and saltwater fish is in the form of
Me-Hg (Bloom 1992). Voigt (2004) reported that Hg contents in various organs of 30 fish
species sampled around the Archipelago Sea, Gulf of Riga and at Firth of Kiel were, in
most cases, the highest in muscles and the lowest in gonads (Table II-12.26). However,
Hg concentrations in fish species varied according to sampling sites, uptake behavior
of food, age, and deep or shallow water fish.

In crucian carp (Carassius carassius) from ponds located near Chernobyl, Hg con-
centration was, after the nuclear accident, in the range of 0.03–1.28 mg kg–1 (Jagoe et al.
1997). Fresh water fish sampled in the 1970s in Poland contained Hg at the range of
0.014–0.464 mg kg–1 FW and fish from the Baltic Sea had this metal at the levels of
0.007–0.215 mg kg–1 FW (Nabrzyski 1996). The highest mean Hg levels in commercial
fish in USA are reported to range between 0.73 and 1.45 mg kg–1 FW in makrel king
and tilefish, respectively, and its lowest range varies from 0.01 to 0.11 FW in salmon
and cod, respectively (US Dept. of Health and Human Services 2004).

Mercury contamination of fish from gold mining areas in south America, Asia, and
Africa have been cited by some authors (Castilhos et al. 2004a–c; Veiga and Baker 2004).
In most studies, fish type, weight and length, age, and sex of the fish and sampling sites
have been considered. The Hg level in fish is quite high near mining areas in the Bra-
zilian Amazon – Sðo Chico. The Hg values lay between 2.21 mg kg–1 for Carás (non-
carnivorous) and 6.11 mg kg–1 for Trairas (carnivorous), whereas the limit content of
Hg in fish is 0.5 mg kg–1 (Castilhos et al. 2004a–c).

Table II-12.26.
Mercury content in fish organs
collected from the Baltic Sea
near Tvärmine, Finland
(mg kg–1) (after Voigt 2004)
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II-12.3.5
Air

The worldwide mean Hg concentration in the atmosphere ranges between 0.01 and
0.06 ng m–3, whereas in urban/industrial areas it can increase up to the range of 0.17
to 11.2 ng m–3 (Table II-12.2). According to Reimann and Caritat (1998), Hg ranges from
0.01 to 0.06 ng m–3 in air from remote world regions and from <0.09 to 38 ng m–3 in air
from polluted areas.

The Hg sources and its flux from the atmosphere to land or watershed generally
stem from the natural global cycling and from anthropogenic sources. On a global
scale, the atmospheric Hg cycle is dominated by elemental Hg vapor (>95%), whereas
its deposition to terrestrial and aquatic environments depends strongly on the Hg
speciation released from different industrial sources to the atmosphere (Ebinghaus
et al. 1999). Estimation made by Nriagu (1979) indicates that ocean sediments may
contain the total Hg at about 1017 g, soils and freshwater sediments 1013 g, and the
atmosphere 108 g. In recent years, Fitzgerald (1994), Mason et al. (1994) and Pacyna
and Pacyna (2001a) estimated global atmospheric emission for the 1990s and values
lay between 5 kt yr–1 to 2.14 kt yr–1, which is over 60% less than the estimated value
for the 1970s. In all these estimations, there is a broad range of uncertainties and the
Expert Panel on Mercury Atmospheric Processes (1994) believed that one third of the
estimated amount has been added from pre-industrial time and the rest is from present
anthropogenic sources to the atmosphere. There is estimation that the global anthro-
pogenic Hg fraction constitutes 40 to 50% of its total current (Horvart et al. 1993).
However, only half of the anthropogenic Hg released enters into the global cycle, the
rest is being removed through local or regional cycles. The Me-Hg compounds are
very important in the overall Hg loadings in terrestrial and aquatic ecosystems
(Hultberg et al. 1995).

The atmospheric Hg emission was estimated in 1995 for Europe and North America
at 249.7 t and 213 t, respectively (Pacyna and Pacyna 2002). During the same period,
Mniszek (1996) calculated the Hg atmospheric emission in Poland at 40 t yr–1 of which
44% and 18.3% were produced from burning hard coal and lignite, respectively.

A wide range of mining and mineral processing activities are classified as artisanal
mining where miners apply low-tech manual processes. In artisanal gold mining op-
erations in South America, 200 t of Hg are discharged to the environment, during re-
covering 115–190 t of Au (Veiga 1997). A part of the released Hg enters into the atmo-
sphere and the rest into the aquatic environment and the food chain of the local popu-
lation (Veiga 1997; Veiga and Baker 2004). The speciation of Hg from artisanal mining
differ due to high temperature processes. Mercury vapor emitted from gold mining is
transported only for the distance of 2–3 km (Borochoff 2001).

The chemical forms of Hg in the atmosphere are still under discussion, although it
has been generally accepted that the major form of Hg in the atmosphere is elemental
(Hg0) followed by minor concentrations of Me-Hg, which concentration in the atmo-
sphere increases with increase in latitude (Bloom and Fitzgerald 1988). Various forms
of Hg behave differently. Metallic Hg2+ is generally deposited by both dry and wet fall-
out within the distance of 100 km from sources, whereas Hg0 is insoluble in water and
thus is transported mainly as particles.

II-12.3  ·  Mercury (Hg)
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In the atmosphere, Hg is present mainly in three different forms: Hg0, Reactive
Gaseous Mercury (RGM) and Total Particulate Mercury (TPM). Only elemental Hg
vapor (Hg0) has been identified whereas the other two mentioned species are still to
be identified, in respect of their physical and chemical structure (Edner et al. 1989).

Based on sediment Hg measurements in different regions of lakes in Sweden and
State of Wisconsin, USA, it has been estimated that the atmospheric Hg burden has
increased by a factor of 2 to 5 since the beginning of the industrial period. Mercury in
air and in the precipitation in Europe varies highly (Table II-12.27). However, it can be
stressed that the Hg dispersion from a point source is governed by a series of atmo-
spheric processes and chemical interactions in which the changing of Hg speciation is
of a central importance and is on the current research agendas (Petersen et al. 1996).

II-12.3.6
Plants

The concentration of Hg in plants, especially food and fodder plants, has recently re-
ceived much attention, because of its pathway into the food chain. Especially Hg in
potatoes and cereal grains, as its main dietary sources, has been intensively studied.
The background value of Hg in vegetation has been reported to be 100 µg kg–1 (Lindqvist
1991). However, its contents vary highly, depending on plants species and growth con-
ditions and is lower in cereals than in leafy vegetables (Table II-12.28). The baseline
Hg in indicator plants from forests in Finland is established at the range between 10
and 330 µg kg–1 (Nuorteva 1990a). Fodder plants grown in Poland contain Hg in the
range of mean values at 12–142 µg kg–1, being the highest in beets (Dªbrowski 1992).

Plants differ in their ability to take up Hg and can develop a tolerance to its high
concentrations when grown in contaminated sites. Plants seem to absorb Hg easily
from solution, however there is not much evidence that increasing soils Hg generally
causes an increase in the Hg content of plants, partly due to its great accumulation in
roots (Kabata-Pendias and Pendias 2001). There is evidence, however, that increased
soil Hg will cause increase Hg in roots of plants and its translocation will occur via
roots to other parts of plants (Siegel and Siegel 1988; Ferrara et al. 1991). Increased
Hg content in vegetation from contaminated sites indicates that it is taken up from
soil, however, its atmospheric source is known to contribute also significantly to Hg
levels in plants. In recent years, the attention has been paid to Hg uptake from the

Table II-12.27. Mercury in air and in precipitation in Europe (based on the data from Working Group of
Mercury 2001)Hg
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atmosphere. In some cases, the major part of Hg in above-ground parts of trees seems
to be associated mainly with its atmospheric deposition (Ericksen et al. 2003). Cer-
tain plant species, such as lichens, carrots, lettuce, and mushrooms in particular, are
likely to take up more Hg than other plants grown at the same sites (Falandysz et al.
2001, 2003).

In the atmosphere, Hg is present mostly as elemental Hg0 that is readily converted
into Hg2+ in the plant interior. Inorganic Hg can be translocated from leaves to fruits,
from potato leaves to tubers and from rice leaves to grains (Lagerwerff 1972). Studies
(by spiking soil with 203Hg) indicated that 90–95% of Hg is associated with leafy parts
of plants and with roots only 30–60% (Mosbaek et al. 1988). The methylation process
occurs in plants, whereas the Me-Hg uptake from soil is not confirmed. There are some
plants (Elodea densa) where movement of Me-Hg and inorganic Hg is in opposite
directions. In this particular species, Me-Hg moves towards the young shoot apex
whereas inorganic Hg is moving towards older (lower) parts of shoots (Cuzba and
Mortimer 1980).

Plants grown in contaminated regions may accumulate much higher than common
amounts of Hg. Especially increased Hg contents are reported for mushrooms that are
grown in the vicinity of Hg mining (mean 38 mg kg–1) and for those from the region
of chloralkali works (72–200 mg kg–1) (Kosta et al. 1974; Lodenius and Herranen 1981).

Table II-12.28. Mercury in food plants (µg kg–1)
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Lichens sampled from a chlorakali plant region, in Finland, contained the mean Hg at
36 mg kg–1. Vegetation grown at the distance of 1 km away from the lead smelter in
Czechoslovakia contained Hg between 0.3 and 12.0 mg kg–1 (Kalac et al. 1991). Mer-
cury contents in moss samples from remote regions of Norway ranges from 0.002 to
0.48 mg kg–1 and averages 0.08 mg kg–1 (Berg and Steinnes 1997a,b).

Increased contents of Hg may be toxic to both higher plants and microorganisms.
The symptoms of Hg toxicity are commonly: (i) stunting of growth of seedlings and
roots, (ii) inhibition of photosynthesis, (iii) inhibition of K uptake, and (iv) reduction
of yield. The most sensitive plants to the Hg excess are sugar beets, corn, and roses.
Some microorganisms may suffer from the soil Hg concentration >10 mg kg–1.

II-12.3.7
Humans and Animals

Humans. Contents of Hg in mammalian tissues vary between 0.02 and 0.25 mg kg–1,
being the highest in kidneys and the lowest in muscles (Jørgensen 2000). Its mean
concentrations in human fluids have been reported (in µg l–1) at 5.3 in blood, 2.1 in
serum, and 3.5 in urine (Reimann and Caritat 1998).

The biochemistry of Hg has received significant attention because of the toxicity of
Me-Hg, its accumulation in biota and biomagnification in the human food chain (Hor-
vat et al. 2003). The Me-Hg can be taken up from the digestive tract and transported by
the blood to other parts of the human body, causing major damage (Magos 1997).

Both forms of Hg, elemental and organic have acute or chronic effects on humans.
Either excessive amounts of Hg are ingested or inhaled; most of metabolic functions
are inhibited that finally leads to death (Drasch et al. 2004). In a brief summary, Hg
toxicity to humans is related to:

� Mutagenic, carcinogenic, and teratogenic effects
� Immunology impaired
� Coronary disease
� Central nervous system damage
� Deformation of DNA
� Low reproduction
� Disturbance of the development of a child

The Me-Hg compounds irreversibly damage neurons of the central nervous system.
At high sublethal Hg doses in man, it may also cause: nervous disorders, brain damage,
cancer, cerebral palsy, gross motor and mental impairment, speech disturbances, blind-
ness, deafness, microcephaly, intestinal disturbances, tremors, and tissue pathology
(Drasch et al. 2004).

The Hg concentration in fish tissues is of great health risk. Dietary intake of Hg has
been studied recently for 14 countries, including the USA. Galal-Gorchev (1993) calcu-
lated that 20–35% of the Hg is contributed by fish diet for populations of these coun-
tries. Intake of Hg depends, to a great extend, on dietary habits. In the Nordic coun-
tries, especially in Sweden and Finland, high intake of Hg has been observed.

Hg
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Several human populations, around the world, have been identified as being in high
risk groups due to the consumption of fish with elevated Me-Hg contents. However,
higher consumption of cereals and other foods contribute more or less about the same
amount of Hg intake as that from fish. As a result of dietary habits, fish cannot be
blamed as the highest source of Hg for human diets. Nevertheless, fish food is usually
considered to contribute a great proportion of Hg in a diet. However, this can highly
differ. For example, in France, the Netherlands, the UK, and the USA, fish consumption
contributes 35% of Hg in a diet, whereas in Finland the intake percent through fish is
the highest, at 85% (Galal-Gorchev 1993).

The intake of Hg via the food by the population of the USA was: 126 ng kg–1 d–1

(range 5.7–3 131) and for females and 123 ng kg–1 d–1 (range: 3.1–2 367) for males
(Gunderson 1988). The youth (>14 years old) of Poland takes up Hg at the range of
mean values at 7–114 µg per week in rural and urban regions, respectively (Ludwicki
and Wiadrowska 1992).

It is advisable for pregnant women to limit their consumption of shark and sword-
fish as these contain higher concentrations of Me-Hg than other fish (FDA 1998). The
concentration of Me-Hg in fish is of a special concern. It is regulated by restrictions of
the consumption, especially for pregnant woman and children, when the concentra-
tion in fish is higher than 1 mg Hg kg–1. The tolerable intake of Me-Hg has been estab-
lished by the FDA in 1969 at 1.6 µg kg–1 BW. At Amazon, Brazil, 80% of the people
consume fish daily and on average two meals a day. The mean concentration of Hg in
hair of the studied population was 17.8 mg kg–1, at the range of 6.3–36.9 mg kg–1. Ac-
cording to the WHO, the limit value of Hg in hair is 6 mg kg–1. These results suggest
that the population of Amazonian riverine communities is at risk from the Hg con-
tamination due to high Hg fish ingestion (Cavalcante de Oliveria et al. 2004).

Since the 1950s, when Hg compounds were commonly used as fungicides, sev-
eral Hg intoxications have been observed in humans. It was known as Minamata
disease and has occurred in Japan, after the consumption of fish and shellfish with
increased Hg contents, in the range of 2.6–6.6 mg kg–1 (Adriano 2001). In the 1970s,
in Iraqui, people consumed cereals that were dressed with Hg-fungicides and were
also heavily intoxicated with this metal (Mitra 1986; Takeuchi et al. 1989; Tsubaki and
Takahashi 1986).

Animals. Mercury is present in tissues of all organisms and usually is more concen-
trated in sea animals than in terrestrial ones. Ringed seal (Phoca hispida) contained
27–187 mg Hg kg–1 FW, and this meat is a traditional and common food of the coastal
Inuit people (Eaton et al. 1980). Elevated levels of Hg in hair (109 mg kg–1) and blood
(0.037 mg l–1) of Inuits were reported, but they had no symptoms of Hg poisoning
(Eisler 2000).

The biomagnification and transfer of Hg through mammalian food chains is well
documented, however it can vary considerable (Galster 1976; NAS 1978; Eaton et al.
1980; Eisler 1981; Wren 1986). There are different Hg concentrations in herbivorous
mammals and carnivorous mammals. The former species (e.g., mule deer, moose) con-
tain <1.0 mg Hg kg–1 FW in liver and kidney, whereas the later species (e.g., marten,
polecat, and red fox) frequently contain >30 mg kg–1 (NAS 1978).

II-12.3  ·  Mercury (Hg)
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Chapter II-13

The Group 13 consists of five elements: boron (B), aluminum (Al), gallium (Ga), in-
dium (In), and thallium (TI) (Table II-13.1). These elements are characterized by hav-
ing three electrons in their outer energy levels, but reflect a wide range in the occur-
rence and behavior. The geochemistry of these widely distributed elements is quite
complicated. Among them, only B is metalloid and plays a significant role in plants.
Aluminum, being one of the basic constituents of the lithosphere, reveals amphoteric
properties. Three other trace metals are widely distributed in the lithosphere and, due
to their special properties, share an important position in the field of electronic industry.

II-13.1
Boron (B)

II-13.1.1
Introduction

The chemistry of B is extremely complex due to which a special attention has been
paid to it by the scientific community. Boron and its compounds have a special appli-
cation in various military sectors and in organic syntheses. The importance of B com-
pounds in bonding theory and organic chemistry has been presented by two Noble
prize-winners (Power and Woods 1997).

Trace Elements of Group 13
(Previously Group IIIa)

Table II-13.1. Selected properties of trace elements of the Group 13

B
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Boron is widely but not uniformly distributed in the environment. Its content in
igneous rocks increased with the acidity of the rocks, while in sedimentary rocks it is
closely associated with the clay fraction (Table II-13.2). Its common minerals are: borax,
Na2B4O7 · 10H2O; colemanite, Ca2B6O11 · 5H2O; ulexite, NaCaB5O9 · 8H2O; kernite,
Na2B4O6 · 3H2O; and tourmaline minerals of a very complex composition. Boron might
be associated with feldspars and micas.

Boron has a high affinity for oxygen, due to which it occurs in the nature mainly
bound with oxygen (B-O compounds) (Wyness et al. 2003). Its chemistry is rather
complex and resembles that of Si (Cotton and Wilkinson 1989). It is relatively widely
distributed in the lithosphere and hydrosphere (Table II-13.2).

II-13.1.2
Production and Use

About 0.8 Mt of commercial borate products (B2O3) were manufactured in 1994 from
B minerals. In 2003, the global B production was 4.4 Mt (WMSY 2004).

Boron is produced by the chemical reduction of B-compounds with reactive metals,
either by thermal decomposition or by nonaqueous electronic reduction (US Bureau
of Mines 1989). Borate deposits are quite rare and generally found in arid regions, with
a history of volcanism or hydrothermal activities. The United States is the world’s major
producer of borates (WHO 1998). Boron is a highly refractory metalloid and the pro-
duction of pure B is rather difficult due to its high melting point and corrosive prop-
erties in the liquid form.

Borates have varied uses (Table II-13.3), and the principal sector (56%) is fiberglass
and heat resistant borosilicate glass (e.g., Pyrex) production. It is used in flame retar-
dant tools and textiles, agricultural fertilizers and pesticides, cosmetics, antiseptics,
and leather tanning. Its great proportion is added to laundry products (US Bureau of
Mines 1989; WHO 1998).

Table II-13.3.
Use pattern of boron com-
pounds (kt)

II-13.1  ·  Boron (B)
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II-13.1.3
Soils

The B content in soils is associated with the clay fraction and with SOM. The B status
of arable soils has been extensively investigated and shows a very broad range from 1
to over 400 mg kg–1, at a common range between 10 and 100 mg kg–1 (Table II-13.2).
Its highest concentrations were reported for lateritic and calcareous soils. Boron is
inherited mainly from parent rocks, but industrial pollution, sludge and coal fly ash
application to soils, as well as B-fertilizers are significant sources of this element
(Butterwick et al. 1989; WHO 1998; Matsi and Keramidas 2001).

Boron is relatively strongly sorbed by both inorganic and organic soil components and
increases with soil pH, reaching a maximum level at the alkaline pH range of 9 (Goldberg
et al. 1993a, 1996). Than, its sorption decreases at the pH range of 10–11.5 (Goldberg and
Glaubig 1986). The pH is a guiding factor for the mobility and phytoavailability of B in
soil. Several other soil parameters, such as SOM, clay minerals, Fe- and Al-hydroxides,
and carbonates may also highly control its behavior. The mechanism of B adsorption on
Al- and Fe-oxides is based on ligand exchange with reactive surface hydroxyl groups. The
B adsorption creases for Al2O3 at pH range of 6–8, and for FeO at a pH between 7 and 9
(Goldberg and Glaubig 1986; Su and Suarez 1995; Toner and Sparks 1995). Goldberg
et al. (1993b) reported that the B adsorption decreases in soils dominated by crystal-
line minerals, when temperature varies between 10 and 40 °C.

In soils, B is considered to be the most mobile element among the micronutrients,
although its water-soluble fractions is relatively low and varies from about 3 to 5% of
the total content (Table II-13.4). Although B is rather deficient micronutrient in most
soils, some soil of arid and semi-arid regions, soils overfertilized with B, and soil
amended with sewage sludge and fly ash may contain hazardous amount of this ele-
ment (Zhang et al. 2004a). Surface water contaminated with B may create agricultural
problems in some areas, especially when it is used for the irrigation (Nicholson and
Wood 1997).

Table II-13.4. Total and water-soluble boron content of soils in China (mg kg–1) (from Liu Zheng et al. 1980)
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II-13.1.4
Waters

The median concentration of B in worldwide ocean water is calculated at 4 500 µg l–1

(Reimann and Caritat 1998). Mean content of B in river water is 10.2 µg l–1, in a broad
range of 1.5–150 µg l–1 (Gaillardet et al. 2003). These authors estimated the annual river-
ine flux of B to be 380 kt. In the USA, B in surface waters ranges from 1 to 5 000 µg l–1 (US
EPA 1986; Butterwick et al. 1989).

Recent investigations on B in the EU countries have indicated its concentra-
tions between <10 and >1 000 µg l–1. Wyness et al. (2003) reported B concentra-
tions in European rivers to range (mean values) from 17 to 632 µg l–1, being the
lowest in England and Finland and the highest in Germany and Portugal. Rivers of
Asia contain B in the range of <10–7 000 µg l–1. Mean B values for river water in Japan
is 10 µg l–1 and in South Africa is 300 µg l–1 (Neal et al. 1998). This author explains
such variations due to both natural and anthropogenic factors. High content of
water-soluble B in fly ash may be easily leached into the aquatic environment de-
pending on the ash to water ratio (Eisler 1990). At the presence of soluble Al com-
pounds, B forms an insoluble aluminum-borate complex, which reduces its solubility
by about 90%.

Boron concentration in rainwater sampled in Sweden in 1999 varied between
1.3 and 2.9 µg l–1, and its wet deposition is calculated at 18 g ha–1 yr–1 (Eriksson
2001). Median B concentrations in rainwater from the Kola Peninsula range from
0.5 to 0.7 µg l–1 in remote and polluted regions, respectively (Reimann and Cari-
tat 1998).

In surface waters, B can occur mainly as boric acid H3BO3 and anion B(OH)4
–. Be-

sides, it forms polyborate and fluoroborate complexes. Boron may also occur in com-
plexes with transition metals and organic compounds (Bassett 1980).

Boron is released into surface waters through weathering processes, volcanic
emission, and, in variable amounts, from anthropogenic sources that include sewage
outfalls, especially with detergent products, leaching salt deposits, and B-fertil-
izers. The yearly input of B in surface waters of the USA is calculated at 32 Mt,
and this creates environmental problems, especially to agricultural soils (Nicholson
and Wood 1997).

In sewage, B occurs primarily as an undissociated boric acid. The concentration of
B in sewage of various countries is relatively high (in mg l–1):

� USA: 0.4–1.5; max. 4, Butterwick et al. (1989)
� Europe: mean 2; max. 5, Butterwick et al. (1989)
� Spain: mean 1.45, Navarro et al. (1992)
� Sweden: 0.34–0.436, Ahl and Jönsson (1972)
� Egypt: 0.32–0.38, El-Hassanin et al. (1993)

Boron in bottom sediments may persist for a long period; desorption and leaching
of B from sediment may occur when the system reaches equilibrium at the sediment-
water interface. The primary desorption processes are based mainly on the diffusion.

II-13.1  ·  Boron (B)
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Maximum adsorption generally occurs at pH 7.5–9.0 (Keren and Mezuman 1981; Keren
et al.  1981).

The B concentration in groundwater may be of a real agricultural concern in some
regions. Its worldwide contents in groundwater vary between <0.3 and >100 mg l–1

whereas in Europe it is in the range of 0.3–1.5 mg l–1, where the highest concentration
was noted for Italy and Spain, and the lowest for countries in the northern Europe
(ECETOC 1997).

The concentration of B in tap water has been reported to range from 0.007 to
0.2 mg l–1 in the USA and England. A survey of 969 public water supply systems of the
USA showed B concentration at <1 mg l–1 (ATSDR 1992). Boron is not removed from
groundwater and surface water used for drinking purposes and it is not of a health
concern.

Aquatic biota. Boron is not toxic to aquatic biota, but some of its compounds, like
boric acid and borax may be harmful to sensitive organisms (e.g., trout). Fish and
amphibians can tolerate up to 10 mg B l–1, for some periods without any adverse ef-
fects, but it has been suggested that concentration >0.1 mg l–1 may affect reproduction
of rainbow trout (Oncorhynchus mykiss) and >0.2 mg l–1 may affect the survival of other
fish species (Eisler 1990).

Aquatic plants of three rivers in the USA, polluted from industrial and agricultural
sources contain B in the ranges of 26.3–170 mg kg–1, and 11.3 to 57 mg kg–1, depending
on plant species (Adams et al. 1973). In marine algae and phytoplankton, B values ranged
from 4.2 to 14.9 mg kg–1 (Yamamoto et al. 1973). Studies of B in plants, insects and fish
have shown that the B does not biomagnify in aquatic species and in aquatic food-
chain (Table II-13.5).

Table II-13.5.
Boron concentration in aquatic
organisms (mg kg–1)
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II-13.1.5
Air

Natural emissions of B occur from the sea and volcanic activities. Its industrial sources
include: mining operations, glass and ceramics industries, chemicals production, and
coal fired power plants. It may occur in forms of aerosols or in particulate (<1–45 µm
in size), as borides, boron oxides, borates, boranes, organoboron compounds (e.g.,
borazines). During coal combustion, about 70% of the coal B enters into the atmo-
sphere (Kuhn et al. 1980; Pagenkopf and Connolly 1982). Borates are soluble in water
and can be removed from the atmosphere by wet precipitation or by dry deposition
(US EPA 1987).

The global anthropogenic emission of B varied between 180 and 650 kt yr–1 whereas
B from marine sources has been estimated at the range of 0.8–4 Mt yr–1 (Anderson
et al. 1994). This author has calculated the total global release of B to the atmosphere
at the range of 2.0–7.2 Mt yr–1. Considering the available emission data, the mean glo-
bal B concentration range in the air is: >0.5–80 ng m–3, but over the continents it is
20 ng m–3 (WHO 1998). The half-life of airborne B particles has been estimated to be
in the order of days depending on the particle size and weather conditions.

Increased B amounts may be released from ceramics industries, as it has been re-
ported for Spain (Riog-Navarro et al. 1997). According to these authors, 30% of samples
from the working atmosphere contained B above the recommended TLV, established at
1 mg B m–3 (ACGIH 1994).

II-13.1.6
Plants

Boron is an essential element needed for the growth and development of vascular and
some aquatic plants while bacteria, fungi, and green algae do not require this element
(Loomis and Durst 1992). Its deficiency in crop plants is widespread (Gupta 1993a).
However, in arid and semi-arid irrigated regions, particularly in humid and temperate
climatic zones, B toxicity does also occur. The water-soluble B pool is readily available
for plant uptake (Tsadilas et al. 1994; Xu et al. 2001).

The B contents of plants grown under natural conditions widely vary for plant
species and kind of soil. Since dicot plants have a higher B requirement they contain
a higher B amounts (Table II-13.6). The lowest B contents have been always found in
seeds and grains. The highest B level, >100 mg kg–1, has been often cited for sugar
beet leaves. The critical B levels for most plants ranges at 5–30 mg kg–1 (Kabata-Pendias
and Pendias 2001).

Despite of the essentiality of B for higher plants, its biochemical role is still not well
understood. Boron has a complexing ability to trigger the movement of sugars and
other materials, and it is involved in cell-wall bindings, conversion of glucose-l-phos-
phate sugars to starch, and in the metabolism of nucleic acids (Goldbach and Amberger
1986). Recent finding have emphasized the particular importance of B interactions
with biological membranes, and with variety of biomolecules. The deficiency of B in
crop plants affects seed yield reduction, low male fertility, an impaired reproduction,
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and disruption to the ascorbate metabolism (Dell and Huang 1997; Dixon 1998). Its
deficiency can be detected visually in dicots, maize, and wheat, at tissue concentrations
of less than 20–30, 10–20 and 10 mg kg–1, respectively (Gupta 1993b). Dixon (1998)
described limiting impact of B on Clubroot pathogens of brassica plants.

Boron deficiency often occurs in plants growing in sandy soils because the avail-
ability of B from coarse textured soil is less than that from fine textured soil (Fleming
1980). One of the causes of B deficiency in plants is dry soil. Plant roots cannot extract
moisture from lower depths during dry conditions and the diffusivity of B decreases
with decreasing water content (Scott et al. 1975).

Soluble forms of B are easily available to plants that can take up undissociated
boric acid as well as other B species present in the ambient to root solution. Brown
and Shelp (1997) have classified plants into two categories: (i) species with restricted
B mobility, and (ii) species with significant B mobility. In the former case, water is
the translocation agent for the movement of B. The B uptake is therefore propor-
tional to its concentration and the water flow. In the later case, B shows rapid and
significant phloem mobility in species for which sorbitol is the primary photo-
synthetic product (Brown and Hu 1996). According to Kohl and Oertli (1961): “the
pattern of B distribution in plants and symptoms of B toxicity are correlated with
leaf ventilation and are consistent with the hypothesis that B moves with the trans-
piration stream”.

Oertli and Richardson (1970) concluded that B in leaves can be mobile and accumu-
lated at the sites of the termination of leaf veins. Boron immobility, due to a kind of
fixation, has also been observed in the leaf of walnut (Oertli 1993, 1994). Eaton (1944)

Table II-13.6.
Boron in food and forage plants
(mg kg–1) (after Kabata-Pendias
and Pendias 1999, 2001, unless
otherwise indicated)
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has explained that B may react with organic compounds which prevent its transloca-
tion to other tissues. However, there are several theories on the mobility of B in plants
(Campbell et al. 1975; Hanson and Breen 1985; Shelp and Shattuck 1987).

Most crops remove less than 100 g B ha–1, but there are some exceptions such as
lucerne and sugar beet, which often remove about 300 g B ha–1 (Table II-13.7). Boron
removal by cereals and grains is quite low but still additional B fertilizer is needed to
repair B deficiency in some soils, although significant amounts of B may be supplied
through rainfall (Liu et al. 1980).

The deficiency of B has been reported in 132 crops and 80 countries, including sev-
eral European countries (Shorrocks 1997). A global assessment of B in soils and plants
has indicated that the B deficiency in crops is possible in any country, but its deficiency
is noticeable in the most Asian and African countries (Sillanpää 1982).

Boron is an essential element for higher plants, but it is toxic to most plant species
when accumulated at higher concentration. The increased B content of irrigation water
may be especially toxic to crop plants grown in arid regions. The ability of a plant to
adopt to high concentrations of B may depend on the germplasma and may be con-
trolled by both physiological mechanisms and genetic diversity of species.

Ba¤uelos et al. (1999) and Ayars et al. (1990, 1994) observed plant resistance to
B-enriched waters in the arid regions of California and Chile. Toxic effects may occur
in some B-sensitive crops such as beans, carrots, and lettuce when the concentration
of B in water exceeds 4 mg l–1 (Maas 1986; Shennan et al. 1995). Boron tolerance has
been reported for non-horticultural plants such as salt grass (Distichlis spicata), Ber-
muda (Cynodon dactylon) and mesquite (Prosopis chilensis) growing in the arid re-
gions of Chile.

II-13.1.7
Humans

Contents of B in mammalian tissues vary between <0.2 and <0.5 mg kg–1, being the
highest in kidneys and liver and the lowest in skin (Jørgensen 2000). Its concentra-

Table II-13.7.
Boron removal by crops (from
Shorrocks 1997)
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tions in soft tissues of humans range from 0.06 to 0.6 mg kg–1, in brain and kidneys,
respectively. The average content in tissues of the “reference man” is 0.3 mg kg–1 (Li
2000). This author has cited the B mean concentrations (in mg l–1) at 0.13 in human
blood, and at 0.71 in urine.

In 1996, the WHO Expert Committee on Trace Elements in Human Nutrition
concluded that B is “probably essential”. Penland (1994) suggested that B may
play a role in cell membrane function, mineral and hormone metabolisms, and en-
zyme reactions. Nielsen (1991, 1994, 2004) reported that B is required or beneficial
in humans and animals for many life processes, such as embryo development,
bone growth and calcification, immune function, psychomotor skills, and cogni-
tive function.

The common total intake of B by adults from food is calculated at about 1.2 mg d–1

(WHO 1998). It varies a little bit among the countries and sex (Table II-13.8). Veg-
etables and fruits are better source of the dietary B than milk and eggs (Table II-13.9).
Tolerable intake (TI) by adults has been estimated for B at 0.4 mg kg–1 BW, thus an
acceptable intake of B has been proposed for adults as 18 mg d–1 (Murray 1995). The
WHO (1998) guideline value in drinking water is 0.3 mg B l–1, whereas Murray (1995)
calculated that since drinking water consumption is about 2 l d–1, a person could drink
water containing up to 8.25 mg B l–1.

Boron is not very toxic, especially when ingested. Symptoms of acute toxicity, are:
nausea, vomiting, diarrhea and dermatitis. In animals, toxicity occurs after the dietary
B exceeds 100 mg kg–1.

Table II-13.8.
The dietary boron intake by
adults (mg d–1) (after Coughlin
and Nielsen 1999)

Table II-13.9.
Boron in some foods (mg kg–1 FW)
(after Mosonen 1994)
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II-13.2
Aluminum (Al)

II-13.2.1
Introduction

Aluminum is the third most abundant element in the Earth’s crust, occurring at about
8% (Table II-13.2). It reveals lithophile properties, one oxidation state (+3) and is slightly
mobile in hypergenic zones. However, in an acidic environment, its solubility increases
and Al becomes toxic to terrestrial and aquatic species. Naturally occurring Al com-
pounds exist mainly in undissolved forms.

Aluminum is either main or secondary component of many minerals, especially of
all silicates. Minerals composed only of Al are: boehmite, γ-AlOOH; diaspore, α-AlOOH;
corundum, Al2O3; and hydrargilite/gibbsite, γ-Al(OH)3 that is the main component of
bauxite rocks. Possible host minerals of Al are: feldspars, micas, and all layer silicates.

Aluminum reacts with mineral acids and strong alkalis due to its amphoteric char-
acter. It exhibits a strong relation to electronegative groups (e.g., OH–) and to some
ions (e.g., F–). Its partitioning between solid and liquid phases has been cited as re-
sults of reactions between water molecules and electron-rich anions, e.g., chloride,
fluoride, sulfate, nitrate, and negatively charged functional groups of humic materials
and clays (WHO 1997).

In the 1970s and 1980s, forest began to die due to root damage in Europe, the USA,
and Canada which was found to be due to acid rain liberating soil metals, especially Al
(Rosseland et al. 1986; Wells et al. 1986). Nuorteva (1990a) assessed forest damage to
be due to a high Al-induced Ca deficiency syndrome. The toxic forms of Al have been
found to be mainly inorganic monomeric Al (Berggren and Fiskesjo 1987), but Kennedy
(1986) mentioned that Al+3 and Al-hydroxide, Al(OH)2 are the most usual toxic forms
of Al and it has been observed that Al toxicity is rather a complex phenomenon which
is influenced by the hardness, pH, and DOC of the water (Freda 1991).

II-13.2.2
Production and Use

World production of Al was 139 Mt in 2000 and 148 Mt in 2003 (WSMY 2004). In 1998,
global recycling of Al scrap was about 11.6 Mt, which fulfilled close to 40% of the glo-
bal demand. In Europe, average recycling of Al cans and other scrap is about 40%. In
some countries, such as Sweden and Switzerland, Al scrap recycling is over 80%.

Aluminum ores, most commonly bauxites, contain up to 55% of Al2O3 · H2O and
occurs mainly in tropical and sub-tropical areas. There are also some bauxite deposits
in Europe. The commercial deposits are mainly gibbsite, and boehmite. Primary alu-
minum production facilities are located all over the world, often in areas where there
are abundant supplies of inexpensive energy, such as hydro-electric power (Dinman
1983; IARC 1984).

Scrap Al has significant value and can be recycled repeatedly. The recycling of Al
requires only 5% of the energy as compared to primary production and as such gen-
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erates only 5% of the “green house” gas emissions (http://www.world-aluminium.org/
production/recycling/index.html).

Due to versatile properties of Al, it is used in different industrial sectors including:
metallurgical, packaging, transportation, construction, and electrical and chemical
productions. Its compounds are used in paper manufacturing, water purification, sugar
refining, wood preservation, leather tanning, waterproofing textiles and many others.
Aluminum is a component of cathode ray tube heating elements, is used as a corrosion
inhibitor, cement accelerator, and has several others applications (HSDB 1995).

II-13.2.3
Soils

Aluminum is an abundant element in soils and its contents vary commonly between 1
and 4% (Table II-13.2). The total Al content of soils is inherited from parent rocks and
its species and distribution in soil profiles are highly governed by several soil proper-
ties of which the soil pH is especially significant. Only easily mobile and exchangeable
fractions of Al play an important role in soil fertility, however, the dynamic equilib-
rium among various Al species and insensitivity in the transformation are difficult
and almost impossible to identify correctly, even using sophisticated modern tech-
nologies (Boudot et al. 1996; Smith et al. 1999; Umemura et al. 2001, 2003).

Aluminum species in soil solution highly depend on the pH. The complexation also
increases Al solubility and mobility. In the absence of ligands (mainly DOC), pH value
controls Al speciation; following species are likely to predominate at given pH values: <5.0,
Al3+; 5.0, Al3+, AlOH2+, Al(OH)2

+; 5.5, Al(HO)2
+; and >6.2, Al(HO)4

– (Kinraide 1991). Some
colloidal forms of Al compounds and organic complexes also occur in aqueous phase.

The solutions of neutral soils contain Al at about 400 µg l–1, while its concentration
in the soil solution at pH 4.4 was reported to be 5 700 µg l–1 (Gough et al. 1979). The
concentration of organic Al in soil solution linearly correlates with concentration of
carbon and increases with depth, from 3.3–9.8 µmol l–1 at 5 cm to 115 µmol l–1 below
55 cm (Nilsson and Bergkvist 1983).

The behavior of Al is often modified by SOM, and the organically bound Al forms
in solid and liquid soil phases are resulting from different equilibrium processes
(Berggren and Mulder 1995; Drabek et al. 2003). Results of studies carried out by Walker
et al. (1990) confirmed conclusions that the equilibrium solubility of Al is dependent
on pH and the degree of SOM saturation with this metal. Temperature dependence
and rate studies indicated that the Al solubility is governed by an ion exchange reac-
tion between H+, Al and SOM (WHO 1997). The influence of soil acidity on Al binding
in sandy soils with low humus content (<2%) has indicated that binding capacity of Al
decreases slowly from very strong at pH 5.5–7.0 to very weak at pH 2.5, but increases
with increased SOM content.

During weathering of parent materials, at acid environment, highly reactive Al com-
pounds and poorly-ordered alumino-silicates (including organic-alumunic compounds)
are formed (Álvarez et al. 2002). These authors studied the role of tree vegetation (oak,
pine and eucalypt) and types of parent materials (granodiorite, shale and limestone)
in the chemical properties of forest soils, with a reference to Al speciation in solid and
liquid phases. The results have indicated that plant species have effective impact on the
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concentration and mobilization of Al in soils, and thus may affect the formation of Al-
organic ligands and Al phytotoxicity. The acidification of soils of coniferous forests in
the Scandinavian countries highly controls the Al speciation in soil solution. Its total
concentration in the solution increases with the increase of soil acidity (McBride 1994;
Lundström and Gieslet 1995; Hees et al. 2001).

The Al mobilization in acid soils together with the release of basic cations has been
often reported for Swedish forest (Bergkvist 1987; Driscoll et al. 1989). Leaching of Al
has been observed in all soil kinds, but the maximum leaching was noticed from pod-
zols (Bergkvist 1987). Also, soil acidification due to the atmospheric deposition of S
(mainly SO2) increases the Al solubility. The oxidation of sulfides present in soils (e.g.,
pyrites) produces H2SO4, which interact with other minerals to yield Al ions. The mobile
Al in acid soils can be taken up by plants and it creates a problem of chemical stress
in plants. Foy (vide Kabata-Pendias and Pendias 2001) reported that Al toxicity in
subsoils is particularly harmful because it causes shallow rooting, drought susceptibil-
ity, and poor use of subsoil nutrients.

II-13.2.4
Waters

Aluminum concentration in ocean and seawaters depends on the salinity and is rela-
tively low, varying commonly between 0.03 and 2 µg l–1 (Table II-13.2). River waters
contain much higher Al amounts that range broadly from about 2 to over 1 000 µg l–1,
depending on surroundings rocks and soils. Its average content is calculated at 32 µg l–1,
and the global riverine flux at 1 200 kt yr–1 (Gaillardet et al. 2003). Shiller (1988) re-
ported Al concentrations in rivers of the USA to vary between 95 to 2 370 pmol kg–1.

In the surface layer of seawater it may be at a higher level due to the atmospheric
deposition and higher scavenging rate. In the North Atlantic Ocean, Al level is on the
lower side due to a low atmospheric input (WHO 1997). In North Sea, the measured value
of Al for 1988 was cited at the range of 10.2–49.2 nmol l–1 (Hydes and Kremling 1993).

The speciation of Al in the aquatic systems depends on several parameters, such as pH,
DOC, and contents of fluoride, sulfate, phosphate, silicate, and suspended particular matter.
In acidic environments, the concentration level of Al may rise to 500–1 000 µg l–1 (WHO
1997). According to thermodynamic modeling, there is considerable uncertainty regarding
presence of AlOH2+, Al(OH)2

+ and Al(OH)3
0 which are important species at the pH between

4.5 and 6, the most dominant form of Al species being Al3+ at pH <5 (Dobbs et al. 1990).
The presence of organic ligands, such as salicylate and oxalate, has important im-

pact on Al complexes, especially at the pH range 4–5 (Plankey and Patterson 1987).
The nadir of aqueous Al solubility is at pH 6.2 (Yokel 2004). The Al species in waters
may be quite variable (Table II-13.10).

Moiseenko et al. (1995) studied Al and other trace elements released from metal
industries in the northeastern part of Fennoscandia, located above the Arctic (Polar)
Circle and have indicated that sulfate concentrations in the surrounding lakes are caus-
ing acidification which triggered the toxicity of Al. Around Al smelter, the Al concentra-
tions in waters and sediments increase, as well as its mobilization. At the distance of 20 km
away from the smelter, Al concentrations were between 15 and 63 mg Al l–1, and did not
decrease at 80 km from the smelter, where it was still at the value of 70–90 mg Al l–1.
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Rainwater from the Kola remote region contain Al at 2.9 µg l–1 and from polluted
region 105 µg l–1 (Reimann and Caritat 1998).

The Al concentration in drinking water of the USA is mainly below 100 µg l–1

(Schenck et al. 1990). Acceptable level of Al in drinking water is established in Europe
at 50 µg l–1, and by the WHO (1997) at 200 µg l–1. The US EPA accepted a broad level for
Al in drinking water at the range of 50–200 µg l–1 (Yokel 2004). At neutral pH, the Al
level in groundwater wells can be less than 100 µg l–1, but in acid waters (pH 4.4), it is
often above 5 000 µg l–1.

Aquatic biota. There is major concern regarding the Al toxicity in freshwater systems.
The toxicity of Al to fish in acidic waters, especially of lakes and rivers, has been well docu-
mented (Godal et al. 1995; Camilleri et al. 2003) and it is believed that aqueous Al is the
main toxicant killing fish in these waters (Howells et al. 1994; Gensemer and Playle 1999).

Respiratory problems in fish generally occur due to the Al toxicity at pH >5.5, when
the disturbance of ion regulatory is resulting in a decrease in plasma Na+ and Cl– (Neville
1985; Gensemer and Playle 1999). High concentrations of water Ca may decrease Al
toxicity in fish (Wood and McDonald 1987; Playle et al. 1989). Poléo and Hytterød (2003)
have stated, based on results of the laboratory experiment, that there is no mortality at
Al concentration of 350 µg Al l–1 to Atlantic salmon for three weeks when water pH is
9.5. It also has been documented that rainbow trout exposed to Al at pH >10 survived
for a few weeks (Yesaki and Iwama 1992; McGeer and Eddy 1998).

There is evidence that in freshwater, 40–50% of Al is present as particulate/colloidal
forms while in seawater Al occurs mainly as reactive Al species. This suggests that in-
creased salinity transformed Al from nonreactive to reactive form that has toxic effects to
fish. There is also a contradiction regarding the presence of base cations (Ca2+, Mg2+, Na+,
K+) and Al toxicity on fish mortality (Alstad et al. 2005). Generally, increased water ionic
strength (due to presence of Cl+ and Na+) mitigates the effect on fish exposed to toxic Al,
by reducing the Al concentration on gill surfaces (Dietrich et al. 1989; Lydersen et al. 2002).

II-13.2.5
Air

World median Al concentration in air from remote regions is calculated by Reimann
and Caritat 1998 at the range of 46–70 ng m–3, and in air from polluted areas at

Table II-13.10. Aluminum speciation in waters from different sources (data from Ca¤izares et al. 1994,
Mitrovic et al. 1998, and Quintela et al. 1993)Al
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1 300 ng m–3. Other estimations gave somewhat higher amounts of Al in air from ur-
ban/industrial regions (Table II-13.2). According to data of the WHO (1997), the atmo-
spheric concentration of Al is 0.5 ng m–3 over Antarctica and up to >1 000 ng m–3 in
industrial areas.

Aluminum dust in the atmosphere is found as aluminosilicates associated with crustal
particulate matter. This dust is from both natural and industrial sources. Most of
particle-borne Al dust stems from volcanic eruption, wind blown soil dusts, and Sa-
hara sands.

The information from the European Aluminum Association (Nordheim@eea.be)
suggests that Al released as Al2O3 from the European Al-industry is 0.21 kg t–1 of Al mined,
whereas total dust emission containing Al2O3, AlF3 and Na3AlF6 is about 2.33 kg t–1 of Al
production.

Aluminum is generally associated with large particles (>2 µm diameter) that are de-
posited in the vicinity of a source. Rain (1981) calculated Al input to the Arctic Ocean due
to the rainfall at 30 kt yr–1 that is much less than recently estimated global riverine inputs.

II-13.2.6
Plants

Aluminum contents in food plants vary from 7 to 104 mg kg–1, being the lowest in apples
and the highest in spinach. Its much higher concentration is in fodder legumes and
grasses, up to above 3 000 mg kg–1 (Table II-13.11).

The physiological function of Al in plants is not clear, although there is some evi-
dence that low levels of Al may have a beneficial effect on plant growth (Kabata-Pendias

Table II-13.11.
Aluminum in food and forage
plants (mg kg–1) (after Kabata-
Pendias and Pendias 1999, 2001,
unless otherwise indicated)
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and Pendias 2001). The most important problem is associated with the Al toxicity, as
one of the major factors which limits the growth and yield of plants cropped on acid
mineral soils (Matsumoto et al. 2001).

During acidification of soil, there is an increased concentration of Al3+ ion in the
soil solution, which is the most phytotoxic form of Al (Jones and Kochian 1997). It has
been demonstrated that under low pH, polynuclear Al, such as Al13 may exist in solu-
tion, which is more toxic than monometric Al3+ (Parker et al. 1989). However, its ex-
istence in soil solution is still under question. A number of reports suggest that free Al
is toxic to plant roots and very little proportion of Al is transported or adsorbed to the
aerial plant parts (Mendoza and Borie 1998; Rufyikiri et al. 2000). Apparently, a large
part of the Al is associated with cell walls and plasma membrane because the cell wall
pectin and plasma membrane are negatively charged (Delhaize and Ryan 1995).

The main toxic effect of Al is the inhibition of root growth that has been shown on
Al-sensitive maize and many other plants, such as tobacco and tea plants (Lewis 1990;
Sivaguru and Horst 1998; Blancaflor et al. 1998). Additional effects of Al toxicity in-
clude: poor root hair development and brittle roots due to decreased translocation of
water, nutrients and phosphate from roots to shoots (Delhaize and Ryan 1995). One of
proposed mechanisms of the Al toxicity is rapid displacement of Ca by Al from cell
walls, especially the Ca bound to pectin. This phenomenon causes cell wall rigidity due
to which cells cannot expand (Watmough and Dickinson 1995). Another important
phenomenon is the accumulation of callose (β-1,3-glucane) which has been consid-
ered as one of the Al toxicity sensitizing effects (Horst et al. 1997).

Plant species and even cultivars of the same species differ considerable in their
tolerance to the excess of Al and their ability to its uptake and translocation. It is not
very clear yet to what extent root-food crops and leafy vegetables can uptake this metal.
There is calculation that uptake factors (ratio of plant Al/soil Al) for leafy vegetables,
fruits and tubers are 0.004 and 0.00065, respectively (Kabata-Pendias and Pendias 1999).
The tolerance of plants to the excess of Al seems to be based on avoiding metal accu-
mulation. This can be accomplished by giving off organic acids such as oxalate and
malate from roots which chelate the toxic Al rendering it non-toxic form to plants
(Miyasaka et al. 1991; Ma 2000). In addition, plants may develop internal resistance
mechanisms against Al toxicity, these include (i) release of organic ligands such as malate
acid, (ii) increase of rhizopheric pH by roots, and (iii) increased binding capacity to
cell walls (Matsumoto et al. 2001).

Much work has been focused on the Al toxicity in terms of nutrients such as Ca, Mg,
K, P and N. In practice, the uptake of cations by plants is reduced with increased Al
levels (Kabata-Pendias and Pendias 2001). Effects of Al on the Ca2+ transport are more
prominent in the Al-sensitive wheat than in Al-tolerant one. The Al-induced inhibition
of Ca2+ uptake and its translocation from root apex to the basal part of the plant can
be reduced when the Al is removed from the soil solution (Matsumoto et al. 1996).

The intensity of the toxicity of different metal ions seems to be dissimilar due to ion
radius, valence and organic complexes which may effect plants, including alteration of
plasma membrane properties (Ernst 1998a). Aluminum as well as other trace metals can
affect the plant water relation at multiple levels based on stomatal effects and photo-
synthesis. Nowadays, it is known that roots can regulate shoot water relation not only
by hydraulic signals but also by chemical messages (Poschenrieder and Barceló 2004).

Al
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II-13.2.7
Humans and Animals

Humans. Contents of Al in mammalian tissues vary between 0.9 and 4.4 mg kg–1, being
the highest in skin and the lowest in heart and brain (Jørgensen 2000). Very high Al
contents, up to 30 mg kg–1, are reported for hair. Its concentrations in soft tissues of
humans range from 0.4 to 18 mg kg–1, in kidneys and lung, respectively. The average
content of Al in tissues of the “reference man” is 2.6 mg kg–1 (Li 2000). Its mean con-
centrations in human fluids have been reported (in µg l–1) at 0.6 in serum, and 11 in
urine (Reimann and Caritat 1998). Yokel (2004) cited that healthy humans contain Al
at the level of 3 and 9 µg l–1 in serum and urine, respectively. The Al toxicity is seen
when its level in serum is >200 µg l–1.

There is increasing awareness and concern of the Al toxicity to world population
and ecosystems due to acid rain/precipitation (Matsumoto 2000). Although there is
much debate on Al effects on humans, so far no positive conclusions have been made.
Aluminum is a well-known neurotoxic metal (Sjögren and Elinder 1997). Islam et al.
(1999) described neurodegenerative disorder known as Motor Neurone Disease (MND)
among young people (age 17–30) due to the excess of Al and other trace elements. It
has been cited that there is a risk of Alzheimer’s disease (AD) when one is exposed to
Al-dusts at work (WHO 1997; Polizzi et al. 2002). According to Bjernes (1993), elevated
content of Al in damaged brain cells of individuals suffered from this disease is a sec-
ondary effect.

The Al cation reacts with HPO4
2– and form slightly soluble Al(OH)2H2PO4, decreasing

availability of P compounds. Such effects are observed at patients after long-time appli-
cation of drugs on the base of Al(OH)3 (Matczak-Jon 1995). The Al level in blood plasma
of AD patients is higher (mean 9.9 µg l–1) than in healthy persons (mean 2.3 µg l–1) (Bartoô
et al.  2003).

Considering daily intake of Al, at the limit value of 1 mg Al kg–1 BW (WHO 1989),
no risk is expected from eating food cooked in Al-pots and/or Al-foil (Ranau et al.
2001). A minimal risk level for oral exposure of 2 mg Al kg–1 BW per day has been set
up in the USA (Yokel 2004). Aluminum is relatively easily excreted from human body,
however at kidneys’ disorders, Al may be accumulated in brain cells and in bones.

Table II-13.12. Aluminum in liver of animals from Norway (mg kg–1 FW) (after Godal et al. 1995)

II-13.2  ·  Aluminum (Al)
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Animals. There is little information on the requirement for Al in the biological systems
(Eichenberger 1986). Godal et al. (1995) studied 213 liver samples from reindeer, moose
and sheep and reported the ranges of all mean values to be from 0.04 to 0.75 mg kg–1,
being the lowest for moose livers and the highest for reindeer livers (Table II-13.12).
Similar data have been reported by Jorhem et al. (1989) for the Al distribution in sheep
and moose. These results, as well as data presented by Godal et al. (1995) have indi-
cated that there is no relationship between the acidification of soils and Al in livers of
ruminants. Somewhat higher Al contents, especially in liver and kidneys, have been
reported for animals from a vicinity of the Al-smelter in Slovakia (Table II-13.13).

II-13.3
Gallium (Ga)

II-13.3.1
Introduction

Gallium is one of the few metals with a melting point close to room temperature. In its
compounds, the valency of Ga is generally 3 but the oxidation states of +1 and +2 may
also occur (Table II-13.1). It reveals chalcophile properties and resembles the behavior
of Zn. The geochemistry and aquatic chemistry of Ga are similar to those of Al, but Ga
is less reactive than Al (Orians and Bruland 1988). Because Ga+3 is slightly larger than
Al+3 its content of aluminous minerals might increase during geochemical differentia-
tion. The distribution of Ga in various igneous rocks and in rock forming minerals
depends primarily on the magmatic melt. Its concentration is lower in ultrabasic rocks
than in alkali rocks.

The Ga contents in the Earth’s crust range between 15 and 19 mg kg–1. Its increased
contents in argillaceous sediments show an association with clay minerals. The only
own Ga minerals are: gallite, CuGaS2 and söhngeite, Ga(OH)3. It may be associated
with feldspars, amphiboles and micas. Due to the ability to combine with O and S, it

Table II-13.13.
Aluminum in tissues of animals
near the aluminum smelter
in Slovakia (mg kg–1) (after
Mankovská and Steinnes 1995)

Ga
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has formed different complexes with some anions, e.g., O, F, and S. The electronegativi-
ties and ionic potential suggest that Ga, similarly like Al and Fe, possess amphoteric
characteristics, as a result of which they are placed in the group of complex elements.

II-13.3.2
Production and Use

World production figures for Ga are not available, nevertheless there is an estimation
of its production in 1999 at 70 t, and the primary Ga production capacity in 2003 at
203 t (USGS 2004).

Gallium occurs in minute concentrations in some ores and is generally produced as
a by-product of treating bauxite during the production of Al. Its level varies in bauxite
mined from different regions, the highest concentration (0.08%) being reported for the
bauxite from tropical regions. It is also obtained at sphalerite (ZnS) and other sulfide
metals exploration. The world supply of recoverable Ga in bauxite is estimated at 1.6 Mt,
based on bauxite reserves and the Ga concentration.

The of Ga became important in the 1970s, due to its semi-conducting properties.
About 44% of Ga is used in electronic devices such as light emitting diodes (LEDs),
photo detectors, and solar cells. About 55% of Ga demand is for integrated circuits. A
small amount of Ga is also used as an alloying element and for laboratory purposes.
Different Ga compounds are applied in the cancer therapy.

II-13.3.3
Soils

The common range of Ga in soils is between 3 and 70 mg kg–1, and its mean content is
calculated at 28 mg kg–1 (Table II-13.2). The Ga distribution in soils reflects the posi-
tive correlation with clay fraction, and Fe and Mn hydroxides. The abundance of Ga in
soils of various countries are reported, as follows (in mg kg–1):

� USA, San Joachim Valley, range: 16–35 (Wilson et al. 1994)
� China, range: 10–40 (Govindaraju 1994)
� Japan, range: 18–23 (Takeda et al. 2004)
� Sweden, range: 3.4  – 16 (Eriksson 2001)
� Sweden, forest soil (O horizon), average: 0.41 (Tyler 2005a)

Concentrations of Ga in rock stream-bed and in top soils seem to be not closely
associated (Table II-13.14). Due to the association of Ga with Al, its higher contents in
soils than in the continental crust is observed some times (Henderson 1982).

Gallium is relatively slightly mobile in soils, partly due to a low solubility of Ga(OH)3,
its common compound. Therefore it is considered to be a useful marker for the char-
acterization of soil genesis and parent materials, for example based on Ga vs. Zr and
Zr vs.  Ga ratios (Muggler 1998).

Galium is emitted from Al works and during coal combustion. Its elevated con-
tents in effluents, sludge and composts may be a source of soil contamination
(Table II-13.15).

II-13.3  ·  Gallium (Ga)
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Table II-13.14.
Gallium in Californian stream-
bed, top-soils and rocks
(mg kg–1) (after Shiller and
Frilot 1996)

Table II-13.15. Gallium and indium in selected Danish waste products (data for 2001, from the Danish-
EPA 2003)

II-13.3.4
Waters

Bowen (1979) presented data for average Ga concentrations in seawater at 0.03 µg l–1

and in fresh water at 0.09 µg l–1. According to (Nozaki 2005) Ga in the Pacific Ocean,
averages at 0.0012 µg l–1. Gallium in worldwide rivers ranges between 0.001 and

Ga
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0.022 µg l–1 (mean 0.03), and its annual riverine flux is calculated to be 1.1 kt yr–1

(Gaillardet et al. 2003). In the Northeast Pacific Ocean, Ga concentration at a depth of
250 m was measured to be 0.5 pmol kg–1, whereas at the surface of the Sargasso Sea, it
was about 45 pmol kg–1 (Shiller 1988). This author reported Ga levels in river waters in
the USA to vary between 68 and 250 pmol kg–1.

In fresh and sea waters, Ga occurs as Ga(OH)3
0 and Ga(OH)4

– (Danish EPA 2003). Its
solubility depends upon the pH value, Ga(OH)4

– being soluble at low pH value. Shiller
(2003) estimated residence time of Ga in deep water to vary between 100 to 700 years
depending on the location, which is 3–5 times greater than the residence time of Al.
Due to variable sources of Ga in aquatic systems, its levels and the mode of residence
time in the Norwegian Sea and Atlantic Ocean are different.

Rainwaters sampled in Norway contained Ga at the range of 0.03–0.04 µg l–1 (Re-
imann and Caritat 1998), whereas these sampled in Sweden, in 1999, contained Ga be-
tween 0.002 and 0.011 µg l–1 (Eriksson 2001a).

Aquatic biota. In the USA, toxicity of GaCl3 on rainbow trout was tested for 28 days,
and at the concentration of 3.5 mg l–1 was harmful (US EPA 2000).

II-13.3.5
Air

Data on Ga occurrence in the atmosphere are very scanty. Its concentrations above remote
regions vary from <0.001 to <0.14 ng m–3 (Table II-13.2). It is emitted from Al works and
coal combustion plants, thus its contents over industrial areas may reach up to 1 ng m–3.

Due to high levels of Ga in various waste products, as reported for Denmark (Table II-
13.15), it is quite possible that the emission of Ga will increase at local, regional, and
global levels. According to data given by Bertine and Goldberg (1971) the Ga emission
from coal burning is about 1 t yr–1.

Relatively high content of Ga, ranging between 0.14–16 mg kg–1, in moss sampled in
Norway during the period 1990–1995, may reflect the atmospheric deposition (Berg
and Steinnes 1997).

II-13.3.6
Plants

Although Ga is commonly found in plants, and there is no evidence neither for its neces-
sity nor for the toxicity. The Ga contents in wheat and barley grains from Sweden average
about 0.001 mg kg–1 (Eriksson 2001). Its higher amounts, from 0.02 to 5.5 mg kg–1, were
found in native herbages Russia (Gribovakaya et al. vide Kabata-Pendias and Pendias
2001). Elevated levels of Ga in mosses, lichens and bryophytes indicate apparently its
aerial sources. A higher ratio of Ga/Al in terrestrial plants than in the soils in which
the plants grown can reflect the selective uptake of Ga by plants.

Tyler (2004) selected a site untouched by mechanical disturbances for the last 50 years
and also unpolluted from industrial sources in south Sweden, where Ga concentrations in
ectomycorrhizal beech roots and in organic soil horizon were at 0.06 and 0.41 mg kg–1,
respectively.

II-13.3  ·  Gallium (Ga)
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II-13.3.7
Humans

Content of Ga in most mammalian tissues is <40 µg kg–1 (Jørgensen 2000). Its concen-
trations in soft tissues of humans range between 0.3 and 5 µg kg–1 in muscles and lung,
respectively (Li 2000). There is the estimation that a person with a mass of 70 kg con-
tains 0.7 mg Ga in the body, what is equal to the content at 10 µg kg–1 (Danish EPA
2003). Its mean concentrations in human fluids have been reported (in µg l–1) at 0.3 in
blood, and 0.5 in urine (Reimann and Caritat 1998).

The physiological function of Ga has not been understood yet. There are no data,
which suggest that Ga is harmful to humans (Danish EPA 2003). However, the informa-
tion on its nephrotoxicity and on irritation of skin and mucous membranes are re-
ported. Gallium has been shown to have significant effects at the molecular level; its
increased doses to rats inhibit some enzyme and DNA synthesis (Ziegler et al. 2004).

II-13.4
Indium (In)

II-13.4.1
Introduction

The abundance of In in the Earth’s crust is reported to range between 0.11 and
0.25 mg kg–1 and is higher in igneous rocks than in sedimentary ones (Table II-13.2).
Available data on In occurrence in terrestrial material might be not very precise be-
cause of difficulties during analyses of geological samples (Yi et al. 1995).

Indium is easily oxidize to +3 and usually precipitates under condition that form Fe
and Mn hydroxides. Thus, it is associated with Fe-bearing minerals, mainly due to sorption
processes. Indium exhibits a chalcophilic behavior and therefore forms sulfide minerals,
such as: indite, FeInS4; and roquésite, CuInS2. However, selenide and telluride minerals are
also common. Its sources of economic importance are mainly: sphalerite, ZnS; galena,
PbS; and chalcopyrite, CuFeS2. The In concentrations in these minerals may be very high,
up to (in mg kg–1): 10 000 in sphalerite, 1 500 in chalcopyrite, and 100 in galena. However,
generally its contents in these minerals vary between 10 and 20 mg kg–1 (Noël 1999).

II-13.4.2
Production and Use

Galena and sphalerite are the most important minerals for the recovery of In.
However it is often recovered from residues, slag, dusts and ashes, during produc-
tion of Zn, Pb and Sn. The global production of In was about 335 t in 2002 (http://
minerals.usgs.gov/minerals/pubs/of 01-06/).

Indium is generally used in alloys, solders and electronics. At the end of 1980s, its use
as a thin-film display (TPD) in the electronic industry was developed and aroused much
interest. An alloy consisting of 80% Ag, 5% Cd and 15% In is used in thermal-neutron
absorbers for nuclear reactors. Indium is also used in Na-lamps and its compounds
(hydroxide, acetate and sulfate) have replaced Hg in alkaline batteries (Danish EPA 2003).

In
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II-13.4.3
Soils

Worldwide mean contents of In in uncontaminated soils are reported to range from
0.01 to 0.5 mg kg–1. Its contents in soils from Sweden average <0.04 mg kg–1, with the
highest concentration up to 0.06 (Eriksson 2001a). Japanese agricultural soils contain
in top layer In at the range from 0.08 to 0.1 in Acrisols and Cambisols, respectively
(Takeda et al. 2004). Fergusson (1990) reported mean concentrations of In in soils from
Brazil and Canada, at 0.15 and 1.71 mg kg–1, respectively. Surface horizon of forest soils
in Sweden contains 0.007 mg In kg–1 (Tyler 2005). Increased In contents, at the range
of 0.11–1.92 mg kg–1, are reported for soils from the vicinity of Zn-Pb smelter (Asami
et al. 1990). Its elevated contents in sludge and composts may be a source of soil con-
tamination (Table II-13.15).

Indium distribution among soils indicates the association with clay fraction. It is
also likely to be sorbed by Fe and Mn hydroxides. Soluble species of In in soils are
mainly InCl2+ and In(OH)2+ that are mobile at acid and neutral pH range. Above pH 9.5,
the anion In(OH)4

– is likely to occur.

II-13.4.4
Waters

Mean In concentration in ocean waters is reported to be low, at 0.1 ng kg–1 and it is
considered as the least soluble elements (Nozaki 2005). Alibo et al. (1999) reported In
levels in the Atlantic Sea to vary between 6.25–10.71 pmol kg–1 at the depth of 20–1 000 m,
which is higher by a factor of 2 to 10 than in the North Atlantic Sea.

In freshwater, In may be present as InOH2+ whereas in natural waters and sea wa-
ters, the dominant species are In(OH)3 and InCl2

+ (Fergusson 1990; Alibo et al. 1999).
At decreased chloride concentration (<10–2 mol l–1), In may be present as In3+ and/or
as hydroxide species, which have relatively short oceanic residence time (less than a
few hundred years) and it is removed from seawater by scavenging on particulate matter
and deposited in bottom sediments (Alibo and Nozaki 1999).

II-13.4.5
Air

The concentration of In in the atmosphere from remote areas varied between
0.054–78 pg m–3 (Fergusson 1990). Air from urban/industrial areas contains much
higher amounts of this metal, up to 1 200 ng m–3 (Table II-13.2). This indicates its
anthropogenic sources, mainly from waste and coal combustion, where In may accu-
mulated up to 0.09 and 0.2 mg kg–1 (Tables II-13.2 and II-13.15). Considering these
values, the global emission of In from coal and waste combustion seems to be insig-
nificant. There may be atmospheric emissions of In from other sources, but no re-
ports on this topic are available today (Clarke and Sloss 1992).

As Rühling and Tyler (2004) reported, the increase of In in litter (2.3 µg kg–1) as
compared with its concentration in leaves (0.2–0.5 µg kg–1) is due to organic matter
decay. The content of In in moss (Pleurozium schreberi) decreased significantly from

II-13.4  ·  Indium (In)
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0.011 in 1975 to 0.0013 mg kg–1 in 2000. This seems to indicate that the emission of In
has been decreased during that period. Decreased In contents in younger layers of ice
cores and snow is an important information of its atmospheric deposition affected by
decreased volcanic emission through the prehistoric time (Table II-13.16).

II-13.4.6
Plants

Although In is known to be readily available to plants, its accumulation in plants has not
been observed. Its common contents in plant tissues vary between 1 and 2 mg kg–1. Few
data on In in some plants are reported by Fergusson (1990), as follows (in µg kg–1 FW):
beets 80–300, leaves of fruit trees 0.64–1.8, tomato leaves 0.64–1.8, and vegetables 30–710.
Cereal grains sampled in Sweden contain In at <5 µg kg–1 (Eriksson 2001a). Beets grown
in soil amended with sewage sludge contain much higher amounts of this metal, in the
range of 80–300 µg kg–1. Unwashed grass samples from industrial regions contain In
at the range of 8–2 100 µg kg–1 FW (Furr et al. vide Kabata-Pendias and Pendias 1999).

The concentration of In at 1–2 mg l–1 in culture solution induces the toxicity, ob-
served mainly in roots. Microorganisms reveal a higher resistance to In than do higher
plants, however at its contents of soil in the range of 5–9 mg kg–1, nitrification pro-
cesses are inhibited (Kabata-Pendias and Pendias 1999).

II-13.4.7
Humans

The only data for In in human tissues are given for muscles at the concentration of
16 µg kg–1 (Jørgensen 2000) It is reported to average in human urine at 0.15 µg l–1 (Re-
imann and Caritat 1998).

Table II-13.16. Indium concentration, stemming from rock and soil dusts, in Taylor Dome ice samples
(after Matsumoto and Hinkley 2001)In
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The In toxicity depends on the solubility of its compounds. It can hinder protein
synthesis causing neurological effects such as limb paralysis, and renal and hepatic
damage. Its chloride compounds are nephrotoxic, whereas colloidal forms are hepato-
toxic (Madden et al. 2004). Appetite problems in humans have been observed, and death
of a person from In poisoning has been reported (Danish EPA 2003).

Several studies have shown that the excess of In may cause teratogenic, embroytoxic,
and reproductive dysfunction effects in animals. The chronic inhalation exposure af-
fects inflammatory changes in lung (Madden et al. 2004).

II-13.5
Thallium (Tl)

II-13.5.1
Introduction

The range of Tl content in the Earth’s crust is calculated at 0.85–1 mg kg–1. Its content
seems to increase with increasing acidity of igneous rocks and with increasing clay
contents of sedimentary rocks (Table II-13.2).

Thallium has lithiophilic properties and occurs mainly in three oxidation states, but
preferable in +1 oxidation state (Table II-13.1). It is associated with K-minerals (e.g.,
feldspars, micas) and with S-minerals (e.g., pyrite, sphalerite).

Thallium exhibits higher electronegativity than any of the alkali elements. It occurs
in several minerals, but only in some is present at higher amounts: lorandite, TlAsS2;
and avicennite, Tl2O3. Its other minerals, are rather rare and without any potential
mining, such as: crookesite, (Cu,Tl,Ag)2Se; and hutchinsonite, Pb,TlAs5S9.

II-13.5.2
Production and Use

The global production of Tl has been rather stable during the recent decades. At the
end of the 1980s, production of Tl was 17 kt yr–1 and has not changed significantly till
the year 2000 (WMSY 2004). The recent worldwide industrial production of Tl is es-
timated to be in the range of 10–15 kt yr–1 (Bertram and Bertram 2004).

Thallium is generally recovered during the production of Zn since its produc-
tion from primary products is not profitable. Many Zn ores contain >2 mg kg–1 of
Tl which goes into the residues and dusts in Zn industries. Minor amounts of Tl
are also obtained from Pb, Cu and Fe smelters, and from sulfuric acid plants
(Nriagu 1998). It can also be obtained during the recovery of Au and U (Twidwell
and Beam 2002).

Commercial use of Tl as an alloying element is quite limited due to its toxic prop-
erties. In recent years, its largest user (60–70%) has been the electronic industry. It is
added to the production of special refractive glass. Thallium is also used as radioiso-
topes in medicine for scintigraphy and the diagnosis of melanoma. Its previous use in
pesticides (rodenticides and insecticides) has been recently strictly avoided due to the
toxicity (ATSDR 1992).

II-13.5  ·  Thallium (Tl)
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II-13.5.3
Soils

Thallium content of soils is controlled by parent material as well as by contamination.
Its background abundance varies from 0.01 to 2.8 mg kg–1, being increased in loamy
and organic soils (Table II-13.2). Its occurrence in uncontaminated soils from differ-
ent countries has been reported as follows (in mg kg–1):

� Canada, garden soils, range 0.17 – 0.22 (Fergusson 1990)
� China, range 0.21 – 2.4 (Govindaraju 1994)
� France, mean–max. 1.54 – 55 (Tremel et al. 1997a)
� Japan, range 0.39 – 0.59 (Takeda et al. 2004)
� Poland, range 0.01 – 0.41 (òukaszewicz et al. 1996)
� Sweden, range <0.04 – 0.52 (Eriksson 2001)
� Sweden, forest soil (O horizon), average 59 (Tyler 2005)
� USA, range 0.18 – 0.64 (Govindaraju 1994)

Anthropogenic sources of Tl in soils are related to coal combustion, heavy metal
smelting, refining processes, and cement industry that is considered to be the largest
emitter of this metal and is clearly supported by data presented in Table II-13.17.

Soils derived from Tl-sulfide mineralized parent material and soils from industrial
regions contain its increased levels. In China (Lanmuchang area), Tl levels in various
samples from the vicinity of mining region range as follows (in mg kg–1): soils, 40–124;
wash materials, 20–28; alluvial deposits, 14–62; undisturbed natural soils, 1.5–6.9; and
background soils, <0.2 to 0.5 (Xiao et al. 2004a,b). Slag dump of mining Tl-rich py-
rite (China, Guangdong province) contains this metal from 30 to 70 mg kg–1 (mean 47).
Because H2SO4 is used during the production, there is a great risk of Tl leaching that
affect soil and groundwater contamination (Yang et al. 2004; Xie et al. 2000; Wu et al.
2000).

Yang et al. (2005) and Xiao et al. (2004) concluded that Tl may pose a problem in the
environment if Tl-rich minerals and Tl compounds containing waste are not disposed
of correctly. In southern Poland, waste tips from the Zn and Pb mine contain Tl at
mean level of 39 mg kg–1 (max. 76) (Wierzbicka et al. 2004).

Thallium can be immobilized and oxidized to Tl+3 by sulfides in the terrestrial
environment (Sager 1998). Its mobility in soils was reported due to acid rain. The Tl
concentration in German soils, at the range of 0.2–4.0 mg kg–1, has decreased by

Table II-13.17.
Thallium in soils surrounding
cement plant and in its prod-
ucts (mg kg–1) (after Scholl
1980, data for cement plant in
Baden, Germany)

Tl
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10–15% of the HNO3-extractable fraction at pH <7.0, within 14 years (in the 1970s)
(Crössmann 1994).

Microorganisms are relatively sensitive to Tl, and therefore the inhibition of nitrate
formation in Tl-contaminated soils may have an agronomic impact.

II-13.5.4
Waters

In the North Pacific Ocean, Tl mean concentration is calculated to be 13 ng kg–1 (Nozaki
2005). According to Cheam et al. (1995) its average amounts in seawaters range between
10 and 15 ng l–1. These authors have reported concentrations in unpolluted and polluted
freshwater samples to ranges between 5–10 and 20–25 ng l–1, respectively. Lin and Nriagu
(1999) reported Tl concentrations in river waters of different countries to vary from 5 to
1 350 ng l–1, being the lowest in Poland and the highest in Japan. Excluding its very elevated
contents, apparently in polluted rivers, its concentration varies between 5.1 and 56 ng l–1.

Rainwater samples collected in Sweden during 1999 contained Tl at the range of
3.5–16 ng l–1 (Eriksson 2001a). The concentration of Tl in tap water of most cities of
Poland is reported to range between 5 and 24 ng l–1 (òukaszewicz et al. 1996). Safe
limit for Tl in drinking water is established at 2 000 ng l–1 (US EPA 2003). According to
other source, exposure limit values for ground and drinking water are set in the USA
as 500 ng l–1 (Bertram and Bertram 2004).

Based on the thermodynamic calculation, it may be predicted that Tl in seawaters
occurs mostly as TlCl6

3–. The Tl species in two river waters (Raisin and Huron, USA)
are: Tl3+ at the concentration of 11–13 ng l–1, and Tl+ at 6 ng l–1 in both rivers. The
main Tl3+ hydroxyl species is Tl(OH)2+ and is likely to form at the pH range of 4–6,
whereas Tl(OH)2

+ predominates at pH around 7, and Tl(OH)3 at pH 7.5–8.8 (Lin and
Nriagu 1998). As these authors have stated, the hydrolysis of Tl is generally governed
by the pH of the aqueous solution. Also the redox potential governs the chemical
speciation of Tl. Considering the standard reduction potential, Tl3+ has a limited sta-
bility field. According to some authors, Tl+ is the dominant species under most envi-
ronmental conditions (Flegal and Patterson 1985; Vink 1993).

Compounds of Tl are readily soluble in water and the metal has a tendency to be
sorbed to bottom sediments. Sediments of a polluted river in Germany, contain about
20 mg Tl kg–1, which is mobilized at a pH <2, whereas complexing agents had no influ-
ence on the mobility of Tl in the river sediments (Gunther et al. 1987).

Thallium in tailing ponds or in waters of mining areas may be quite high, and has
been reported to reach 1 620 µg of dissolved Tl l–1. Xiao et al. (2004b) cited Tl levels in
deep groundwater of the industrial region of China to reach 1 100 µg l–1, whereas the
background value is <0.005 µg l–1 (Table II-13.18).

Aquatic biota. The bioconcentration of Tl in aquatic plant species have been reported
by some authors (Barrows et al. 1978; Ewers 1988), however its toxicity, mobility,
bioavailability, and distribution are still under a discussion (Flegal and Patterson 1985;
Lin and Nriagu 1998). According to Flegal and Patterson (1985), following contents of
Tl are in aquatic species from the Central Pacific Ocean (in mg kg–1): phytoplank-
ton, 0.02–0.8; zooplankton, 0.03–0.5; and ichthyoplankton, 0.1.

II-13.5  ·  Thallium (Tl)
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II-13.5.5
Air

The concentration of Tl in the air in Europe has been reported to be 0.06 ng m–3 and
in North America 0.22 ng m–3 (ATSDR 1992).

Thallium enters into the atmosphere mostly from industrial sources, such as ce-
ment plants, coal combustion, ferrous and non-ferrous metallurgical plants, and burn-
ing of solid waste. As a result of its physicochemical properties and volatile nature, the
metal cannot be retained either by an electrostatic precipitator (ESP) or by other gas
cleaning equipment. Cement dust and fly ash are considered to be the main sources of
Tl pollution (Sager 1998).

The deposition of Tl on soils and waters occurs generally by dry and wet fall down.
Its wet deposition in Sweden has been estimated at 0.083 g ha–1 yr–1 (Eriksson 2001a).

II-13.5.6
Plants

The Tl content of plants seems to be a function of the concentration of its mobile fraction
in soils. It is relatively easily taken up by plants, especially by tree roots from acidified
soil (Tyler 2005). Its concentration in roots up to about 2 mg kg–1, can inhibit the ger-
mination, plant growth, and chlorophyll content (Kabata-Pendias and Pendias 2001).

The reference content of Tl in plants has been calculated by Markert (1992) at
0.05 mg kg–1. Smith and Carson (1977) gave Tl levels in various plants as follows
(in mg kg–1): vegetables, 0.02–0.13; clover, 0.008–0.01; and meadow hay, 0.02–0.025.
Wheat and barley grains sampled in Sweden contain average Tl amounts at 0.0002 and
0.0011 mg kg–1, respectively (Eriksson 2001a). Its increased levels (up to 5.5 mg kg–1)
have been sometimes in mushrooms (Kabata-Pendias and Pendias 1999). The maxi-
mum Tl content in some food plants (vegetables and fruits) has been set in Germany
as 0.1 mg kg–1 FW, however it is not a legal value (Bertram and Bertram 2004).

Some plants, especially Cruciferae and Gramineae families, exhibit a special ability
to take up this metal. Anderson et al. (1999) and Leblanc et al. (1999) discovered hyper-
accumulator plants Brassicaceous iberis intermedia Guersent and Biscutella laevigata L.,
grown in mining areas in southern France that contain Tl at levels of 1.4 and 0.4%,
respectively. These authors have cited the field trials in New Zealand that show that the
Iberis species may produce about 700 kg ha–1 of bio-ore containing 8 kg of Tl. Other

Table II-13.18.
Thallium in water samples col-
lected from different sources in
the Lanmuchang area, China
(µg l–1) (after Xiao et al. 2004a)
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plants, that can be used for Tl phytomining and the cleaning of contaminated soils, are
Biscutella laevigata and Iberis intermedia accumulating this metal up to 13 768 and
4 055 mg kg–1, when grown in soils containing Tl at levels of 28 and 16–18 mg kg–1,
respectively (Anderson et al. 1999).

Xiao et al. (2004a) studied Tl in crops in southwest Guizhou, China, and reported
the concentration of Tl decreasing in the following order: green cabbage > carrot > chili
> chinese cabbage > rice > corn. Thallium in green cabbage was at 500 mg kg–1, which
is more than its concentration in soils.

In the EU region (Germany, Poland and the Czech Republic), the moss, Pleurozium
schreberi contained 0.04–0.13 mg kg–1 and Polyrichum formosum 0.01–0.05 mg kg–1 in
less polluted areas; in the study areas Tl in topsoil was about 0.5 mg kg–1 (Heim et al.
2002). In south Sweden, Rühling and Tyler (2004) measured Tl in the carpet of forest
moss (Pleurozium schreberi) sampled in 1975 and 2000. They have indicated that cross
boundary deposition of Tl in the remote areas has decreased from 0.152 to 0.066 mg kg–1 in
1975 and 2000, respectively.

II-13.5.7
Humans and Animals

Humans. Contents of Tl in most mammalian tissues is reported to be <200 µg kg–1. Its
increased level, at 500 µg kg–1, is in skin (Jørgensen 2000). Its concentrations in soft
tissues of humans range from <1 to 9 µg kg–1 (Li 2000) and mean concentrations in
human fluids have been reported (in µg l–1) as: 0.4 in blood, 0.2 in serum, and 0.4 in
urine (Reimann and Caritat 1998). Bertram and Bertram (2004) cited, based on several
sources, the median contents of Tl in kidneys and hair of healthy unexposed individu-
als at 0.5 and <1 µg kg–1, respectively. These authors reported Tl to range in whole
blood and urine of adults (in µg l–1) from 0.05 to 0.39 and from 0.02 to 0.82, respec-
tively.

The toxicity of Tl has not been greatly studied, but its harmful impact has been ob-
served to both humans and animals. It has been confirmed that Tl is toxic to humans and
animals, and plays no role in their metabolisms. Considering its toxicity, Tl ranks along-
side Pb, Hg, and Cd (Tremel et al. 1997; Wierzbicka et al. 2004). Mechanisms of Tl toxicity
are related to: K-substitution, enzyme inhibition, lipid peroxidation, peripheral neur-
opathy, and antagonism to Ca in heart function (Bertram and Bertram 2004).

Toxic effects of increased amounts of Tl are: sleeping disorder, headache, fatigue,
polyneuritic symptoms, and baldness (Brockhaus et al. 1981). The mechanism of Tl
poisoning is not very clear, but similarly to other trace metals, Tl binds sulfhydryl groups
of proteins and membranes, thereby inhibiting a range of enzyme reactions thus caus-
ing poisoning (Ramsden 2002).

Its toxicity to humans generally occurs from skin contact, as it is easily absorbed
through the skin (Ewers 1988). However, ingested and inhaled Tl is also harmful to
organisms. General exposure occurs through the food chain, especially from fruits and
vegetables what has been observed at the population living in the vicinity of a cement
plant that discharges high-Tl containing dusts (Dolgner et al. 1983). Other significant
Tl sources are from coal combustion, roasting of sulfide concentrates and manufactur-
ing of Tl-containing products (Kazantzis 2000). In the Ti-Hg-As mineralization areas

II-13.5  ·  Thallium (Tl)
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of Guizhow Province, China, a number of causalities were reported from thallotoxico-
sis in the 1960s; still today high concentrations of Tl (153–2 668 µg l–1) in urine among
the population of that area are detected (Zhang et al. 1998; Xiao et al. 2004b).

In the Lanmuchang Tl mineralized areas of China, the estimated daily intake of Tl
by village people, via local planted crops, was reported to be 1.9 mg person–1 (Xiao
et al. 2004a). This high ingestion rate of Tl is 1 000 times higher than the world average
intake by adults, 2 µg d–1 (Sabbioni et al. 1984) and also far above the element’s “oral
reference dose” of 56 µg d–1.

Animals. In the 1960s, Tl toxicity has been reported among dog, cats, red foxes and wild
martens due to the use of rodenticides and insecticides containing Tl. Due to its toxicity,
Tl in rodenticide has been banned, but in developing countries it is still used which is
of a great concern. Sheep and horses died without any signs of disorder were reported
to lose their hair due to high Tl concentrations in the environment (Schoer 1984).

Tl



Chapter II-14

Trace elements of the Group 14 are: silicon (Si), germanium (Ge), tin (Sn) and lead (Pb).
Silicon, in combination with oxygen, is the basic non-metallic component of all rocks
and is considered as a trace element only in respect to its biochemical role. It is the
second most abundant element in the lithosphere. It performs an important role in
connective tissues, especially in bone and cartilage and it is believed to have played,
together with carbon, the crucial function in processes of the first synthesis of pro-
teins (Sedlak 1967). The next three elements, Ge, Sn, and Pb are metals, which show
chalcophilic properties and occur in the environment in two oxidation states, +2 and +4
(Table II-14.1).

II-14.1
Silicon (Si)

II-14.1.1
Introduction

Silicon is the second most abundant element, after oxygen, in the Earth’s crust and
occurs mainly as SiO2, in considerable amounts in nature; it has three oxidation states
of which +4 is the most common (Table II-14.1). It is most abundant and also most
stable element in the Earth’s crust. However, under specific conditions its compounds
can be dissolved and transported, mainly in colloidal phase.

Trace Elements of Group 14
(Previously Group IVa)

Table II-14.1. Selected properties of trace elements of the Group 14

Si
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Quartz, SiO2, is very resistant mineral in all terrestrial compartments and occurs
primarily as silica in the forms of quartz, flint and sand. Most silicate minerals are built
of a fundamental unit, SiO4, called tetrahedron. It is the basic component of kaolinite,
Al2O3 · 2SiO2 · 2H2O; several other clay minerals, and of all silicate minerals. Non sili-
cate mineral containing Si is carborundum, SiC.

II-14.1.2
Production and Use

Annual Si production in 1995 was calculated at 3.1 Mt (Reimann and Caritat 1998).
Silicon is commercially produced by heating SiO2 and carbon in an electric furnace,
using carbon electrodes. There are other methods by which amorphous Si can be
prepared as a brown powder that can be easily melted or vaporized. Hyperpure Si
can be produced by the thermal decomposition of ultra-pure trichlorosilane in a
H-atmosphere, and by the vacuum zone process. (http://pearll.lanl.gov/periodic/
elements/14.html).

Due to its versatile properties, Si is used in many different sectors of industry. It is
used in the electronics to produce transistors, computer chips, and solar cells, because
it has good semiconductor properties. It is commonly used for high temperatures
devices, because of its high melting point (Table II-14.1). Silicon is a useful refractory
material for high temperature processes and as silicate, is used in the production of
bricks, pottery, enamels, etc. Silica (sand) is the main ingredient of glass and silicon
monoxide and is widely used as a protective coating. It is also used as an alloying element
in the metallurgical industry, especially in the steel and aluminum industries.

II-14.1.3
Soils

Silicon is the second most abundant element in soils. It is one of the basic components
of the geosphere and at the same time it occurs in trace amounts in the biosphere
(Zielecka 1996). The common form of Si in soil is quartz, SiO2. It is also known to
occur in noncrystalline form, opal, which is believed to have had a biological origin.

The soil solution contains Si as silicic acid, H4SiO4 in the range of 1 to 200 mg l–1

(Kabata-Pendias and Pendias 2001). Weathering of aluminosilicate minerals is the main
source of dissolved Si in soil solution (D’Haese et al. 2004). The pH level has especially
important effect on the Si mobility, although several other soil and climatic factors
influence its behavior. The reaction of silicate anions is enhanced at high pH (>9.5)
and also the dissociation of H2SiO4 is enhanced.

The main source of Si, besides geogenic, is wind blown dusts composed mainly of
SiO2 · nH2O (Epstein 1994). There is evidence that Si reacts with other ions such as P,
Al and Ca, and Fe that modify its behavior. In such cases, silicate and phosphate pre-
cipitate in acid solution and may fix other cations such as Fe and Al oxides which have
the capability to absorb dissolved Si as H4SiO4. Often the content of Si in soils is asso-
ciated with types of parent material. Takeda et al. (2004) described that in agricultural
soils of Japan, levels of Si increase from mafic (Andosols) to felsic (Acrisols) rocks
(Table II-14.3).

II-14.1  ·  Silicon (Si)
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II-14.1.4
Waters

The average worldwide dissolved Si in the ocean, river and freshwaters has been re-
ported by different authors to be (in mg l–1): 2 (Treguer et al. 1995), 2.8 (Nozaki 2005),
4 (Conley 1997), and 6 (Willén 1991).

Silica in waters occurs mainly in form of silica acid, H2SiO4, which resulted from inor-
ganic and biochemical processes. Both processes may lead to the formation of amorphous
Si that is accumulated in bottom sediments. Biomass cycling, mineral breakdown and
leaching of minerals are main sources of Si in the aquatic environment (Zevenhoven-
Onderwater 2001; Conley 2002). Treguer et al. (1995) studied the biogeochemical cycling
of Si, during the 1990s, and calculated that the global net river input of Si is 145.45 Mtyr–1

and input from other sources 30.9 Mt yr–1. This means that 80% of Si input to ocean stems
from rivers and is in colloidal forms and/or biochelates. Thus, the gross oceanic BSi produc-
tion can be estimated at 6 740 Mt yr–1 and in permanent burial of BSi at 176.35 Mt yr–1.

Neal et al. (2005) studied Si concentration in the UK waters, for a wide range of
catchment systems (pristine, rural, agricultural and urban impact systems). Mean Si
concentrations in waters range from 0.06 to 2.58 mg l–1, being the lowest in rainwater
and the highest in groundwater (Table II-14.4).

Hartikainen et al. (1996) studied P and Si in lake sediments in southern Finland.
Both elements have similar sorption mechanism, however, the P is retained at a larger
pH range than Si. The sequential fractionation analysis indicated that P is bound by a
ligand exchange mechanism onto oxide surfaces (35–40%) and this process also dis-
solves half of the BSi. Due to chemical competition, silicate may depress the retention
of phosphate. These authors have hypothesized that silicate may contribute to phos-
phate release, especially in shallow eutrophic lakes where high algal production main-
tains a high pH in the water.

II-14.1.5
Air

In the atmosphere, it is found as Si compounds, mainly oxides or silicates, stemming
from natural and industrial sources. Wind blown dust, especially dust from the Sahara
desert, may carry huge amounts of Si into the atmosphere. Abundance of the Si in
moss samples may indicate its aerial transport. Its lower content in moss sampled during
2000 than in moss of 1975 shows a lower Si air pollution (Table II-14.5).

Table II-14.3.
Mean contents of SiO2, Sn, and
Pb in agricultural soils of Japan
(g kg–1) (after Takeda et al. 2004)
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II-14.1.6
Plants

Silicon is a common mineral constituent of plants, however, it is not defined to be essen-
tial. Its amounts vary greatly, mainly upon plant species. For example, mean Si contents
in grasses range between 0.3 and 1.2%, whereas its concentrations in leguminous vary
from 0.05–0.2%. Some species may accumulate much higher amounts of Si, up to >10%,
as for example: sedges, nettles, horsetails, and diatoms. Silica in the form of H4SiO4 (known
as dissolved silicate), is readily absorbed by plants and is deposited as a solid amorphous
SiO2. Körös (vide Kabata-Pendias and Pendias 1999) reported that Si may be taken up in
a form of monomeric silicic acid and/or as organic complexes. It is deposited as amor-
phous SiO2, as well as a special silicon complex that has been isolated from Thuja plicata.

Rice plants are also known as accumulators of Si and can contain it up to 10% in
hulls and up to 4% in grains, where is concentrated mainly in chloroplasts (Alyoshin
et al. 1988). There is evidence for two mechanisms of Si uptake; passive in grasses and
several other plants and active in rice. Silicon is absorbed from the soil solution as
monosilicate acid or amorphous silica, and its absorption depends on the concentra-
tion of Si, the water regime, and the pH (Richmond and Susman 2003). Ma et al. (2001)
investigated more than 150 plant species and divided mechanisms of the Si uptake into
three different modes: active, passive and rejective.

Silicon has not yet been known as an essential element for higher plants because its
role in plant biology is poorly understood (Epstein 1999). However, recent studies

Table II-14.4.
Silicon in various waters of
the United Kingdom (mg l–1)
(after Neal et al. 2005)

Table II-14.5.
Mean concentrations of Si, Ge,
Sn, and Pb in moss (Pleurozium
schreberi) collected from
south Sweden in 1975 and
2000 (mg kg–1) (after Rühling
and Tyler 2004)

II-14.1  ·  Silicon (Si)
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confirmed that Si is an important element that increases the tolerance of plants against
environmental stress (Savant et al. 1999). It is also believed that Si is necessary for
plant growth, development, and structure strength.

In plants, this element can improve resistance or tolerance to Al, Mn, salt toxicity
(Yeo et al. 1999; Rogalla and Römheld 2002; Liang and Ding 2002; Liang et al. 2001;
2003). Chen et al. (2000) indicated that furnace slag is more effective in suppressing Cd
uptake by rice and wheat due to increased pH and availability of the Si from the fur-
nace slag. A general rule is that elevated pH reduced Cd uptake via Cd immobilization
in the presence of a Si source.

In most rice-growing regions, there is a problem of severe heath blight due to the
deficiency of phytoavailable Si in soils (Ou 1985; Rush and Lee 1992; Roy 1996). The
most important diseases affecting rice are blast, brown spot, stem rot, scald and grain
discoloration, which is due to sheath blight disease. These effects can be minimized by
using Si-fertilization (Seebold et al. 2000, 2001). Rodrigues et al. (2003) have confirmed
positive effects of available Si in great plantations of rice in Brazil. It has also been cited
that Si could increase the drought tolerance of plants (Hattori et al. 2001; Lux et al.
2002). Gong et al. (2005) have indicated effects of Si on improved drought tolerance of
wheat plants, increasing antioxidant defense abilities and on maintaining of many
physiological processes such as photosynthesis under drought conditions.

II-14.1.7
Humans and Animals

Humans. Silicon is quite abundant element in mammalian tissues in the range from 70
to 450 mg kg–1, being the lowest in liver and brain and the highest in skin (Jørgensen
2000). Its highest contents, up to 500 mg kg–1 are also in bones, tendons, skin and lungs.
The concentration of Si in tissues of a “reference man” is calculated at 260 mg kg–1 (Li
2000). Much lower amounts are in soft tissues (2–10 mg kg–1) and in blood (<1 mg kg–1).
Its lowest concentrations, between <7.12 and 2 421 µmol l–1, are reported for serum (Bercowy
et al. 1994). The serum Si level is rather constant over the age of between 18–59; it may
decrease when age is over 60 years (Jugdaohsingh et al. 2002). Some authors believe
that hormonal activity plays an important role in the serum Si level of woman (Bissé
et al. 2005). The Si concentration of human urine vary significantly upon kidney func-
tion, from 140 to 4 600 µg l–1, in healthy individuals and in person with kidney failure
and/or hemodialyzed, respectively (D’Haese et al. 2004).

Silicon is not easily available to the humans due to its low water solubility, however,
it is an essential nutrient (Zielecka 1996). It is required for bone, cartilage and connec-
tive tissue formation and is also necessary for proper development of skin and hair.
Thus, Si has been reported to be a major ion in osteogenic cells (Carlisle 1986; Bissé
et al.  2005).

Excess of Si in diets may have an adverse effect on the metabolism of fats and phos-
phates. Save doses of Si for adults in food and water are proposed at 5–10 mg d–1 and
3–5 mg d–1, respectively (Suslikov vide Kabata-Pendias and Pendias 1999). Most forms
of Si, amorphous and crystalline, are harmless to organisms, however, some silicates of
needle-like structure, as e.g., asbestos, may have very adverse impact on cells due to
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physical irritation. The excessive inhalation of Si-containing dust may affect chronic
bronchitis and silicosis as well as tuberculosis and lung cancer. There is also reported
its indirect beneficial effects, since Si has a preventive role in senile dementia, reducing
the absorption of Al (D’Haese et al. 2004).

Animals. Most fodder plants contain Si in variable amounts (at common range of 0.05
to >1%) and it absorbed into tissues and fluids of (Carlisle 1982). The highest concen-
tration of Si is generally observed in the epidermis, appendages and connective tissues,
and which is generally derived from silicic acid. There is also observed that a low Si
level in forage can induce a development of osteoporosis at some animals (Birchall and
Espie 1986).

Silicon plays a significant role in the growth of hair and feather. The use of dietary
Si supplement has been reported for cows, but very little effect regarding concentration
of Si in cow’s milk has been reported (Carlisle 1982).

II-14.2
Germanium (Ge)

II-14.2.1
Introduction

Germanium concentration in the Earth’s crust averages 1.5 mg kg–1. The distribution
of Ge in major rock types resembles that of Si, but at much lower contents, being the
lowest in calcareous sediments and mafic magmatic rocks (Table II-14.2).

Germanium and Si have similar crystal structures and their atoms are similarly
arranged at their surface due to which their chemical characteristics are similar and
both occur preferable in the +4 oxidation stage (Table II-14.1). It can readily substi-
tute Si in silicate minerals (Martin et al. 1996). Germanium exhibits siderophilic prop-
erties, but can also reveals lithophilic and chalcophilic properties (Vlasov 1966). Its
common minerals are: germanite, Cu3(Ge,Fe)S4; argyrodite, Ag8GeS6. It is likely to be
associated with Pb-Zn-Cu sulfide ores.

During weathering, Ge is easily mobilized, mainly as Ge(OH)2 and transported in
aquatic systems, but then it is readily fixed by clay minerals, Fe hydroxides, and or-
ganic matter. Apparently, this might explain its elevated contents in several coals
(Table II-14.2). In most coals Ge ranges from about 1.6 to 13.4 mg kg–1 in samples
from the EU-15 and South Africa, respectively (Meij and Winkel 2004). In coal fly ash
its concentration averages about 95 mg kg–1. Font et al. (2004) reported that Ge re-
covery from coal fly ash is associated with the occurrence of sphalerite enriched in
this metal.

II-14.2.2
Production and Use

Total world production of Ge (metallic Ge, GeCl4, GeO2) has been rather constant,
at between 65 and 70 t yr–1 (USGS 2004). Generally, it is recovered from smelter

II-14.2  ·  Germanium (Ge)
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dusts during the Zn production, from Pb-Zn-Cu sulfide ores as well as from the by-
products of combustion of certain coals. Its presence in coals insures a large reserve
of the element.

Germanium is economically and strategically an important metal. Due to special
properties, its major part is used in fiber-optic systems (50%), polymerization cata-
lysts (20%), infrared optics (15%), electronic/solar electrical applications (10%) and
other uses in metallurgy, and chemotherapy (5%) (USGS 2004). There are thousands
of electronic applications for Ge doped with minute amounts of As, Sb, Ga, In and P.
This element is a very competitive sister for In and Ga, within the global electronic
market (Moskalyk 2004).

II-14.2.3
Soils

There is not much information available regarding Ge in soils. It is reported to range
in various soils of the USA from <0.1 to 2.1 mg kg–1, and from <1 to 95 mg kg–1 in
topsoils of Sweden (Skacklette and Boerngen 1984; Eriksson 2001a). Tyler and Olsson
(2001, 2002) found concentrations of Ge in soil and soil solution at 0.44 mg kg–1 (range
0.05–0.64) and 0.06 µg l–1 (range 0.01–0.12), respectively. Apparently, the level of Ge in
soil solution might be less due analytical errors during the HNO3 digestion. Germanium
contents in beech forest growing on a podzolized soil vary from 1–6 to 27 µg kg–1 in
fresh leaf litter and old leaf litter, respectively (Tyler 2005).

Kurtz et al. (2001) described the Ge behavior in soil weathering processes, using
the Ge/Si system as a tracer of silicate weathering processes. They indicated that the
Ge concentration in soils increases with Si, and decreases with Fe. However, the Ge/
Si fractionation is not related to Ge-Fe or Ge-organic complexes. Sequential extrac-
tion experiments indicated that most of the soil Ge is associated with a secondary
silicate fractions.

II-14.2.4
Waters

El Wardani (1958) measured Ge in ocean waters to be 0.05–0.07 µg l–1, whereas Braman
and Tompkins (1978) observed Ge concentration in fresh and estuarine waters at
levels of 0.016 and 0.029 µg l–1, respectively. In the Pacific Ocean, Ge is reported
to average 0.006 µg kg–1 (Nozaki 2005). The median value of Ge in the worldwide
ocean water is reported at 0.05 µg l–1 (Reimann and Caritat 1998). In river waters,
Ge ranges from 0.0014 to 0.08 µg l–1, at the world mean concentration of
0.007 µg l–1 (Gaillardet et al. 2003). These authors calculated the riverine flux of Ge
at 0.25 kt yr–1.

Apparently, in addition to cationic species (metallic), Ge is likely to occur in aquatic
environment as complex anions, such as HGeO2

–, HGeO3
–, and GeO3

2– (Lewis et al. 1988).
Different organo-Ge species were also identified in ocean waters. Unlike metallic Ge,
its methylated forms (Me-Ge, MM-Ge, and DM-Ge) are non-reactive in estuaries and
oceans. The MM-Ge and DM-Ge species are uniformly distributed in oceans depend-
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ing on the salinity of water. It is believed that organo-Ge in ocean waters comprises
>70% of the total Ge concentration. The formation of Me-Ge species and their occur-
rence in seawaters may also be due to the biomethylation processes that take place at
the presence of microbes. It has been cited that in pristine rivers, MM-Ge and DM-
Ge species are present in very minute levels, which are barely detectable.

II-14.2.5
Air

Germanium is generally released in to the atmosphere from coal fired power plants,
metallurgical industry and waste incineration.

Rühling and Tyler (2004) reported for moss samples from Sweden, collected in
1975 and 2000, Ge average levels at 0.091 and 0.015 mg kg–1, respectively (Table II-14.5).
Moss sampled in Norway, during the period 1990–1995 contained Ge at the range of
0.24–11 mg kg–1 (mean 1.1) (Berg and Steinnes 1997). These differences are appar-
ently related to variable long-distance aerial transport and to decreased emission of
the metal.

In the UK, it has been estimated that Ge is discharged to the environment from stack
gases, flue dust and ashes from coal burning, which amounted to about 2 000 t yr–1,
with the ash containing 20–280 mg Ge kg–1 (http://www.speclab.com/elments/
germanium.html).

II-14.2.6
Plants

Germanium is known to occur in all plants, but it is not known to have any physio-
logical functions. In different plant species it levels range from 50 to 754 mg kg–1

(Table II-14.6). Its elevated contents, up to 100 mg kg–1 in leaves of hazel grown
in Wroclaw, indicate polluted sites due to a high industrial emission (Sarosiek et al.
1998). Connor and Schacklette (1975) reported the Ge level in plant ash to average
20 mg kg–1.

Table II-14.6.
Germanium in selected
plants (mg kg–1) (source:
www.oxygentimerelease.com/
A/Therapies/Germanium/
b8.htm)

II-14.2  ·  Germanium (Ge)
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II-14.2.7
Humans and Animals

Germanium occurs in all mammalian tissues, in common range of 0.07–1.5 mg kg–1

and is likely to be in higher amounts is aquatic organisms than in terrestrial ones. In
human urine Ge is reported to occur at 1 mg l–1 (Li 2000).

There is no evidence that Ge is essential to humans or animals. In general, the tox-
icity of Ge is quite low except for the tetrahydride Ge that causes toxic effects in hu-
mans. Organic Ge-compounds claim to be destroyers of cancer cell and reveal antine-
oplastic properties in man (Gerber and Léonard 1997). However, there is information
on the death of a Japanese woman from taking a compound composed mainly of in-
organic Ge, who had suddenly taken ill and died. Inorganic forms of Ge, especially
when inhaled, may be toxic in high doses, but organic Ge is quite safe (http://
www.positivehealth.com/permit/Articles/Nutrition/Germanium/chapter11.htm.

Some foodstuffs such as seafood, oats, tomato juice, and garlic may content substan-
tial amounts of Ge (Table II-14.7). Human intake of Ge through foodstuffs varies be-
tween 0.4 to 1.5 mg d–1 (Vouk 1986), whereas according to Glei (2004), its daily intake
varies between 0.4 and 3.5 mg. Schauss (1991) estimated its average dietary intake by
adults at about 1.5 mg d–1.

Cigarettes, containing mean amount of Ge at 0.61 mg kg–1 FW, may be a substantial
source of inhaled metal (Schroeder et al. 1968). However, there is evidence that the
toxic effect of dusts containing Ge is not due to Ge, but to other dust constituents, such
as SiO2. The most harmful are Ge hydride and chloride compounds. During the course
of the Ge production, the exposure to air contaminated with Ge fumes and dusts may
occur. Workers exposed to Ge compounds show an increased urinary excretion with-
out any other symptoms. In users of Ge preparations (e.g., as antioxidant), increased
contents of this element are observed in spleen, renal cortex, brain, and skeletal muscles
(Glei 2004).

Certain Ge compounds have low mammalian toxicity but there is a stimulated in-
terest and marked activity in their use in pharmaceutical products, against some bac-
teria (http://www.ilo.org/encyclopaedia/. Only a few experimental studies on animals
indicated toxic effects of Ge (Schauss 1991).

Table II-14.7. Germanium in foodstuffs (mg kg–1 FW) (after Schroeder et al. 1968)
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II-14.3
Tin (Sn)

II-14.3.1
Introduction

The distribution of Sn in the Earth’s crust averages at above 2 mg kg–1 and shows an
increase in acid igneous rocks and in argillaceous sediments (Table II-14.2). Tin is a
component of only few minerals, of which the most important is cassiterite, SnO2. It
may combine with other metals in such minerals as, stannite, Cu2SnFeS4; teallite,
Cu3SnS4; and montesite, PbSn4S3. The ability of Sn to form complexes with organic
substances may affect its enrichment in biolites.

Tin was mined in Spain, from the beginning of the Bronze Age and at that time the
main suppliers of Sn were the Phoenicians who carried on trade from their mines and
smelters situated in the Iberian Peninsula. Hence it is one of the earliest metals known
to and used by humans, mainly as a component of bronze alloys.

Tin exhibits two oxidation states: Sn2+ (stannous) and Sn4+ (stannic). The former is
basic and behaves like a metal, whereas the latter form is amphoteric and may behave
in an acidic manner in an alkaline solution. Most organotin compounds have tin in the
4+ oxidation state. Common organotin compounds, OTCs, are composed of MBT, DBT,
and TBT (Table II-14.9).

II-14.3.2
Production and Use

The primary world Sn production was 231 kt in 2002 and 258 kt in 2003 (WMSY 2004).
Its secondary production of Sn in the United States touched 9.0 kt at that time (USGS
2004). The annual global production of organotin is about 50 kt (Mercier et al. 1994).

Tin is generally extracted from the ore of cassiterite. Other Sn-containing minerals
are of much smaller commercially importance. The production of pure Sn requires the
following steps: roasting, acid leaching, smelting and electrorefining.

Most of Sn is used as a component of protective coatings and as an alloying element.
Due to a large temperature difference between melting (232 °C) and boiling (2 270 °C)
points, Sn can be used as an alloy without loss through the vaporization. The metal has
a large number of organometallic derivatives, which are used commercially more than
any other element. There is observed a significant increase of its use in the South-East
Asian region and in the developing countries (Fent 1996b).

Its uses are documented in the coating of steel (e.g., sheet metals) and for solder, glass-
making, PVC stabilizers (mainly organotin), pesticides and wood preservatives. Organotin is
a common component of ship paints that has significant environmental effects (Hoch 2001).

II-14.3.3
Soils

The average values of Sn in 15 different types of soils in the USA range between 0.6
and 1.7 mg kg–1 (Shacklette and Boerngen 1984). Eckel and Langley (1988) estimated
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the mean background Sn concentration in the US at 0.89 mg kg–1. Mean Sn contents in
agricultural soils of Japan range from 2 to 3.1 mg kg–1 in Andosols and Acrisols, re-
spectively (Takeda et al. 2004). According to Eriksson (2001a), Swedish topsoils con-
tain Sn in the range of 0.4–8.6 mg kg–1 (mean 1.8).

In uncontaminated soils, Sn is largely derived from its content in the bedrocks, and
occurs at the background level. In polluted sites, however, its concentration may be
highly elevated, as for example up to 1 000 mg kg–1, near smelter areas (Schafer and
Fembert 1984).

The presence of organic Sn compounds (OTCs) in the terrestrial systems stems
mainly from landfills, as it has been stated by Huang and Matzner (2004). It has been
also cited that the deposition of OTCs and Sntot on forest soils occurs via throughfall
or literfall and there is evidence that the phytouptake of OTC occurs from soils. The
OTCs are regarded as contaminants in the environment. They are associated mainly
with the clay fraction, which is an important control factor regarding the distribution
and fate of OTCs in soils. Both clay minerals and metal oxides, bearing a net negative
charge, are very effective sorbents for several OTCs under various conditions (Hoch
2001). Soil parameters, and in particular CEC, pH, salinity, and kind of minerals, are
important in controlling the sorption of OTCs (Batley 1996; Weidenhaupt et al. 1997).

II-14.3.4
Waters

The mean Sn concentration in worldwide ocean water is calculated at 0.004 µg l–1 (Re-
imann and Caritat 1998).  Lower concentration in the North Pacific Ocean, at
0.0005 µg kg–1, has been reported by Nozaki (2005). Increased Sn levels, up to 0.43 µg l–1

has been detected in waters of Swedish west coast during 1986–1988 (Szefer 2002a).
However, Sn concentration in unpolluted waters has been often below the detection
limit (WHO 1980). Earlier citations gave higher values for Sn in waters; in Canadian
rivers its levels were given to range from 1.3 to 2.1 µg l–1, whereas in the seawater it was
between 0.2 to 3.1 µg l–1 (WHO 1980).

Tin may be present in aqueous solution in either divalent or the tetravalent oxidation
states, depending on the oxygen pressure and pH of the system. In natural waters, OTCs
are present mostly as neutral species or as cations (Weidenhaupt et al. 1997). At different
pH, forms of OTCs in the aquatic environment differs considerably (Table II-14.8). Me-
thylated OTC from the river estuaries and the transformation of ionic OTC into volatile
species are significant sources of Sn in the marine environment (Feldmann and Hunter
1995; Tessier et al. 2002). These organic species are potentially volatile and the mobi-
lization of Sn species in the water column may be possible (Amouroux et al. 2000).

Table II-14.8.
Forms of OTCs in waters at
different pH (after Blunden
and Evans 1990)
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Tin may enter into the aquatic systems from various sources. However, very significant
pollution with different Sn compounds, including OTCs, has occurred in harbors, from
shipping and shipbuilding (Table II-14.9). Here, the water receives antifouling paints, which
are important factors influencing the concentration of Sn compounds (Koivisto 2003).

In the late 1980s and at the beginning of 1990s, the use of TBT-based antifouling
paints was banned in many western countries as a result of which the concentration of
n-TBT in waters and sediments is on the lower side. In the open Arachon Bay, France,
the concentration of TBT in water was measured to be only 1 ng Sn l–1 (Ruiz et al. 1996).
The quality standard for waters at 2 ng TBT l–1 has been recommended in the UK (Alzieu
et al.  1991).

Table II-14.9. Butylintin concentrations in water (ng Sn l–1)

Table II-14.10. Concentration of butyltin in sediments (µg Sn kg–1) (collected from different sources)
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In the aquatic environment, OTCs have a tendency to be adsorbed onto suspended
particulate matter. Through this mechanism, there is scavenging of OTC by sediments
in which Sn-chemicals and degradation products can occur (Table II-14.10). Some-
times, biomethylation of OTCs occur due to very fast photochemical and biological
processes in the sediments, the product being, e.g., mixed butylmethyltin species,
BuMe3Sn; up to 540 µg Sn kg–1 (Jantzen 1992). In addition to OTCs, the mobile inor-
ganic Sn4+ is also found in sediments that is due to discharge of chemicals from indus-
try (Kuballa et al. 1996).

Aquatic biota. Elevated concentrations of Sn and especially of organotins affect the
growth and reproduction of both zoo- and phytoplanktons. Experimental data showed
that TBT at concentrations <1 ng l–1 modifies behavior of marine gastropods. Organo-
tins are easily accumulated in aquatic birds. In some cormorans in Lake Biwa, Japan,
the TBT levels were at 42–160 µg kg–1, which is a result of the ingestion of fish contain-
ing 10–55 µg Sn kg–1 (Thompson et al. 1990).

The OTCs are considered to be one of the most hazardous known pollutants in
the aquatic systems (Fent 1996b). Due to the extensive use of OTCs, significant con-
centration of these chemicals has been observed in different compartments of
the aquatic environment. The highest contents of Bu3Sn are found in fish and mam-
mals (Fig. II-14.1).

Fig. II-14.1.
Ranges of tributyltin (Bu3Sn)
levels in various samples of
aquatic systems (adapted from
Hoch 2001)

Table II-14.11.
Tin species in green algae
(Enteromorpha sp.) (mg kg–1)
(after Donard et al. 1987)
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Marine plants are also important in the cycling of Sn. The total Sn concentrations
in marine algae and macrophytes vary between 0.5 and 101 mg kg–1 and clearly dem-
onstrate that most species of aquatic flora accumulate this metal from seawater (Eisler
2000). Living algae are useful in immobilizing Sn from seawater and regulating the
formation and degradation of toxic methyl-Sn compounds. Dead and decaying algae
accumulate inorganic and organo-Sn compounds, and ultimately removes Sn from the
estuary to the atmosphere by formation of tetramethyltins (Donard et al. 1987).

Concentrations of toxic OTCs have often been reported for some water system (e.g.,
Mediterranean Sea) that resulted in a significant increase of Sn and OTCs in tissues of
aquatic animals (Table II-14.12). A very high concentration of Σbutyltins (sum of TBT,
DBT, and MBT), up to 10 000 µg kg–1, was found in aquatic species from the Seto Inland
Sea, Japan (Tanabe et al. 1998).

In the deep-seas the butyltin compounds affect aquatic species in a similar manner
to the affect on living organisms in the coastal areas. Takahashi et al. (1997) observed
butyltin compounds in the Suruga Bay, Japan at 21 to 980 ng kg–1 and suggested that
there is a less decomposition rate of TBT due to lower temperature, less sunlight pen-
etration and the lack of phytoplankton in mid sea. The concentration of TBT in Aus-
tralian oysters after the banning of OTCs, was found to be close to the detection limit
0.2 µg Sn kg–1. But still there are problems with this compound in the aquatic environ-
ment of many countries, even though its use has been restricted.

Table II-14.12. Concentration of OTCs in aquatic organisms (µg Sn kg–1)
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II-14.3.5
Air

Air from remote regions contains Sn at the level of 10–70 ng m–3, whereas in pol-
luted areas its concentration may be up to 800 ng m–3 (Table II-14.2). There are
some reports on Sn concentrations in the atmosphere of the United States that
have indicated values from below the detection limit to 800 ng m–3; the average
concentration was at 100 ng m–3. Tin in a highway tunnel exhaust in Hamburg,
was measured in 1988–1989, at the value of 10 900 ng m–3 (Dannecker et al. 1990).

Industrial emissions of Sn and its compounds, and especially the emission
from some coal burning plants, may be a significant source of Sn pollution. Fly
ash released from the coal combustion contains a substantial level of Sn, at
7–19 mg kg–1 (WHO 1980). In the 1980s, worldwide industrial Sn emission into
the atmosphere was estimated at 1.47 to 10.8 kt (Nriagu and Pacyna 1988). Orga-
notin may be release into the atmosphere from the incineration of organic waste,
uses of fertilizers and pesticides, from antifouling paints and from glass manu-
facturing facilities. However, due to its low vapor pressure and rapid photode-
gradation, its release into the atmosphere is less important (Blunden et al. 1984;
Fent 1996a).

Rühling and Tyler (2004) observed that the concentration of Sn in the moss carpet
(Pleurozium schreberi) decreased from 0.49 mg kg–1 in 1975 to 0.09 mg kg–1 in 2000
(Table II-14.5). Mosses sampled in Norway in the period 1990–1995 contained Sn in
the range of <0.008–25 mg kg–1 (mean 0.25) (Berg and Steinnes 1997).

Huang and Matzner (2004) reported that the precipitation of Sntot is about
10 times higher than of OTCs. The deposition of OTCs, expressed as Sn, was
170 mg ha–1 yr–1 that indicates significant emissions of OTCs into the atmosphere.
The same authors estimated the emission of OTCs in the atmosphere to range
between 2 000 to 6 000 kg yr–1. These authors concluded that this is a crude esti-
mation, but it still suggests that OTCs emission and deposition in terrestrial and
aquatic environments are substantial and have been underestimated so far. A
high deposition of Sn, at 60 g ha–1 yr–1, has been calculated for agricultural soils of
Sweden (Eriksson 2001a).

II-14.3.6
Plants

There is no evidence that Sn is either essential or beneficial to plants. It is considered
as toxic to both higher plants and fungi. However, when it exists in easily available
forms in soils, such as cations Sn2+ and Sn+4, it is absorbed by roots, where is likely to
be accumulated.

Common range of Sn in food plants is reported to be between <0.04 and <0.1 mg kg–1,
and in grass from 0.2 to 1.9 mg kg–1 (Kabata-Pendias and Pendias 2001). Its contents in
wheat grains are given for various countries to be (in mg kg–1): 0.01–0.12 in Sweden,
5.6–7.9 (FW) in USA, and 0.5 (FW) in Japan (Eriksson 2001a; Jenkins 1980). These
great differences should be apparently related to different analytical methods. Wood
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contains 1.8 and 1.5 mg Sn kg–1, respectively of 40 and 80 years old trees from Ver-
mont, USA (Jenkins 1980).

According to Tyler (2005), the R/S ratio (root/soil) for Sn is about 0.11 (concen-
tration of Sn in root: 74 and in soil: 651 mg kg–1). In Swedish beech forest growing in
podzolized soil, ranges of Sn in various species were (in mg kg–1) from 0.2–0.3 in
Lactarius blennius to 1.0–1.8 in Collybia peronata (Tyler 2004).

Plants growing in mineralized or contaminated soils accumulate Sn to high levels;
Jenkins (1980) reported Sn concentrations between 338 and 2 165 mg kg–1 and Peterson
et al. (1976) up to 2 000 mg kg–1 in vegetation near Sn-smelters.

II-14.3.7
Humans

Mammalian tissues contain Sn at the range of <0.2–0.85 mg kg–1, being the lowest in
brain and the highest in liver and kidneys (Jørgensen 2000). According to Li (2000)
total soft tissues of human contain Sn at 0.1 mg kg–1, and its content of all tissues of
a “reference man” averages at 0.24 mg kg–1. Information on OTC contents in human
tissues is quite rare. Takahashi et al. (1999) reported concentrations of OTCs between
<2 and 78 µg kg–1, in tissues of people of Japan.

Humans are exposed to Sn from ingestion, inhalation, and dermal adsorption.
However, the main source of Sn uptake is from food, with an exception of industrial
areas where its concentrations in water and air are elevated (Biégo et al. 1999).

Tin in the inorganic form is considered as being non-toxic, whereas some organotins
are mainly toxic, especially triethyltin (Et3SnOAc). The toxicity of OTCs decreases in
the following order: R3Sn+ > R2Sn+ > RSn3+. This toxicity may be inhibited by the phos-
phorylation processes (Huang and Matzner 2004).

Leaching of OTCs from tin-coated cans and other food containers, as well as from
tap water pipes may contaminate foodstuff and beverages. The OTCs are often used
in household commodities (e.g., a siliconized baking pan contains 260 µg MBT kg–1)
(Takahashi et al. 1999). Also higher levels of Sn may be in some processed food due
to the addition of Sn-based preservatives and stabilizers such as stannous chloride
(Anger 2004).

Canned foods, especially fruits and vegetable products are considered to be the
main source of Sn in the diet. Some canned fruits and juice may contain Sn at the
range from 141 to 2 000 mg kg–1 (FAO/WHO 2002). Organotins present in wine, at
levels: MBT (1.7–20 µg l–1), DBT (0.3–160 µg l–1) and TBT (0.8–1.6 µg l–1), are most
probably resulted from leaching of containers (Forsythe et al. 1994).

The RDI value for adults is 120 mg person–1 (FAO/WHO 2002). The provisional
maximum tolerable daily intake is 2 mg kg–1 BW (Anger 2004). Some individuals, how-
ever, can tolerate up to 700 mg kg–1, and this is highly variable depending on the spe-
cific Sn chemical form. Mean Sn uptake by adults in different countries varies be-
tween 1.7–3.1 mg d–1.

Increased Sn concentration in food may cause acute gastric irrigation, impaired
reproductivity, and bone strength failure. It is also considered to be genotoxic. Some
organotins are highly dermal irritants.

II-14.3  ·  Tin (Sn)
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II-14.4
Lead (Pb)

II-14.4.1
Introduction

Of the known environmental pollutants, Pb has few competitors as a persistent pollut-
ant, which causes harmful effects to humans, animals and ecosystems. However, it is
also a useful metal. It occurs in the environment mainly as Pb2+ (Table II-14.1) and its
compounds are mostly insoluble in waters. There are still large quantities of Pb, mainly
as PbSO4 and PbCO3 released into the environmental compartments. This metal is
remobilized in ecosystems causing toxic effects to terrestrial and aquatic species.

In the 1970s and 1980s, most Pb pollution was emitted from the use of leaded gaso-
line, and the emission of Pb was higher from anti-knock additives in gasoline than it
was from pollution point sources. In the 1990s, strict regional regulation has virtually
eliminated the use of Pb in gasoline in the developed countries. However, it is still use
in several African countries, such as in Nigeria, where Pb in gasoline is about 0.6 g l–1 that
is the highest concentration noted in the world.

II-14.4.2
Production and Use

The global production of refined Pb, as given by the WMSY (2004) in 2000, was 3.1 Mt
and in 2003, was 2.9 Mt. However, other sources, e.g., Smith (2004) reported much higher
production, up to 6.82 Mt in 2003, which include both primary and secondary (from
scrap, etc.) Pb production.

The most important Pb ore is the heavy black mineral galena, PbS. Other common
minerals are: anglesite, PbSO4; cerussite, PbCO3; minium, Pb3O4; pyromorphite,
Pb5(PO4)3Cl; and mimetesite, Pb5(AsO4)3Cl. Lead ores are widely distributed through-
out the world, but only fifty countries have Pb-ores that can be mined commercially.
Normally, Pb is obtained from galena deposits. The Pb-concentrate is roasted at a tem-
perature of 600 °C in a limited supply of air and the product, PbO, is mixed with coke
and limestone (as a flux) and reduced to liquid Pb in the blast furnace at 1 250 °C. The
product contains different metals as impurities: Cu, Ag, Au, Zn, Sn, As, and Sb, which
must be removed to obtain 99.99% of pure Pb.

In the USA, 92% of all Pb is produced from secondary sources, i.e., Pb scrap from
spent lead-acid batteries (Platts Metals Week 2003b). In the near future, the EC will
adopt a new battery directive, which requires collection of all used batteries in the EU
and the recovery of metal used in car and industrial-type lead-acid batteries. This
proposal will ban landfilling and incineration of all types of batteries, and create the
EU-wide framework for national battery collection and recycling systems (Platts Met-
als Week 2003a).

The largest use of Pb worldwide is for lead-acid batteries known as the SLI battery
(starting, lighting and ignition). In addition, it is used in solders, alloys, chemicals,
cables, lead weights, lead wool, and for many other purposes, due to its special physical
and chemical properties. Nowadays, the use of Pb in petrol as an anti-knock additive
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in developed countries has been phased out in an effort to reduce the atmospheric Pb
pollution. Hence the overall market for tetraethyl and tetramethyl lead (TEL and TML)
has declined considerably, but still there is some market for these chemicals in the
developing countries.

There are strict regulations in many countries on the release of Pb to the environ-
ment, but still it continues to be one of the most serious global human hazards (United
Nations 1996; Brännvall et al. 1999).

II-14.4.3
Soils

The natural Pb content in soils stems from parent rocks. Its abundance in sediments
is a function of clay fraction content and thus argillaceous sediments contain more Pb
than sands, sandstones and limestones (Table II-14.2). Soil Pb status has been inten-
sively studied (Table II-14.13). However most of presented data in this table are not
comparable because of very different methods used for the preparation of soil samples
and for the metal extraction. Only the values obtained from the HF/HClO4 fusion and
aqua regia extraction can be considered as compatible for, so called, the total content
of Pb. The overall mean value of Pb for different soils has been calculated to be, in the
average, at 25 mg kg–1 (Kabata-Pendias and Pendias 2001). Angelone and Bini (1992)
cited unpolluted soil Pb concentration as being less than 100 mg kg–1. In Greenland

Table II-14.13. Different forms of lead in worldwide soils (mg kg–1)
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soils, Pb contents were found to vary between <12 and 13.8 mg kg–1. Thus, at the end
of 1990s, the Pb contents in arctic soils were at the values below the stringent guideline
value of 25 mg kg–1.

Contents of Pb in soils show a positive correlation with contents of fine granulom-
etric fractions. Its lowest amounts, up to 40 mg kg–1, are in light sandy soils, and the
highest, up to 90 mg kg–1, in heavy loam soils. Some increased Pb contents have also
been reported for calcareous soils and organic ones (Table II-14.2).

Lead is not distributed uniformly is soil horizons and reveal a great association with
hydroxides, especially of Fe and Mn. Its concentrations in Fe-Mn nodules and concre-
tions may be very high, up to 20 000 mg kg–1 (Kabata-Pendias and Sadurski 2004). It
also can be concentrated in carbonate or phosphate particles. Lead is generally accu-
mulated near the soil surface, mainly due to its sorption by SOM. The mobilization of
Pb is usually slow, but some soil parameters, such as increased acidity, formation of Pb-
organic complexes may increase its solubility. The Pb concentrations in soils solution
are relatively low, and depending on the methods used for obtaining soils solution,
vary from <1 to 60 µg l–1. It occurs in soil solution as cationic species: Pb2+, PbCl+,
PbOH+, and anionic species: PbCl3

–, Pb(CO3)2
2– (Kabata-Pendias and Sadurski 2004).

Lead desorbed into the soil solution may easily move from the upper horizons to lower
causing pollution of groundwater (Alumaa et al. 2002).

Some authors have pointed out that the Pb fixation by SOM is more important than
fixation by hydrous oxides (Li and Shuman 1996). However, it is not yet known exactly how
much of the soil-Pb is available to plant. Davies (1995) reported that only about 0.005–0.13%
of Pb in the soil solution is available to plants. However, the Pb uptake by plants depends
on several soils properties, such as SOM kind and content, granulometric composition,
CEC, pH, as well as root surface area, and root exudates (Sillanpää and Jansson 1992).

Contamination and remediation. Among various natural and anthropogenic sources
of Pb contamination, the impact of industrial emissions and previously used leaded
petrol are considered to be of the greatest environmental risk. It has been estimated
that Pb loading rate in soil exceeds its natural removal by 20-fold or more (Nriagu 1988).

Soil pollution due to Pb from mining and industrial activities is not a new problem.
Historical evidence suggests that the problem of Pb in the environment began when
our ancestors learned the use of fire. Marked soil-Pb contamination occurs in the vi-
cinity of mining and industrial activities, in urban areas, and along high-traffic roads.
The old industrial Pb contamination has been a subject of several studies, as for ex-
ample those conducted by Davies (1995).

At high temperature processes in smelters, Pb is emitted as PbS, PbCO3, PbCl2,
(PbO · PbSO4), Pb0, and PbO, while Pb from automobile exhausts is mainly in forms of
halide salts, e.g., PbBr, PbBrCl, Pb(OH)Br, and (PbO)2PbBr2. It has been estimated that
the atmospheric half-life for organic Pb vapor is somewhat less than 12 hours that is
a great concern for the populations living in megacities (Neilsen 1982).

In the 1980s and 1990s, many studies have reported on Pb contamination in soils
due to the huge atmospheric emission of Pb (global estimated emissions 332 kt yr–1; in
Europe 85 kt yr–1) (Pacyna 1995). As a result of strict regulations and campaigns against
Pb hazards in society, Pb emissions in most European countries and in the North
America have decreased considerably. Nevertheless, in several countries, especially those

Pb



371

where the Pb emission is not restricted controlled (e.g., Newly Developed Countries),
this metal is still of a great concern. Such situations in vicinities of nonferric metal
processing industries have been reported, e.g., by Kachur et al. (2003) for the far East
Russia, by Shomar et al. (2004) for Lebanon, and by da Silva et al. (2004) for Portugal.
In mining areas, Pb may be dispersed due to the erosion and chemical weathering of
tailings. The severity of these processes depends on chemical characteristics, and the
minerals present in the tailings (da Silva 2004).

Increased Pb level in top soils may also be due to Pb-shots that has been reported
by Darling and Thomas (2003) for some hunting areas (in over 211 locations) in
Ontario. A similar problem has been reported by other authors (Gzyl 1995; Wolz et al.
2003; Agbenin 2002). In Tasmania and South Australia, Pb contamination of surface
soils has been described in orchard soils as a result of the use of arsenate insecticides
(Merry et al. 1983). Other important sources of Pb in home-garden soils are Pb-con-
taining paints. The geometric mean of Pb in such soils of the UK was calculated at
298 mg kg–1 (Thornton 1990).

The Pb contamination of roadside soils has been for quite a time of a real environ-
mental concern. Though Pb additives in petrol are banned in most countries, increased
Pb levels in soil along high traffic road (up to 7 000 mg kg–1) have been still observed
(Kabata-Pendias and Pendias 2001). Especially organolead compounds are still in these
soils. The available data suggest that tetraethyl and tetramethyl Pb are converted into
sparingly water-soluble Pb compounds in soil, however, recent laboratory tests indi-
cated that tetraethyl and tetramethyl Pb do not leach significantly through soil profile
(Ou et al. 1995). Exhaust Pb particles are unstable and readily converted into oxides,
carbonates, and sulfates.

Some chelating agents and organic matter ligands can modify the behavior of Pb in
soils (Cunningham and Berti 2000). Due to a great sorption capacity of organic matter,
peat bogs reveal a great capacity to sorb Pb. The level of Pb is used for the assessment
and dating the pre-anthropogenic and anthropogenic pollution using isotope 210Pb
(Shotyk 1996). The author has estimated that the present Pb concentrations in recent
peats are about 100 times higher than the pre-industrial time pollution.

The remediation of Pb-contaminated soils has become recently broadly investigated.
Although Pb in most soils is slightly available to plants, there are several plants, such
as Thlaspi sp., corn, sunflower, that accumulate larger amounts of this metal. Greger
(1999) cited that Minuartia verna may concentrate in leaves >1 000 mg Pb kg–1. In-
creasing Pb mobility by using various chelators, such as EDTA and DTPA, can stimu-
late its phytoavailability, and thus the phytoremediation (Jarvis and Leung 2002; Lim
et al. 2004). The effectiveness of chelating agents increases Pb accumulation in several
plants such as Indian mustard or some shrubs (Huang et al. 1997). The laboratory test
conducted by Chandra Sekhar (2005), in the presence of other metals Ni, Zn, Cr and
Cd, indicated that Pb uptake by Hemidesmus indicus decreased by 50% at the presence
of Ni, but there were only marginal effects from the presence of Zn, Cr, and Cd (Ebbs
et al. 1997; Garcia et al. 2002).

Lepp and Dickinson (2003) studied trace metals in an urban woodland ecosystem
(Pb concentration in soils varied between 348 to 76, 410 mg kg–1) in St. Helens,
Merseyside, UK. They believe, that the closed and stable vegetation cover, could pre-
vent re-entrainment of Pb to plant species. According to their statement, at the absence
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of human intervention, the flexibility of the natural vegetation may be responsible for
the bioremediation of polluted soils in St. Helens.

Adriano et al. (2004) have carried out the broad survey on the natural remediation
of soil contaminated with trace metals. The addition of Fe-rich lime stabilized biosolids
and of CaCO3 raise the soil pH to 7, that decreased the uptake of Pb by tall fescue
(Festuca arundinacea). In addition to the impact of high pH, the competition of Pb
with other cations also affect its phytoavailability.

II-14.4.4
Waters

Worldwide reports confirm that there are great variations in Pb concentrations in sea-
waters. The median Pb content in worldwide ocean waters has been calculated at
0.03 µg l–1 (Raimann and Caritat 1998). The Pb mean concentration in the North Pa-
cific Ocean is given at 0.003 µg kg–1 (Nozaki 2005). The US EPA (1982) report has es-
timated this value for seawater at 0.005 µg l–1. The Baltic Sea waters contain Pb at the
range from 0.05 to 3.6 µg l–1, being the highest at coastal waters and in gulf areas
(Table II-14.14). In remote ocean waters, there is no immediate aquatic input of Pb,
but only a modest atmospheric deposition of the metal and therefore its concentration
is low, at <0.1 µg l–1 (Prospero et al. 1996).

Concentrations of Pb in river waters vary highly from 0.007 to 3.8 µg l–1, being the
lowest for Mississippi tributaries and the highest for Harz Mt. regions, Germany
(Gaillardet et al. 2003). These authors calculated the worldwide average in river waters
at 0.08 µg l–1, and the Pb riverine flux at 3 kt yr–1. Kitano (1992) has estimated the glo-
bal discharge of Pb to marine basins at 40 and 20 kt yr–1 with river waters and atmo-
spheric precipitations, respectively.

Relatively, high Pb concentrations, between 5 and 30 µg l–1, have been measured, in
50 000 samples of surface waters and groundwater in the USA (US EPA 1998). In the
European part of Russia, groundwater contains Pb at the range of 0.1–8 µg l–1 (Uchvatov
and Bashkin 1997).

Table II-14.14. Lead in waters of the Baltic Sea (µg l–1)
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The chemistry of Pb in aqueous systems is highly complex because this element
exists in multiple forms. The Pb concentrations in surface waters depend especially on
the pH and dissolved salt contents of the water. Additional factors, such as pollution
sources, sediment Pb content, temperature, and organic matter kinds and amounts have
also significant impact on the Pb status in waters. In seawaters, Pb occurs mainly in
forms of PbCO3 and PbCl2. In surface and ground waters, its species are: Pb2+, PbOH+,
PbHCOs

+, and PbSO4
0 (Witczak and Adamczyk 1995). In most aquatic environments, it

forms one of the less mobile species, which eventually will precipitate on the bottom
sediments. Surface waters are generally neutral or alkaline which results in Pb being
associated with less mobile forms (Laxen and Harrison 1983).

In the Northern Hemisphere, a great attention has been paid to the potential effects
on the Baltic Sea and the North Sea in a respect to atmospheric deposition of pollut-
ants from industrial sources as well as coastal pumping of treated and untreated efflu-
ents. The Baltic Sea is one of the largest brackish water regions of the world. There is
a Baltic Monitoring Programme (BMP), which operates on an international basis due
to the discharge of pollutants through rivers, and high transportation of saline water
from the North Sea into the Baltic Sea. Mean concentration of Pb in nine Polish rivers
discharging into the Baltic Sea has been estimated at 2.72 µg l–1 within the range of
0.1–5.5 µg l–1 (HELCOM 1998). In the course of downstream dispersion, a part of Pb
amounts in river waters is removed by the precipitation to bottom sediments of river-
beds. The studies conducted within the projects of HELCOM (1987, 1991, 1993, and
1998) indicated that the total Pb input via rivers and atmosphere was 3 200 t, 2 894 t
and 975 t for the years 1987, 1990 and 1995, respectively. Matschullat (1997) calculated
the total load of Pb to the Baltic Sea at 2 800 t yr–1, in about equal proportions from
river flux and atmospheric fallout. Above 90% of Pb discharged to this basin is of
anthropogenic origin. Data presented by some authors may suggest that Pb concentra-
tions in the Baltic Sea have decreased a little bit during last two decades (Table II-14.14).

The ratio of Pb isotopes in the northeast Pacific Ocean waters was used for the iden-
tification of pollution of sources of Pb; the surface layer of water contains Pb of indus-
trial dust from Japan whereas deeper layers were polluted by North American emis-
sions (Flegal et al. 1986).

During the course of high flow, Pb entered into sediments may become resuspended
and enters as solid particles into the water column. Lead concentration in river water
depends on local sources and the geochemistry of the area. In a Pb mineralization
area, the concentration of Pb may be ten fold that of an unmineralized area. Near to
point sources, elevated Pb concentration in river water is to be expected. Water of the
polluted Ogunpa River (Nigeria), is reported to contain Pb at 9.8 µg l–1, in the range of
1.3–46 µg l–1 (Monbesshora et al. 1983).

Due to the decreasing concentration gradient, part of the Pb is removed to bottom
sediment, which is the long-term sink for the metal and in which the stored Pb is in an
unavailable form (OECD 1993). Thus, the best indicator of Pb pollution of river waters
is its accumulation in bottom sediments where a great proportion of this metal is
deposited. Its background contents in bottom sediments vary from 30 to 45 mg kg–1.
However, in polluted rivers, especially by industrial and mines discharges, Pb contents
range from 700 to 2 600 mg kg–1 in rivers of Poland and of the UK, respectively (Kabata-
Pendias and Pendias 1999).

II-14.4  ·  Lead (Pb)
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The Pb concentration in drinking water is of special concern. The recommended
maximum level of Pb in drinking water is 15 µg Pb l–1, if it is over this level, then fur-
ther treatment of tap water is necessary, in accordance with the regulations in the USA
(US EPA 1999). This document confirmed that over 219 million people in the USA
drink tap water containing <5 µg Pb l–1. The Pb concentrations in tap and well waters
of the Democratic Republic of Congo (previously Zaire) and Nigeria were reported to
be at 2.0 and 0.9 µg l–1, respectively (Kapu et al. 1989). In most countries, drinking water
contains Pb at mean levels in the range of 2–3 µg l–1 (various sources vide Kabata-Pendias
and Pendias 1999).

Aquatic biota. Although high concentrations of Pb, up to 3 000 mg kg–1 in bryo-
phytes, have been reported, lethal poisoning of fish is quite limited (Chimie et Ecologie
1998; Pain and Donald 2002). It is accepted that exposure to Pb may cause mucous
formation, causing coating the gills, which damages respiratory system. In the
USA it has been observed that the Pb concentration in fish has been declining
steadily, after the reduction of Pb in gasoline and due to the strict regulation on
the pumping of untreated effluents into the aquatic environment (Schmitt and Brum-
baugh 1990).

Lead contents in muscles of herring (Clupea harengus) from the Baltic Sea vary
broadly from 0.01 to 1.9 mg kg–1 FW, and in shells of mollusk (Blue mussel, Mytilus
edulis) range between <0.5 and 5.3 mg kg–1 (Szefer 2002a).

II-14.4.5
Air

Concentrations of Pb in air vary highly from about 1 ng m–3 around the South Pole
to above 10 000 ng m–3 in urban/industrial areas (Table II-14.2). The common
range of natural Pb concentrations is calculated at the range of 0.5–10 ng m–3

and most often aerial pollution – at the range of 70–8 000 ng m–3 (Livett 1992).
Reimann and Caritat (1998) calculated the worldwide median for remote regions
at 10 ng m–3. The Polish industry has contributed about 2.5% of the total Euro-
pean Pb emissions and its contains in air are commonly reported to be <200 ng m–3

(Gzyl 1997).
The indicator for changes in the atmospheric Pb deposition is its concentration in

the glacier in Greenland that has increased during about 100 last years from 0.05 to
0.5 µg l–1 (Buat-Ménard 1984). Nriagu and Pacyna (1988) estimated the Pb deposition
in agricultural land areas to be about 50 g ha–1 yr–1. However, Pb inputs were not uni-
form in the studied area. Its wet deposition on agricultural soils of Sweden has been
calculated to average at 17 g ha–1 yr–1 (Eriksson 2001a).

Lead enters into the atmosphere from natural and different industrial sources, in-
cluding coal and oil combustion in electric power stations, heating and industrial plants,
gasoline combustion, roasting and smelting processes, and incineration of waste and
cement production. On a global basis, anthropogenic inputs of Pb predominate over
natural sources and are 96% of the total emission that has averaged at about 334 kt yr–1

(Nriagu 1989; Nriagu and Pacyna 1988).
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The chemical forms of Pb emitted into the atmosphere depend on sources. From
the coal combustion, Pb enters into the atmosphere as PbCl2, PbO, PbS, and Pb, whereas
at oil combustion, it is mainly in the form of PbO. Other Pb compounds, including
alkylated Pb species, are also emitted. The size of Pb particles depends on its sources.
For example, particle size of Pb from automobile exhaust varies between 0.1 and 1.0 µm.
In the atmosphere, Pb particles/aerosols are transformed by chemical and physical
processes and ultimately removed from the atmosphere by dry and wet depositions in
terrestrial or aquatic ecosystems (Mishra et al. 2004).

In the past, up to 95% of Pb in the Western world stemmed from automobile sources
(Hanger 1999, 2000). As a strategy to reduce automobile emissions of Pb, leaded fuel
was banned in the USA in the1970s, whereas in Europe it was completely banned from
January 1, 2000 (Spokes et al. 2001). Thus, the estimated global anthropogenic Pb
emission value of 344 kt yr–1 (Nriagu and Pacyna 1988) is no longer valid, due to
phasing out of leaded gasoline from many countries. In Europe, the estimated Pb
emission was at 17.3 kt in 1998, excluding vehicular emission (EMEP 2000), whereas
according to Pacyna and Pacyna (2001), the anthropogenic Pb emission in Europe
has decreased from 62.53 kt in 1955 to 28.39 kt in 1995. However, there are still Pb
vehicular emissions in many regions of the world, especially in Africa, where the
contamination of crude oil is at 10–15 mg Pb l–1 (Pacyna 1998). According to Adriano
(2001), the Pb emissions in some regions, mainly in the newly developed countries,
are still increasing.

Lichens and mosses are very sensitive indicators of Pb aerial pollution. It has been
observed a continuous decrease of its level during recent decades. In mosses sampled
in Sweden during the period 1969–1985, the content of this metal decreased from about
50 to 20 mg kg–1 (Rühling et al. 1987). The Pb levels in mosses sampled during the period
1990–1995 range between 0.88 and 59 mg kg–1 (mean 8.6) (Berg and Steinnes 1997). In
lichen (Parmelia sulacata Taylor) collected from olive tree bark at the vicinity of incinera-
tors near Lisbon, Portugal, Pb was recorded at 25–50 mg kg–1 (Freitas et al. 2000).

II-14.4.6
Plants

Lead in plants is inherited from both, soil and atmospheric pollution. The variation
of Pb contents of plants is highly influenced by environmental factors. When plants
are grown in uncontaminated sites, its level is relatively stable. Its lower contents
(<1 mg kg–1) are in cereal grains and fruits and higher (>1 mg kg–1) in roots and tubers.
Also leafy vegetables and fodder plants contain elevated amounts (>2 mg kg–1)
(Table II-14.15). Very low Pb contents have been reported by Eriksson (2001a) for
wheat grains, at the range of 0.005 to 0.011 mg kg–1 (mean 0.007), and for barley grains,
at the range of 0.007–0.028 mg kg–1 (mean 0.013).

Lead occurs naturally in all plants, however is has not been shown yet to play any
essential roles in their metabolism. There has been some discussion on this topic, and
final conclusion was that if Pb would be necessary to plants it could be at the low level of
2–6 µg kg–1 (Kabata-Pendias and Pendias 2001). The absorption of Pb by root is pas-
sive and thus the rate of its uptake from soils is rather low. Its transfer in plants is very

II-14.4  ·  Lead (Pb)
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limited and its great proportion is accumulated in roots. However, increased level of Pb
in some plants has been used as a very good indicator for the geochemical prospecting.

The bioavailability of soil Pb to plants is limited, but may be enhanced by reduced
soil pH, organic matter and inorganic colloids, iron oxides and phosphorus content.
The binding and exchange capacity of soils are crucial in determining the Pb availabil-
ity to plants (Zimdahl and Koeppe 1979).

Airborne Pb is taken up by plants through foliage. Thus, its concentrations always
are higher in older parts of plants than in shoots or flowers (Bunzl and Kracke 1984).
There is evidence, based in the experiments with isotope 210Pb, that the atmospheric
deposition of Pb may be its significant source in above-earth plant parts, in Pb pol-
luted regions (Chamberlain 1983; Dalenberg and van Driel 1990). Levels of Pb in leaves,
needles and sprouts of a plant correlate often with its atmospheric concentration, as
for example, Pb content in poplar leaves in Spain correlates positively with local traffic
density (Toro et al. 1995).

Elevated Pb contents were recorded in various plants in vicinities of following
sites: metal smelters, roadsides soils contaminated with Pb, natural ore deposits, and
Pb recycling factories. Gzyl (1997) observed high concentrations of Pb in carrot
(3.24 mg kg–1) and red beet (3.11 mg kg–1) grown in heavily industrialized region of
Poland, Silesia. Plants grown in contaminated soils of India contain extremely high
Pb levels, especially in roots (Table II-14.16). In the mining areas of Portugal,
plants grown in soils with very high Pb concentrations (mean about 2 694 mg kg–1, at
the range of 234–12 218 mg kg–1), contain this metal in following ranges (in mg kg–1):
23.5–84.8 mg kg–1 in Juncus conglomerates, 8.5–22.4 in Juncus effusus, and 8.0–51.7 in
Scirpus holoschoenus (Freitas et al. 2004).

Table II-14.15.
Lead in food and forage plants
(mg kg–1) (data compiled from
various sources by Kabata-Pen-
dias and Pendias 1999, 2001)
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The Pb deposition, investigated in the forest ecosystem of northern Germany,
between 1983 and 1985, was the greatest in higher parts of trees; over 50% of
atmospheric Pb was filtered by the top layer of spruce trees (Schultz 1987). Hagner
(1999) reported that in the industrial areas in Germany, a significant decrease of
Pb concentration in spruce (Picea abies) and poplar (Populus nigra) during the
period between 1985 and 1994, is in a line with the phase out of leaded gasoline in
central Europe.

Liu et al. (2003) studied the uptake of Pb by paddy rice and its effect on dif-
ferent rice cultivars. Results of the pot experiment show a great variation in its
distribution among different parts of plant, as follows (mean value, mg kg–1): root
(4 300) > stem (358.6) > leaf (71.8) > panicle (16.4). According to these authors,
the soil Pb level at 1 000 mg kg–1 affected the growth of rice plant significantly and
reduced the crop yield by 11.5%. Similar results are published by Gu et al. (1989).
However, there is observed a great different in the tolerance to high Pb concentration,
for example, the hybrid rice cultivar Shan you 63 was not affected by 2 500 mg Pb kg–1 in
soil (Xie and Huang 1994).

The toxicity of Pb depends not only on the total concentration but also on forms of
Pb. The variable plant resistance is of a great importance. Plant toxicity levels of Pb in
soils are not easy to evaluate, but it is still generally agreed that a soil Pb concentration
ranging from 100 to 500 mg kg–1 is considered as excessive (Kabata-Pendias and Pendias

Table II-14.16.
Lead in different food crops
grown in polluted and unpol-
luted soils in India (mg kg–1)
(data for 10–20 samples; after
Srikanth and Reddy 1991)
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2001). The toxicity of organic Pb species, especially alkylated Pb, has been of a special
interest. Röderer (1984) reported that the toxicity of organolead compounds exceeds
the toxicity of inorganic species, however this highly differs upon several other factors.
Common symptoms of the excess of Pb in plants are dark green leaves, wilting older
leaves, and brown short roots.

II-14.4.7
Humans and Animals

Humans. Lead is an abundant element in mammalian tissues and ranges from
<0.2 to 4.8 mg kg–1, being the lowest in muscles and highest in liver and kidneys
(Jørgensen 2000). Its highest contents, up to 35 mg kg–1 are reported for hair,
and serves as a useful bioindicator for the Pb exposure of human, especially children
(Chlopicka et al. 1998). The concentration of Pb in tissues of a “reference man”
is calculated at 1.7 mg kg–1, and its distribution is between 0.18 and 11.0 mg kg–1 in
total soft tissues and skeleton, respectively (Li 2000). Human fluids contain Pb at the
mean levels (in µg l–1): 158 in blood, 17 in urine, and 0.3 in serum (Reimann and Caritat
1998). However much lower blood Pb has been reported recently, e.g., for children in
Sweden about 20 µg l–1, and for females and males in Germany, 26 and 36 µg l–1, re-
spectively (Becker et al. 2002).

The exposure pathway of Pb for the adult population is from food, water, and air.
The Pb inhalation is the major pathway for workers of various industries, particularly
of persons working at Pb-Zn smelters and mines.

The ingestion of soil and house dust is a major pathway for the exposure of
young children to Pb, due to hand-to-mouth activity (pica-soil). Amounts of Pb
intake depend on several factors, such as children behavior and age, and the
bioavailability of Pb compounds. A child of age 1–6 years may intake 0.2 g of
Pb containing dust per day, and occasionally 5.0 g d–1 (ATSDR 1999b). Lead in
drinking water may be its significant source that is especially important for both
children and pregnant women. The Pb concentration in drinking water is gener-
ally safe when at <5 µg l–1. However, sometimes in many old houses, water pipe
lines are still made of Pb that may increase its content in tap water above the
maximum WHO recommendation value of 10 µg l–1, and even be above the EU
statutory limit of 50 µg l–1. Occasionally the Pb content in tap water can be as much
as 100 µg l–1 (LDAI 2002).

Various foodstuffs have been, and still may be, a serious source of Pb in
diets. However, the Pb contamination of most foodstuffs has recently declined
substantially. Previously, leaded solders in food cans and wine bottles contributed
to the Pb in foods. Also some ceramic articles may contain leaded glazers. Luckily,
now it is reported that leaching of Pb from ceramic tableware is acceptably low (Tukker
et al.  2001).

The toxicity of Pb and its adverse effects have been known for many centuries.
Even the Romans were familiar with some of the toxic effects of Pb. The excess of Pb
to the Roman population was from broadly used leaded glazers, and in addition, from
the sweet precipitation of Pb acetate, Pb(CH3COOH)2 · 3H2O, that was consumed
(Kabata-Pendias and Pendias 1999).
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The worldwide average dietary Pb intake by adults has been estimated at 440 µg d–1

(Hamilton 1987). Recent data gave lower values for the daily Pb intake by humans:
mean 128 µg in Germany, and 107–121 µg in Uzbekistan (Brüggemann et al. 1996; Kavas-
Ogly et al. 1996). It has been reported that adults may absorb about 5–15% of the in-
gested Pb, of which less than 5% is retained. Children absorb and retain much more Pb
due to physiological and metabolical differences (American Council on Science and
Health 1997). Young children can absorb up to 50% of the Pb from the diet whereas the
adult population takes only about 10% (WHO 1995). The absorption of Pb by humans
is a function of both, forms of Pb and kind of a diet. When the diet is low in Fe, Ca, and
proteins then absorption of Pb is higher.

The absorbed Pb is distributed in blood, soft tissues, and in particular in bones,
including teeth. The human body cannot differentiate between Pb and Ca; hence the
majority of Pb is stored in the bones and teeth, where up to 90% of absorbed Pb may
be accumulated. The excess of Pb may cause several health effects:

� Damage to nervous systems
� Inhibition of heme formation
� Kidney damage
� Anemia (inhibitiona hem synthesis)
� Impaired mental development of young children
� Carcinogenicity and genotoxicity
� Impaired reproductivity

It has been reported that neurobehavioral effects impaired academic performance
even after the blood Pb levels returned to normal. Although there is no thres-
hold limit for this effect, the available evidence suggests that Pb toxicity may occur
at blood Pb levels of 100–150 µg l–1 or even less (ATSDR 1988; Gerhardsson 2004).
The author reported impaired effects of Pb on several enzymes at the B-Pb level of
about 100 µg l–1.

During recent years, non-occupational Pb poisoning in the EU is quite rare. Be-
tween the years 1981–1996, there was only one death, of a two years old child, re-
ported due to Pb poisoning (Elliott et al. 1999). In the 1970s, over 100 children were
admitted to hospitals in England and Wales each year with suspected of Pb poisoning
(HMSO 1974).

Due to phasing out of leaded gasoline and several other technological restrictions
in the Western Europe and the USA, the average B-Pb levels of the major part of
the population of Western Europe and the USA are below 100 µg l–1. A biological
limit B-Pb value of 300 µg l–1 has been suggested for both males and females
(Gerhardsson 2004).

Some other Pb sources, such as soft water and Pb paints has still affected increased
Pb exposure of the population in some areas of the Western Europe. In the USA, for
example, increased B-Pb level is linked with the low-income group. Flecks of paint
from older houses in the USA and France have caused B-Pb problems among dwellers
(LDAI 2002). Outside Europe, there are many countries where B-Pb levels of the popu-
lation are quite high. In South Africa, with decrease Pb concentration in gasoline from
0.8 to 0.4 g l–1, B-Pb levels of urban and rural athletes declined (in µg l–1) from 55.5 to
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13.0, and from 17.7 to 8.5, respectively (Grobler et al. 1996). Due to poor standards of
health and a low safety at working sites, higher B-Pb levels may be expected rather in
developing countries than in developed ones.

Animals. Animal studies have indicated that Pb exposure may cause a low resistance
of some animals to various infection diseases. In vertebrates, kidney failure, and ane-
mia are common (Gainer et al. 1974). Several factors, e.g., low water hardness and pH,
and elemental interactions may greatly affect the Pb toxicity.

Grazing animals, such as sheep, cattle and horses, ingest large amounts of soil through
their food habits. In some areas Pb content of soils is quite high that affects its in-
creased intake by grazing animals than by non-herbivorous animals. Poisoning by Pb
among domestic animals has been mentioned by some authors (McEvoy and McCoy
1993; Gerhardsson 2004). The toxicity of Pb occurs in adult cattle at its intake at 96–120 g
for about 10 days (Humphreys 1991 vide Adriano 2001). Near a Pb-smelter, high Pb
blood levels in grazing cattle has been reported, that decreased with distance from the
smelter (Newman and Dollhopf 1992).

The highest Pb level in cows milk in Sweden was 0.22 mg kg–1 when cows were ex-
posed to increased Pb for 18 weeks. After six weeks under the normal exposure, a lower
Pb value, <0.03 mg kg–1, was again observed in cows milk (ATSDR 1999).

The toxic impact of Pb is clearly recognized in the case of bird mortality due to the
exposure to Pb shots from fishing or shooting (Académie des Sciences 1998). This
problem has been reported especially for the USA and the Nordic countries. In Japan,
Kim et al. (1999) observed large sea eagles, such as Steller’s sea eagles (Haliaeetus
pelagicus), suffering from the ingestion of Pb shots. Due to the ingestion of Pb shot,
symptoms of anorexia and ataxia, weakness, and high mortality are generally observed
among the bird population. In the USA, about 2% of waterfowl die each year, due to the
ingestion of Pb shot (LDAI 2002).

Pb



Chapter II-15

The Group 15 is composed of semi-metallic elements including arsenic (As), anti-
mony (Sb) and bismuth (Bi). The elements have similar structure and the same sym-
metry and some similar properties (Table II-15.1). Due to decreased electronegativity,
proper metallic character has not been bestrode on As and Sb for which they are often
referred to as metalloid which means that these elements have both properties of metals
and non-metals. In many ways, As is similar to phosphorous (P), especially in aerated
systems.

II-15.1
Arsenic (As)

II-15.1.1
Introduction

Arsenic is widely distributed in the environment. It occurs in the Earth’s crust at levels
between 0.5 and 2.5 mg kg–1 and is likely to be concentrated, up to 13 mg kg–1, in
argillaceous sediments (Table II-15.2). Arsenic rich pyrite is common in the sedimen-
tary formations rich in organic matter, especially shale, coal, and peat deposits
(Nordstrom 2000; Bhattacharya et al. 2002a). Its concentration in coals causes envi-
ronmental problems and it exhibits extreme variability among coals of different ori-
gin. It has been reported that it varies between 0.5 to 80 mg kg–1 (average 10 mg kg–1)
(Clarke and Sloss 1992), although higher values have been cited occasionally. The As5+

form is adsorbed in a greater extent by sediments than other As ions (Welch et al. 1998).

Trace Elements of Group 15
(Previously Group Va)

Table II-15.1. Selected properties of trace elements of Group 15

As
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Arsenic is associated with several ores of metals, most often as arsenite minerals
where occurs as anions, As2– and As3–. It is likely to combine with several metals (e.g.,
domeykite, Cu3As; nikieline, NiAs; sperrylite PtAs2). Its common minerals are: arse-
nopyrite, FeAsS; orpiment As2S3; realgar, AsS; arenolite, As2O3, and some other poly-

Table II-15.2. Abundance of arsenic, antimony and bismuth in the environmenta

As
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morphous forms of minerals. Arsenopyrite can be easily oxidized by both O2 and Fe3+

(Sracek et al. 2001). Due to similar ionic radii, the geochemical behavior of As5+ is very
similar to that of P, especially in phosphates (Goldschmidt 1958).

II-15.1.2
Production and Use

Global production of As was estimated at 27.9 kt in 2000 (WMSY 2004). However, Zeven-
hoven et al. (2007) cited the world As production in 1995 at 38.8 kt which was mostly
derived from Cu-ore processing.

Arsenic is generally recovered from sludge and flue dust during smelting of Cu, Zn,
Pb, Au, and Ag ores that are usually enriched in As. Its presence in non-ferrous ores is
generally regarded to be an environmental problem, and not a benefit (Loebenstein
1994). It has been estimated 6.5 kg of As per ton of Cu production and calculated the
annual accumulative post-industrial world production of As to be at 3 Mt in year 2000.

Until the 1970s, about 80% of As was used in the manufacturing of pesticides. Due
to its toxicity, the use of As in pesticides has decreased to about 50%, but organic As
compounds still dominate the pesticides production by 90% (Matschullat 2000). The
rest of the amount is used in wood preservation, photoelectric devices, glassware, and
Pb-acid batteries. It is also used to improve corrosion resistance and tensile strength
in Cu alloys (Zevenhoven et al. 2007).

II-15.1.3
Soils

The recent estimation of As in global soils was at 5.0 mg kg–1 (Koljonen 1992). Topsoil
samples from Sweden contain As in the range of 0.4–10.5 mg kg–1, at an average value
of 3.9 mg kg–1 (Eriksson 2001a). The geometric mean for As in surficial materials of
the USA is reported to be 5.8 mg kg–1 (Shacklette at al. vide Kabata-Pendias and Pendias
2001). Chernozems of western Siberia contain As concentrations from 18 to 32 mg kg–1,
of which up to 90% is strongly fixed by the fine granulometric fraction (Ilyin and Konar-
bayeva 1995). The range of As in soils of Poland is 0.9–3.4 mg kg–1, with the highest
values in soils derived from shales. However, the concentration of As over 650 mg kg–1

also has been reported for polluted soils of some industrial regions of Poland (Kabata-
Pendias and Pendias 1999). In other regions in Europe (e.g., Kärnten, Austria) As con-
centrations in soils also are highly elevated and range from 100 to 115 mg kg–1 (Göd
1994; Göd and Heiss 1996). Due to the release of As from industrial sources and in
mining areas, its concentration in soils can reach 20 000 mg kg–1 (Smith et al. 1998).

Agricultural practices may be a significant source of As, as its contents may be el-
evated in pesticides, fertilizer, sludge and manure. Thus, increased contents of As in
agricultural soils, have recently become a real problem. This is especially emphasized
in the case of paddy soils that are highly modified by anthropogenic activities. Paddy
soils are often contaminated by fertilizers and organic chemicals, especially in those
areas where rapid economic development is needed (Cao and Hu 2000; Wang et al.
2003). Especially the irrigation with As loaded groundwater increases its level in soils
(Bhattacharya et al. 2002a). The As contents in soils of Bangladesh range between 2
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and >80 mg kg–1 (Huq and Naidu 2005). These authors estimated the maximum concen-
tration of As in the top layer (0–15 cm) of the Gangetic alluvium soil at 20 kg As ha–1.

All soil properties, and especially Eh-pH regime influence the sorption capacity to
As (Bissen and Frimmel 2003). The As speciation in the soil has been widely reviewed,
indicating that in acid soils predominate H3As3O3

0 and at higher pH values (>9.0),
H2As3O3

– is likely to form. In the oxidation environment, As5+ is present mainly as H2AsO4
–

(pH <7.0) or as HAsO4
2– (pH >7.0) (Montgomery 1985; Cotton and Wilkinson 1989).

The As3+ is more toxic and mobile in soils than As5+. Ferric hydroxide generally plays
an important role in controlling the concentration of As in soils and soil solutions.
Anionic forms of this element, AsO2

–, HAsO4
2–, and H2AsO3

2– predominate in soil solu-
tions, although the cations As3+ and As5+ can also occur (Kabata-Pendias and Sadurski
2004). Cationic species of As, especially of As5+ and As3+ can be relatively easily sorbed
onto clay minerals and onto oxy/hydroxides of Fe and Mn, as well as on organic com-
pounds that can highly control its behavior in soils (Bhattacharya et al. 2002b). The
maximum adsorption of As5+ occurs at pH 7.0, whereas of As3+ at pH 4.0. Complexes
of As with P, Fe, Al, Ca, and Mn have a significant impact on its behavior in soils (Lund
and Fobian 1991). In acid soils, dominant forms are Al-As and Fe-As compounds whereas
in alkaline conditions predominate Ca-As species.

Some bacteria in the soils are known to accelerate the oxidation of arsenites, As3+

to arsenates, As5+, and also to stimulate the methylation of As. Hence, microbiota may
play a crucial role in the As behavior in soils (Dudas 1987).

Forms of As from all sources, e.g., irrigation waters, industrial wastes and pesticides
(especially Pb-arsenates and Cu-acetate-arsenates) may need decades to be converted
to non-phytotoxic forms in soils. The EU Community recommends that As in agricul-
tural soil fertilized with sewage sludge should not exceed 20 mg kg–1, whereas in the
UK permissible level is 50 mg kg–1 (Stoeppler 2004).

II-15.1.4
Waters

Lide (1996) estimated the global median concentration of As in seawaters at 3.7 µg l–1 and
Nozaki (2005) gave the mean As concentration in the North Pacific Ocean at 1.2 µg kg–1

(Table II-15.2).
The world average of As in river waters is estimated at 0.62 µg l–1 and its riverine

flux at 23 kt yr–1 (Gaillardet et al. 2003). Skjelkvåle et al. (2001) investigated the occur-
rence of As in the Nordic lakes, and reported its mean concentrations to vary, at the
value of 99.5 weighted percentiles, as follows (in µg l–1): Norway, 2.02; Finland, 2.4; and
Sweden, 4.6. Water of polluted Lake Erie (USA) contains As up to 300 µg l–1, and in
Tocone River in Chile, As was reported to reach 800 mg l–1 (vide Kabata-Pendias and
Pendias 1999).

In marine water, As is present as trivalent, pentavalent and methylated forms
(Matschullat 2000). In deep sea water, it may be present as As5+ and HAsO4

2– species
and its average concentration is at 1.7 µg l–1 at a salinity of 3.6% (Bruland 1983). In all
aquatic environments, As occurs generally as pentavalent arsenate (HnAsO4

n–3) under
oxidizing conditions (Robertson 1989), whereas trivalent arsenite (HnAsO3

n–3) predomi-
nates under reducing conditions (Pokrovski et al. 1996). It has been reported that As3+
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in aquatic environments is more mobile and toxic for living organisms than As5+ (Guha
Mazumdar et al. 1992; Bhattacharya et al. 1996, 1997; Ahmed et al. 1999). In surface
water, As reacts with phytoplankton and phosphate, converting As5+ to arsenite As3+,
methylarsenate and dimethylarsenate. The methylated As is about 10% of the total As
in the euphotic zone in most oceans.

Arsenic levels in ground and spring waters of geothermal fields are highly variable
and influenced by geochemical properties of geologic formations of various regions
(Nordstrom 2000). In several parts of the world, e.g., USA, Argentina, Chile, New Zealand,
Taiwan, India, and Bangladesh, elevated concentrations of As in groundwater have been
reported due to weathering and leaching of As from As-rich geological formations,
mine tailings and wastes, and thermal springs. Its concentrations may highly vary and
the highest values are reported by Bhattacharya et al. (2002b), Burgess and Ahmed
(2006), and Mandal et al. (1996), as follows (in µg l–1):

� Thailand, shallow wells 120 – 6 700
� Argentina, shallow wells 100 – 4 800
� China, shallow and deep wells <100 – 1 860
� Taiwan, deep wells <1 800
� West Bangal, shallow and deep wells 10 – 3 700
� Bangladesh, shallow wells <1 – 3 000
� Mexico, shallow and deep wells 300 – 1 100
� Chile, shallow and deep wells 100 – 1 000

In some countries, As enriched ground waters have affected very large areas and
may cause severe problems due to its toxic effects on human health.

The Eh and pH are the most important parameters that control the speciation of As
in ground waters (Smedley and Kinniburgh 2002). According to these authors, the
dominant As species, at the mean concentration of As at 0.07 µg l–1, was (in 100%)
H3AsO3

0, under the mean Eh of 93.76 mV (range 158.0–7.0) and mean pH of 4.7 (range:
5.9–3.3). Low pH and reduced Eh increase the mobility of As whereas under strongly
reducing conditions, the formation of sulfide minerals control As concentrations (Bissen
and Frimmel 2003).

In aqueous environments, anaerobic bacteria such as prokaryotes and eukaryotes
reductively biomethylate inorganic As to dimethylarsenic acid [DMAA,(CH3)2AsO(OH)]
and monomethylarsenic acid [MMMA, CH3AsO(OH)2]. The toxicity of methylated
forms is low and the volatile forms are not stable under oxidizing conditions. The
biomethylation causes degradation of organic matter and conversion of As5+ to As3+

and its mobilization (Routh et al. 2000). The presence of Fe and Mn hydroxyoxides, as
well as organic matter, have great impact on the behavior of As in all aquatic environ-
ments (BGS 2001; Smedley and Kinniburgh 2002; Bhattacharya and Mukherjee 2002).

Exposure of people to increased levels of As in waters of Bangladesh represents an
example of hazard related to geogenic As as well as to anthropogenic impact. Naidu
and Nadebaum (2003) have presented a concise description of this problem and sev-
eral methods for treatment technologies for the removal of As from water:
(i) coagulation, (ii) use of activated alumina- or Fe-oxides, (iii) ion exchange, (iv) reverse
osmosis, (v) biotic-abiotic oxidation, and (vi) passive reactive barriers and oxidic soils.

II-15.1  ·  Arsenic (As)
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Aquatic biota. Planktivorous species may contain more As than ominivorous or pis-
civorous species. In fish species, As is present as the organoarsenic form that is essen-
tially non-toxic. Result of studies in the Netherlands suggested that sea fish contain
inorganic As (0.1–41%) (Vaessen and van Ooik 1989), but the Canadian studies indi-
cated that sea fish contain 74–91% of As in organic forms (Lawrence et al. 1986).
McSheehy et al. (2001) identified in the oyster reference material several inorganic and
organic As species. The most common As species found in fish and algae are DMA
(dimethylarsinic acids) and MMA (monomethylarsenous acid) and also As-sugars
(Stoeppler 2004).

Some marine plants are likely to concentrate a great proportion of As from water.
The predominant As species in those sea plants, so called “arsenosugars”, are easily
converted in the human body to dimehtylarsinic acid, which has carcinogenic poten-
tial (McSheehy and Szpunar 2000).

II-15.1.5
Air

Concentrations of As in air vary highly from about 0.007 ng m–3 at the South Pole to
above 50 ng m–3 in urban regions (Table II-15.2). According to Reimann and Caritat (1998)
median worldwide As concentrations in remote areas range from 0.5 to 1 ng m–3 and
in polluted regions it is 15 ng m–3.

Natural sources of As in the atmosphere are soil-derived dusts, volcanic eruptions,
sea salt aerosols and forest fires. Volcanic eruptions can account for 20–40% of total the
natural As emission, whereas sea salt aerosols may contribute for <10% As emission
(Nriagu 1998). The wet deposition of As in Sweden has been estimated at 1.8 g ha–1 yr–1

(Eriksson 2001a).
Both, natural and anthropogenic emissions may significantly affect As concentra-

tions in air. Emissions of As to the atmosphere from industrial sources in EU-15 coun-
tries have decreased from 650 t in 1995 to 176.6 t in 2000 (Pacyna 1998; Pacyna and
Pacyna 2001b). The major source of As to the atmosphere is coal combustion. Zevenhoven
et al. (2006) summarized the As emission data for 2000, for the ten newly joined EU
countries and it was about 83.1 t. It means that total emissions of As from EU-25 states
for the 2000 was at 260 t. On the other hand, Pacyna and Pacyna (2001) estimated world
As emissions to the atmosphere at 5 011 t in 2000 of which 68.9% stemmed from non-
ferrous metal production followed by 16.14% from fossil fuel fired power plants (Pacyna
and Pacyna 2001).

Arsenic and some of its compounds are easily volatile and generally escape to the
gas and aerosol phases during coal combustion. It has been calculated that about 50%

Table II-15.3.
Concentrations of As related to
ash contents in coal (based on
data from Coleman and Bragg
1990)
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of As in the forms of AsO and As2O3, enters the atmosphere as gaseous phase at low
temperature combustion (1 000–1 200 °C), whereas only the As2O3 species are released
at high temperature (1 200–1 600 °C) (Yan et al. 2001).

The world average As contents in bituminous and lignite coals (Clarke’s value) are
9.0 and 7.4 mg kg–1, respectively (Yudovich and Ketris 2005). However, the distribution
of As in coal is strongly affected by the ash and S contents (Table II-15.3).

II-15.1.6
Plants

Arsenic is a common constituent of most plants, but little is known about its bio-
chemical role. Apparently plants take up As passively with the water flow. Some plant
species (e.g., Douglas fir) reveal a great capability to accumulate As and often are
useful guides to geochemical prospecting of subsurface mineralization. Contents of
As in food plants vary highly, most commonly in the range from 10–60 µg kg–1 and
seem to be increased in green vegetables (cabbage) and in plants grown in contami-
nated soils (Tables II-15.4, II-15.5). The use of As-containing pesticides has been for-
bidden in several, mainly European countries, since the 1970s.

Excessive uptake of As, in both forms, as arsenites and arsenates, is toxic to plants,
reacting with many enzymes and also decoupling P flow in the plant system causing
disruption of energy flows in cells (Dixon 1997; Mukherjee and Bhattacharya 2001).
The inhibition of root growth and its ultimate death also have been cited, under the As
stress (Meharg and Macnair 1991; Paliouris and Hutchinson 1991).

Some plants can be resistant to the excess As which has been observed in some plant
species, such as Holcus lanatus, Calluna vulgaris and Silene vulgaris (Meharg 1994). It
has been also observed that the reduction of arsenate to arsenite in plants may trigger
methylated species causing oxidative stress, as reported for some fungus (Scopulariopsis
brevicaulis) and for phosphate-starved tomato plants (Zaman and Pardini 1996). Ma
et al. (2001) and Tu et al. (2002) have found Chinese brake fern (Pteris vittate) extremely
efficient in As uptake from soil. These authors claim that brake fern has great potential
to clean up As contaminated soils. They have demonstrated that this plant accumu-
lated 6 805 mg As kg–1 from contaminated soil (400 mg As kg–1) during six weeks.

Leaves of fruit trees injured by the As excess contain this element in the range from
2.1 to 8.2 mg kg–1. In general the tolerance for As in plants is established as 2 mg kg–1. In
rice plants, however, the critical value is as high as 100 mg kg–1 in tops and 1 000 mg kg–1

in roots (vide Kabata-Pendias and Pendias 2001).
Very crucial is the distribution of As in plants from various countries where the

problem of As in ground waters has occurred. Food plants gown in Bangladesh regions
with contaminated sites contain As in the rage from 1 to 153 mg kg–1, whereas the same
plants from uncontaminated sites contain As from 0.1 to 1.56 mg kg–1 (Table II-15.5).

The crucial problem in Bangladesh is rice cultivated in irrigated fields. Rice needs
1 000 mm of irrigation water per growth season. The load of As with this water varies
between 1.36 and 5.5 kg ha–1 yr–1. Winter wheat needs only 150 mm water, that
resulted in the addition of As between 0.12 and 0.82 kg ha–1 yr–1. Rice and wheat
take up As from soils and waters in the following order: (average values in mg kg–1):
root, 23 > stem, 4 > leaf, 1.5 > grain, 0.2 > husk, 0.1. Hence, highest amounts of As are
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Table II-15.4.
Arsenic contents in food plants

accumulated in roots and stems (Huq and Naidu 2005). According to Khan et al. (2005)
rice yield decreases with increased As concentration in irrigation water. These authors
presented another order of As concentrations in different parts of rice (in mg kg–1):
rice straw, 2.74–24.9 > rice husk, 1.0–2.72 > rice grain, 0.26–1.23. The problem of As
in groundwater used for irrigation is also serious in several other regions, especially
of Asia, where the As level in ground water is increased.
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II-15.1.7
Humans and Animals

Humans. Arsenic occurs in mammal tissue in the range from 10 to 500 µg kg–1,
being the lowest in heart and the highest in liver (Jørgensen 2000). Li (2000) reported
much lower As concentrations in soft tissues of human and estimated its average
at 3.6 µg kg–1. In human fluids, mean As concentrations are (in µg l–1): blood, 7.9
and urine, 16.7 (Reimann and Caritat 1998). However, in regions contaminated
with As much higher concentrations of this element in human tissues are observed
(Table II-15.6).

Arsenic is known to be highly toxic to humans and animals. Both cations, As3+ and
As5+ may cause similar toxicological effects, but the former is considered to be
more mobile and toxic for living organisms (NRC 1999). However, both specie are
metabolized in humans, forming methylated As species which are excreted readily
into the urine. Hence, urine As is a good indicator to assess the As exposure (Akter
and Naidu 2006).

Since the 13th Century, As has been used as a medicine while at the same time it is
known to be poisonous. Several compounds of As may interfere with activities of
some enzymes, especially those with sulfhydryl groups. It is also known to be in-
volved in the Krebs cycle (vide Kabata-Pendias and Pendias 1999). The toxicology of
As is quite complex and is highly dependent upon its species. Species of As3+ and
inorganic compounds are more toxic than As5+ and organic compounds.

Recently, the most topical problems are associated with increased levels of As in
ground waters and drinking waters that has been observed and investigated in several
countries such as Argentina, Bolivia, Chile, Taiwan, India, Bangladesh and others (Das
et al. 1996; Mukherjee and Bhattacharya 2001; Bejarano-Sifuentes and Nordberg 2003).
In Bangladesh over 50 million people are at risk due to As in waters. It is reported by
the WHO that 1.0 mg of inorganic As per day may give rise to skin lesions within a few
years. There is an estimation that 13 persons out of 100 may have a risk of developing

Table II-15.5.
Arsenic in different plants
growing in contaminated and
uncontaminated soils in Bang-
ladesh (mg kg–1) (adopted from
Huq and Naidu 2005)
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cancer in their lifetime at 50 µg As ingested by adults per day from drinking water
(Mukherjee et al. 2006). In the affected areas of Bangladesh and West Bengal, As con-
centrations in ground waters vary between >50 and 1 000 mg l–1, whereas the maxi-
mum permissible level of As in drinking water in Bangladesh is 50 µg l–1.

Arsenic toxicity from food and drinking water can cause several health problems
(Lai et al. 1994; Rahaman et al. 1998, 1999; Smith et al. 2000): mutagenic, carcinogenic
and teratogenic effects that affect various disfunctions:

� Neurological effects
� Cardiovascular disease
� Respiratory disorders
� Hypertension
� Diabetes mellitus
� Keratosis

Arsenic toxicity is generally noticeable within a period of 2–6 years depending on
the concentration of As in drinking water and daily intake with food (Chowdhury et al.
2000). The daily acceptable maximum intake of As by a healthy 70 kg BW person, from
all sources: air, water and food is as follows: air, 0.8–30 ng m–3; water, 10–50 µg l–1; and
food, 0.8–120 µg kg–1 (FAO/WHO 1998). Due to drinking well water of high As con-
centrations (>3 400 µg l–1) elevated contents of As in humans have been reported in
many areas of Bangladesh, especially in village areas (Table II-15.6).

Fresh water fish may be serious dietary source of As in some regions. The EPA has
set As tissue residues of 1.3 mg kg–1 FW in those fish as the criterion for human health
protection (Eisler 1994). However, most of As in seafood is in organic compounds that
are less toxic than inorganic species.

Some metallurgic industries (e.g., brass production) are also known as a source of
increased concentration of As in workers; their hair, fingernail and toenails were re-
ported to contain As (in mg kg–1) 10.8–76.1, 15–188, and 37.1–60.9, respectively (Vahter
1988). Soil-Pica habits can result in the intake of As between 0.05–0.57 mg kg–1 d–1 by
children (ATSDR 2002a).

Chronic oral exposure of As by adults at the LOAEL is probably about 10–20 µg kg–1 d–1

and that for the NOAEL is between 0.4 and 0.9 µg kg–1 d–1 (ATSDR 2002a). The cancer risk
of workers has been estimated for the inhalation by a person at 50 mg As kg–1 d–1, assum-
ing that 30% of the inhaled As is absorbed (US EPA vide Stoeppler 2004).

Table II-15.6.
Arsenic in human tissues in
the As-affected areas of Bang-
ladesh and As thresholds values
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Animals. Arsenic contents of muscles and liver were determined in several species
of seabirds from the Barents Sea Region (Norderhaug et al. 1977; Savinov et al.
2003). These authors observed a significant impact of geographic locations. Con-
tents of As vary (in mg kg–1 FW) in liver from 0.79 to 18.7 and from 0.17 to 4.21 in
muscles. Jiménez et al. (2005) studied presence of As in bird species in Baja Cali-
fornia, México. They observed a higher As level (46 mg kg–1 FW) in the liver of ground
doves than in house sparrow (25 mg kg–1 FW). Organic As in bird species may not
present any problem as this compound is more easily excreted and less toxic than
inorganic species (CEPA 1993; Neff 1997). However, As at 50 mg kg–1 in the diet was
reported to cause decreased growth in chicks, after three weeks of exposure (Howell
and Hill 1978).

Episodes of wildlife poisoning occur relatively often. Death of white-tailed deer from
eating sodium arsenite due to licking trees and death of snowshoe hares affected by As
compounds as a result of silviculture practices have been reported (NAS 1977; Hood
1985). However, nowadays As poisoning is relatively rare in wildlife.

Domestic livestock are often fed arsenic acid derivatives in food to promote growth
and retard disease. Some commercial pet food contains about 2.3 mg As kg–1 (NRCC
1978). The lethal dose of As in domestic animals ranges from 1 to 25 mg kg–1. Symp-
toms of As poisoning are variable; abdominal pain, vomiting, diarrhea, staggering gait,
hypothermia, and at acute poisoning – necrosis and perforation of the stomach and
intestine (Stoeppler 2004).

II-15.2
Antimony (Sb)

II-15.2.1
Introduction

Antimony exhibits chalcophilic properties for which it combines readily with sulfides
and occurs mainly at 3+ and 5+ oxidation stages (Table II-15.1). Its contents in igne-
ous rocks range between 0.1 and 0.9 mg kg–1 and in sediments are likely to be increased,
up to 2 mg kg–1 in argillaceous rocks (Table II-15.2).

Common Sb minerals are stibnite, Sb2S3 and valentinite, Sb2O3. Antimony may sub-
stitute for As in several minerals, although there is a difference in ionic radii (Sb3+, 76 pm;
As3+, 58 pm). Common minerals also are: pyrargyrite, Ag2SbS3; and bourmite, PbCuSbS3.
It also easily forms soluble thiocomplexes, like SbS2

2– and SbS4
3–, depending on pH. An-

timony is associated with over 100 Sb-bearing minerals. Therefore, increased levels of
Sb are observed in many regions of the world, especially around smelters, chemical
facilities, and mining, and mineralized areas, particularly with ores of Cu, Ag, and Pb.
It is often used, together with As and Bi, as path-finders for the geochemical explora-
tion (Hale 1982).

In recent years, Sb and its compounds are considered to be an important pollutant
by the US EPA and the EU. Especially, Sb released from coal combustion is an impor-
tant pollutant due to its high solubility and reactivity; it is carried on small sized aerial
particles and deposited, which has been documented by Shotyk et al. (2004) in profiles
of ombrotrophic peat in Switzerland.

II-15.2  ·  Antimony (Sb)
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Chemical and toxicological properties of Sb are similar to those of As. There is not
much information on the toxicity of Sb and on its effects on the environment and human
health. In ancient times, Sb compounds were used for medical purposes.

II-15.2.2
Production and Use

The global production of Sb was about 150 kt in 2001 and 155 kt in 2003 (WMSY 2004).
The main source of Sb is stibnite, Sb2O3. Antimony is also recovered from primary
concentrates, recycled scrap, and antimonial Pb-battery scrap. Primary production of
Sb has been ceased in many countries due to its low price (http://minerals.usgs.gov/
minerals/pubs/commodity/antimony/).

Antimony increases the strength and hardness of Pb alloys and is used as an alloying
element for Pb-acid batteries. It also is used in solders and bearings, as alloying element.
Hard Pb (3–9% Sb) is used in the grids and Pb-oxide paste for automobile batteries. In
recent years, its uses in high-tech applications are increasing. Sb-containing lead lining is
used to protect pipes, valves, and pumps in the chemical industry. This metal is used for
the manufacturing of flame-retardants in plastics, vinyl and synthetic fibers.

II-15.2.3
Soils

The background level of Sb in surface soils ranges from 0.05 to 4.0 mg kg–1 (Table II-15.2).
In agricultural soils of Sweden its contents vary from 0.07 to 0.41 mg kg–1, and average
0.25 mg kg–1 (Eriksson 2001a). In Japanese soils the median Sb contents vary from 0.7
to 1.0 mg kg–1, for Cambisols and Acrisols, respectively (Takeda et al. 2004). The 90 per-
centile for the total Sb in Finnish soil is 0.6 mg kg–1, and ranges between <0.2 and
0.9 mg kg–1 (Köljonen 1992). Govindaraju (1994) reported that Sb in reference soils of
China range from 0.5 to 60 mg kg–1 (mean 3.6) and in soils from the USA, range from
0.11 to 14 mg kg–1 (mean 2.4). In the State of Idaho, soils Sb ranges from 2.3 to 9.5
(Flynn et al. 2003), whereas acid sandy soils of Great Britain contain only 0.7 mg Sb kg–1

(Ainsworth et al. 1990).
Antimony is slightly mobile in soils and sediments since it is attached strongly to

particles that contain Fe, Mn, and Al. It is also easily adsorbed when occurs as oxyanions,
especially at low pH values (Bhattacharya et al. 2002; Filella et al. 2002; Smedley and
Kinniburgh 2002).

In contaminated soils, near industrial sites, Sb is quite high in surface layers and
decreases with depth which indicates that it is rather non-reactive and mostly immo-
bile and will not contaminate the groundwater (Prüess 1994). Nakamaru et al. (2005)
showed very low mobility and reactivity of Sb in Japanese soils. However, under spe-
cific conditions, mobility and leaching of Sb from the mineral stibnite, near a Sb-smelter
in New Zealand has been observed (Wilson et al. 2004). Also Ashley et al. (2003) con-
firmed the mobility of Sb in Fe-free or low-Fe systems. In soils surrounding Sb smelt-
ers and Sb mining, it is mainly bound to Fe-Mn-oxides and organic matter, its mobility
is not based on the pH value of soils and contents of mobile species range between
from 0.007 to 0.03 mg kg–1 (Li and Thornton 1993; Prüess 1994).
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The contamination with Sb is often reported, mainly for soils at hazardous waste
sites and at Sb-processing sites. Data presented by Flynn et al. (2003) gave the follow-
ing high concentrations of Sb in topsoils (in mg kg–1):

� 65 – 109 Cu-smelter, USA, East of Tacoma
� 49 – 204 Cu-smelter, USA, Maury Island
� 280 Au-refining, USA, Yellow Knief
� 360 Sb-smelter, UK
� 1 565 Sb-mining areas, China (He and Yang 1999)
� 109 –2 550 various Sb-smelter (ATSDR 2002a)

II-15.2.4
Waters

Average Sb concentration the North Pacific Ocean water is estimated at 0.2 µg kg–1

(Nozaki 2005). Range of Sb in seawaters is between 0.15 and 0.44 µg l–1 (Reimann and
Caritat 1998). The common range of Sb in river waters varies from 0.005 to 0.27 µg l–1,
and the mean concentration is 0.07 µg l–1, with the world average riverine flux of
2.6 kt yr–1 (Gaillardet et al. 2003). Accordingly to several other sources, Sb concentra-
tions in surface waters vary from 0.16 to 0.98 µg l–1, being the highest in USA rivers
and the lowest in the Rhine River estuary.

Rainwater collected during 1999 in Sweden contained Sb at the average value of
0.07 µg l–1 and at the maximum value of 0.14 µg l–1. Its wet deposition was estimated
at 0.8 g ha–1 yr–1 (Eriksson 2001a).

There is disagreement about its reactivity in the open ocean waters and many au-
thors believe that it behaves conservatively (Middelburg et al. 1988; van der Weijden
et al. 1990; Takayanagi et al. 1996). In most aquatic environments, Sb occurs in two
oxidation states, and its behavior may be altered by the redox potential. Thermody-
namically unstable Sb3+ has been detected in marine waters, groundwater and rainwa-
ter (Andreae 1983). However, in the contrast with thermodynamic equilibrium predic-
tions, it has been suggested that Sb5+ concentrations should exceed Sb3+, by a few or-
ders of magnitude.

Waters of polluted aquatic environments may contain Sb at concentrations of over
100 µg l–1 (Filella et al.  2002), whereas, its concentration in hot springs and
geothermal waters may reach 500 mg l–1 (Sabadell and Axtmann 1975). He and Yang
(1999) reported the following concentrations of Sb in various waters in Chinese
mining areas (in mg l–1): river waters, 0.07–0.04; waste waters, 1.3–21.8; and polluted
well-waters, 24–42.

The WHO (2004) has set the provisional guideline for Sb in drinking water at 5 mg kg–1.

II-15.2.5
Air

Natural concentrations of Sb in the atmosphere vary between 0.002 and 0.25 ng m–3

(Table II-15.2), whereas in air of urban and industrial regions it can be elevated to
about 1 000 ng m–3 (ATSDR 2002a). In Buenos Aires City, the aerial content of Sb was
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cited to be 3.3 ng m–3 (Smichowski et al. 2005), and in the Helsinki area, urban and
rural concentrations of Sb were estimated at 0.77 and 0.36, respectively (Pakkanen
et al.  2002).

Antimony and its compounds are easily volatile and released from both natural and
industrial sources. The main natural sources are volcanic eruptions, sea salt spray, forest
fires, and wind blown dusts. Industrial sources include fossil fuel combustion, incin-
eration of wastes, cement kilns, and metallurgical industries. In the 1980s, Nriagu and
Pacyna (1988) estimated global anthropogenic and natural Sb emissions as 3.5 kt and
2.6 kt, respectively. But these values should be used cautiously because the industrial
production of Sb increased from 80 kt in the 1980s to 155 kt in 2003. Also the pattern
of Sb use has changed significantly.

Antimony enters the atmosphere mainly from high temperature processes, as ox-
ides, sulfides, and elemental Sb. It is often strongly correlated with Pb, As, Cd and Zn
in aerosols and is readily transported over long distances – from central Europe to
Norway (Steinnes et al. 1997). In addition, sources of Sb are from the abrasion of Sb
containing brake-linings of vehicles. In the region of Bavaria, Germany, 6–8 kt of Sb
containing dust is released annually, but its concentration in dust is not known (Wegenke
et al.  2005).

II-15.2.6
Plants

Antimony is not essential to plants, however it is known to be easily taken up by
plants if present in soluble forms in growth media. Its concentration varies from
<20 to 1 130 µg kg–1 in food plants that grown in soils of historical mining areas
(Table II-15.7). In these soils, Sb occurs mainly in the sulfide form, SbS, that is
slightly phytoavailable, at the range of 0.06–0.59% of the total Sb content (Hammel
et al.  2000).

Table II-15.7.
Antimony in food plants from
historical mining areas (µg kg–1)
(after Hammel et al. 2000)
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Commonly reported Sb contents in agricultural plants range from <2 to 29 µg kg–1,
whereas its concentrations in trees and shrubs growing in mineralized areas can range
between 7 and 50 mg kg–1 (Kabata-Pendias and Pendias 2001). Winter wheat and bar-
ley grains grown in Sweden contain Sb at the mean values of 0.5 and 1 µg kg–1, respec-
tively (Eriksson 2001a). Usually its contents in plants decrease in the following order:
roots > leaves and shoots > grains (Adriano 2001).

There is a lack of reports the Sb toxicity to plants. Only results of the experiment
curried out by He and Yang (1999) show that Sb3+, at the highest dose (1 000 mg kg–1),
significantly reduced the yield of rice, in the pot experiment, as compared with the
impact of Sb5+ addition.

The distribution of Sb in Norwegian mosses analyzed in 1995 ranges from 8.3 to
4 300 µg kg–1 (average 150) and does not reflect any significant effect of aerial pollu-
tion (Berg and Steinnes 1997).

II-15.2.7
Humans and Animals

Humans. Antimony occurs in human tissue in the range from 5 to 10 µg kg–1, being the
lowest in heart and the highest in muscles, its average for total soft tissue is estimated
to be 9.4 µg kg–1 and its content in “reference man” is calculated at 30 µg kg–1 (Li 2000).

Antimony is a cumulative poison (Shotyk et al. 2004). Average contents of Sb in
food products are between 0.2 and 1.1 µg kg–1. Normal daily intake of Sb by adults
from both water and food is calculated for the USA to be 5 µg (ATSDR 2002a). The US
EPA and WHO (vide Rish 2004) suggested TDI of Sb to be 0.4 µg d–1 and 0.86 µg d–1,
respectively.

Most common health effects of Sb intoxication, as cited by Abbaspour and Baramakeh
(2005), are:

� Carcinogenic and mutagenic problems
� Diarrhea
� Nephropathy
� Encephalopathy
� Muscles/joint pain
� Gastrointestinal problems
� Anemia
� Heart problems

The general population is rarely exposed to Sb, but in smelter and mining regions
some individuals and especially workers can be affected via skin and inhalation of Sb.
In Sb-mining smelting areas of China, some diseases, such as dermatitis and pneumo-
coniosis occur in over 20% of workers (He and Yang 1999).

Animals. Acute effects of the overdose of Sb in animal nutrition are probably similar
to those observed in humans. However, there are not set any exposure limits for ani-
mals. An adverse effect was not observed when mice were fed with forage containing
6 700 mg kg–1 Sb2O3 (Hammel et al. 2000).
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Sb



396 Chapter II-15  ·  Trace Elements of Group 15 (Previously Group Va)

II-15.3
Bismuth (Bi)

II-15.3.1
Introduction

Bismuth is crystallo-chemically very closely related to As, Sb, and Pb, and its most
common oxidation number is +3 (Table II-15.1). At the +5 oxidation state, Bi is a strong
oxidizing agent, such as NaBiO6 or BiF5 (Krüger et al. 1985).

In the Earth’s crust its concentrations range between 0.06 and 0.13 mg kg–1. In sedi-
mentary rocks it is distributed rather uniformly at the range of 0.05–0.5 mg kg–1 and
it is likely to be concentrated in hard coal, up to 5 mg kg–1 (Table II-15.2).

Bismuth reveals both chalcophilic and lithophilic properties. During weathering it
is readily oxidized, and when it becomes carbonated (e.g., as Bi2O2CO3), it is relatively
stable (Neagoe 2001). Its common minerals are: bismuthinite, Bi2S3; and bismite Bi2O3.
Possible host minerals are galena, sphalerite and chalcopyrite.

It has been suggested that Bi can be a good tracer of volcanic emissions. In Greenland,
Bi concentrations on ice and snow indicated that its source (total deposition 0.14 t) was
the volcanic eruption of Laki (1783–1784) (Ferrari et al. 2000).

II-15.3.2
Production and Use

The annual world production of Bi in 2003 was estimated, depending on the data source,
at 3.75 kt (USGS 2004) and at 4.47 kt (WMSY 2004). It is associated with several ores
(e.g., Cu, Hg, Sn, Ag, Au, W) and is often obtained as a by-product of various ore pro-
cessing, mainly of Pb ores (in the USA), and of W ores (in China).

Bismuth is widely used in low-melting alloys, fuses, sprinklers, glass and ceramics
production, and also as a catalyst (e.g., production of rubber and acrylic fibers). It is
used in other metallurgical industries, as well as in different electronic devices.

Due to restrictions on the use of Pb, the outlook for Bi uses for plumbing fittings for
drinking water systems is increasing. As a non-toxic replacement for Pb, Bi is used in
several types of food processing equipments.

Due to its versatile properties, other uses are in pharmaceutics and cosmetics pro-
duction, as well as in dentistry and medicine.

II-15.3.3
Soils

There are not much data on the Bi content of soils (Table II-15.8).
Some ferralictic soils may concentrate up to 10 mg Bi kg–1 (Fergusson 1990).

Tyler (2005) reported that Bi levels in ectomycorrhizal beech roots and raw
humus soils are 12 and 92 mg kg–1, respectively. The calculated root/soil (R/S) ratio
of Bi is about 0.13, and seems to be related to the ionic potential and the ionic
charge of the cation.
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Fertilizers, sewage sludge and especially some phosphate waste solutions are sig-
nificant sources of Bi in soils. Eriksson (2001a) reported the following Bi concentra-
tions (in mg kg–1 of phosphate content) in material used for soil amendment: sewage
sludge, 0.73; manure, 0.72; P-fertilizers, 0.18; and NPK-fertilizers, 0.02.

The presence of radionuclide, Bi-214 in P-fertilizers depends on the quality of phos-
phate rocks. In a cement plant in Lebanon, sea sediment (50 m from the plant) and ferti-
lizers contained this radionuclide at 579 and 401 Bq kg–1, respectively (Brigden et al. 2002).

II-15.3.4
Waters

The Bi concentration in the North Pacific Ocean is estimated at 0.03 ng kg–1 (Nozaki
2005). According to other sources, Bi concentrations in surface ocean water range
from 20 to 40 ng l–1 (Goldberg 1965) and in world ocean water its mean is estimated
at 20 ng l–1 (Reimann and Caritat 1998). In surface terrestrial waters, Bi contents vary
between 10 and 50 ng l–1 (Kabata-Pendias and Pendias 1999).

The species of Bi in seawater are mainly: BiO+, BiCl– and BiOCl, whereas in fresh
water, principal species are: BiO+, Bi(OH)2

+ and B6(OH)1
6

2
+ (Stumm et al. 1975).

Rainwater collected during 1999 in Sweden contained Bi at the average value of
30 ng l–1 and the maximum value of 52 ng l–1. Its wet deposition has been estimated at
33 mg ha–1 yr–1 (Eriksson 2001a).

Bismuth is likely to be associated with Fe hydrous oxides and is commonly concen-
trated in polymetallic concretions of the sea bottom.

Table II-15.8. Bismuth in various soils (mg kg–1)

II-15.3  ·  Bismuth (Bi)
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II-15.3.5
Air

There is a scarcity of data on Bi in the atmosphere. Its global concentration apparently
varies from 0.2 to 3 ng m–3 (Kabata-Pendias and Pendias 1999). Most Bi emission origi-
nates from mining and smelting of metal ores, chemical plants, coal combustion, and
waste incineration. Natural Bi emissions to the atmosphere are from geothermal power
plants and volcano eruptions.

The annual wet deposition of Bi in Sweden has been estimated at 0.033 g ha–1 yr–1

(Eriksson 2001a). Atmospheric deposition of Bi in Solling Mountains (Germany) is cal-
culated to be at the mean value of 0.4 g ha–1 yr–1 (vide Kabata-Pendias and Pendias 1999).

II-15.4.6
Plants

Bismuth is not essential to plants and there is no evidence of its toxicity. Although
Bowen (1979) showed weight loss of some plants in the solution culture with increased
Bi concentration, the mechanism of its toxicity has not been presented (Efroymson
et al.  1997).

The standard Bi content in plants is estimated at 10 µg kg–1 (Markert 1992). The
range of Bi in various plants is from <20 to 800 µg kg–1 (Kabata-Pendias and Pendias
1999). However in some plants, especially in trees, its contents can be elevated up to
about 15 mg kg–1 AW (Fergusson 1990). Winter wheat and barley grains grown in
Sweden contain Bi at the mean values of 3 and 5 µg kg–1, respectively (Eriksson 2001a).
Berg and Steinnes (1997) found Bi in Norwegian mosses collected in 1995 to range
from 1 to 800 µg kg–1 (average 33).

Plants grown in some contaminated sites contained Bi in concentrations of less than
20 µg kg–1 (Li and Thornton 1993).

II-15.4.7
Humans and Animals

Humans. Bismuth occurs in mammalian tissue in the range from <0.03 to <0.1 mg kg–1,
being the lowest in skin and the highest in brain (Jørgensen 2000). Li (2000) reported
other ranges of Bi in human tissues, from 0.007 to 0.4 mg kg–1, the lowest in muscles
and the highest in kidneys. According to Fergusson (1990), the body burden of Bi is 13 mg
per 70 kg and its distribution among human tissues is following: blood, <0.3 mg l–1; kid-
ney, <0.1–1.0 mg kg–1 FW; liver, <0.1–0.5 mg kg–1 FW; muscle, 0.01 mg kg–1 FW; and
bone, <0.2 mg kg–1. The mean concentration of Bi in human blood and urine is re-
ported to be 0.49 and 1.2 µg l–1, respectively (Reimann and Caritat 1998).

The toxicity of Bi depends on its digested or inhaled species. For example, citrate
compounds increase the uptake of Bi (Slikkerveer et al. 1992; Niebore et al. 1995). It
reveals an affinity to combine with sulfhydryl groups and thus can be harmful to some
metabolic processes and to the nervous system (Thomas 1991). Neurotoxic effects and
kidney disorders of humans may occur from intake of either insoluble and or soluble
compounds of Bi (Slikkerveer and de Wolff 1989). In the 1970s, an epidemic of Bi
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poisoning occurred in France and symptomatic patients had a wide range of Bi blood
at concentrations from 0.01 to 4.6 mg l–1 (Martin-Bouyer et al. 1978). The total daily
intake of Bi by adults, combined with inhalation, is estimated at 5–20 µg (Neagoe 2004).

Since ancient times, Bi has been used in medicine, recently often in combination
with an antibiotic. However, presently it is applied mainly as a homeopathic remedy.
The common compounds used in medicine are Bi-citrate and Bi-subsalicytate. It is
known to cause constipation. According to Neagoe (2004), an important source of
exposure to Bi of some individuals is the therapeutic use of its compounds.

Animals. Bismuth levels in land animal tissues are reported to range between <4 and
20 µg kg–1 (Neagoe 2004).

Acute local effects of inhalation of Bi compounds by animals were observed mainly
as kidney damage (Neagoe 2004). The accumulation pattern of Bi in mice is following:
lungs > spleen > liver > brain > muscles (Slikkerveer and de Wolff 1989).

The addition of Bi to Pb pellets as a non-toxic alternative for shotguns became a
significant source of this metal in some animal tissues (Ringelman et al. 1993). Mean
concentrations of Bi in liver and muscle of ducks and geese hunted with Pb shot shells
range from 0.05 to 0.15 mg kg–1 and from 0.06 to 0.29 mg kg–1 (Jayasinghe et al. 2004;
Pamphelet et al. 2000). Concentrations of Bi in muscles on hunted birds are a bit higher
than in liver. It seems to be evident that increased level of Bi in muscles of hunted birds
originated from Pb pellets that may contain Bi at the level of >5.5 mg kg–1.

II-15.3  ·  Bismuth (Bi)
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Chapter II-16

The Group 16 of the Periodic Table is composed of only two stable trace elements:
selenium (Se) and tellurium (Te) which resemble S in a number of geochemical prop-
erties, however their behavior in the environment is more complex. Polonium (Po), a
natural isotope of the U-Ra transformation chain also belongs to this group.

These elements are highly mobile in the Earth’s crust and they are considered to
exhibit both chalcophilic and siderophilic properties. All of these elements exist in
variable valence states from –2 to +6 (Table II-16.1).

II-16.1
Selenium (Se)

II-16.1.1
Introduction

The concentration of Se in the Earth’s crust is between 0.05 and 0.5 mg kg–1. It is slightly
more concentrated in mafic rocks, but rarely exceeds 0.1 mg kg–1. In sedimentary
rocks, Se is associated with the clay fraction and thus its contents in argillaceous
sediments (0.3–0.6 mg kg–1) are significantly higher than in sandstones and limestones
(Table II-16.2). Enriched Se concentration in Cretaceous rocks (up to above 100 mg kg–1)
was derived from volcanic gases and dust brought down by rain into the Cretaceous
sea. However, some sedimentary rocks formed in non-volcanic periods are also en-
riched in Se, probably in the normal course of weathering.

Trace Elements of Group 16
(Previously Group VIa)

Table II-16.1. Selected properties of trace elements of the Group 16

Se
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Selenium is allotropic and may occur in three forms: (i) “metallic” hexagonal, (ii) red,
monoclinic crystals, and (iii) vitreous amorphous forms, black, red, and colloidal with
its properties depending on the form. Commonly Se exists in four valence states, and
the –2 state predominates in organic Se compounds. Due to the close crystallochemical
behavior of Se and S, much of the geochemistry of Se is tied to the more abundant S.
Elemental Se is the most stable form for most of the range of natural near-surface
conditions. Selenium exhibits variable geochemical properties, chalcophilic and
siderophilic, that affects its complex behavior in geochemical processes and results in
relatively easy changes of its oxidation states (Table II-16.3).

Commonly occurring species, selenites (Se4+) and selenates (Se6+) in geochemical
environments do not form stable compounds and are preferably absorbed by minerals,
particularly clay minerals, and Fe and Mn oxides and hydroxides.

Approximately 50 Se minerals are known, of which the relatively common ones are:
klockmanite, CuSe; berzelianite, Cu2–xSe; clausthalite, PbSe; tiemannite, HgSe; and
crookesite, (Cu,Tl,Ag)2Se. Selenium is often associated with host minerals, such as pyrite,
chalcopyrite, and sphalerite.

Table II-16.2. Abundance of selenium in the environmenta
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The great affinity of Se to different organic compounds and substances results in a
large number of organic compounds that are analogous to those of organic S compounds
and are easily accumulated in some biolites, e.g., coals (up to 10.7 mg kg–1), crude oils
(up to 1.4 mg kg–1), and bituminous shales. Extremely high Se concentrations, up to
6 500 mg kg–1, occur in Chinese stone-coal (Plant et al. 2004). Concentrations of as much
as 0.1% Se are not uncommon in the immediate vicinity of some oxidized sandstone-
type uranium deposits.

The easy methylation of Se, mainly due to biological processes causes formation of
volatile Se compounds and has a significant role in the geochemical cycling of this
element.

Selenium is one of the elements playing a most important role in human and ani-
mal health and is essential to all other organisms including bacteria and algae. In the
environment, however, there are concerns with both deficiency and toxicity. Since 1983
there has been dynamic growth in both studies and understanding of Se cycling and
importance in human and animal health. Since that time an explosion in scientific
papers and review articles has been observed.

II-16.1.2
Production and Use

Global production of Se in 1995 was calculated as 2.31 kt (Reimann and Caritat 1998).
Compounds of Se are used in photoelectric cells of broad utility from photometers

to photovoltaic-batteries. They are used as pigment (maroon and orange colors), mainly
in glass and plastic production (approximately 50% of the total Se production) and
serves as vulcanizing and galvanizing agents. Its addition to alloys increases the ma-
chinability of stainless steel. Selenide compounds (e.g., WSe2) are used in lubricants
for metals.

A relatively high proportion of Se (around 20% of the total production) is used as
dietary supplements for humans and livestock. Selenium is a relatively common com-
ponent of various cosmetics and medications as therapeutic agent and has been re-
cently used in cardiology as a major antioxidant.

In agriculture, Se is used as an addition (mainly as sodium selenite, Na2SeO3), to
insecticides, fertilizers and foliar sprays.

Table II-16.3. Impact of soil pH on the formation of soluble Se species (after Kabata-Pendias 1998)

II-16.1  ·  Selenium (Se)
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II-16.1.3
Soils

The Se content in soils is inherited from parent material and its distribution strongly
reflects soil-forming processes and atmospheric deposition. The lowest amounts of Se
are in sandy soils developed under humid climate, particularly in podzols, with the highest
contents occurring most often in organic and calcareous soils (Table II-16.2). Selenium
contents of worldwide soils have been calculated at an average value of 0.33 mg kg–1, but
the range of its concentrations is very broad, from 0.005 to 3.5 mg kg–1. Averages of Se in
sandy soils are reported for some countries at values of (in mg kg–1): 0.14 in Poland,
0.14 in Lithuania, 0.18 in Russia, 0.21 in Finland, and 0.27 in Canada (Antapaitis et al.
2004; Eurola et al. 2003; Kabata-Pendias and Pendias 2001). Swedish arable soils contain
Se in the range of 0.11–0.53 mg kg–1, at the mean value of 0.23 mg kg–1 (Eriksson 2001a).

Soils from the Se-deficient endemic areas (e.g., in China) contain very low water-
soluble Se, in the range from 0.2 to 2 µg kg–1, whereas soils from non-endemic regions
contain easily soluble Se from 1 to 11 µg kg–1 (Xu and Jiand vide Kabata-Pendias
and Pendias 2001). The total Se range in topsoils of New Zealand is between 0.1 and
4.0 mg kg–1 and the common range is 0.3–0.9 mg kg–1. Selenium-responsive disease in
sheep is observed in areas where soils contain <0.5 mg kg–1 (Oldfield 2002). In Se-
deficiency areas of Yugoslavia, average levels of this element in soils range from 0.04
to 0.44 mg kg–1 (Maksimoviõ and Djujiõ 1998).

Higher contents of Se are observed in surface layer of forest soils, organic rich soils,
calcareous soils, and volcanic soils (Table II-16.2). Elevated Se levels in peat soils up to
230 mg kg–1 (mean 138) in Great Britain, and up to 360 mg kg–1 (mean 54) in Ireland
are associated with Se toxicity in livestock (Fleming; Williams and Thornton vide
Kabata-Pendias and Pendias 1999).

Behavior of Se in soil has been studied extensively and summarized in several
publications (e.g., Vouri et al. 1994; Frankenberger and Endberg 1998; Kabata-Pendias
and Pendias 2001). It can be generalized that the main factors controlling Se forms and
behavior in soils are Eh and pH, however several other parameters like organic ligands,
clays, and hydroxides also play very significant roles (Tables II-16.3 and II-16.4).
Nakamaru et al. (2005) reported that the major factor for Se adsorption in Japanese
agricultural soils were active-Al and active-Fe. The range of Se Kd values in these soils
was very broad, from 12 to 1 060, and exhibited the best correlation with acid oxalate
extractable Al (active-Al). Inorganic species of Se associated with defined soil param-
eters reveal variable properties:

� Selenates (Se6+) are mobile in inorganic forms, especially in neutral and alkaline
soils, and are not absorbed on hydrous sesquioxides (in particular Fe2O3 · H2O)

� Selenites (Se4+) are slightly mobile in neutral and acid soils of humid temperate
regions, and are easily absorbed on hydrous sesquioxides and organic matter

� Selenides (Se2–) are rather immobile in acid soils due to the formation of stable
mineral and organic compounds

The transformation between these species as well as the formation of elemental Se
takes place in all soils, however, under most conditions these are very slow processes.
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Several complex Se anions, organic compounds and chelates greatly modify the behav-
ior of Se in each particular soils and affect its distribution along soil profiles. Most
commonly, the Se accumulation in surface soil horizon resulted from its adsorption by
organic matter. It has been calculated that absorbed forms of Se in soil range from 15
to 40% of its total content and that Se-organic compounds range from 4 to 22% of the
total Se (Kabata-Pendias 1998). Nakamaru et al. (2005) found that 80–100% of the
absorbed Se was in Al-bound (28–78%) and Fe-bound (14–53%) fractions depending
on soil groups. Small proportions of adsorbed Se were loosely bound (0.2–1.7%).

Forms and concentrations of Se in soil solution are governed by various physical-
chemical and biological factors, and common inorganic anions are: SeO3

2–, SeO4
2–,

HSeO4
–, HSeO3

–, and H2SeO4
– (Haygarth 1994; Kabata-Pendias and Sadurski 2004). Under

oxidizing conditions, SeO4
2– is the favored form, while in mild reducing conditions, SeO3

2–

is likely to dominate. This anion is strongly sorbed on oxides and precipitates such as
Fe(SeO3)3, whereas SeO4

2– is very weakly sorbed, especially at high pH. Hence, mobile
and easily phytoavailable Se occurs in alkaline well aerated soils, most commonly in
arid and semi arid regions. Organic matter has a strong tendency to form organome-
tallic complexes which remove Se from soil solution.

High Se mobility can be expected in soils of high pH and Eh, and conversely low
mobility in soils with high contents of hydroxides, organic matter and granulometric
clay fractions (Table II-16.4). In acid soils Se is likely to occur as Se4+, strongly adsorbed

Table II-16.4.
Soils factors affecting the
mobility of selenium (after
Kabata-Pendias 1998)

II-16.1  ·  Selenium (Se)
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by Fe oxides to form ferric selenite, Fe2(OH)4SeO3, and iron selenide, FeSe. Maximum
Se adsorption occurs between pH 3 and pH 5 and decreases as the pH rises. In alkaline
Se-rich soils, the predominated species is Se6+ which is very weakly adsorbed. Hence,
selenates occur in soluble forms in soil of arid and semi-arid regions.

The stability of Se-Fe minerals and Se adsorption by metal hydroxides and clays con-
trol to a high degree Se behavior. Addition of PO4 to soil may increase Se uptake by plants,
because this ion displaces selenites from soil particles and thus increases Se mobility.
The phytoavailability of different Se species in soils decreases in the following order:
selenate > selenomethionine > selenocysteine > selenite > elemental selenium > selenide.

The hot-water soluble Se fraction is considered to be the fraction that is most easily
available to plants. However, other extractants, such as K2SO4, NH4OH, and DTPA so-
lutions are reported to give a good correlation between Se extractability and Se avail-
ability to some plants. In seleniferous soils, hot-water-soluble Se is >0.05 mg kg–1

(www.ext.colostate.edu/pubs).
The Se contents of soils and its mobility have received much attention, especially in

countries where its deficiency in human and animal has been recognized. However,
elevated soil Se in some regions, due to both geochemical and anthropological factors,
has also been of great concern. Soils developed on seleniferous parent material (e.g.,
Cretaceous limestone) and soils contaminated with Se from irrigation water and/or
from coal power plant emission are now of real environmental concern.

A close relationship between Se and organic C has been observed in most soils.
Microbial processes in both the formation and mineralization of organic Se (e.g.,
selenomethionine, selenocysteine) play a crucial role in Se cycling and especially in its
volatilization from Se-contaminated soils (Martens and Suarez 1998). These processes
are important, especially in the reduction of Se, principally through the reduction of
Se4+ and Se6+. The activity of microbiota reveals variable sensitivity to increased Se
contents in soil. However, a 5 mM concentration of selenic acid inhibited the activity of
all soil enzymes (Nowak et al. 2002). In poorly drained soils, an accumulation of insoluble
Se2– compounds is likely to occur. Due to methylation processes under anaerobic condi-
tion, Se may volatilize in the form of (CH3)2Se, as well as in forms of several other methane
and sulfide Se compounds. A number of bacteria and fungi species are involved in Se
volatilization processes (Frankenberger and Karlson 1994). As reported by these authors,
organic amendments may significantly increase the rate of Se volatilization from soils.

The program of increasing the Se status of soils in Finland was started in 1984. It
was based on Se (as sodium selenate) addition to inorganic fertilizers at levels from 6 to
10 mg kg–1, with a permitted highest concentration of 15 mg kg–1 (Eurola et al. 2003). The
mean hot-water extractable Se in soils before this program (in 1979) was 0.006 mg l–1, and
after the program (in 1998) was 0.01 mg l–1. However, Se easily available to plants was
present only in the first summer after fertilizing, and quickly turned into unavailable
forms in the soil. These authors stated that there is not any long-term environmental
risk since Se remains in soils as immobile species. Studies of Vuori et al. (1994) indi-
cated that selenate was soluble for at least 3 months after the addition. The sorption of
Se was correlated positively with clay content, Fe content, and surface area and negatively
with sulfuric acid-extractable P. However, these authors have also stated that the behavior
of selenate is not uniform in cultivated soils of Finland, and that added selenate sorbed
during the first growing season can later be mobilized into soluble fractions.
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II-16.1.4
Waters

Natural waters usually contain Se at a level of <1 µg l–1. The Se concentrations in sea-
water commonly vary between 0.1 and 0.35 µg l–1. The median Se concentration in
oceans is 0.2 µg l–1 (Reimann and Caritat 1998). According to another sources of data,
the average Se level in oceans is 0.09 µg l–1 (ATSDR 2002b), and in the North Pacific is
0.1 µg kg–1 (Nozaki 2005).

It has been estimated that 7.7–8.0 kt of Se is introduced into the sea annually
(Schrauzer 2004b). Organic selenide, mainly dimethyl selenide, (CH3)2Se, makes up
around 80% of total dissolved Se in ocean surface water and its outgassing may be an
important removal mechanism for dissolved Se from aquatic systems (Steinnes 2003).

The global Se average in river-waters is given at a value of 0.07 µg l–1, with a range of
0.02–0.5 µg l–1 (Gaillardet et al. 2003). However, some rivers, e.g., Colorado River, contain Se
in the range of 1–4 µg l–1, although much higher values, up to 400 µg l–1 are also reported
(ATSDR 2002b). Much of this Se is thought to have been derived from industrial sources, e.g.,
oil refineries contribute up to 75% of the total Se load entering the San Francisco Bay (Plant
et al. 2004). The world average riverine flux of Se is given as 2.6 kt yr–1 (Gaillardet 2003).

The common range of Se in rainwaters is 0.04–1.4 µg l–1 and in Polar ice its content
averages 0.02 µg l–1 (Plant et al. 2004). The median Se concentration in rainwater from
the remote region of the Kola Peninsula is 0.5 µg l–1 and increases up to 0.9 µg l–1 in the
polluted area (Reimann and Caritat 1998). Rainwater collected during 1999 in Sweden
contained Se at an average value of 0.15 µg l–1 and at a maximum value of 0.26 µg l–1

(Eriksson 2001a). Rainfall may have increased Se levels not only from fossil-fuel com-
bustion, especially coal, but also from volcanic sources.

Ground waters usually contain more Se than surface waters. Especially high levels
of Se, up to 1 000 µg l–1, are found in ground water of some regions of China. Also
waters of saline, seleniferous areas in some arid parts of various countries (e.g., USA,
China, Pakistan, Venezuela) may contain Se > 2 000 µg l–1 (Plant et al. 2004). Usually,
the labile Se in most soils and the Se deposited atmospherically onto soils are rapidly
leached into groundwater (Haygarth 1994). Wang et al. (1994) reported that Se levels
in stream and river waters of Finland increased up to an average of 180 µg l–1 and in
bottom sediments up to around 4 mg kg–1, after the Se-fertilizing program.

The threshold value for Se in drinking water has been established by the WHO as
10 µg l–1 (Table II-16.5) whereas in the USA it ranges between 10 and 45 µg l–1. The
MCL value for the Se concentration in waters of all states of the USA is 50 µg l–1. The
limit level for Se in water used for irrigation is 20 µg l–1 (ATSDR 2002b). In most coun-
tries the MPC for Se are (µg l–1) for: drinking water for humans 10, drinking water for
livestock 50, and irrigation water 20 (www.ext.colostate.edu/pub/natres).

The bioreactor channel systems (BCSs) based on channels filled with rice straw
stimulate the bacterial reduction of Se6+ to elemental Se0 are very effective in removing
the excess of Se from water (Zhang and Frankenberger 2003). As Terry et al. (2000)
stated, the problem of cleaning up Se from contaminated water might be resolved by
the selection of wetland species that will volatilize Se from the ecosystem.

Selenium concentrations in sewage have been reported to be (in µg l–1): 280 in raw,
45 in primary effluents, and 50 in secondary effluents (ATSDR 2002b).

II-16.1  ·  Selenium (Se)
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Aquatic biota. The guideline for Se in aquatic life of freshwater is 20 and 5 µg l–1, for
acute and chronic conditions, respectively. These values for marine water are higher
and ranges between 71 and 300 µg l–1, for chronic and acute hazards to aquatic organ-
isms (ATSDR 2002b).

Increased levels of Se in drainage water from Se-contaminated soils have created
serious hazards to aquatic organisms, especially birds.

II-16.1.5
Air

Concentrations of Se in the atmosphere are highly variable due to differentiated sources:
(i) evaporation from ocean and sea surface, (ii) volcanic eruption, and (iii) industrial
emissions. The Se concentration in air above the South Pole is 0.06 ng m–3 and the
average value for worldwide air from remote regions is 0.2 ng m–3 (Table II-16.2)
whereas the median for polluted areas is 4.0 ng m–3 (Reimann and Caritat 1998).

There is evidence that the ocean is a significant source of Se to coastal areas. Sig-
nificant enrichment of Se in marine aerosols results from the formation of volatile

Table II-16.5.
Selenium in wheat grains from
different countriesa (µg kg–1)
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organoselenium compounds, mainly dimethyl selenide, (CH3)2Se. Increased Se levels
in mosses (>1 mg kg–1) and in peat (>2 mg kg–1) in the marine regions clearly indicate
the impact of Se volatilization from the surface of seawaters (Steinnes 1991, 2003). Also
substantial amounts of Se may be removed from Se-contaminated soils through bac-
terial and phytovolatilization processes.

Selenium is released during fossil fuel combustion. Its annual emission from all
sources in Europe (only) was 420 t in 1979 (Schrauzer 2004b). Its global emission is
>6 kt yr1, in both small particles and volatile compounds which make around 40% of
the total aerial abundance.

Inhalation exposure limits have been established by the US EPA as follows (in µg m–3):
12 700 for hydrogen selenide, 400 for Se-hexafluoride, and 200 for other Se-compounds
(Fordyce 2005). According to the guidelines presented by ATSDR (2002b), the concen-
tration of Se in air may vary from 160 to 1 000 µg m–3. The recommended threshold
limit value for Se in workplace is 200 µg m–3, whereas in Germany, the MAK value at
the workplace has been established at 50 µg m–3, and in Russia at 100 µg m–3 (Schrauzer
2004b).

II-16.1.6
Plants

Most plants contain rather low foliar Se, around 25 µg kg–1 and rarely exceed 100 µg kg–1.
However, some plants exhibit a great capability to accumulate Se and they may con-
centrate Se to extremely high levels (over 1 000 mg kg–1).

The uptake of Se by plants depends on several factors, such as climate, soil param-
eters, and plant capacity to accumulate. When present in soluble forms, Se is readily
absorbed by plants, although differences between plant species are very pronounced.
Primarily, Se is taken up from the soil as selenate, SeO4

2– or selenite, SeO3
2– (Ellis and

Salt 2003). In most cases there is a positive linear correlation between Se in plant tis-
sues and Se contents of soils. However, the complex impact of variable factors on Se
uptake by plants can significantly alter the relation between Se in plants and soils.

The Se content of crops recently received much attention because of its importance
in the food chain. Thus, most available data are for food and forage plants. Cereal grains,
as the most common source of Se in diets, have received special attention and have
been broadly analyzed. In general, mean concentrations of Se in grains are higher in
countries from arid climates than in countries from humid climates. Finland is an
exception, having implemented the program of Se addition to fertilizers.

Although Se is not an essential element for plants, with some exceptions, is being
added to soil to ensure that both food and feed products contain adequate amounts for
the dietary needs. However, plants may also accumulate high amounts of Se that may
be toxic to humans and animals.

The range of Se in cereals at the worldwide level is estimated as 100–800 µg kg–1 FW
(Fordyce 2005). The range of mean Se varies from 142 to 970 µg kg–1 for countries with
high Se levels in grains, and from 14 to 90 µg kg–1 for countries with low Se levels in
grains (Table II-16.5). These variations do not indicate a significant impact of climatic
conditions, because several other factors also control the Se absorption by plants. The
addition of Se to soil (at 10 g ha–1) affected its contents in grains of barley and oats,
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from 19 to 260 µg kg–1 and from 32 to 440 µg kg–1, respectively (Gupta and Gupta 2000).
Johnson et al. (2000) concluded that Se-grain status is the best means of defining its
phytoavailability in the soil.

Food plants of the USA contain fairly similar amounts of Se that does not exceed
100 µg kg–1 FW (Table II-16.6). Its mean concentration is higher in roots and tubers
(13 µg kg–1 in potato and 17 µg kg–1 in carrot) than in fruits (from 1 µg kg–1 in oranges

Table II-16.6.
Selenium in food plants and
selected food in the USA
(µg kg–1 FW) (adapted from
ATSDR 2002b)

Se
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to 4 µg kg–1 in apples). Se-enriched garlic has often been reported as an important
dietary supplement (Ip and Lisk 1993; Ip et al. 2000; Maksimoviõ et al. 1995). Com-
monly reported increased levels of Se in Brazil nuts (Bertholletia excelsa) may vary
highly depending on the growth conditions. For instance, nuts that were grown on
soils derived from Cretaceous sediments enriched in Se by volcano emissions contain
more Se than those grown on lower Se soils.

Mean Se contents in some food plants in Finland, after the Se supplementation
program, varied in the period from 1989 to 2001 (in µg kg–1) as follows: potatoes, 110
and 31; carrots, 40 and 20; white cabbage, 580 and 160; and strawberries, 10 and 11
(Eurola et al. 2003). All food plants grown on seleniferous or Se-contaminated soils
contain much more Se than plants grown on low Se soils (Table II-16.7). Ge and Yang
(1993) analyzed a number of food and forage samples from China and found that
samples contain Se at the levels (in µg kg–1) of: <20, from severely Se-deficient areas;
30–50, from deficient areas; 60–90, from moderate areas; and >100, from adequate areas.

The Se content of forage plants has also been of great concern. Leguminous plants (clover
and alfalfa) usually contain more Se than grasses (Table II-16.8). Soil properties, particularly
pH and SOM, have a significant impact on the Se uptake by grasses (Fig. II-16.1). Tempera-
ture is especially known to affect Se uptake by plants, with much higher uptake at tem-
peratures >20 °C than during cooler seasons at <15 °C. Among soil factors, the pH seems
to be most important and promotes higher Se availability at higher pH values.

Table II-16.7. Selenium in food plants from areas of different Se levels in soils (µg kg–1) (as compiled by
Kabata-Pendias and Pendias 1999 and 2001)

Fig. II-16.1.
Impact of soil properties on Se
status of grasses grown during
1992–1993 (Borowska and
òyszcz 1996, with the authors
permission)
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The highest Se averages of leguminous plants are reported for India and the USA,
672 and 320 µg kg–1, respectively, while for other countries it varies from 15 (Canada)
to 90 µg kg–1 (Germany). Grasses most often contain smaller amounts of Se than le-
gumes. Average values of Se in grasses vary from 13 (in Canada) to 352 µg kg–1 (in
India), however it is difficult to observe any regular variation. As cited by Oldfield (2002),
some times a grass (Agrostis tenuis) may accumulate 2 to 7 times as much Se as white
clover (Trifolium repens).

There is a great variation in plants’ capability to absorb Se from soils, especially
from seleniferous ones. Thus, plants have been divided into three categories: (i) plants
that are accumulators and contain high amounts of Se and presumably require this
element, (ii) plants that absorb medium quantities, up to around 100 µg Se kg–1, and
(iii) plants non-accumulators, containing usually below 30 µg Se kg–1, under field con-
ditions. Plants that are able to hyperaccumulate Se are species mainly of Astragalus
and several other herbaceous species, e.g., Oonopsis, Stanleya, Xylorhiza, and
Machaeranthera. These plants can accumulate well above 100 µg Se kg–1 when grown
on Se rich soils, but even when grown on soils of low-to-medium Se content can accu-
mulate up to 100 µg Se kg–1. A Se content >5 000 µg kg–1 was reported in certain As-
tragalus species (Streit and Stumm 1993). Not all plant species grown on seleniferous
soils are Se accumulators, and may contain only a few µg Se kg–1. The plants variable
capability to either concentrate or exclude Se from the growth media is closely related
to the complex mechanism of Se compounds transformation and differences in Se
pathways (Terry et al. 2000).

Selenium is easily absorbed directly from atmospheric deposition, which is clearly
shown by its high accumulation in both mosses and mushrooms. Mosses from the

Table II-16.8. Selenium in forage plants from different countries (µg kg–1) (after Kabata-Pendias and
Pendias 1999, 2001, unless otherwise stated)Se
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Scandinavian countries contain Se at an average of 390 µg kg–1, up to 2 900 µg kg–1 (Berg
and Steinnes 1997). Mosses sampled in Germany during the period 1995/1996 con-
tained Se in the range from <140 to >560 µg kg–1 and increased Se concentrations were
observed in western and eastern heavily industrialized regions (Oldfield 2002). High
Se accumulation in rootless mushrooms also indicates its ready absorption from at-
mospheric sources (Table II-16.9). Large variation in the contents of Se in mushroom
fruiting bodies seems to indicate that neither species nor sites have a significant im-
pact on its absorption. Also grasses and other monocotyledonous and dicotyledonous
plants absorb volatile Se from the atmosphere via the leaf surface. This Se is trans-
ported and accumulated in roots in various forms of inorganic selenite, and organic
compounds such as SeGSH (selenoglutathione), SeMet (selenomethionine), and pro-
tein-bound SeMet (Terry et al. 2000). Haygarth (1994) calculated that the absorption
of Se by plants from atmospheric deposition contributes from 33 to 82% of its total
amounts in plants.

Plants absorbing Se from the atmosphere can also volatilize this element from their
tissues. The complex pathways of assimilation and volatilization of Se for both non-
accumulators and accumulators are described by Terry et al. (2000). The final products
of Se compound transformation are dimethylselenide (DMSe) and dimethyldiselenide
(DMdSe) which are easily volatilized from both roots and above ground plant parts as
well as from bacteria and fungi (Haygarth 1994). The type of Se compounds added to
soil (contamination or supplementation) as well as several plant factors strongly influ-
ence these processes.

Plants can assimilate soluble inorganic Se, mainly selenates, in association with sulfate
anions via a sulfate transporter in the root plasma membrane (Terry et al. 2000). Unlike
for selenate, there is no evidence that the uptake of selenite is mediated by membrane
transporters. Plants can also actively absorb organic forms of Se such as SeMet. The
uptake of Se by roots is controlled by several plant factors as well as soil and climatic
conditions. The role of Rhizobium bacteria is significant in Se uptake by plants. Plants
inoculated with the bacteria have a fourfold higher rate of Se volatilization than non-

Table II-16.9. Mean selenium content of mushrooms from some European countries (mg kg–1) (as com-
piled by Kabata-Pendias and Pendias 1999 and 2001, unless otherwise indicated)
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inoculated plants, which is probably due to the microbial increase in Se uptake. Inter-
actions among S, Se, and O-acetylserine at the root-soil surface can also control the Se
phytoavailability (Terry et al. 2000). Zayed and Terry (1994) have described the vola-
tilization of Se in roots and shoots under the impact of sulfate level.

The function of Se in plants has been investigated in many studies and there is still
little evidence that Se is essential for all plants. As reviewed by Terry et al. (2000), there is
some evidence that Se is required for the growth of algae, but its essentiality to higher
plants is controversial and yet unresolved. However, there are some indications that this
element may be required for Se-accumulating plants. Recent studies on some grasses and
vegetables provide indications that at proper Se addition the growth rate of these plants
may be enhanced (Hartikainen 2005; Turakainen et al. 2004; Xue and Hartikainen 2000).

Pyrzyôska (1995) cited that there are several naturally occurring organic Se species:
(i) selenocysteine, (ii) methylselenocysteine, (iii) selenomethionine, (iv) selenotaurine,
(v) seleniobetaine, (vi) seleniocholine, (vii) dimethylselenide, (viii) dimethyldiselenide,
and (ix) trimethylselenonium. Although the essentiality of selenoproteins in higher
plants has not been documented, syntheses of selenoproteins in some plants (e.g., sugar
beet) have been reported (Terry et al. 2000). Several selenoamino acids, SeMet
(selenomethionine), SeCys (selenocysteine), and SeMC (selenomethylocysteine) in
association with glutathione peroxidases have been found in both bacteria and higher
plants. Predominate forms of Se in plants, as reported by Djujiõ et al. (2001), are SeMet
in cereal grains and legumes seeds, and SeMC in vegetables. Schaumlöffel et al. (2004)
have cited that more than 20 Se compounds were present in Se-enriched yeast and
5 Se-species were identified in Se-enriched garlic, onion, and broccoli.

Results of recent investigations suggest that Se is an antioxidant that activates pro-
tective mechanisms, which alleviate oxidative stress in the chloroplasts and protect
plants against UV induced stress (Xue and Hartikainen 2000; Seppänen et al. 2003).
Positive effects of Se on carbohydrate metabolism in some plants (e.g., potatoes, let-
tuce) have also been observed (Turakainen et al. 2004). Djujiõ et al. (2004) reported
that Se supplementation to plants (wheat and soybean) increases tolerance to oxida-
tive stress and improve mineral nutrient balance and vitamin E level. These authors
concluded that under Se supplementation, cereals and forage crops convert Se prima-
rily into SeMet and incorporate it into proteins, although SeMet is not required for the
growth of these plants. This form of Se dominates in most plants, and in wheat and
soybean grown on Se rich soil, 80% of the total Se consists of SeMet.

The toxic concentrations of Se in non-accumulator plants, resulting in a 10% reduc-
tion of yield, without visible symptoms, range from Se contents of 2 mg kg–1 in rice to
330 mg kg–1 in white clover. In accumulators, Se concentration may reach 4 000 mg kg–1

without negative effects. Tolerance mechanisms involve processes of exclusion of ac-
tive Se amino acids, thus preventing their incorporation into proteins and damaging
effects on plant functions (Terry et al. 2000). Thus, the exclusion of Se from proteins
in the accumulator plants is the basis for their tolerance to Se. Generally, food crops
have a low Se tolerance, however, most other plants may accumulate amounts of Se that
are toxic to humans and animals.

In non-tolerant plant species, an excess of Se may impair germination and growth
and cause chlorosis and black spots on leaves. Increased Se levels in plants suppress
their concentrations of N, P, and S as well as several amino acids. High concentrations

Se
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of Se inhibit the absorption of metals, mainly Mn, Zn, Cu, and Cd. These relationships are
dependent on the ratio between the elements, and therefore stimulating effects of high Se
levels on uptake of some trace metals may sometimes be expected. The application of N,
P, and S is known to help in detoxifying Se, which may be a result either of depressing the
Se uptake by roots or of establishing a beneficial ratio of Se to these elements.

Plant capability to both hyperaccumulate and volatilize Se has been used for the re-
moval of excess Se. The first example of the effective phytoremediation of Se-contami-
nated soils was the plant-based phytoextraction of Se, using mainly Brassica, Astragalus,
and Graminceae species in California (San Joachim Valley), where drainage of Se-en-
riched water threatened human health by increased levels in food and forage plants
(Mc Grath 1998). Some transgenic plants (e.g., Indian mustard) may develop a mecha-
nism of both high absorption and immobilization of Se in their tissues. These plants, as
well as other hyperaccumulators may serve in the phytoremediation of Se-enriched soils.

A notable problem with phytoextraction is that plants with elevated Se content may
become available to wildlife potentially causing toxicity, therefore they should be har-
vested, removed and utilized elsewhere. Volatilization of Se, both directly from the soil
or by plants, may have a practical application in specific ecosystems. Microorganisms
(bacteria and fungi) and several higher plants can biomethylate inorganic Se species
and exhibit a great capability to remove Se from soil (Frankenberger and Karlson 1994;
Lin et al. 1999). The main Se species that volatilize from soils are those that also volatil-
ize from plants (dimethylselenides) as well as other methane and sulfide-methane
compounds. As Lin et al. (1999) calculated, the phytovolatilization of Se during the
growing season of Salicornia species was 34.6 mg Se m–2 and exceeded about two times
the amount of Se removed by phytoextraction. Phytovolatilization seems to be prom-
ising methods since it removes Se from soils directly into the atmosphere.

II-16.1.7
Humans and Animals

Humans. Selenium occurs in mammalian tissues in the range from 0.7 in heart tissue
to 2.5 mg kg–1 in muscles. The average Se content in human soft tissues is estimated as
0.11 mg kg–1 (Li 2000). The distribution of Se in soft tissue of adults in Poland varies
from 0.05 to 0.50 mg kg–1 FW, being the highest in kidneys. Concentrations of Se in
kidneys of humans from other European countries are reported by Zduôska et al. (1994)
as follows (in mg kg–1 FW): Bulgaria, 2.5; Germany 0.7; and Italy, 1.9. In human fluids,
mean Se concentrations are (in µg l–1): blood, 107; serum, 80; urine, 22; and milk, 13
(Li 2000; Reimann and Caritat 1998). The range of Se in milk of women in Poland
varies from <9 to >11 µg l–1 (Zachara and Pileexi 2000).

The species of ingested and inhaled Se may influence the behavior and quantity of
Se in indicator tissues. Nevertheless, Se contents of serum and whole-blood are good
indicators of body Se levels. The level required to optimize glutathione peroxidase
activity is estimated at about 100 µg l–1. In the European population, mean blood Se
concentrations vary from around 45 µg l–1 in Serbia to around 90 µg l–1 in France, Italy
and Sweden (Rayman 2000). Combs (2001) presented a report on Se in blood and serum
of worldwide healthy adults. Adults of China contain Se in serum (in µg l–1) (i) in ur-
ban areas, 80–111; (ii) in rural non-Keshan disease areas, 42–98; (iii) in blood, from

II-16.1  ·  Selenium (Se)

Se



416 Chapter II-16  ·  Trace Elements of Group 16 (Previously Group VIa)

Keshan disease areas, 9–29; and (iv) in blood from Kaschin-Beck diseases area, 23–3 480.
Yang et al. (vide ATSDR 2002b) reported that blood Se in a population affected by Keshan
disease averaged 18 µg l–1 whereas in people from non affected areas this value was
>60 µg l–1. Relatively high and fairly uniform mean Se levels are in serum of the popula-
tion from the whole territory of the USA, in the range between 80 and 167 µg l–1. In Fin-
land, the Se level in serum was between 0.63 and 0.76 µmol l–1, and after the Se supple-
mentation of fertilizers, it increased to the range of 1.2–1.4 µmol l–1 (Hartikainen 2005).

Adequate Se status (e.g., 70–75 µg l–1 of plasma) is prerequisite for proper iodine me-
tabolism that is interrelated in the conversion of thyroxine to triiodothyronine (Thomp-
son 2004). Effects of iodine deficiency are worsened if Se status is low (WHO/IPCS 2002).

A relatively good biomarker of Se status in whole blood seems to be its content in
human hair. Selenium concentrations in animal hair have been used to diagnose both
deficiency and toxicity. A very broad range of Se, from 0.3 to 13 mg kg–1, is reported for
hair (Jørgensen 2000). However, hair Se values have become unreliable indicators due
to the use of Se-containing cosmetics and/or exposure to Se-containing impurities
(Schrauzer 2004b). Johnson et al. (2000) emphasized that Se in hair is the most vari-
able indicator reflecting the impact of various and complex factors.

Toenails also provide good information on the Se status of the human body. The Se
level in toenails of the Finnish population was affected by Se fertilization (starting in
1985), and increased from around 0.4 mg kg–1 in 1984 to >0.8 and >0.7 mg kg–1 in 1992
and 1996, respectively (Aro et al. 1998).

Deficiency of Se in humans was first identified as Keshan disease (endemic cardi-
omyopathy) in central China and some parts of Russia and later defined as Kashin-
Beck disease (atrophy, degeneration and necrosis of cartilage tissue and joint deterio-
ration, probably resulting from deficiency of both Se and I). Over 20 structural
selenoproteins and catalytic selenoenzymes have been identified in human metabo-
lism. It is an agent in antioxidation and anti-inflammation processes and participates
in thyroid hormone production. Its roles in chemoprevention against HIV and AIDS
have been recently recognized (Clark et al. 1996; Baum et al. 2000). The correlation of
the Se depletion with cardiovascular diseases, cirrhosis, and diabetes has also been
reported (Navarro-Alarcón and Lopez-Martinez 2000).

Huge numbers of various publications (from Internet information to books) have pre-
sented physiological functions of Se and its compounds in humans and animals. Descrip-
tions of symptoms of improper Se supply to humans can be summarized as follows:

� Deficiency:
– Muscle weakness and pain
– Inflammation of muscles
– Fragile red blood cells
– Degeneration of pancreas
– Abnormal skin coloration
– Heart muscle dysfunction (dilation, congestion and other failures)
– Prolonged illness condition
– Susceptibility to cancer
– Keshan disease (KD), (cardiomyopathy)
– Kashin-Beck disease (KBD), (osteoarthropahty, disorder of the bones and joints)
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� Toxicity:
– Liver and kidneys damage
– Blood clotting
– Necrosis of heart and liver
– Skin lesions
– Hair and nail loss
– Nausea and vomiting

Etiology of KBD is still not well documented because, contrary to KD, the efficiency
of Se supplementation in the prevention of KBD has never been satisfactory demon-
strated (Ge and Yang 1993).

Environmental levels of Se are very often closely linked with local geology. This is
confirmed in studies carried out by Fordyce et al. (2000) who observed that low Se in
the food chain is associated with Jurassic siltstones and sandstones, whereas sources of
high Se occur in areas underlain by Permian carbonaceous strata.

Metabolic interactions between inorganic and organic forms of Se have been rela-
tively well recognized. Selenium is necessary for the function of several enzymes and
proteins, particularly glutathione peroxidase, an enzyme that prevents oxidative dam-
age to cells from a variety of peroxides. Rotruck et al. (1973) were first to demonstrate
that Se is an obligatory component of this crucial antioxidant enzyme. The depen-
dence of glutathione peroxidase on nutritional Se clarifies the essential role of this
element.

More than 100 Se-proteins, enzymes and other compounds have been identified in
biological samples. The most common organic compounds are:

� selenomethionine (SeMet)
� selenocysteine (SeCy)
� dimethylselenide (DMSe)
� dimethyldiselenide (DMDSe)
� selenomethyltranferase (SMT)
� Se-methylmethionine (SeMM)
� glutathione peroxidase (GSH-Px)

Because of the important role that Se plays in human and animal nutrition there is
interest in measuring the “bioavailable” amounts especially in food-stuffs, using vari-
ous bioassays. Most available are selenates and Se-aminoacids. The availability of Se
increased in diets rich in small molecular proteins (e.g., methionine) and in vitamins
E, A, and C. Diets enriched in metals and sulfur inhibit Se availability. The excessive
ingestion of As (e.g., with drinking water in Bangladesh) accelerate the excretion of Se
lowering the body’s content of this element. It has also been observed that As added to
animal fodder counteracts Se toxicity (Spallholz et al. 2004). Wuyi et al. (2003) described
a possibility of mitigation of endemic arsenocosis with Se supplementation.

Adequate Se content of food and forage should range between 100 and 3 000 µg kg–1

(Table II-16.10) and its common concentrations in food and fodder plants, including
mushrooms, should cover the daily requirement. However, some Se-supplementation
is advised due to variable Se availability from different kinds of food. The availability

II-16.1  ·  Selenium (Se)

Se



418 Chapter II-16  ·  Trace Elements of Group 16 (Previously Group VIa)

of ingested Se and its incorporation into various compounds in the body depends on
the forms existing in plants. While selenomethionine (mainly in cereals) is easily in-
corporated into protein, Se-methyl-Se-cysteine (mainly in Se-fortified garlic and broc-
coli) is likely to be converted into methyl selenol that has a great anti-carcinogenic
potential (Ip et al. 2000; Hartikainen 2005). The nutritional prevention of cancer with
Se has been broadly investigated (Clarks et al. 1996). Also Se-responsive diseases have
been studied (Fordyce et al. 2000).

There are several recommended dietary Se intakes, as well as estimates of TUIL for
adults, set at 400 µg d–1, and NOAEL, set at 800 µg d–1 (Schrauzer 2004). Recommended
dietary Se intakes depend highly on human life stage and were set at lower levels in the
year 2000 as compared with levels proposed in 1980 (Table II-16.11). Recently recom-
mended adults daily intakes range between 40 and 55 µg.

Data presented by Combs (2001) from all over the world has indicated very broad
ranges in Se intakes (µg person–1 d–1); between 11 and 95 in most European countries
(at moderate Se-blood status), and between 60 and 350 in other countries, e.g., Canada,
USA, Venezuela, Japan, and Greece. These values in China were 7–11 in Keshan disease
areas, and 750–4 990 in selenosis areas. The Finnish program to increase Se in cereal
grains up to 100 µg kg–1, by supplementation with Se of multinutrient fertilizers had the
primary goal of elevating the Se intake to an adequate rate of 50–200 µg person–1 d–1

(Hartikainen 2005). Clinical signs of selenosis are observed at, and above intakes of
900 µg d–1, but a maximal daily safe dietary Se intake of 400 µg has been suggested for
adults (WHO/IPCS 2002).

Selenium and its compounds have been recently regarded as the most effective
antioxidants in both prevention and cure of cancer (Spallholz 2001). Selenomethionine
(SeMet) is involved in oxidation processes as both promotor and inhibitor agents.
However, in association with glutathione, SeMet acts catalytically as a cellular antioxi-
dant (Schrauzer 2003) and also enhances the antioxidant effect of vitamin E. There is
ample evidence that Se may have a protective role in many diseases of humans. The
most common ones have been mentioned above: cardiac arrhythmia, atherosclerosis,
liver cirrhosis, and cancer (particularly of colon and prostate). Patients with acute
myocardial infarction or with ischemic cardiomyopathy contain significantly lower
serum Se than control groups (Navarro-Alarcón et al. 1999, 2000). It is also an effective

Table II-16.10. Thresholds values for Se in food and forage (adopted from Kabata-Pendias and Pendias
1999, ATSRD 2002b, and Fordyce 2005)Se
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detoxifier of some metals, e.g., due to its ability to bind Cd, Pb, Hg, and Ta, mainly as
selenites, which decreases their toxicity. Its immune functions increase antibacterial
and antiviral defenses of the organism. The biofortification of Se in food plants, and
in particular of wheat and garlic has been studied recently (Ip and Lisk 1993; Djujiõ
et al. 2001; Lyons et al. 2003). There is evidence that yeast, Brazil nuts and whole grains,
when enriched in Se, provide an easily available source.

Animals. Deficiency, as well as excess of Se in farm animals seems to be more wide-
spread than in humans. Most domestic animals need 3–6 times higher Se intake than
humans.

The optimal Se concentration in serum of livestock, according to German regula-
tion, ranges from 80 to 300 µg l–1, whereas following the Czech Republic directives it is
satisfactory between 40 to 150 µg l–1 (Kvicala et al. 2002). Forage Se at a concentration
above 100 µg kg–1 satisfies the requirement of most animals (Table II-16.10). At lower
Se content in forage its level in sheep blood decreases to below 50 µg l–1 (Ermakov vide
Kabata-Pendias and Pendias 1999).

The supplementation of feed by selenomethionine or Se yeast has become increas-
ingly common in animal nutrition, especially in low-Se areas worldwide. For instance,
most commercial animal feed has been supplemented with selenate in several coun-
tries since 1969. Observations have indicated that the supplementation of feed seems
to have some prophylactic effect on humans who ingested animal products
(Hartikainen 2005).

In general, selenites are more easily available and thus might be more toxic than
selenates and selenides to animals. The toxicity of Se in animals, first reported in farm
animals in China, is likely to occur in regions with a predomince of alkaline soils and/

Table II-16.11. Recommended dietary selenium intakesa (µg d–1) (adapted from Levander 2001, ATSDR
2002b, and WHO/IPCS 2002)
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or Se-enriched peats, with a high ratio of easily phytoavailable Se species. Alkali dis-
ease occurs when livestock is fed with grain containing 3–20 mg Se kg–1. Schrauzer
(2003) described toxicity symptoms in macaques, after 30 days of the administration
of “maximum tolerable dose” (188 µg Se kg–1 BW per day) as evident in: mean body
weight reduction, hypothermia, dermatisis, xerosis, cheilitis, and disturbance in men-
struation. The toxic threshold values for Se in fodder has been set at above 3 mg kg–1

(Table II-16.10), and some have recommend 5 mg kg–1 in the diet as the dividing level
between toxic and nontoxic feed (Schrauzer 2004b). There is no evidence of the tox-
icity of selenomethionine (SeMet) to humans but it has been observed in animals al-
though not as severe as that from selenate.

Symptoms of improper Se supply to animals can be summarized as follows:

� Deficiency:
– White muscle disease in sheep and cattle
– Mulberry heart disease (myocardium dystrophy of the heart) in swines
– Exudative diathesis in poultry

� Toxicity:
– Dullness and lack of vitality “alkali disease”
– Body weight reduction
– Hair loss
– Hoof deformation and soreness
– Hypothermia
– Dermatitis, xerosis, cheilitis
– Stiffness and lameness

II-16.2
Tellurium (Te)

II-16.2.1
Introduction

The terrestrial abundance of Te is approximately 1 µg kg–1 and its content in rocks
ranges from 1 to 5 µg kg–1, being elevated in organic shales. Its increased amounts in
coal and fly ash (20–2 000 µg kg–1) reveal an ability to be sorbed by organic matter.
Volcanic gases and volcanic sulfur deposits are usually enriched in Te. It is also present
in gold tellurite deposits.

Tellurium resembles Se and S in a number of its properties, but is more metallic
in nature than either of these elements. The most common Te minerals are: tellu-
rite, TeO2; sylvanite, (Ag,Au)Te4; hessite, Ag2Te; calaverite, AuTe2, tetradymite, Bi2Te2S,
and nagayagite, Au(Pb,Sb,Fe)3(TeS)11.  Minerals of Te are commonly found in
pyritic ores. Its possible host minerals are: pyrite, chalcopyrite, molybdenite and
pentlandite.

Tellurium shows variable valences from –2 to +6 and easily forms di- and trivalent
oxides (Table II-16.1). During weathering, Te is oxidized to slightly mobile tellurite that
is readily sorbed by Fe hydroxides. Its migration in hypergenic zones is rather limited,
however, its complex anion, TeO3H–, is easily mobile.

Te
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II-16.2.2
Production and Use

The global Te production was estimated in 1999 at about 124 t (Kobayashi 2004) and
in 2003 at 243 t (WMSY 2004). Tellurium is mainly a by-product of Cu smelting
and/or electric refining of Cu. Also the refining of other metals, e.g., Pb, may be a
source of Te.

Compounds of Te are used to improve metal alloys, e.g., add strength and machin-
ability of Sn, Pb, Cu, and stainless steel. It is added as vulcanizing agent to rubber to
increase resistance to heat and abrasion, and improve characteristics of the rubber.
Due to its relatively high conductivity, Te is used in semiconductors and other elec-
tronic devices. It is also a catalyst and in vapor form is used in “daylight lamps”. It is
used in ceramics, but its addition to pottery glazes became recently limited. Also pho-
tographic and pharmaceutical industries utilize some quantities of this metal.

II-16.2.3
Soils

Limited data is available on Te occurrence in soils. In reference soils of China, Te con-
tents vary from 0.03 to 4.0 mg kg–1 and in soils of the USA the range is between 0.02
and 0.69 mg kg–1 (Govindaraju 1994). Hashimoto et al. (vide Kobayashi 2004) reported
soil Te to be 0.035 and 0.031 mg kg–1 in Japan and Korea, respectively. Swedish arable
soils contain Te in the range of <0.08 to 0.12 mg kg–1 (Eriksson 2001a).

Since the biological cycling of Te resembles that of Se, the microbial metabolism of
Te also seems to be similar. Thus, bacteria capable of methylating Se and As can also
methylate Te, whereas the reduction of tellurite to elemental Te can readily occur under
the influence of variety of microorganisms. Tellurite reductase was found in some
bacteria and the reduction of selenate and tellurite by nitrate reductase has been re-
ported (Sabaty et al. 2001).

II-16.2.4
Waters

The concentration of Te in natural waters ranges from 0.17 to 0.9 ng l–1, the highest
being in the Red Sea (Kobayashi 2004). In the North Pacific it averages 0.05 ng kg–1

(Nozaki 2005).
Rain waters sampled in 1984 in Florida contained 0.51–3.3 ng Te l–1 (Andreae vide

Kobayashi 2004). Rainwater collected during 1999 in Sweden contained Te in the range
from 0.1 to 1.1 ng l–1, at the average value of 0.4 ng l–1. Its wet deposition in Sweden is
calculated at 22 mg ha–1 yr–1 (Eriksson 2001a).

II-16.2.5
Air

The concentration of Te in air averages 0.12 ng m–3 in Japan, and ranges from 0.35 to
50 ng m–3 in the USA (Kobayashi 2004).

II-16.2  ·  Tellurium (Te)
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II-16.2.6
Plants

Generally, the Te content in plants does not exceed 1 mg kg–1, and ranges from <0.013
to 0.35 mg kg–1 FW (Kabata-Pendias and Pendias 1999). Barley and wheat grains from
Sweden contain Te at the mean value of <0.001 (Eriksson 2001a). Plants uptake Te,
similarly to Se, relatively easily and when its content in growth media is high, there is
a corresponding increase in the Te content of plants.

Seleniferous plant species (e.g., Astragalus) also contain elevated quantities of Te
(up to 6 mg kg–1), particularly when grown on Te enriched soil. In vegetation growing
in some mining districts, e.g., a copper mine in Nevada, an increased level of Te has
been observed (Cowgill 1988).

Vegetables contain Te in the range from <0.013 to >0.35 mg kg–1 FW, the lowest being
in apple fruits and the highest in onion and garlic. The garlicky odor of some plants
is caused by vapors of dimethyl telluride.

Norwegian mosses sampled in the period 1990–1995 contained Te at average of
5.2 µg kg–1, within the range from <2 to 89 µg kg–1 (Berg and Steinnes 1997).

II-16.2.7
Humans and Animals

Humans. The occurrence of Te in mammalian tissues was reported for muscle
by Jørgensen (2000), at the level of 20 µg kg–1. It is concentrated in kidneys, liver,
bone, and brain. Apparently, bone contains around 90% of the total Te body burden.
Bone-deposited Te slowly leaches out and its half-time is estimated to be 600 days
(Hollins 1969). In human urine, the Te concentration is reported to be <1 µg l–1

(Reimann and Caritat 1998), whereas Kobayashi (2004) reported the range to be
from <0.1 to 10 µg l–1. This author found whole-blood Te concentrations to range
from 0.15 to 0.3 µg l–1.

Tellurium has no biological role and all its compounds are highly toxic. It is
considered to be teratogenic agent, however acute poisoning is rare. Occupational
exposure during production of the metal causes irritation of skin and eyes. Symp-
toms of Te intoxication are: (i) dreadful smelling breath and body odor, (ii) discolora-
tion of skin, (iii) metallic taste in the mouth, and (iv) weight and hair loss. Work-
men exposed to 0.5 to <10 µg Te m–3 have a garlic-like odor that is symptomatic of
the Te intoxication.

The mechanism of Te toxicity is associated with impaired neurotransmission that
affects saliva and sweat secretion in humans. Ingested and inhaled Te compounds, after
reduction to tellurite (Te4+), are methylated to dimethyl telluride which has a garlic-
like aroma.

Content of Te in food varies from 1.1 to 4.8 mg kg–1 with the highest being in cereals
and meats. The daily dietary intake of Te by adults from food has been estimated at
around 0.1 mg kg–1 BW (Kobayashi 2004).

Permissible exposure limits for Te in inhaled air vary for different compounds, from
0.1 mg m–3 for elemental and dioxide Te, to 10 mg m–3 for telluride compounds (Koba-
yashi 2004).
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Animals. An excess of tellurite (Te4+) in animals damages the erythrocyte membrane
and thus leads to hemolysis. Tellurate (Te6+) ions do not have such an effect. Rats intoxi-
cated with Te suffered from a segmental demyelination of the sciatic nerve and paraly-
sis of the hind limbs (Kobayashi 2004).

II-16.3
Polonium (Po)

II-16.3.1
Introduction

Abundance of Po in the Earth’s crust is on the order of 1 fg kg–1 (10–16%). However,
other sources estimated its possible occurrence in bulk continental crust as 2 pg kg–1

(10–13%). Some accumulation may be expected in coal. Uranium ores contain Po up to
about 0.1 µg kg–1.

There are twenty-five known isotopes of Po with atomic masses ranging from 194
to 218 (Table II-16.1). Seven of those isotopes naturally occur. The only one occurring
to any extent is 210Po with a half-life of 138.4 days. This naturally occurring radioactive
isotope is relatively ubiquitous in the environment but tends to be elevated in ura-
ninite/pitchblende (at approximate concentration 10–100 ng kg–1) and in phosphate-
related materials.

II-16.3.2
Production and Use

Most commonly 210Po is extracted from U-Po pitchblende deposits. Natural radioiso-
topes, including 210Po and several other short-life radionuclides, are associated with
the radioactive decay within the uranium chain U-Ra-Pb. More common sources of
this radionuclide are Bi isotopes (209 and 210) that decay to 210Po.

Uses of 210Po include nuclear batteries, neutron sources and film cleaner. It is also
used as a lightweight heat source for thermoelectric power in space satellites.

While using Po compounds, strict control is needed to minimize exposure hazards.

II-16.3.3
Soils and Plants

The natural abundance of 210Po in soil is reported to range from 8 to 220 Bq kg–1. It is
elevated, in soils around radioactive and phosphate ore processing waste disposal sites.
Arthur and Markhan (1984) reported that concentrations of 210Po in soils and wild
animals (deer and mice) collected near radioactive waste disposal sites in the vicinity
of a phosphate processing plant in the state of Idaho, USA, were about three times
greater than those from other sampling locations.

The radioactivity of 210Po in terrestrial plants ranges from 8 to 12 Bq kg–1. Elevated
contents of this radionuclide is observed in plants, and especially in tobacco, grown on
soil heavily fertilized with some phosphate-based materials. Increased levels of this
radionuclide may also reflect an aerial source of pollution.

II-16.3  ·  Polonium (Po)
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Relatively widespread use of radioactive phosphate fertilizers may increase levels of
radioactive Po in food and feeds. Thus, diets composed of grains, vegetables, and meat
in some regions may be the main source of this radionuclide. However, it is not clear
yet how much radioactivity that fertilizer contributes to food and how much is natu-
rally present.

II-16.3.4
Waters

The median of Po in ocean water is roughly estimated as 1 fg l–1 (Reimann and Caritat
1998). The mean 210Po in public drinking water in Poland in 1998 was 0.48 mBq l–1,
and the annual intake, per person, of this isotope was calculated as 0.24 Bq (Skwarzec
et al.  2001).

II-16.3.5
Humans

The alpha radiation of 210Po has an effect on human and animal systems, similar to the
impact of all other alpha-emitting radionuclides with carcinogenic and teratogenic
changes observed. Due to this radiation, relatively common is lung cancer in both active
and passive smokers.

The level of 210Po in American tobacco tripled between 1938 and 1960 due to the
increased use of chemical fertilizers. Thus, there is belief that tobacco is the largest
source of radiation exposure among the American public, but research carried out with
animals that inhaled 210Po has not confirmed cancer indices (Smith’s Health Newslet-
ter, www.webspawner.com). However, 210Po is considered to be a highly dangerous ra-
dioactive isotope that accounts for the very high level of cancer from smoking. There
is evidence that Po from tobacco is carried by the blood and accumulates in the liver,
kidneys, bone marrow, and blood vessel walls. The maximum allowable concentration
for soluble Po compounds in air is about 2 × 1011 µCi cm–3 (www.webspawner.com).

Po



Chapter II-17

The Group 17 of the Periodic Table is composed of three trace elements: fluorine (F),
bromine (Br), and iodine (I). To this group of elements, called halogens, belongs also
chlorine (Cl) which is relatively common in the biosphere, but some authors have treated
it as a trace element. Iodine is the least reactive of the elements in this group. The last
element of this group, astatine (At), occurs as unstable radioactive isotope of very short
lives (the longest half-life of 209At is 8.1 h).

In nature, halogens form simple anions, commonly with a 1 oxidation state
(Table II-17.1). With an exception of F, halogens exhibit an affinity to combine with
oxygen and play a significant role in several biochemical processes. These anions
exhibit lithophilic properties and are highly mobile in the Earth’s crust.

II-17.1
Fluorine (F)

II-17.1.1
Introduction

Fluorine, in the Earth’s crust, is slightly concentrated in mafic rocks, up to 1 200 mg kg–1,
when compared with its content in acid igneous rocks (300–850 mg kg–1) and to its

Table II-17.1. Selected properties of trace elements of Group 17

Trace Elements of Group 17
(Previously Group VIIa)

F



426 Chapter II-17  ·  Trace Elements of Group 17 (Previously Group VIIa)

Ta
b

le
 II

-1
7.

2.
 A

bu
nd

an
ce

a  o
f 

flu
or

in
e,

 c
hl

or
in

e,
 b

ro
m

in
e 

an
d 

io
di

ne
 in

 th
e 

en
vi

ro
nm

en
t

F



427

abundance (650 mg kg–1) in the upper continental crust (Table II-17.2). It is also likely
to concentrate in black shales. High levels of F are known to be associated with some
phosphate deposits over large areas of some continents (e.g., Africa, America). A strong
association of F with phosphates is observed in both primary and secondary minerals.
Concentrations of F in the form of fluorite also occur in some dolomites as fissure
veins and other intrusions. Compounds of F are common constituents of magmatic
and volcanic exhalations, and sometimes may occur in rocks in gaseous nebulae.

Fluorine is a very reactive element (most of the halogen group) and may combine
with several other elements, including inert gases. Its most common mineral, fluorite
(as a salt called also fluoride), CaF2, is widely distributed in both the lithosphere and
hydrosphere. Other commonly exploited minerals are cryolite, Na3(AlF6); and fluora-
patite, CaF2 · 3Ca3(PO4)2. Topaz, Al2F2SiO4, is a popular gemstone. In the hypergenic
zones, cryolite is most readily soluble, and the mobile F is easily sorbed by clay min-
erals and phosphorites. Several minerals, like micas and amphiboles, may be associ-
ated with fluorapatite. Increased F contents in some combustion byproducts may be
expected.

II-17.1.2
Production and Use

The global production of F in 2000 was estimated at 4.4 kt, given as fluorspars (WMSY
2004).

Fluorite is the most common commercial source of F. A great proportion of F goes
to the Al-industry. In the steel industry, it is used for making hydrofluoric acid, and has
been used as a flux for more than two centuries. It is also used in plastic, ceramic and
glass production (glass etching). As a very oxidizing agent and exothermic in chemical
reactions, F has been broadly used in various chemical processes. Fluorine is a com-
mon component of Freon gases, chlorofluorocarbons (CFCs), used for the refrigera-
tion. Perfluorooctane sulfonate (PFOS), very persistent chemical, is applied as stain
repellent.

It is used for the synthetic manufacture of cryolite and fluorapatite. Natural fluora-
patite might be utilized for phosphate fertilizers. Fluorine easily reacts with other
halogens to form interhalogen species: ClF, BrF, and IF.

Fluoride has long been added to municipal drinking water (at the level of
1.2–1.9 mg l–1) for the prevention of dental caries. It is still added to tooth pastes.

II-17.1.3
Soils

The F content in soils is inherited from parent material, but its distribution reflects
soil-forming processes and soil texture. A relatively close positive relationship between
F and the clay fraction contents is evident. The lowest F amounts are found in sandy
soils under a humid climate and the highest contents occur in heavy clay soils and in
soils derived from mafic rocks (Table II-17.2).

The average F contents of worldwide soils have been calculated to be 329 and
360 mg kg–1 for European and the USA soils, respectively (Kabata-Pendias and Pendias

II-17.1  ·  Fluorine (F)
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2001). Common concentrations for most soils seem to range from 150 to 400 mg kg–1.
Very high levels of F, above 1 000 mg kg–1, are reported for uncontaminated soils de-
rived from F-rich bedrocks that are associated with the province of endemic fluorosis
(Fuge and Adrews 1988; Ermakov 2004).

The behavior of F in soils is controlled by several soil parameters, mainly by clay
contents, pH, and concentrations of Ca, P, and hydroxides. Arnesen and Krogstad (1998)
observed increased sorption of F in the B soil horizons, which usually have high levels
of amorphous Al-oxides/hydroxides. The highest sorption occurred at pH 4.8 to 5.5.

Under natural soil conditions, F is slightly mobile, however, in acid soils its solubil-
ity usually increases due to the occurrence of readily soluble fluorides such as NaF, KF,
and NH4F, whereas AlF3 and CaF2 are known to be of low solubility. Fluorine mobility
in soils is variable and highly controlled by pH; its higher solubility is at pH below 5
and above 6. In soil solution, F can occurs mainly as complex cations: AlF2+ and AlF2

+,
as well as anions: F– and AlF4

– (Kabata-Pendias and Sadurski 2004).
The most common form of F in soils is fluorapatite, however, several fluorides (e.g.,

AlF3, CaF2) and aluminosilicates (e.g., Al2(SiF6)2) also are reported to occur in soils. In
calcareous soils, the occurrence of slightly soluble fluorides and complexes with Fe, Al,
and Si are responsible for the low migration of this element. In sodic soil, on the other
hand, a high level of exchangeable Na affects increased solubility of F. The sorption of
F by acid soils has been attributed to interactions with Al oxy/hydroxy species. In most
soils, a low F affinity to SOM has been observed. However, in some tropical soils, or-
ganically bound F (monofluorinated compounds) may occur and affect its high avail-
ability to plants. The origin of these F compounds might be attributed to the synthesis
by certain microorganisms.

Soil pollution by F in some regions has become of ecological importance. Several
sources, but mainly Al smelters and P-fertilizer factories, are still significant emitters
of F to the atmosphere.

Soils surrounding Al-processing industries, china clay industries, and P-fertilizer fac-
tories are reported to contain up to 3 200, 3 560, and 2 080 mg F kg–1, respectively (Kabata-
Pendias and Pendias 2001). In contaminated soils surrounding old mining regions in the
UK, F concentrations range from 620 to 19 960 mg kg–1 (Fuge and Andrews 1988).

The input of F to arable soils with P fertilizers might be of great environmental
concern. Easily soluble F-bearing fertilizers or sewage sludges may cause a remarkable
increase in the phytoaccumulation of F from soils. However, the most important haz-
ard of F contamination in soils concerns changes in soil properties due to the great
chemical activity of hydrofluoric acid that may be formed from both solid and gaseous
F pollutants. The decomposition of clays and other silica minerals in soils heavily
polluted by F have been reported. Also the destruction of humic mineral complexes
and loss of organic matter, as well as the reduction of enzymatic activity of some
microorganisms has been observed in such soils. The sensitivity of microorganisms to
increased levels of F varies, being higher in bacteria using organic nitrogen than of
those utilizing inorganic nitrogen compounds (Grishko 1999).

Industrial emissions are sources of readily soluble fluorides and thus easily avail-
able to plants. The added F is either fixed by components of heavy soils (fine granu-
lometric fraction, Ca, and P) or readily removed from light sandy soils by water. Effec-
tive amelioration of F-polluted soils is presently of great ecological concern.

F
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II-17.1.4
Waters

The median F concentration in world ocean waters has been estimated as 1.3 mg l–1,
and the range between 0.03 and 1.35 mg l–1. The North Pacific Ocean waters contain F
at the average of 2.8 mg kg–1 (Nozaki 2005).

River waters contain F from 0.05 to 2.7 mg l–1, whereas the median F value for stream
waters of Finland is 0.008 mg l–1 (Reimann and Caritat 1998; Kabata-Pendias and Pendias
1999). Neal et al. (2003) have reported that in main rivers and tributaries of the UK the
mean F concentrations varied from approximately 0.5 to over 2 mg l–1.

Concentrations of F in surface waters vary highly within the order of magnitude
0.0X to X mg kg–1, depending on geological regions and on pollution. Its levels are
especially increased in some spa waters, and can reach up to 12 mg l–1. Fluorine in
groundwater is associated with both geological and anthropogenic factors. The excess
F (up to 9 000 mg kg–1) is mainly reported for calcareous rocks and arid or semi-arid
regions (e.g., India, Pakistan) where it is of great health concern (Jacks et al. 2005).

Fluorine in waters is either fixed, mainly by clay minerals, phosphates, and carbon-
ates or evaporates to the atmosphere. Aerial deposition of F into water basins and
surroundings is an important part of its natural cycling. Riverine flux of F from indus-
trial pollution is in some regions of the environmental risk.

Rainwater and snow melt-water in both remote and polluted regions of the Kola
Peninsula contain approximately 0.05 mg F l–1 (Reimann and Caritat 1998). Rainwater
sampled around Italian volcanoes, during the period 1998–2001, contained F in the
very broad range from 0.005 to 495.8 mg l–1 (Bellomo et al. 2003).

The level of F in drinking waters is of special concern since it is the main source of
this element in nutrition. Its level in drinking waters of most countries varies between
<0.1 and 3 mg l–1. However, in some regions, mainly in dry and hot climates (i.e.,
Azerbejdzhan, Tanzania) its level can reach >5 mg l–1 (Kabata-Pendias and Pendias
1999). Enriched F concentrations in drinking water in Tanzania up to around 8 mg l–1

resulted in the endemicity of fluorosis (Aswathanarayana 1990).
The mandatory upper limit value for F in drinking water in the UK has been set at

1.5 mg l–1 (Neal et al. 2003). Fluorine has long been added to municipal drinking water at a
level of 1.2 to 1.9 mg l–1. Recently, in several countries, F addition to drinking water has ceased.

II-17.1.5
Air

Concentrations of F in the atmospheric air are highly variable due to differentiated sources:
(i) evaporation from ocean and sea surface, (ii) volcanic eruption, and (iii) industrial emis-
sions. In the gaseous phase, F occurs mainly as di-atomic particles (F2) and hydrogen fluo-
ride (HF). Various fluoride compounds, including cryolite, are emitted from industries.

The limit for F concentrations in air has been established in different countries from
1 to 7 µg m–3. Longer influence of increased F levels in air has detrimental effect on plants,
humans, and animals. Coniferous trees are especially sensitive to F injury. Thus, the admis-
sible F concentration in the atmosphere for forested regions in Poland has been established
as 0.02 µg m–3, whereas for the whole country it is 2 µg m–3 (Gramowska and Siepak 2002).

II-17.1  ·  Fluorine (F)
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II-17.1.6
Plants

Fluorine contents in food plants vary between 0.1 and 11 mg kg–1 and are significantly
higher in above ground parts than in roots. Forage plants are likely to contain a bit
more elevated amounts of F than other plant types (Table II-17.3). In general, tissue F
concentrations in terrestrial plants from uncontaminated soils rather do not exceed
30 mg kg–1. Plants can absorb F relatively easily from both soil and air and therefore its
concentrations significantly increase in plants grown on contaminated sites (Table II-17.4)
Plants exposed to volcano and/or industrial emissions may contain significantly el-
evated amounts of F. Some parts of plants, growing in acid soils can accumulate in-
creased amounts of F, like in the case of older tea leaves, which can contain up to
300 times more of this elements than young leaves (Siemiôski 2001).

Plants grown in contaminated sites may accumulate high amounts of F in above
ground parts. However, a significant proportion of F remains on the surface of leaves
and can be easily washed off with water (Table II-17.4). Nevertheless much F contami-
nation can enter the food chain, and there is real concern on adequate F contents,
particularly in forage crops. Opinions vary as to the toxic threshold values of F in fodder,
but commonly reported ranges are fairly similar, 30–40 mg kg–1 and 20–50 mg kg–1

(Kabata-Pendias and Pendias 1999). Forage plants play the important role as a sink for
emitted F and in its transfer to animals, especially to grazing animals.

Plants do not require F, and there is also no evidence of its toxicity when roots absorb
this element. Several suggestions that F may stimulate some isoenzymes (e.g., acid
phosphatase) have not been yet proven. The uptake of F by roots has been controlled
to a great extent by soil pH. Mackowiak et al. (2003) have found that plant (rice) can
easily uptake HF0 while F– uptake is restricted. According to these authors, F– anions
competed with HA for Ca, and soluble Ca resulted in the precipitation of CaF2 on the
root surface. Thus, increasing bioavailable Ca results in lower leaf F contents and in-
creased root F contents.

The effects of atmospheric F on plants have been of great concern, because air-
borne F is considered to be one of the most phytotoxic trace pollutants. Its toxicity,

Table II-17.3.
Fluorine in food and forage
plants (mg kg–1) (compiled
from Kabata-Pendias and
Pendias 1999, 2001)
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however, is influenced by several ecological and biological factors. Plants exhibit a
broad range of tolerance to foliar injury by F pollution. For example, around the
Etna volcano symptoms of F toxicity were observed only in imported plants.
This clearly suggests that the endemic plant species have developed resistance
to increased F concentrations in growth media (Bellomo et al. 2003). A great vari-
ability in plant response to F accumulation in tissues is observed even between cul-
tivars or genotypes of the same species. Susceptible plants can be injured by foliar
F contents between 20 and 150 mg kg–1, whereas highly tolerant plants do not exhibit
injury at about 500 mg kg–1. Among food plants, some F-tolerant species are: bean,
cabbage, and carrot.

The most toxic effects of F on plant metabolism are related to:

� Decrease of oxygen uptake and respiratory disorder
� Assimilation decrease
� Reduction in chlorophyll content
� Inhibition of starch synthesis
� Inhibition of pyrophosphate function
� Altered cell membranes and metabolism of cell organelles
� Disturbance of DNA and RNA
� Synthesis of fluorooctane, a very hazardous F-compound

The reactions of plants exposed to F pollution, before any visible symptoms of F
toxicity occur, are retarded growth, inhibited reproduction, and yield reduction. How-
ever, the greatest concern with increased F concentrations in plants is related to the
toxicity to animals. Thus, the F content of forage crops is of a greater ecological con-
cern than that of other plants.

Table II-17.4. Excessive levels of fluorine in plants grown in contaminated sites (mg kg–1) (compiled
from Kabata-Pendias and Pendias 1999, 2001, unless otherwise indicated)

II-17.1  ·  Fluorine (F)
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Trees surrounding phosphate fertilizer factories are subjected to increased F deposi-
tion. Coniferous species differ highly in F accumulation. The total F concentrations in
coniferous needles from the area around such a factory, were (in mg kg–1): >200 in Scots
pine, >100 in Norway spruce, and >50 in Douglas fir. These values exceeded several
fold the F content of control trees that varied around 20 mg kg–1 (Karolewski et al. 2000).

II-17.1.7
Humans and Animals

Humans. Fluorine contents in soft mammalian tissue vary from 2 to 5 mg kg–1, being
a bit higher in liver and muscles (Jørgensen 2000). The total F contents in the “refer-
ence man” are established as 0.48 mg kg–1 in soft tissues and 250 mg kg–1 in the skel-
eton. Human fluids contain, on average, 1.2 mg l–1 and 0.017 mg l–1 in urine and milk,
respectively (Li 2000).

Uptake of F by apatite of teeth and bones has been of interest for over a century. The
first observations were centered on the findings that hydoxylapatite of teeth and bones
incorporates F as a substitute for hydroxyl in the mineral structure. At low excess of F,
mottling of tooth enamel occurs. At high levels of F excess, several symptoms of fluo-
rosis occur, including such problems as hyperparathyroidism, calcification of soft tis-
sues, interference with collagen formation, and severe skeletal deformity (Plumlee and
Ziegler 2003).

Recently there has been a wide discussion on the health risk associated with in-
creased intake of F. Excessive intake of F is mainly via ingestion, and most commonly
from drinking water. The F intake of 20–70 mg d–1 by adults can cause heartburn symp-
toms due to displacement of Ca. Elevated F levels in drinking water can produce both
mutagenic and carcinogenic changes in the kidneys. It has been observed that the
mortality rate from cancer in the cities using fluorinated water increased significantly
as compared with the cities that did not use fluorinated water (www.innvista.com/health/
nutr). Increased intake of F has been noticed at the Tibetan population where fluorosis
of teeth and bones due to drinking F-rich tea has been observed (Siemiôski 2001). The
endemity of fluorosis in Tanzania is associated with high F levels in drinking water that
average 8 mg l–1 and caused the daily total F dose to be 33 mg (Aswathanarayana 1990).

Over the past 50 years there has been great interest in the fluoridation of water
supplies and topical application of F to teeth as means of reducing dental caries (Binbin
et al. 2005). In preventive dentistry, F is with no doubt, the most recommended ele-
ment. Recently, in several countries, F addition to drinking water has ceased (see
Sect.  II-17.1.4).

Since the middle of the past century, there has been a great exposure of people to
F from several sources, e.g., industrial, agricultural, domestic, and medical. Also do-
mestic coal-burning may be a significant source of excess F. Ando et al. (vide Finkelman
et al. 2003) estimated that 97% of exposure came from consumption of food dried over
F-rich-coal stoves in some regions of China. Typical symptoms of fluorosis are mot-
tling of tooth enamel and several skeletal and joint deformation including osteoporo-
sis, spinal curvature and knock-knees problems. Binbin et al. (2005) have stated that
effects of dental caries by high F content in drinking water (up to 3.7 mg l–1) vary for
different age groups, and the most dangerous is for 15- and 18-year-old groups.
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Some individuals might be especially susceptible to F and its compounds. These
include the elderly, persons with deficiencies of Ca, Mg, and vitamin C, as well as people
with cardiovascular and kidney problems. Also in children with poor nutrition, dental
and skeletal fluorosis can be enhanced.

There are several reports that excess intake of F coupled with low iodine absorption
affects some nervous lesions, thyroid dysfunctions, and liver-parenchyma function
(Mikhailest et al. 1996; Swarup et al. 1998; Wang et al. 2004).

Most commonly, the hyperfluoric status of populations has been observed in areas of
volcanic activity, in some arid zones, and industrial regions where phosphorites and apa-
tites are mined and processed, as well as in surroundings of the Al industry. There are
several endemic fluorosis reported for China, India, Kenya, and Tanzania (Ermakov 2004).

Although no cases of F deficiency have been reported in humans, some symptoms
of low F supply are suggested to be associated with dental decay, osteoporosis, and
possible with growth retardation (Plumlee and Ziegler 2003). These symptoms are
observed mainly in preschool children.

Animals. Alimentary F deficiency was provoked in goats by a semisynthetic diet and
resulted in higher mortality than when adequate F was provided. F-deficient animals
suffered from pre- and postnatal growth retardation, increased P levels in blood plasma,
and reduced Ca concentrations (Anke et al. vide Ermakov 2004).

Symptoms of F toxicity to animals were observed centuries ago, after volcanic erup-
tions. Fluoride intoxication of dairy cattle resulted in a lower reproduction and lower
milk production (Swarup et al. 1998). The maximum permissible levels of F in forage
should be within the range between 20 and 50 mg kg–1 (Ermakov 2004).

II-17.2
Chlorine (Cl)

II-17.2.1
Introduction

Chlorine is a common halogen element in terrestrial and aquatic environments. Its
concentrations are very variable, being the highest in mafic rocks, up 180 mg kg–1, and
the lowest in sandstone, up 20 mg kg–1. In some calcareous rocks it can be concen-
trated up to around 350 mg kg–1 (Table II-17.2). Although Cl is not preferably accumu-
lated by organic matter, its content, on average 41 mg kg–1, can be elevated in some
coals up to 8 800 mg kg–1 (Finkelman 1999).

In a small number of minerals Cl is present as a major constituent. Some of these
are: halite, NaCl; carnallite, KMg(H2O)6Cl2; chloroapatite, Ca5(PO4)3Cl; and cerargyrite,
AgCl. Most of these minerals are quantitatively unimportant, only halite is relatively
abundant, as deposits of solid rock salt, and as a dissolved ingredient in seawater and
subsurface brines.

Chloride is a lithophile, highly mobile in most conditions and may occur as a minor con-
stituent of various minerals, like amphiboles, apatite, and micaceous and clay minerals.

This element is released during weathering, goes into solution as Cl– ions, and ac-
cumulates in the oceans and seas.

II-17.2  ·  Chlorine (Cl)
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II-17.2.2
Production and Use

Yearly global production of Cl has been estimated roughly as 40 Mt (Reimann and
Caritat 1998).

Salt NaCl obtained either from solid sedimentary deposits or from seawater and
brines, is the prime source of Cl. It is an important raw material and is prerequisite to
the production of soda ash, which is utilized in glass and many chemical products.
However, the most common use of NaCl is in the household. Also processing of several
products for daily uses, especially associated with some fibers, like polyvinylchloride
(PCV) involves Cl2-based materials.

Chlorine is broadly used as ClO2 (chlorine dioxide) utilized principally in paper pulp
and cellulose bleaching. Additional uses are also in bleaching flour, fats, leather, and tex-
tiles (dye batches). In aqueous solution, ClO2 is used as a sterilizing agent in hospitals, as
bactericides, antiseptics, and deodorizers. It has been used as a strong disinfecting agent
for supplied drinking water. It is also used to lower the risk of food contamination
during food transport and food preparation. Chlorine effectively controls some bac-
teria, algae and fungi that can grow in vessels used in food processing and storage.

The proportion of Cl used in the USA, in 2003 (www.saltinstitute.org/16html), was
as follows:

� Highway salt: 68%
� Water conditioning: 12%
� Chemical salt: 8%
� Agricultural salt: 6%
� Food grade salt: 6%

Chlorine is a component of several persistent pesticides (fungicides), and of other
chlorinated organic compounds, like dioxins/furans and PCBs (polychlorinated biphe-
nyls). Some of these compounds are industrial by-products and unintended by-products
(e.g., waste material combustion, components of sewage sludge). The increased use of Cl-
pesticides and growing release of polychlorinated hydrocarbons are presently a great threat
to the environment and health. All these compounds seem to travel over long distances,
concentrated in northern areas and are likely to be accumulated in the fat of mammals.
PCBs and other polychlorinated compounds (dioxin-related compounds) have espe-
cially bioaccumulated in Arctic people and wildlife and are of environmental concern.

The observed dioxin load of the soil, water and foodstuffs indicates the capacity of
polychlorinated organic compounds to penetrate the environment and to infiltrate the
food chain (Coenen 2004).

II-17.2.3
Soils

There are not many data on Cl in non-saline soils, and its range has been estimated
roughly at around 100 to 1 000 mg kg–1 (Table II-17.2). Like other halogens, contents of
Cl in soils decrease with increasing distance from the sea coast. This is well illustrated
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by Yuita (1983) who found Cl in forest soils of the coastal plain in Japan to range from
91 to 486 mg kg–1, with an average of 228, and in soils from upland fields, to range from
56 to 305 mg kg–1, with an average of 114 mg kg–1.

In soils of humid climate zones, Cl is easily leached down the profile and trans-
ported with drainage waters, whereas in soils of arid and semiarid climates Cl is con-
centrated in surface layers. Highly saline soils, solonetzs and solonchaks, are highly
enriched in NaCl, as well as in other salts inherited from parent material. Contents of
Cl in such soils usually vary from 0.0X to 0.X%, and in soil solution the Cl contents may
reach the level of X.0%.

Excessive amounts of salt (NaCl) applied to soil are of environmental concern. Salt-
affected soils due to anthropogenic activities result in most cases, from the applica-
tions of de-icing salt to roadways, field irrigation with highly mineralized waters, salt
water spilled with the extraction of oil, natural gas deposits, and some coals. Wind
erosion of salt evaporates also may affect the Cl enrichment in soils. High loadings of
Cl in soils have deleterious effects on both soil properties and vegetation.

Elevated levels of Cl– in soil solution influence the behavior of several cations. In-
creased solubility of Zn and Hg compounds has been already reported. However, the
greatest environmental concern is associated with Cl affinity for forming soluble com-
plexes with Cd (Kabata-Pendias and Pendias 2001).

II-17.2.4
Waters

Chlorine is the most abundant of the dissolved constituent of seawaters, making up
around 55 wt% of the dissolved solids. Its median concentration in ocean waters is
estimated as 19 400 mg l–1, whereas in stream waters its mean concentrations vary from
1.4 to 5.3 mg l–1 (Reimann and Caritat 1998).

Easily soluble and mobile Cl is transported to oceans, seas, and closed water basins. Pre-
dominating in those waters, the Cl– anion combined with Na+ cation has resulted in the high
salinity, which averages in seawaters around 2%, but in some salty lakes can exceed 20%.

The concentrations of Cl in water of the Odra River (below Wroclaw) have ranged
from 35 to 40 mg l–1 (Kabata-Pendias and Pendias 1999). Its concentration in landfill
leachate can reach 4 500 mg l–1 (Bjerg et al. 2003).

Precipitation collected over the Kola Peninsula contain Cl between <0.1 and 2.1 mg l–1

(Reimann and Caritat 1998), whereas Cl in precipitation over the UK are reported to
contain on average 3 mg Cl l–1 (Fuge 1988).

Previously Cl has been used for the disinfection of drinking water and thus, its
concentration could be significantly elevated. Chlorination is essential for safe drink-
ing water, however, the Cl concentration in water should be controlled.

II-17.2.5
Air

Concentrations of Cl in the atmosphere vary highly, from 0.003 µg m–3 above the South
Pole to around 10 µg m–3 in some urban areas (Table II-17.2). The highest Cl concen-
trations, up 24 µg m–3, have been found in air of industrialized regions of the Kola

II-17.2  ·  Chlorine (Cl)
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Penisula (Reimann and Caritat 1998). Above seas and oceans, Cl in air is increased due
to evaporation. Volcanic exhalations are also sources of Cl, often in the form of HCl.

Reference limits for chronic exposure is proposed in the range of 0.2–15 µg m–3, but
also much higher concentrations are accepted for limited occupational exposure
(Coenen 2004).

II-17.2.6
Plants

Contents of Cl in plants vary highly depending on plant types and growth media. In
cereal grains Cl contents usually vary between 10 and 20 mg kg–1. Sugar beet leaves
contain this element within the range from 100 to 200 mg kg–1, and potato tubers from
1 300 to 5 500 mg kg–1. Plants grown close to sea coasts usually contain considerably
higher amounts of Cl than plants from inland regions. For example, coconut palm leaves
growing at the distance 5 km from the seacoast contain up to 7 000 mg Cl kg–1

(Bergmann vide Kabata-Pendias and Pendias 2001).
Chorine is passively absorbed by roots and is readily transported to above-ground

parts of plants. It can also be absorbed directly by plant leaves. The availability of
Cl to plants is related to the associated cations. The Cl– ions are more easily absorbed
in the presence of monovalent cations than di- and trivalent cations. Studies on ra-
dio-chlorine (36Cl) uptake (which mimics the uptake of stable Cl) by plants
have shown that more than half of this radionuclide passed from the arable layer of
soil into radish, lettuce and aboveground parts of wheat during one vegetation period
(Kashparov et al. 2005b).

Chlorine is considered a micronutrient for higher plants, but the requirement for
metabolic processes is at relatively low levels. The significant concentration of Cl in
chloroplasts suggests its role in photosynthesis. However, the Cl function in photosyn-
thesis, as well as its suggested role in phosphorolysis and the activity of cytochromdase,
remains in doubt (Wild and Jones 1988). This element plays an important role in the
osmotic system of plants.

In some plants grown in soils poor in Cl (<2 mg kg–1) symptoms of its deficiency
may be observed. These are mainly chlorotic leaves and brown leaf edges. In most
soils, amounts of Cl present meet plant requirements. Increased Cl levels in soils, up to
15 mg kg–1, may be beneficial to some plants (e.g., tobacco).

Toxic Cl levels in plants vary greatly. Increased Cl in soil solution and in water
culture may be especially harmful to plants. Urban trees are especially exposed to
increased levels of Cl, and some, particularly oaks, have developed a resistance to its
high contents in growth media. The accumulation of Cl in oak leaves collected along
streets ranged from 490 to 790 mg kg–1, whereas in plane-tree leaves it ranged up to
7 425 mg kg–1. Symptoms of abiotic damages of leaves have occurred at Cl concentra-
tions of 33 400 mg kg–1 (Dmuchowski 2003). Trees may secrete an excess of Cl, most
commonly via leaves and their fall in autumn.

A common threshold concentration of Cl in soils has been estimated as 2 700 mg kg–1.
Less tolerant plants (e.g., beans, apple trees) are inhibited by Cl concentrations in soil
or nutrient solution from 460 to 673 mg l–1, whereas resistant plants (e.g., tobacco,
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tomato, spinach) can tolerate higher Cl concentrations, from 887 to 3 546 mg l–1

(Bergmann vide Kabata-Pendias and Pendias 2001). Increased levels of Cl may be
associated with some fertilization and can adversely affect crops, especially potato tuber
quality, partly due to easy formation of mobile complexes with Cd.

II-17.2.7
Humans and Animals

Humans. The Cl contents in soft mammalian tissues vary from 4 800 to 11 000 mg kg–1,
being the lowest in liver and the highest in skin (Jørgensen 2000). The total Cl content
in the “reference man” is established as 1 400 mg kg–1 and in fluids as 3 100 and
400 mg l–1 in urine and milk, respectively (Li 2000).

Humans require Cl and uptake it in the form of salt. Thus, salt is used for nutrition.
As Coenen (2004) has emphasized, there is a difference between the physiological role
of Cl– and Cl2. Anionic Cl species plays a significant role in the cation-anion balance
of organisms and is involved in the osmotic regulation at both cell and body levels.

Its intake by people is highly related to food and water quality. The Cl concentra-
tion in drinking water is regulated, whereas in food products it can differ widely. The
lowest Cl contents are in cereal grains, 0.1–2 g kg–1, and the highest are in seafoods,
14.6–28 g kg–1 (Table II-17.5).

Recently there has been great concern on eating too much salt that became to be
sometimes called the “silent killer”. Too much salt in food can raise blood pressure,
cause stroke and other heart diseases, and sometimes cause overweight. There is the
recommendation that adults should have less than 6 g d–1, which is about a teaspoon-
ful. However, it is necessary to consider that 75% of the salt that people eat is already
in everyday foods. The daily limit of salt in the diet should be controlled through cooking
without salt and eating healthy food (Food Standards Agency: www.salt.gov.uk/
your_daily_limit.html).

The main routes of Cl secretion by humans are saliva, sweat, and hydrochloric acid
in the stomach. The acid environment of the stomach is prerequisite for controlling
digestive processes and the microbial community.

Table II-17.5.
Chlorine in some foodstuffs
(g kg–1) (compiled from
Coenen 2004)
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The safety margins for the Cl2 and its compounds are strictly regulated – the
concentration of Cl2 in drinking water is 1.2–4 mg l–1 and in swimming pool water
0.3–1 mg l–1 (Coenen 2004).

Chlorine dioxide (ClO2) is toxic by inhalation and administration in solution by
oral routes. However, when it was used for tap water treatment (between 1940 and 1955
in the USA) no significant effects on humans were observed (Dobson and Cary 2001).

The limited occupational exposure concentration of ClO2 in air has been established
in the UK as 0.28 mg m–3.

Animals. Animals require Cl and uptake it in a form of salt. Thus, salt is used for the
feeding. The intake of Cl by domestic animals differs greatly, from 78 to 290 mg kg–1 BW,
being the lowest for hen and the highest for cattle (Coenen 2004).

II-17.3
Bromine (Br)

II-17.3.1
Introduction

The Br abundance in crustal rocks is about 2 mg kg–1 and it is relatively uniformly
distributed among igneous rocks, whereas in argillaceous sediments it is likely to be
concentrated up to 10 mg kg–1 (Table II-17.2). Minerals containing Br are not very
common, due to its low abundance and high solubility. The common minerals are:
bromyrite, AgBr; embolite, Ag(Cl,Br); and iodobromite, Ag(Cl,Br,I). The close correla-
tions of Br and Cl in various rocks have often been observed. Bromine is a very volatile
element and its salts are readily soluble and mobile in most environments. However,
it is likely to be accumulated by coals and organic matter. Its concentrations in the US
coal average 9.1 mg kg–1, but can reach 160 mg kg–1 (Finkelman 1999).

Bromine is very reactive chemically and can have several valence states (Table II-17.1).
However, as only one-electron atom it can form compounds mainly with oxygen (e.g.,
Br2O, BrO2, BrO3

–).

II-17.3.2
Production and Use

Global annual production of Br in 1995 was estimated as 4 322 kt (Reimann and Caritat
1998). The major commercial source of Br is the sea, especially from K-salt water, al-
though some amounts are also obtained from brine deposits.

The primary use of Br was as ethylene dibromide, a gasoline anti-knock additive,
together with Pb. Due to recent environmental legislation, Br addition to gasoline has
been significantly reduced.

Considerable amounts of Br (methyl bromide and ethylene dibromide) are used in
agriculture as pesticides (fungicide, herbicide, and insecticide). It has been utilized in
the pharmaceutical industry and also has been used in fire-retardant compounds and
for dyestuff production. In photosensitive compounds, Br has been used for many years
in the photographic industry.
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New persistent chemicals, polybrominated diphenol ethers (PBDEs) are presently
widely used as flame-retardants in a great variety of products.

All bromine-based compounds are very persistent and seem to travel over long
distances in both the atmosphere and water.

II-17.3.3
Soils

There are only a few reports on the Br status of soils indicating its common range be-
tween 5 and 40 mg kg–1 (Table II-17.2). The lowest range of Br, from 7.9 to 8.2 mg kg–1,
was found in sandy podzols in Poland, and the highest, from 50–104, in volcanic ash
soils in Japan. The reference soils from China contain Br in the range from 2.6 to
7.2 mg kg–1, and soils from the USA, between 1.4 and 7.8 mg kg–1 (Govindaraju 1994).
The average Br concentration in soils of Finland is 10 mg kg–1 at the 90th percentile
range (Köljonen 1992). A somewhat similar value of the arithmetic mean, 5.7 mg kg–1,
has been estimated for surface soils of Austria (Gerzabek et al. 1999).

Observed increased Br contents in soils close to sea costs is an effect of Br evapora-
tion from the sea. Yuita (1983) reported that soils at the Sea of Japan accumulated up to
495 mg Br kg–1. Soils derived from volcanic ash contain increased amounts of Br due
to both elevated Br contents in parent material and the impact of volcanic exhalation.

Anthropogenic sources of Br in soils have been associated with the impact of car
exhaust, (when methylene dibromide was added to gasoline) and with a broad use of
Br-pesticides. Due to these practices, soil Br could increase significantly, and particu-
larly in soil solution since these Br compounds can be easily transformed to the very
mobile Br– anionic forms.

Soil fumigation with methyl bromine can result in almost complete eradication of
the population of a wide variety of soil microflora and fauna and thus alter the trophic
structure of the soils (Pavelka 2004).

II-17.3.4
Waters

The median Br concentration in world ocean water is estimated as 67.7 mg l–1, whereas its
contents in stream waters vary broadly between 0.002 and 4.47 mg l–1 (Reimann and Caritat
1998). In brine and salt lake waters, the Br concentration can be very high, e.g., in Dead
Sea 0.4–0.6%. According to GERM data (www.earthref.org) the mean Br concentration in
seawater is 65 mg l–1 and in the North Pacific it averages 67 mg kg–1 (Nozaki 2005).

Precipitation collected over the Kola Peninsula contain Br at <0.2 mg l–1 (Reimann
and Caritat 1998), whereas its concentration in precipitation over the UK is reported
to be 15 mg l–1 (Fuge 1988).

II-17.3.5
Air

The Br concentration in air above the South Pole is around 1.4 ng m–3, and over Green-
land and Shetland Islands its content ranges between 7 and 20 ng m–3 (Table II-17.2).

II-17.3  ·  Bromine (Br)
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Bromine concentrations in air over urban, and particularly over industrialized regions
might increase up to around 2 500 ng m–3, but most commonly it ranges between 150
and 500 ng m–3 (Kabata-Pendias and Pendias 1999). Automobile exhaust and decom-
position of Br-pesticides might also be significant sources of Br in the atmosphere.

Most common forms of Br in the atmospheric air are: Br2O, BrCl, BrONO2, and also
methylated compounds (e.g., CH3Br).

II-17.3.6
Plants

The natural Br contents of plants seem not to exceed about 50 mg kg–1, and higher
values are apparently related to pollution (Table II-17.6). It is likely to be more concen-
trated in leaves than in roots. There is evidence that Br in herbage does not correlate
with any soil parameters, such as soil Br, texture, pH, and Eh (Wilkins vide Kabata-
Pendias and Pendias 2001). Plants are known to contain more Br when grown in soils
enriched in this element, but the Br-transfer mechanism from soil to plants has not yet
been described.

Contents of Br in food plants vary from 2 to 26 mg kg–1, being lower in cereal grains.
Relatively high Br levels, up to 22, 26 and 36 mg kg–1 have been found in lettuce leaves,
radish roots, and mushrooms, respectively. The highest amounts of Br are reported in
grass tops (Table II-17.6). Recently reported by Pavelka (2004), the highest Br concen-
trations (in mg kg–1) are as follows, in: wheat grain, up to 70; almonds, 100; cacao beans,
48; tobacco, 286; and mushrooms, 300.

Wyttenbach et al. (1997) found a high concentration of Br in Norway spruce needles
at polluted and maritime sites, and very low at continental prealpine sites. The mean

Table II-17.6.
Bromine in food and forage
plants (mg kg–1) (compiled
from Kabata-Pendias and
Pendias 1999, 2001)
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Br value in spruce needles from remote continental sites was 0.1 mg kg–1. The highest
Br content, up to 2 000 mg kg–1, was found in plants grown in volcanic ash soil.

Bromine from Br-pesticide also has a significant impact on the elevated Br levels in
both soils and plants. Increased Br contents as a result of using Br compounds in the
plant cultivation, particularly in leaf vegetables, have often been observed. Lettuce leaves
that were cultivated in a greenhouse, after fumigation with CH3Br, contained up to
9 515 mg Br kg–1 (Kabata-Pendias and Pendias 2001).

Plants differ in their tolerance to soil Br. Some vegetables and flowers are known to
be sensitive to high Br levels, they are: potato, spinach, sugar beet, onion, carnation, and
chrysanthemum. Resistant to Br toxicity are: carrot, tobacco, tomato, celery, and melon.
These plants can accumulate Br to over 2 000 mg kg–1 without showing any effects.

Bromine can substitute for Cl in plants. Symptoms of Br toxicity are variable and
resemble excess salt effects, so these are most commonly chlorosis followed by leaf tip
necrosis, and dark green color of young leaves. The reduction in growth of citrus seed-
lings is correlated positively with water-soluble soil Br and might be used as
phytoindicator of Br toxicity.

Marine plants contain high levels of Br, as is reported for algae, on average, 266, 606,
and 3 293 mg kg–1, in green, brown, and red algae, respectively (Fuge and Johnson 1986).
In some halophytic algae, Br can replace Cl in several processes. Marine sponges incor-
porate Br into organic compounds, however, in most plants only the Cl ion is involved
in metabolism.

II-17.3.7
Humans

The Br contents in soft mammalian tissues vary from 4 800 to 11 000 mg kg–1, being
the lowest in liver and the highest in skin (Jørgensen 2000). The total Br content in the
“reference man” is established as 2.9 mg kg–1 and in urine as 2.8 (Li 2000).

After oral ingestion, Br is rapidly absorbed and distributed in the extracellular flu-
ids and no particular accumulation in any organ has been noted. It is relatively easily
excreted from the body. Average Br intake by adults is estimated at around 8 µg d–1. An
antagonistic interaction between Br and I intake has been observed. With a deficiency
of I, Br may concentrate in the thyroid gland.

There have been many reports of cases of methyl bromide (CH3Br) poisoning in
humans, involving skin and eye injuries, gastric irritation, kidney lesions, damage to
the central nervous system and toxic effects to immune system. Symptoms of chronic
Br intoxication (brominism) are relatively well known (Pavelka 2004). Excess inhala-
tion of Br triggers allergic reactions, especially of mucous membranes.

The ADI value for Br intake has been established as 1 mg kg–1 BW, however, a non-
effect level of 4 mg kg–1 BW has been recently proposed (Van Gelderen et al. vide
Pavelka 2004).

Although Anke et al. (vide Pawelka 2004) reported reduced growth, lower concep-
tion rate, and decreased milk and fat production by goats feeding with low Br fodder,
the essentiality of Br has not yet been proven. Deficiency symptoms of Br have not
been observed, neither in humans nor in animals.

II-17.3  ·  Bromine (Br)

Br



442 Chapter II-17  ·  Trace Elements of Group 17 (Previously Group VIIa)

II-17.4
Iodine (I)

II-17.4.1
Introduction

The I content in crustal material is extremely variable, and it has been estimated be-
tween 0.15 and 1.4 mg kg–1 in the upper continental crust. Its highest content is in shales
(mean 1.5 mg kg–1) and limestones (mean 1 mg kg–1), and the lowest in acid igneous
rocks (mean 0.17 mg kg–1). Also mafic rocks contain relatively small amounts of I, in
the range of 0.007–0.5 mg kg–1 (Table II-17.1). High average I contents of 30 mg kg–1

in deep-sea carbonates and of 2.5 mg kg–1 in other sediments are reported (Muramatsu
and Wedepohl 1998).

Iodine does not form many of its own minerals, but can occur as minor constituent
of various minerals. Iodine association, like CuI and AgI, can be found in weathering
zones of these (Ag and Cu) metal deposits. Iodates are rare minerals occurring only in
very arid regions, and their structures are not completely understood. Anhydrous io-
dates are: lautarite, Ca(IO3)2 and bellingerit, Cu3(IO3)6 · 2H2O; and iodate with hydroxyl,
salesite, Cu(IO3OH). Other minerals such as iodoargirite, AgI; marshite, CuI; and
dietzete, Ca(IO3)2CrO4 are much less common.

Increased I contents in some phosphates, bituminous shales, and coal are associated
with organic matter and/or organic carbon. Iodine is concentrated in some nitrate
deposits, especially in Chile saltpeter, up to around 400 mg kg–1. The suggestion of an
atmospheric origin of this element seems to be most reasonable. Iodine, when heated,
sublimates and goes from a solid directly to a vapor phase, without the liquid phase.
During weathering, I is rapidly released and transported to ocean and sea basins. Most
of I, nearly 70%, exists in ocean sediments.

Among many I isotopes, the only stable isotope in nature is 127I. Two radioactive
isotopes, 129I and 131I, are most commonly byproducts of atomic reactors and have
been released in various proportion into the environment. The half-lives of these
isotopes vary from 8 days (131I) to 1.6 × 107 years (129I), and both are of growing en-
vironmental and health concern. However, 129I is also naturally occurring long- half-
life radioisotope.

II-17.4.2
Production and Use

Annual global production of I in 1995 was around 14 kt and in 2000 was 18 kt (Re-
imann and Caritat 1998; WMSY 2004). It is primarily obtained from brines that are
associated with gas and oil deposits. Also caliche (surface layers of some calcareous
deposits) is a source of this element. Previously I was a byproduct during Chile’s produc-
tion from these deposits. Until 1959, ash of seaweeds was very important source of I.  Now,
the most economic I production is from caliche deposits.

Iodine is utilized in a number of chemicals and pharmaceutics. Iodine and its or-
ganic compounds are used both externally and internally in medicine. Radioactive 131I
is used in medical diagnosis.
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KI-water solution and I-alcohol solution are strong disinfectants and used for exter-
nal wounds. It is added (mainly as KI) to table salt to assure adequate iodine level in
the human diet, and is used as supplement in animal feeds.

In chemistry, I compounds are used as catalyst. It is added to colorants and inks,
and as AgI, a photosensitive compound, is used in photography.

The 129I/ 127I ratio is used as hydrological, geochemical and environmental tracers.

II-17.4.3
Soils

The grand mean of I in surface soils has been estimated as 2.8 mg kg–1, whereas its
concentrations range from <0.1 to 10 mg kg–1 (Table II-17.2). However, in certain soils
of islands (Ireland, Japan, New Zealand) as well as in sea-coast areas, a higher I accu-
mulation, up to around 150 mg kg–1 has been reported. Also volcanic ash soils usually
contain elevated amounts of I, up to 104 mg kg–1, as well as solonchak soils of arid and
semiarid regions, up to 340 mg kg–1 (Kabata-Pendias and Pendias 2001).

Iodine ranges in the reference soils of China from 1.3 to 19.7 mg kg–1, and in the USA
soils, from 1 to 35 mg kg–1 (Govindaraju 1994). In Russian chernozems, I varies from
4 to 5.6 mg kg–1, and is accumulated in the top layer (Protasova and Kopayeva 1985).

Most commonly, soils contain several times as much I as do the parent rocks. Its
accumulation in surface and subsurface soil horizons is affected by aerial deposition
and biogenic concentration. The I abundance in soils shows a relation with their tex-
ture, but as Gerzabek et al. (1999) have described, the I is positively correlated only
with the clay content of noncalcareous soils, whereas in calcareous soils this relation-
ship was observed for several soils parameters, e.g., clay, exchangeable calcium and
organic carbon. Usually, light soils of humid climate regions are poor in I, whereas
high humus and clayed soils are enriched in I. However, this may vary greatly because
the I level in soils is highly dependent on the atmospheric precipitation. The distance
from the sea and recent glaciations also has an influence on the soil I status. Soils close
to coastal districts are enriched in I, whereas soils derived from recent glacial (Pleis-
tocene) deposits are usually poor in this element.

Soils surrounding fossil fuel combustion plants and, previously common, kelp burn-
ing facilities, as well as in the close vicinity to high traffic roads have elevated I levels.
Some sewage sludges applied on fields can add I to surface soil.

In general, the influence of soil parameters on I status is very diverse. Soil acidity
favors I sorption by various soils components, including organic matter. On the other
hand, in alkali and salt-affected soils, the I mobilization also is low. The amount and
kind of organic matter, as well as fixation by microorganisms, play an important role
in the increased sorption of this element. Dai et al. (2004) reported that iodate (IO3

–)
adsorption is negatively correlated with soil organic matter and positively with free Fe
oxides, whereas no correlation exists between iodate adsorption and CEC and soil pH.

The alteration of I species, especially the oxidation of iodide to iodate occurs in
soils. Also the exchange of volatile iodine compounds between soils and the atmo-
sphere is relatively common process. The I species occurring in the aquatic phase of
soil are mainly the following anions: I–, I3

–, IO3
–, and H4IO6

–, of which the first two are
most common (Kabata-Pendias and Sadurski 2004).

II-17.4  ·  Iodine (I)
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Most I occurs in fixed forms being sorbed by humic and fresh organic matter as
well as fixed in or on clay and crystal lattice of minerals. A small fraction of the
total I is mobile and thus easily available to plants. Cold and hot-water extract-
able I, estimated as phytoavailable ranges from <1 to 25% of its total content, depend-
ing on variable soil properties (e.g., moisture, pH, amount and kind of clay minerals
and SOM). The absorption rate differs for I species and is higher for I– than for IO3

–

(Yuita 1983). Although I is scarcely mobile under most soil conditions, in some
extreme conditions, (e.g., submerged soil), it can be highly solubilized, and thus avail-
able to plants.

Recently, great attention has been focused on the distribution and fate of
radioisotopes in soil. Iodine isotopes, 129I and 131I, released to the environment
by nuclear bomb testing and nuclear accidents have been deposited on surface soils
very irregularly, in a mosaic-like pattern. The occurrence in soils of these two
radionuclides has become of great environmental concern, especially after the
1986 Chernobyl reactor accident. Soil processes that affect in immobilization of
I nuclides are highly variable between soils and within the large body of soil. Al-
though I isotopes added to soils are readily sorbed in the soil solid phase, they are
desorbed into soil solution and migrate relatively fast down the soil profile (Mura-
matsu and Wedepohl 1998; Muramatsu and Yoshida 1998; Schimmack et al. 1989).
The depletion of 125I added to arable soil during one year after the contamination
due to the volatilization was observed, whereas its vertical migration was rather slow
(Kashparov et al. 2005a).

II-17.4.4
Waters

In the North Pacific Ocean, the mean concentration of I is 58 µg kg–1 (Nozaki
2005). Other sources give fairly similar mean I concentrations in seawaters: 50 and
58 µg l–1 (Fuge and Johnson 1986; Mineral Information Institute, www.mii.org/
Minerals/photoiodine.html).

Iodate (IO3
–) is dominate species of I in seawater, up to around 90% of its total

concentration. Also iodide (I–) and organically bound iodine are present in waters.
However, some I species are very unstable and soon transfer to iodate in alkali media
and to iodide in acid media. The photochemical oxidation of iodide ions to iodate in
surface seawater is a significant source of this element in the atmosphere. Also the
biological formation of methyl iodide that takes place at the sea-surface is the impor-
tant source of I in the marine atmosphere (Fuge and Johnson 1986).

In river water, average I concentrations vary between 2.3 and 15.1 µg l–1. Its maxi-
mum concentrations in stream water range from 110 to 198 µg l–1 (Reimann and Caritat
1998). In some lake-water, e.g., in Central Kazakhstan, its concentration can reach
160 µg l–1 (Fuge and Johnson 1986).

Waters of Swedish rivers show relatively high concentration of 129I (up to
1.4 × 109 atoms l–1) of which the main source is atmospheric deposition of this iso-
tope, which apparently originated from two nuclear reprocessing facilities in France
and England (Kekli et al. 2003).

I
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II-17.4.5
Air

Median I concentrations in world air vary in remote regions from 0.08 to 4.4 ng m–3

(median 1.1) and in polluted regions from 100 to 350 ng m–3. The I concentration in
air above the South Pole is around 0.08 ng m–3, and over Shetland Islands its content
increases to 4 ng m–3 (Table II-17.2).

Iodine concentrations in air over urban, and particularly over industrialized regions,
is highly variable, from 15 to 6 000 ng m–3 (Kabata-Pendias and Pendias 1999). Accord-
ing to data cited by these authors, air above seas and oceans contains increased amounts
of I (mean values in ng m–3): 1 090 at the Baltic Sea (Gdaôsk); 200 at the Japanese Sea;
and up to 48 000 above the Black Sea. Yoshida and Muramatsu (1995) reported much
lower I concentrations, in the mean range from 14.1 to 17.5 ng m–3 in the coastal atmo-
sphere of Japan. Organic I was the dominant species in air, in the range between 77 and
88% of gaseous phase. The most probable organic chemical species is methyl iodine,
which is known to be decomposed to inorganic I within a few days.

Elemental I vapor in the atmosphere is readily sorbed onto most surfaces. However,
the emission of I from the surface of seawater, as well as its volatilization from soils and
from volcanoes gases control the balanced concentration of I in the atmosphere.
Anthropogenic sources, especially from the combustion of fossil fuels, also contribute
to I levels in air around industrial and urban regions. The wet and dry precipitation of
I in areas under marine influence, can be relative high, and as Fuge and Jonson (1986)
estimated can reach 7 mg I m–2 yr–1.

Iodine radionuclides, 129I and 131I are present in the atmosphere principally as a result
of nuclear weapons testing and nuclear reactor accidents. Both radionuclides can be trans-
ported by air for very long distances.

II-17.4.6
Plants

There is a great variation observed in the I contents of plants, and it seems to be
a function of both plant species and growth conditions. Generally, vegetables and
mushrooms contain less I than forage plants. It might be stated that dicotyledonous
plants (herbs, legumes) contain more I than monocotyledonous grasses and cereals
(Table II-17.7). The common range of I in cereal grains is between 60 and 100 µg kg–1,
whereas in legume fodder plants it varies from around 100 to above 200 µg kg–1.

Besides the soil I status and plant characteristic, distance from the seacoast has crucial
influence on the I content in plants. Anke (2004d) presented data for I contents in plants
as a function of distance from the seaside; I concentration in field red clover decreased
from 272 to 132 µg kg–1 with growing distance from 10–50 to 201–310 m, respectively. A
similar relationship was observed for other crop plants. There is clear evidence that plants
are capable of absorbing I directly from the atmosphere, both through the cuticle and as
adhesive particles on the surface, particularly of hairy leaves. Thus, the atmospheric I can
contribute significantly to its concentration in plants. Mosses from Scandinavian coun-
tries are reported to contain I in the range of 1.5–3.5 mg kg–1 (Rühling et al. 1987).

II-17.4  ·  Iodine (I)
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Marine plants contain much more I than terrestrial plants. Its high concentration in
algae seems to be associated with the pigmentation; for example, algae contain, on
average (in mg kg–1): green 58, red 383, and brown 2 489 (Table II-17.8).

Iodine has not been shown to be essential to plants, and reports on stimulating effects
on plant growth at low concentrations in nutrient solution have not been explained.
Plants take up I relatively easily from the soil solution and as reported by Muramatsu
et al. (1983) iodide (I–) was much more available species than iodate (IO–). Both I species
were more concentrated in roots than in shoots which could be due to the absorption

Table II-17.7.
Iodine in food and forage plants
from Germany (µg kg–1) (com-
piled from Anke 2004d)

Table II-17.8.
Iodine concentrations in some
marine plants and animals
(mg kg–1) (after Fuge and
Johnson 1986, unless otherwise
indicated)

I
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of the element onto the root surface. Organically bound I seems to be scarcely available
to plants, but after the decomposition of organic matter becomes more phytoavailable.
The dominant I species in the plant juice is apparently iodide, and about 65% of total
iodine in plants is bound to proteins.

The I toxicity to plants, due to pollution, has not often been reported. However,
there have been some toxicity symptoms observed, which were similar to those caused
by excess Br (margin chlorosis in older leaves and a dark green color of young leaves)
in plants cultivated on some coastal fields where an excess of kelp (calcined ashes of
seaweed) was applied as fertilizer.

II-17.4.7
Humans and Animals

Humans. The I contents in soft mammalian tissues vary highly from 0.0015 mg kg–1 in
liver to 4 mg kg–1 in brain (Jørgensen 2000). The total I content in the “reference man”
is established as 0.19 mg kg–1 and in fluids as 0.12 and 0.056 mg l–1 in urine and milk,
respectively (Li 2000).

Iodine is one of the very essential micronutrients and the human body could not do
without this element. It is concentrated mainly in thyroxin and triiothyronine, the
hormones produced by the thyroid. These hormones contain up to 80% of the total
body store of I and are involved in most biological processes, from bone growth to
reproduction. Thus, an adequate level of I in the body is very crucial.

The study of Iodine Deficiency Disorders (IDD) is included in the program of the
International Council for the Control of Iodine Deficiency Disorders (ICCIDD). There
is evidence that effects of I deficiency is worsened if Se status is low (WHO/IPCS 2002).
Previously, I deficiency was known under the term “goiter”, that comprises the spec-
trum of dysfunctions, such as:

� Fetus anomalies, including abortion and stillbirth
� Impaired mental function and retarded physical development, commonly associ-

ated with congenital anomalies of children and adolescents
� Hypothyroidims with various complications in adults, such as neurological cretin-

ism, mongolism, impotence, and infertility
� Additional symptoms might be: body weakness, dry skin, and sensitivity to cold

Increase intake of I resulted in incidence of hyperthyroidism, which has been ob-
served following iodized salt programs, as well as after nuclear accidents, especially
that in Chernobyl in 1986, when a supplementation of KI (potassium iodide) to human
diets was administrated in affected regions, in order to block 131I uptake into the thy-
roid. Some symptoms of I excess are: sensitivity to touch, psychological instability,
weight losses, tachycardia, and exophthalmos. Iodine allergies are relatively common.

The daily requirement of I by adults is around 150–200 µg. Intake below 100 µg d–1 has
resulted in mild deficiency, and a dose below 20 µg d–1 has caused severe deficiency
symptoms. The mean intake of I by German adults has been estimated to vary (in
µg d–1) between 47 and 83 for women and between 35 and 59 for man (Anke 2004d).

II-17.4  ·  Iodine (I)
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This author has reported that the normative I requirement of adults is 1 µg kg–1 BW,
whereas the WHO/IPCS (2002) recommendation for the I intake is 2 µg kg–1 BW. Under
certain circumstances, however, the I intake by adults at the level above 30 000 µg d–1 may
not affect thyroid function states (Pais and Jones 1997). In non-iodine deficient re-
gions, diets enriched in meat, and especially in seafood, meet human requirements for
this element (Tables II-17.7 to II-17.9). Thus, the richest natural sources of I are sea-
food and seaweeds.

The largest areas of IDD are in Africa, and it has been calculated that around 150 mil-
lion people out of the total population are at risk of I deficiency (Aswathanarayana
1990). It has been proposed iodinating of piped water as the easiest and cheapest pre-
vention action.

Iodine is easily absorbed in the organism, quickly distributed and accumulated in
the thyroid (65–90% of administrated I is stored in the thyroid) and rapidly excreted
through urine (and milk). The level of the 129I/ 127I in urine is accurate index for recent
exposure to the radioisotope (Hou et al. 2003).

The strong interaction between I and Se has resulted in the close positive relation
between the availability and metabolism of both elements (Van der Heide et al. 1993).
Other elements, such as As, F, Co, Cu, Ca, Hg, and Mn, involved in thyroid metabolic
processes often inhibit the I bioavailability.

Animals. The requirement for I among animals is between 0.1 and 0.5 mg kg–1 BW, and
its deficiency is much more common than of other elements. Sheep and cattle seem to
be most sensitive to I deficiency and develop similar symptoms.

In young animals I deficiency results in:

� General weakness
� Hairless, early and/or dead born
� Retarded fetal brain development
� Swelling of the thyroid gland, goiter

Table II-17.9. Iodine in some foodstuffs and beverages not supplemented with iodine (compiled from
Anke 2004d)
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In adult animals, the long-term I deficiency affects in:

� Impairment of female reproduction
� Depletion of male fertility (lower semen quality)
� Lower milk production

Various sings of hypothyroidism are observed in different animals, but goiter, cre-
tinism, impaired reproduction and abnormal fetus development are the most common
symptoms (Anke 2004d). The association of goiter symptoms with the excess of Bras-
sica spp. plants in fodder has been investigated recently (Frøslie 1990).

Animals differ widely in their susceptibility to I toxicity. The iodism (I poisoning)
does not occur under natural conditions because its toxic dose is very high. The maxi-
mum tolerable level of I in feed has been established (in mg kg–1) as: 50 for sheep and
cattle; 300 for poultry; and 400 for pigs (Frøslie 1990). Therefore, the most important
problem associated with excess I in animal feeding is its transfer to human with animal
foodstuff. The food of animal origin is, under normal conditions, a significant source
of I in human diet (Table II-17.9).

II-17.4  ·  Iodine (I)
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–, emission related to coal combustion  110
–, geochemical behavior  107
–, health effect  112
–, in air  109
–, in contaminated soil  108
–, in food plant  111
–, in ground water  109
–, in water  108
–, inhalation  111
–, ionic speciation  108
–, isotope speciation  107
–, mobility  108
–, plant

–, content  110
–, toxicity  110

–, production and use  107
–, skin exposure  111
–, soil abundance  107
–, toxicity to organism  111

–, upper crust abundance  105
berzelianite  402
best available technology  265
Bi see bismuth
bioabsorption  191
bioaccumulation  298
bioavailability  20

–, variable  83
biochemistry of organism  67
biodegradation  33
biofilm  178, 197
biogeochemical

–, availability  20
–, process  1
–, reactivity  20

bioindication  63
bioindicator  19, 44, 64, 301
bio-inorganic complex  15
biological

–, absorption coefficient  57
–, methylation  15

biomagnification  149
biomineral  72
biomonitor  44
bioreactor channel system  407
bioremediation  180
biosolid  35
biosphere  5–7, 9, 23, 127, 151, 161, 353, 425
biotite  162, 294
birnessite  197, 228
Biscutella laevigata  348, 349
bismuth  381, 382, 396

–, and animal  399
–, and human  398
–, concentration

–, in atmosphere  398
–, in crust  396
–, in water  397

–, content
–, in plant  398
–, of soil  396

–, distribution among human tissue  398
–, human toxicity  398
–, in air  398
–, in plant  398
–, in soil  396, 397
–, in water  397
–, level in land animal tissue  399
–, occurrence in mammalian tissue  398
–, poisoning  399
–, production and use  396
–, species in water  397
–, wet deposition  398

bivalve  301
Black Sea  101
blood cell reduction  119
Blue mussel  374
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blueberry  114, 121
BMP see Baltic Monitoring Programme  373
body tissue  73
boehmite  331
Bog ore  210
Bohemia  109, 110
Boletus edulis  281
bone

–, fibrosis  150
–, mineralization  119

Boraginacea  246
borate  323

–, deposit  323
borax  323
bornite  259
boron  16, 321, 323

–, adsorption  324
–, and human  329
–, anthropogenic emission  327
–, biogeochemical role  327
–, chemistry  321
–, concentration  326

–, in European river  325
–, in groundwater  326
–, in rainwater  325
–, in water  325

–, content
–, in mammalian tissue  329
–, in soil  324
–, of plant  327

–, deficiency  328
–, in crop plant  327

–, dietary source  330
–, distribution

–, in environment  323
–, in plant  328

–, essentiality
–, and toxicity to plant  329
–, for plant  327

–, form
–, in atmosphere  327
–, in surface water  325

–, functional role in human  330
–, in air  327
–, in aquatic biota  326
–, in bottom sediment  325
–, in food and forage plant  328
–, in plant  327
–, in soil  324
–, in water  325
–, intake by adult  330
–, mineral  323
–, mobility

–, in plant  328
–, in soil  324

–, natural emission  327
–, phytoavailability  324, 328

–, production and use  323
–, removal by plant  329
–, riverine flux  325
–, sorption in soil  324
–, toxicity  327

bottom sediment  42, 262, 263
bourmite  391
Br see bromine
Bradyrhizobium sp.  177
braggite  248
brain  93, 96, 116

–, tissue  70
Brassica  148, 415

–, rapa  115
Brassicaceae  246, 305, 348
Brazil  45, 190

–, nut  121
British Anti Lewisite  72
broccoli  37
bromeline  107
bromine  425, 426, 438

–, absorption and distribution in human
body  441

–, abundance in crustal rock  438
–, accumulation by plant  441
–, anthropogenic source in soil  439
–, average daily intake  441
–, chemical reactivity  438
–, concentration

–, in air  439
–, in water  439

–, content
–, in food plant  440
–, in soft mammalian tissue  441

–, evaporation from the sea  439
–, form in air  440
–, in air  439
–, in food and forage plant  440
–, in human  441
–, in plant  440
–, in soil  439
–, in water  439
–, level in marine plant  441
–, mineral  438
–, natural content of plant  440
–, oral ingestion  441
–, pesticide  441
–, plant tolerance  441
–, production and use  438
–, range in soil  439
–, status of soil  439
–, toxicity  441

–, phytoindicator of  441
–, symptom of  441

bromyrite  438
Bronze Age  23
brookite  151
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brown algae  280
bryophyte  121, 130, 341, 374
Bursa (Turkey)  53
butyltin  363

–, compound  365

C

Ca see calcium
cabbage  37, 99, 140, 387, 431
cadmium  13–17, 23, 38, 54, 59, 74–76, 80–82,

283, 294, 296–299
–, accumulation  297

–, and exclusion by plant  305
–, in animal  308
–, in plant  304

–, acute toxicity  307
–, adsorption  295

–, via root  304
–, and animal  307
–, anionic species  295
–, as inhibitor of photosynthesis  305
–, association with soil colloid  295
–, bioaccumulation by marine biota  300
–, biosorption by microorganism  299
–, cationic species  295
–, compound  295
–, concentration  295

–, in air  302
–, in atmosphere  306
–, in human fluid  305
–, in human soft tissue  305
–, in plankton  301
–, in river system  300
–, in soil  295
–, in soil solution  297, 304
–, in topsoil  296
–, in water  299

–, contamination  308
–, content

–, in food plant  302
–, in macrophyte  301
–, in mammalian tissue  305
–, in selected food  303

–, crust content  294
–, deposition rate  302
–, ecotoxicity  294
–, excess, toxic effect of  306
–, exposure mechanism  306
–, immobilization  356
–, in air  302
–, in aquatic biota  300, 301
–, in cereal  78
–, in cocoa powder  78
–, in drinking water  301
–, in food plant  303
–, in liver and muscle of animal  307

–, in phosphate rock  297
–, in plant  302
–, in soil solution  295
–, in water  299, 300
–, industrial

–, emission  297
–, source  302

–, intake  306
–, by human  306

–, interaction with other element  304
–, mineral  294
–, mobility  296

–, in soil  295
–, in water  300

–, particulate matter suspended in air  302
–, phytoremediation  298
–, plant availability  296, 302
–, pollution  306
–, precipitation  295
–, production and use  294
–, risk assessment  81
–, soil

–, contamination and remediation  296
–, remediation  298

–, sorption capacity  295
–, source

–, in atmosphere  302
–, in soil  296
–, to water  300

–, toxicity
–, in plant  304
–, to animal  308
–, to human  305

–, transfer in food chain  306
–, transport in plant  304
–, uptake by plant  298, 304
–, weathering process  294

Cajanus cajan  305
calcium  39, 63, 105, 115

–, concentration  115
–, -strontium ratio  112, 116

California  107, 128, 144
Calluna vulgaris  387
calverite  278
Canada  58, 97, 104, 242, 252, 346
cancer  82

–, cell  103
–, therapeutic  117
–, tissue  72

Capsicum annuum  92
Caput nuclei caudate  70
Carassius carassius  101, 314
carbonate  19, 54
carborundum  353
carcinogenesis  183
carcinogenic  112, 150

–, effect  181
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carcinoma cell  72
cardiovascular  112
caribou  104
carnallite  433
carnation  441
carnolite  162
carrot  245, 410, 431, 441
Caryophyllacea  246
cassava grain  289
cassiterite  361
cation  39

–, -anion balance of organism  437
–, exchange capacity  11, 22, 198

cauliflower  188
Cd see cadmium
Ce see cerium
CEC see cation exchange capacity
celery  441
cell

–, depletion  150
–, membrane permeability  61
–, process  93

cerargyrite  271, 433
Ceratophyllum  301
cereal 81

–, crop  36
–, grain  289, 304

cerium  135, 137, 138, 140
cerussite  368
cesium (see also cesium-137)  58, 87, 97

–, anthropogenic source of radionuclide  100
–, background content in air  98
–, behavior in water  98
–, biological activity of radioisotope  101
–, concentration

–, in human fluid  99
–, in water  101

–, dietary dose  99
–, distribution in plant  99
–, fallout of radioisotope following

Chernobyl accident  100
–, geochemical characteristic of radio-

isotope  100
–, in air  98
–, in aquatic biota  98
–, in human  99
–, in plant  99
–, in soil  97
–, in water  98
–, mineral  97
–, occurrence

–, in air  98
–, in animal tissue  99

–, phytoavailability of radioisotope  102
–, plant content  99
–, production

–, and use  97

–, in nuclear fission  100
–, radioactive isotope  100
–, radioisotope in forest ecosystem  103
–, radionuclide in mushroom  103
–, similarity to K  99
–, soil content  97
–, upper crust content  97
–, use of radioactive  97
–, water abundance  98

cesium-137  100
–, and aquatic biota  101
–, and water  101
–, concentration

–, in food  102
–, in mushroom  103

–, geochemical characteristic of  100
–, in air  101
–, in animal tissue  104
–, in human tissue  103
–, in mushroom  103
–, in plant  101
–, phytoremediation  102
–, plant uptake  102
–, soil

–, concentration  100
–, inventory  100
–, mobility  100
–, -mushroom transfer factor  103
–, -to-potato transfer  103

CFC see chlorofluorocarbon
chalcocite  259
chalcophillic  210, 237
chalcopyrite  259, 271, 342, 402
cheese  122
chelate  211
chelating

–, agent  59, 62, 215
–, drug  72

chelation  12
–, therapy  72

chemical
–, fingerprint of skeleton  71
–, pollution  7
–, preparation  1
–, species  2
–, stress  333

cheralite  134, 142
Chernobyl  30, 44, 100–102, 117, 314

–, accident  30, 100, 101, 103, 117, 118, 146,
444

–, exclusion zone  118
–, nuclear power station  101

chernozem  156, 383
Chile  184, 385
China  94, 97, 120, 128, 131, 144, 190, 301, 324,

346, 350, 392, 416, 439, 443
Chinese brake  37, 387
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Chlorella  301
chlorination  435
chlorine  39, 425, 426, 433

–, absorption by root  436
–, as micronutrient for higher plant  436
–, as pesticide component  434
–, concentration

–, in atmosphere  435
–, in drinking water  437
–, in freshwater  435
–, in ocean water  435
–, in rock  433

–, content
–, in plant  436
–, in soft mammalian tissue  437

–, dioxide  438
–, elevated level in soil solution  435
–, in air  435
–, in animal  438
–, in foodstuff  437
–, in human  437
–, in seawater  435
–, in soil  434
–, in water  435
–, intake by people  437
–, mineral  433
–, mobility in soil profile  435
–, physiological role of species  437
–, plant availability  436
–, production and use  434
–, range in non-saline soil  434
–, secretion by human  437
–, symptom of deficiency in plant  436
–, toxic level in plant  436

chlorite  19
chloroapatite  433
chlorofluorocarbon  427
chlorosis  59, 188, 246, 304
cholesterol fraction  183
chromate  176
chromic  176
chromite  174

–, ore  173, 175, 177, 178
chromium  16, 17, 23, 173, 174, 176

–, absorption and translocation in plant  181
–, accumulation by aquatic plant  180
–, and human  182
–, and redox process  176
–, anthropogenic source  180
–, as essential micronutrient  181, 183
–, atmospheric deposition  180
–, bioaccessibility  181
–, chemical mobility  179
–, compound  176
–, concentration in water  179
–, content

–, in mammalian tissue  182

–, in plant  181
–, in soil  175, 178

–, conversion  181
–, deficiency  183
–, deposition to agricultural soil  178
–, dietary intake  183
–, distribution in rock  173
–, enrichment from sewage sludge  178
–, fish toxicity  180
–, growth stimulation of soil bacteria  177
–, immobilization by sorption  178
–, in air  180
–, in aquatic biota  180
–, in drinking water  183
–, in food plant  182
–, in human organ  182
–, in insoluble phase  177
–, in plant  181
–, in soil  175
–, in water  179
–, mineral  173
–, occupational exposure limit  183
–, ore processing residue  179
–, oxidation state  175, 176
–, phytoavailability  179, 181
–, pollution  175
–, positive relationship to fine granulo-

metric soil fraction  175
–, production and use  175
–, remediation treatment  178

–, of contaminated soil  178
–, shoot-root concentration ratio  181
–, soil contamination and remediation  177
–, soil-plant transfer factor  179
–, solubility  176
–, sorption in soil  176
–, source of pollution  177
–, speciation  175, 177

–, and soil pH  176
–, in wastewater  179

–, spinel mineral group  173
–, toxic effect  183
–, toxicity  177
–, transformation in soil  177

chrysanthemum  441
chrysoberyl  107
cinnabar  308
citrate chelate  218
citrus fruit  92
civilization  7
Cl see chlorine
clausthalite  402
clay

–, fraction  21
–, mineral  11, 12, 21, 232

clover  15, 91, 165, 201, 203, 219, 221, 231–233,
243, 245, 266, 267, 277, 290, 291, 304, 348, 411,
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412, 414, 445
Clupea harengus  374
Cm see curium
Co see cobalt
coal  106

–, combustion  49, 113, 124, 147
–, -mine water  121

cobalt  15, 16, 22, 225, 226
–, accumulation in plant  232
–, aerial deposition  230
–, concentration in air  230
–, concentration in water  229
–, content of red clover  232
–, -copper ore  232
–, deficiency  233

–, in animal  229
–, in herbage  233
–, syndrome in ruminant  234

–, dietary intake  233
–, distribution in soil  227
–, essentiality to microorganisms  233
–, geochemical cycle  225
–, in air  230
–, in animal  234
–, in aquatic biota  230
–, in concretion  229
–, in Earth’s crust  225
–, in food plant  231
–, in grass  232
–, in human  233

–, fluid  233
–, in mammalian tissue  233
–, in plant  231
–, in soil  227
–, in water  229
–, level in food  234
–, mining  226
–, phytoavailability  228
–, production and use  226
–, riverine flux  229
–, soil content  227
–, speciation  229
–, toxicity  232

–, to animal  234
cobaltite  225
Coca Cola  19, 59
cocoa  122
coefficient of specific relative accumulation  64
colemanite  323
colloid  90
colloidal particle  39
Collybia peronata  367
Colorado River  146
columbium  167
common mussel  280
complex compound  17
complexant  62

complexing agent  146
concretion  22, 211
containment  33
contaminant  42

–, element  83
contaminated site  431
contamination  23
continental crust  24, 87, 93, 97, 119, 124, 137,

225, 235, 236, 248, 257, 278, 339 ,423, 427, 442
cookware  74
cooperite  248
copper  13–17, 23, 38, 53, 54, 59, 68, 257

–, absorption in human  270
–, affinity for sulfur  259
–, and animal  270
–, and human  268
–, application  259
–, as essential element  268

–, in plant  266
–, -bearing herbicide  268
–, behavior  260
–, -beryllium alloy  107
–, concentration

–, in seawater  262
–, in tissue of aquatic biota  264
–, in water, dynamic equilibrium with

bottom sediment  262
–, of blood  268

–, content
–, in air  265
–, in aquatic biota  264
–, in mammalian tissue  268
–, in plant  266
–, in soil  259
–, in surface layer of bottom sediment  263

–, daily intake  266
–, deficiency

–, in cattle  270
–, in crop plant  261, 267
–, in human  269
–, in mammal  270

–, deposition rate  266
–, on agricultural soil  265

–, dietary intake  269
–, excess, effect on physiological process  269
–, form in soil  260
–, function in plant physiological process  266
–, -hyperaccumulator  268
–, in air  265
–, in aquatic biota  264
–, in bottom sediment  263
–, in contaminated soil  261
–, in drinking water  263
–, in food plant  267
–, in grass  267
–, in human diet  269
–, in plant  266
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–, in soil  259
–, solution  260

–, in tissue of livestock  271
–, in water  262, 263
–, input in Baltic Sea  262
–, level

–, in animal tissue  270
–, in edible plant  266

–, mobility  260
–, occurrence

–, in crust  257
–, in soil  260

–, phytoavailability  260
–, phytotoxicity  268
–, plant uptake  268
–, -polluted site  268
–, production and use  259
–, range in arable soil  259
–, soil contamination  261
–, solubility  260

–, control on  260
–, source for human  269
–, speciation in water  262
–, species  260
–, tolerance  268, 270
–, toxicity  260
–, transport within body  269

COPR see chromite ore processing residue
corn  36, 140, 154, 371
corundum  331
cosmic particle  27
covellite  259
Cr see chromium
crocoite  174
crookesite  345, 402
crop  299

–, nutrition  140
crucian carp  314
Cruciferae  110, 232, 246, 348
crude oil  107
crustacean  250
crustaceous  81
cryolite  427
Cs see cesium
CSRA see coefficient of specific relative

accumulation
Cu see copper
cultivar  60
cuprite  259
curium  145
Cw/Cc ratio  190, 199, 216, 241
Czech Republic  108, 109

D

daily intake  44, 75–77
dandelion  64, 65, 91

–, as phytomonitor  64
Dasyatis akajei  101
deep-sea

–, concretion  194
–, sediment  194

default safety factor  82
deficiency  57, 59, 67
degradation  11
delta  44
Denmark  76, 80, 81, 102, 140, 285
dermal allergy  183
detritovore  265
Detroit  109
diaspore  331
diatom  355
diet  75, 76, 82, 83, 99, 116, 150, 155, 183, 247, 269,

270, 306, 318, 319, 379, 409, 418
dietary intake  67, 76, 82
dietzete  442
diffusion  19, 59
dimethylarsinic acid  385, 386
dioxin  434
DNA  187

–, structure  204
domeykite  382
drilling mud  120
drinking water  43, 44, 76, 90, 109

–, quality  44
DTPA chelating agent  15, 19, 59, 215, 261, 371
Dy (dysprosium)  140
dzhezkazganite  207

E

Earth’s crust  1, 50, 87, 112, 119, 130, 133, 151,
167, 169, 184, 189, 207, 209, 210, 222, 224, 225,
237, 248, 257, 283, 294, 308, 351, 401, 425

earthworm  14, 272
–, bioassay  14

EC see European Community
ecological risk assessment  81
ecosphere  5
ecosystem

–, abiotic compartment of  5
–, biotic compartment of  5

EDI see environmental distribution index
EDTA chelating agent  19, 59, 72, 137, 215, 228,

261, 371
Eh

–, -pH condition  198
–, -pH diagram  12
–, -pH regime  384
–, -pH system  210
–, value  13

electrodialysis  19, 59
electrokinetic technique  178
electron transfer  6
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element cycling  39
Elodea

–, canadensis  44
–, densa  317

embolite  438
encapsulation  33
endocrinologic  112
energy  5
England  178
Enteromorpha sp.  364
environmental

–, distribution index  89
–, pollution  70

enzyme  14, 57
Erica  103
erosion  179
erythrite  225
ESADDI see estimated safe and adequate daily

dietary intake
essential  67

–, element  59
–, ion  61
–, metabolite  61
–, micronutrient  188
–, nutrient  186
–, trace element  60, 68

estimated safe and adequate daily dietary intake  83
Eubactrium acidaminophilum  191
eucryplite  88
Eurasia  48
Europe  75, 168, 296, 302, 413
European Community  75, 81

–, Commission Regulation  81
evolution  5
excavation  34
excretion  61
exposure

–, characterization  81
–, source  73

extractant  59
extraction  18, 19, 59

–, method  18

F

F see fluorine
Fabaceae  305
factor of soil parameter  21
farinaceous  122
fauna  14
Fe see iron
feldspar  323, 331
fenugreek  281
fergusonite  131
fern  37
ferrasol  184
ferric

–, iron  210
–, oxide  210

ferrihydrite  212
ferritin  218
ferromanganese nodule  175, 184
fertilizer  28, 108

–, foliar application of  57
Festuca arundinacea  372
fine granulometric fraction  13, 21, 89, 211, 228
Finland  190, 230, 260, 296, 297, 314, 411, 439
fish  45, 81, 122, 230, 242, 280, 289, 309, 313, 319,

334, 374, 386
flora  14
Florida  107, 421
flounder  242
fluorapatite  427, 428
fluoridation of water  432
fluorine  43, 44, 55, 425, 426

–, absorption by plant  430
–, aerial deposition into water basin  429
–, as phytotoxic trace pollutant  430
–, atmospheric source  429
–, behavior in soil  428
–, concentration

–, in water  429
–, limit in air  429

–, contamination  430
–, content

–, in food plant  430
–, in human fluid  432
–, in soft mammalian tissue  432
–, in soil  427
–, of forage crop  431

–, deficiency  433
–, environmental flux  429
–, exposure of people to source of  432
–, form in water  429
–, health risk associated with increased

intake  432
–, in air  429
–, in animal  433
–, in drinking water  429
–, in human  432
–, in plant  430, 431
–, in soil  427

–, solution  428
–, in water  429
–, industrial emission  428
–, input to soil  428
–, intake  432
–, mineral  427
–, mobility in soil  428
–, occurrence in crust  425
–, pollution  431
–, production and use  427
–, reactivity  427
–, soil pollution  428
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–, symptom of toxicity to animal  433
–, tolerant plant species  431
–, toxic effect on plant metabolism  431
–, toxicity  430, 431
–, uptake by apatite of tooth and bone  432

fluorite  427
fluorosis  432
flushing  33
fly ash  27, 28, 50, 108, 130, 178, 189
foliage leaching  61
foliar

–, absorption  57
–, uptake  57

food
–, chain  73, 118, 147, 313, 316

–, lichen-reindeer-man  150
–, transfer 74, 102
–, transfer, from soil to human  73

–, chemical composition of  1
–, exposure to trace element  81
–, product  122

forest soil  30
fractionation  2
France  101, 254, 346
freshwater  39

–, food chain  311
fruit  81, 91, 96
FSP see factor of soil parameter
fulvic acid  108, 178
fungus  59, 92, 212

G

Ga see gallium
gadolinium  136, 140
Gadus aeglefinus  180
galena  259, 271, 342, 368
gallite  338
gallium  26, 321, 338, 340

–, chemical property  338
–, concentration in water  340
–, content in crust  338
–, content in plant  341
–, distribution in soil  339
–, form occuring in water  341
–, in air  341
–, in aquatic biota  341
–, in plant  341
–, in water  340
–, mobility in soil  339
–, occurrence in atmosphere  341
–, physiological function  342
–, production and use  339
–, range in soil  339

garden soil  34
garlic  411
gastric carcinoma  44

gastrointestinal  73
gastropod  301
GB see geochemical baseline
Gd see gadolinium
GD see geochemical distribution
Gdansk  147
Ge see germanium
gene expression process  204
genu corporis callosi  70
geoavailability  20
geochemical

–, availability  20
–, baseline  21
–, classification  11
–, mobility  179

geographical information system  21
geophagia  9
geothermal water  44
germanite  357
germanium  352, 355, 357, 359

–, behavior in soil weathering  358
–, concentration in water  358
–, crust concentration  357
–, human intake  360
–, in air  359
–, in foodstuff  360
–, in plant  359
–, in soil  358
–, in water  358
–, mineral  357
–, occurrence in mammalian tissue  360
–, organic compound  360
–, production and use  357
–, speciation in water  358
–, toxicity  360

Germany  90, 93, 98, 132, 146, 147, 159, 165, 191,
254, 260, 347, 376, 446

gibbsite  331
GIS see geographical information system
gleysol  94
glucose tolerance factor  183
Glycyrhiza uralensis  169
goat  93
goethite  210–212, 228, 238

–, sorption process  212
gold  23, 257, 278

–, abundance in crust  278
–, accumulator plant  280
–, -amalgamation process  311
–, and human  281
–, association with trace element in marine

sediment  280
–, biogeochemical prospecting  281
–, chemical resistance  278
–, complex ion  279
–, concentration

–, in air  280
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–, in human fluid  281
–, content

–, and distribution in plant  280
–, in mammalian tissue  281

–, dietary intake  282
–, exploration  278
–, in air  280
–, in aquatic biota  280
–, in human heart tissue  282
–, in plant  280, 281
–, in soil  279
–, in water  279
–, -mercury amalgam  54
–, mineral  278
–, -ore processing  309
–, production and use  278
–, soil content  279
–, speciation in seawater  279

gonad  103
Gotland Deep  199
Graminaceae  415
Gramineae  217, 348
gray speck symptom  203
Great Britain  98, 280
Greece  103
green

–, algae  301
–, mussel  301

Greenland  170, 302, 369
greenockite  294
ground dove  391
groundwater  42, 43, 109

–, chemical quality of  43
–, pollution  43

growth medium  5, 9, 38, 57, 114
GTF see glucose tolerance factor

H

haddock  180
hafnium  151, 152, 158

–, and human  159
–, content in mammalian tissue  159
–, in air  159
–, in plant  159
–, in soil  158
–, in water  159
–, occurrence in mineral  158
–, production and use  158

half-life  141, 143
Haliaeetus pelagicus  380
halite  433
Hausmaniastrum  232
hausmanite  197
hazardous air pollutant  309
HDL see high density lipoprotein
health  44, 67

–, hazard characterization  81
–, risk assessment  81, 82

heather  103
Heidelberg  146, 148
Helianthus  102
hematite  210, 211
hematologic  112
Hemidesmus indicus  371
hemoglobin synthesis  268
hepatic  45, 112
herring  374
Hf see hafnium
Hg see mercury
hickory tree  139
high density lipoprotein  183
Ho see holmium
Holcus lanatus  387
hollandite  119, 120
holmium  137, 140
homeostatic

–, balance  67
–, interrelationship  5

hormone  447
hornblende  162
horsetail  154, 355
house

–, dust  34
–, sparrow  391

household dust  54, 55
human  67, 121, 125, 130, 132, 149, 159, 166, 188,

220, 247, 251, 254, 268, 277, 281, 292, 305, 318,
329, 337, 342, 344, 349, 356, 367, 378, 389, 395,
398, 415, 422, 424, 432, 437, 441, 447
–, activity  9
–, lung tissue  71
–, milk  70
–, tissue  69

humate complex  146
humic matter  35
humus  23
Hungary  201
hutchinsonite  345
hydrargilite  331
hydrated ferric oxide  210
hydration  12
hydrogen fluoride  429
hydrolysis  12
hydromorphic process  12
hydrosphere  39, 153

–, mass  39
hydrous

–, ferric phosphate  212
–, oxide of Fe and Mn  120

hydroxide  13
hydroxylapatite  432
Hylocomium splendens  52, 92, 103
hyperaccumulating plant  59
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hyperaccumulator  36
–, plant  38

hypergenic process  90
hypertension  122
hyperthyroidism  447
Hypnum cupressiforme  52
Hypogymnia physodes  200
hypothyroidism  449

I

I see iodine
IAEA see  International Atomic Energy Agency
Iberis intermedia  348, 349
ICCIDD see  International Council for the

Control of Iodine Deficiency Disorders
ice core  47
ICRP see International Commission on

Radiological Protection
IDD see Iodine Deficiency Disorder
ilmenite  151, 152, 210, 212
immobilization  33, 34, 61
immune system  93
imogolite  11
In see indium
index of

–, bioaccumulation  57
–, geochemical

–, distribution  21
–, load  21

–, pedogenic distribution  21
India  153, 263, 264, 377, 385
Indian mustard  371
Indian Ocean  104
indicator species  63
indite  342
indium  15, 321, 340, 342

–, and human  344
–, anthropogenic source  343
–, concentration in atmosphere  343
–, content in plant tissue  344
–, crust abundance  342
–, distribution among soil  343
–, human toxicity  345
–, in air  343
–, in plant  344
–, in soil  339, 343
–, in water  343
–, occurrence in terrestrial material  342
–, production and use  342
–, speciation in water  343
–, toxicity  344

indoor
–, intoxication  55
–, trace element  54

industrial
–, activity  23

–, metal pollution  42
–, sludge  117

inland basin  44
instrumental method  1
intake  76
International

–, Atomic Energy Agency  59
–, Commission on Radiological Protection  224
–, Council for the Control of Iodine

Deficiency Disorders  447
interveinal chlorosis  203
invertebrate  14
iodine  425, 426, 442

–, absorption in organism  448
–, abundance in soil  443
–, as essential micronutrient  447
–, bioavailability  448
–, concentration

–, in air  445
–, in alga  446
–, in seawater  444
–, in soil  443

–, content
–, in crustal material  442
–, in soft mammalian tissue  447
–, of plant  445

–, daily intake  447
–, deficiency  67

–, disorder  447, 448
–, in animal  448

–, elemental vapor in atmosphere  445
–, in air  445
–, in animal  448
–, in food  446, 448
–, in freshwater  444
–, in human and animal  447
–, in plant  445
–, in soil  443
–, interaction with Se  448
–, isotope  442, 444
–, mineral  442
–, mobilization  443
–, occurrence in fixed form  444
–, plant uptake  446
–, poisoning  449
–, production and use  442
–, radioactive isotope  442
–, radionuclide  445
–, requirement of adult  448
–, soil status, influence of soil parameter  443
–, species  443

–, in seawater  444
–, occurring in the aquatic phase of

soil  443
–, toxicity  449

–,  to plant  447
iodism  449
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iodoargirite  442
iodobromite  438
ion

–, pair  17
–, selective uptake  61

ionic
–, competition  57
–, interaction  57
–, radii  105

IPD see index of pedogenic distribution
Ir see iridium
Ireland  443
iridium  225, 236

–, crust content  236
Irish Sea  147
iron  13, 15, 22, 53, 209

–, absorption, regulation by hepcidin  221
–, and animal  222
–, and human  220
–, and Mn oxidation-reduction process  176
–, annual production  211
–, as essential nutrient  220
–, atmospheric source  217
–, behavior in water system  216
–, chemical behavior  210
–, chlorosis  232
–, compound  216
–, concentration

–, in air  217
–, in human fluid  220
–, in seawater  216
–, in soil solution  212
–, in surface water  216

–, content
–, in crust  209
–, in food  222
–, in plant  219
–, in soil  211

–, crystalline oxide  19
–, cycle  145, 193, 210
–, cycling  210, 225
–, deficiency  67, 205, 215, 217, 218, 221, 304

–, in soil  214
–, dissimilatory reduction  210
–, dissolved compound  216
–, distribution  212

–, in soil profile  211
–, excessive ingestion  221
–, family  193
–, form occurring in soil  211
–, geochemistry  210
–, global mobility index  216
–, homeostasis  221
–, hydrous oxide  163, 397
–, hydroxide  145, 176
–, in air  217
–, in aquatic plant  217

–, in environment  214
–, in food plant  220
–, in grass  221
–, in plant  217

–, biochemistry  218
–, in soft tissue of human  220
–, in soil  211
–, in water  216
–, intake  222
–, interaction with other trace and major

element  218
–, ionic species in soil solution  213
–, -manganese

–, concretion  240
–, nodule  19
–, hydroxide  54

–, metabolism  220
–, migration  214
–, mining  210
–, mobility  214
–, nodule  227
–, ore mineral  210
–, oxide  212, 213, 215, 216, 240
–, precipitation  212
–, production and use  210
–, redox behavior  213
–, riverine flux  216
–, toxicity  219
–, translocation  211
–, transport  218

–, within plant  217
–, uptake by plant  217

irrigation  43, 90
isolation  33
isopod  250
Itai-Itai disease  305
Italy  103, 125, 260, 285

J

Japan  42, 89, 98, 100, 103, 125, 156, 163, 190, 201,
206, 285, 305, 319, 346, 353, 364, 439, 443

jarosite  212
JECFA see Joint FAO/WHO Expert Committee

on Food Additives
Joint FAO/WHO Expert Committee on Food

Additives  76, 81
Jordan  92
Juncus

–, conglomeratus  376
–, effusus  376

K

K see potassium
kaolinite  353
Karpaty Piedmont  120
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Kashin-Beck disease  416
Kazakhstan  117, 146, 153, 154
kernite  323
Keshan disease  416
kidney  92, 96, 116

–, stone  72
kitchen utensil  74
klockmanite  402
Kola

–, Peninsula  129, 131, 230, 325, 435
–, region  109

komatsuna  115
Korea  53
Kraków  52

L

La see lanthanum
Lactarius blennius  367
ladder brake  37
Lake

–, Asososca  264
–, Biwa  364
–, Erie  384
–, Maggiore  301
–, Roznowskie  264

landfill  43
lanthanide 59, 127, 133–135, 137

–, and human  141
–, competition for calcium site  141
–, concentration

–, in food plant  140
–, in soil  137
–, in water  138

–, distribution  141
–, soil  136

–, element  133, 139, 140
–, fractionation during weathering  136
–, geochemical property  133
–, in air  138
–, in dissolved load  138
–, in plant  139
–, in soil  136
–, in water  138
–, level in human tissue  141
–, mobility in soil  137
–, oxide form  141
–, production and use  135

lanthanum  26, 127, 136, 137, 140
laterization  12
laurite  223
lautarite  442
lawrencium 141
layer silicate  331
layered silicate  153
LDL see low density lipoprotein
leachate  43

leaching  33
lead  13–17, 23, 38, 39, 53, 54, 74–76, 80–82, 295,

299, 352, 354, 355, 368, 369
–, abundance

–, in mammalian tissue  378
–, in sediment  369

–, accumulation in plant  371
–, additive  62

–, in petrol  371
–, adsorption  197
–, aerial pollution  375
–, and animal  380
–, animal toxic impact of  380
–, as persistant pollutant  368
–, atmospheric

–, deposition  374
–, source  374

–, automobile emission  375
–, behavior in soil, modification by complex

formation  371
–, bioavailability to plant  376
–, chemical form in atmosphere  374
–, chemistry in aqueous system  373
–, concentration

–, in air  374
–, in drinking water  374, 378
–, in freshwater  372
–, in seawater  372
–, in tissue  378

–, contamination  370
–, and remediation  370
–, in soil  370
–, of roadside soil  371
–, of surface soil  371

–, content
–, in cereal grain  76
–, in soil  370
–, of plant  375

–, deposition  376
–, in agricultural land area  374

–, dietary source  378
–, elevated content in plant  376
–, emission  370
–, excess, health effect of  379
–, exposure  380

–, pathway  378
–, fixation by SOM  370
–, human toxicity  378
–, in air  374
–, in aquatic biota  374
–, in cereal  78
–, in cocoa powder  78
–, in food

–, and forage plant  376
–, crop  377

–, in plant  375
–, in soil  369
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–, in water  372
–, ingestion by grazing animal  380
–, inhalation  378
–, intake  378
–, loading rate in soil  370
–, mobilization  370
–, natural content in soil  369
–, ore  368
–, phytoavailability  371
–, phytoremediation  371
–, plant toxicity  377
–, poisoning  379
–, pollution  368
–, production and use  368
–, removal to bottom sediment  373
–, soil pollution  370
–, speciation in water  373
–, toxic effect  378
–, toxicity  379
–, upper crust content  93
–, uptake  371, 376, 377

–, of airborne  376
leaf deformation  59
Lebanon  264, 397
legume  114, 166, 231

–, feed plant  114
Leguminosae  110, 232, 246
lepidocrocite  211
lepidolite  88, 89
Leptothrix discophora  197
lettuce  91, 110, 154, 440, 441
leukemia  119
Li see lithium
lichen  64, 103, 130, 132, 181, 200, 317, 341
light metal  136
lignite coal  119, 130
lime  35
limonite  238
linneite  225
lithiophorite  197
lithium  87, 91

–, abundance in surface soil  89
–, and animal  93
–, and psychiatry  93
–, and weathering  89
–, as essential element  92
–, cation replacement by  87
–, dissolved river load  90
–, effect on

–, biological system  93
–, on plant  92

–, environmental distribution index  89
–, extractable  89
–, ground water concentration  90
–, growth stimulation  92
–, in air  90
–, in human  92

–, in plant  91
–, in-plant transport  91
–, in soil  89
–, in water  90
–, ionic radius  87
–, mineral  88
–, mobility  90
–, occurrence

–, in air  90
–, in mammalian tissue  92

–, ocean water concentration  90
–, plant

–, availability  91
–, content  91
–, toxicity  92

–, production and use  89
–, root to shoot ratio in plant  91
–, soil content  89
–, source for human  93

lithogenic  9
lithophillic

–, affinity  112
–, character  11
–, element  87

lithosphere  7
liver  70, 71, 73
livestock farm  29
loam  240
long-term toxicity  72
lorandite  345
Louisiana  100
low density lipoprotein  183
Lower Ganges  264
Lr see lawrencium
Lu see lutetium
lucerne  148
Lumbricus terrestris  272
lung  71

–, fluid  54
lupin  281
lutetium  136, 138, 140

M

MA see multivariate analysis
MAC see maximum allowable concentration
Machaeranthera  412
mackerel  280
maghemite  211
magnetite  162, 211
maize  62, 140
malachite  259
mammal  67
mammalian tissue  92, 116, 121, 130, 158, 166,

182, 188, 233, 248, 268, 281, 292, 305, 318, 329,
337, 342, 349, 356, 360, 367, 378, 398, 415, 422,
432, 437, 441, 447
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Maneb  195
manganese  13, 15, 16, 22, 193, 194, 205

–, accumulation in brain  205
–, adequate level in growth media  202
–, and animal  205
–, and human  204
–, anthropogenic source of  199
–, application  203
–, atmospheric emission  200
–, biochemistry  204
–, budget  198
–, compound  198
–, concentration

–, in air  200
–, in drinking water  200, 205
–, in human fluid  204
–, in sea water  199
–, in soil solution  198

–, concretion  196, 248
–, content

–, in human tissue  204
–, in plant  201
–, in soil  184, 195

–, crystalline mineral  197
–, cycle  193
–, cycling  195, 225
–, deficiency  202, 204

–, in animal  205, 206
–, in human  204

–, distribution in soil  196, 198
–, fraction in suspended particulate matter

199
–, function in plant  201
–, geochemistry  193
–, in aerial particle  201
–, in air  200
–, in aquatic biota  200
–, in food plant  202
–, in grass  203
–, in plant  201
–, in sedimentation process  194
–, in soil  184, 195
–, in water  199
–, intake by animal  206
–, ionic species  197
–, metabolism  204
–, micro-nodule  195
–, mobility  198

–, in soil  198
–, nodule  228
–, occurrence

–, in rock  193
–, in soil  184

–, ore  195, 248
–, oxide  196, 198, 199, 216, 240
–, -oxidizing fungus  198
–, physiological function  204

–, phytovailability  202
–, poisoning  205
–, potential health risk  205
–, precipitation in sediment  199
–, production and use  184, 195
–, range

–, in freshwater  199
–, in soft mammal organ  204

–, redox
–, behavior  197
–, cycling  197, 198
–, reaction  13
–, state  195

–, riverine flux  199
–, soil nodule  119
–, solubility  198
–, source to atmosphere  200
–, sulfate  195
–, toxic effect on plant  203
–, toxicity  205

–, in plant  203
–, uptake  201

manganism  205
manganite  197
manure  136
marine

–, alga  326
–, food chain  274

marrow atrophy  150
marsh spot symptom  203
marshite  442
maximum

–, allowable concentration  35
–, level  81

MCRA see Monte Carlo risk assessment
meat  81
mechanism  228
Mediterranean Sea  101, 147
melanism  59
melon  441
mercury  15, 23, 42, 54, 59, 75, 76, 80, 81, 283, 308, 313
–, and animal  319

–, and human  318
–, anthropogenic deposition  311
–, behavior in soil  310
–, biogeochemistry  318
–, biomagnification  318
–, chemical form in atmosphere  315
–, concentration

–, in atmosphere  315
–, in fish tissue  318
–, in plant  316
–, in soil solution  311
–, in water  312

–, content
–, in fish organ  314
–, in fish species  313
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–, in mammalian tissue  318
–, crust abundance  308
–, deposition  315
–, dietary intake  318
–, form

–, in the environment  308
–, in water  312

–, formation mechanism  313
–, global production  309
–, in air  315, 316
–, in aquatic biota  313
–, in food plant  317
–, in plant  316
–, in soil  310
–, in water  312
–, intoxication  319
–, methylation  312
–, mineral  308
–, mobility in soil  311
–, natural content in soil  310
–, phytoavailability and toxicity  311
–, phytoremediation  37
–, plant uptake  316
–, poisoning  309
–, pollution  311
–, production and use  309
–, property of species in soil  311
–, remediation of contaminated soil  311
–, source

–, to atmosphere  315
–, to soil  311

–, state  308
–, toxicity  318

–, to human, effect of  318
–, transformation  313
–, translocation within plant  317
–, use  309
–, vaporization from soil  311

mesoplankton  147
metabolic process  57
metal  65, 123

–, concentration in moss  52
–, content in bones  70
–, of variable character  40
–, ore prospection  63

metallo
–, -complex  62
–, -enzyme  67
–, -organic compound  226

Metallogenium sp.  212
metalloid-carbon covalent bond  71
metallothionein  204, 304
methyl

–, bromide poisoning  441
–, -germanicum species  358
–, -mercury  62, 311, 319

–, compound  312, 315, 318

–, concentration in fish  313, 319
–, toxicity  318

methylated compound  440
methylation  53
Mexico  44
Mg see magnesium
mica  87, 174, 323, 331
microbial

–, activity  15, 42
–, methylation  62

Micrococcus luteus  145
microfungi  158, 281
micronutrient  114

–, deficiency  59, 60
microorganism  13, 15, 92
milk  81, 118

–, product  118
millerite  238
mimetesite  368
Minamata disease  42, 309, 319
mineral

–, colloid  260
–, fertiliser  298
–, neoformation  11

mineralization defect  116
minium  368
Minsk  31
mint  268
Minuartia verna  371
Mississippi River Delta  199
Mn see manganese
MND see motor neurone disease
Mo see molybdenum
modifying factor  83
molibdite  184
mollusc  81, 374
molybdenite  184
molybdenum  15, 16, 173, 174, 184

–, and animal  189
–, and human  188
–, as component of enzyme  187
–, chemistry in soil  185
–, concentration in river and lake water  185
–, content

–, in crust  184
–, in plant  187
–, in plant and soil pH  187
–, of cereal grain  186
–, of forage  186

–, deficiency  188
–, in animal  189

–, dietary intake  188
–, essential micronutrient  188
–, geochemical behavior  184
–, human dietary source  188
–, in air  186
–, in food plant  186
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–, in grass and legume  187
–, in mammalian tissue  188
–, in plant  186
–, in water  185
–, induced Cu deficiency  189
–, intake  188
–, mineral  184
–, phytoavailability  187, 188
–, plant toxicity  187
–, range in human organ  188
–, regulatory function on DNA and RNA

activity  187
–, speciation in water  185
–, therapy  188
–, toxicity  186, 187
–, translocation in plant  187

monazite  134, 135, 142
monomethylarsenic acid  385, 386
montbrayite  278
Monte Carlo risk assessment  82
monteponite  294
montesite  361
montmorillonite  11, 35, 107, 228, 240
Montreal  200
moss  50, 92, 96, 99, 103, 110, 114, 130, 132, 149,

155, 165, 169, 181, 191, 201, 219, 233, 243, 341,
355, 395, 422,
–, analysis  50
–, -bag method  50, 52
–, monitoring  52

motor neurone disease  337
mottramite  161
Mount

–, Fuji  103
–, Vesuvius  103

mountain area  42
muck  240
multivariate analysis  21
Mumbai  110
municipal incinerator  52
mushroom  64, 99, 139, 140, 165, 440
mussel  95, 98, 114, 180, 230, 301
mutagenic  112, 150

–, effect  177
mycorrhiza  103
mycorrhizal fungus  15
Myriophyllium spicatum  44
Myrtaceae  246
Mytilus edulis  280, 374

N

Nahr Ibrahim River  264
Nb see niobium
Nd see neodymium
necrosis  59
neodymium  137, 140

neptunium  145
nettle  154, 355
neurobehavioral effect  379
neurotransmission  93
Nevada nuclear weapon test site  108
New York  145
New Zealand  50, 280, 297, 385, 443
Ni see nickel
Niagara Peninsula  247
Nicaragua  264
niccolite  238
nickel  15–17, 22, 38, 237, 239, 240

–, accumulator  244
–, alloy  238
–, concentration

–, in plant  245
–, in soil solution  240

–, content
–, in human soft tissue  247
–, in plant  243, 245, 246
–, of soil  245

–, crustal abundance  237
–, deficiency  247
–, deposition  243
–, dietary

–, deficiency in animal  248
–, uptake  247

–, essentiality  246
–, form in soil  240
–, hyperaccumulation  244
–, in air  243
–, in animal  248
–, in aquatic biota  242
–, in drinking water  242
–, in food plant  244
–, in grass  245
–, in ground water  242
–, in mammalian tissue  248
–, in plant  243
–, in soil  238, 239
–, in water  241
–, -iron

–, alloy  237
–, interaction  246

–, load in roof runoff  243
–, metallic ore  237
–, mobility  240
–, phytoavailability  244, 247
–, phytoextraction  244
–, phytoxicity  246
–, production and use  238
–, riverine flux  241
–, soil

–, contamination  241
–, content  238

–, toxicity  246
–, to animal  248
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–, to human  247
–, when inhaled  247

–, uptake by plant  244
–, water pollution  242

Nigeria  75, 289
nikieline  382
niobite  167
niobium  26, 161, 162, 167

–, and human  169
–, concentration in water  168
–, cycling  168
–, extraction from soil by plant  169
–, in air  169
–, in plant  169
–, in soil  168
–, in water  168
–, mobility  168
–, production and use  168
–, wet deposition  169

nitrate reduction  187
nitrogen fixation  165, 187, 191
nodule  22, 164, 196, 211
non-essential  67

–, element  59
–, trace element  60, 68

non-smoker  71
North Atlantic  48
North Pacific  114, 128, 131, 146, 164, 170, 179,

223, 229, 262, 347
North Sea  146, 373
Northeast Pacific Ocean  341
Northern America  98
Northern Sea  118
Norway  92, 114, 130, 147, 165, 169, 181, 191, 201,

219, 230, 233, 341
Norwegian Sea  48, 341
Nova Scotia 153
Novosibirsk  31
Np see neptunium
nuclear industry  143
nucleic acid  71
nutrient solution  57
nutritional

–, daily reference value  83
–, reference  82

Nymphaea  301
Nyssa sylvatica  232
Nyssaceae  232

O

oats  36, 203
Obninsk  44
occupational exposure limit  183
ocean  48, 229

–, primary production  216
octavite  294

Oddon-Harkins rule  133, 139
Odra River  44, 200
OECD see Organisation for Economic Coopera-

tion and Development
OEL see occupational exposure limit
offal  81
oncological disease  44
Oncorhynchus mykiss  326
onion  441
Ontario  242
Oonopsis  412
opal  353
orange  154
ORCHESTRA-CHROMIUM model  178
organic

–, carbon oxidation  210
–, matter  11, 13, 22, 102, 106, 177, 238
–, selenide  407

Organization for Economic Cooperation and
Development  81

organoarsenic  62
organometallic compound  53
organoselenium  62
organotin  364

–, compound  361, 362, 364–367
–, adsorption on suspended particulate

matter  364
–, content in human tissue  367
–, in water  362

orpiment  382
Os see osmium
osmium  224
osmotic regulation  437
OTC see organotin compound
Ottawa  34
oxidation  12, 15

–, -reduction
–, process  188, 210, 222
–, reaction  268, 295

oxide  13
oxomolybdenum enzyme  188
oxyanion  40
oyster  301, 386

P

P see phosphorus
Pa see protactinium
Pacific Ocean  114, 117, 138

–, floor  238
paddy rice  377

–, soil  383
Pakistan  102
palladium  248

–, alloy  249
–, and human  251
–, concentration in water  249
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–, content
–, in muscle of mammal  251
–, in soil  249
–, of selected food  250

–, crustal abundance  248
–, in air  250
–, in roadside dust  249
–, in soil  249
–, in water  249
–, occurrence in animal and human tissue  251
–, plant availability  250
–, production and use  249

pancreas  92
Panicum virginatum  118
Paracelsus  6
Parmelia sulacata  375
parsley  148
pathogen attack  60
patronite  161
Pb see lead
PCB see polychlorinated biphenyl
Pd see palladium
pea  203
peat

–, bog  94
–, soil  156, 188

pedochemical enrichment factor  21
pedogenic  9

–, process  12
PEF see pedochemical enrichment factor
pegmatite  107
Penicillinum  92
pentlandite  238
petalite  88, 89
petzite  278
pH  13, 198

–, -Eh regime  185
–, range  18

Phaselia servicea  281
Phloca hispida  319
phloem  62
phosphate  61

–, application  297
–, fertilization  146
–, fertilizer  35, 113, 120, 296, 297

phosphoric acid  59
phosphorite  113, 127
phosphorus  63
phosphotransferrine  167
photosynthesis  5
Phragmites  38

–, communis  180
physico-chemical change  42
physiological function  67
phytoavailability  9, 15, 59
phytochelation  62
phytoextraction  36, 118, 415

–, method  179
phytofiltration  36
phytometallophore  304
phytoplankton  39, 164, 326
phytoremediation  34, 36, 118, 178, 291

–, procedure  36
–, technology  36, 148, 298

phytostabilization  36
phytotoxicity  35
phytovolatilization  37, 38
pica-soil  9, 155
Picea abies  377
pig  205

–, iron  211
pigeon pea  305
pike  314
pitchblende  142, 143
plankton  42, 242, 289
plant

–, adaptation mechanism  61, 62
–, chemical status  63
–, element interaction in  62
–, foliage  57
–, interaction between major and trace

element in  63
–, metabolism  57
–, response to deficient and toxic concen-

tration of trace element  60
–, tissue  57
–, uptake  57

plasma membrane  61
platinum  251

–, and human  254
–, bioaccumulation  253
–, bulk continental abundance  251
–, concentration

–, in air  254
–, in seawater  253

–, content
–, in plant  254
–, in sewage sludge  253

–, discharge from hospital  253
–, emission from traffic  253
–, in air  254
–, in aquatic biota  253
–, in plant  254
–, in sewage sludge  253
–, in soil  252
–, in water  253
–, intake  255
–, occurrence in human tissue  254
–, production and use  252
–, range in soil  252
–, toxicity  255
–, uptake by plant  254
–, use  252

Pleurozium schreberi  50, 52, 243, 343, 349, 355, 366
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plutonium  143, 145, 149, 150
–, concentration in air  148
–, health effect  150
–, important ligand  147
–, radiotoxicity of  150
–, worldwide fallout and discharge  145

Pm see promethium
Pneumatophorous japonicus  280
Po see polonium
Poaceae  218
podzolization  12
Poland  44, 52, 58, 64, 65, 76, 78, 89, 95, 100, 107,

113, 114, 118, 120, 125, 131, 144, 163, 204, 211,
260, 263, 264, 269, 270, 314, 346, 376, 383, 439

pollucite  97
pollutant

–, long-range transport of  23
–, of natural origin  43

pollution  23
polonium  401, 423

–, abundance in crust  423
–, in human  424
–, in soil and plant  423
–, in water  424
–, isotope  423
–, level in tobacco  424
–, natural abundance in soil  423
–, production and use  423
–, radioactivity  423

polybasite  271
polybrominated diphenol ether  439
polychlorinated

–, biphenyl  434
–, compound  434
–, hydrocarbon  434

polymetallic
–, concretion  194, 397
–, ore deposit  121

polysaccharide  71
Polytrichum formosum  349
poplar  246
Populus  38

–, nigra  377
–, tremula  305

Portugal  178
potarite  248
potassium  39

–, permanganate  195
–, -rubidium ratio  93
–, transport carrier  91

potato  316, 317, 410, 436, 441
potential bioavailability  18
powellite  184
power generation  23
Pr see praseodymium
Prangos popularia  280
praseodymium  140

primary mineral  162
promethium  133, 134
protactinium  141–143
protein  71
proustite  271
Pseudevernia sp.  149
Pt see platinum
Pteris vittata  37, 387
Pu see plutonium
pulmonary

–, cancer  71
–, disorder  150

putamen  70
pyrargyrite  271, 391
pyrite  210, 212, 259, 271, 402
pyrochlore  167
pyrolusite  197
pyromorphite  368
pyroxene  87, 162, 174
pyrrhotite  238

Q

quartz  353

R

Ra see radium
radioactive

–, actinide  146
–, contamination  31
–, isotope  30, 425

radiocesium  100, 103
–, food chain transfer  102
–, in cancer therapy  103
–, in mushroom pericarp  103

radiometric dating method  123
radionuclide  105, 127, 144, 148, 206, 240, 397,

423, 444
–, bioconcentration factor  147
–, contamination  30
–, uptake  118

radiotherapy  123
radiotoxic  145, 150
radish  154, 245, 440
radium  105, 123

–, accumulation from water by aquatic
organism  124

–, and aquatic biota  124
–, and human  125
–, bioconcentration factor  124
–, content

–, in food  125
–, in mammal  125
–, in plant  125

–, crustal content  124
–, daily intake  125
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–, exposure of human  125
–, health risk  125
–, in air  124
–, in plant  125
–, isotope  123
–, occurrence in water  124
–, phytoavailability  125
–, plant uptake  125
–, soil-plant transfer factor  125
–, source  124

rainbow trout  326
rainwater  42, 53, 90, 95, 98, 109, 114, 121, 129,

137, 138, 147, 153, 157, 159, 164, 168, 180, 185,
190, 201, 207, 217, 230, 236, 242, 249, 253, 266,
325, 334, 341, 347, 354, 393, 397, 407, 421, 429
–, trace element concentration  42

rare earth element  131, 133–140, 142, 167
–, content of food plant  140
–, effect on plant growth  140
–, in sewage sludge  136
–, in soil  135
–, terrestrial distribution  133

Rb see rubidium
RDA see recommended dietary allowance
RDI see relative distribution index
Re see rhenium
reactive gaseous mercury  316
realgar  382
recommended dietary allowance  83
Red Sea  421
redox

–, condition  42
–, potential  176, 198, 347, 393
–, reaction  13

reduction  12, 15
REE see rare earth element
reference

–, dose  83
–, intake  81

relative distribution index  14, 21
remediation  177, 296
removal  34
respiratory  73
RGM see reactive gaseous mercury
Rh see rhodium
rhenium  193, 194, 207

–, concentration in water  207
–, occurrence

–, in crust  207
–, in environment  207

–, plant availability  208
–, toxicity  208

Rhine River  200
Rhizobium  165, 177, 233
rhizofiltration  36
rhodium  225, 235

–, occurrence in environment  235

–, oxidation stage  235
rice  36, 62, 140, 304, 317, 355
ringed seal  319
risk assessment  81, 82,183, 255
river water  39–42, 44, 98, 114 ,120 ,124, 128, 131,

138, 153, 157, 159, 164, 168, 170, 179, 199, 200,
207, 224, 229, 241, 249, 262, 265, 275, 279, 287,
300, 325, 333, 341, 347, 358, 372, 373, 384, 393,
407, 429, 444

riverine flux  40, 94, 98, 108, 114, 199, 216, 229,
241, 262, 287, 300, 325, 333, 341, 358, 372, 384,
393, 407, 429

RNA  187
Romania  131
root

–, absorption
–, active  57
–, passive  57

–, efflux  61
–, exudate  20

roquésite  342
Rosaceae  91
roscoelite  161
Ru see ruthenium
rubidium  87, 93, 96

–, association with K cycle  96
–, atmospheric concentration  95
–, concentration

–, in human blood and urine  96
–, in water  94

–, content
–, in coal  94
–, in plant  95
–, in soil  94

–, harmful dietary concentration  96
–, in air  95
–, in animal  96, 97
–, in aquatic biota  95
–, in human  96
–, in mammal tissue  96
–, in plant  95
–, in soil  94
–, in water  94
–, occurrence in atmosphere  95
–, plant

–, toxicity  95
–, uptake  95

–, production and use  94
–, substitution of potassium  95

Rubus  169
ruminant  189, 205
Russia  109, 118, 156, 163, 241, 263, 281, 416, 443
ruthenium  222

–, and human  223
–, concentration

–, in crust  222
–, in water  223
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–, in plant  223
–, in soil  223
–, radionuclide  223

rutile  151–153
rye  36, 78

S

Saint Petersburg  31, 33
salesite  442
Salicornia  415
salinity  435
Salix  38

–, aurita  305
salmon  265
salt  435

–, dietary limit of  437
–, excretion  62

samarium  137, 140
San Joaquin Valley  113, 128, 415
Sargasso Sea  341
Saskatchewan  104
Savannah River  102
Sb see antimony
Sc see scandium
Scandinavia  132
scandium  127, 128, 135

–, and human  130
–, and yttrium in the environment  129
–, complex formation  128
–, concentration in air  129
–, content in soil  128
–, in air  129
–, in natural environment  127
–, in plant  130
–, in soil  128
–, in water  128
–, production and use  127
–, range in plant  130

Scapania undulata  121
Scirpus holoschoenus  376
Scopulariopsis brevicaulis  387
Scotland  132, 190
Se see selenium
sea salt aerosol  47
seabird  391
seawater  114

–, trace element concentration  40
seaweed  154
sedge  355
sediment  132

–, trace element concentration  42
Sedum aceotatum  281
selective extraction  18
selenate  402, 404
selenide  404
selenite  402, 404

selenium  15, 16, 59, 401, 402, 408
–, absorption by plant  412
–, accumulation of toxic amount by plant

409
–, addition to soil  409
–, adsorption by metal hydroxide  406
–, and animal  419
–, and human  415
–, as antioxidant  414, 418
–, assimilation of soluble inorganic  413
–, behavior  406

–, in soil  404
–, common organic compound  417
–, concentration

–, in atmosphere  408
–, in crust  401
–, in freshwater  407
–, in human fluid  415
–, in seawater  407
–, in serum of livestock  419

–, content
–, in forage  419
–, in human soft tissue  415
–, in plant  409–411
–, in soil  404
–, of crop  409
–, of food  417
–, of forage plant  411
–, of mushroom  413
–, of soil  406

–, control on form and concentration in soil
405

–, cycling  406
–, deficiency in human  416
–, dietary

–, intake  418, 419
–, source  409

–, distribution in soil profile  405
–, elevated content in soil  404
–, enrichment in marine aerosol  408
–, form  402
–, fraction  406
–, function in plant  414
–, important role in nutrition  417
–, in air  408
–, in aquatic biota  408
–, in drinking water  407
–, in food plant  410, 411
–, in forage plant  412
–, in ground water  407
–, in plant  409
–, in soil  404
–, in water  407
–, inhalation exposure limit  409
–, inorganic

–, anion  405
–, species  404
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–, -iron mineral  406
–, methylation  403
–, mineral  402
–, mobility  405, 406
–, natural occuring organic species  414
–, occurrence in mammalian tissue  415
–, phytoremediation of contaminated soil  415
–, plant uptake  409
–, production and use  403
–, range in cereal  409
–, release to atmosphere  409
–, species  403
–, status

–, and iodine metabolism  416
–, of grass  411
–, of soil  406

–, supplementation
–, program  411
–, to plant  414

–, symptom of deficiency and toxicity
–, in animal  420
–, in human  416

–, threshold value in food and forage  418
–, toxic concentration in plant  414
–, volatilization from plant tissue  413
–, water soluble  404

selenoamino acid  414
selenomethionite  62
selenoprotein  414
selenosis  418
serpentine  246
serpentinite  238
sesame  140
sesquioxide  100
sewage sludge  27, 28
shark  319
Si see silicon
sialization  12
Siberia  383
siderite  210
siderophilic 210, 225, 237
Siegen  254
Silene vulgaris  387
Silesia  118, 376
silicate mineral  87, 353
silicic acid  353
silicon  351, 352, 355

–, biogeochemical cycling  354
–, concentration in water  354
–, deficiency in soil  356
–, essential nutrient  356
–, excess in diet  356
–, -fertilization  356
–, form

–, in soil  353
–, in water  354

–, in air  354

–, in animal  357
–, in mammalian tissue  356
–, in plant  355
–, in soil  353
–, in water  354
–, mobility  353
–, occurrence in crust  351
–, production and use  353
–, role in plant biology  355
–, source in soil  353
–, uptake  355

silver  23, 257, 271
–, accumulation by aquatic biota  275
–, and animal  277
–, bioaccumulation in marine food chain  274
–, common soil species  272
–, concentration

–, in air  275
–, in ocean water  273
–, in surface water  273

–, consumption  272
–, content

–, in human tissue  277
–, in plant  276
–, in soil  272

–, crustal abundance  271
–, daily intake  277
–, disposal to ecosystem  271
–, exposure  277, 389

–, of adult  277
–, form in atmosphere  276
–, geochemical characteristic  271
–, in air  275
–, in aquatic biota  274
–, in bottom sediment  274
–, in plant and fungus  276
–, in soil  272
–, in water  273
–, ionic species  273
–, mineral  271
–, plant resistance to  277
–, production and use  271
–, sediments as sink for  274
–, solubility  273
–, toxic effect in aquatic environment  274
–, toxicity  275
–, transfer in the aquatic system  273

skin  73
Slovenia  338
sludge  241
Sm see samarium
small organic ligand  71
smaltite  225
smithonite  285
smoke  55
smokers  71
Sn see tin
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söhngeite  338
soil  1, 9, 22, 57, 37, 102, 107, 113, 117, 120, 124,

128, 131, 142, 144, 153, 156, 158, 163, 168, 170,
175, 190, 195, 211, 238, 249, 252, 259, 272, 279,
285, 295, 310, 324, 332, 339, 343, 346, 353, 358,
361, 169, 383, 392, 396, 421, 427, 434, 439, 443
–, acid  113
–, acidification  333, 336
–, bacteria  177
–, biota  14
–, calcareous  113
–, contamination  177, 241, 296
–, formation  90
–, genesis  153

–, index of  153
–, heterogeneity  21
–, ingestion  73
–, iron mineral  211
–, leachate  135
–, manganese nodule  228
–, media  42
–, mesofauna  14
–, microorganism  14, 145
–, mineral  11
–, -mushroom transfer factor  103
–, organic matter  9, 15, 17, 22, 100, 117, 136,

163, 176, 228, 324, 370
–, contribution to cation exchange

capacity  22
–, control  259
–, transformation  15

–, parameter  13, 211
–, pH value  198, 212, 240, 259, 403
–, -plant system  311
–, -plant transfer factor  179
–, pollution  23
–, redox behavior  197
–, remediation  32

–, technology  32
–, solution  15, 17

–, chemistry  17
–, -to-plant transfer ratio  116
–, vadose zone  145

Solanaceae  91
solidification  33
Solling Mountains  398
solubility  17
solution  12
SOM see soil organic matter
sorghum  36, 102
sorption capacity  11
soup  74
South Carolina  100, 144
South Pole  101, 129, 147, 165, 180, 200
soybean  62, 95, 304
spatial concentration variability  21
speciation  2, 18, 20, 57, 62

–, analysis  2, 20
–, in biological matrix  69

specific surface area  22
sperrylite  382
Sphagnum  103, 311
sphalerite  259, 271, 285, 294, 342, 402
sphene  151
spinach  206, 441
Spitsbergen  165
spodumene  88, 89
spring barley  299
sprout  140
SPTF see soil-plant transfer factor
Sr see strontium
stabilization  33
Stanleya  412
stannite  361
Stereocaulon vesuvianum  103
stibiopalladinite  248
stibnite  391
stingray  101
stomach fluid  54
Stone Age  257
street dust  34
Streptomyces levoris  145, 148
Stripa  280
strontianite  113
strontium  13, 26, 38, 105, 112

–, accumulation in root  114
–, and aquatic biota  114
–, and human  116
–, biochemical function of  116
–, -calcium ratio  115
–, concentration

–, in human fluid  116
–, in water  113, 128

–, content in plant  114
–, crustal content  112
–, daily intake by human  116
–, distribution  115
–, effect on bone formation and mineraliza-

tion  116
–, geological occurrence of  112
–, in air  114
–, in food and forage plant  115
–, in mammal tissue  116
–, in plant  114
–, in soil  113
–, in water  113
–, interaction with calcium  114
–, isotopic speciation  117
–, mineral  112
–, mobility in soil  113
–, oxide  114
–, phytoavailability  115
–, pollution  113
–, production and use  113
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–, soil content  113
–, toxicity to man  116

strontium-90  117
–, absorption by plant  118
–, accumulation in food  118
–, and human and animal  118
–, concentration in water  117
–, content in soil  117
–, environmental concern of  117
–, geochemical behavior of  117
–, in air  118
–, in plant  118
–, in water  117
–, soil migration velocity  117
–, source  117
–, speciation in soil  117
–, toxic effect  118
–, transfer factor  118

stunted growth  59
stunting  60, 304
Stuttgart  250
substantio nigra  70
subsurface brine  89
Sudbury  242, 252
sugar  122

–, beet  203, 436, 441
sulfide  19

–, mining  44
sulfur mining  113
sunflower  36, 371
superoxidase dismutase  204
surface

–, run-off  42
–, soil 24

–, layer  23
–, water  39, 120

Sweden  42, 90, 109, 114, 163, 168, 170, 190, 191,
223, 230, 243, 260, 263, 280, 296, 297, 304, 314,
325, 341, 346, 380, 392, 393, 421

Switzerland  297
swordfish  319
sylvanite  278
synergistic  62

–, effect  63
–, interaction  63

T

Ta see tantalum
Taejon (Korea)  53
taiga  244
Taiwan  385
tall fescue  372
tantalum  26, 161, 162, 167, 169

–, and human  171
–, biological function in human and

animal  171

–, crust content  169
–, in air  170
–, in plant  171
–, in soil  170
–, in water  170
–, occurrence in human tissue  171
–, production and use  170
–, wet deposition  170

Taraxacum officinale  65, 91
TAV see trigger action value
Tb see terbium
TBT see tributyltin
Tc see technetium
TDS see total diet study
Te see tellurium
tea  99

–, plantation  130
teallite  361
technetium  193, 206

–, bioavailability  206
–, geochemical property  206
–, occurrence in the environment  206
–, phytoavailability  206
–, source  206

tellurium  15, 401, 420
–, and human  422
–, biological cycling  421
–, concentration in natural water  421
–, content

–, in food  422
–, in plant  422
–, in soil  421

–, in air  421
–, in animal  423
–, in plant  422
–, in soil  421
–, in water  421
–, occurrence

–, in mammalian tissue  422
–, in soil  421

–, production and use  421
–, terrestrial abundance  420
–, toxicity  422

–, mechanism of  422
tenarite  259
teratogenic  150
terbium  136, 140
terrigenous metal  40
tetrapyrrol ligand  71
Texas  180
TF see transfer factor
Th see thorium
thallium  15, 23, 321, 345, 346

–, and animal  350
–, and human  349
–, anthropogenic source in soil  346
–, bioconcentration in aquatic plant  347
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–, concentration
–, in air  348
–, in human soft tissue  349
–, in water  347

–, content
–, in crust  345
–, in mammalian tissue  349
–, in plant  348

–, deposition  348
–, in air  348
–, in aquatic biota  347
–, in plant  348
–, in soil  346
–, in water  347, 348
–, industrial source  348
–, mineral  345
–, occurrence in uncontaminated soil  346
–, plant uptake  348
–, production and use  345
–, speciation in water  347
–, toxicity  349, 350

–, mechanism of  349
thighbone  70
Thiobacillus  212

–, ferrooxidans  145, 278
thiomolybdate  185, 187
thioriate  142
Thlaspi  36, 291, 371
thorite  142
thorium  138, 141–144, 148

 –, accumulation by wheat  148
 –, carrier mineral  142
 –, concentration

–, in air  147
–, in river water  146

 –, content in soil  144
 –, mobility  143
 –, possible accumulation by bacteria  145
 –, production  143
 –, soil to plant transfer factor  148

Thuja plicata  355
thulium  140
Ti see titanium
tiemannite  402
time weighted average  183
tin  16, 352, 354, 355, 361

–, and human  367
–, concentration

–, in atmosphere  366
–, in water  362

–, -containing mineral  361
–, content

–, in agricultural plant  395
–, of mammalian tissue  367

–, cycling and marine plant  365
–, dietary source  367
–, distribution in crust  361

–, in air  366
–, in aquatic biota  364
–, in aqueous solution  362
–, in plant  366
–, in soil  361
–, mineral  361
–, organic compound  362
–, production and use  361
–, range in food plant  366
–, source to aquatic system  363
–, speciation in natural water  362
–, species in green algae  364

titanate  151
titanite  151
titanium  151, 152

–, and animal  155
–, and human  155
–, biochemical

–, function of  155
–, role of  154

–, content
–, in mammalian tissue  155
–, in plant  154
–, in surface soil  153

–, crust abundance  151
–, daily intake  155
–, dioxide, carcinogenicity of  155
–, in air  154
–, in plant  154
–, in soil  153
–, in water  153
–, mineral  151, 153
–, phytoavailability  154
–, production and use  152
–, solubility  153
–, source for human  155

Tl see thallium
Tm see thulium
tobacco  304, 441
tomato  110, 140, 206, 304, 387, 441
Tomsk  118
tooth enamel  92
topaz  427
Toronto  31
total

–, diet study  76
–, particulate mercury  316
–, soil metal  16

tourmaline  87, 323
toxic  74
toxicity  57, 59, 60

–, plant reaction to  61
toxicokinetics  306
toxicological

–, daily reference value  83
–, reference  82

toxitolerance  64
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TPM see total particulate mercury
trace alkali element  87
trace cation  1, 40
trace element  22, 24, 28, 33, 34, 40, 50, 51, 70,

215, 265
–, antagonistic interaction  20
–, anthropogenic  9
–, background

–, level  16
–, population in soil  22

–, biochemical function of  6
–, complexation by organic compound  71
–, concentration

–, in contaminated soil  31
–, in human tissue  69
–, in rainwater  53
–, in soil solution  16

–, contamination  14
–, content in human body  68
–, daily intake  77
–, deposition rate  26
–, dissolved transport  30
–, factor influencing atmospheric abun-

dance  53
–, geochemical classification  10
–, hydrocycle of  39
–, in air, source of  48
–, in animal and plant food  79
–, in drinking water  43
–, in natural sea and river water  41
–, in phytoplankton and seaweed  44
–, in plant leaf tissue  58
–, in wine  80
–, influence of origin on behaviour in soil  10
–, interaction  20
–, lithogenic  9
–, load on agricultural soil  27
–, management of  1
–, occurrence  21
–, occurring in human body  67
–, oral intake  74
–, pedogenic  9
–, plant reaction to toxicity  61
–, pool  40
–, removal  37
–, soil-plant transfer of  9
–, sorption  22
–, speciation  18
–, status of various soil systems  27
–, toxicity  61
–, use and definition of term  1
–, volatile methylated compound of  53

trace inorganic contaminant  23
trace metal  16, 32, 35, 49, 54, 55, 64

–, affinity to mineral  19
–, concentration in air  53
–, global atmospheric emission inventory  48

–, in roadside dust  32
–, potentially hazardous  7
–, speciation in plant  62

trace pollutant  54
transfer  73

–, factor  16, 57, 58, 64, 102, 118
–, value  58, 154, 157

transferrin  220
transport  23, 179

–, within plant  57
transuranic radionuclide  148
tributyltin  361, 363, 364

–, concentration in water  363
trigger action value  35
trophic chain  6
trout  265
tumor development  119
tungsten  173, 174, 189

–, and animal  192
–, and human  192
–, biological function  191, 192
–, concentration

–, in human fluid  192
–, in water  190

–, content in soil  190
–, distribution in crust  189
–, geochemical property  189
–, in air  191
–, in plant  191
–, in soil  190
–, in water  190
–, ore processing plant  190
–, phytoavailability  191
–, production and use  189
–, source in soil  190

Turkey  53
TWA see time weighted average

U

U see uranium
UF see uncertainty factor
ulexite  323
ullmanite  238
uncertainty factor  83
uncontamined soil  16
UNEP see United Nations Environmental

Programme
UNESCO see United Nations Educational

Scientific and Cultural Organization
United Kingdom  76, 200, 260, 263
United Nations

–, Educational Scientific and Cultural
Organization  81

–, Environmental Programme  73, 81
United States of America  76, 100, 107, 125, 128,

131, 149, 163, 165, 180, 184, 190, 200, 296, 302,
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346, 385, 392, 393, 410, 439, 443
uranitite  142
uranium  141, 142, 144, 148, 150

–, accumulation of soluble compound in
human body  150

–, and thorium decay chain  105
–, bioaccumulation  143
–, concentration

–, in air  147, 148
–, in surface water  146

–, content
–, in crop plant  148
–, in soil  144

–, cycle  145
–, dietary intake of radionuclide  150
–, fate in the environment  145
–, in food  149
–, in plant  148
–, mobility  143
–, ore  142
–, production  143
–, -radium transformation chain  401
–, reduction  145
–, soil to plant transfer factor  148
–, sorption by organic matter  143
–, species, control of adsorptive reactivity

144
–, toxic effect  150
–, water soluble fraction  145

urban soil  31
–, contamination  31

USA see United States of America

V

V see vanadium
Vaccinium  58, 114

–, myrtillus  311
valentinite  391
Vallisneria spiralis  180
vanadinite  161
vanadium  161, 162

–, abundance in rock  161
–, and animal  167
–, and human  166
–, biological function of  167
–, concentration

–, in air  165
–, in water  164

–, content
–, in food plant  165
–, in soil  163

–, daily intake  166
–, distribution in mammalian tissue  166
–, in  water  164
–, in air  165
–, in aquatic biota  164

–, in plant  165, 166
–, in soil  163
–, input to atmosphere  165
–, ion chemistry in aqueous medium  164
–, lithophilic affinity  163
–, mobility  163
–, oxysalt  162
–, pathway of exposure  167
–, plant uptake  165
–, pollution of soil  164
–, production and use  163
–, toxicity

–, to human  167
–, to plant  166

vanadyl cation  164
vegetable  81, 91, 96
vegetarian diet  205
vermiculite  11
vermis cerebelli  70
Vienna  52
vitrification  33
vivianite  212
Viviparus ater  301
volatile methylated compound  53
volcanic activity  47

W

W see tungsten
Wales  109, 178, 264
Warsaw  31, 52, 92
wastewater  42
water  39, 57, 90, 108, 117, 120, 124, 128, 131, 138,

153, 157, 170, 190, 159, 164, 168, 179, 185, 199,
216, 229, 241, 249, 253, 262, 273, 279, 287, 299,
312, 325, 333, 340, 343, 347, 358, 372, 384, 393,
397, 407, 421, 424, 429, 435, 439, 444
–, main ion dissolved in  39
–, pollution  39, 42, 43, 230, 242
–, rock interaction process  11
–, soluble fraction  19
–, stress tolerance  305

weathering  9, 11, 12, 43, 89, 136, 153, 193, 210,
211, 238, 332, 353
–, process  225, 283

Western Siberia  229, 239, 244
wetland  100, 144
wheat  36, 78, 140, 149, 231, 245
whiterite  119
WHO see World Health Organisation
Wilson’s disease  269
wilting  59, 60
Wisconsin  181
World Health Organisation  54, 81
worm to soil ratio  14
wulfenite  184
wutzite  285



550 Index

X

xenotime  131, 134
Xerocomus badius  181
xylem  62

–, exudate  218
Xylorhiza  412

Y

Y see yttrium
Yb see ytterbium
yeast  158
ytterbium  137, 140
yttrium  127, 128, 130, 132, 135, 138

–, and human  132
–, and rare earth element  146
–, content in soil  131
–, geochemical behavior  130
–, human health risk  132
–, in air  132
–, in plant  132
–, in soil  131
–, in stream sediment  132
–, in water  131
–, occurrence

–, in crust  130
–, in human and animal tissue  132

–, production and use  131

Z

zeolite  35
zinc  13, 15–17, 23, 53, 54, 59, 68, 283, 298, 299

–, accumulation  292
–, in plant  289
–, in seabird  293
–, in sediment  288

–, and animal  293
–, and human  292
–, balance in surface soil  287
–, behavior in soil  286
–, blood value  292
–, concentration

–, in air  289
–, in aquatic organism  289
–, in cereal  290
–, in human fluid  292
–, in human soft tissue  292
–, in soil  285
–, in water  287

–, content
–, in common mineral  285
–, in mammalian tissue  292
–, of plant  289

–, deficiency  291, 293, 304, 307
–, in animal  293

–, in plant  291
–, dietary reference value for intake  292
–, distribution in rock  283
–, dry and wet deposition  289
–, essential role in plant metabolism  291
–, essentiality for animal  293
–, function in metabolic process  292
–, in air  289
–, in aquatic biota  289
–, in grass  291
–, in plant  289, 290
–, in river water  287
–, in soil  285
–, in water  287–289
–, ingestion  293
–, inhalation  293
–, ionic form  286
–, mobility

–, in soil  285
–, within plant  292

–, ore  285, 345
–, phytoavailability  286
–, phytotoxicity  291
–, pollution in soil  286
–, production and use  285
–, riverine flux  287
–, sorption  286
–, source  286

–, in diet  292
–, to atmosphere  289
–, to water  287

–, speciation in water  287
–, symptom of deficiency  293
–, tolerance in plant  291
–, toxic effect in plant  291
–, toxicity  291

zirconium  26, 151, 152, 156, 157
–, and human  158
–, concentration

–, in air  157
–, in water  157

–, crustal abundance  156
–, in air  157
–, in mammalian tissue  158
–, in plant  157
–, in soil  156
–, in water  157
–, level in plant  157
–, plant availability  157
–, production and use  156
–, toxic effect on plant  158
–, toxicity  158
–, transfer factor  157
–, use as index for soil genesis  156

Zn see zinc
zooplankton  164
Zr see zirconium
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