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M. Alaee �D. Barceló � L. Birnbaum � J. de Boer �A. Covaci �
A.C. Dirtu � A.A. Domı́nguez � E. Eljarrat � M.L. Feo �
P. Guerra � L. Hearn �D. Herzke �A. Kierkegaard � R.J. Law �
P. Lepom � J.F. Mueller � N. Ricklund � L. Roosens �
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Series Preface

With remarkable vision, Prof. Otto Hutzinger initiated The Handbook of Environ-
mental Chemistry in 1980 and became the founding Editor-in-Chief. At that time,

environmental chemistry was an emerging field, aiming at a complete description

of the Earth’s environment, encompassing the physical, chemical, biological, and

geological transformations of chemical substances occurring on a local as well as a

global scale. Environmental chemistry was intended to provide an account of the

impact of man’s activities on the natural environment by describing observed

changes.

While a considerable amount of knowledge has been accumulated over the last

three decades, as reflected in the more than 70 volumes of The Handbook of
Environmental Chemistry, there are still many scientific and policy challenges

ahead due to the complexity and interdisciplinary nature of the field. The series

will therefore continue to provide compilations of current knowledge. Contribu-

tions are written by leading experts with practical experience in their fields. The
Handbook of Environmental Chemistry grows with the increases in our scientific

understanding, and provides a valuable source not only for scientists but also for

environmental managers and decision-makers. Today, the series covers a broad

range of environmental topics from a chemical perspective, including methodolog-

ical advances in environmental analytical chemistry.

In recent years, there has been a growing tendency to include subject matter of

societal relevance in the broad view of environmental chemistry. Topics include

life cycle analysis, environmental management, sustainable development, and

socio-economic, legal and even political problems, among others. While these

topics are of great importance for the development and acceptance of The Hand-
book of Environmental Chemistry, the publisher and Editors-in-Chief have decided
to keep the handbook essentially a source of information on “hard sciences” with a

particular emphasis on chemistry, but also covering biology, geology, hydrology

and engineering as applied to environmental sciences.

The volumes of the series are written at an advanced level, addressing the needs

of both researchers and graduate students, as well as of people outside the field of

“pure” chemistry, including those in industry, business, government, research

establishments, and public interest groups. It would be very satisfying to see

these volumes used as a basis for graduate courses in environmental chemistry.

With its high standards of scientific quality and clarity, The Handbook of
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Environmental Chemistry provides a solid basis from which scientists can share

their knowledge on the different aspects of environmental problems, presenting a

wide spectrum of viewpoints and approaches.

The Handbook of Environmental Chemistry is available both in print and online

via www.springerlink.com/content/110354/. Articles are published online as soon

as they have been approved for publication. Authors, Volume Editors and Editors-

in-Chief are rewarded by the broad acceptance of The Handbook of Environmental
Chemistry by the scientific community, from whom suggestions for new topics to

the Editors-in-Chief are always very welcome.

Damià Barceló

Andrey G. Kostianoy

Editors-in-Chief
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Volume Preface

The book on Brominated Flame Retardants (BFRs) is based on the scientific

developments and results achieved along more than 40 years of research. The

interest on BFRs started in 1970s as a result of Michigan incident with polybromi-

nated biphenyls (PBBs). At the same time, and after the discovery by Anderson and

Blomqvist of high levels of polybrominated diphenyl ethers (PBDEs) in biota from

a Swedish river, a great number of scientists started their work on PBDEs. This

research reached its peak when Norén and Meironyté reported that PBDE levels

doubled every five years in human breast milk. After that, in the middle of 2000s, it

became evident that the knowledge on BFRs had moved beyond PBDEs. Thus,

other BFRs such as hexabromocyclododecane (HBCD), tetrabromobisphenol A

(TBBPA), and decabromodiphenyl ethane also became the subject of scientists’

interest. And today, a large number of emerging BFRs are included in different

scientific works.

This book aims to review and compile the main developments and knowledge

acquired over many years of study. The book is structured into nine different

chapters, covering the physicochemical properties and uses of the different com-

mercial BFRs, the advanced chemical analytical methods, the occurrence in envi-

ronment and biota, the degradation studies, the toxicological effects, and the human

exposure. Finally, the last chapter concerns the development of knowledge of the

different emerging BFRs, being the starting point to be taken in mind for the future

studies in the field of BFRs.

We hope this book will be of interest to a broad audience of scientific researchers

such as analytical and environmental chemists, and specially those who are already

working in or planning to enter the field of BFRs. Moreover, we hope that the

information included in this book can also be useful to expand the initial list of

12 persistent organic pollutants (POPs) accorded during the Stockholm Convention.

In fact, some of the BFR families are part of the list of potential candidates.

Finally, we would like to thank all the contributing authors of this book for their

time and effort in preparing this comprehensive compilation of research papers.

Barcelona, December 2010 E. Eljarrat

D. Barceló
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Human Health Effects of Brominated Flame Retardants . . . . . . . . . . . . . . . . . . 19

Daniele Staskal Wikoff and Linda Birnbaum

Sample Preparation and Chromatographic Methods Applied to

Congener-Specific Analysis of Polybrominated Diphenyl Ethers . . . . . . . . . 55

Adrian Covaci, Alin C. Dirtu, Stefan Voorspoels,

Laurence Roosens, and Peter Lepom

Recent Methodologies for Brominated Flame Retardant Determinations

by Means of Liquid Chromatography–Mass Spectrometry . . . . . . . . . . . . . . . 95

P. Guerra, A. Covaci, E. Eljarrat, and D. Barceló
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Introduction to Brominated Flame Retardants:

Commercially Products, Applications, and

Physicochemical Properties

P. Guerra, M. Alaee, E. Eljarrat, and D. Barceló

Abstract In order to meet fire safety regulations, flame retardants (FRs) are applied

to combustible materials such as polymers, plastics, wood, paper, and textiles.

Approximately, 25% of all FRs contain bromine as the active ingredient. More than

80 different aliphatic, cyclo-aliphatic, aromatic, and polymeric compounds are used

as brominated flame retardants (BFRs). BFRs, such as polibrominated biphenyls

(PBBs), polybrominated diphenyl ethers (PBDEs), hexabromocyclododecane

(HBCD), and tetrabromobisphenol A (TBBPA), have been used in different con-

sumer products in large quantities and consequently they were detected in the

environment. In this chapter, an overview of the production, application, and proper-

ties of most commonly used BFRs is presented.

Keywords Brominated flame retardants, Hexabromocyclododecane, Poly-

brominated biphenyls, Polybrominated diphenyl ethers, Production, Tetrabromobi-

sphenol A

P. Guerra and E. Eljarrat (*)

Department of Environmental Chemistry, IDAEA, CSIC, Jordi Girona 18-26, Barcelona

08034, Spain

e-mail: eeeqam@cid.csic.es

M. Alaee

Aquatic Ecosystem Protection Research Division, Water Science and Technology Directorate,

Science and Technology Branch, Environment Canada, 867 Lakeshore Road, P.O. Box 5050,

Burlington, ON, Canada L7R 4A6

D. Barceló
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TBBPA Tetrabromobisphenol-A

TBBPA-DAE TBBPA diallylether

TBECH 1,2-Dibromo-4-(1,2-dibromoethyl)cyclohexane
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XPS Extructed polystyrene foams

1 Introduction

Fire is a major source of damage to properties, loss of life, and public expenses. For

example, in the United States, in 2007 over 1.5 million fires are reported, which

result in 17,675 injuries, 3,430 deaths, and direct losses of over $14 billion [1]. The

need to protect materials against fire has been a scientific undertaking for a very

long time. In fact, Egyptians used alum to reduce the flammability of wood (450 BC),

and about 200 BC Romans used a mixture of alum and vinegar to reduce the

combustibility of wood [2]. Today in order to meet fire safety regulations such as

California TB 116 and 117, flame retardants (FRs) are applied to combustible

materials such as plastics, woods, paper, and textiles. FRs are chemicals that are

added to or reacted with combustible materials to increase their fire resistance [3].

Recent advances in technology have resulted in an increase in use of synthetic

polymers in household and office products such as computers and electronic

equipment, which has drastically contributed to potential fire hazard in our com-

mercial and residential buildings; consequently, over the past decades, the use of

FRs has drastically increased. To protect ourselves from fire damage, various types

of FRs have been developed based on diverse inorganic compounds such as

aluminum and magnesium hydroxides and organic derivatives of nitrogen, phos-

phorous, chlorine, and bromine as active ingredients.

It should be noted that flame or fire retardant is not the same as flame or fire

proof; in the first case, the starting material is flammable, and the application of FR

will slowdown the burning process, hence increasing the possibility of escaping

from a burning room/house. However, flame or fire proof material does not catch

fire at all [4]. Currently, the market demand for FRs is estimated to be valued about

US$2.3 billion, corresponding to be in excess of 1,200,000 metric tons of which

about 36% of the value is based on brominated flame retardants (BFRs) [5]. To

understand the mode of actions of FRs, it is essential to become familiar with the

combustion process. Combustion is a gas phase reaction involving a fuel source and

oxygen. There are four steps involved in the combustion process, which are preheat-

ing, volatilization/decomposition, combustion, and propagation (Fig. 1) [6]. Thus, a

FR should inhibit or suppress the combustion in a particular stage of this process [7].

Depending on their mode of action, FRs can act chemically and/or physically in the

Introduction to Brominates Flame Retardants 3



solid, liquid, or gas phase. It is important to note that the flammability of a material

is not an intrinsic property but depends on the fire conditions. Thus, changing the

material composition, for example with the addition of a FR, will also change its

reaction to fire behavior [4].

For example, free radicals (highly oxidizing agents) are produced during the

combustion process; these are essential elements for the flame to propagate. Halogens

are very effective in trapping free radicals, hence removing the capability of the flame

to propagate. All four halogens are very effective in trapping free radicals, with

trapping efficiency of I > Br > Cl > F [4]. Organohalogen compounds are good

materials for storage and delivery of halogens in the polymers. However, not all of the

organohalogen compounds are suitable FRs. Fluorinated compounds are very stable

and decomposed at much higher temperature than the polymers burn. On the other

hand, iodinated compounds are not very stable and decompose at slightly elevated

temperatures. Consequently, only organochlorine and organobromine compounds are

suitable as FRs.With higher trapping efficiency and lower decomposing temperature,

organobromine compounds have became more popular FR than their organochlorine

counterparts [5].

2 Bromine Industry and Applications

Bromine is a major ingredient in the production of BFRs. Therefore, it is important

to dedicate a few lines to the industrial production and applications of bromine.

Bromine is used in the production of BFRs, clear brines for the oil drilling industry,

Combustible
Material

Pyrolysis

(Endothermic)

Non-combustible
Gases

Gas Mixture
lgnites

Air Flame Combustion
Products

(Exothermic)

+O2

EmbersAir

Thermal Feedback

Combustible
Gases

Liquid
Products

Solid Charred
Residue

Q1

Fig. 1 Combustion process steps. Reproduced from [6]
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soil and space fumigation products, and bromine-based biocides for water treat-

ment. However, the main use of bromine is in the manufacturing of BFRs. For

example, in the United States, between 40% and 50% of demand for bromine is for

BFRs [8].

Bromine is a reactive element, consequently it is mostly found in the form of

inorganic salts of the alkalis and alkaline earth metals mainly in seawater, saline

lakes, brine, and earth crust. Currently, there are a limited number of brines around

the world with high enough concentrations of bromine to make this process

commercially viable. Arkansas brine wells with 2–5 g/L bromide are the main

source of bromine in the United States [8]. Dead Sea with a concentration up to

12 g/L is the world’s largest source of bromine [5].

The production of bromine begins with the oxidation of bromide with chlorine

followed by an absorption and purification process. The global production of

bromine in 2007 was 556,000 metric tons [8]. As shown in Fig. 2, United States

was the largest producer of bromine followed by Israel. The global production of

bromine has been fairly stable over the past decade. The emergence of Jordan as the

third largest bromine producer is interesting; however, it was not unexpected based

on the vast amounts of bromide present in the Dead Sea. China also has rich

bromide sources, particularly in Laizhou Bay located in Shangong province [9].

In 2008, there was an increase in the price of bromine and brominated compounds,

reflecting the expanding markets for bromine and major increases in energy costs,

raw materials, regulatory compliance, and transportation [10]. In Table 1, the

estimated world refinery production between 1997 and 2007 was summarized.

Growth was expected to increase in demand for BFRs as the result of the Consumer

Product Safety Commission approves fire safety standards for upholstered furniture

in the United States and if more stringent flammability standards are voluntarily

adopted for televisions in Europe. An increase in the global demand for bromine is

expected as the use of BFRs in developing countries begin to use more modern

materials and develop more stringent flammability standards [8].

(36%)

Jordan
(9%)

Israel
(36%)

USA
(42%)

Japan
(4%)

Others
(1%)

China
(8%)

Fig. 2 Global production of bromine. Adapted from [8]
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Due to its reactivity and toxicity, transport of bromine is subject to the

Comprehensive Environmental Response, Compensation and Liability Act (CER-

CLA) regulating the transport of hazardous goods. Hence the manufacturing of

organobromine compounds usually takes place in the vicinity of production sites.

As a result, there are limited sites available for manufacturing of organobromine

compounds in general and in particular for BFRs. In the Unites States, bromine is

a Federal Insecticide, Fungicide and Rodenticide Act (FIFRA) registered pesti-

cide, and the Environmental Protection Agency (EPA) requires labels indicating

toxicity to fish and aquatic organisms. The Occupational Safety and Health

Administration (OSHA) lists bromine as an air contaminant, and the Department

of Transportation identifies bromine as an inhalation hazard. Use of bromine is

regulated under portions of the USA Clean Air act governing toxic substances.

The Federal Emergency Planning and Community Right-to-Know Act (EPCRA)

of 1986 includes bromine under its Toxics Release Inventory, which requires

certain manufacturing companies to report environmental releases and transfers

[11]. Bromine Science and Environmental Forum (BSEF), a manufacturer based

advocacy group based in Brussels, lists four main manufactures, Albemarle Cor-

poration, Chemtura, ICL Industrial Products, and Tosoh Corporation as the main

global producers of BFRs. Even though their headquarters are located in United

States, the first two manufacture BFRs in Israel and Japan, respectively, and their

operations extend over several countries in North America, Europe, and Asia.

Since there is limited number of manufactures producing the majority of BFRs,

information of the production quantities is not openly accessible. Only on limited

occasions, BSEF published estimated market demand on tetrabromobisphenol A

(TBBPA), polibrominated diphenyl ethers (PBDE), and hexabromocyclododecane

(HBCD), which was produced by all of their members.

Table 1 Estimated world refinery production of bromine (metric tons). Data from [8, 10]

Country 1997 1999 2001 2003 2005 2007

Azerbaijan 2,000 2,000 2,000 2,000 2,000 2,000

China 50,100 42,000 40,000 75,000 105,000 130,000

France 1,974 1,950 2,000 100 na na

Germany 700 500 500 388 274 1,612

India 1,500 1,500 1,500 1,500 1,500 1,500

Israel 180,000 181,000 206,000 176,000 207,048 159,400

Italy 300 300 300 na na na

Japan 20,000 20,000 20,000 20,000 20,000 20,000

Jordan na na na na 66,000 69,000

Spain 100 100 100 100 100 100

Turkmenistan 130 150 150 150 150 150

Ukraine 3,000 3,000 3,000 3,000 3,000 3,000

United Kingdom 35,600 55,000 50,000 na na na

United States 247,000 239,000 212,000 216,000 226,000 na

na not available
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3 Brominated Flame Retardants

Approximately, 25% of all FRs (volume basis) contain bromine [12]. Since bromine

is the main ingredient of BFRs, there is no particular restriction on the structure of

the backbone. Consequently, more than 80 different aliphatic, cyclo-aliphatic,

aromatic, and polymeric compounds have been registered as brominated FRs [2].

However, for any organobromine compound to be used as BFR, it should be

compatible with the polymer that they are incorporated into including not to alter

their appearance and physical properties and to be stable during the life cycle of the

product [4]. These two requirements are of major concern in opposite to environ-

mental concerns [3, 13–15]. Polymers in general are petroleum-derived material

that they are hydrophobic, and hence they are only compatible with hydrophobic

compounds. Hydrophobic compounds have a tendency to bioaccumulate in biota

and biomagnify in the food web [14, 15]. Similarly, for an organobromine com-

pound to be used as a BFR, it should be stable for many years. Unfortunately, this

property results in compounds that persist in the environment many more years

during and after the use of products [3, 15–18].

BFRs are divided into three subgroups: additive, reactive, and polymeric

depending on their mode of incorporation into the polymers [5]. Additive BFRs,

such as PBDEs and HBCD, are just mixed together with the other components of

the polymers. Additive BFRs can easily leach out of the polymers and released into

the environment [2, 15, 19, 20]. On the other hand, reactive BFRs are a group of

compounds, such as TBBPA, that are chemically bonded to the plastics. Reactive

BFRs are more stable and are not easily released into the environment [21]. Finally,

in polymeric BFRs such as brominated polystyrene (BPS), bromine atoms are

incorporated in the backbone of the polymer resulting into a more stable chemical

structure with very high molecular weight resulting in less bioavailability.

The additive BFRs have been detected most frequently in environmental matri-

ces due to their potential to leak from treated consumer products. Reactive BFRs

form covalent bonds with the polymer. Provided they are properly bonded, should

only be a risk during production and transport. However, reactive BFRs should not

be neglected, and in fact, TBBPA has been identified in various compartments [21]

at significantly lower concentrations than additive BFRs such as PBDEs.

3.1 Additive BFRs

A revision of information for several additive BFRs is presented in this section. It is

important to note that some of them are now in use, banned, or under assessment.

The most investigated additive BFRs are polybrominated biphenyls (PBBs),

PBDEs, and HBCD (Fig. 3). The main physicochemical properties of these com-

pounds are summarized in Table 2. However, additional additive BFRs are available

in the market such as bis(2-ethylhexyl)tetrabromophthalate, tris(tribromophenyl)
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triazine, tetrabromocyclooctane, and tetradecabromodiphenoxybenzene (Table 3).

Some of these compounds are presented in more detail in Chapter 9 [25].

3.1.1 Polybrominated Biphenyls

The industrial production of PBBs is based on a Fridel–Craft reaction where biphenyl

is reacted with bromine in presence of an organic solvent, with aluminum chloride,

Tetrabromobisphenol A (TBBPA)Hexabromocyclododecane (HBCD)

Polybrominated diphenylethers (PBDEs)
209 congeners

Polybrominated biphenyls (PBBs)
209 congeners

Polybrominated biphenyls (PBBs)
209 congeners

Polybrominated diphenylethers (PBDEs)
209 congeners

x + y = 1-10

Hexabromocyclododecane (HBCD) Tetrabromobisphenol A (TBBPA)

Br

Br

Br

Br

Br Br

Br

Br

Br

Br

HO

CH3

CH3 OH

OO

Brx Bry x + y = 1-10
Brx Bry

Fig. 3 Chemical structures of the main BFRs

Table 2 Physicochemical properties of PBBs, PBDEs, and HBCD

Chemical Acronym Formula Molecular

mass

Melting

point

(�C)

Decomposition

point (�C)
Solubility

H2O (mg/L;
25�C)

Log Kow References

PBBs hexa-BB C12H4Br 627.4 124–248 300–400 11 7.20 [17, 22]

octa-BB C12H2Br8 785.2 200–250 435 30–40 5.53

nona-BB C12HBr9 864.1 220–290 435 Insoluble

deca-BB C12Br10 943.0 380–386 395 > 400 <30 8.58

PBDEs tetra-BDE C12H6Br4O 485.8 82.3 – 14.7 5.87–6.16 [16, 17]

penta-BDE C12H5Br5O 564.7 81.0 >200 4.4 6.64–6.97

octa-BDE C12H2Br8O 801.5 200 – – 8.35–8.90

deca-BDE C12Br10O 959.2 290–306 >320 20–30 9.97

HBCD a-HBCD C12H18Br6 641.7 179–181 >190 48.8 5.07 [23, 24]

b-HBCD 170–172 14.7 5.12

g-HBCD 207–209 2.1 5.47

Industrial

mixture

175–195 6.56 5.63
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aluminum bromide, or iron as a catalyst [22]. PBBs are formed by substitution of

hydrogen with bromine in biphenyl molecule, and thus, PBBs have a large number of

possible congeners, depending on the number and position of the bromine atoms on

the two phenyl rings. Theoretically, 209 congeners are possible [17].

PBBs were manufactured in the early 1970s for commercial use and consist

mainly of hexa-, octa-, nona-, and decabromobiphenyl congeners [22]. PBBs are

solids with a low vapor pressure and its volatility has a wide range. PBBs are almost

insoluble in water, and the solubility decreases with increasing bromination. Most

PBBs have a log Kow > 7 and are therefore regarded as lipophilic compounds.

PBBs came to public attention in 1974, when it was discovered that about 1,000

pounds was accidentally substituted by magnesium oxide, a additive in cattle feed, in

Michigan in 1973 [26]. After this, the sole USA manufacturer of hexabromobiphenyl

ceased production in 1974. Two other companies continued their production of octa-

and deca-BB until 1977 [22]. In Europe, PBBs are restricted by the fourth amendment

to the marketing and use Directive 76/769/EEC adopted in 1984, and they cannot be

used in textiles, intended to come into contact with the skin. Finally, the industry

voluntarily ceased production of PBBs in 2000 [27].

3.1.2 Polybrominated Diphenyl Ethers

Diphenyl ether contains ten hydrogen atoms, any of which can be exchanged with

bromine, resulting in 209 possible BDE congeners. The hydrogen positions of

Table 3 Chemicals used as additive BFRs

Chemical CAS number Br (%) MP (�C) Use

Bis(2-ethylhexyl)tetrabromophthalate 26040-51-7 45 Liquid PVC, neoprene, plasticizer

Tris-dibromopropylisocyanurate 52431-90-9 65.8 – Polylefin, PVC, polyurethane,

ABS, synthetic rubber and

fiber

Tris(tribromophenyl)triazine 25713-60-4 67 – ABS, HIPS

Tetrabromobisphenol-A,

bis(2,3-dibromopropylether)

21850-44-2 68 95 Polyolefin, styrene

1,2-Bis(2,4,6-tribromophenoxy)ethane 37853-59-1 68 224 HIPS, ABS, textiles

Ethylenebistetrabromophthalimide 32588-76-4 68 445 HIPS, polyethylene terephthalate

Tetrabromobisphenol S-bis

(2,3-dibromo-propylether)

42757-55-1 70.8 52-55 Polypropylene fiber

Octabromo-1-phenyl1,

3,3-trimethylindan

155613-93-7 73 240-255 Most plastics, thermoplastics

Tetrabromocyclooctane 3194-57-8 74.7 73 EPS, XPS

31454-48-5

Dibromoethyldibromocyclohexane 3322-93-8 74.7 72 Polystyrene, polyurethane

Tetradecabromodiphenoxybenzene 58965-66-5 82 370 Polyamides, polyester, wire and

cable

Ethane-1,2-bis(pentabromophenyl) 84852-53-9 82.3 350 Styrene

ABS acrylonitrile butadiene styrene; EPS expanded polystyrene; HIPS high impact polystyrene; PVC polyvinyl

chloride; XPS extructed polystyrene foam
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PBDEs are similar to that of PCBs and PBBs; hence the nomenclature proposed by

Ballschmiter et al. [28] for PCBs is also used for identification of BDE congeners.

Technical PBDEs are commercially produced by brominating diphenyl ether under

catalytic conditions resulting in mixtures of PBDEs with varying degrees of bromina-

tion [5]. The reaction conditions for the bromination of diphenyl ether by various

manufacturers are not disclosed. The three main commercial products were Penta-

BDE, Octa-BDE, and Deca-BDE formulations. A typical Penta-BDE formulation is

composed of 24–37% tetra-BDEs, 50–60% penta-BDE, and 4–8% hexa-BDE. In

general, Octa-BDE formulation consists in a mix of 10–12% hexa-BDE, 44% hepta-

BDE, 31–35% octa-BDE, 10–11%, nona-BDE, and <1% deca-BDE; and a charac-

teristic deca-PBDE formulation is >97% deca-BDE (BDE-209) with the rest mainly

nona-BDE with a very small amount of octa-BDE [3]. The global market demand for

these three PBDE commercial products is summarized in Table 4.

Recently, PBDEs have been studied extensively. Even though the occurrence of

these compounds was reported extensively in late 1970s (put references here), they

were not noted extensively by the scientific community until 1998 when Noren

et al. [30, 31] astound the scientific community by showing that PBDEs were on the

rise in human breast milk, while the levels of other persistent organic pollutants

(POPs) were dropping in the same samples.

In 2001, EU announces a ban on Penta- and Octa-PBDE formulations by 2003.

In 2002, the industry voluntarily banned the production of Penta and Octa formula-

tions as of 2004. Additionally, since July 1, 2006, Penta and Octa-BDE are banned

in electrical and electronic applications according to the 2002/95/EC directive.

However, the use and environmental effects of Deca-formulation are heavily

contested, including a recent judgment by the European Court of Justice, which

overturned the exemption of Deca-BDE granted by the European Commission [32].

In the United States, Penta- and Octa-BDE production has been phased out [33],

and BSEF member companies have decided to voluntarily phase out of Deca-PBDE

formulation by the end of 2013 [34].

3.1.3 Hexabromocyclododecane

HBCD is the most widely used aliphatic cyclic additive BFR with a total global

market value between 15,900 and 21,951 metric tons in 1999 and 2003, respec-

tively [29]. HBCD is mainly used in expanded polystyrene (EPS) and extructed

polystyrene (XPS), which are commonly used as construction materials, such as

Table 4 Total global market demand (values in metric tons) for PBDE mixtures flame retardants.

Data from [29]

1999 2001 2002 2003

Penta-PBDE 8,500 7,500 – –

Octa-PBDE 3,825 3,790 – –

Deca-PBDE 54,800 56,150 65,677 56,418
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thermal insulation or molded foam packing, and textiles, such as household furniture

and appliances [35]. The European market demand for HBCD in 2001 was 9,500

metric tons, which accounts for 57% of the global market demand [29]. In 1999 and

2001, the market demand for HBCD in Europe exceeded the market demand of

PBDEs, making HBCD the second largest BFR used in Europe.

Technical 1, 2, 5, 6, 9, 10-HBCD is produced by addition of bromine to

cis–trans–trans-1,5,9-cyclododecatriene. This process leads theoretically to a

mixture of 16 stereoisomers (six pairs of enantiomers and four mesoforms), but

commercial products are usually a mixture of three diastereoisomers a-, b-, and
g-isomer [23]. Normally, the g-isomer is the most dominant in the commercial

mixtures (ranging between 75% and 89%), followed by a- and then b-isomer

(10–13% and 1–12%, respectively). The physical–chemical properties of HBCD

are similar to some PBDEs and other POPs. HBCDs are not covalently bonded to

polymers leading to the risk of migration out of the product during use and disposal

[23]. Consequently, there is a high potential for this material to absorb to soil and

sediments.

The dissimilarities in the structure of a-, b-, and g-isomer raise differences

in polarity, dipole moment, and solubility in water. For example, the solubility of

a-, b-, and g-HBCD in water was 48.8, 14.7, and 2.1 mg/L, respectively. Therefore,
these different properties may explain the differences observed in their environ-

mental behavior [36]. Covaci et al. [37] and Morris et al. [38] found that in

sediments, the distribution of HBCD isomers was the same of commercial mixture:

g-HBCD is the most abundant isomer. However, in biota a-isomer predominates

over the g-isomer and little or no presence of b-isomer.

a-, b-, and g-HBCD diastereoisomers are chiral; thus HBCD have three pairs of

enantiomers (þ) a, (�) a, (þ) b, (�) b, (þ) g, and (�) g. The enantiomers have

identical physicochemical properties and abiotic degradation rates but may have

different biological and toxicological properties and different biotransformation

rates. These transformations may result in nonracemic mixtures of the enantiomers

that were industrially synthesized as racemates [36, 39, 40]. The rates of metabo-

lization process of the enantiomers of chiral environmental pollutants may be

significantly different.

Few initiatives are underway to assess the need to regulate the use of HBCD

[27]. In the USA, EPA is running a review of HBCD that should be ready by the end

of 2012. The Environment Canada has launched a risk assessment that should be

finalized in 2010 [41]. HBCD is considered as a high volume substance under an

EU regulation framework for Registration, Evaluation, Authorization and Registra-

tion of Chemicals (REACH) [27].

3.2 Reactive BFRs

Reactive FRs are incorporated into the polymer by either becoming a part or by

grafting onto the polymer backbone [5]. It is important to note that the use of
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reactive FR is complex due to the enormous effect can exert on the final properties

of the polymer, and not all polymers contain reactive sites.

3.2.1 Tetrabromobisphenol A

Tetrabromobisphenol A (C15H12Br4O2) (Fig. 3) is a reactive BFR with a global

market demand from 120,000 to 151,000 tons between 1999 and 2003, which

makes it the highest volume BFR on the market. More recently, the European

BFR Industry Panel (EBFRIP) reported the size of the global TBBPA market to be

170,000 tons in 2004 [42]. They also stated that the market is increasing and that a

shift in consumption volume can be observed in Asia. TBBPA is currently produced

in USA, Israel, and Japan [21]. However, it could be imported into any country as a

primary product, partially finished products (i.e., polymers and epoxy resins) or in

finished (i.e., electronic equipments).

The industrial production process involves the bromination of bisphenol-A with

bromine in presence of a solvent, such as methanol or a halocarbon, 50% hydro-

bromic acid or aqueous alkyl monoethers. Due to the nature of the process and

the by-products (hydrobromic acid and methyl bromide) that can be formed, the

production process is largely conducted in closed systems. TBBPA is mainly used

in epoxy resins and acrylonitrile butadiene styrene (ABS) polymers commonly used

in electronic and entertainment appliances and equipments such as laminated

printed circuit boards, TV, computers, and office automation equipments [44].

TBBPA is employed both as a chemical bound FR (~90%) in the manufacturing

of epoxy, phenolic, and polycarbonate resins and as an additive FR [43]. Since the

use of Octa-BDE mixture in ABS application is not longer allowed in the EU,

alternative additive FRs are being search. As additive FR, TBBPA does not react

chemically with the other components of the polymer and therefore may leach out

of the polymer matrix after incorporation, with important implications for human

exposure.

Due to its low solubility in water (0.72 mg/L) and high log Kow (4.5) [44],

TBBPA is likely to be associated with suspended solids once released in the water

column and ultimately buried in sediment [45, 46]. Although TBBPA has been

found in abiotic matrices as air, soil, sediment, and sewage sludge [45, 47–50], it is

not frequently analyzed in environmental laboratories. This may be due to its lower

bioaccumulation potential, resulting in concentrations lower than PBDEs and

HBCD in the environment.

Although TBBPA is produced in much higher volumes than other BFRs, reported

concentrations for TBBPA in environmental matrices are much lower than other

BFRs such as PBDEs and HBCDs. This is reflected in much less stringent regulations

for this BFR. However, there is some concern in finalized draft Environment Risk

assessment Report for TBBPA for water and terrestrial compartments [27]. Cur-

rently, there is no legislation that restricts the use of TBBPA in North America; how

about Europe and Japan, is there any regulation?
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Some other reactive BFRs are listed together with their physicochemical proper-

ties in Table 5. Besides, 2,4,6-tribromophenol and tetrabromophthalic anhydride

are presented in more detail in [25].

3.3 Polymeric BFRs

Different polymeric BFRs are in use today, and their high molecular weight gives

advantages such as low volatility, low bioavailability, low toxicity, easy handling,

and resistance to bloom and plate-out. Table 6 showed the main polymeric BFR.

BPS (Fig. 4) is an example of polymeric BFR and is prepared by the bromination of

polystyrene. BPS has a degree of polymerization close to 1,800 and is mainly used

in glass filled engineering thermoplastics like polyamides and thermoplastic polye-

sters. Its higher molecular weight affords both good comparative tracking index

(CTI) performance and good thermal aging properties. On the other hand, as BPS is

a polymer with no vapor pressure, it is nonblooming [51]. In Europe and North

America, BPS has been used in the replace of Deca-BDE, in order to address

environmental issues [4]. This compound is less expensive than the other polymeric

FR and has good thermal stability. However, it has lower efficacy as an FR.

Other examples of polymeric BFR are the brominated epoxy oligomers (BEP)

(Fig. 4) that are prepared in several ways, in general by the reaction between

TBBPA epichlorohydrin, obtaining materials with molecular weights from 1,600

to 60,000 Da with bromine contents ranging from 52% to 54%. The lower

Table 5 Chemicals used as reactive BFRs

Chemical CAS number Br (%) MP (�C) Use

Diester/ether diol of

tetrabromophthalicanhydride

77098-07-8 46 Liquid Polyurethane foam

Tetrabromobisphenol-A-bis

(allyl ether)

25327-89-3 51 119 EPS, polystyrene foam

Dibromostyrene 31780-26-4 59 Liquid Styrene polymers,

engineering plastics

Dibromoneopentylglycol 3296-90-0 61 109 Polyurethane foam

Tribromophenyl allyl ether 26762-91-4 64 74–76 EPS, polystyrene foam

3278-895

Tetrabromophthalic anhydride 632-79-1 68 270 Unsatured polyesters,

styrene-butadiene

copolymer, textile

Pentabromobenzylacrylate 59447-55-1 71 117 Polycarbonate,

thermoplastics,

polybutylene

terephthalate

2,4,6-Tribromophenol 75-80-9 72 95.5 Phenolics, epoxy

118-79-6

Tribromoneopentyl alcohol 1522-92-5 74 62–67 Polyurethane

EPS expanded polystyrene
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Table 6 Other polymeric BFRs information

Chemical CAS number Br (%) MP (�C) Use

Tetrabromobisphenol-A

carbonate oligomer,

phenoxy end capped

94334-64-2 52 210–230 Thermoplastics

28906-13-0

Tetrabromobisphenol-A

carbonate oligomer,

tribromophenoxy

end capped

71342-77-3 58 230–260 Thermoplastics

Epoxy oligomers of TBBPA 68928-70-1 52–54 – ABS, HIPS

Epoxy oligomers of TBBPA

end capped with

tribromophenol or phenol

139638-58-7 55–58 – Polybulylene

terephthalate,

styrenic copolymers

135229-48-0

Poly(dibromostyrene) 148993-99-1 59 140 Polyamides,

thermoplastics

polyesters

Poly(dibromo/tribromostyrene) 148993-1 64 137–156 Thermoplastics

Brominated anionic polystyrene 88497-56-7 68 162 Polyesters, polyamides

Poly(2,6-dibromophenylene

oxide)

69882-11-7 64 225 Thermoplastics

Poly(2,3,4,5,6-

pentabromobenzylacrylate)

59447-57-3 71 190–220 Polycarbonate,

thermoplastics,

polybutylene

terephthalate

ABS acrylonitrile butadiene styrene; HIPS high impact polystyrene

*
*n

Br3

O

Br

Br Br

Br

O O

OH Br

Br Br

Br

O

O
O

n

Brominated polystyrene (BPS)

Brominated epoxy oligomers (BEP)

Fig. 4 Chemical structures of some polymeric BFRs
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molecular weight products are used primarily in styrenic resins, while the higher

molecular weight products are used in engineering thermoplastics [5]. The main

properties of these compounds are its high mechanical stability, impact resistance,

high thermal stability, and excellent chemical resistance. BEP are widely used in

printed circuit boards in order to meet fire safety regulations.

4 Conclusions

It is evident that FRs plays an important role in our daily lives. Unfortunately, some

of these compounds have caused adverse effects in the environment. Currently,

some BFRs have been banned, others have been voluntarily withdrawn by the

manufacturers, and several of them are under review. Over the years, the production

of bromine has remained almost constant. The cessation of production of some

BFRs results in having to find alternative applications to use the bromine produced.

In fact, emerging BFRs has been developed to replace them. Some new additive

BFRs are 1,2-Bis(2,4,6-tribromophenoxy)ethane (BTBPE), decabromodiphenyl

ethane (DBDPE), hexabromobenzene (HBBz), pentabromoethylbenzene (PBEB),

pentabromotoluene (PBT), and 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane

(TBECH). Regarding new reactive BFR, some of them are TBBPA diallylether

(TBBPA-DAE), 2,4,6-Tribromophenol (TBP), 2,4,6-Tribromophenyl allyl ether

(ATE), 2,3-dibromopropyl-2,4,6-tribromophenyl ether (DPTE), and tetrabro-

mophthalic anhydride (TBPA). Therefore, it is imperative to dedicate adequate

resources to the development of effective FRs that do not have any harmful effect to

the environment. The BFR industry continues with their innovations introducing

new BFRs that are more efficient and environmentally sound. Therefore, it is

necessary that the environmental scientists work together with the scientists

involved in development of new BFRs ensuring that the new products introduced

in the market will provide the required fire protection and to be safe to the

environment.
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Human Health Effects of Brominated

Flame Retardants

Daniele Staskal Wikoff and Linda Birnbaum

Abstract In this chapter, we review human health effects associated with the

brominated flame retardants (BFRs) that have constituted the overwhelming maj-

ority of BFR production and subsequent exposure in humans. These include

tetrabromobisphenol A (TBBPA), hexabromocyclododecane (HBCD), and three

commercial mixtures of polybrominated diphenyl ethers (PBDEs), or biphenyl oxi-

des, which are known as decabromodiphenyl ether (DecaBDE), octabromodiphenyl

ether (OctaBDE), and pentabromodiphenyl ether (PentaBDE). The primary endpoint

of concern appears to be endocrine disruption. Other potential effects include hepa-

totoxicity and neurotoxicity, the later particularly during development. While the

toxicological database for these chemicals is growing, further research is needed to

understand potential health effects associated with less-studied PBDE congeners,

examine the potential carcinogenicity of HBCD and TBBPA, and investigate the

overall toxicity of a number of developing alternative BFRs. The increasing

contamination of the environment and people by BFRs coupled with clear

evidence of adverse health effects resulting from their exposure highlights the

importance of identifying emerging issues and data gaps to fully understand the

human health risks.

Keywords Endocrine disruption, Hexabromocyclododecane, Polybrominated

diphenyl ether, Tetrabromobisphenol A, Thyroid hormones
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1 Introduction

In this chapter, we review the human health effects associated with five BFRs that

have constituted the overwhelming majority of BFR production and subsequent

exposure in humans. These include tetrabromobisphenol A (TBBPA), hexabromo-

cyclododecane (HBCD), and three commercial mixtures of polybrominated diphe-

nyl ethers (PBDEs), or biphenyl oxides, which are known as decabromodiphenyl

ether (DecaBDE), octabromodiphenyl ether (OctaBDE), and pentabromodiphenyl

ether (PentaBDE). The majority of data characterizing toxicity in humans are

associated with exposures to PBDEs, though limited data are available for both

TBBPA and HBCD. For the later compounds, a more comprehensive overview of

the data reported in animal studies is provided. For PBDEs, the primary focus is on

information reported in humans, though a discussion on the relationship of human

to animal data is also included.

2 Polybrominated Diphenyl Ethers

The majority of laboratory studies on PBDEs published to date have focused

on the commercial mixture, PentaBDE, or the individual congeners contained

in PentaBDE (primarily BDEs 47 and 99); however, a number of studies are

available reporting on exposures to other commercial mixtures, OctaBDE and

DecaBDE, or their primary congeners. Similarly, epidemiological studies have

also focused on effects associated with exposure to BDEs 47 and 99, as they are

the most commonly measured PBDE congeners in humans and tend to be asso-

ciated with greater toxicity in animal studies relative to other congeners. How-

ever, an increasing number of studies have reported on BDEs 100, 153, 154, and

183; very little is still known about the human toxicity of the fully brominated

congener, BDE 209. In this section, an overview of the published data in animal
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studies is provided, followed by a detailed discussion of the health effects

observed in humans.

2.1 Health Effects in Laboratory Studies

Although most of the studies on PentaBDE are based on the oral route of exposure,

a limited number of studies have demonstrated toxicity following high-dose inha-

lation exposures and a general lack of toxicity following dermal exposures [1, 2].

Studies in rats and mice consistently indicate that the liver is a target organ following

exposure to PentaBDE or OctaBDE congeners. Effects include increased enzymatic

activity, increased liver weight, histopathological changes, and disruptions to

normal function [3]. Changes in thyroid hormone levels (also a common finding)

have been linked to changes in metabolic function of the liver. Although there is a

great deal of controversy, a series of studies have demonstrated neurobehavioral

effects in mice following exposure to several PentaBDE congeners [4]. Studies in

bacteria indicate that PentaBDE is not mutagenic; these data are supported by

studies in mammalian cells. A number of in vitro and in vivo studies have also

suggested reproductive toxicity and developmental neurotoxicity following expo-

sure to a number of lower brominated BDE congeners.

The most comprehensive study on any PBDE compound was recently completed

by the National Toxicology Program [5]. DE-71 was tested using a 2-year bioassay

that included carcinogenicity, acute and chronic toxicity, genetic toxicity, and

toxicogenomics. Presently, only the subchronic data are available for 13-week

exposures. Results indicate adverse toxicity in the liver (the primary target) in

both rats and mice as demonstrated by increases in a number of phase I and II

enzymes, pathological changes, and increases in liver weight.

The toxicity of OctaBDE compounds has been evaluated in laboratory animals

primarily via oral exposure, though toxicity following inhalation has also been

assessed. These compounds are generally of low acute toxicity [4]. Toxicities follow-

ing repeated exposures tend to be in the liver and include induction of hepatic

enzymes, increased liver weight, hyperplastic nodules, and enlargement of the liver.

Other effects include increases in thyroid weight and altered levels of thyroid hor-

mones. OctaBDE (the commercial mixture itself) does not cause skin or eye irritation,

or sensitization in animal studies, nor is it classified as a mutagenic compound based

on Salmonella tests. Developmental studies have demonstrated mixed findings,

although they suggest the potential for effects related to changes in thyroid hormones.

Data have also been published providing suggestive evidence for developmental

neurotoxicity [6, 7] associated with a hexa-substituted congener found in OctaBDE

(BDE 153). Research studies are not available to characterize chronic exposures,

carcinogenicity, or reproductive effects.

DecaBDE, or BDE 209, has been evaluated less often than the other compounds,

even though it is the most widespread BDE congener in use. Bacterial tests indicate

that BDE 209 is not mutagenic. Additionally, studies in mice suggest evidence for
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thyroid hormone disruption and delayed developmental neurotoxicity [8]. Neonatal

exposure to DecaBDE in mice resulted in a dose-related reduction of serum

thyroxine levels in males and delayed development of the palpebral reflex in infants

[9], and disruption of normal sex- and age- specific characteristics of spontaneous

locomotion in adults. Additionally, impairment in performing behavioral tasks was

observed in aging mice following neonatal exposure to DecaBDE, while minimal

impairment was observed during young adulthood [10]. Disruption of normal

spontaneous behavior has also been reported in other studies on mice and rats

following neonatal exposure [7, 11]. In a recent study, Xing et al. [12] showed that

exposure to BDE 209 during five different developmental periods could lead to

impaired synaptic plasticity in adults, and exposure during lactation was the most

sensitive scenario. Chronic, oral exposure studies have demonstrated that very high

doses of BDE 209 result in hepatic carcinogenicity in rodents [8, 13]. Additionally,

follicular cell hyperplasia incidence increased significantly in male mice, and the

incidence of thyroid gland follicular adenomas/carcinomas was slightly increased

in treated mice of both sexes.

2.2 Effects in Humans

Studies characterizing potential effects in humans have been relatively limited until

recently. As public health interest increases, additional epidemiological investiga-

tions are being conducted and published. These studies generally focus on three

main outcomes: endocrine disruption, neurotoxicity, and reproductive toxicity (and

are discussed as such in this section). The latter two outcomes could both be related

to endocrine disrupting effects, lending mechanistic support to the overall findings.

The available epidemiological studies tend to be based on key toxicological find-

ings in laboratory studies as well as knowledge about compounds with similar

structure, such as the polychlorinated biphenyls (PCBs). It is important to note that

none of the available studies evaluated BDE 209, the most highly substituted

congener, and thus this congener is excluded from the generalizations and trends

discussed in this section.

2.2.1 Thyroid Hormone Disruption

The majority of studies in human populations have evaluated disruption of the

endocrine system, and most of the focus has been on disruption of thyroid hor-

mones. This is due mainly to the similarity in structure between PBDEs and thyroid

hormones triidothyronine (T3) and thyroxin (T4), and thus the potential for PBDEs

to mimic and disrupt homeostatic conditions. Furthermore, data in laboratory

studies demonstrate altered levels of thyroid hormones following exposures to

PBDEs in rodents. Some studies have also reported hyperplastic changes in the
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thyroid [14]. Studies in animals have indicated the potential for hydroxylated

PBDEs to also interfere with thyroid hormones.

One of the first studies evaluating the potential association between PBDEs and

levels of hormones was published by Hagmar et al. in 2001 [15]. These authors

assessed associations (after correcting for age) between levels of several persistent

organohalogens and a variety of hormones in men who consumed fatty fish from the

Baltic Sea. Only two associations were found, one with pentachlorophenol, and a

negative association between thyroid-stimulating hormone (TSH) and BDE 47. It is

important to note that although the authors noted a relationship, they also stated that

given the number of evaluations conducted, there could be some significant corre-

lations that resulted from pure chance. Furthermore, the TSH levels measured in

the population were all within normal reference ranges. The author’s ultimate

conclusion was that the results suggest that it was very unlikely that even a high

consumption of such fish polluted with organohalogens would cause disturbances

of circulating hormone levels.

Shortly after this investigation, Mazdai et al. [16] published findings of a small

(n ¼ 12), but important study. In a dataset consisting of paired maternal and cord

blood samples, the authors reported that fetal concentrations of PBDEs were very

similar to that measured in the mother. Thus, the findings demonstrated that for

BDEs 47, 99, 100, 153, 154, and 183, maternal serum concentrations are good

predictors of fetal exposures. These data are particularly important, given the role

of thyroid hormones during development (including in utero). These authors also

evaluated thyroid hormones (T3 and T4; total and free) in the paired maternal and

fetal samples, though no correlations were found between concentrations of PBDEs

and hormone levels. Furthermore, there were no associations between PBDE

concentrations or clinical parameters, including infant birth weight.

Another small-scale study in Sweden evaluated thyroid hormones with few

significant findings [17]. This group of investigators assessed the concentration of

PBDEs in serum and thyroid status in a small group of workers from an electronic

recycling facility. Samples were collected from 11 workers before beginning work

at the facility, and thereafter at defined intervals, including measurements following

vacation periods. Only seven BDE congeners were measured; levels of BDE 47

were highest, followed by 153 and 99. The authors did not find a consistent increase

in concentration with increasing length of exposure (employment). Despite a number

of approaches for evaluating thyroid hormones, no significant findings were noted

when all data were considered; specifically, no correlations were found between

PBDE concentrations and T3, T4, or TSH. Limited correlations were observed on

an individual level for three workers. However, the authors noted that all of the

levels were within the laboratory reference range and also within the normal

physiological range. These findings led to the conclusion that no relevant changes

were present in relation to PBDE exposures in the study.

Since 2008, there have been an increasing number of well-conducted studies

focused on the association between PBDEs and thyroid homeostasis, all of which

examined much larger populations. In an interesting study of Chinese workers from

an e-waste dismantling site, Yuan et al. [18] evaluated serum concentrations of
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PBDEs, TSH levels, the frequency of micronucleated binucleated cells, and bio-

markers of oxidative stress in blood and urine. The objective was to explore factors

that may influence selected biomarkers for exposure to e-wastes. Although the

PBDE congeners measured were not stated (results only provided as sums),

the authors reported that the median serum concentration was 382 ng/g lipid in

the e-waste workers and 158 ng/g lipid in the control group (a group located ~50 km

from the e-waste facility). The median serum TSH level was significantly higher in

the workers as compared to the control group. The frequency of micronucleated

cells was 5% in the exposed group and 0% in the control group, thus suggesting an

association between exposures to e-waste and DNA damage. However, no differ-

ences were observed for other markers of DNA damage (8-hydroxy-20-deoxygua-
nosine levels in urine, or SOD, MDA, and GSH levels). Using logistical regression,

the authors reported that working with e-wastes was the only significant predictor

of the increased micronucleated cell frequency, and no factors were associated

with increased serum TSH levels. The authors concluded that exposures to

other compounds (such as PAHs or metals) may have been responsible for the

observed genotoxic effects; however, PBDEs were associated with altered levels

of TSH, suggesting potential adverse effects to the thyroid hormone system in

these workers. More recently, Wang et al. [19] reported that people working in

e-waste recycling had significantly lower TSH compared with control groups.

Additionally, these authors noted a positive association between BDEs 205 and

126 with levels of T4.

Turyk et al. [20] reported on hormone disruption in adult male sport fish

consumers. This group of researchers invited participants from a previously studied

cohort of frequent and infrequent consumers of Great Lakes fish to participate in a

follow-up study on PBDE exposures. Approximately 300 men provided informa-

tion on fish consumption, medical diseases, use of medications and supplements, as

well as blood and urine samples for the study. All samples were analyzed for

thyroid and steroid hormone levels as well as concentrations of PBDEs in an effort

to determine whether PBDE body burdens were related to hormone levels. Asso-

ciations between hormones and ∑PBDE levels (∑PBDE ¼ BDE congeners 28, 47,
49, 85, 99, 100, 138, and 153), as well as BDE 47 alone, were modeled using linear
regression with consideration for a number of confounding variables (e.g., body
mass index, age, serum lipids, smoking, fish meals, etc.). Dose–response relation-
ships were evaluated for ∑PBDE levels by quartile and for individual BDE con-
geners 47, 99, 100, and 153 by tertile.

The median ∑PBDE concentration was 38 ng/g lipid (range of 16–1,360 ng/g
lipid). ∑PBDE concentrations were positively related to measures of T4 (total T4,
free T4, and urinary T4), rT3, and the percentage of T4 bound to albumin. In
contrast, ∑PBDE concentrations were inversely related to total T3, TSH, and the
percentage of T4 bound to thyroid-binding globulin (TBG). Associations were less
apparent and generally inconsistent when evaluated with BDE 47 alone. For both
sets of evaluations, statistical significance was often dependent on adjustment for
other hormone levels and/or other DDE; thus the associations were difficult to
interpret. Dose–response evaluations with ∑PBDE concentrations were also difficult
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to interpret given the large variability between quartiles; however, the authors
reported positive relationships for urinary T4. Only the highest quartile was elevated
for free T4, rT3, and T4 binding to serum proteins. Total T3 was negatively
associated by quartile. No dose–response relationship was observed for total T4
and TSH. When evaluated by individual congener, urinary T4 was the only parame-
ter that exhibited a positive dose–response relationship with all congeners evaluated.
Trends were not apparent or inconsistent for other congeners or parameters.

Importantly, these findings suggest independent pathways for the various BDE

congeners evaluated with respect to several effects on thyroid hormones. The

authors speculated that some of the observed associations suggested a role of

thyroid hormone deiodinases, given their key role in maintaining thyroid homeo-

stasis, and specifically an effect between PBDE exposure and deiodinase activity.

The overall conclusion by the authors was that PBDE exposure at levels consistent

with those observed in the general US population was associated with increased

thyroglobulin antibodies and increased T4 in adult males. However, the authors did

not compare the reported hormone or steroid levels to those measured in the general

population, and thus the clinical significance of the findings is unclear, particularly

considering that none of the cohort participants had diabetes, thyroid disease, or

other conditions that could correlate PBDE levels to disease. Their results were

initially a surprise, given the lack of consistency with the effects observed in animal

studies.

In another study published the same year, Herbstman et al. [21] reported on the

relationship(s) between cord serum concentrations of PBDEs and thyroid hormones

from cord blood serum and neonatal blood spots in an effort to understand if PBDEs

alter umbilical cord levels of thyroid hormones. Furthermore, the authors wanted to

understand if the birth delivery mode modified any such associations, given that

intrapartum stress could substantially change thyroid hormone levels (and thus

potentially mask effects of xenobiotic exposures). Using linear regression, crude

and adjusted relationships between log PBDE concentrations (based on individual

BDE congeners) and total T4 (TT4), free T4 (FT4), thyrotropin, and TSH were

evaluated. Although BDE 100 and 153 were weakly associated with average lower

TT4 in cord blood, no significant relationships were observed. When considerations

for delivery type (i.e., spontaneous unassisted vaginal delivery [SUVD] vs. all other

types) were included in the model, higher levels of three congeners (BDEs 47, 100

and 153) were associated with lower TSH, though the associations were not

statistically significant. However, higher concentrations of BDE 100 were signifi-

cantly associated with lower TT4 in babies born via SUVD. The authors concluded

that umbilical cord levels of PBDEs were not associated with higher TSH or FT4. It

is of interest to note that this study also evaluated a number of PCB congeners;

associations between effects on thyroid hormones and PCBs were much stronger

than with PBDEs.

A separate group of researchers also evaluated both PCBs and PBDE exposures

with respect to adverse effects on thyroid hormones. Chevrier et al. [22] first

evaluated associations between PCB exposures and thyroid hormones in population

of pregnant low-income Latina women in California; in a separate study, they
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evaluated relationships between PBDE concentrations and thyroid function. Based

on the data collected in 1999/2000, multiple linear regression models were used to

evaluate the relationship between maternal PBDE concentrations and thyroid

hormones (and also included analyses based on clinical definitions of maternal

hyperthyroidism). Concentrations of PBDEs were lower than those observed in the

general US population and were dominated by BDEs 47, 99, 100, and 153 (BDEs

17, 66, 85, 154, and 183 were detected in fewer than 50% of the samples and thus

were not considered in the health-based analyses). Associations between PBDEs

and free and total T4 were not statistically significant, though both individual

congeners and sum PBDEs were inversely associated with TSH levels. Associa-

tions were not linear, though when evaluated by quartile, data demonstrated

suggestive evidence of a non-monotonic exposure–response relationship (based

on increased odds of subclinical hyperthyroidism in the fourth quartile relative to

the first). The authors concluded that the data suggest PBDE exposures are asso-

ciated with lower TSH during pregnancy, and altered thyroid homeostasis has been

shown to be particularly harmful to the developing fetus.

A group of researchers in the USA evaluated associations between the concen-

trations of PBDEs in house dust and hormone levels in a small group of men

(n ¼ 24) recruited from an infertility clinic [23]. BDE 47 and 99 were detected in

all house dust samples; BDE 100 was detected in 67% of samples. The authors

showed that PBDE concentrations in house dust were positively associated with

free T4. Because the authors did not evaluate levels of PBDEs in serum, it is very

difficult to interpret these findings without direct correlations between dust expo-

sure and serum concentrations in this population, although such a correlation has

been seen in other populations. The authors also point out that their results are

preliminary and could be due to chance.

When the thyroid hormone disruption data are considered collectively, it is

difficult to generate a conclusion given the lack of consistency between studies.

Many different populations have been studied worldwide, including both occupa-

tionally exposed cohorts and sensitive cohorts (e.g., pregnant women and infants).

The difficulties in finding consistencies may be due to the fact that many of the

studies did not evaluate the same congeners, nor did they conduct congener-specific

analyses, but rather depended on analyses based on the sum of PBDEs measured

(which was also not consistent among studies). Furthermore, measurement of

thyroid hormones is often subject to a large amount of analytical sensitivity and

variability. Importantly, though several of the studies available looked at key

parameters, very few evaluated enough parameters (or accessory information) to

fully interpret changes in thyroid hormone status. Despite these limitations, the

evidence suggests that serum concentrations of PBDEs, and some congeners in

particular, are associated with altered levels of thyroid hormones. The data support-

ing an inverse association with TSH were the strongest, though not all studies

consistently reported such. Most studies reported a lack of correlation with T4.

Most authors did not evaluate the clinical relevance of changes in thyroid hormone

levels – this type of information is a key to determining the impact on human health.

Thus, in summary, additional studies are needed to clarify the findings published to
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date and to further characterize the relationship between PBDE exposure and

changes to the endocrine system in humans.

2.2.2 Diabetes

Lim et al. [24] conducted a cross-sectional evaluation of the National Health and

Nutrition Examination Survey (NHANES) data in an effort to identify potential

associations between BFRs and diabetes and/or metabolic syndrome in the US

population. The NHANES dataset is a part of a large-scale biomonitoring effort led

by the Centers for Disease Control and Prevention, designed to characterize the

health and nutritional status of the general US population. It is often used as the

primary source for establishing “reference ranges” of exposure to various environ-

mental compounds; however, the usefulness for evaluating health status is highly

dependent on the outcome of interest. In this study, the authors relied on self-

reported data regarding medications for treatment of diabetes or measurements of

plasma glucose (not all of which were fasting). Similarly, diagnosis of metabolic

syndrome was based on meeting various criteria (e.g., fasting glucose, waist

circumference). These outcomes were evaluated relative to serum concentrations

of BDE congeners that were above the analytical limit of detection in at least 60%

of the study population; thus analyses were limited to BDEs 28, 47, 99, 100, and

153. Participants with serum concentrations less than the limit of detection were

used as the reference group; the remaining participants were evaluated by quartiles

using logistic regression models.

After adjusting for several confounding variables, there was a nonlinear associ-

ation with diabetes for BDE 153. Statistically significant associations were not

observed for the other congeners. A similar finding was noted by the authors for

metabolic syndrome: only BDE 153 showed a weak association, though it was a

U-shaped curve when evaluated by quartile. The authors state that the findings

should be interpreted with caution due to the cross-sectional nature of the study and

because of multiple comparison intrinsic to the dataset (e.g., complex weighting,

many compounds evaluated, etc).

2.2.3 Neurotoxicity

A handful of studies have been published recently addressing neurotoxicity out-

comes in human populations and potential associations with PBDE exposures.

These types of studies are a result of laboratory studies in rodents indicating the

potential for neurotoxicity following developmental exposure to several BDE

congeners (reviewed by [25]), and also because of structural similarity to known

neurotoxic substances, particularly PCBs. The first study was published in 2009 by

Roze et al. [26] and was based on findings from a prospective cohort study

evaluating neuropsychological function in 62 children in the Netherlands. Blood

levels of ten organohalogen compounds including BDEs 47, 99, 100, 153, and 154,
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as well as HBCD were measured in mothers during the 35th week of pregnancy.

Thyroid hormones were also measured in umbilical cord blood samples. At ages

5–6, children were then evaluated for motor performance (coordination, fine motor

skills), cognition (intelligence, visual perception, visuomotor integration, inhibitory

control, verbal memory, and attention), and behavior. Correlations were evaluated

between the concentrations of the organohalogen compounds in the mothers before

birth and the functional analyses in children, both with and without correction for

socioeconomic status, sex, and home observation for measurement (HOME, which

the authors indicated may exert an influence on the cognition and behavior of the

children).

The authors reported that brominated flame retardants (BFRs) were correlated

with worse fine manipulative abilities, worse attention, better coordination, better

visual perception, and better behavior. The congener-specific data without correc-

tions showed that BDE 47 was negatively associated (described as a worse out-

come) with sustained attention, but positively associated (described as a better

outcome) with internalizing behavior, total behavior outcome, and coordination.

BDE 99 was positively correlated with internalizing behavior and total behavioral

outcome. BDE 100 was positively associated with coordination, internalizing

behavior, externalizing behavior, and total behavioral outcome. BDE 153 was

positively correlated with visual perception. BDE 154 was negatively correlated

with fine manipulative abilities, and HBCD was positively associated with coordi-

nation. Thus, the majority of outcomes with significant correlations were positive

(11 of 13); only BDE 47 and BDE 154 exhibited negative correlations. When the

data were corrected for SES, sex, and HOME, 16 correlations were noted for the

BFRs in this study. All significant correlations with HBCD were positive (coordi-

nation, total intelligence, and verbal intelligence). BDE 153 was negatively asso-

ciated with verbal memory. BDEs 47, 99, and 100 were negatively associated with

sustained attention. BDE 47 was positively associated with selective attention and

internalizing behavior. BDEs 99 and 100 were positively associated with total

behavior outcome and internalizing behavior.

Regarding the conflicting (positive and negative) correlations between BFRs and

outcome, the authors stated “it is difficult to determine implications of these results

for functioning later in life.” The authors also noted that it was difficult to determine

which effects could reliably be assigned to the specific contaminants, particularly

considering colinearity issues. Furthermore, many other contaminants, such as

methyl mercury (a known developmental toxicant), may also have played a role

(but were not measured in the current study). Thus, given the conflicting nature of

the results and limitations in the study design, the findings are difficult to interpret

with respect to evaluating human health risk.

In an effort to follow-up on animal studies suggesting neurodevelopmental

effects following exposures to PBDEs, Herbstman et al. [27] conducted a prospec-

tive cohort study to evaluate the potential associations between prenatal exposure to

PBDEs and neurodevelopment. The authors relied on a cohort initiated after

11 September 2001, of women and their children from New York (USA). In total,

210 cord blood samples were collected and analyzed for PBDEs. Approximately
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half this number participated in subsequent neurodevelopmental testing in children

between 12–48 and 72 months of age (note: a different number of children were

tested at each age). Median cord plasma concentrations of BDE 47, 99, and 100

were 12.1, 3.5, and approximately 1.5 ng/g lipid, respectively. PBDE concentra-

tions were evaluated in a cross-sectional analysis using multivariate linear regres-

sion to determine associations with Psychomotor Development Index (PDI), Mental

Development Index (MDI), full IQ scores, verbal IQ scores, and performance IQ

scores. MDI and PDI were evaluated at 12, 24, and 36 months of age, whereas IQ

tests were performed at 48 and 72 months of age.

A number of negative associations were found for BDEs 47, 99, 100, and 153;

however, only a few were statistically significant. For BDE 47, these included the

12-month PDI (not a strong association), 24-month MDI, and 48-month full and

verbal IQ scores. For BDE 99, the 24-month MDI was the only neurodevelopmental

endpoint significantly impacted. BDE 100 concentrations were negatively asso-

ciated with 24-month MDI, 48-month full, verbal and performance IQ scores, as

well as 72-month performance IQ scores. And for BDE 153, negative associations

were detected for the 48-month and 72-month full and performance IQ scores. The

authors reported that for every ln-unit change in BDE 47, 100, or 153, IQs were

several points lower. The authors also compared the mean scores from children in

the upper 20% of the prenatal exposure distribution to those in the lower 80% and

found that generally children with higher PBDE concentrations scored lower than

the rest of the population in the neurodevelopmental tests.

The findings reported by Herbstman et al. [27] are consistent with toxicological

data published in animal studies, thus lending confidence to these findings with the

support of biological plausibility. However, not all trends observed in animal

studies were observed by Herbstman et al. [27], suggesting differential mechanisms

and/or effects between species. These data are important and demonstrate that

additional research is required to understand potential associations, particularly

considering a number of the confounders that limit the interpretation of the current

dataset (e.g., the authors noted that the associations were impacted by maternal

education, breastfeeding, etc). However, when considered collectively, these two

studies suggest the potential for neurodevelopmental effects associated with expo-

sures to PBDEs, though the type and severity of effects warrant further assessment.

Using these data, along with data from animal studies, Messer [28] proposed that

PBDEs could play a role as risk factors for autism or other disorders of brain

development and briefly overviews some of the data to support this hypothesis. The

premise of the mini-review leans on data demonstrating endocrine disruption in

both animals and humans as a possible mechanistic link between observed neuro-

behavioral effects observed in rodents. The author also describes further testing

paradigms that would be useful for better understanding the potential adverse

effects of PBDE exposure, particularly as they relate to characterizing health risk

in humans. Such studies would include more thorough pharmacokinetic investiga-

tions, evaluations of genetic alterations, and chronic toxicity studies in animal

models. The author also suggested additional in vitro assays to characterize binding

to key receptors in an effort to further understand the mechanistic processes.
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Collectively, these data are required to understand if PBDE exposure is a risk factor

for autism.

2.2.4 Reproductive Toxicity

Several studies have evaluated the downstream impact of endocrine disruption,

genetic disturbance, and other potential adverse effects on reproductive toxicity.

Main et al. [29] assessed the potential association between concentrations of

PBDEs and cryptorchidism in newborn boys; Akutsu et al. [30] reported on findings

from a pilot study evaluating PBDE concentrations and potential associations with

sperm quality in ten Japanese study participants. A third study has found that

maternal PBDE serum concentrations were associated with decreases in fecund-

ability [31]. Furthermore, one study examined house dust PBDE levels and repro-

ductive hormone analyses on men at an infertility clinic [23], though this study did

not quantify serum PBDE concentrations.

The authors of the study on cryptorchidism [29] pursued the investigation

because of the increasing prevalence of undescended testicles in some areas of

the world, and the suspected role of environmental factors – particularly those that

interfere with hormonal function. Both breast milk (n ¼ 130) and placenta samples

(n ¼ 280) were analyzed as part of a longitudinal cohort study conducted between

1997 and 2001 in Finland and Denmark. In addition to measuring the levels of

14 BDE congeners (28, 47, 66, 71, 75, 77, 85, 99, 100, 119, 138, 153, 154, and 183),

in both biological media, levels of gonadotropin, sex hormone-binding globulin

(SHBG), testosterone, and inhibin B were also measured. All newborns in the

study were evaluated clinically, with specific focus on the position and function

of the testes. Serum samples were also drawn from infants at 3 months of age and

analyzed for follicle-stimulating hormone (FSH), luteinizing hormone (LH), and

SHBG.

Only seven of the fourteen BDE congeners were detected in breast milk samples.

Median concentrations of BDE congeners 47, 100, 28, 66, and 154 in breast milk

were higher in Danish newborns with cryptorchidism relative to controls, though

this trend was not observed in Finnish newborns (who have higher incidences of

cryptorchidism). When evaluated together (newborns from both countries), the sum

of the seven detected congeners was higher in all newborns with cryptorchidism

relative to controls. Serum levels of LH were also correlated with the sum of the

seven detected congeners as well as with BDEs 47, 100, and 154; when evaluated

by country, this trend was only observed in Finnish newborns. No other endpoints

evaluated were significantly associated and correlated with PBDEs.

Very different results were obtained when placental tissue was assessed. Only

five BDE congeners were detectable (thus analyses were based on a sum of five vs.

seven with breast milk). However, no significant differences in the placenta con-

centrations of BDES and cryptorchidism were observed. There were also no

correlations between placental PBDEs and serum reproductive hormones in the

infants. The authors specifically noted that it was not clear why the findings were
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not in agreement. It is of interest to note that placental lipid content was not

correlated with the sum of PBDEs, and that there were positive correlations

between measurements in placenta and breast milk, but absolute concentrations in

the placenta were approximately three times lower. Clearly, additional analyses are

needed to clarify the findings in this study and to further characterize potential

effects of PBDE exposures in early life stages.

Findings reported by Akutsu et al. [30] were generally in line with those

reported by Main et al. [29]. In this pilot study of sperm quality in ten Japanese

participants, only 4 of 29 BDE congeners were consistently detected (47, 99, 100,

and 153). The sum concentration of these four congeners was less than 5 ng/g lipid

in all participants except one (8.6 ng/g lipid), demonstrating generally very low

levels. Individual congeners were evaluated for trends with sperm concentrations

and testis size. No significant trends were observed for BDEs 47, 99, and 100.

However, the authors reported a significant inverse relationship between both

endpoints for BDE 153 (the data was not shown for testis size). These limited

data may suggest BDE congeners 47, 99, 100, and 153 act via different mechan-

isms and/or demonstrate differential potencies with respect to various endpoints.

The trend between BDE 153 concentrations and decreased sperm concentrations

warrants further investigation.

In a study mentioned earlier in relation to changes in free T4, a group of

researchers evaluated PBDEs in house dust and hormone levels in a small group

of men (n ¼ 24) recruited from an infertility clinic [23]. With adjusted, multivari-

able regression models, the authors observed inverse relationships between dust

PBDE concentrations and free androgen index, luteinizing hormone and FSH, as

well as positive relationships between PBDE concentrations in house dust and

levels of inhibin B and SHBG. Again, because the authors did not evaluate levels

of PBDEs in serum, it is difficult to interpret these findings.

Harley et al. [31] designed a study aimed at determining potential associations

between maternal PBDE serum concentrations during pregnancy and time to

pregnancy as well as various menstrual cycle characteristics. The authors focused

on BDE congeners 47, 99, 100, 153, and total PBDEs in approximately 200 women

from California, USA. Fecundability odds ratios were reduced for BDE 100, 153,

and the sum of PBDEs; no effects were noted for the other congeners. No effects

were noted for any congeners, or sum congeners, when various parameters asso-

ciated with the menstrual cycle were examined.

2.2.5 Sensitization

Data characterizing sensitization to PBDEs is limited to two studies with the most

fully brominated congener, though details on these studies are limited. One study

reported that skin irritation was noted in 9 of 50 human subjects who were

exposed to a repeated application of 5% Deca in petrolatum, though the applica-

tions did not result in sensitization [32]. Similar findings were reported in a

separate study involving repeated Deca exposures to the skin of 200 volunteers;
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irritation was noted in some participants but no evidence of skin sensitization was

observed [32].

2.2.6 Interpretation of Studies in Humans

Data characterizing potential effects association with exposures to PBDEs in humans

are becoming increasingly available as initial studies indicate several potential causes

for concern. The variability in findings inhibits the ability to make a definitive

conclusion; however, when the data are considered collectively, it appears that

human populations may be at risk of health effects, primarily endocrine disrupting

effects that may manifest as neurotoxic or reproductive outcomes. However, addi-

tional research is clearly needed to more fully understand the mechanistic aspects of

toxicity following exposures, as well as to more fully understand the quantitative

dose–response relationships between exposure and response. A key component to

further assessments may also include discussion of both clinical and public health

relevance. Furthermore, these data collectively suggest that some BDE congeners are

more potent or operate via different mechanisms than others. Investigators should be

urged to analyze and publish data on both a congener-specific basis (including

BDE209 and other highly brominated congeners) in addition to the sum PBDEs

such that the public health arena can better understand and protect humans from

adverse effects resulting from PBDE exposure.

2.3 Mechanistic Studies In Vitro Using Human Cell Lines

Many mechanistic studies have been published in the last decade describing

responses in human cells or human cell lines following exposures to PBDEs.

These can generally be divided into those that characterize toxicity and those that

characterize metabolism in vitro. The studies that evaluated toxicity generally

focused on key events associated with genotoxicity, endocrine disruption, neuro-

toxicity, and changes in development, though the majority of such are aimed at

determining key events associated with neurotoxicity. These studies have been

conducted in a number of cell lines and evaluate a variety of different endpoints,

and also evaluate a number of different individual BDE congeners as well as

commercial mixtures. Collectively, these studies provide data that aid in under-

standing the mechanism(s) of action (MOA) associated with the toxicities of

PBDEs.

2.3.1 Toxicity

In an effort to understand potential MOA(s) associated with potential neurotoxic

effects in vivo and apoptosis in vitro (based on previous studies), Yu et al. [33]
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evaluated the action of DE-71 on a human neuroblastoma cell line. Dose-dependent

effects in cell viability were noted (based on an increase in lactate dehydrogenase

leakage and 3-4,5,-dimethylthia-zol-2-yl-2,5-diphenyl-tetrazolium bromide reduc-

tion). Using morphological examination and flow cytometry, the authors also

reported treatment-related apoptosis and DNA degradation in the cell cycle. Further

evaluation suggested that apoptosis was caused by a caspase-dependent pathway

(but was not related to oxidative stress). The authors also evaluated intracellular

calcium, noting a time-dependent increase in intracellular levels – an effect also

noted in many rodent cell culture studies. Additional assessments on cellular

mechanisms indicated that DE-71 increased the level of Bax translocation to the

mitochondria and stimulated the release of cytochrome c. Although it is difficult to

directly translate the findings of this in vitro study in a human cell line to human

health risk, the results provide important information regarding potential mechan-

isms of toxicity following exposure in humans.

Using a somewhat similar approach, He et al. [34] also conducted a mechanistic

study in a cell line derived from a human neuroblastoma (SH-SY5Y cells) to

evaluate apoptosis in association with exposures to BDE 47 both in the presence

and absence of PCB 153. The authors reported that BDE 47 induced apoptosis via

multiple pathways. Furthermore, co-exposure to PCB 153 enhanced the effects. The

authors suggested that these findings contribute further to understanding potential

neurotoxicity associated with PBDE exposures. The effects of BDE 47 were also

assessed by Tagliaferri et al. [35], who used two mathematical models to evaluate

the interaction between BDE 47 and BDE 99 on viability of neuronal cells. The

model suggested synergistic effects below the threshold concentrations of both

compounds.

Schreiber et al. [36] used primary fetal human neural progenitor cells (hNPCs) as

an in vitro model of neural development to evaluate the potential toxicity of BDEs

47 and 99. The behavior of the selected cell line mimics proliferation, migration,

and differentiation, basic processes in brain development. Using micromolar con-

centrations, the authors reported that these congeners did not alter proliferation, but

did cause treatment-related effects on ion migration and differentiation, specifically

differentiation into neurons and oligodendrocytes. Because numerous previous

studies in rodents have suggested that thyroid hormones play a role in PBDE-

induced toxicity, the authors simultaneously exposed the cells to a thyroid hormone

receptor agonist and showed that negative effects on migration and differentiation

were eliminated. However, addition of an antagonist did not exert an additive or

synergistic effect; thus the role of thyroid hormones in this system was unclear.

These findings demonstrate that the primary BDE congeners measured in humans

have the potential to cause toxicity via this mechanism, though additional research

is needed to link the findings from this in vitro study to exposures in the human

population.

In an effort to more fully understand PBDE-induced endocrine disruption,

developmental neurotoxicity, and changes in fetal development observed in rodent

studies, Song et al. [37] evaluated the potential toxicity of two hydroxylated PBDEs

in a human adrenocortical carcinoma cell line (H295R). Cells were exposed to
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2-OH-BDE47 or 2-OH-BDE85 and evaluated for cell viability/proliferation, DNA

damage, cell cycle distribution, and gene expression profiling. Both of the com-

pounds demonstrated dose-dependent cytotoxic effects, though the hydroxylated

BDE 85 was more potent. At the micromolar concentrations tested, no DNA

damage was observed, thus suggesting a non-genotoxic mechanism of toxicity for

these compounds.

Several studies have directly evaluated genotoxic effects in human cell lines.

One of the first studies was reported by Reistad and Mariussen [38], in which the

authors assessed the formation of reactive oxygen species (ROS) and calcium

levels in human neutrophils following exposure to DE-71, OctaBDE, or BDE 47

in vitro. Both DE-71 and BDE 47 induced a dose-dependent production of

ROS, whereas no ROS were observed following OctaBDE exposure. Additional

investigations of cell signaling indicated a calcium-dependent activation of PKC.

Based on the collective findings, the authors postulated that ROS formation was

generated via an initial tyrosine kinase-mediated activation of P13K and

enhanced activation of calcium-dependent PKC by enhanced PLC activity,

which results in a release of intracellular calcium and ROS formation in neutro-

phils. This information is particularly useful, given the absence of findings with

commercial OctaBDE, and positive findings with DE-71 and BDE 47, further

supporting the need for congener-based assessment.

A series of similar studies were published by He and colleagues in 2007 and

2008. Hu et al. [43] reported on the antiproliferative, apoptotic properties of BDE

209 in the human hepatoma Hep G2 cell line. Following 72 h of exposure, BDE 209

inhibited cell viability, increased the release of lactate dehydrogenase, and gener-

ated ROS, in a concentration-dependent manner (10–100 mM). Morphological

changes, cell cycle alterations, and apoptosis supported antiproliferative effects.

These findings are in contrast to the trend observed by Reistad and Mariussen

[38] in which the higher brominated compounds did not induce ROS in a dose-

dependent manner. He et al. [39] also evaluated cytotoxicity and genotoxicity

of BDE 47 in human neuroblastoma cells (SH-SY5Y cells) in vitro. Cells were

exposed for 24 h to BDE 47 concentrations ranging from 1 to 8 mg/ml, and then

evaluated for cell viability, proliferation, lactate dehydrogenase leakage, ROS

formation, cell apoptosis, DNA breakage, and cytogenic damage. Under the con-

ditions of this assay, BDE 47 inhibited cell viability, increased LDH leakage, and

induced cell apoptosis at concentrations �4 mg/ml. Concentration-dependent

increases in ROS and DNA damage were observed. Based on these findings, the

authors concluded that BDE 47 was cytotoxic and genotoxic in SH-SY5Y cells

in vitro.

In a separate study, He et al. [39] reported on the findings of a bridging the gap

between genetic and functional changes following exposures to PBDEs. The

authors evaluated gene expression and enzymatic and hormone levels in a human

adrenocortical carcinoma cell line (H295R) following exposure to 1 of 20 PBDE

metabolites (hydroxylated, methoxylated, and/or chlorinated derivatives). Most

compounds tested altered the expression of CYP11B2, which is involved in

the synthesis of aldosterone. Expression of CYP19 (aromatase) was also altered,
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though it was much less sensitive to exposure to the PBDE metabolites. Treatment-

related effects on aromatase activity and 17b-estradiol activity were observed,

though a consistent or dose-dependent relationship was unclear. The authors con-

cluded that several metabolites adversely impacted steroidogenesis in vitro in this

cell line.

Another group of researchers had previously reported on aromatase activity (and

other endpoints) following exposures to PBDEs and other BFRs in vitro [40] using

the same human adrenocortical carcinoma cells (H295R cell line). Micromolar

concentrations of 19 PBDE congeners, 5 hydroxylated PBDEs, 1 methoxylated

PBDE, TBBPA, TBBPA-DBPE, 2,4,6-tribromophenol (TBP), 4-bromophenol

(4BP), and 2,4,6-tribromoanisole (TBA) were evaluated for inhibitory effects on

aromatase activity. 6-OH-BDE47 and 6-OH-BDE99 demonstrated concentration-

dependent inhibition of activity (though the authors note that some of this inhibition

may have been due to cytotoxicity). TBP and the methoxy-PBDE also caused

treatment-related inhibition of aromatase activity. The authors noted that chemical

structure influenced toxicity, demonstrating the importance of structure–activity

relationships for these compounds. This study provides useful information con-

cerning the synthesis of estrogens resulting from exposure to BFRs.

This same group of researchers [41] published additional findings on a potential

mechanism of action associated with CYP17 enzymatic activities following expo-

sures to various PBDE congeners and their hydroxylated derivatives in the same

cell line (H295R cells). CYP17 is involved in sex hormone steroidogenesis and is

required for the biosynthesis of DHEA and androstenedione. Using an in vitro

system designed by the authors, various endpoints were evaluated, each aimed at

understanding key events in CYP17 activity following exposures. Results indicated

that some hydroxylated PBDEs had the potential to disrupt CYP17 activity in the

in vitro system. Effects were clearly congener specific and did not demonstrate a

clear structure–activity relationship. The authors further noted that the relevance of

these events in vivo has not been adequately determined, and thus additional

research is required to further understand the impact of this propose mechanism

of action in humans.

A fourth study reported on changes to aromatase activity, though the findings

reported by these authors [42] were not as consistent as those reported by Hu and

colleagues [43]. In this study, 15 PBDE metabolites, 2 commercial PBDE mixtures

(DE-71 and DE-79), and TBBPAwere evaluated for the potential to induce changes

in gene expression, aromatase activity, and levels of testosterone and 17b-estradiol
in the H295R human adrenocortical carcinoma cell line. Of all the compounds

evaluated, only selected hydroxylated PBDE metabolites induced changes in

expression of steroidogenic genes. Similarly, only selected PBDE metabolites

induced changes in aromatase activity. None of the compounds impacted sex

hormone production at the concentrations tested. Thus, the important finding of

this study demonstrated that the observed changes in gene expression did not result

in functional changes in enzyme activity.

In an effort to more fully understand toxicity during fetal development, Shao

et al. [44] evaluated the mechanisms associated with BDE-47-mediated injury in
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primary human fetal liver hematopoeitic stem cells. Exposure to BDE 47 at con-

centrations in the low micromolar range led to a loss of mitochondrial membrane

potential and apoptosis. At a high concentration (50 mM), a loss of viability and

generation of ROS were observed. While the authors noted that the findings

supported the role for oxidative stress in the cytotoxicity of BDE 47, they also

noted that the findings should be interpreted with caution, given the in vitro model

and relevance of high concentrations.

2.3.2 Metabolism

Two important studies have been published characterizing the metabolism of

selected PBDE congeners. One of the most important scientific data gaps in the

health assessment of these compounds revolves around understanding the kinetics

of the various BDE congeners in humans, given the widespread, ongoing use of

commercial Deca relative to the discontinued production of the lower brominated

commercial mixtures, Penta and Octa. BDE 47 remains the most commonly

measured congener in human biomonitoring exercises, followed by other lower

brominated congeners. Thus, characterizing the scientific rationale for its domi-

nance (despite the low international usage) is very important, particularly consid-

ering that the lower brominated congeners may have greater toxicity.

A key study characterized the capacity of human liver cells to metabolize BDE

congeners 99 and 209 [45], the primary congeners found in the PentaBDE and

DecaBDE commercial mixtures. Specifically, the objective was to determine

whether reductively debrominated and/or hydroxylated metabolites occurred.

The study authors also reported changes in gene expression in an effort to identify

and/or examine genes coding for enzymes involved in PBDE metabolism via

oxidative and reductive pathways. Hepatocytes from three human donors (two

cryopreserved and one fresh) were exposed to BDE 99 or 209 for up to 72 h at a

concentration of ~10 mM. The majority of BDE 209 was recovered, suggesting

little metabolism or perhaps little uptake into the cell, whereas much less BDE 99

was recovered, suggesting metabolism of the parent compound. No reductively

debrominated metabolites were identified with exposures to either BDE com-

pound. The authors noted that these findings were in contrast to in vitro studies in

fish. Several oxidative metabolites were identified following exposures to BDE

99, but not 209.

Results of the gene expression component of this study demonstrated upregula-

tion of mRNA expression of CYP1A2, CYP3A4, deiodinase type 1 (DI1), and

glutathione S-transferase M1 (GSTM1) by both BDE congeners. The authors

suggested that the measurement of oxidative metabolites of BDE 99 and upregula-

tion of CYP enzymes support a role for CYP-mediated metabolism. The upregu-

lation of deiodinase enzymes is also of interest, given their role in thyroid

homeostasis. These data also further demonstrate the need for congener-specific

assessment in humans, given that the metabolism of BDE 99 and 209 is clearly

different.
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Lupton et al. [46] reported similar findings: the more fully brominated congener

BDE 153 was not metabolized by human liver microsomes, yet BDE 47 and 99

were. In this study, exposures were limited to 120 min. Multiple metabolites were

identified for both BDEs 47 and 99. Importantly, the authors also reported large

interindividual differences.

2.3.3 Interpretation of Mechanistic Studies in Human Cells

With respect to neurotoxicity, the studies generally demonstrate treatment-related

effects on toxicity, including apoptosis, decreased cell viability, and altered differ-

entiation in human neuroblastoma and primary fetal hNPCs following exposures to

the lower brominated congeners typically found in the environment (i.e., BDEs 47

and 99). Several other congeners, including hydroxylated congeners, were investi-

gated in studies assessing cell viability, proliferation, DNA damage (often assessed

by measuring ROS), cell signaling, and gene expression. Similar to the neurotoxic-

ity studies, BDE 47 and the commercial mixture DE-71 appeared to be the most

potent in these assays, though one study found that BDE 209 inhibited cell viability

and generated ROS. Because of the inconsistencies among the studies, it is difficult

to determine with confidence whether PBDEs are directly genotoxic, though gen-

erally data lean toward non-genotoxic mechanisms. Several BDE congeners were

also associated with alterations in steroidogenic genes.

One of the primary uncertainties associated with interpreting data derived from

in vitro systems involves extrapolation of the doses used in the studies to environ-

mental exposures. This is of particular importance when the findings of Mundy

et al. [47] are considered. This group of authors evaluated the concentration and

time-dependent accumulation of BDE 47 in primary cultures of rat cortical neurons

in an effort to more fully understand the findings from studies published using

in vitro cell culture models. The authors reported that approximately 15% of the

BDE 47 was associated with the cells, 55% was in the medium, and 30% was in the

culture dish. Addition of serum proteins decreased accumulation, and the total

volume of exposure also influenced accumulation. Thus, these factors can greatly

influence the accumulation of BDE 47 in cells. The authors estimated that the use of

the concentration in the medium underestimates tissue concentrations in the cells by

up to two orders of magnitude.

Despite the shortcomings associated with the in vitro data, the mechanistic

information provided is very useful, particularly considering that the studies were

conducted in human-based cell lines or in primary cells. The data generally indicate

that some PBDE congeners have the potential to cause toxic effects in vitro. These

may translate into downstream effects associated with endocrine disruption, neuro-

toxicity, and developmental toxicity – findings that are consistent with the data in

human studies. And, importantly, these mechanistic studies indicate that BDE

congeners induce differential effects, may act through different mechanisms, and

clearly have different relative potencies.
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3 Tetrabromobisphenol A

In this section, an overview of the data published in animal studies is provided,

followed by a detailed discussion of the health effects observed in humans, primar-

ily in human cell lines. Despite the widespread, high volume use of this compound,

there are relatively few studies available examining toxicity.

3.1 Studies in Laboratory Animals

Data are available to characterize a number of endpoints following exposures

to TBBPA in laboratory animals, including acute toxicity, skin sensitization,

neurotoxicity, reproductive toxicity, genotoxicity, and endocrine disruption. This

research has been conducted in a number of species, including rats, mice, and

rabbits, and ranges from very short exposures to chronic 90-day exposures. Many of

the studies have used rather high doses, and toxicity has been seen mainly following

oral exposures. TBBPA is generally considered to act via different mechanisms/

elicit differential toxicity as compared to other commonly studied BFRs, given its

structure and kinetic properties.

TBBPA demonstrates low acute toxicity by all routes of exposure in all species

evaluated. Studies in rats provide LC50 and oral LD50 values of >1.3 mg/l (1 h)

and >50 g/kg, respectively, and studies on mice resulted in a similarly high LD50

of >10 g/kg [48–52]. LD50 values from dermal exposure to rabbits were >10 g/kg

[49, 53]. No significant toxic effects were noted after administration of TBBPA via

any route of exposure in these studies. Furthermore, TBBPA is not considered to be

irritating to the eye, skin, or respiratory tract, and is not a corrosive agent [48].

Dietary levels of 0.05–100 mg TBBPA/kg body weight/day in 30- and 90-day

rodent studies did not produce any effects on behavior, appearance, food con-

sumption, body weight gain, or mortality [54], and more recent 90-day repeated-

dose studies showed that oral exposures did not cause adverse effects at doses up to

1,000 mg/kg [55–57]. No adverse effect on fertility, reproductive performance,

development, or neurobehavioral effects were noted in rats in a two-generational

study [48, 58, 59]. However, more recent studies have also shown that prenatal and

postnatal exposure can result in lipid metabolic disorders and hepatic or kidney

lesions [60, 61], as well as changes in behavior, locomotion, and hearing [62, 63].

However, Williams and DeSesso [64] found no adverse developmental neurotoxic

effects associated with exposure to TBBPA. Further research is clearly warranted in

this area.

TBBPA has produced negative results in several in vitro mutagenicity assays

[65, 66], a chromosomal aberration study [67], and an intragenic recombination

assay [68] using bacterial strains, yeast, and mammalian cells, and is therefore not

considered genotoxic. No studies have yet addressed the carcinogenic potential

of TBBPA.
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In vitro, TBBPA is toxic to cerebellar granule cells, induces calcium influx,

inhibits dopamine, generates free radicals, and induces cell death (LC50 ¼ 7 mM)

[69–71]. In isolated liver cells, exposure also results in membrane dysfunction and

inhibits the activity of a key mixed-function oxidase, cytochrome P450 2C9

(CYP2C9) [72], although no effects on rat hepatic CYP levels were seen in vivo

[73]. TBBPA is also highly immunotoxic in culture, which is demonstrated by its

ability to specifically inhibit the expression of CD25 at concentrations as low as

3 mM [129].

Some concerns regarding the potential for adverse effects from TBBPA focus on

the possibility that TBBPA may act as an endocrine disruptor by two mechanisms:

competitively binding to estrogen receptors, which was postulated due to the

structural similarities of TBBPA to a known weak estrogen, bisphenol A; and

disruption of thyroid homeostasis. Some in vitro estrogen assays showed that

TBBPA does not display estrogenic activity [74, 75]; however, TBBPA exhibited

estrogenic effects in a mouse uterotropic assay [76]. TBBPA was a potent inhibitor

of E2 sulfation in an E2SULT in vitro assay with an IC50 of 0.016 mM, making it

almost 13 times more potent than PCP [77]. Very recently, Li et al. [78] showed that

TBBPA is an estrogen receptor (ERa) agonist and progesterone receptor (PR)

antagonist in yeast.

The central mechanism of TBBPA toxicity is thought to be through disruption of

thyroid homeostasis [3]. This is of primary importance during development when

small thyroidal changes in the mother can result in cognitive defects in the children

[79]. TBBPA inhibited T3 and thyroid hormone receptor binding, enhanced prolifer-

ation of rat pituitary GH3 cells stimulating their production of growth hormone, and

enhanced the proliferation of MtT/E-2 cells, whose growth is estrogen dependent

[80]. A recent in vitro assay suggested that TBBPA can evoke a receptor-mediated

thyroidal response based on evidence that TBBPA acts as a weak agonist up to 1 mM,

but exhibits an antagonistic effect on the thyroid hormone receptor above 5 mM [81].

TBBPA shows considerable binding ability to TTR, a key T4 transport protein in the

blood, with an affinity up to ten times greater than that of T4 [74, 77]. An in vivo

study showed no effect of TBBPA on maternal or fetal T3, T4, or TTR levels;

however, TSH levels in fetal plasma were increased, indicating a distinct mechanism

of thyroid homeostasis disruption in vivo [82]. In addition, a 14-week reproduction

study in mice showed an increase in T3 and decrease in circulating T4 [83]. This

study also observed brainstem auditory evoked potentials (BAEP) and saw responses

indicative of changes in hearing latency and hearing threshold [62].

3.2 Studies in Humans

Human studies of TBBPA are generally limited to in vitro assays evaluating

mechanisms associated with toxicities observed in laboratory species. However,

TBBPA was evaluated in a multiple insult sensitization test conducted on 54 human
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subjects and was not found to be a skin sensitizer [48]. In vitro studies have

demonstrated that TBBPA induces a dose-dependent formation of ROS and cal-

cium levels in human neutrophils [84] and anti-estrogenic activity against 17b-
estradiol in a human breast cancer cell line [85]. TBBPA was also shown to

compete for binding to the estrogen receptor and to induce proliferation in human

breast cell lines [86]. Other data based on assessments in human cell lines, dis-

cussed below, demonstrate important kinetic parameters and immunotoxicity asso-

ciated with exposures to TBBPA.

Schauer et al. [87] characterized metabolic capacities across species. Both

humans and rats were exposed to TBBPA via oral administration, and similar

metabolite profiles were reported in both species. However, the presence of

TBBPA-sulfate was not measured, whereas TBBPA-glucuronide was detected

in the blood of all human subjects. Additional metabolites were measured in rats,

but this may have been associated with the differential dose levels (0.1 mg/kg in

humans and 300 mg/kg in rats). Based on time course analysis, TBBPA was

absorbed and rapidly conjugated, suggesting that TBBPA has low systemic

bioavailability in both humans and rats. Zalko et al. [88] also reported important

toxicokinetic findings related to TBBPA metabolism in both rats and humans

using an in vitro approach. No major qualitative differences in in vitro metabo-

lism using human and rat subcellular fractions (microsomes and S9) were

observed following exposure to 20–200 mM TBBPA. Two primary metabolites

were noted in both species: a hepta-brominated dimer-like compound and a hexa-

brominated compound with three aromatic rings. These data are useful in evalu-

ating human health risk, particularly when the majority of data are in animal

models.

Data reported by Kibakaya et al. [89] suggest the potential for TBBPA to induce

the immunosuppressive effects in human natural killer cells. Cells were exposed

to TBBPA at varying concentrations for up to 6 days and then evaluated for lytic

function, tumor-target-binding function, and ATP levels. TBBPA exposures

resulted in dose-dependent decreases in all parameters evaluated; however, at

concentrations �2.5 mM, ATP concentration was not impacted. Additional assays

in which cells were only exposed to TBBPA for 1 h and then left in TBBPA-free

media for up to 6 days resulted in decreased lytic function, but did not impact

binding or ATP levels. These data are important as interference with natural killer

cell function could increase the risk of viral infection or other adverse effects (e.g.,

tumor promotion).

4 Hexabromocyclododecane

In this section, an overview of the data published in animal studies is provided,

followed by a discussion of the health effects observed in humans (primarily human

cell lines). Despite the widespread, high volume use of this compound, there are

relatively few studies available characterizing toxicity. Even fewer studies fully
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characterized the compound with respect to stereoisomer composition, which may

be of particular importance with respect to both exposure and toxicity.

4.1 Studies in Laboratory Animals

Data are available to characterize a number of endpoints following exposure to

HBCD in laboratory animals, including acute toxicity, skin irritation/sensitization,

hepatic and thyroid toxicity, neurotoxicity, reproductive toxicity, and genotoxicity.

This research has been conducted in a number of species, including rats, mice, and

rabbits, and ranges from very short exposures to chronic 90-day exposures. Many of

the studies have used rather high oral doses.

HBCD has very low acute toxicity following oral, inhalation, or dermal exposures.

Two early studies addressing dermal toxicity of HBCD on white New Zealand

rabbits documented no effects after occluded patch exposure at the highest dose of

20 g/kg [90, 91]. When mice and rats were administered doses of 20–40 g/kg of

HBCD by gavage, no deaths were observed though some studies noted animals with

slight diarrhea, transitory hypoactivity, trembling, and body weight reduction

[91–95]. In acute inhalation studies in rats, no deaths were observed following

exposure to 202 mg/l for 4 h, or 200 mg/l for 1 h [90, 91].

Several guideline-based studies have been conducted evaluating the irritation

and sensitization potential of HBCD. Results generally indicate that although some

mild irritation occurred, effects were not significant enough for HBCDD to be

classified as an irritant or corrosive [96]. HBCD is also not considered a skin

sensitizer based on output from both the Magnusson–Kligmann test and Local

Lymph Node (LLN) assay [97, 98].

Repeated-dose oral toxicity studies collectively point to the liver and thyroid as

target organs for HBCD toxicity; these data are generally supported by in vitro

assays. Early 28- and 90-day feeding studies in rats showed significant, dose-

related, increased relative liver weights [99, 100]. In the 28-day study only, both

sexes exhibited thyroid hyperplasia at the lowest administered dose (940 mg/kg-

day). Increased liver weight was also observed by Chengelis [101] following a

28-day exposure in rats. Additionally, thyroid weight was increased in females

(300 mg/kg-day), and changes in serum T4 and TSH were apparent in all rats

administered 100 mg/kg-day or higher. A similar 28-day study found that female

rats exhibited significant increased absolute liver and thyroid weight and decreased

serum T4 levels, with effect-specific NOAELs of 23, 2, and 55 mg/kg-day, respec-

tively [102]. The most recent 28-day study focused on changes in hepatic gene

expression, identifying lipid metabolism, cholesterol biosynthesis, and phase I and

II metabolism as affected pathways [103].

Several studies have shown that HBCD does not have substantial mutagenic

or cytotoxic potential [104–109]. Additionally, an in vivo micronucleus test in mice

showed no clastogenic activity [110]. Additionally, a chronic feeding study on mice

evaluated the effects of up to 1,300 mg/kg-day HBCD after 18 months [96].
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While various types of tumors were observed in several organs, incidences were

sporadic and the authors determined them not to be substance related. Collectively,

these data indicate that HBCD lacks significant genotoxic potential in vitro as well

as in vivo.

A two-generation, reproductive toxicity study on rats suggested a NOAEL of

10 mg/kg-day based on decreased fertility index and number of primordial follicles

[111]. Although this study demonstrated increased pup mortality during lactation,

there was no evidence of fetotoxicity, teratogenicity, or adverse effects on postpartum

development; this is confirmed in two other studies [112, 113]. A recent study

identified several adverse effects in F1 offspring, including decreased bone density,

testis weight, and fraction of nuclear granulocytes [114]. Neonatal HBCD exposure

has been shown to have adverse effects on neurodevelopment [69, 111, 115, 116, 130].

HBCD has also been shown to block dopamine uptake in rat brain synaptosomes

in vitro [69] and inhibit neurotransmitter release [117].

4.2 Studies in Humans

A handful of in vitro studies in human cell lines have reported on the cytotoxicity,

receptor binding, and changes in gene expression associated with HBCD exposures.

These studies underscore the importance of evaluating specific stereoisomers as

there are clearly differences in toxicokinetic profiles [118] and toxicity. For exam-

ple, using a cell line derived from human liver tissue, Zhang et al. [119] evaluated

the cytotoxicity of the six a-, b-, and g-HBCD (+/�) enantiomers. Various release

assays were used to evaluate cytotoxicity following exposures to HBCD in Hep G2

cells, resulting in a potency of g > b > a. The authors further noted that Hep G2

cells exposed to (+) enantiomers expressed significantly lower cell viability than

those exposed to (�) enantiomers. Additional assays revealed a positive correlation

between LDH release and ROS formation, leading the authors to posit that HBCD

toxicity may be mediated via oxidative damage.

Changes in gene expression and DNA methylation were also evaluated in

HepG2 cells as well as in primary human hepatocytes [120]. At the concentrations

tested, HBCD exposures did not impact DNA methylation globally, though it did

cause a lack of promoter demethylation in specific regions in primary hepatocytes.

Expression of mRNA from specific genes associated with key events in the cell

cycle was also evaluated for potential correlations with DNA methylation status. In

primary hepatocytes, N-cym was upregulated by HBCD, whereas p16, RB1, ERa,
ERb, and N-cym were downregulated in HepG2 cells. Given these findings, the

authors concluded that there was no correlation between proliferation and DNA

methylation. The findings of this study also provide important information regard-

ing the differential responses between a human-derived tumor cell line and primary

human cells.

Hinkson and Whalen [121] evaluated the immunotoxicity of HBCD in human

natural killer cells in vitro; the authors noted that adverse effects in these cells could

42 D.S. Wikoff and L. Birnbaum



be associated with an increased risk of tumor development and/or viral infections.

Cells were exposed for various lengths of time to concentrations of HBCD, result-

ing in decreased lytic function and decreases in ATP. The lack of a consistent

relationship between the two, or a relationship with time or dose, makes the findings

only qualitatively useful with respect to potential impacts on the human immune

system. These researchers posited that these findings were due to decreased binding

and cell-surface marker expression [122] in human NK cells. Using the same cell

line, HBCD exposures caused a significant decrease in NK cell binding and

expression of multiple cell-surface proteins; these effects appeared to have a strong

relationship with dose and time.

Using an in vitro system based on transfected human liver cells (HeLaTR),

Yamada-Okabe et al. [123] assessed activation of the thyroid receptor by HBCD

(and other compounds). Results indicated that the receptor was activated in the

presence of T3, though at a relatively low level compared to other activators. This

study also included an assessment of cytotoxicity; authors reported that HBCD did

not cause toxicity or proliferation in this cell line at the doses tested.

The only human study evaluating the toxicity of HBCD was performed in 1972

and evaluated skin sensitization [96, 124]. Patches of fabric soaked in 10% HBCD

were worn for 6 days, removed for 2 weeks, and reapplied for 48 h. No skin

reactions were reported in any subjects at any evaluation.

5 Assessment of Human Health Risk by Regulatory Agencies

In an effort to put into perspective the health effects observed in laboratory studies

and in humans following exposures to PBDEs, HBCD, and TBBPA, we have

provided a short discussion on the health assessments conducted by regulatory

bodies for these compounds. Information is provided regarding assessments

issued in the USA and Europe. Although these regulatory bodies take different

approaches when evaluating risk, both consider the weight of the evidence

available, focus on a critical effect, and then quantitatively evaluate safe levels

of exposure.

5.1 The United States

In the USA, the Environmental Protection Agency (USEPA) developed various

toxicological benchmarks for several PBDE congeners, but not HBCD or TBBPA,

as part of the Integrated Risk Information System [1, 2, 6, 8]. This human health

assessment program evaluated quantitative and qualitative risk information on

effects that may result from exposure to a specific chemical in the environment.

When supported by available data, information to characterize hazard and dose–

response relationships is used to develop cancer and noncancer toxicological
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benchmarks (e.g., oral reference dose for noncancer and an oral slope factor for

cancer). These toxicological benchmarks are then used to quantify health risk. For

BDEs 47, 99, 153, and 209, oral reference doses (RfDs) were developed. RfDs are

defined as an estimate (with uncertainty spanning perhaps an order of magnitude) of

a daily exposure to the human population (including sensitive subgroups) that is

likely to be without an appreciable risk of deleterious effects during a lifetime

(expressed as milligram of substance/kilogram body weight-day) [125]. For BDE

209, the USEPA also derived an oral cancer slope factor (note: it was the only

congener with data for carcinogenic assessment). A slope factor is defined as an

upper bound, approximating a 95% confidence limit, on the increased cancer risk

from a lifetime exposure to an agent by ingestion (expressed as units of proportion

affected per milligram of substance/kilogram body weight-day) [125].

Because no human studies were available when the assessment was conducted,

all toxicological benchmarks derived by the USEPA were based on animal studies.

For each congener, a critical study was first selected and then a principal effect for

the point of departure (e.g., no observed adverse effect level) was identified.

Standard mathematical equations were then used to derive the benchmarks; for

the noncancer assessment, uncertainty factors (UFs) were included in the calcula-

tion. The approach and resulting toxicological benchmark values are described

below:

l BDE 47: RfD ¼ 0.0001 mg/kg-day based on decreased habituation in mice in a

neurobehavioral study reported by Eriksson et al. [126]. Benchmark dose mod-

eling was applied to this dataset to develop a POD (0.35 mg/kg). An UF of 3,000

was then applied to develop the RfD [intraspecies variability (10), interhuman

variability (10), extrapolation from subchronic to chronic (3), and database

deficiencies (10)].
l BDE 99: RfD ¼ 0.0001 mg/kg-day based on rearing habituation in a neurobe-

havioral study in mice reported by Viberg et al. [127]. Benchmark dose

modeling was applied to this dataset to develop a POD (0.29 mg/kg). An UF

of 3000 was then applied (based on the UFs described for BDE 47) to develop

the RfD.
l BDE 153: RfD ¼ 0.0002 mg/kg-day based on spontaneous motor behavior and

learning ability in mice as reported by Viberg et al. [7]. USEPA concluded that

this was the only available study appropriate for dose–response. As such, the

USEPA relied on the NOAEL of 0.45 mg/kg as the POD. As for BDEs 47 and

99, an UF of 3,000 was then applied to develop the RfD.
l BDE 209: RfD ¼ 0.007 mg/kg-day based neurobehavioral changes in mice as

reported by Viberg et al. [7]. USEPA relied on NOAEL of 2.22 mg/kg-day as the

POD and applied UFs for interhuman variability (10), interspecies variability

(10), and extrapolation from subchronic to chronic exposures (3). The oral CSF
of 7 � 10�4/mg/kg-day was based on neoplastic nodules or carcinomas (com-

bined) in the liver of male rats in a 2-year bioassay conducted by the National

Toxicology Program [13].
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5.2 Europe

The European Union (EU) has issued Risk Assessment Reports (RARs) for the

PentaBDE, OctaBDE, and DecaBDE commercial mixtures. Based on an overall

evaluation of the data, selection of critical endpoints and studies, and assessment of

the margin of safety (MOS) between exposures and effects, conclusions regarding

human health effects are assigned. In the final RAR for Deca [32], the EU

determined that with respect to human health, there is at present no need for further

information and/or testing and no need for risk reduction measures beyond those

that were already being applied. For octabromo derivatives, the EU reported that

there was a need for further information and/or testing, and that there was a need for

limiting the risk in workers and in humans exposed via the environment [128]. This

conclusion was based on the data demonstrating potential endocrine disruption

(primarily thyroid hormones) with specific considerations regarding exposures

during sensitive life stages such as breast feeding.

In the RAR for pentabromodiphenyl ethercongeners, it was determined that

there was a need for further information and/or testing for occupationally exposed

humans [14]. This was based on hepatic effects observed in laboratory studies with

considerations related to the bioaccumulative potential of these compounds in

combination with exposure levels. The lack of data characterizing toxicity follow-

ing dermal exposures was also considered a significant gap when determining risk.

Because of these same uncertainties, the EU assigned two conclusions regarding

human exposed indirectly via the environment: (a) there is a need for further

information and/or testing and (b) there is at present no need for further information

and/or testing for risk reduction measures beyond those which are being applied

already, as the synthesis and use of this compound were banned in the EU in 2004,

and production voluntarily ceased in the USA that same year. The EU suggested the

need for data on potential effects associated with lifelong exposures as well as the

need to characterize exposure data from local sources. Furthermore, when consid-

ering combined exposures, the EU concluded that there was a clear need for further

information and/or testing due to the MOS (described as unacceptably low) asso-

ciated with both liver effects and behavioral effects. When evaluating exposures to

infants via breast milk, the EU identified many data gaps that resulted in a need for

further information or testing. The data needs included data on pharmacokinetics,

more data on developmental effects, and more data on repeated-dose exposures

(note: many of these data gaps were related to extrapolating observed effects in

laboratory studies to potential effects in humans).

5.3 Stockholm Convention

Over the past several years, many of the PBDEs have been added to the United

Nations Stockholm Convention on POPs. Commercial PentaBDE was the first
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to be added in 2005, followed by HexaBDE and HeptaBDE (identified as the

main components of the commercial octabromodiphenyl ether mixture). The later

compounds are listed under Annex A with a specific exemption for use in articles

containing these chemicals for recycling. TetraBDE and PentaBDE (identified

as commercial pentabromodiphenyl ether mixture compounds) are also listed

under Annex A with an exemption for use as articles containing these chemicals

for recycling. More recently, HBCD was nominated for inclusion as a POP under

the Stockholm Convention. The review committee determined that because

of its persistence, adverse effects, bioaccumulative properties, and long range

transport, further evaluations would be conducted with the intention of future

inclusion.

6 Conclusions

The widespread production and use of BFRs, and strong evidence of increasing

contamination of the environment and people by these chemicals heighten the

importance of identifying emerging issues and data gaps, and of generating a

future research agenda. Available data clearly indicate that exposures to PBDEs,

TBBPA, and HBCD can result in adverse effects. Although the effects are

compound- and dose-dependent, the primary endpoint of concern appears to be

disruption of the endocrine system. The mechanism(s) are not well delineated

but may include estrogenic activity, androgenic activity, variations in receptor

binding (CAR and PXR), and, most likely, disruptions to thyroid hormones.

Other effects of concern include hepatotoxicity and neurotoxicity, the later

particularly during development. However, more studies are needed to elucidate

the dose–response relationship for these effects in humans. For example, it has

been stated that due to species differences in thyroid metabolism, it is unlikely

that effects on the thyroid status via an induction of phase II hepatic enzymes

would occur in humans. However, mechanisms other than hepatic metabolism

cannot be disregarded, particularly in light of findings reported in several

epidemiological studies on PBDEs. Further research is also needed to understand

potential health effects associated with PBDE congeners not typically studied,

and in particular, higher brominated congeners that may be associated with the

breakdown of BDE 209. More toxicity studies are also needed on HBCD and

TBBPA – particularly carcinogenicity studies and studies including in utero

exposures, as well as a number of alternative BFRs that are replacing these

compounds in commerce.

Disclaimer This chapter does not reflect the opinions or policies of the National Institutes of

Health. The use of trade, firm, or corporation names in this publication is for the information and

convenience of the reader. Such use does not constitute an official endorsement or approval by the

NIH.
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Sample Preparation and Chromatographic

Methods Applied to Congener-Specific Analysis

of Polybrominated Diphenyl Ethers

Adrian Covaci, Alin C. Dirtu, Stefan Voorspoels, Laurence Roosens,

and Peter Lepom

Abstract This chapter reviews the recent literature and highlights the technical and

methodological improvements in the analysis of polybrominated diphenyl ethers

(PBDEs). Sample preparation, extraction of the analytes and clean-up are discussed

with emphasis on recent developments. Gas chromatography coupled with mass

spectrometry (GC-MS) is discussed for the instrumental analysis of PBDEs. The

most important parameters that may affect accurate measurements of PBDEs are

also included. Information related to quality assurance/quality control (QA/QC)

procedures used in the analysis of PBDEs, including method validation parameters

and possible sources for biased results, is given in detail. An overview of recent
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inter-laboratory studies on PBDEs and a discussion of the scores and outcomes

conclude the chapter.
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1 Introduction

Due to their widespread environmental occurrence and their possible adverse

effects in organisms, brominated flame retardants (BFRs), such as polybrominated

diphenyl ethers (PBDEs), hexabromocyclododecane (HBCD) and tetrabromobi-

sphenol-A (TBBP-A), are being determined in a growing number of laboratories.

Analytical methods for BFRs have shown a rapid development and they were in

many cases based on protocols previously established for other persistent organic

pollutants (POPs), such as organochlorine pesticides (OCPs), polychlorinated

biphenyls (PCBs) or polychlorinated dioxins and furans (PCDD/Fs). Although

different properties of BFRs (e.g. polarity or vapour pressure) suggest that different

procedures should be applied for their analysis, some common approaches can be

found depending on the analyte, and the type of sample or detection method [1–4].

Some compounds, such as individual HBCD isomers and TBBP-A, may require

specific analytical approaches due to their particular properties [126]. The methods

described in the literature for the analysis of PBDEs have been reviewed in the past

years [2–5]. This chapter focuses on recent literature until 2010 and highlights the

technical and methodological improvements in the analysis of PBDEs. It also gives

detailed information on quality assurance issues including results of recent inter-

laboratory studies
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2 Sample Preparation

Although sampling is a crucial step in the complete analytical process, it is not

considered in this chapter since the approach needed for BFRs is not different than

for other POPs. The sample preparation will therefore be covered from sample

collection onwards. Since the use and production of PBDEs have been restricted and

concentrations of some congeners are declining in many regions, scientists were

encouraged to search for more sensitive and selective analytical techniques to

monitor current environmental levels. This has resulted in a growing number of

analytical papers exploring alternate sample preparation methodologies (Table 1)

for the analysis of PBDEs in abiotic and biotic matrices. In order of execution,

sample preparation usually consists of sample pre-treatment, extraction of the

analytes and clean-up of the crude extract.

2.1 Sample Pre-Treatment

If non-polar solvents are used during sample preparation, the matrix has to be

water-free to enable extraction of the analytes. Biological samples, such as food and

tissue samples, are often subjected to water depletion by mixing the sample with

sodium sulphate or by freeze drying. Subsequent thorough mixing ensures a

homogeneous and water-free matrix. Soil, sediment, sludge and dust samples

should be dried before extraction. In addition, they may be sieved to ensure particle

size homogeneity and to facilitate further manipulations of the samples, but this is

not imperative for a successful extraction or clean-up procedure.

Analysis of hair requires a different sample pre-treatment [32]. This matrix

received increasing attention in medical settings where hair analyses are indicative

of pharmaceutical and illicit drug use. The hair has to be washed to eliminate

external contamination, dried and cut. Subsequent destruction of the hair matrix is

necessary to enable the extraction of the analytes. Destruction can consist of an acid

digestion with HCl or a basic digestion with NaOH followed by an overnight

incubation at 40–50�C. Tadeo et al. [32] have investigated different sample pre-

treatment techniques to analyse the PBDE content of hair. Acidic digestion provided

cleaner hair extracts with less interfering compounds than those obtained with

alkaline digestion. Moreover, alkaline digestion may degrade some halogenated

compounds (such as some OCPs), although this effect was not observed for PBDEs.

2.2 Extraction

There are some particularities in the sample extraction for PBDE analysis that

requires additional attention. First, the wide range in molecular weights of the

PBDE congeners (between 250 and 960 u) yields different physical behaviours,

indicating that extraction techniques may not work equally well for all PBDE

Sample Preparation and Chromatographic Methods 57
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congeners alike [37]. Second, the increasing environmental awareness and the need

for lower detection limits require adaptations of the existing extraction and clean-up

procedures. PBDEs can be successfully extracted by Soxhlet or liquid–liquid extrac-

tion (LLE), but this requires lengthy extraction times and high solvent volumes.

Advanced extraction techniques, such as pressurised liquid extraction (PLE),

ultrasonic-assisted extraction (UAE), microwave-assisted extraction (MAE) and

supercritical-fluid extraction (SFE), have recently been introduced to reduce extrac-

tion time and solvent consumption, as well as to improve extraction efficiency.

PLE is widely used for the extraction of PBDEs from solid matrices, such as fish

and sediment. It provides high extraction yields due to the combination of high

temperatures and pressures. The main advantages of this technique are the reduced

extraction time and low solvent consumption, compared to Soxhlet or UAE, and the

possibility to conduct a large number of unsupervised extractions, providing

increased efficiency and better reproducibility. However, solvent type and system-

specific parameters, such as pressure, temperature, heating time, static time, flush

volume, purge time and static cycles, need to be thoroughly optimised for optimal

analyte recoveries. For the analysis of milk samples, an additional advantage of

PLE is its capability to disrupt fat globules and release contaminants from milk

resulting in improved extraction yields [33]. PLE has been successfully used to

extract PBDEs from human and environmental samples, such as milk [33, 38],

sediment and fish [38]. Although PLE has many advantages over other extraction

techniques, an extensive clean-up of PLE extracts is often required due to the large

amounts of co-extracted compounds (Table 1).

MAE is based on the application of microwave energy to heat the extraction

solvent, while controlling temperature, pressure and microwave energy. The main

advantage of MAE is a significantly reduced solvent consumption, as low as 20 mL

of solvent per sample [21]. Temperature and pressure control allow the heating of

the solvent system under pressure above its boiling point. Due to the combination of

high pressure and high temperature, the solvent remains liquid, promoting analyte

diffusion. The extraction time is shortened compared to Soxhlet extraction. How-

ever, optimisation of influential factors, such as extraction temperature, particle

size, hold-up time and the employed solvent system, is necessary. The addition of

polar compounds, such as methanol, is required for microwave absorption and

therefore for heating of the extraction solvent. Mixtures of polar with non-polar

solvents are commonly used in MAE (e.g. acetone:n-hexane, isopropanol:cyclo-
hexane, xylene:dichloromethane or methanol:toluene). The extraction of BDE-209

from e-waste resulted in low extraction yields due to its high molecular weight and

its non-polar nature [22]. Therefore, the extraction of BDE-209 might require

additional adaptations, such as higher temperature and longer extraction time.

Matrix solid-phase dispersion (MSPD) is increasingly used for extracting

contaminants from a variety of solid and semi-solid matrices. The basic procedure

comprises three major steps: (1) sample grinding in the presence of an excess

amount of sorbent (e.g. alumina), (2) loading of the ground mixture onto an empty

SPE cartridge, and (3) elution with a suitable solvent. Prior to elution, extraction

can be facilitated by placing the cartridges in an ultrasonic water bath [17].
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The efficiency of the MSPD depends on multiple factors, particularly the sorbent

type and the eluting solvent. A careful selection according to the sample matrix and

the substance/substance group to be analysed and the sample matrix is therefore

critical. The advantages of MSPD are its simplicity, efficiency, low cost, and its

speed due to simultaneous extraction and clean-up. MSPD extraction has also been

proven useful in the analysis of placental tissue [34], which requires an extraction

technique that is vigorous enough to surface the analytes buried in the tissue. The

optimised MSPD method performed similarly to the Soxhlet extraction [34].

Solid-phase microextraction (SPME) is increasingly being used for the determi-

nation of PBDEs in various samples, such as water, sediment, biota tissue and in

manufactured products. In SPME, the analytes are absorbed on a silica fibre coated

with a thin layer of polymers. After insertion of the loaded SPME fibre in the

gas chromatographic (GC) system, the analytes are readily desorbed from

the polymeric fibre, thus eliminating the need for additional sample clean-up.

Headspace SPME has been used to determine PBDEs levels in water, soil, sediment

and sewage sludge [6]. However, due to the broad range in molecular weight

and volatility of PBDEs, relatively high extraction temperatures were required.

Room temperature extraction of a broader spectrum of PBDE congeners from

natural waters by SPME can be obtained by using the organically modified silicate

(Ormosil), an SPME phase that possesses specific selectivity for PBDEs [19]. From

sediments, a significantly lower extraction yield of PBDEs compared to that

from water has been observed. However, mixing of the sediment with potassium

permanganate, sulphuric acid and water had an important positive effect on the

extraction yield of SPME for tetra to hexa-BDEs [19].

The applicability of SPME to PBDEs analysis in wastewater influents has

recently been questioned, since most PBDE congeners are absorbed to the biosolids

during the treatment process, causing a drastic reduction (>95%) of the PBDE

levels in the effluent [39]. Hence, if particle adsorption was predominant in aqueous

media, it might be the best to collect particles and analyse them separately.

Other extraction techniques. A novel technique referred to as cloud point
extraction-ultrasound-assisted back-extraction was recently applied to extract and

pre-concentrate PBDEs from water and soil [7]. This technique is based on the

induction of a micellar-organised medium by using a non-ionic surfactant to extract

PBDEs. To couple this efficient extraction technique with GC analysis, ultrasound-

assisted back-extraction (UABE) into an organic solvent was required. The cloud

point of a non-ionic surfactants aqueous solution is defined as the temperature at

which the solution becomes turbid. The cloud point phenomenon occurs in a narrow

temperature range and depends on the nature of the amphiphile and its concentra-

tion. The analytes are extracted in the surfactant-rich (coacervate) phase, which is

small in volume, and decanted into the bottom of a centrifuge tube. To enable

subsequent GC analysis, a simple back-extraction of the coacervate phase with

isooctane is sufficient. Main advantages include low organic solvent consumption,

low cost, simple set-up, environmental friendliness and no need for sample clean-

up. One should mention that the efficiency of the extraction procedure varies with

sample pH, concentration of surfactant, equilibration time and temperature, matrix
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modifiers and ionic strength. Therefore, to achieve a high extraction efficiency of

PBDEs from the aqueous bulk, these variables were optimised to establish the

optimal working conditions.

2.3 Clean-Up and Fractionation

Clean-up techniques for PBDEs are often based on multiple silica layer columns

containing varying amounts of neutral, acid and basic silica, with different degrees

of acid or base impregnation. Anhydrous sodium sulphate is often added to ensure a

water-free extract after elution with the most suitable organic solvents. Alumina and

Florisil1 columns are also used and can be eluted with similar solvents. Importantly,

the use of pre-packed columns minimises the risk of contamination of the adsorbent

by particles from laboratory air, which might contain PBDEs. Both the minimised

exposure of the sample to dust and the use of relatively small volumes of solvents in

the automated fractionation process should be considered particularly valuable in

PBDE analysis since procedural blanks are often a problem (see below). Efficient

removal of large amounts of lipid may be necessary when analysing biota or food.

This is possible using LLE of the raw extracts with concentrated sulphuric acid [26]

or gel permeation chromatography (GPC). A short summary of the existing clean-up

procedures and their recent applications is illustrated below and in Table 1.

Food samples often have high lipid contents and extracts therefore require an

extensive clean-up, such as sulphuric acid treatment at 60�C for 1 h [9]. Afterwards,

the organic phase can be separated, dried, re-dissolved and fractionated into two

parts using a small glass column filled with activated alumina. The first fraction was

eluted with n-hexane and contained the non-polar constituents, while the second

fraction was eluted with a mixture of DCM and n-hexane (50:50, v/v) and contained
the PBDEs. This clean-up procedure combines the advantages of a clean-up with

sulphuric acid and SPE fractionation. Such procedure is ideal to obtain clean

chromatograms, but requires thorough validation to ensure the stability of the

analytes. Extracts from air and dust, with lower lipid content compared to food

and serum, were subjected to a clean-up on a mixed acid (44% H2SO4, w/w) and

basic silica (33% 1 M NaOH, w/w) column [9], followed by subsequent fraction-

ation on alumina. The hexane fraction was discarded and PBDEs were eluted with

50 mL of n-hexane/DCM (1:1, v/v).

Removal of lipids from marine mussel extracts was tested using a GPC system

filled with Bio-Beads S-X3 and elution with DCM [14]. Subsequent fractionation

was done on silica and alumina, extracts were then treated with concentrated

sulphuric acid and further fractionated using a two-dimensional LC system with

two columns coupled in series. GPC has also been used to clean-up soil samples to

remove humic substances and sulphur [18]. Subsequently, the collected fractions

were eluted with n-hexane through a multilayer silica column. A similar technique

was applied to clean-up soil samples, with acetonitrile as the eluting solvent [17].

Afterwards, the extract was filtered before injection.
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Lacorte et al. [38] developed a comprehensive, highly sensitive and robust ultra-

trace analytical method for the quantification of OH-PBDEs, MeO-PBDEs and their

parent PBDE congeners in relevant environmental matrices (sediment, fish and

milk), by means of PLE, followed by GPC and Florisil1 clean-up. In contrast to

previous studies [40, 41] where PBDEs, OH- and MeO-PBDEs were collected in

separate fractions, all target compounds were eluted in a single fraction, which was

further analysed by GC-HRMS [38].

Another approach modified a clean-up and fractionation technique for PCDD/F

purification from environmental matrices (Table 1) [12]. Adaptations include

changes in the solvent composition and volume and the elimination of the carbon

fractionation step for brominated compounds, which significantly increased the

recovery of PBDEs. In another study, a carbon-dispersed column was used in the

analytical procedure for brominated compounds in air and dust samples [11]. After

clean-up on a mixed silica gel column and elution of the PBDE fraction with

hexane:DCM, the eluate was additionally purified on a carbon-dispersed silica

column and analytes were further eluted with hexane:DCM and toluene. Using

this technique, recoveries for PBDEs and PCBs were 57 and 54%, respectively,

while recoveries of HBCDs and PBDD/DFs ranged between 74 and 126%.

Simultaneous analysis of PBDEs and their HO- and MeO-metabolites in the

same sample requires extensive clean-up and fractionation procedures, owing to

the different nature of the metabolites. Lipids from polar bear tissue extracts were

removed with concentrated H2SO4 and protonated MeSO2-PCBs (remaining in

the acid phase) were separated from all other contaminants, which migrated to

the organic phase [23]. Neutral contaminants (PCBs, PBDEs and MeO-PBDEs)

were separated from halogenated phenolic contaminants (HPCs) by aqueous KOH

partitioning. The organic phase containing the neutral contaminants was further

cleaned on a deactivated Florisil1 column (8 g, 1.2% H2O, w/w). The KOH

fraction, which contains the HPCs, was then acidified with concentrated H2SO4

and the reprotonated HPCs were extracted with MTBE:n-hexane and derivatised to
their MeO-analogues using diazomethane. The MeO-HPCs were purified on a silica

column (3g, 22% H2SO4, w/w) and eluted with 15% DCM in n-hexane (v/v). The
final extract contained OH-PCBs, OH-PBDEs and other HPCs.

3 State-of-the-Art of GC-MS Analysis

GC has become a routine technique for the analysis of PBDEs. Yet, due to their

physico-chemical properties (e.g. vapour pressure or polarity) and to their thermal

instability, specific PBDE congeners need special precautions during GC analysis.

It was shown that thermal degradation may occur during GC analysis of higher

brominated PBDE congeners (especially BDE-209) [42, 43]. Therefore, before

selecting an analysis methodology for PBDEs, the characteristics of the GC system

should carefully be optimised in agreement with the properties of the analytes.

These characteristics include column brand, stationary phase, as well as column
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length, internal diameter and injection technique may have a very strong influence

on the accuracy of PBDE analysis [3, 44]. Finally, the detection technique com-

pletes the set of parameters that have to be optimised for an accurate determination

of PBDEs.

3.1 GC Separation of PBDEs

Sample injection. Although various injection methods can be used for the analysis

of PBDEs, the most common injectors are splitless, on-column and programmable

temperature vaporisation (PTV) injection systems. Their advantages and disadvan-

tages derive primarily from their availability, price, detection limits, extract consti-

tution and discrimination of PBDE congeners on the basis of molecular weight.

Due to the relatively low levels of PBDEs in environmental samples, splitless

injection is the preferred technique, but special precautions should be taken to

minimise thermal degradation and discrimination of higher molecular weight

PBDEs. Therefore, the optimal injector temperature and splitless time should be

kept as high as possible (e.g. 325�C and 4 min, respectively) to obtain an increased

response factor especially for fully brominated PBDE (e.g. BDE-209) [44]. An

attractive way to reduce thermal degradation of PBDEs in injection system is to

apply on-column injection. Its main advantage is that it shortcuts the injector-

interface between extract and column by delivering the extract directly to the

capillary column. As a result, a higher precision for the analysis of BDE-209 was

observed when such injection was applied [44]. One of the main disadvantages is

the need for very clean sample extracts so that potential matrix residues do not

reach the capillary column, giving rise to increased noise, peak tailing, retention

time shifts, more frequent column trimming and reduced column lifetime. Both

splitless and on-column injection methods are limited to volumes from 1 to 3 mL. In
comparison, PTV injection may accommodate up to 125 mL after thorough opti-

misation [45–47]. Although splitless is the most common injection technique,

injections in a properly used PTV system may have some advantages, such as

minimal degradation of labile PBDEs [3, 42, 46]. Recently, it was shown that

especially for the analysis of BDE-209, the use of PTV injector in solvent vent

mode may not only positively influence the response factor of BDE-209, but may

also reduce the formation of its main thermal degradation product, BDE-207 [42].

Capillary column selection. In general, capillary GC columns offer adequate

resolution to determine individual PBDE congeners. To achieve adequate separa-

tion of all PBDE congeners present in the sample and possible interferences, there is

a need for sufficiently long columns (30–50 m) with small internal diameters

(�0.25 mm). In case of clean extracts, the use of short narrow-bore capillary

columns (internal diameter � 0.1 mm) may also provide satisfactory resolution

[45]. To facilitate the selection of the most suitable GC columns for developing a

congener-specific analysis, the elution order of 126 PBDEs was tested on seven

different GC stationary phases [48]. First, less co-elutions for PBDE congeners with
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different bromine numbers were observed compared to PCBs. Second, a stationary

phase-dependent degradation was seen, indicating that column equivalency is not

always a suitable criterion for column selection [46, 48]. The most efficient column

for PBDE congener-specific separation was found to be a DB-XLB (J&W Scien-

tific) column with a DB-1 (J&W Scientific) column as first runner-up. However, the

latter is preferred for routine analysis due to reduced degradation of hepta and

higher brominated PBDE congeners.

Even on the most efficient stationary phases, single dimension GC cannot

separate all PBDE congeners. Of the 126 PBDE congeners that were tested by

Korytár et al., 55 congeners were involved in 22 co-elutions for DB-XLB, which is

the most efficient stationary phase [48]. As a consequence, six column combina-

tions were evaluated for GC � GC separation of PBDEs coupled to m-ECD or

time of flight-mass spectrometry (TOF-MS) detectors [49]. It was concluded that a

DB-1 � 007-65HT (Quadrex) combination was the most suitable due to (1) the

highest number of PBDE congeners separated, (2) less decomposition of higher

brominated congeners, and (3) most suitable maximum operating temperature.

With this set-up, there were only 17 co-eluting pairs involving 35 congeners.

Special precautions are needed for BDE-209 analysis due to its thermal sensi-

tivity and thus its higher susceptibility for degradation in the GC system. Therefore,

the GC column should be relatively short (10–15 m) to reduce the residence time in

the system [1]. Based on the ability of the low pressure-GC (LP-GC) technique to

elute compounds at lower temperatures compared to conventional GC techniques

[50], BDE-209 was analysed at temperatures below the degradability limit. It was

shown that the low elution temperature of BDE-209 (<295�C), combined with its

short residence time in GC lead to minimal thermal degradation [42]. Besides

minimal thermal degradation, the analysis of BDE-209 using LP-GC system

resulted in an analysis time of merely 6.5 min. Baseline separation of 22 PBDE

congeners (major components of PBDE technical mixtures) was possible in less

than 12 min using this LP-GC system (Fig. 1).

Interferences might not only be due to co-eluting congeners, but can also be

caused by other brominated compounds, such as MeO-PBDEs or polybrominated

biphenyls (PBBs). Two MeO-PBDEs, namely 5-MeO-BDE-47 and 5-Cl-6-MeO-

BDE-47, were found to co-elute with BDE-100 and BDE-99, respectively, using

a DB-5 column [40], while BDE-154 and BB-153 were also co-eluting on the

same type of column [2]. Therefore, alternative stationary phases have been

suggested [2, 40].

3.2 Mass Spectrometric Detection for BFRs

The most widely used detectors for PBDE determination are mass spectrometers,

classified into low-resolution (LR) or high-resolution (HR) mass spectrometric

(MS) instruments. The LR-MS instruments are operated either in EI or in

ECNI mode.
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Using EI-MS for PBDE analysis, the major ions formed are [M.]+ and [M-2Br].+,

which can be used for their identification and quantification [51]. The main poten-

tial interferences that may influence the accuracy originate from chlorinated com-

pounds, such as PCBs. For example, the nominal masses corresponding to ions

monitored for di-BDEs and penta-CBs (m/z ¼ 326), and also for tetra-BDEs and

hepta-CBs (m/z ¼ 396) are the same and therefore a resolution power of 24,000

is needed to separate them, if they co-elute on the GC column [3]. However, this

is not recommended due to the significant loss of sensitivity at this elevated

resolution [52].

LR-EI-MS provides a higher selectivity compared to LR-ECNI-MS, since for

the latter only the bromine trace can be monitored (m/z 79 and 81). However, LR-

EI-MS (with quadrupole as mass analyser) is not routinely used for PBDE analysis

due to its relatively low sensitivity, especially when measuring PBDE congeners

with more than six bromine atoms. Recently, GC-EI-MS operated in SIMmode was

used to analyse PBDEs in human hair samples with limit of quantification (LOQ)

as low as 0.3–0.6 ng/g of sample for tri to hepta-BDEs and 3 ng/g of sample for

BDE-209 [32]. Determination of mono to deca-PBDE congeners together with

PBBs in electrical and electronic equipments was also achieved by GC-EI-MS

[53]. Method limits of detection (LOD) ranged between 0.2 and 8 ng/g for mono to

hepta-BDE, and 70 ng/g for BDE-209, respectively.

In contrast to EI, the low-energy electrons (thermal electrons) generated in

ECNI by interactions between a high-energy electron beam and a moderating gas

(e.g. methane), react with the analytes to form negative ions. The electron energy
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Fig. 1 Mass chromatogram (m/z ¼ 79, 487 and 495) of a standard mixture of 22 PBDE congeners

(major components of penta, octa and deca-BDE technical mixtures) injected in the LP-GC-ECNI-

MS system (analytical column: 10 m � 0.53 mm ID, df ¼ 0.15 mm AT-5). Peak numbers

correspond to PBDE congener nomenclature (modified from [42])
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should be low to facilitate electron capture and the specific energy required

for electron capture depends on the molecular structure of the analyte. PBDEs

do normally not form molecular ions or other diagnostic ions under ECNI

conditions (except BDE-209), thus only bromide ions (m/z 79 and 81) may be

monitored.

Compared to EI-MS, ECNI-MS is less selective because non-specific bromide

ions ½Br�� at m/z 79 and 81 are used for the quantification of all homologue

groups, except BDE-209, which gives rise to specific fragments ([C6Br5O]
�; m/z

486.7). However, ECNI-MS is a very sensitive method with LODs that are one

order of magnitude lower than those for LR-EI-MS. Therefore, this technique

proves to be suitable for the analysis of low contaminated samples, such as

human serum and milk. Reliable results have also been obtained for the quantifi-

cation of selected PBDEs in river water and sediment samples. Detection limits

ranged from 3 to 160 pg/L and 5 to 145 pg/g for river water and sediment,

respectively [8]. The use of GC-ECNI-MS in combination with stir-bar sorptive

extraction and automated thermal desorption/cryotrapping was applied for the

simultaneous determination of PBDEs and PBBs in sheep and human serum

samples [36].

Selectivity of LR-ECNI-MS can be improved under optimised conditions.

By optimising the electron energy, emission current, source temperature and

system pressure, the relative abundances of the larger molecular fragments

½M� xH� yBr�� increases and therefore the technique can be used for the moni-

toring of each homologue group instead of the non-specific bromide ions [54].

Monitoring high mass fragments under optimised ion source conditions was suc-

cessfully applied for the determination PBDEs in environmental and biological

samples at concentration levels <0.01 pg in one single instrumental run was

recently described [55]. Good repeatabilities (1.7–9.1%) and reproducibilities

(4.1–20%), and low LODs (e pg/mL) were obtained, allowing PBDEs quantifica-

tion in snow and human serum samples.

Besides MS operated in either EI or ECNI modes, other MS type detectors were

used to analyse PBDEs. PCBs and PBDEs were simultaneously determined in soil

by GC-TOF-MS. Method detection limits ranged between 0.1 and 0.4 mg/kg for

PCBs and 0.1 and 0.6 mg/kg for PBDEs with RSD < 7.3% for PCBs and <6.3%

for PBDEs [56]. Another multi-residue method for the quantification of 30 orga-

nohalogenated compounds in human breast tissue using GC-triple quadrupole MS

has recently been developed. Analyses were performed in both EI and ECNI modes

and the acquisition of two transitions (in EI) or two ions (in ECNI) per analyte were

acquired. This approach allowed confirmation through matching of ion ratios

between the quantification and the confirmation transitions (EI) or ions (ECNI)

[57]. To analyse tri to hexa-BDEs in sediments, GC combined with an ion trap mass

analyser operated in EI mode was applied [19]. All PBDEs showed a common

MS/MS transition consisting in the elimination of two Br atoms. Instrumental

LOQs ranged from 0.05 pg/mL (BDE-47) to 0.5 pg/mL (BDE-154) for an injection

volume of 2 mL.
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4 Analysis of PBDEs in Polymers

The European Commission Directive 2002/95/EC on the "restriction of the use of

certain hazardous substances in electrical and electronic equipment" (RoHS) pro-

hibits the usage of several BFRs in electric and electronic devices. As of 1 July

2006, The Commission Decision 2005/681/EC specifies a limit of 1 g/kg for the

sum of PBDEs and PBBs in plastics. Proper enforcement of this regulation requires

reliable testing of products for their content of BFRs.

PBDEs were analysed in matrix polymers by Raman spectroscopy without any

sample pre-treatment [58]. The LOD was approximately 100 mg/g and the analysis

took only 1 min. Deca-BDE could be identified based on distinctive bands. Energy

dispersive X-ray fluorescence (ED-XRF) analysis, GC-MS and infrared spectros-

copy techniques have also been evaluated for the analysis of polymers after

various extraction procedures [59]. A portable XRF analyser was successfully

used for non-destructive semi-quantitative determination and screening purposes

for the presence of BFRs in consumer products [60]. During validation, XRF-

measured bromine was highly correlated with the GC-MS-measured bromine for

furniture foam and plastics of electronic consumer products. In the field study

phase, the XRF-measured bromine in room furniture was highly correlated with

the penta-BDE concentrations in room dust. This technique has shown great

potential as a fast field-applicable screening tool.

Although having low recoveries for styrenic polymers, UAE can be an easy, fast

and robust analytical tool for the determination of BFRs in polypropylene (PP) and

polyethylene (PE) [61]. The characterisation of the two certified reference materials

(CRMs; ERM-590 and ERM-591) for BFRs in polymer materials indicates that

several laboratories successfully applied UAE during the characterisation measure-

ments [62, 63]. Apart from UAE, other extraction techniques were used, such as

Soxhlet extraction, PLE, static extraction and even complete dissolution of the

polymer. Details of all analytical protocols used in this certification study are given

in Table 2.

In another study, a flow-injection (FI) system was coupled to inductively cou-

pled plasma-mass spectrometry (ICP-MS) and used for the detection of bromine

traces in polymers, plastic paints and enamels containing BFRs [64]. Using this

approach, individual PBDEs cannot be unambiguously identified, but materials can

be rapidly screened for bromine-containing compounds. Sample preparation is

based on MAE and after appropriate optimisation of the digestion procedure and

the ICP-MS detection, a detection limit of 4.2 mg/kg was obtained for synthesised

polyurethane standards containing known amounts of bromine. The precision of the

proposed method, evaluated as the RSD of signals obtained from three replicate

analyses of polymeric standard BFRs at the normative EU level, was as low as

3.6%. The proposed system provides rapid binary (yes/no) overall responses,

being appropriate for the screening of bromine above a pre-set threshold. The

unreliability region (UR), given by the probability of false positives and false

negatives (set at 5% in both cases), was in the range of 442 and 678 mg/kg of
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bromine (at a cut-off level of 0.1% in BFRs by weight of homogeneous material

fixed by the EU normative). Finally, the applicability of the proposed screening

system was tested for the reliable control of bromine in different commercial

samples including flame-retarded paints and enamels.

5 Quality Assurance Parameters: How to Tweak

the Quality of Your Analytical Results

Every step in the analysis of BFRs has critical parameters that need optimisation to

minimise the uncertainty of the final result and thus improve the quality of the data.

The ISO/IEC 17025 standard, which describes general requirements for the com-

petence of calibration and testing laboratories, requires that accredited laboratories

use validated methods, demonstrate traceability of calibrations and apply an appro-

priate quality control programme. Over the years, intensive effort was put in

mapping possible and specific pitfalls in PBDE analysis, which improved the

quality of the released data over time.

Reference materials and method validation. The access to analytical standards

of sufficient purity (i.e. reference materials), both “external” calibrants and

(mass-labelled) internal standards, is a key aspect for reliable quantification of

PBDEs. In the last 10 years, almost all individual or mixtures of native and

Table 2 Different analytical techniques used for the certification measurements of the first

certified reference materials for BFRs in polymers, modified from [63]

Grinding Sample taken as is and various grinding techniques (scissors, laboratory mill,

cryo-grinding). Particle sizes from 0.25 to 2 mm

Sample intake 20–1,000 mg

Extraction Soxhlet extraction with toluene or dichloromethane

UAE with toluene or isooctane

PLE with toluene or isooctane

Static extraction with toluene

Complete dissolution in xylene/dimethyl glutarate

Internal

standards

One or multiple PCBs

Fluorinated PBDEs

Unlabelled PBDEs
13C-labelled PBDEs

GC injectors Cool-on-column

Split/splitless

PTV

GC columns One column: DB-HT, DB-5MS, ZB-5HT, Rtx5-Sil-MS, Rtx CLP, Rtx-5MS,

ZB-5HT Inferno

Two columns: DB-5MS/CP-Sil8; DB-5/Rtx-5MS

Ionisation

technique

Electron ionisation

Electron capture negative ionisation

MS systems Quadrupole MS

Sector-field MS with resolution >5,000
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numerous 13C12-labelled PBDE congeners became available as standard solutions

or as neat crystals. These commonly used standards are often not very well

characterised and a large uncertainty is associated with the PBDE concentration

of solutions (up to 5%) and with the purity of the solid substance (in some cases

exceeding 5%). A recently organised CCQM study pointed at the necessity to

verify and correct if necessary the purity of the calibrants indicated by the

suppliers or to incorporate this uncertainty into the uncertainty budget of the

measurements [65].

Extensive sample preparation is often needed in PBDE analysis and demands for

internal standards (IS) and syringe standards (SS) to compensate for losses of target

analytes during sample preparation and for inter-injection fluctuations. Several

PBDE congeners (such as BDE 77, 116 and 126, but also others) are most likely

to combine all the above-mentioned characteristics and are therefore suited as

IS [66]. Preferably, the selected IS should be a 13C12-labelled analogue, but this

limits the choice of detection to EI-MS (except for BDE-209, see below). The use of

BDE-138 should be discouraged, since it has been reported in the technical mixture

Bromkal 70-5 DE [67]. Alternatively, PBBs not present in the Firemaster1 mix-

tures can be used. BB-103 and BB-155 were also used as IS for different levels of

bromination of PBDE homologues [68]. BB-209 has been proposed as IS for the

determination of BDE-209 in sediments. Although BB-209 was produced commer-

cially until 2000 in small amounts in France [69], it could not be identified in a large

number of sediment and biota samples from the Netherlands [70]. Alternatively, the

use of 13C12-BDE-209 as IS for BDE-209 analysis by ECNI-MS is possible when

m/z 484.7/486.7 and 494.7/496.7 are monitored for BDE-209 and 13C12-BDE-209,

respectively.

Recently, fluorinated derivatives (F-PBDEs) became available and it was proven

that they are suitable IS or SS for the analysis of PBDEs [71]. Although the use of

mass-labelled IS should be encouraged, a recent publication has shown that results

obtained by using isotopically labelled internal standards do not render superior

results per se compared to those obtained with other carefully selected suitable

internal standards (such as, e.g. PCB-209, other PBDE congeners, polychlorinated

diphenyl ethers (PCDEs) or F-PBDEs) [65]. Despite the limited amount of data sets

for either approach, it could be seen that (1) the within-laboratory intermediate

precision data were well comparable for all analytes and were about the same using

either isotope dilution MS (IDMS) or other methodology, (2) mean results com-

pared well for all analytes except BB-209, and (3) the standard deviation of the

mean of means for both data sets and all analytes was comparable. Although these

conclusions were based upon data provided by National Metrology Institutes,

which spend more time on QA/QC compared to regular analytical laboratories, it

shows that the analytical process can be controlled even without mass-labelled IS

if proper measures are taken. Additional recommendations regarding internal

standards were given in the literature [72].

Monitoring the ion intensity ratios in EI-MS is widely used to verify identifica-

tion of target analytes. If the isotopic ratio of the quantitation and confirmation ion

differ more than 15% [73, 74] or 20% [45], results should be flagged as questionable
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and should not be used to check compliance with limit or threshold values. For

ECNI-MS, relatively good specificity is obtained by measuring the bromine trace

(m/z 79 and 81) and possible co-elutions are limited to compounds yielding bromine

fragments upon ionisation.

The imprecision level of PBDE determination depends on the analyte (between

10 and 20% for tri to hepta-BDEs and around 25% for BDE 209 and HBCD). The

first worldwide inter-laboratory studies on BFRs showed that laboratories should

improve their method precision [66]. Since then a lot of effort has been invested in

pinpointing the pitfalls in BFR analysis [4], which resulted in improved perfor-

mance of analytical laboratories if proper procedures and protocols are used [65].

Although trueness assessment during validation is preferably done by means of a

CRM, this is not always possible for BFRs due to limited availability of adequate

reference materials. Standard addition procedures are accepted in this case as a

valid approach to evaluate the trueness of the analytical procedure [72]. Recovery

measurements of spiked samples (especially solid samples, such as sediments and

sewage sludge) may yield higher recoveries of analytes due to a possibly easier

extraction from these spiked samples, since they are not naturally incurred in the

matrix. When possible, proper incubation and ageing of the spiked samples should

be carried out so that the spiked compounds mimic as much as possible the

behaviour of the naturally incurred analytes [75]. The best procedure to evaluate

the trueness of analytical methods used for PBDE determination is the analysis of

CRMs. Stapleton recently reported on the mass fractions of PBDEs on several

existing NIST SRMs [76]. Few environmental reference materials certified for

PBDE content exist, such as NIST SRM 2585 (indoor dust), NIST SRMs 1957

and 1958 (human serum), NIST SRMs 1953 and 1954 (human milk), NIST SRMs

2257 and 2258 (organic solution), NIST SRM 2977 (mussel tissue) and NIST SRM

1945 (whale blubber). While the number of these materials is currently limited, it is

anticipated that with time their number will increase.

The method stability and reliability (maintenance of its performance over time)

should be assessed through regular analysis of standard solutions, procedural

blanks, duplicate samples, in-house prepared reference materials or CRMs (in

order of increasing importance). The use of such materials with each analytical

batch is encouraged seeing the numerous possible problems associated with PBDE

analysis. Recoveries can be influenced by a variety of parameters, such as adsorp-

tion to glass (higher brominated BDEs), UV-degradation (BDE-209) or losses

caused by evaporation (BDE-28). In addition to the internal QA/QC measures,

laboratories are encouraged to participate in inter-laboratory studies and profi-

ciency tests.

Integrity of the analytes. To eliminate potential sources of error during sample

preparation, some treatments should be avoided to preserve the integrity of partic-

ular PBDEs. High temperatures and/or extensive saponification times can result in

decomposition of higher brominated BDEs [1]. BDE-209 and possibly other higher

brominated BDE congeners are photosensitive and thus direct exposure to UV

light should be avoided. Wrapping the containers, extraction funnels and solvent

receptacles with aluminium foil or using amber glassware are probably the simplest
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preventive measures. The use of UV filters on laboratory windows and fluorescent

lighting is also highly recommended. Both photolytic and thermal degradation may

lead to degradation products formed through debromination. A combination of

exposure to daylight and poor solubility may even result in the complete disappear-

ance of BDE-209 from solutions placed on laboratory benches and directly exposed

to sunlight [4].

The extended exposure of PBDEs to elevated temperatures can be avoided

through various means, such as (1) using short and narrow-bore GC columns with

thin films, which reduces the residence time of the compounds in the GC system, (2)

using short injector residence times, e.g. by means of cold or pressure-pulse

injection modes or by using on-column injection, and (3) guaranteeing a clean

GC-injector liner free of matrix residues that could retain the analytes and enhance

thermal degradation in the injector. Yet, the stability of the GC system deteriorates

over time by accumulation of matrix particles in the inlet and column, which

requires regular replacement of injector liners and column trimming.

Because BDE-209 is most sensitive to thermal degradation, it can be used as

an indicator of the system performance status. Several degradation products,

such as BDE-206 and BDE-207 can be used to monitor the stability of the system

[42, 65]. Preventing degradation is important because it cannot fully be compen-

sated for by using labelled IS (that undergo a similar degradation). Thermal

degradation that occurs during analysis was shown to be also concentration

dependent [77].

In contrast to the above-mentioned analyte degradation, signal enhancement has

also been reported [17], probably caused by an increased protection of the analytes

from adsorption in the injector when matrix residues are present in the extract.

Sellström has reported a similar effect for fish tissue for which the recovery of

BDE-209 was higher when a matrix was present [51]. If relative recoveries from

spiked samples are acceptable and not statistically different from recoveries calcu-

lated from standard solutions, calibration curves can be made from standard

solvent-based solutions [78]. If matrix effects are pronouncedly present, calibration

curves should be established by means of matrix-matched spiked standards.

Complete evaporation of the extracts to dryness should be avoided as PBDEs

tend to adsorb to glass even more strongly than PCBs, which may result in

incomplete dissolution upon reconstitution. Reconstitution time should therefore

be sufficiently long and validated during method optimisation. Extended evapora-

tion of the extracts might also lead the selective loss of certain compounds that are

relatively more volatile than others, i.e. BDE-28. For analysis of BDE-209, the use

of solvents such as toluene, DCM or acetone:n-hexane mixtures is preferred,

because of its limited solubility in other organic solvents [2, 79].

Background contamination. An important QC measure to be considered on a

routine basis includes the regular analysis of reagent and procedural blanks. Reagent

blanks should be run regularly not only to check for possible contamination of

solvents but also to check the status of the instrument, which is closely related to

the integrity of the analytes as discussed previously. Procedural blanks should

be analysed to monitor and compensate for a possible background contamination
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(whether it is noticed or not depends mainly on the LOQ of the instrumental method,

see below).

Guidelines are available on how to minimise background contamination of

PBDEs in the analytical laboratory [2–4, 66]. The use of plastics should be reduced

to a minimum. Moreover, significant concentrations of BDE-47 and BDE-99 have

been identified in laboratory air [80]. Dust and air-borne particles are a known

carrier of high loads of PBDEs, especially of BDE-209 [81]. If possible, a dedicated

PBDE sample preparation environment where special measures are implemented

should be installed (clean room). Any materials that are not needed in the laboratory

should be avoided (e.g. packaging materials, upholstered chairs, etc.) [4]. (Cross-)

contamination can be avoided by implementing strict and validated washing and

cleaning procedures. It is suggested to wash all glassware in 2.5% RBS 25 foaming

cleaner, followed by rinsing with distilled water and subsequently heating at 450�C
for 4 h [80, 82]. Glassware that cannot be washed after use, e.g. Soxhlet coolers,

should be thoroughly rinsed with one or more organic solvents to prevent cross-

contamination.

Due to the specific problems associated with, e.g. BDE-209, procedural blanks

should be implemented at a much more regular interval as for any other organic

analysis, i.e. for each analytical batch or at least every ten samples [4, 81]. A high

background contamination with BDE-209 can compromise more than just the result

of BDE-209 itself, since (non-systematic) degradation of BDE-209 can result in

formation of other lower brominated BDEs that can compromise the trueness of

those results as well. Furthermore, where solution blanks have a shorter residence

time at the bench than the sample extracts, BDE-209 may migrate to and be retained

on the glass wall of recipients, whereas it will migrate into the extracts where the

storage period is longer. This gives rise to unrealistically clean blanks and more

contaminated samples [4]. A 13C12-labelled IS for BDE-209 is therefore highly

recommended.

Up-to-date, no uniform approach has been adopted or implemented to deal with

laboratory background contamination of PBDEs. While some laboratories consis-

tently measure (low) blank values and correct for them to enhance the trueness of

their results [83–85], others report that blanks are below LOD [86–88]. Vonderheide

summarised this discrepancy, stating that low sample intake necessitates a very

sensitive method to allow accurate determination of blank contamination, while a

high sample intake procedure is relatively less sensitive to blank problems [37].

Although less sensitive to blank problems, a high sample intake procedure, however,

might suffer from other drawbacks, such as clean-up and chromatographic separation

difficulties.

The LOD and the LOQ as defined by IUPAC [89] may be estimated in different

ways. Current state-of-the-art equipment is able to accurately measure amounts that

are several times lower than what is commonly present in the blanks, which renders

instrumental LOQ obsolete. When reporting low mass fractions, it is prerequisite to

actually measure the background contamination to assess its potential contribution

to the total analyte signal. When this approach is not followed, values just above the

LOQ (mainly background contamination) can be reported, which clearly should be
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avoided if data of an acceptable quality are desired. One might argue that whenever

blanks cannot be measured due to lack of sensitivity of the method used, the

uncertainty of the measurements should be adapted accordingly. For the analysis

of serum samples, various authors used different blank samples, such as calf serum

[90], sterilised water containing 0.9% NaCl [91] or water [92]. It appears necessary

to include more information regarding blank composition and preparation in scien-

tific manuscripts because such information may collectively allow researchers to

better pinpoint the source of contamination.

Taking into account the above considerations, blank measurements can be

subtracted from the measured sample values before final reporting under the

conditions the blank is under control, i.e. a stable measurement is obtained over

time (e.g. RSD of 10 determination <30%). Finally, the variation of blank values

should be incorporated into the LOQ. According to literature, PBDE mass fractions

should only be reported when exceeding the levels found in procedural blanks by a

minimum factor of two [72]. Alternatively, it was proposed that reported levels of

PBDEs should be above a value equal to the procedural blank value plus ten times

[93], five times [79] or three times [84, 94] the SD of the procedural blanks. Some

authors applied a correction for procedural blanks if the blank value was between

10 and 20% of the measured value in the sample [73]. If the procedural blank value

was less than 10%, no corrective action was taken. Data were excluded from further

consideration if the blank value exceeded 30% of sample measurements. Some

analytical alternatives to reduce blank values have been recommended in the

literature [72]. Some authors have set the LOQ at five times the blank level, if

blank interference was present [95, 96]. This correction method resulted in many

unusable data, since blank interference raised the LOQ to higher levels than those

present in most samples. Given the low PBDE levels that often need to be measured

in environmental or food samples, the use of a method blank cut-off value equal to

three times SD of the blank measurement (after subtraction of the blank value) is a

good compromise between detection power and data quality. Table 3 briefly

summarises specific PBDE QA/QC measures, their impact and the possibilities to

implement them.

6 Recent Inter-Laboratory Studies on BFRs

During the last decade, laboratories have increasingly become involved in the

analysis of BFRs in environmental, human and food samples. To assure as well

as to improve the quality of BFR analyses, a series of international inter-laboratory

exercises has been organised.

The first worldwide inter-laboratory study on PBDE analysis was conducted in

1999/2000 and involved five biological samples, two sediments and two standard

solutions sent to 26 participants in nine countries [66]. The results reported for

BDE-47 were considered acceptable with a range of RSDs of 17–40%, while results

for BDE-99 (25–77%), BDE-100 (19–48%), BDE-153 (30–48%) and BDE-154
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Table 3 QC measures for reliable results in PBDE analysis

Implementation What Why How

Lab Reduce direct

exposure to

sunlight/UV

light

PBDEs are light sensitive and

degrade through UV exposure

Use special covers on

lamps; use window

filters; use amber

glassware

Ensure clean,

dust-free

working

environment

PBDEs adsorb significantly to

dust. Free-floating dust is a

potential source of

contamination (blank

problem)

Keep lab dust free

Operator PBDEs need

special care

They do not behave quite similar

to the most common

halogenated compounds

Training and awareness-

raising

Prevent loss of

analytes

during sample

preparation

Some PBDE congeners are

relatively volatile

(e.g. BDE 28)

Prevent complete

solvent evaporation

during extract

concentration

Prevent loss of

analytes

during sample

preparation

Some PBDEs adhere strongly to

glass (e.g. higher brominated

compounds)

Prevent complete

solvent evaporation

during extract

concentration

Avoid using

plastics

whenever

possible

PBDEs can be present in these

matrices

Find alternative

consumables or

adapt method

protocol

Method Keep column in

good

condition

Degradation, loss of sensitivity Run performance check

samples

Keep injector in

good

condition

Adsorption, degradation, Run performance check

samples, clean

regularly

Clean detector Degradation, loss of sensitivity Run performance check

samples, clean

regularly

Adequate

selection of

internal

standards

Compensate for losses

QC parameters

(degradation

monitoring)

Degradation of congeners is

compound and amount

dependent

QC parameters

(method

blanks)

Matrix-

dependent

validation

parameters

Interaction between matrix

components and analytes in

injector

Matrix dependent

validation
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(25–43%) showed that further improvement was needed. Analysis of BDE-209 was

not under control of the participating laboratories at that time.

Following this first study, three inter-laboratory exercises were organised under

the Quality Assurance of Information for Marine Environmental Monitoring in

Europe (QUASIMEME) project [4]. These exercises conducted between 2001 and

2004 included eel, mussel, lake trout, salmon, herring, mackerel, cormorant liver,

porpoise liver, porpoise blubber, capelin oil, sewage sludge, sediments, sediment

extracts, human milk and test solutions of undisclosed concentrations. The targeted

congeners were BDEs-28, 47, 99, 100, 153, 154, 183 and 209, but HBCD and

TBBP-A were also included. The authors stressed that it was very difficult to

establish any kind of quality-related trend in the data set due to the numerous

parameters that varied from round to round. But nevertheless, they identified a

number of specific problems and drew some clear conclusions [4]. The Horwitz

function [97], which states that the analytes’ mass fractions are inversely correlated

with the associated RSD of the measurements, was also applied to this data set.

Tables 4 and 5 summarise the results of the following eight rounds held by

QASIMEME between 2005 and 2009 including harbour, coastal and open sea

sediments as well as dab, plaice, salmon, shrimp, and mussel tissue [98–105].

Statistical evaluation and laboratory assessment in these inter-laboratory studies

were done using the Cofino Model [106, 107] and robust statistics according to the

German Standard DIN 38402-45 [108].

Ten inter-comparison studies on PBDEs in sediment were evaluated (Table 4).

The number of participants ranged from 9 to 16. There were no significant temporal

trends as regards laboratory performance but according to the Horwitz equation

there was a negative correlation of RSD and PBDE concentration. The median

RSDs over ten rounds conducted from 2005 to 2009 for BDE28, 47, 99, 100, 153,

154, 183 and 209 were 46, 29, 30, 39, 40, 31, 53 and 51%, respectively. The high

median RSD seen for BDE28 might be attributed to its very low concentration in

most of the inter-comparison samples. However, the median RSD of 51% observed

for BDE209 still reflects unsatisfactory performance of the participating labora-

tories. Results for BDE183 are difficult to assess but low levels present in the inter-

comparison samples seem at least partly to explain the high RSD.

Just like for the analysis of PBDEs in sediments ten inter-comparison studies on

PBDE in marine biota samples have been evaluated (Table 5). The number of

participating laboratories in these exercises ranged from 13 to 18. In the five rounds

organised in 2005 and 2006, fish tissue samples including common dab, common

plaice, and salmon were distributed to the participants. In the following five inter-

comparisons, mussel tissue and one shrimp homogenate had to be analysed. As

PBDE levels in fish are distinctly higher than those in mussels the results for fish

tissue and mussel/shrimp homogenates were evaluated separately. Median RSDs

for six tri to hexa-BDEs in fish ranged from 22% for BDE-47 to 36% for BDE-28

indicating acceptable performance of the participating laboratories. No assigned

value could be calculated for BDE-183 and BDE-209 due to the very few numerical

results reported. Unlike laboratory performance for PBDE in fish samples, labora-

tory performance for the analysis of PBDE in mussels was generally disputable
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except for the major congener BDE-47 for which a median RSD of 33% was

calculated. Actually, the majority of laboratories were not in a position to produce

reliable results for samples containing very low PBDE concentrations.

Takahashi et al. [109] reported the results of an inter-laboratory comparison

between six Japanese laboratories on the analysis of PBDEs, polybrominated and

monobromo-polychlorinated dibenzodioxins and furans in a test solution of undis-

closed concentrations and one air-dried sediment sample. All laboratories used

isotopic dilution HRGC-HRMS operated in the EI mode. RSDs for the individual

PBDEs in the standard mixture were between 9 and 24%, while those for the

sediment samples ranged from 17 to 39%, except for BDE-100, for which an

RSD of 74% was reported. Average concentrations for tri to hexa-BDE congeners

ranged from 0.029 to 0.38 ng/g dw, whereas those for BDE-183 and BDE-209 were

2 and 170 ng/g dw, respectively. The strong variation in BDE-100 results was due

to the poor separation of BDE-100 from interferences when using a DB-17HT

capillary column. There were indications that adding copper may lead to formation

of lower brominated PBDE congeners and PBDFs due to degradation of BDE-209

during Soxhlet extraction [109].

Since 2000, the Norwegian Institute for Public Health (NIPH) has been organis-

ing inter-laboratory studies on the analysis of dioxins and dioxin-like PCBs in

frequently consumed foods (chicken meat, trout fillet and palm oil) [110–112]. In

the fifth round organised in 2004, the participants were for the first time asked to

voluntarily report concentrations of PBDEs and HBCD in food samples. Labora-

tories were requested to determine BDEs-28, 47, 99, 100, 153, 154, 183 and 209.

Analysis was performed using the laboratory’s own methods for sample preparation

and instrumental analysis, their own reference standards and quantification proce-

dures, and their own method for lipid determination. Since then, PBDEs have been

included in this yearly programme for a number of environmentally relevant

matrices, in particular fish tissue (trout, halibut, salmon, eel, and herring) and

have attracted a large number of laboratories [112–117]. Usually around 40 parti-

cipants reported results for tri to hepta-BDEs. In the first years, the calculated

consensus values for BDE-209 were only indicative as too few laboratories had

reported this congener but later the number of reported results increased. To our

knowledge, the reports of these inter-comparison studies provide the most compre-

hensive database on laboratory performance in PBDE analysis in biological matri-

ces available at the moment. It is important to note that the majority of participating

laboratories have used isotopic dilution HRGC-HRMS.

Here, we report only on the results of PBDEs in fish tissue from 2004 to 2009

(Table 6) as this is an important matrix for monitoring spatial and temporal trends in

the aquatic environment as well as for checking compliance with environmental

quality standards, threshold values or background reference concentrations. Other

matrices included in these inter-comparisons were chicken, reindeer, deer and beef

meat, palm oil, cod liver oil, butter oil, egg yolk, breast milk, butter, and cream.

There was a clear tendency towards lower RSDs for the sum of tri to hepta-BDEs

over time. While the average RSD in 2004 was 40%, it dropped down to 25% in

2009. This improvement was independent of the PBDE concentration in the
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sample. These results provide evidence that the performance of governmental,

private and research laboratories in conducting PBDE analysis (tri to hepta-

BDEs) in fish samples has significantly improved.

Results for BDE-209 are difficult to interpret due to the extremely low concen-

trations of this congener in the inter-comparison samples and the fairly high number

of outliers as well as left-censored values (Table 6). Yet, RSDs of 50–75% still

indicate unsatisfactory performance. Hence, when interpreting PBDE levels in fish

tissue the high uncertainty associated with results of BDE-209 needs definitely to be

considered. There was no trend in the quality of results of the standard solutions

(Table 7). RSDs were satisfactory even for BDE-209 and varied between 8 and 18%

and were much lower than those reported by de Boer and Wells [4].

To assist environmental monitoring programmes as well as for the purpose of

certification of reference materials, the National Institute of Standards and Tech-

nology (NIST) regularly conducts inter-laboratory exercises that also comprise

PBDEs [118–121]. The materials distributed for the 2007 exercise included SRM

1945 Organics in Whale Blubber, SRM 1958 Human Serum, a homogenised

blubber control material “Marine Mammal Quality Assurance Exercise Homoge-

nate VIII” (Homogenate VIII) from a female pilot whale and “Marine Mammal

Control Material 1-Serum” (MMCM1-serum) also derived from a female pilot

whale [121]. Twelve laboratories reported data for BDEs-47, 99, 100, 153 and

154. Median mass fractions reported for SRM 1945 were within the uncertainties of

the certified value for BDE-99, BDE-100 and BDE-154, and slightly below and

above for BDE-47 and BDE-153, respectively. These discrepancies were mainly

due to the low uncertainties of the certified values of these two congeners. RSDs

ranged from 20 to 47% with highest values for BDE-153. RSDs for the blubber

homogenate were between 12 and 21%, except for BDE-99 (39%), indicating

excellent performance of the participating laboratories [121].

An inter-laboratory study comprising two rounds on the analysis of BDE-209 in

environmental samples has been conducted within the European project NORMAN

Table 7 Inter-laboratory comparison on dioxins in food (2004–2009). Summary statistics for tri

to hepta-BDE congeners and BDE-209 in test solutions of undisclosed concentrations [112–117].

Concentrations are given in ng/mL

Year Test solution Number of results Number of outliers Target concentrations RSD %

2004 Tri to hepta-BDE 19–21 1 25 11–18

BDE-209 9 4 125 15

2005 Tri to hepta-BDE 31–33 – 25 8–13

BDE-209 21 3 100 18

2006 Tri to hepta-BDE 40–41 1 25 11–13

BDE-209 29 5 100 12

2007 Tri to hepta-BDE 39–41 1 25 10–14

BDE-209 30 1 100 16

2008 Tri to hepta-BDE 36–37 2 25 8–16

BDE-209 27 – 100 13

2009 Tri to hepta-BDE 40–41 1 25 8–10

BDE-209 26 1 100 8
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(Network of Reference Laboratories and Related Organisations for Monitoring and

Biomonitoring of Emerging Environmental Pollutants) [122, 123]. In the first

round, six laboratories experienced in PBDE analysis measured BDE-209 in a

test solution of undisclosed concentration and a dust sample (NIST SRM 2585).

Each laboratory was allowed to use its own analytical methodology. Rigorous

implementation of previously agreed recommendations including the obligatory

use of 13C12-labelled BDE-209 as internal standard resulted in relative reproduc-

ibility and repeatability standard deviations below 10% for both samples. All

reported results for the dust sample were in agreement with the certified value of

the NIST SRM 2585 [122].

In a follow-up study, expert and other laboratories were involved (ten partici-

pants in total). Prior to the second round, a meeting with the participants was held to

discuss analytical difficulties and problems. Experiences from the first round as

well as recommendations from the literature were exchanged and solutions dis-

cussed. The laboratories were given advice on the use of the preferred conditions

for extraction, clean-up and GC. In this exercise, a test solution of undisclosed

concentration, a dust sample (NIST SRM 2585) and a low contaminated marine

sediment had to be analysed [123]. The reproducibility variation coefficients for the

sediment, dust and the test solution were 31, 20 and 13%, respectively. The

repeatability variation coefficients were less than 10% for all samples. The perfor-

mance of the participating laboratories was surprisingly good given the differences

in their experience to analyse BDE 209.

The measurement of PBDE in polymers is similar to that in environmental

samples, but due to the high concentrations of PBDEs that are present in plastics,

sample intake can be significantly reduced compared to the environmental analyses

described above and thus little effort has to be made with regard to the clean-up.

This can result in simple analytical procedures, and hence, better laboratory per-

formances than for environmental samples might be expected. However, in a recent

inter-comparison exercise on analysis of PBDEs in PET spiked with technical

mixtures of penta-BDE, octa-BDE, and deca-BDE as well as deca-BB at 0.4–

0.8 g/kg, high RSDs for the major constituents BDE-47, 99, 183, 209, and

BB-209 of 33, 27, 40, 47 and 44%, respectively, have been observed [124].

The German Federal Environment Agency commissioned the Federal Institute

for Materials Research and Testing to develop and validate a method for the

analysis of technical mixtures of penta and octa-BDE in polymers. The method

was subjected to an inter-laboratory study with 18 participants from seven countries

which had to analyse four polymers spiked with technical Penta- or Octa-BDE at

1 g/kg [125]. The relative reproducibility standard deviations for the sum of

congeners representing penta-BDEs in the epoxy resin and polyurethane sample

were 15% for either type of polymer while for the sum of octa-BDEs in poly

(acrylonitrile, butadiene, styrene) (ABS) copolymer and in polystyrene, relative

reproducibility standard deviations of 27% and 26%, respectively, were obtained.

A recent certification inter-laboratory study involving 16 selected laboratories

demonstrated that BDEs-28, 47, 99, 100, 153, 154, 183, 197 + 204, 209, and BB-

209 can be measured in spiked PP and PE samples with high accuracy. After
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elimination of technically doubtful results, the RSDs between laboratories ranged

from 3% for BDE-209 to 12% for BDE-47 and BB-209 [63]. To the best of our

knowledge, these are the best results ever obtained in an inter-laboratory study on

the analysis of PBDEs.

In 2009, the Organic Analysis Working Group of CCQM (Consultative Com-

mittee for Amount of Substance – Metrology in Chemistry) carried out a laboratory

inter-comparison (pilot study P114) for assessing the current state-of-the-art mea-

surement capabilities of National Metrology Institutes (NMIs) to accurately quan-

tify representative PBDE and PBB congeners in a polymer sample [65]. The study

involved eight NMIs, which were asked to analyse BDEs-47, 183, 206 and 209

and BB-209 in a commercially prepared PP granulate material and a test solution

of undisclosed concentration. The same PP sample as in the certification inter-

laboratory study mentioned above was used. Results for the test solution of

undisclosed concentration were in good agreement with the certified values. The

analytical procedures used to analyse PP in this CCQM study differed substantially.

Nevertheless, results were all in agreement, except some technical exceptions.

Since the same PP material was used in two independent inter-laboratory exercises,

results could be compared. Good agreement between the two data sets (study means

versus certified values) has been achieved for all four PBDE congeners and BB-209

[65]. Within-lab repeatability of the NMIs was�10% for all labs and all congeners.

Expanded uncertainties as estimated by the NMIs were in the range of about 5–10%

in most cases and significantly lower than those reported by the laboratories that

participated in the certification round.

7 Future Perspectives

Due to their recent restriction in usage and bans from EU and other markets (e.g.

USA, Canada, Asia), it is expected that PBDEs will be (if not already done) added

on priority monitoring lists (e.g. food and environmental control, Water Framework

Directive). Therefore, accurate analytical methodologies are necessary to control

the effectiveness of the implementation of legal regulations and emission reduction

measures, as well as to estimate human exposure to these chemicals. As results of

PBDE measurements have to comply with environmental quality standards, limit or

threshold values the regulatory requirements as regards the tolerable uncertainty of

PBDE data are high. Hence, it is of utmost importance that all steps of the analytical

method are carefully addressed following the recommendations given in the QA/

QC section and that laboratories involved in PBDE analysis operate comprehensive

QA/QC programmes to demonstrate the reliability of the data they produce.

A recent trend was seen towards the introduction of new analytical methodologies

for the analysis of PBDE and other BFRs based on LC/MS [126]. These new

methods may lead to similar low detection limits as the GC-based methods, but

mostly include simpler protocols for the sample preparation, making them attrac-

tive for routine analysis.
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technique and the column system on gas chromatographic determination of polybrominated

diphenyl ethers. J Chromatogr A 1041:201–210

45. Covaci A, de Boer J, Ryan JJ, Voorspoels S, Schepens P (2002) Determination of poly-

brominated diphenyl ethers and polychlorinated biphenyls in human adipose tissue by

large-volume injection – narrow-bore capillary gas chromatography/electron impact low-

resolution mass spectrometry. Anal Chem 74:790–798
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Recent Methodologies for Brominated Flame

Retardant Determinations by Means of Liquid

Chromatography–Mass Spectrometry

P. Guerra, A. Covaci, E. Eljarrat, and D. Barceló

Abstract In this chapter, an overview of current analytical methods, including

different sample preparation techniques as well as the different instrumental

approaches, is presented. The strategy literature search for the preparation of

this chapter was based on the recent analytical reviews published on brominated

flame retardants (BFRs), with emphasis on hexabromocyclododecane (HBCD)

and tetrabromobisphenol-A (TBBPA). Additionally, we have included all new

articles published in peer-reviewed scientific journals, conference proceedings,

or official reports found on the internet. The analytical procedures based on the

use of liquid chromatography, used for the determination of some BFRs such as

TBBPA, HBCD, as well as some metabolites and transformation products

are presented. Analytical performances of the different approaches (ESI,

APCI, and APPI as ionization modes) are reported and compared with those

obtained by gas chromatographic techniques. Conclusions and future perspec-

tives are outlined.

Keywords BFR metabolites, Brominated flame retardants, Hexabromocyclodode-

cane, Liquid chromatography, Tandem mass spectrometry, Tetrabromobisphenol A
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MAE Microwave assisted extraction

MeO Methoxylated

MonoBBPA Monobromobisphenol A

MS Mass spectrometry

MS–MS Tandem mass spectrometry

NCI Negative chemical ionization

OH Hydroxylated

PBB Polybrominated biphenyls

PBCD Pentabromocyclododecenes

PBDE Polybrominated diphenyl ether

PLE Pressurized liquid extraction

POP Persistent organic pollutant

ppt Parts per trillion

QqLIT Quadrupole linear ion trap

QqQ Triple quadrupole

QqTOF Quadrupole time of flight

RF Response factor

S/N Signal-to-noise

SD Standard deviation

SIM Selected ion monitoring

SPE Solid-phase extraction

SRM Selected reaction monitoring

T4 Thyroxin

TBBPA Tetrabromobisphenol-A

TBCD Tetrabromocyclododecadienes

TBECH 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane

TriBBPA Tribromobisphenol A

UAE Ultrasonic-assisted extraction

UPLC Ultra pressure liquid chromatography

USDP Ultrasonic-supported dissolution and precipitation

WHO World Health Organization

1 Introduction

Traditionally, the analysis of persistent organic pollutants (POPs) has been based upon

gas chromatography (GC) as the principal separation technique due to the volatility

of these compounds. The analysis of polybrominated diphenyl ethers (PBDEs), one
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of the main brominated flame retardant (BFR) family, has been focused almost

exclusively on GC coupled to mass spectrometry (GC–MS). More detailed informa-

tion of PBDE determinations by means of GC–MS is presented in Chapter 3 [1].

During the last years, scientific interest for other BFRs, such as hexabromocy-

clododecane (HBCD) and tetrabromobisphenol A (TBBPA), has emerged, and

consequently, new analytical methods have been developed. At the beginning,

similar GC–MS approaches used for PBDE analysis were used for HBCD and

TBBPA. HBCD has been determined using GC–electron capture negative ioniza-

tion (ECNI)–MS. However, this technique has some limitations: interconversion of

HBCD diastereoisomers above 160�C, decomposition of HBCDs at temperatures

above 240�C, and partial breakdown in dirty GC systems [2]. On the other hand,

acidification and derivatization steps are compulsory in the GC–MS analysis of

more polar BFRs such as TBBPA [3].

The difficulties encountered in the GC analysis of HBCD and TBBPA created

the need for alternative methods. Despite the relatively limited chromatographic

resolving power of liquid chromatography (LC), methods employing LC–MS and

LC–MS–MS offer good results for HBCD and TBBPA. LC allows the isomer-

specific determination of HBCD, in contrast with the total HBCD analysis

obtained by GC–MS. The identification and quantification of the three HBCD

isomers is important because the isomeric patterns differ under different produc-

tion condition and between matrices. Besides, HBCD enantiomers can be sepa-

rated and determined using chiral LC–MS methods [4]. Since TBBPA is a

phenolic compound, its determination by LC is the simplest and the most

attractive option [4].

However, it is known that GC–MS has the advantage to have higher sensitivity

compared with LC–MS methods [5]. To improve sensitivity and specificity

of LC–MS methods in the field of environmental analysis, approaches based on

LC–tandem MS (MS–MS) have been developed. First studies were focused on the

use of triple quadrupole instruments (QqQ), but more recently, other instrumental

configurations were developed and applied to BFR determinations. New works

applied LC–hybrid MS techniques such as quadrupole time of flight (QqTOF) and

quadrupole linear ion trap (QqLIT) instruments [6]. Different ionization techniques

were also tested for LC–MS–MS methodologies, but the most used is electrospray

ionization (ESI). It is well known that ESI is subjected to sample matrix effects that

can cause enhancement or suppression in the signal of the target analytes [7, 8]. For

this reason, the possibility to use isotopic-labeled standards such as 13C- or d18-a, b
and g-HBCD, and 13C-TBBPA is very useful in order to compensate the matrix

effects.

It is also important to note that LC methods may be useful in the analysis of BFR

metabolites and transformation products. For example, the nonpolar nature of the

diphenyl ether structure in PBDEs and the introduction of polar hydroxyl functional

groups upon its metabolization provide a new molecule with different properties,

such as nonvolatile nature that does not allow the direct analysis of PBDEs

metabolites by GC–MS. Recent papers are focused on the development of

LC–MS approaches for this purpose [9].
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The development of analytical methods for BFRs is difficult due to the com-

plexity of the environmental matrices and the usually low concentrations of target

compounds [10]. Sample preparation techniques must also be developed and

optimized to obtain sensitive and selective methodologies. In this chapter, extraction

methods applied to a wide range of matrices are reviewed as well as the different

purification and fractionation strategies.

2 Sample Preparation

For HBCD and TBBPA, sample treatment procedures have typically been based

on protocols previously developed and used for the determination of PBDEs.

Because of the complexity of environmental matrices and the low levels at which

these compounds are present, such sample treatments include a number of steps for

exhaustive extraction and preconcentration of the target compounds, followed by

purification and fractionation before final chromatographic separation and detec-

tion. Below are relevant data on selected analytical procedures used for the deter-

mination of HBCD and TBBPA in a wide variety of abiotic and biotic samples.

Furthermore, due to particular physicochemical properties, the determination of

individual HBCD diastereomers and TBBPA may require specific analytical

approaches, including additional fractionation.

2.1 Extraction

For both abiotic and biotic samples, the selection of the extraction technique

depends on the nature of the matrix investigated. Different procedures are used

for solid and liquid samples. The amount of sample required varies largely depend-

ing on the contamination level anticipated in the sample and on the sensitivity

provided by the detection technique. Similar to abiotic samples, only drying and

homogenization is usually carried out before extraction of biological samples.

Except for serum and plasma, (semi) liquid (e.g., eggs) samples are usually

freeze-dried and then treated as any other solid biotic sample. In general, similar

extraction techniques and solvents are used for BFR analysis in abiotic and fat-

containing matrices, and the main differences between both sets of analytical

protocols refer only to the subsequent cleanup steps.

2.1.1 Water

Because of their hydrophobic character and thus low concentrations in water, large

volumes (up to 1,000 mL) are typically required to ensure detectability. Suzuki

et al. [11] reported recoveries above 77% for a-, b-, and g-HBCD, after two
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sequential liquid–liquid extractions (LLE) with dichloromethane (DCM) of a

spiked landfill leachate. However, solid-phase extraction (SPE) on Abselut Nexus

cartridges was suggested as a faster alternative allowing the simultaneous determi-

nation of TBBPA (recovery 103 � 16%) and a significant reduction in the organic

solvent consumption (from 50 mL DCM to 5 mL acetone) that still provided

acceptable recoveries (54–85%) of the three HBCD diastereomers. To the best of

our knowledge, no other techniques have been described for the measurement of

HBCD and TBBPA in water samples.

2.1.2 Air and Dust

For abiotic solid samples, Soxhlet is widely accepted as a robust, efficient, and low

cost solid–liquid extraction technique. Soxhlet has been used for the determination

of HBCDs in indoor air (after preconcentration on polyurethane foam) [12, 13].

Typical solvents include n-hexane, DCM, acetone, and their binary mixtures. The

main drawbacks of the Soxhlet extraction, i.e., long extraction times (typically

>8 h) and large solvent consumption, can be at least partially avoided by pressur-

ized liquid extraction (PLE). Abdallah et al. [14] included an in-cell purification
using 1.5 g Florisil and Hydromatrix in the extraction cell under the sample. Even

using this approach, the extracts had to be further purified by LLE extraction with

concentrated H2SO4 followed by column chromatography on Florisil before instru-

mental analysis.

2.1.3 Soil, Sediment, and Sewage Sludge

Soxhlet extraction is the most used extraction technique for the determination of

HBCDs and TBBPA in soils and sediments. In general, mixtures of acetone and

n-hexane in different proportions (1:1 or 1:3, v/v) have been found to provide the

best recoveries for HBCDs and TBBPA [15, 16]. PLE has also been evaluated for

the analysis of BFRs in dried soils, sediments, and sewage sludge, and mixtures of

DCM and n-hexane at 100�C have been used [17]. Recently, ultrasonic-assisted

extraction (UAE) has been used for the extraction of HBCD isomers from sewage

sludge using a mixture of DCM-acetonitrile (1:1) [18]. Microwave-assisted extrac-

tion (MAE) with acetone/n-hexane (1/3, v/v) at 90�C for 12 min has been employed

for the extraction of HBCD isomers from marine sediments [19].

2.1.4 Biological Tissues

BFRs are usually extracted from serum by successive treatment with solvents

of different polarity. In some cases, a treatment with a HCl:2-propanol mixture

is carried out for protein denaturation before LLE [20]. However, direct

solvent shaking with ethyl acetate and acetonitrile has also been demonstrated to
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provide low but reproducible recoveries for g-HBCD and TBBPA. One of the main

limitations of these LLE-based procedures is the long waiting time or centrifugation

required for phase separation. Alternatively, an SPE-based method using Abselut

Nexus sorbents have been proposed for the determination of TBBPA in serum [21].

After serum or milk denaturation with formic acid and isopropanol, Thomsen et al.

[22, 23] have employed SPE on OASIS HLB cartridges to extract HBCD from

human serum or milk. Furthermore, the SPE-based methods proved to be less

laborious and allowed reduced solvent consumption and processing time, possibil-

ity of miniaturization, and parallel sample preparation, which increases throughput.

A comprehensive method for the determination of major BFRs, including

HBCD isomers and TBBPA, has been reported in human samples (serum, adipose

tissue, and freeze-dried milk) [24]. For serum samples, a first LLE with ethyl

acetate was performed. For freeze-dried milk samples, a first SLE with acetone:

DCM 1:1 (v/v) was realized. Further, for all samples, an LLE with simultaneous

partitioning with acetonitrile and hexane was applied on dried extracts (serum,

milk) or directly on liquid fat samples.

For fat and oil samples, the first sample treatment is to dissolve the lipids in an

appropriate solvent. Typically, sample intake was between 0.5 and 1 g, and quan-

titative recoveries >60% have been reported for HBCDs [25]. Column extraction

using a multilayer column containing appropriate sorbents for a preliminary puri-

fication has been widely used for biological tissues. This technique has a number of

advantages, such as minimum sample pretreatment required, simplicity, and high

recoveries for HBCDs and TBBPA (>80%) [26].

Alternative enhanced extraction techniques, such as PLE or MAE, have also

been used. Eljarrat et al. [27] adapted a selective PLE for the simultaneous analysis

of total HBCDs in fish tissue. Ready-to-analyze extracts were obtained also here,

but slightly higher recoveries (52–103%) were reported as compared to those found

for sediments. A similar method has been used by Eljarrat et al. [28] for the

extraction of HBCD isomers from lyophilized human milk. Fredriksen et al. [29]

have also used PLE for the extraction of HBCD and TBBPA frommarine biological

samples.

2.1.5 Consumer Products

BFRs, such as HBCD and TBBPA, have been extracted from various polymers

or from consumer products based on these polymers. The extraction efficiency of

several methods, such as PLE, MAE, and UAE, were compared for the recovery of

HBCD and TBBPA from styrenic polymeric plastics [30]. PLE resulted in complete

extraction of TBBPA and HBCD (recovery >95%), while MAE gave comparable

performance to PLE for HBCD but lower extraction yields for TBBPA (~80%).

UAE, finally, offered relatively low extraction recoveries (10–50%) for both BFRs.

In another study, BFRs, including HBCD and TBBPA, were extracted in a short

step by ultrasonic-supported dissolution and precipitation (USDP) from styrenic

polymers [31]. To analyze HBCD in flame-retarded textiles (e.g., curtains), three
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different extraction methods (Soxhlet, UAE, and soaking extractions with toluene

and DCM) were compared [32]. During Soxhlet extraction using toluene, the

percent contribution of a-HBCD to total HBCDs increased slightly and that of

g-HBCD decreased, indicating that g-HBCD was isomerized to some extent at the

boiling point of toluene (around 120�C). For UAE, the temperature of the water

bath can easily increase over time during the extraction, which might lead to

undesirable effects. Soaking extraction with DCM was chosen as the most facile

procedure to extract HBCD diastereomers from textiles.

2.2 Cleanup and Fractionation

The nonselective nature of the exhaustive extraction procedures and the complex-

ity of the sample matrices result in complex extracts that require further purifica-

tion. For abiotic samples (sediment, soil, and sewage sludge), the cleanup should

ensure sulfur removal, while for biotic samples, lipid elimination should be

accomplished before chromatographic analysis. Lipid elimination can be accom-

plished by destructive or nondestructive methods. Otherwise, similar protocols

can be used for purification of the extracts almost irrespective of the matrix

nature.

2.2.1 Sulfur Removal

Sediment, soil, and sewage sludge extracts often contain relatively large amounts of

elemental sulfur, which may hamper the determination of BFRs even if selective

separation and detection techniques are used. Treatments with Cu powder [33] or

by gel permeation chromatography (GPC) [16, 32] are efficient approaches for

sulfur elimination.

2.2.2 Nondestructive Methods for Lipid Removal

GPC [20] and adsorption chromatography on selected sorbents [17] are nondestruc-

tive treatments applied for lipid elimination. Silica gel, alumina, and Florisil with

different degrees of activation have been widely used for lipid removal by adsorp-

tion chromatography under atmospheric conditions. Because of its limited capacity

for retention of lipids, silica has been used in combination with alumina [33].

Alumina and Florisil have been preferred as fat retainers because of their higher

lipid-retaining capacity in procedures involving in-cell PLE [14]. For obvious

reasons, when extraction and cleanup are combined in a single step, the total lipid

content determination should be carried out separately.

A cleanup based on dispersive solid phase extraction with primary–secondary

amine was used recently for sewage sludge extracts [18]. Yet, it has been shown
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that such cleanup is not sufficient for complete matrix removal as matrix effects

showed high ion suppression up to 50% for all three HBCD diastereoisomers.

Method recoveries ranged between 80 and 113% (standard deviation (SD) <9%).

2.2.3 Destructive Methods for Lipid Removal

Similarly to PBDEs, HBCDs and TBBPA are stable under strong acid conditions

[2, 33]. The simplest approach consists of direct addition of the acid (e.g., concen-

trated sulphuric acid) to the sample extract dissolved in n-hexane. However, this
treatment requires several sequential LLE and centrifugation steps, which result in

a multistep and time-consuming procedure. The dispersion of sulphuric acid onto

the surface of activated silica gel results in a sorbent, which can be easily loaded

into a column. The use of acidified silica avoids the emulsion problems of the LLE

approach, reduces the sample handling and solvent consumption, and increases

sample throughput [33]. Although in many applications, the use of acidified silica is

enough to yield sufficiently clean extracts, several studies have described the use of

acidified silica in combination with silica, Florisil, or alumina in multilayer col-

umns for improved purification [33]. All approaches provide similar satisfactory

results concerning recovery and reproducibility. Although not thoroughly investi-

gated, the use of silica gel modified with alcoholic NaOH or KOH may cause losses

of bromine atoms from HBCD [33].

2.2.4 Fractionation

For specific applications, isolation of the target analytes from other organohaloge-

nated compounds present in the extract can be mandatory to avoid interferences

during final determination. Deactivated silica gel has also been successfully applied

for the quantitative isolation of PBDEs from HBCD diasteroisomers and TBBPA.

In this case, iso-octane was used for the elution of PBDEs, while a more polar

solvent, i.e., 15% diethyl ether:iso-octane (v/v), was required to elute HBCDs and

TBBPA [16, 26]. The use of the semipolar diethyl ether was necessary to recover

the late eluting b-HBCD isomer [16].

Florisil (activated at 450�C for 12 h and subsequently deactivated with 0.5%

H2O, w/w) has been successfully used to separate neutral organohalogenated

compounds from phenolic analytes, including TBBPA [34]. In this case, neutral

compounds (e.g., PBDEs) were firstly eluted with mixtures of DCM and n-hexane
(1:3, v/v), while polar mixtures of acetone and n-hexane (15:85, v/v) and methanol

and DCM (12:88, v/v) were needed to elute phenolic analytes.

Polystyrene divinyl benzene-based sorbents, such as Oasis HLB®, are a valuable

alternative for the fast separation of HBCD diasteroisomers from TBBPA. Only

7 mL of a mixture DCM:n-hexane (1:1, v/v) was required to elute HBCDs from the

SPE cartridge, while 8 mL of DCM sufficed for subsequent quantitative elution of

TBBPA [24]. The two resulting fractions containing HBCDs and TBBPA,
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respectively, were further purified onto a silica cartridge using n-hexane–dichlor-
omethane for elution.

The retention behavior of individual HBCD isomers on silica gel and Florisil

was investigated using diverse mobile phase solvents and accounting for matrix

effects. The b-HBCD diastereomer is substantially retained on both Florisil and

silica regardless of the solvent used, and therefore, it undergoes selective loss

during cleanup [35]. This sequence is counterintuitive to sequences based on

reverse-phase chromatography with a C18-column, in which the a- (and not the b-)
isomer is eluted first when using a polar solvent. These results indicate that care

should be taken when isolating HBCDs and other molecular diastereomers from

environmental and biological samples and that reported concentrations of b-HBCD
in the literature may be negatively biased.

3 Shortcomings of Gas Chromatography

Instrumental analysis of HBCDs and TBBPA are generally performed by means of

GC�MS and/or LC�MS. The analytical methodology for the determination of

HBCDs and TBBPA has been previously reviewed by Covaci et al. [2, 36]. The

present section builds on the previous review and highlights advances in their

separation and detection post-2007.

3.1 HBCD

Traditionally, HBCD has been analyzed using GC–MS, usually operated in ECNI

mode for which themonitoring of the [Br]� ions allows a higher sensitivity. Detailed

information regarding the GC–MS analysis of HBCDs can be found in recent

reviews by Covaci et al. [2, 36]. However, the GC technique is more problematic

for HBCD than for most PBDEs and has a number of serious limitations:

Technical HBCD consists of three diastereoisomers: a-, b-, and g-HBCD,
the latter being predominant. Interconversion of the HBCD diastereoisomers

occurs when technical HBCD is exposed to temperatures above ca. 160�C [37],

and therefore, diastereoisomer-specific analysis of HBCDs by GC–MS is not

possible.

Close inspection of chromatograms shows that the HBCD peak is always

somewhat broader than the near eluting PBDE peaks. Because HBCD elutes from

the GC column at temperatures higher than 160�C, and due to thermal isomeriza-

tion, a broad, unresolved peak is observed [2]. Since the response factors of the

three diastereoisomers do not apparently differ very much [38], HBCDs can be

quantified as total HBCDs by GC–MS. However, uncertainties are larger compared

to those obtained for a number of PBDEs, which is shown by a larger relative SD in

quality charts (ca. 25–30%).
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At higher temperatures (around 240�C), as well as in dirty injection systems,

HBCDs further degrade to lower brominated analogs (Fig. 1) [39]. Also, it has been

shown that pure HBCD undergoes decomposition by elimination of HBr at tem-

peratures above 240�C [37]. Not surprisingly, partial breakdown and even complete

loss of HBCD have been reported in GC systems. When analyzing HBCDs by

GC–MS, the cleanliness of extracts and the liner are essential.

In ECNI–MS, the dominant ions for HBCD are the [Br]� ions (m/z 79 and 81),

while the larger fragment ions have low abundances [39]. In this case, structural

confirmation of HBCD, for which the formation of larger fragment ions is neces-

sary, is not possible in ECNI–MS.

Brominated compounds, which have been used as internal standards (e.g., PBDE

or polybrominated biphenyls (PBB) congeners), have a better thermal stability and

so cannot be used to compensate for the breakdown of HBCD during GC separa-

tion. Furthermore, since isotopically labeled HBCD standards cannot be used when

monitoring only Br� ions, the quantification of HBCD by GC–ECNI–MS is

problematic.

Due to its lack of stereoisomer specificity, the use of GC in the analysis of

HBCDs should be discouraged. If GC is the only alternative, thermal degradation of

HBCDs should be minimized through cold on-column injection, short narrow-bore

GC columns, thin film stationary phases, and high carrier gas flow rates. Cold on-

column injection, short GC columns, thin film stationary phases, and high flow rates

are several measures to minimize the risk of thermal degradation and to reduce the

elution temperature of HBCD. Such approach has been recently applied for the

identification and quantification of BFRs, including HBCD and TBBPA in styrenic

polymers. Short run times (<10min) were employed for the separation of all BFRs

using 15 m DB-5 type capillary columns (0.32 mm ID) combined with high oven
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Fig. 1 GC–ECNI–MS chromatogram in selected ion monitoring mode of ions m/z 79 for a dust

sample. Degradation products (corresponding to PBCDes and TBCDes) are also indicated.

Reproduced from [39]
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ramping. Retention time for HBCD was 4 min, and there was minimal degradation

seen in the chromatograms [31].

3.2 TBBPA

Although TBBPA is the most widely used BFR, this compound is not frequently

measured, probably due to its presence at lower concentrations in biota compared to

PBDEs and HBCDs and due to its lower bioaccumulation potential. Among the

predominant BFRs, TBBPA is the most polar molecule, which demands therefore

more complicated methods for a proper determination. Acidification and derivati-

zation are compulsory before GC analysis, while LC has the advantage that no

derivatization step is required [4]. Both the derivatization and acidification step

can introduce errors and/or losses [4]. In terms of sensitivity, LC–ESI–MS–MS can

be competitive with published GC–EI–MS–MS techniques, with LODs in the

ppt-range [21].

A GC–HRMS method requiring derivatization with methyl-chloroformate

was developed by Berger et al. [34]. However, this method suffered from a rather

restricted linear range and incomplete derivatization, leading to lower recoveries.

This might also be explained by the presence of bulky bromine substituents

adjacent to the two hydroxyl groups, resulting in an incomplete double derivatiza-

tion. Derivatization that can lead to insertion of even larger groups on the TBBPA

molecule is even more difficult.

4 Analysis by Liquid Chromatography

4.1 TBBPA

Due to polar characteristic of TBBPA molecule, LC–MS method appears to be the

method of choice for their analysis because no derivatization of the phenolic group

is required [3, 36, 40]. Another advantage of the LC–MS determination of TBBPA

is the possibility to use the 13C-labeled TBBPA as surrogate standard. This greatly

enhances the quality of the analytical data obtained by compensating for matrix-

related effects that can affect analyte ion intensity [3].

Tollb€ack et al. [41] reported that the most suitable LC–MS interface for TBBPA

analysis is ESI operating in negative ionization mode finding LODs 30–40 times

lower compared to atmospheric pressure chemical ionization (APCI). In addition, it

permits monitoring of the intact TBBPA molecule through the soft ionization of

ESI resulting in improved method selectivity and accuracy. Similar results were

found by Morris et al. [26].
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The LC behavior of TBBPA depends greatly on the mobile phase. Chu et al.

(2005) found that by using methanol as mobile phase, the response of target

compounds was about one third greater than when using acetonitrile. The use of

methanol as mobile phase resulted in better limit of quantification (LOQ) due to the

more stable detector baseline obtained. In general, a more advantageous analysis

was obtained using methanol and water as mobile phase [3, 42]. It is important to

note that in terms of sensitivity, LC–ESI–MS can be competitive with published

GC–EI–MS techniques with LODs in the ppt range [21].

Ion-trap MS was also reported for the determination of TBBPA in sediment and

sewage sludge after LC separation [43]. The ion-trap scan range was set from m/z

145–543. On the other hand, Guerra et al. [42] proposed a methodology based in

the use of LC–QqLIT–MS in order to analyze TBBPA and related compounds

bisphenol A (BPA), monobromobisphenol A (MonoBBPA), dibromobisphenol A

(DiBBPA), and tribromobisphenol A (TriBBPA) in sewage sludge and sediment

samples. Figure 2 showed the chromatographic separation of TBBPA and related

γ-HBCD

TriBBPA

TBBPA
4.7e5

6.0e4

8.0e4

1.0e5

1.2e5

1.4e5

1.6e5

1.8e5

2.0e5

2.2e5

2.4e5

2.6e5

2.8e5

3.0e5

3.2e5

3.4e5

3.6e5

3.8e5

4.0e5

4.2e5

4.4e5

4.6e5

4.0e4

2.0e4

0.0
4.0 4.5 5.0 5.5 6.0 6.5 7.0 7.5 8.0 8.5 9.0 9.5 10.0 10.5 11.0 12.0 12.5 13.011.5

DiBBPA

MonoBBPA

BPA

Time (min)

In
te

ns
ity

 (
cp

s)

β-HBCD

α-HBCD

Fig. 2 Total ion chromatogram (TIC) obtained for a standard mixture containing BPA, Mono-

BBPA, DiBBPA, TriBBPA, TBBPA, a-, b-, and g-HBCD at 500 pg/mL
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compounds together with the diastereoisomeric HBCDs. On the other hand, ultra

performance liquid chromatography (UPLC)–ESI–MS–MS was reported to ana-

lyze TBBPA in soil and food samples [44, 45]. This technique combines all the

advantages of LC–MS–MS in addition to shorter residence time of the analyte on-

column. The short analysis time (4 min) can double the efficiency of the analytical

method [3].

4.2 HBCD

4.2.1 Diastereoisomer Determination

Regarding detection systems, MS is the preferred analytical technique, in terms of

selectivity and sensitivity. Among different MS analysers, the QqQ is the most used

[42, 46]. However, the increasing robustness and widespread use of ion trap

instruments, due to their high versatility and relatively low cost, led to the develop-

ment of methodologies based on this technique for HBCD detection and quantifi-

cation [16, 42, 47–50].

There has been some concern due to the apparent differences in the stability of

HBCD diastereoisomers in different solvents. This was explained by the relatively

lower solubility of g-HBCD in acetonitrile compared to methanol. Thus, Tomy

et al. [50] suggested the use of methanol for final extracts to inject in LC–MS

analysis.

Regarding diastereoisomers separation, any ratio of methanol/acetonitrile as

mobile phase allows the separation of all three diastereoisomers. However, an

increase in the percentage of acetonitrile in the mobile phase resulted in a slightly

better separation of HBCDs, mainly between b- and g-HBCD [46]. In order to

enhance the sensitivity, mobile phase modifiers have been used, commonly

ammonium acetate [7, 11, 26, 42, 51] and acetic acid [24]. It is well documented

and experimentally confirmed that HBCD tend to associate with several anions

forming different adducts that can affect the sensitivity and the accuracy of the

determinations [16, 47, 52]. The addition of different ammonium salts to the

mobile phase, i.e., ammonium chloride or ammonium acetate, in order to encour-

age (Cl method) or try to inhibit (Ac method), respectively, the formation of the

chlorine adducts of the molecular ion were carried out. The Cl method showed

higher sensitivity, and the limits of detection (0.23–0.41 pg on column) and

quantification (0.77–1.35 pg on column) were up to 14 times lower than those

obtained applying the Ac method.

LC–MS or LC–MS–MS using ESI or APCI are versatile tools for the isomeric-

specific determination of HBCDs trace levels. Budakowsky and Tomy [53] have

shown that APCI have lower intensities compared with a similar experiment with

ESI. Consequently, ESI mode is the preferred one for determining diastereoisomer

HBCDs by several studies [7, 42, 48, 53]. However, Suzuki and Hasegawa [11]
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reported signal to noise (S/N) ratio values 2–5 times higher compared to ESI when

APCI was applied on the HBCD analysis in leachate.

Different methods for the analysis of diastereoisomeric HBCD using LC–

ESI–MS–MS and the selective reaction monitoring (SRM) for the transition

[M–H]� (m/z 640.6) ! [Br]� (m/z 79 and 81) have been developed obtaining

LODs between 0.5 and 6 pg on-column [46, 53]. Morris et al. observed differences

in the sensitivity of different HBCDs between two MS instrument: a-HBCD proved

to be the most sensitive of the three stereoisomers with the single quadrupole

instrument, while g-HBCD was the most sensitive on the ion-trap [16].

Matrix-related effects, either signal enhancement or more commonly signal

suppression, can have a pronounced effect on quantitative measurements. Based

on these observations, the use of isotopic-labeled standards are helpful to achieve

accurate analytical measurement data on the diastereoisomers. For this reason,

several methodologies include the use of both 13C- and d18-labeled surrogates as

recovery and/or instrument standards [7, 42, 46, 53].

It is important to note that some other LC–ESI–MS–MS methods have been

developed for the simultaneous analysis of diastereoisomeric HBCDs and TBBPA

[11, 42]. Two different LC–QqLIT–MS methods were developed by Guerra et al.

comparing an SRM experiment with an enhanced product ion (EPI) experiment to

analyze a-, b-, and g-HBCD together with TBBPA and related compounds (BPA,

MonoBBPA, DiBBPA, and TriBBPA). The developed methods display excellent

LODs in SRM mode (0.1–1.8 pg), but even better results are obtained in EPI mode

(0.01–0.5 pg) [42].

4.2.2 GC Versus LC for HBCD Analysis

A few studies have investigated the comparability of results issued using GC or LC

methods. However, the results are not conclusive due to a large variation in the

methodologies employed in each studies and the type of samples for which the

comparison was achieved. In a study by Van Leeuwen and de Boer [54], total

HBCD determined by GC–ECNI–MS was measured in 22 out of the 44 fish

samples in concentrations between 0.20 and 230 ng/g wet weight (ww). The sum

of the three HBCD diastereomers as obtained by LC–ESI–MS–MS was found to

differ from the total HBCD by GC, with the GC–ECNI–MS results being in average

4.4 times higher, according to the regression analysis. The authors concluded

that the LC–ESI–MS–MS data are more accurate than those obtained by GC–

ECNI–MS.

In a similar study, Abdallah et al. [39] have analyzed HBCDs in indoor dust

samples (n ¼ 37) using GC–ECNI–MS and LC–ESI–MS–MS. This study has

investigated also the suitability of using different internal standards (IS), including
13C-labeled HBCD during the GC analysis and using the response factors (RF) of

individual a-HBCD and g-HBCD isomers to calculate the total HBCD concentra-

tions by GC. Statistical comparison showed that concentrations obtained via

GC–ECNI–MS were statistically indistinguishable (p > 0.05) from those obtained
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using LC–ESI–MS–MS. The closest match between the two techniques was

obtained using 13C-a-HBCD as IS and the average RF for a-HBCD and

g-HBCD. Significant correlations (Pearson coefficient values r > 0.9, p < 0.01)

were obtained between the GC–ECNI–MS and LC–ESI–MS–MS results obtained

for the investigated dust samples, with slopes ranging from 0.76 to 1.36 for the

various IS and RF calculations. Although the conclusion was that LC–ESI–MS–MS

results in reliable data and, most important, in individual isomeric concentrations, it

was acknowledged that GC–ECNI–MS can give a good estimation of the total

HBCDs, if the appropriate ISs and calculation methods are used.

4.2.3 Enantiomeric Determination

Since a-, b- and g-HBCD are chiral, each diastereoisomer has a pair of enantio-

mers: (+)a, (�)a, (+)b, (�)b, (+)g, and (�)g, respectively [36]. The enantiomers

have identical physicochemical properties and abiotic degradation rates but may

have different biological and toxicological properties and therefore different bio-

transformation rates. These transformations may result in nonracemic mixtures of

the enantiomers that were industrially synthesized as racemates [8, 49, 53, 55, 56].

The rates of metabolization process of the enantiomers of environmental pollutants

may be significantly different. For example, there are some cases where only one

enantiomer is being decomposed while the second is being accumulated in the

environment, such as for hexachlorohexane (HCH) [15]. Because of that, an

understanding of the environmental and biological fate of the HBCD enantiomers

is required.

In order to separate the enantiomers of (+/�)a, (+/�)b and (+/�)g-HBCD,
permethylated b-cyclodextrin columns has been successfully used [7, 28, 49].

The separation is achieved in a single analysis with LODs between 10 and 20

injected pg on-column. It is well known that ESI is subject to sample matrix effects

that can cause enhancement or suppression of the target analytes signal and can

adversely affect their quantification [8, 50]. In order to avoid this effect that can

affect enantiomeric fraction (EF) calculations, Marvin et al. [8] introduced the

corrected EF values. This correction is based on the use of isotopic-labeled stan-

dards (d18-HBCDs) since d18-labeled enantiomeric analogs behave in an identical

manner to their native counterparts. Two other factors influencing the obtained

EF values were observed by Marvin et al. The first one is the organic solvent

content in the mobile phase; an EF decrease with increasing organic fraction

content in the mobile phase was observed. The second factor is the column bleed

that would compete with the enantiomers during the ion charge process in the ion

spray source [8].

Different enantiomeric behavior studies were done by Jànak et al. [46, 56] and

Guerra et al. [49, 57]. The first author [46] studied the EF in different fish species

from the Western Scheldt Estuary, where a strong enrichment of (+)-a-HBCD was

observed for bib and whiting liver. In the case of sole, the EFs were similar for liver

and muscle, with a slight enrichment of (�)-a-HBCD. In 2008, the same author
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[56] found clear differences between a-HBCD enantiomeric fractions in the differ-

ent species analyzed, indicating species-specific stereoselective mechanism for

uptake and metabolism of a-HBCD enantiomers. In Spanish sediment samples

[49], EF obtained suggested a higher presence of (+)-a-HBCD and (+)-g-HBCD
as compared to technical mixtures. Finally, EF values in human breast milk from

Spain have been analyzed [57], where an enrichment of (+)-g-HBCD in the human

body have been found. Regarding a-enantiomer, it was possible to determine EF

value only in two samples, showing enrichment of (�)-a-HBCD. Figure 3 shows

the chromatogram obtained for a standard solution and for two human breast milk

samples.
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Fig. 3 Enantiomeric HBCD analysis by LC–ESI–MS–MS for (a) standard solution at 1,000 pg/mL,
and (b, c) human breast milk samples from Spain
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4.3 Other BFRs

ESI, APCI, and atmospheric pressure photoionization (APPI) are the ionization

techniques commonly used in LC–MS analyses. These techniques are suitable for

the ionization of polar, less polar, and slightly polar to nonpolar compounds,

respectively. Although ESI efficiently ionizes HBCD isomers and TBBPA [42,

43, 50, 51, 53], the use of this ionization mode for other emerging BFRs have failed.

APCI ionization has been also applied only for the analysis of TBBPA and HBCDs

[11]. APPI is the most used ionization mode for the analysis of PBDEs, but the

limited availability of APPI in most analytical laboratories has made this mode of

ionization less appealing [58]. Abdallah et al. [59] performed a 13C-labeled isotope
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dilution LC–APPI–MS–MS method to analyze 14 different PBDEs, between

tetra- to deca-BDE congeners in house hold dust.

Another method was developed to analyze 36 halogenated flame retardants

(HFR) in fish by LC–APPI–MS–MS. Some of the quantified compounds were

2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EHTeBB), bis(2-ethyl-1hexyl)tetrabro-

mophthalate (BEHTBP), HBCD isomers, and BDE-47, -66, -71, -77, -100, -99,

-126, -138, -154, -153, -183, -197, -206, and -209. Moreover, LC–APCI–MS–MS

was performed for the analysis of 38 HFRs in wastewater, finding EHTeBB,

decabromodiphenylethane (DBDPE), BEHTBP, and TBBPA at pg/mL levels

(Fig. 4) [58]. Different LC columns were evaluated, and a C18 column was selected

due to the adequate selectivity for the 38 compounds, using a mixture of water and

methanol as the optimal mobile phase. The average of on-column instrumental limit

of detection (IDLs) was 6.1 pg, showing better sensitivity compared with some

literature values [58].

A new emerging BFR recently included in some environmental studies is the

1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane (TBECH). This compound can

exist as four diastereoisomers are thermally sensitive, and they can interconvert at

temperatures of 123�C or higher. That is because the development of a LC–MS

method may be useful in order to obtain the separation of the four isomers.

Arsenault et al. [60] developed a LC–ESI–MS method for the four TBECH isomers.

They could not detect the molecular ion; however, analytes were detected monitor-

ing the bromide ion (Br�) using SIM mode. They also observed that, using APCI

conditions, a very weak molecular ion was detected.

4.4 BFR Metabolites and Transformation Products

When organic compounds are into the environment, they could be widely

distributed and subjected to different processes that contribute to their elimination

and/or transformation [61]. Depending on the compartment in which the transfor-

mation occurs, the products could be a metabolite, when the organism metabolism

is involved or, a transformation product if it reacts in the environment. Therefore, in

exposed organism, metabolism is an important factor in determining the bioaccu-

mulation, fate, pharmacokinetics (or toxicokinetics), and toxicity of contaminants.

In order to analyze metabolites and transformation products of BFRs, LC–MS is

a useful technique due to the higher polarity of these compounds compared with the

parent compounds.

4.4.1 HBCD Metabolites and Transformation Products

Abdallah et al. [39] found HBCD transformation/degradation products in dust

samples via LC–MS–MS using a C18 analytical column and water/methanol as

mobile phase in presence of ammonium acetate. These products were identified as
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four pentabromocyclododecene (PBCDe) isomers. Moreover, two additional peaks

were observed in chromatograms and corresponded to two congeners of tetrabromo-

cyclododecadienes (TBCDe). The monitoring of m/z 560.8!79.0 and 480.4!79.0

was done for PBCDs and TBCDs, respectively. The elution of all compounds is

obtained in less than 15 min. Different results were observed by Davis et al. [62]

when analyzed in waste water sludge and freshwater sediments by LC–APPI–MS.

In this study, only one TBCD isomer as a degradation product of HBCD was

detected. It was proposed that TBCD is the result of a dihaloelimination reaction

of HBCD resulting in the loss of two bromines from vicinal carbons with the further

formation of a double bond between the adjacent carbon atoms.

A small number of studies have been carried out in order to determine HBCD

metabolism. In a study with dolphins, three HBCD metabolites were detected using

an LC–ESI–MS instrument [63]. Two metabolites were identified as monohydroxy-

HBCD and the third metabolite could not be identified. Hydroxylated metabolites

of b- and g-HBCD were found; however, no significant decrease in a-HBCD
concentration was observed during the incubation with rat and harbor seal micro-

somes. However, in vitro experiments with microsomes of dab and flounder showed

that a-HBCD was also biotransformed resulting in two monohydroxy-HBCD

metabolites. Huhtala et al. [64] confirmed this result by finding a monohydroxy-

HBCD after an in vitro study in rainbow trout liver microsomes.

Brandsma et al. [65] studied the presence of hydroxylated metabolites of HBCD

in three wildlife species (tern egg, seal, and flounder) as well as Wistar rats exposed

to HBCD for 28 days. A total of four different types of metabolites were found

using LC–MS–MS: the monohydroxy metabolites of TBCDe, PBCDe, and HBCD,

and a dihydroxy-HBCD (Fig. 5). Another metabolic pathway in the rat is debromi-

nation of HBCD to PBCDe and TBCDe. In this study, all the hydroxylated

metabolites found with LC–MS–MS were confirmed by GC–MS, but an additional

metabolite was found with GC–MS, the dihydroxy-PBCDe [65].

4.4.2 PBDE Metabolites

The nonpolar nature of de diphenyl ether structure in PBDEs and the introduction of

polar hydroxyl functional groups in the molecule upon its metabolism provide a

special challenge in the analysis of PBDEs metabolites. Due to the structural

similarity of some hydroxylated (OH)-PBDE compounds to thyroid hormones

such as thyroxin (T4), these metabolites are suspected to mimic hormones in the

body, making them more deleterious than the parent compounds [9].

Direct analysis of OH-PBDEs by GC–MS is not amenable due to their nonvola-

tile nature. All analytical methods applying GC–MS for the analysis of OH-PBDE

metabolites must include a derivatization step. Usually, diazomethane was used as

derivatizing agent. This compound needs to be handled with extreme care due to its

explosive characteristics. On the other hand, the efficiency of the derivatization

varies from sample to sample since the reaction may give less than 100% yield.
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Finally, additional sample preparation/cleanup steps could introduce errors and

long analysis time. For all these reasons, the analysis of OH-PBDE metabolites

by LC–MS seams interesting. However, these metabolites are poorly ionized by

LC–ESI–MS and consequently are not easily detected at low levels [9, 66].

In 2007, Mas et al. [66] proposed the analysis of eight underivatized OH-di to

OH-tetraBDEs by negative ion spray ionization (ISP) tandem mass spectrometry

(LC–ISP–MS–MS) in soil fish, sludge, and particular matter. This method was

shown to be efficient, robust, sensitive, and selective with LOQ at the high pg/g dry

weight level. Another LC–APCI–MS–MSmethod was developed for the separation

and detection of nine OH-PBDEs, ranging from tri- to hexa-brominated, as well as

MS–MS fragmentation information [9]. As mobile phase, water and acetonitrile

were used and the reversed-phased separation was completed on a C18 analytical

standard
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Reproduced from [65]
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column, resulting in a 35 min separation of the nine congeners followed by a 10 min

reequilibration.

Methoxylated (MeO)-PBDEs have been reported in a few studies and the current

knowledge indicates that the MeO-PBDEs found in wildlife are mostly a conse-

quence of accumulation via natural sources in marine environments such as in

sponges and green algae [67]. Kato et al. [68] have analyzed OH- and MeO-

tetraBDEs and hydroxylated and methoxylated analogs of tetrabromobiphenyl

(diOH-tetraBB and diMeO-tetraBB) using LC–APCI–MS–MS in marine biota.

A good advantage of the proposed APCI method is that the simultaneous determi-

nation of OH- and MeO-brominated analogs could be completed within 22 min

after a single cleanup GPC procedure.

A selective and sensitive method using negative LC–APCI–MS–MS [69] was

also developed to enable analysis of selected natural persistent organohalogens

accumulated in marine biota. Selected analytes were three MeO-tetraBDEs, a

diMeO-tetraBDE and two halogenated methyl bipyrroles (Cl7-MBP and Br4Cl2-

DBP). The method only required 10 min to allow the separation of selected

analytes. In this method, the fragmentation pathways of MeO-BDEs produced

characteristic SRM transitions needed to resolve isomeric compounds, [M–Br+O]�

and Br� ions, for MeO–BDE analogs and [M–Cl+O]� and Br� or degradation

product ions for 1,10-dimethyl-3,30,4,40-tetrabromo-5,50-dichloro-2,20-bipyrrole
(Br4Cl2-DBP) and 2,3,30,4,40,5,50-heptachloro-10-methyl-1,20-bipyrrole (Cl7-MBP),

respectively.

Finally, a LC–ESI–MS–MS method with greater sensitivity and better separa-

tion efficiency [70] was established for the simultaneous analysis of four estrogens,

BPA, 10 OH-PBDEs, and 15 brominated phenols (BRPs) in blood plasma sample,

using dansyl chloride as derivatization agent that reacts, which provides a new

method to derivatize phenolic compounds prior to LC–MS analysis. The ionization

and fragmentation of the isolated dansyl derivatives ESI–MS–MS resulted in

protonated molecular ions [MH]+ or [MH]+-2 of their dansyl derivatives, producing

the same major product ions at m/z 171 and 156. Thus, 30 analytes belonging to

four classes of phenolic compounds could be analyzed within 22 min after sample

treatment (Fig. 6). However, the sample preparation is longer due to the use of

dansyl chloride.

5 Interlaboratory Studies

An important gap is the lack of harmonized methods for the determination of

HBCDs and TBBPA in environmental matrices. Regular intercalibration studies

and participation in laboratory proficiency studies (when available) are important

so as to maintain high quality of analytical data. Up to now, only a limited number

of intercalibration studies have been performed with a rather limited number of

participating laboratories. Moreover, these interlaboratory studies referred to

HBCDs, but none of them reported intercomparison for TBBPA determination.
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In order to assess the quality of HBCD determinations, the Norwegian Institute

of Public Health organized interlaboratory comparison studies in 2005 and 2007.

The purposes of these studies were (a) to assess the comparability of results

obtained using different analytical techniques, (b) to provide a quality assurance

instrument for the participating laboratories, and (c) to assess the readiness of

expert laboratories to determine HBCD in biological samples [71]. Up to 13

laboratories determined either the total HBCD concentration, or concentrations of

individual HBCD isomers, or both in cod liver oil, herring filet, salmon filet, butter,
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and chicken meat. The laboratories were able to determine total HBCD concentra-

tions in the marine samples with satisfying quality (RSD <35%). However, the

analysis of samples with low HBCD contamination (<about 2 ng/g lipid weight)

should be improved. No statistically significant differences were found between

total HBCD concentrations obtained by LC–MS and GC–MS.

An additional factor is that there are currently no certified reference materials

(CRMs) for HBCDs that can be used for method validation. Up to now, indicative

values for HBCDs have been issued for several reference materials (e.g., lake trout

from Cambridge Isotope Laboratories or indoor dust from the US National Institute

for Standards and Technology), but the certification of HBCDs and TBBPA in a

wider range of environmentally relevant materials is needed.

6 Conclusions and Perspectives

PBDEs have typically been analyzed using GC–MS, but the high injection port

temperatures required to transfer these analytes to the GC column can result in

degradation of the desired compounds. These could occur in the case of highly

PBDEs and other BFRs such as HBCDs. In the case of TBBPA or metabolites (OH-

PBDES), a derivatization step is needed, given more possibilities for errors because

it is not always reproducible and quantitative.

The LC–MS and LC–MS–MS methods appear to be methodologies of choice to

analyze TBBPA, HBCD-isomers, and HBCD-enantiomers because no derivatiza-

tion is needed, and the isomeric separation is obtained. The ESI, APCI, and APPI

are the atmospheric pressure ionization modes commonly used in LC–MS analyses.

On the other hand, the use of 13C-TBBPA and 13C- and d18-HBCD-isomer-labeled

standards as internal standards enhances the quality of the analytical data through

compensation for matrix-related effects that can affect analyte ion intensity, repro-

ducibility, and trueness.

Also important is the recent development of methods for the identification of

metabolites of PBDEs and HBCD by LC–MS–MS, thereby avoiding the problems

of derivatization. The future challenge is to adapt these LC–MS techniques for the

analysis of emerging flame retardants in different sample matrices as well as their

potential metabolites and transformation products.

On the other hand, in order to improve the quality of these methodologies,

interlaboratories comparison studies should be done, especially in the case of

HBCDs and TBPPA where more experience and interest have been obtained in

the last years. Finally, another relevant point is the lack of CRMs. While effective

analytical quality control requires the availability of CRMs, there is a need to

certify HBCD and TBBPA in various appropriate CRMs.
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Current Levels and Trends of Brominated

Flame Retardants in the Environment

Robin J. Law and Dorte Herzke

Abstract Intensive study of the environmental occurrence and impacts of

brominated flame retardants (BFRs) began during the 1990s, while the number of

investigations reported has increased year-on-year. In this chapter, we review

recent literature concerning levels and trends of BFRs in environmental samples,

mainly published between 2008 and early 2010. In many areas of the world,

controls have been put in place regarding the use of polybrominated diphenyl ethers

(PBDEs), and environmental concentrations are beginning to fall as a result.

Investigations into the potential impacts of TBBP-A in Asia, around sites of

manufacture and first use, are still required in order to assess the risks of continued

production and use. The use of “novel” BFRs is being studied in order to assess

their significance and potential impacts, as their environmental presence has been

noted recently in a number of studies. New sources have emerged, such as e-waste

recycling operations. In addition, secondary sources, such as glacier ice and perma-

frost soils, might become increasingly important in the future as a result of climate

change. There is still concern that BDE209 (from the deca-mix PBDE technical

product) may be debrominated in the environment to yield lower brominated

BDE congeners, particularly as a large reservoir of BDE209 is accumulating in

sediments. Even today, many ecosystems and regions are not studied well enough

for us to be able to establish a global overview concerning BFR concentrations and

their toxic effects.
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1 Introduction

Although brominated flame retardants (BFRs) were first identified as environmental

contaminants in the 1980s, intensive studies of their occurrence and impacts began

only during the 1990s. Since then, the number of investigations reported in the

scientific literature has increased year-on-year. In the month in which this chapter

was begun (December 2009), a single influential journal, Environmental Health
Perspectives, the journal of the US National Institute of Health, featured two

articles on BFRs and human health and two more on related animal studies [1–4].

Children’s health is of particular concern as, unusually for industrial chemicals, the

major exposure is in the home, and toddlers are particularly exposed via dust. They

also carry the highest body burdens [5]. These topics are considered elsewhere in

this volume, but those concerns reflect those relating to exposures in the wider

environment, the main subject of this chapter. We have included references to

papers published or available on journal websites between 2008 and up until the end

of January 2010, covering outdoor and indoor air, dust, water, and sediments and

soils, as well as “hot-spots” such as e-waste recycling operations.

A number of recent reviews have summarised the current situation regarding

BFRs in the environment [6–8]. The last of these indicated that, although the USA

has historically led the world production of polybrominated diphenyl ethers

(PBDEs), scientific studies addressing the sources, behaviour and fate of PBDEs

in the environment of the USA were limited when compared to those in Europe.

Concern regarding BFRs began in Sweden, where PBDEs were first detected in

environmental samples [9] and this concern has continued to develop as additional

compounds have been detected. The manufacturers of BFRs have at least 75

products on the shelf and available for use [10], although the major use to date

has been of the PBDE formulations (the penta-, octa- and deca-mix PBDE pro-

ducts), hexabromocyclododecane (HBCD) and tetrabromobisphenol-A (TBBP-A).
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Most attention on the environmental aspects of BFRs has, therefore, been focussed

on these compounds. The environmental occurrence of “novel” BFRs (mainly those

which have been begun to be used as alternatives or additions to the major products,

or which have, historically, been used in small volumes) has also been reviewed

recently [11–14]. This review of the current situation regarding environmental

levels and trends of the major BFRs in the environment is primarily based on the

scientific literature published between 2008 and 2010, so as to best reflect the

current situation.

Muir and de Wit [15] have reviewed the recent literature on the presence

of BFRs in Arctic media, important as an indicator of long-range atmospheric

transport. PBDEs have been reported in air and biota samples since the early to

mid-2000s. Most surprising, which the authors noted, was the predominance of

BDE209 in Arctic air samples, transported on airborne particulates rather than in

the vapour phase. Another study [16] noted that atmospheric concentrations of

BDE209 were increasing at Alert station in northern Canada to 2005 with a

doubling time of 3.5 years. The presence of HBCD in Arctic biota is another recent

observation. The g-HBCD isomer predominates in air samples (as in the commercial

product), [15], while a-HBCD predominates in biota and all three major isomers (a-,
b- and g-) occur in marine sediments. Spatial trends in seabirds and marine mammals

are similar to those seen earlier for PCBs and PBDEs, presumably reflecting similar

transport pathways. Western Europe and eastern North America are important

sources to the most contaminated areas, East Greenland and Svalbard. Five “novel”

BFRs were also detected in Arctic locations, again indicating long-range atmospheric

transport.

2 Outdoor Air and Precipitation

In the Great Lakes area of North America, concentrations and atmospheric deposi-

tion of BDEs were studied during 2005–2006 [17, 18]. The highest mean concen-

trations of SBDEs (the sum of the congeners determined) were found at urban sites

in Chicago and Cleveland (65 � 4 and 87 � 8 pg m�3, respectively), and the

lowest at the remote site at Eagle Harbour (5.8 � 0.4 pg m�3). With the exception

of Chicago, the atmospheric concentrations of BDE47 and BDE99 in the particle

and gas phases were decreasing rapidly, with half-lives of ca. 2 years. Concentrations

of BDE209 were not decreasing at any of the five sites studied. Volume weighted

mean concentrations of SBDEs in precipitation ranged from 94 � 19 ng L�1 in

urban Chicago to 0.65 � 0.14 ng L�1 at the rural Sturgeon Point site. The high-

est mass transfer rates for SBDEs and BDE209 were 310 � 79 kgpa in Lake

Michigan and 79 � 56 kgpa in Lake Erie, respectively. At Point Petre, another

rural site in the Great Lakes area sampled in 2002–2004, average SBDE concentra-

tions were 7.0 � 13 pg m�3 (excluding BDE209) and 1.8 � 1.5 pg m�3 for that

congener [19].
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Noël et al. [20] studied BDEs in air from two sites in western Canada, a remote

site on western Vancouver Island and a near-urban site in the Strait of Georgia.

Mean concentrations of SBDEs in air and rain were 12.2 pg m�3 and 14.8 ng L�1,

respectively, in the Strait of Georgia and 13.7 pg m�3 and 0.1 ng L�1, respectively,

on Vancouver Island. Investigation of back trajectories suggested that the rapid

movement of westerly air masses across the Pacific Ocean provided a mechanism

for the ready delivery of BDEs to North America from sources in Asia. It was also

noted that such sources were likely to increase as a result of both production of

electronic products and the recycling of electronic waste.

At a background location in the Eastern Mediterranean, the average SBDE
concentration in air was 3.9 � 2.1 pg m�3. BDE profiles did not show any day/

night shifts that could be attributed to hydroxyl radical reactions or photolysis, in

contrast to CBs [21].

During 2006–2007, outdoor air and precipitation samples were collected in the

Pearl River Delta area of South China [22]. S15BDE concentrations ranged from 77

to 372 pg m�3 in air (particulate þ vapour) and 2.0 to 16 ng L�1 in rain from

Guangzhou. BDE209 was the predominant congener. The estimated annual dry and

wet depositional rates were 6.7 and 2.5 tonnes per annum for BDE209, and 7.3 and

2.9 tonnes per annum for S15BDE, indicating a dominant pathway for PBDE input

to the soil and aquatic environments in the PRD region.

Doubling times of BDEs in Arctic air at Alert, Canada, ranged from 3.5 years for

BDE209 (as above) to 28 years for BDE153, with doubling times for BDE17 to

BDE100 ranging from 6.4 to 17 years. This reflects the phasing out of the penta-mix

PBDE product in Europe and North America in recent years [16].

The Tibetan plateau is considered to be a potential cold trap for POPs and may

play an important role in the global long-range atmospheric transport of these

compounds and others with similar properties [23]. The mean S12BDE concentra-

tion in butter from Tibet (chosen as a typical local food which also acts as an

integrated surrogate for ambient air concentrations) was 0.13 mg kg�1. The samples

with the highest and lowest concentrations (0.96 and 0.018 mg kg�1, respectively)

were from the S and SE of the plateau, as a result of atmospheric deposition, the

BDE deposition being mainly influenced by the tropical monsoon arriving from

south Asia.

3 Indoor Air and Dust

As well as homes and offices, exposure to BFRs in cars, buses, trains and aircraft

need to be considered, although the time spent in these is less. Mandalakis et al. [24]

investigated PBDEs in air samples taken from car interiors (n = 33) in Heraklion,

Greece, during 2006–2007. S19BDE concentrations varied widely, from 0.4 to

2,640 pg m�3, with BDE209 generally averaging 40% or more of the total. Con-

centrations decreased over time (i.e. with the age of the vehicle) and increased with

rising temperature. The daily inhalation rate of PBDEs during commuting was
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estimated to be 29% of the daily total (18% excluding BDE209), compared with

22% in the home. Congeners from both the penta- and deca-mix PBDE formula-

tions were observed, and the authors ascribed increases in the BDE47/BDE99 ratio

over time to progressive debromination of more highly brominated BDE congeners,

including BDE209. Lagalante et al. [25] determined BDEs in 60 dust samples taken

in 2007–2008 from second-hand vehicles for sale in the eastern USA. The dominant

congener was BDE209, comprising 95% of the total and with a median concentra-

tion of 48 mg kg�1.

Harrad et al. [26] studied PBDEs in dust from 30 homes, 18 offices and 20 cars

from the UK in 2006–2007. Average concentrations of S13BDEs were 260, 31 and
340 mg kg�1, respectively. Average concentrations of two “novel” BFRs were

lower: 1,2-bis(2,4,6-tribromophenoxy)ethane (BTBPE) 120, 7.2 and 7.7 mg kg�1

and decabromodiphenylethane (DBDPE) 270, 170 and 400 mg kg�1, respectively.

Concentrations of BDE209 in three samples were the highest recorded at that time:

2,600 (car), 2,200 (home) and 1,400 (office) mg kg�1. Estimated intake by UK

toddlers was 180 ng of tri- to hexa-BDEs and 310 mg of BDE209 per day. In south-
central China in 2008, Huang et al. [27] collected dust samples from 76 homes and

12 offices. Mean concentrations ofS9BDE and BDE209 were 64 and 2,600 mg kg�1,

respectively, in houses, and 31 and 3,150 mg kg�1 in offices. Forty-three samples of

outdoor dust were also collected from the vicinity of the homes sampled during the

study. Mean concentrations of S9BDE and BDE209 in these samples were 20 and

1,080 mg kg�1. In Queensland, Australia, Toms et al. [28] studied PBDEs in homes

and offices sampled in 2005. In indoor air, SBDE concentrations ranged from 0.5 to

179 and 15 to 487 pg m�3 in homes and offices, respectively. In dust, SBDE
concentrations were 87–733 and 583–3,070 mg kg�1 in homes and offices, respec-

tively. Congener profiles for both air and dust were dominated by BDE209. In a

similar study undertaken in two houses in Japan in 2006, Takigami et al. [29]

reported SBDE concentrations of 33 and 39 pg m�3 in indoor air and 240 and

730 mg kg�1 indoor dust. In outdoor air from the same locations, SBDE concentra-

tions were 19 and 25 pg m�3. In comparison, Takigami et al. [30] reported

concentrations of BDEs and HBCD in indoor dust from a hotel in Japan sampled

in 2006. S27BDE concentrations in dust were 9.8–1,700 mg kg�1 and total HBCD

concentrations were 72–1,300 mg kg�1. Toms et al. [31] reported concentrations of

BDEs in indoor air and dust from Brisbane, Australia in 2007–2008. S6BDE
concentrations ranged from <1.3 to 341 pg m�3 and 219 to 3,060 mg kg�1, respec-

tively. S16BDE concentrations in indoor air and dust from homes in Bavaria,

Germany, in 2005 ranged from 8.2 to 477 pg m�3 and 37 to 1,580 mg kg�1,

respectively [32]. The average daily intake of tri- to hepta-BDEs was estimated to

be 1.2 ng kg�1 body weight, and the results of a parallel duplicate diet study

suggested that dietary exposure was the dominant intake pathway for this adult

population, responsible for ca. 95% of the total. In both air and dust, BDE209 was

the dominant congener. Figure 1 indicates the spread of concentrations observed in

five countries, with the highest values observed in China.

Personal exposure to HBCD and its degradation products via ingestion of indoor

dust was assessed by Abdallah and Harrad [33]. Under an average dust ingestion
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scenario, personal exposures to SHBCDs ranged from 4.5 to 1,850 ng day�1; under

a high dust ingestion scenario this was 11–4,630 ng day�1. On average, ingestion

from house dust dominated due to the large time fraction spent in houses.

4 Water

Harrad et al. [34] determined HBCD and TBBP-A in water from nine English

lakes in 2008–2009. Concentrations ranged from 80 to 270 pg L�1 and 140 to

3,200 pg L�1, respectively. Aqueous concentrations were significantly, positively,

correlated, indicating a common source. Average dissolved phase concentrations

were 4.7% (HBCD) and 61% (TBBP-A).

5 Sediments and Soils

In sediments around a former sewage sludge disposal site in the outer Firth of Clyde

at GarrochHead,Webster et al. [35] reportedS17BDE concentrations up to 23 mg kg�1

dry weight. BDE209 was found at very high concentrations in sediment cores from

this area, up to 98,100 mg kg�1 dry weight. The highest concentrations were found

in the top 4 cm of all of the cores, reflecting recent use.

Zhang et al. [36] studied BFRs (BDEs, TBBP-A and DBDPE) in river sediments

and cores from a heavily industrialised region of South China. TBBP-A and DBDPE

were detected at concentrations ranging from 3.8 to 230 mg kg�1 dry weight and 23 to

430 mg kg�1 dry weight, respectively. Stri- to hepta-BDEs and Snona- to deca-BDEs

0 500 1000 1500 2000 2500 3000
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Australia

China

Germany
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Fig. 1 Mean concentrations of SBDE (including BDE209) in indoor house dust (mg kg�1)

reported between 2008 and early 2010 (UK: [26]; Germany: [32]; China: [27]; Japan: [29];

Australia: [28, 31])
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ranged from 0.7 to 7.6 mg kg�1 dry weight and 30 to 5,700 mg kg�1 dry weight,

respectively. The former group showed an increasing trend, whereas the latter group

showed a decreasing trend, possibly due to the substitution of DBDPE in some

applications. The rapid increasing trend of TBBP-A and DBDPE in recent sediment

layers reflected increasing usage. Sun et al. [37] studied soils irrigated by sewage or

wastewater in China.S40BDE concentrations in soils ranged from 0.5 to 3.3 mg kg�1

dry weight and BDE209 predominated (93% of the total BDE concentration).

Luo et al. [38] determined the free and bound fractions of BDEs and TBBP-A in

freshwater sediments from the lower reaches of the Dongjiang River in the Pearl

River Delta, China. The river runs through a large electronics manufacturing

region. Free residues were obtained by Soxhlet extraction with 1:1 hexane:acetone,

after which bound residues were recovered by alkaline saponification followed by

solvent extraction. Concentrations of free and bound tri-hepta congeners (S8BDEs)
ranged from 0.7 to 7.6 mg kg�1 dry weight and 0.013 to 0.14 mg kg�1 dry weight,

respectively. Concentrations of free and bound nona–deca congeners (S4BDE)
ranged from 30 to 2,300 mg kg�1 dry weight and not detected, respectively.

Concentrations of free and bound TBBP-A ranged from 3.8 to 230 mg kg�1 dry

weight and 1.2 to 20 mg kg�1 dry weight, respectively. In two sediment cores, a

decreasing trend was observed in the concentrations of nona–deca-BDEs in the

upper sections of the cores, which was ascribed to the increasing use of DBDPE as

an alternative to the deca-mix PBDE product [36].

In sediment samples from a contaminated Norwegian fjord, Haukås et al. [39]

determined HBCD concentrations in sediments along a transect away from a

known point source. Mean SHBCD concentrations declined with distance at the

four downstream sampling sites: 9,000 � 2,700 mg kg�1 organic carbon;

900 � 240 mg kg�1 organic carbon; 700 � 130 mg kg�1 organic carbon; 35 � 6.1

mg kg�1 organic carbon.

Hong et al. [40] determined BDEs in sediments from two locations in France and

South Korea. Mean S13BDE concentrations were 11 mg kg�1 dry weight in Masan

Bay, South Korea, but were not detectable in Thau lagoon, France.

Johannessen et al. [41] studied BDEs in seven sediment cores collected in the

Strait of Georgia, western USA, in 2003–2004. Surface S40BDE concentrations

ranged from 0.27 to 12.6 mg kg�1 dry weight. BDE concentrations were strongly

influenced by proximity to sources. BDEs were dominated by BDE209; the authors

noted that their accumulation into domestic dust through the use of treated fabric

(and other consumer products) supports the efficient transport of these compounds

to the coastal ocean via municipal wastewater systems.

In dated sediment cores from Tokyo Bay, over the period from the 1960s to near

present, both BDEs and HBCD increased from the 1960s and 1970s, respectively.

The doubling time was shortest for BDE209 (4.6–7.9 years); for SBDEs and HBCD
these were 6.1–12 and 7.1–12 years, respectively. These appeared to peak in the

1990s following controls in Japan [42].

Harrad et al. [34] determined HBCD and TBBP-A in sediments from

nine English lakes collected in 2008–2009. Concentrations ranged from 0.88

to 4.8 mg kg�1 dry weight and 0.33 to 3.8 mg kg�1 dry weight, respectively.
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Tetrabromocyclododecadienes were detected in all sediments, and pentabromocy-

clododecenes in some. This suggests that HBCD degrades via sequential loss of HBr.

In a sediment core from Greifensee collected in 2003, a small eutrophic lake

10 km east of Zurich, Kohler et al. [43] studied BDEs (with particular attention to

possible BDE209 debromination products) and HBCD. PBDEs first appeared in the

core in the mid-1970s. Total tri- to hepta-BDE concentrations (BDE28, BDE47,

BDE99, BDE100, BDE153, BDE154 and BDE183) levelled off in the mid-1990s at

about 1.6 mg kg�1 dry weight. BDE209 levels increased to 7.4 mg kg�1 dry weight

in 2001 with a doubling time of 9 years. HBCD first appeared in the mid-1980s, and

increased continuously to 2.5 mg kg�1 dry weight in 2001. Next to BDE209, all

three nona-BDE congeners (BDE206, BDE207 and BDE208) and at least 7 of the

12 possible octa-BDE congeners (BDE194, BDE196/200, BDE201, BDE202,

BDE198/203, BDE197/204 and BDE205) were detected in the sediments of the

Greifensee Lake. Highest concentrations were found in the surface sediments.

Jin et al. [44] determined BDEs in a river sediment core sampled in 2006 from

Laizhou Bay, China. S11BDE concentrations (including BDE209) in sediments

ranged from 1.3 to 1,800 mg kg�1 dry weight, with the highest concentration in the

slice taken at 4–6 cm depth. BDE209 predominated at all depths in the core,

consistent with the major use of the deca-mix PBDE product in China.

In soils collected in 2006 from 17 locations in Harbin, China, a major city of

three million inhabitants, Wang et al. [45] determined BDEs, HBCD, pentabro-

moethylbenzene (PBEB) and BTBPE. Of the 17 samples, nine were from urban

sites, four from suburban sites, three from rural sites and one background sample

(remote from the city). S9BDE concentrations ranged from 0.002 to 0.056 mg kg�1

dry weight, with a mean of 0.026 mg kg�1 dry weight. Concentrations of BDE209

(not included inS9BDE) ranged from not detected to 1.75 mg kg�1 dry weight, with

a mean of 0.52 mg kg�1 dry weight. Levels of S9BDE were significantly lower than

those observed in Europe and the USA, while those of BDE209 were similar to

those values. This suggests a major use of the deca-mix PBDE product in the

area of Harbin, with little use of the penta- and octa-mix PBDE products locally.

HBCD concentrations ranged from not detected to 7.7 mg kg�1 dry weight (mean

1.8 mg kg�1 dry weight), those of PBEB from not detected to 0.002 mg kg�1 dry

weight and of BTBPE from not detected to 0.034 mg kg�1 dry weight. In summary,

BDE209 and HBCD were the dominant BFR compounds, consistent with their high

production volume in China. Domestic production of BFRs was estimated to be

10,000 tonnes per annum in 2000, with an estimated additional import of 35,000

tonnes per annum in e-waste [46].

Vane et al. [47] determined S16BDE concentrations in six short sediment cores

from the Clyde estuary in Scotland. These ranged from 1 to 2,650 mg kg�1 dry

weight, with a mean value of 287 mg kg�1 dry weight. BDE209 was the dominant

congener and its concentration ranged from 1 to 2,340 mg kg�1 dry weight.

Elevated total BDE concentrations were observed in the uppermost 10 cm of four

of the six cores. The proportion of nona-BDE congeners was higher than that

reported for commercial deca-mix PBDE products, possibly arising from the

octa-mix product.
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Surface sediments and porewaters from 12 sites in Xiamen offshore areas were

sampled and S8BDE concentrations determined [48]. Concentrations of S8BDE
and BDE209 ranged from 0.3 to 76.5 mg kg�1 dry weight and 0.1 to 70.1 mg kg�1

dry weight, respectively. S8BDE concentrations in porewater ranged from ranged

from 2.5 to 34.1 ng L�1.

6 Sewage Sludge

Petreas and Oros [49] determined PBDEs in wastestreams (e-wastes, autoshredder

waste and sewage sludge). E-wastes represented the predominant wastestream

(1,200 Mt year�1), followed by autoshredder waste (31 Mt year�1) and sewage

sludge (2.3 Mt year�1). Ricklund et al. [50] reported data for DBDPE and BDE209

in sewage sludge from 42 wastewater treatment plants in 12 countries. DBDPE

was present in sewage sludge from all countries and may therefore represent a

worldwide concern. The flux via wastewater treatment plants within the EU was

1.7 � 0.34 mg per person per year for DBDPE; cf. 41 � 22 mg per person per year

for BDE209. In Australia, Clarke et al. [51] studied 16 wastewater treatment plants.

The mean SBDE concentration was 1,140 mg kg�1 dry weight. Urban and rural

sludges showed similar mean concentrations (1,310 and 911 mg kg�1 dry weight)

and these were similar to those seen in Europe. Low levels of BB153 were seen in

all samples (mean 0.6 mg kg�1 dry weight).

Peng et al. [52] found S17BDE concentrations from 13 to 2,500 ng L�1 in raw

wastewater from two sewage treatment plants in the Pearl River Delta, South China.

These concentrations declined to 0.9–4.4 ng L�1 in the treated effluent and were

closely associated with the SPM content. BDE209 was the dominant congener in both

wastewater and sewage sludge. S17BDE concentrations in sewage sludge ranged

from158 to 23,800 mg kg�1 dry weight, with BDE209 representing>90%of the total.

A major concern regarding BFR concentrations in sewage sludge has related to

their transfer to soils and crops following application of sewage sludge as a fertiliser

on agricultural land [53]. Gottschall et al. [54] showed that land applications of

liquid effluents can also be a source of PBDEs to drainage systems, adjacent surface

waters and groundwater. In another study, Xia et al. [55] studied PBDEs in

biosolids and land to which biosolids had been applied for 33 years. S5BDEs
were present in most biosolids at mean concentrations from 240 to 630 mg kg�1

dry weight. In treated land, most of the BDEs were retained within the upper

120 cm of the soil, indicating very limited leaching and implying slow degradation

rates for these compounds.

Release of PBDEs to the environment in sewage sludge and effluent from a

conventional sewage treatment plant in Australia was studied by Clarke et al. [56].

Over 99% of the PBDEs (determined as S34BDE) entering the plant was removed,

principally by sedimentation. The mean concentration of the sewage sludge was

300 mg kg�1 dry weight. The main congeners detected were BDE47, BDE99 and

BDE209, representing the penta-mix and deca-mix PBDE products. The BDEs
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were thought to arise from domestic sources as domestic wastewater represented

~95% of the inflow. The flux of PBDEs to the environment in sewage sludge was

estimated to be only 2.3 � 0.3 kgpa.

7 Wastewater Discharges

Guan et al. [57] studied 96 riverine runoff samples from eight major outlets in the

PRD during 2005–2006. Annual outflows of S10BDE and BDE209 were estimated

at 126 and 940 kgpa, respectively. The majority of both discharged into the Pearl

River Estuary was transported to the coastal ocean (i.e. transferred to the marine

environment).

Oram et al. [58] established a mass budget of PBDEs in San Francisco Bay as a

step towards understanding local sources and transport processes controlling their

fate in a highly urbanised estuary. The Bay inventories of BDE47 and BDE209

were estimated to be 33 � 3 and 153 � 45 kg, respectively. Estimated annual

inputs ranged from 11 to 28 kg year�1 and 22 to 24 kg year�1, respectively.

BDE47 loads were dominated by wastewater, while runoff from local tributaries

represented the largest contributor to BDE209 loads.

8 Sites of BFR Manufacture and Use

Xu et al. [59] determined BDEs in muscle, liver and eggs of freshwater fish

and surface sediments from the Nongkang River in Jinhu, China, close to a

PBDE-manufacturing plant. Maximum S13BDE concentrations in muscle, liver

and eggs of fishes were 130, 252 and 33 mg kg�1 lipid weight, respectively. In

surface sediments close to a sewage outfall, upstream and downstream of the

factory were 52, 9.2 and 7.1 mg kg�1 organic carbon, respectively. Compared to

these seen elsewhere (e.g. in the UK: [60]) these concentrations are modest. A

relatively high proportion of BDE183 was found, consistent with the production of

the octa-mix PBDE formulation at the site.

9 E-Waste Recycling Operations

One topic which has come to the fore recently is that of e-waste recycling operations.

These can be very rudimentary set-ups, involving open burning and manual handling,

and are prevalent in parts of China. Concerns relate to the release of flame

retardants from the units being recycled and to the generation of polybrominated

dibenzo-p-dioxins and dibenzofurans [61]. Human exposure is via the ingestion

and dermal absorption of dust (e.g. electronic shredder waste) and soils. For adults,

the estimated average daily intake of PBDD/PBDFs via dermal exposure (0.63 pg
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TEQ per kilogram body weight per day) was greater than that from soil/dust

ingestion (0.37 pg TEQ per kilogram body weight per day). For children, this was

reversed (0.41 vs 0.11 pg TEQ per kilogram body weight per day for soil/dust

ingestion and dermal exposure, respectively). E-waste recycling in China is a

significant source of both PBDD/PBDF and PBDE to both workers and the envi-

ronment, but the likely effects are unknown. Studying BDE concentrations in

vegetation around a recycling centre in southeast China, Zhao et al. [62] concluded

that diffusion of PBDEs resulted in a halo of contamination at least 74 km in radius,

which may also lead to their accumulation in other wildlife species. Zhang et al.

[63] also demonstrated the accumulation of HBCD from sediments close to an e-

waste recycling site in fish and winkles. g-HBCD dominated in sediments, but a-
HBCD in the aquatic organisms, as is found generally.

Luo et al. [64] determined BDEs, DBDPE and BB153 in muscle of five water-

bird species collected from an extensive e-waste recycling area in the PRD, China.

Median S13BDE concentrations were 37–2,200 mg kg�1 lipid weight; those of

DBDPE and BB153 10–176 mg kg�1 and 3–140 mg kg�1 lipid weight, respectively.

Concentrations of BDEs in Chinese pond heron were higher than those from earlier

studies with birds from similar trophic levels.

Levels of BDEs in free-range domestic fowl (chickens and ducks) close to an

e-waste recycling centre were determined [65]. The site houses more than 1,300

workshop, is about 3.3 km2 in area and employs more than 80,000 workers in

dismantling and recycling 1.7 million tonnes of e-waste annually. In chickens,

S16BDE concentrations in muscle and liver ranged from 5.7 to 4,380 mg kg�1

and 1.5 to 7,900 mg kg�1 lipid weight, respectively. In ducks, S16BDE concentra-

tions in muscle and liver ranged from 2.4 to 51 mg kg�1 and 1.9 to 134 mg kg�1

lipid weight, respectively. The intake of BDEs from consumption of poultry was

estimated to be between 7.8 and 3,580 ng day�1 (median value 68 ng day�1),

comparable to the intake from all foodstuffs in other studies. The authors suggested

that the total dietary intake of BDEs by local residents might be considerably

enhanced due to the e-waste recycling activities. The PBDE concentrations in

muscle were significantly higher than those in liver for chicken. For duck samples,

the PBDE concentrations in muscle and liver were not statistically different.

BDE209 was the most abundant congener followed by nona-BDEs (BDE207,

BDE206 and BDE208). Their sum collectively accounted for 78–82% and

70–81% of the total PBDE concentrations in chicken and duck, respectively.

BDE47and BDE99, two major congeners of penta-BDE technical mixtures,

contributed between 5.1 and 6.8% and between 6.2 and 15% to the total PBDEs

in chicken and duck, respectively. BDE183, the major congener of octa-BDE

technical mixtures, represented between 2.7 and 3.7% and between 3.6 and 5.5%

of the total PBDEs in chicken and duck, respectively. These patterns suggest the

deca-mix PBDE technical product as the major source of PBDEs in this region.

Wu et al. [66] sampled Chinese mystery snail, prawn, fish and water snake from

a reservoir surrounded by several e-waste recycling workshops in South China.

S18BDE concentrations ranging from 53 to 1,700 mg kg�1 wet weight were

observed in this area relative to those at a reference location, 13–21 mg kg�1 wet
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weight. The highest concentrations were found in water snake. In a single study,

Wu et al. [67] determined BDEs in frogs from a contaminated site in South

China. S18BDE concentrations were 0.6–12 mg kg�1, 4.6–56 mg kg�1 and

11–125 mg kg�1 wet weight, in muscle, liver and eggs, respectively. The congener

profiles were intermediate between those commonly seen in terrestrial and aquatic

species. The ratio of levels in eggs/female liver, indicating transfer capacity mother–

offspring, increased with increasing bromine number to hepta-BDEs, then declined.

Qin et al. [68] conducted a semi-field experiment using Chinese loach, with

larval fish kept in net-cages for 3 months in an e-waste recycling site and at a

reference site in SE China. There was a significant difference in survival rate at the

two sites: 27% at the recycling site and 70% at the reference site. Histopathological

responses were found in the livers of all the fish from the recycling site. Low

concentrations of BDE209 (1.4 mg kg�1 lipid weight; less than 0.01% of S33BDEs,
17,000 mg kg�1 lipid weight) and high concentrations of BDE47 (6,670 mg kg�1

lipid weight) in loach from the recycling site were observed. The S33BDE concen-

tration in loach from the reference site was, in contrast, only 343 mg kg�1 lipid

weight. In sediment samples from the two sites, S33BDE and BDE209 concentra-

tions were 10,500 and 3,000 mg kg�1 dry weight, respectively, at the recycling site,

and 5.9 and 0.08 mg kg�1, respectively, at the reference site.

Robinson [69] assessed the scale and impacts of e-waste recycling operations.

He estimated the global production of e-waste to be 20–25 million tonnes per year,

with most being produced in Europe, the USA and Australasia. China, Eastern

Europe and Latin America are expected to become major e-waste producers within

the next decade. Although illegal under the Basel Convention, rich countries export

an unknown quantity of e-waste to poor countries, where recycling is often

crude and poorly controlled. Such reprocessing initially results in extreme local

contamination followed by migration of contaminants into surface waters and food

chains. E-waste workers suffer negative health effects through skin contact and

inhalation, while the wider community are exposed to the contaminants via smoke,

dust, drinking water and food. There is also evidence that e-waste-associated

contaminants may be present in some agricultural products going for export.

Frazzoli et al. [70] undertook a diagnostic health risk assessment of the general

populations in developing countries in relation to e-waste recycling operations.

This indicated that exposure to contaminants from e-waste recycling poses an

actual public health emergency, as it may entail significant health risks for genera-

tions to come as well as to the currently exposed populations. Data gaps were also

identified in relation to some of the areas of the developing world in which e-waste

recycling is being undertaken, particularly in Africa.

S13BDE concentrations near to an e-waste recycling area in Taizhou, China,

were 506 pg m�3 in summer and 1,660 pg m�3 in winter [71]. The winter concen-

tration was about seven times higher than that obtained at an urban reference site,

but much lower than that seen in Guiyu, another major e-waste recycling site in

China. BDE209 was the major congener and occurred mainly in coarse particles.

Also in the Taizhou region, Tang et al. [72] studied contaminants resulting from

e-waste recycling in soils from Wenling, an emerging centre in the Taizhou area.
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They highlighted elevated concentrations of heavy metals, PAHs and PCBs

(although they did not determine BFRs), demonstrating that a holistic assessment

of these recycling practices is needed in order to fully assess the risks. Further to this,

Zhao et al. [73] studied the body burdens of two pollutants from two sites in Taizhou

resulting from e-waste recycling operations (PCBs and PBDEs) with the intention of

studying the combined health risks to the local population. Mean blood concentra-

tions ofS5CBs andS8BDEwere 204 and 118 mg kg�1 lipid weight, respectively, in

Luqiao (where PCB-containing wastes are recycled) and 84 and 357 mg kg�1 lipid

weight, respectively, in Wenling (where PBDE-containing wastes are recycled).

The authors suggested that these dual pollutant body burdens may pose health risks

for local residents unconnected with the recycling operations.

10 Municipal Solid Waste Incinerators

Many products containing PBDEs will be disposed of in waste incinerators,

particularly as many are now being built for power generation. Wang et al. [74]

sampled the stack flue gases and ashes in two municipal solid waste incinerators

in southern Taiwan in 2008. Bottom ashes showed higher SBDE concentrations

(di – deca-BDEs) (20–186 mg kg�1) than fly ashes (0.3–26 mg kg�1), suggesting

incomplete destruction of the PBDEs in wastes. High concentrations were also

observed in stack flue gases (26–109 ng Nm�3), indicating that neither stack flue

gases nor reuse of bottom ash should be neglected when considering PBDE

inventories.

11 Other Industries

Hitherto, there has been no focus on metallurgical processes (including electric arc

furnaces and sinter plants) as significant emission sources for BDEs. Wang et al.

[75] have recently reported PBDE emission rates of 4.5–27 mg h�1 from such

plants, with BDE209 the dominant congener. No raw materials containing PBDEs

were fed into the sinter plants studied, and brominated dioxins and furans were also

formed and emitted from the metallurgical facilities.

12 Conclusions

BFRs continue to be an intensive area of study. Due to bans for some BFRs and the

introduction of “novel” non-PBDE BFRs, long established sources still need to be

studied. New sources have emerged, such as e-waste recycling operations. In

addition, secondary sources, such as glacier ice and permafrost soils, might become

increasingly important in the future as a result of climate change. The maintenance
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of time trend studies covering long periods will become even more important so

that we can assess the success of governmental regulation of current-use BFRs

(PBDEs) and the importance of emerging BFRs. Even today, many ecosystems and

regions are not studied well enough for us to be able to establish a global overview

concerning BFR concentrations and their toxic effects.

In many areas of the world, controls have been put in place regarding the use

of PBDEs, and environmental concentrations are beginning to fall as a result.

Investigations into the potential impacts of TBBP-A in Asia, around sites of

manufacture and first use, are still required in order to assess the risks of continued

production and use [76]. The use of “novel” BFRs is being studied in order to assess

their significance and potential impacts, as their environmental presence has been

noted recently in a number of studies.

There is still concern that BDE209 (from the deca-mix PBDE technical product)

may be debrominated in the environment to yield lower brominated BDE con-

geners, particularly as a large reservoir of BDE209 is accumulating in sediments.

In the future, there may be a move towards polymeric BFRs, with the idea that,

as large molecules, they are less likely to migrate out of end-use products and so to

disperse into the environment [77]. The potential impacts of such compounds

remain to be assessed.
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Bioaccumulation of Brominated Flame

Retardants

Angel Antelo Domı́nguez, Robin J. Law, Dorte Herzke, and Jacob de Boer

Abstract Brominated flame retardants (BFRs) account for the second largest

market group of flame retardants currently in use. Since their detection in wildlife

samples collected far from local sources, environmental concern about the use of

BFRs has grown. Further research in biotic and abiotic matrices revealed the

bioavailability of these chemicals in the terrestrial and aquatic ecosystems.

Together with their persistency and potential long-range transport, bioaccumulation

in wildlife and the potential for trophic magnification indicate serious risks for

many organisms. In addition to the polybrominated diphenylethers, hexabromocy-

clododecane and tetrabromobisphenol A, other BFRs have entered the market in

recent years. Not all BFRs show similar behaviour. Their structure and properties,

and the metabolic processes taking place within the exposed organisms, are of great

importance in determining their bioaccumulation profile.

Keywords Bioaccumulation, Bioavailability, Biomagnification, Brominated flame

retardants, Trophic chain
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1 Introduction

In December 2006, a new European Union regulation (1907/2006; EC, 2006) stated

the policy to be applied in the evaluation of potentially hazardous chemical sub-

stances. The principal aim of this new framework was to improve the existing

legislation that regulates the chemicals industry in the EU, through a system of

Registration, Evaluation and Authorization of Chemicals (REACH). The REACH

regulation is based on the precautionary principle, which means that the lack of

information about new chemicals or chemicals currently in use, and their possible

toxicological effects, could not be a reason for the continued production and use of

chemical substances. Information concerning their physicochemical and toxicological

properties is therefore required before a substance is approved for sale [1]. The

European Chemicals Agency (ECHA) plays an important role within the REACH

framework. It coordinates the in-depth evaluation of high production volume chemi-

cals (HPVCs) and toxic chemicals and runs a public database in which hazard

information is provided. Important parameters are production, long-range atmo-

spheric transport associated with particulate matter, persistency and bioaccumulation.

Based on these criteria, several brominated flame retardants (BFRs) are of concern [2].

Flame retardants (FRs) are a group of structurally diverse chemicals that com-

prise more than 175 different types, divided into four major groups: inorganic,

organophosphorous, nitrogen-containing and halogenated FRs. The main criteria

for the usage of a compound as FR are stability during the lifetime of the product,

compatibility with the polymer and fire-retarding properties. As a result, BFRs have

been widely applied by the industry because they show a higher radical trapping

efficiency, a lower decomposition temperature and more compatibility with plastics

than most other FRs [3]. Of the FRs globally used, 39% are based on bromine,

which is estimated at 200,000 tonnes of BFRs produced per year [4]. There are

more than 75 different aliphatic, aromatic and cyclo-aliphatic compounds that have

been developed for use as BFRs.

The main commercial BFRs currently in use are tetrabromobisphenol A (TBBP-A),

hexabromocyclododecane (HBCD) and polybrominated diphenyl ethers (PBDEs),

TBBP-A being the one with the highest production volume (130,000 tonnes per

year [5]). For this reason, most of the studies regarding the occurrence of BFRs in

the environment to date have involved PBDEs, TBBP-A and HBCD, while other
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brominated compounds used for flame retardation have remained in the back-

ground. Similar to the polychlorinated biphenyls (PCBs) and organochlorine pes-

ticides (OCPs), defined as persistent organic pollutants (POPs) within the

Stockholm Convention, some PBDE congeners and HBCD appear to have persis-

tent characteristics, and their bioaccumulation properties in aquatic and terrestrial

organisms indicate the need for more strict control and regulation. In 2009, penta-

mix and octa-mix BDEs were placed on the Stockholm Convention POPs list. Apart

from the parent compounds, potential degradation products formed during usage or

after release to the environment should also be taken into account. Decomposition

of plastics may lead to the formation of bromophenols, bromotoluenes and aliphatic

bromides, increasing the number of brominated compounds in the environment [6,

7]. Mono-, di- and tri-substituted bromoanilines have also been reported as inter-

mediates in the formulation of FRs incorporated within plastic materials [8].

1.1 Characteristics of Selected BFRs

1.1.1 Tetrabromobisphenol A

TBBP-A is produced via bromination of bisphenol A in an organic solvent. It is

mainly used as a reactive intermediate in the production of epoxy resins, but it is

also transformed into derivatives such as dimethyl TBBP-A or bis-(2-hydroxyethyl
ether) TBBP-A [3]. The presence of TBBP-A was not expected in the environment

due to its covalent bond to the polymer, but it has been detected in sediments and

organisms in the North Sea [9]. A rapid excretion of TBBP-A and metabolites from

aquatic organisms and mammals was reported [10]. Although its presence in biota

and sediments is generally low compared with the PBDEs and HBCD [11], its

similarity in chemical structure to thyroxine (T4) is of special concern as it was

demonstrated in in vitro studies to have the ability to interfere with thyroid hormone

homeostasis [12]. TBBP-A is not readily biodegradable but can undergo primary

biodegradation to form several products, including bisphenol-A. Photochemical

degradation of TBBP-A may yield mono- or di-substituted bromophenols which

could be bio-transformed into their corresponding bromoanisoles [13, 14]. Several

studies indicate that TBBP-A can generate brominated dibenzo-p-dioxins and

dibenzofurans although the scale of this production seems to be very low and to

occur only under certain pyrolysis conditions [15]. In the human health risk

assessment report (RAR), no health effects of concern were identified from the

primary use of TBBP-A [2].

1.1.2 Polybrominated Diphenyl Ethers

Of the 209 theoretical congeners, only a subset of the possible brominated diphenyl

ethers (BDEs) congeners is commonly found in the environment. Lower BDE

congeners derived from the penta-mix and octa-mix commercial products are
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the predominant BDEs in the aquatic environment, whereas the terrestrial eco-

system accumulates more of the higher brominated congeners, such as BDE209

[11, 16–18]. Due to the different size of the congener molecules and their degree

of bromination, which implies variation in properties such as hydrophobicity

and lipophilicity, individual BDE congeners show diverse behaviour in the

environment.

Comprehensive risk assessments have been conducted within the European

Union for the three commercial PBDE formulations, the penta-, octa- and deca-

mix products. It was concluded that the technical mixtures penta- and octa-mixes

should be banned and that additional data should be provided for the deca-mix [2].

The major components of penta-BDE are the BDE47 and BDE99, whereas the

major component of the octa-BDE is the heptabrominated congener BDE183. The

penta-BDE components have been widely found in sediments and at different levels

in food webs. This demonstrates their ability to enter the ecosystem and, due to the

higher rates of uptake and retention compared to elimination, their potential to

bioaccumulate to the top of the food chain [19].

1.1.3 Deca-Brominated Diphenyl Ether

The Deca-brominated diphenyl ether (Deca-BDE) technical mixture is the com-

mercial PBDE mixture with the highest production volume currently. Its major

component, BDE209, has been found in different matrices, particularly sediments

and some terrestrial biota, but to a lesser extent in aquatic organisms [3, 16]. There

is a special concern regarding its potential for debromination which could yield

lower brominated compounds with stronger bioaccumulation characteristics than

the BDE209 itself. It has been shown in laboratory experiments that BDEs can be

photochemically degraded by UV or sunlight in organic and aqueous solvents and

in soil and sediments, resulting in the formation of less brominated BDEs. The

degradation rates generally increase with an increasing degree of bromination

[20–24]. However, it is unclear to what extent this degradation occurs in the natural

environment as shielding effects may often limit the amount of UV light reaching

the BDE molecules. Following advice from environmental agencies, industries

in the USA will voluntary phase out the deca-BDE product within the next few

years [5].

1.1.4 Hexabromocyclododecane

The commercial mixture of HBCD comprises mainly three diastereomers with the

g-HBCD as the dominant compound. Two other stereoisomers (d, e) have been

detected at very low concentrations in the technical mixture [24]. All three

diastereomers can occur as enantiomers. Although g-HBCD is the predominant

diastereomer in the technical mixture, the a-HBCD isomer is generally found to
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dominate in biological samples, which suggests a possible selective metabolism

of individual isomers or a diastereomer rearrangement [9, 25]. Thermal decom-

position has been observed for HBCD at 170–190�C, with slower rates for a- and
b-HBCD than for the g-diastereomer [26].

HBCD has been detected in freshwater and marine biota. The high concentra-

tions found in top predators such as marine mammals and birds of prey suggest a

strong biomagnification potential [27, 28]. Its detection in bird eggs and porpoise

blubber illustrates the potential of HBCD for maternal transfer [29]. HBCD has

been reported to biodegrade in freshwater and wastewater through several dihaloe-

limination steps, resulting in 1,5,9-cyclododecatriene [30].

1.1.5 Decabromodiphenylethane

Decabromodiphenylethane (DBDPE) has been manufactured as an alternative to the

deca-BDE formulation since the mid-1980s. Not much is known about this bromi-

nated compound as the main attention was focused on the aforementioned BFRs, but

its similarity in structure to BDE 209 suggests a similar behaviour. Although there

are few reports on the presence of DBDPE in the environment, it has already been

detected in several matrices including sediments and fish, but at lower concentra-

tions than BDE209 [31, 32]. DBDPE can be thermally degraded to bromotoluenes

and photolytically debrominated to nona- and octa-BDE congeners [33].

1.1.6 Polybrominated Biphenyls

Polybrominated biphenyls (PBBs) are a group of chemicals that were widely used

in the past as fire retardants. The accidental introduction of the chemical into the

food chain of Michigan in 1973 led to the quarantine of farms, the destruction of

millions of animals and dairy products, and serious human health problems [34].

Nowadays, PBBs are controlled in Europe under the Restriction of Hazardous

Substances Directive, which limits their use in electrical and electronic products

to be sold within the EU [35].

2 Occurrence and Levels in Wildlife

A multitude of studies on PBDEs in wildlife has resulted in a large database of

concentrations in all sorts of organisms. Although not exhaustive, an overview of

the most important studies is given below.
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2.1 Birds and Birds’ Eggs

2.1.1 Aquatic Birds

Predatory birds are known to respond to relatively low levels of organohalogen

compounds. The concentrations of these contaminants in birds may vary according

to the species and the chemical compound involved [36]. Liver samples from

cormorants [37, 38] and guillemot eggs from the Baltic Sea [39] showed higher

concentrations of BDE47 and BDE99, compared to higher brominated congeners.

In eggs of eider ducks and greater black-backed gulls sampled from a contami-

nated Norwegian fjord, Haukås et al. [40] determined HBCD concentrations along a

transect away from a known point source. Mean sum HBCD concentrations at the

four locations in eider ducks declined from 140 � 50 to 15 � 5.0 mg kg�1 lipid

weight. In the gulls, concentrations at all locations were similar, ca. 150 mg kg�1

lipid weight, possibly reflecting overlapping feeding areas.

Dauwe et al. reported PBDEs in eggs of Northern lapwing and Mediterranean

gulls near the harbour of Antwerp (Belgium) [41]. Lapwing eggs had the highest

median concentrations of BDEs (109 mg kg�1 lipid weight). Mediterranean gulls

feed during breeding on ground-dwelling invertebrates on agricultural fields which

differ from the marine food items in the rest of the year. Mediterranean gull eggs

had the lowest median concentrations of S7PBDEs (25 mg kg�1 lipid weight).

These birds are migratory and their wintering grounds may be less polluted with

PBDEs than their breeding sites.

Verboven et al. reported S38BDE levels in plasma of 15 female and male

glaucous gulls from Bjørnøya, Norway, collected in 2006 [42]. Female glaucous

gulls showed a mean concentration of 7 mg kg�1 wet weight and males of 19.5 mg
kg�1 wet weight. Verrault et al. [43] also reported data forS38PBDE in plasma from

42 glaucous gull collected in the same year. Similar sumPBDE levels (8.5 mg kg�1

wet weight for females and 19.6 mg kg�1 wet weight for males) were found in that

study also.

BDEs were analysed in dead and dying glaucous gulls at Bjørnøya (Svalbard) by

Sagerup et al. [44]. S11BDE concentrations were four to ten times higher in liver

than in the brain, 13,000 mg kg�1 lipid weight and 1,800 mg kg�1 lipid weight,

respectively. The brain concentration was 12% of the liver concentration for the tri-

brominated congener BDE28 and only 2% for the nona-brominated congener

BDE207. The hepatic levels of SBDEs were 10–40 times higher in that previously

reported in randomly sampled glaucous gulls from the Barents Sea area.

Ivory gull eggs from the Russian and Norwegian Arctic were investigated by

Miljeteig et al. [45]. Thirty-five eggs were sampled from individual ivory gull nests

within four colonies in Svalbard: Svenskøya (78� 470 N, 26� 360 E, in 2007, and in

northwestern Russia in 2006), Nagurskoe (80� 480 N, 47� 370 E), Kluyv Cape (81� 390

N, 62� 110 E, in Franz Josef Land) and Domashny (79� 300 N, 91� 050 E, in Severnaya
Zemlya). S7BDE concentrations in the eggs from Svalbard varied between 101 and

221 mg kg�1 lipid weight and were lower than those from the Russian locations
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Nagurskoe and Kluyv Cape, which had concentrations of 302 and 287 mg kg�1 lipid

weight, respectively. The Domashny colonies gave a median concentration of 51 mg
kg�1 lipid weight, being the least contaminated. BDE47was the dominant congener in

all samples.

A population of lesser black-backed gulls was investigated by Bustnes et al. [46],

determining S10BDE concentrations in whole blood samples. Breeding lesser

black-backed gulls were caught during two distinct sampling periods from a colony

on the coast of northern Norway. Only BDE47 could be detected in the samples,

with a mean concentration of 1.9 mg kg�1 wet weight.

Herzke et al. analysed samples from two marine bird species, European shag and

common eider sampled at a coastal site in Norway close to urban activity and at a

remote site [47]. Six different PBDE congeners could be detected in the shag eggs.

BDE 47 and 100 were the main contributors, with concentrations of 24 and 27 mg
kg�1 lipid weight, respectively. A S6BDE concentration of 90 mg kg�1 lipid weight

was found. The common eider eggs were less contaminated, with BDE47 as the

dominant congener, followed by BDE99 and BDE100. The S6BDE concentrations

were 5.5 mg kg�1 g lipid weight at the remote site and 48 mg kg�1 lipid weight at

the urban site in 2004.

To assess whether the fluctuating wing asymmetry and hepatic concentrations of

POPs are associated with European shag chicks, Jenssen et al. also determined

BDEs [48]. Of eight BDE congeners determined, only BDE47 and BDE100 could

be detected in livers of 21-day-old chicks from Sklinna, Norway. BDE47 concen-

trations varied from not detected to 3 mg kg�1 lipid weight, and BDE100 was

detected in only one sample.

Guillemot eggs from North-Western Europe and the Baltic Sea were studied by

J€orundsdóttir et al. [49]. Guillemot eggs were collected from Iceland (Vestman-

naeyjar, 2002, 63� 240 N, 20� 180 W), from Sweden (Stora Karls€o, 2003, 57� 180 N,
18� E), from the Faroe Islands (Sandøy, 2003, 61� 480 N, 6� 480 W) and from three

locations in Norway (Sklinna, 65� 120 N, 11� E, Hjelmsøya, 2005, 71� 60 N, 24� 420

E and Bjørnøya, 2005, 74� 240 N, 19� E). In the North Atlantic, eggs from Iceland

contain the highest concentrations of PBDEs. The Norwegian eggs contain the

lowest amounts of PBDEs of all the egg samples analysed. Eggs from the Baltic

Proper have up to an order of magnitude higher concentration of PBDEs than eggs

from the North Atlantic. S4PBDE ranged from 51.6 mg kg�1 lipid weight in Ice-

land, 30.7 mg kg�1 lipid weight on the Farøe Islands, 12.4 mg kg�1 lipid weight in

Norway and 147 mg kg�1 lipid weight in Sweden.

Hebert et al. [50] investigated the intra-specific differences in the food webs used

by individual seabirds. Annual Herring gull egg collections (one egg from each of

10–13 nests) were made at Strachan Island (45� 020 N, 74� 820 W) in Lake St

Lawrence from 1986 to 2005 (except in 1987). Concentrations of individual con-

taminants varied greatly between the least and most contaminated eggs. Concentra-

tion ranges for contaminants measured above detection limits in all samples were

S29BDE (206–902 mg kg�1 wet weight).

In pooled samples of herring gull eggs from the Great Lakes, Gauthier et al. [51]

studied temporal trends in BDE concentrations (particularly BDE209) over the
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period 1982–2006. Concentrations of BDE209 in 2006 were 4.5–20 mg kg�1 wet

weight. Octa- and nona-BDE concentrations doubled more slowly – doubling times

of 3.0–11 and 2.4–5.3 years, respectively. The source of the octa- and nona-BDE

congeners (e.g. BDE197 and BDE207) were the result of the debromination of

BDE209, either metabolically by the herring gulls or before uptake via their diet.

Congeners deriving mainly from the penta-mix and octa-mix formulations, in

contrast, have shown rapid increases in concentration up to 2,000 and no trend

subsequently. In an additional report, Gauthier et al. [49] described S7BDE levels

from Herring gull egg pools collected in 2006 from seven colonies on the Laur-

entian Great Lakes (sum of BDE28, BDE47, BDE99, BDE100, BDE153, BDE154

and BDE183). The levels varied between 288 and 1,140 mg kg�1 wet weight (%

lipid 7.7–10.7).

Custer et al. investigated archived great blue heron eggs collected from Indiana

Dunes National Lakeshore, Indiana, USA in 1993 [52]. The ranking of PBDE

congener concentrations by percent concentration (BDE47 > BDE99 > BDE100 >
BDE153 > BDE154 > BDE28 > BDE183) was consistent with use of the

penta-mix PBDE formulation. Total PBDE concentrations in great blue heron

eggs from Indiana Dunes were elevated and probably reflect local contamination

from urban and industrial inputs into Lake Michigan. PBDE concentrations were

within the range of those associated with altered reproductive behaviour in other

avian species and, based on trends in other Great Lakes birds, are probably higher

today than in 1993.

Concentrations and time trends of PBDEs in aquatic bird eggs from San Fran-

cisco Bay, California, USA were investigated during the period 2000–2003 by She

et al. [53]. Caspian and Forster’s terns showed no change in S5PBDE concentration

over time. Congener patterns in the two species from year to year are similar, with

BDE47 dominating, followed by BDE99 > BDE100 > BDE153 > BDE154. The

median SBDE concentrations in Caspian tern eggs were 2,410, 4,730, 3,720 and

2,880 mg kg�1 lipid weight, for 2000–2003, respectively. The median SBDE
concentrations in Forster’s tern eggs were 1,820, 4,380, 5,460 and 3,600 mg kg�1

lipid weight, for 2000–2003, respectively. The median S5BDE concentrations in

least tern eggs collected in 2001 and 2002 were 5,060 and 5,170 mg kg�1 lipid

weight, respectively. The median SBDE concentration in Clapper rail eggs col-

lected in 2001 was 379 mg kg�1 lipid weight.

A spatial and temporal trend study of PBDEs carried out since the mid-1970s for

herring gull eggs in the Great Lakes from North America showed higher concen-

trations of BDE47 followed by BDE99, BDE100, BDE153, BDE154, BDE28 and

BDE183, in this bird species that feeds mainly on alewife and rainbow smelt [54].

Muscle tissue of herring gull was analysed by Wan et al. [55] to assess the

trophodynamics of PBDEs in the marine food web of Bohai Bay, North China.

BDE47 was the dominant congener, with a mean concentration of 1.6 mg kg�1 wet

weight, followed by BDE100, BDE153 and BDE99 all with mean concentrations

around 0.3 mg kg�1 wet weight. The reported mean S13BDE concentration was

3.3 mg kg�1 wet weight (33 mg kg�1 lipid weight), much lower than values reported

for herring gulls from Europe and Canada.
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Levels and pattern of PBDEs in eggs of Antarctic seabirds were investigated by

Yogui and Sericano [56] (Fig. 1). Eggs of chinstrap penguin and South Polar skua

were collected during the breeding season of 2004–2005, while eggs of gentoo

penguin were collected in 2005–2006 at Admiralty Bay, King George Island.

S29BDE levels ranged from 6.8 mg kg�1 lipid weight for Chinstrap penguin and

8.1 mg kg�1 lipid weight for Gentoo penguin, to 146 mg kg�1 lipid weight for South

Polar skua. South Polar skuas occupy a higher trophic level than chinstrap pen-

guins, since the nototheniid fish P. antarcticum that they eat is a zooplankton feeder

that forages on krill. Gentoo penguins occupy an intermediate trophic position

closer to that of chinstrap penguins. The level of BDEs in eggs of the three species

is not exclusively explained by their diets during the breeding season. It is likely a

result of several factors such as trophic level and type of prey items taken during

both the breeding and non-breeding seasons. If BDE contamination was due to local

sources only, gentoo eggs would be expected to exhibit intermediate concentrations

significantly higher than those of chinstrap eggs. The higher contamination levels in

South Polar skuas probably result from exposure during the non-breeding season

when they migrate northward to the waters of the northern hemisphere.

Gao et al. [57] investigated BDEs, DBDPE and a PBB congener (BB153) in eggs

of six species of wild aquatic birds. Egg samples (n ¼ 67) were collected from the

Yellow River Delta National Nature Reserve in China in May 2008. The sampled

species included Saunders’s gull, common tern, Kentish plover, black-winged stilt,

oriental pratincole and common coot. With the exception of oriental pratincole,
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BDE47 showed the highest abundance in all species of wild aquatic birds, compris-

ing 34% of total BDE concentrations, followed by BDE99 and BDE153 in nearly

equal proportions. The oriental pratinocole eggs were dominated by BDE209.

Median concentrations of DBDPE and BB153 in all avian species were in the

range of not detectable (ND) – 1.7 and ND – 0.7 mg kg�1 lipid weight, respectively.

Pectoral muscle samples of nine avian species, which were collected from the

open sea and Japanese coastal and inland areas during 1994–2001, were analysed

for BFR by Kunisue et al. [58]. BDEs were detected in all the avian samples.

Among open sea birds, concentrations of BDEs in the black-footed albatross were

the highest (60–210 mg kg�1 lipid weight), followed by the Laysan albatross

(6.2–73 mg kg�1 lipid weight) and the northern fulmar (3.3–6.5 mg kg�1 lipid

weight). As for Japanese coastal and inland birds, the goshawk accumulated the

highest concentrations of S13BDEs (33,000 mg kg�1 lipid weight) > Steller’s sea

eagle (11,000 mg kg�1 lipid weight) > jungle crow (290–4,000 mg kg�1 lipid

weight) � golden eagle (270–2,300 mg kg�1 lipid weight) > common cormorant

(230–820 mg kg�1 lipid weight) > black-tailed gull (220–530 mg kg�1 lipid

weight). Small sample sizes for some species prevented any further inter-species

comparison. In Japanese coastal and inland birds, relatively higher residue levels of

BDE47 were found in fish-eating species, such as the Steller’s sea eagle, black-

tailed gull and common cormorant. On the other hand, in inland predators such as

the goshawk and golden eagle, and jungle crow, a dedicated inland omnivore,

BDE153 and higher brominated congeners were predominant, highlighting once

more the contrast between uptake of BDEs in aquatic and terrestrial food chains

(Fig. 2).

Luo et al. [19] investigated various waterbird species from an extensive e-waste

recycling region in South China. Muscle samples from five bird species, including

Rallidae (white-breasted waterhen, slaty-breasted rail, ruddy-breasted crake);

Ardeidae (Chinese-pond heron) and Scolopacidae families (common snipe) were

collected between 2005 and 2007 from Qingyuan County. The median S13BDE
concentrations in five bird species ranged from 37 to 2,200 mg kg�1 lipid weight.

BDE47, BDE99, BDE100, BDE153, BDE154 and BDE183 were detected in all the

samples, and BDE28 and BDE209 were detected in less than 50% of the samples.

The Chinese-pond heron was the most contaminated species, with a S13BDE
concentration of 2,200 mg kg�1 lipid weight. BB153 was detected in 93% of the

samples, at concentrations ranging from 1 to 2,800 mg kg�1 lipid weight.

PBDEs were measured in eggs of two Ardeid species, the little egret and black-

crowned night heron from three port cities along the South China coast, Hong

Kong, Xiamen and Quanzhou. SBDE levels were highest in Hong Kong, 480 mg
kg�1 lipid weight, followed by Quanzhou, 220 mg kg�1 lipid weight and Xiamen,

40 mg kg�1 lipid weight [59].

PBDEs and HBCD in bird eggs from South Africa were analysed by Polder et al.

[60]. During the period from November 2004 to March 2005, 43 unhatched eggs

from eight different bird species were collected at five different localities in South

Africa. BDEs were detected in eggs of all the studied species and in all locations.

Highest concentrations of S8BDEs (61–396 mg kg�1 lipid weight) were measured
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in eggs of the African sacred ibis. The lowest SBDE concentrations were measured

in eggs of cattle egrets (2.3 mg kg�1 lipid weight). Interestingly, only the little

grebe, the white-fronted plover and the kelp gull showed a PBDE pattern dominated

by BDE47. The profiles in the other bird species were dominated by either BDE154

(African darter and reed cormorant) or BDE183 (cattle egret, sacred ibis, crowned

plover). HBCD was found in three species, at concentrations varying between 1.6

and 71 mg kg�1 lipid weight.

2.1.2 Terrestrial Birds

Whether BDEs can reduce the reproductive success of ospreys in Oregon and

Washington, USA, was studied by Henny et al. who determined BDE concentra-

tions in eggs [61]. Findings for the 89 osprey eggs collected between 2002 and 2006

indicate that the middle Willamette River eggs contained the highest geometric

mean S12BDE concentrations and usually had the highest individual congener
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Fig. 2 Composition of PBDEs in avian species from Japan [58]. Reprinted from Spatial trends of

polybrominated diphenyl ethers in avian species: utilization of stored samples in the Environmental

Specimen Bank of Ehime University (es-Bank). Environ Pollut 154:272–282, 2008, with permis-
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concentrations. Eggs collected from the forested and sparsely populated headwater

reservoirs of the Willamette River contained the lowest concentrations. SBDE
concentrations in osprey eggs collected from the Columbia River in 2004 increased

in a downstream pattern from 157 mg kg�1 wet weight to 403 mg kg�1 wet weight.

BDE47 was the dominant congener in osprey eggs, followed by BDE100, BDE99,

BDE154/BB153, BDE153 and BDE28. When the data including all of the SBDE
concentrations <1,000 mg kg�1 (Willamette River in 2006 and Columbia River in

2007) were evaluated separately, the ten nests from the Willamette River in 2006

showed a negative relationship between productivity and SBDE concentrations

(Z ¼ �2.4093, P ¼ 0.008). A negative relationship was also indicated for the 20

nests from the Columbia River in 2007 (Z ¼ �1.5809, P ¼ 0.057). McKernan

et al. [62] suggested the lowest observable effect level may be as low as or

1,800 mg kg�1 wet weight of S12BDEs in eggs.

Time-trends and congener profiles of BDEs in Californian peregrine falcons were

investigated by Park et al. [63] during the period 1986–2007. Over the past 22 years,

BDE levels more than tripled in the eggs during each decade. For BDEs, eggs

collected in large cities showed markedly different patterns to those in eggs from

coastal locations: BDE209 and the higher brominated BDE congeners (hexa- to nona-

brominated) were the dominant congeners in eggs from cities, while BDE47 and

BDE99 were dominant in coastal eggs. In many of the birds that yielded multiple

eggs over time, BDE patterns changed over time: the high proportions of BDE209

and higher brominated BDEs (short half-lives) in young birds contrasted with

increasingly higher proportions of BDE153 (long half-life) and other lower bromi-

nated PBDEs as the birds aged (Fig. 3). These data are consistent with metabolic

debromination of BDE209 to the lower brominated BDE congeners, with accumula-

tion over time of BDE153. Diet (prey birds) may explain the urban BDE congener

pattern, as the patterns in urban pigeons and peregrines were similar, with high

proportions of BDE209 and the higher brominated BDEs. In summary, these data

indicate that BDE209 is taken up by wildlife (particularly in urban locations) and

undergoes metabolic debromination to the lower brominated BDE congeners.

An additional study on peregrine falcons focused on urban and rural trends in the

Northeastern USA [64]. A total of 23 peregrine falcon eggs were obtained between

1993 and 2002 from 13 nests, encompassing 11 locations in the Chesapeake Bay

region, USA. The maximum S11BDE concentration in an individual egg, from an

urban highway bridge site, was 354 mg kg�1. This egg also exhibited the highest

BDE209 burden (48.2 mg kg�1). The congeners BDE153, BDE99 and BDE100

constituted 26.0%, 24.8% and 13.1%, respectively, of SBDEs. BDE47 constituted

only 4.4% of S11BDEs in the eggs in this study. The median BDE209 concentra-

tion was 6.3 mg kg�1. The sum of the octa- to nona-brominated congeners

(BDE196, BDE197, BDE206, BDE207 and BDE208) contributed, on average,

14% of S11BDEs, exceeding the contribution from BDE209 (5.9%). Median

BDE209 concentrations were significantly correlated (p < 0.01, Spearman

R ¼ 0.690) with the human population density of the area surrounding the nest.

SBDE concentrations were not correlated with human population density.
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BDEs in Peregrine Falcon Eggs from the Northeastern USA were studied by

Chen et al. [65]. Eggs were collected from 1996 to 2006, excluding 1997 and 1998.

S31BDE concentrations ranged from 74.5 to 6,610 mg kg�1 wet weight, with a

median of 440 mg kg�1 wet weight, showing clearly higher levels than in eggs

collected from the west coast, in California. These levels were generally also higher

than those observed in European peregrine eggs, but comparable to those seen in

North American seabird eggs. Congener patterns were dominated by BDE153,

followed by BDE99, BDE183, BDE209, BDE197, BDE207, BDE154, BDE100

and BDE196, with lower contributions from BDE47, BDE208, BDE203, BDE201,

BDE206, BDE202, BDE138 and BDE119, similar to eggs from California. Urban

and rural falcon eggs contained similar total BDE concentrations but different

congener profiles. Urban eggs exhibited higher BDE209 concentrations and greater

percentages of other highly brominated congeners. BDE209 was detectable in all

eggs, at concentrations ranging from 1.4 to 420 mg kg�1 wet weight. Five octa- and

three nona-brominated congeners were also frequently detected, some likely

derived from the biodegradation of BDE209. Temporal analyses indicated no

significant changes in concentrations of total BDEs, or of most individual conge-

ners during the study period. An exception was BDE209, which exhibited a

significant increase, with a doubling time of 5 years.

Adult American kestrels exposed to environmentally relevant levels of the

PBDE mixture DE-71 were investigated by Fernie et al. in two studies [66, 67].

Fig. 3 Temporal changes in the log (natural logarithm) of levels (mg kg�1 lipid weight) of SBDEs
and BDE153 in peregrine falcon eggs from California (n ¼ 90) [63]. Reprinted (and adapted) from

Time-trends and congener profiles of PBDEs and PCBs in California Peregrine Falcons (Falco
peregrinus). Park, J.S., Holden, A., Chu, V., Kim, M., Rhee, A., Patel, P., Shi, Y.T., Linthicum, J.,

Walton, B.J., McKeown, K., Jewell, N.P., Hooper, K., Environmental Science and Technology 43,

8744–8751. 2009, Copyright American Chemical Society
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Captive American kestrels were exposed via their diet to environmentally relevant

concentrations of DE-71 and to HBCD. This exposure resulted in delayed egg

laying and smaller eggs being laid, caused thinner eggshells and differential weight

loss during embryonic development, and reduced fertility and reproductive success.

The thickness of the eggshell declined as the concentrations of all measured BDE

congeners (except BDE183 and BDE209) and of a-HBCD increased; increasing

concentrations of BDE153, BDE154, BDE28 and BDE17 delayed egg laying,

reduced eggshell mass (and SBDEs) and reduced fledging success (BDE153 and

BDE154 only). As uptake of DE-71 continued following pairing, the timing of the

courtship behaviours shown by the treated birds differed markedly from that of the

control birds. Exposure to low and high levels of DE-71 changed the appropriate

timing of the birds’ copulatory behaviour, nest box inspections, pair-bonding

behaviours and food consumption patterns. Perhaps, most critically, as the birds

were continuously exposed to DE-71 during the courtship period, the treatment

birds failed to copulate, participate in pair-bonding sexual behaviours and investi-

gate their nest boxes, neither at appropriate times nor as frequently as the

control birds.

The enantiomer-specific accumulation of HBCD in eggs of predatory birds was

investigated by Janák et al. [68]. Eggs of peregrine falcon, white-tailed sea eagle,

guillemot and common tern sampled in Sweden were analysed. Only the a-HBCD
diastereomer was found in the eggs of peregrine falcon and white-tailed sea eagle

and it was the predominant diastereomer in terns and guillemots. Clear differences

in the enantiomer fraction (EFa) were found between the different species analysed,
indicating species-specific stereoselective mechanisms for uptake and metabolism

of the enantiomers of a-HBCD. Sum HBCD levels varied between 80 and 3,100 mg
kg�1 lipid weight.

BDE congener patterns, HBCD and BB153 in eggs of peregrine falcons breeding

in Sweden were investigated by Johansson et al. [69]. Geometric mean concentra-

tions of S13BDEs, HBCD and the hexabrominated biphenyl (BB153) were 3,100,

140 and 81 mg kg�1 lipid weight for the southern population; 2,500, 110 and

84 mg kg�1 lipid weight for the northern population; and 47, not detected, and

8 mg kg�1 lipid weight for the captive population. The BDE congener pattern was

dominated by BDE153, BDE99 and BDE100. The average brood size for individual

females from the southern population decreased with increasing concentrations of

S13BDE in the eggs (log-linear regression p < 0.01).

Sonne et al. described summed BDE concentrations in plasma of raptor chicks

sampled in Northern Norway. S8BDE concentrations varied between 2.8, 7.3 and

2.0 ng ml�1 for golden eagle, goshawk and white-tailed sea eagle, respectively [70].

Concentrations of BDEs in common magpie feathers were determined by Jas-

pers et al. [71] while assessing regional differences in contamination. BDE47 and

BDE99 could be detected in all samples collected at a rural and an urban location in

Flanders, Belgium. BDE47 had a higher contribution in feathers from the urban

area (p < 0.05), while BDE99 was the most prominent congener in feathers from

the rural areas (0.3 mg kg�1 dry weight and 0.11 mg kg�1 dry weight for BDE47 and

0.17 and 0.19 for BDE99, respectively, in urban and rural locations). The analysis
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of preen gland samples of the same species showed S6BDE levels of 13 mg kg�1

lipid weight (3.2 and 4.8 mg kg�1 lipid weight for BDE47 and BDE99, respec-

tively), indicating that the preen gland might be an important elimination route for

BDEs in birds.

Three studies by Van den Steen et al. focused on the use of great tit and starlings

to monitor BFRs and their effects [72–74]. Eggs from 22 locations were sampled

across Europe. The concentrations of S7BDE ranged from 4.0 � 0.7 to 136 � 19

mg kg�1 lipid weight. S7BDE concentrations differed significantly among the

sampling locations (one-way ANOVA: F21,129 ¼ 16.67, p < 0.001). S7BDE con-

centrations were significantly higher in the urban sampling locations than in the

rural and remote locations (urban > rural > remote). Eggs from the rural sampling

locations showed significantly higher S7BDE levels compared to the eggs from

remote sampling locations. Eggs from the urban sampling locations showed signifi-

cantly higher concentrations compared to the remote locations but not compared to

the rural locations. Second, eight complete first clutches with known laying order

were collected in 2006 from two sites near Antwerp (Belgium). S7BDE concentra-

tions decreased in relation to the laying order from 68 � 10 to 53 � 11 mg kg�1

lipid weight, but this was not statistically significant. Mean SBDE concentrations

were significantly lower in eggs of replacement clutches compared to first clutches.

And finally, in an exposure study with PBDEs in female European starlings,

toxicokinetics and reproductive effects were investigated. Female European star-

lings were exposed to a pentabromodiphenyl ether mixture through subcutaneous

implants, and levels and profiles of BDEs together with reproductive effects were

examined. S7BDE levels increased significantly in the serum of the exposed

females from 218 � 43 to 23,400 � 2,035 pg ml�1. SBDE concentrations in the

eggs of the exposed group ranged from 130 � 12 to 220 � 37 mg kg�1 wet weight.

The profile in serum after egg laying was very similar to that observed in eggs.

There were no detectable levels of OH-BDEs in either serum or eggs. Fewer

females of the exposed group initiated egg laying compared to the control group,

although the difference was not significant. In addition, egg weight and volume

were significantly higher in the exposed group. These results suggest that, at the

investigated exposure levels (150 mg SPBDEs per bird), PBDEs may have a

negative effect on reproductive performance.

Covaci et al. [75] studied BDEs and HBCD in the eggs of free-range chickens

from Belgium sampled in 2006–2007, thereby addressing both environmental and

food concerns simultaneously. Concentrations of both BFRs were relatively low and

comparable to those seen elsewhere. S6BDE concentrations ranged from not

detected up to 32 mg kg�1 lipid weight; those of HBCD from not detected up to

62 mg kg�1 lipid weight with a lower detection frequency. When present, BDE209

was the major congener (45% of S6BDE), otherwise BDE47 and BDE99 predomi-

nated. Soil seemed to be themajor, but not the sole, source of the BFRs in hens’ eggs.

The BDE congener profile observed in sparrow hawks, buzzards and blackbirds

from Switzerland was dominated by BDE47, BDE99, BDE100 and BDE153, which

was found to be in agreement with previous studies in birds of prey from Australia

and Flanders [76–78].
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A study in terrestrial birds of prey from China showed the presence of BDE209

in almost 80% of the samples, which confirms the bioaccumulation ability of this

congener [79]. Starling muscle tissue [74] and peregrine falcon eggs [80] from

terrestrial ecosystems showed higher concentrations of BDEs 153, 154, 100, 99,

183 and 209 compared to BDE47. Similar patterns were found in eggs from a

study comparing peregrine falcons feeding from species belonging to terrestrial

and aquatic food chains, but the hypothesis that higher brominated congeners

would be present to the greatest extent in the terrestrial food chain was not

supported [28].

2.2 Fish and Shellfish

In 11 species of fish from the River Scheldt in Belgium, Roosens et al. [81] reported

concentrations of BDEs and HBCD. The sum of tri- to hepta-BDE congeners

(2,270 � 2,260 mg kg�1 lipid weight; range 660–11,500 mg kg�1 lipid weight)

and total HBCDs (4,500 � 3,000 mg kg�1 lipid weight; range 390–12,100 mg kg�1

lipid weight) were 10-fold higher than those usually reported for freshwater sys-

tems, indicating local point sources. Eels showed a considerable decrease in levels

of both BDEs and HBCD from 2000 to 2006.

In Zebra mussels from Lake Maggiore in Italy, Binelli et al. [82] reported

S14BDE concentrations from 40 to 447 mg kg�1 lipid weight, similar to those

found in environments polluted by deposition or atmospheric transport. The conge-

ner profile showed BDE47 > BDE99 > BDE100 > BDE209, closely resembling

patterns observed in freshwater ecosystems worldwide.

In shore crabs sampled from a contaminated Norwegian fjord, Haukås et al. [33]

determined HBCD concentrations along a transect away from a known point

source. Mean SHBCD concentrations at the four locations declined from

300 � 220 to 26 � 6.8 mg kg�1 lipid weight. In lugworms and mussels, concen-

trations declined from 7,000 � 2,000 mg kg�1 lipid weight to not detected and

1,400 � 110 mg kg�1 lipid weight to not detected, respectively.

In three species of deepwater fish (caught at >1,000 m depth in 2006) off the

west coast of Scotland, Russell et al. [83] reported S17BDE concentrations from 12

to 51 mg kg�1 lipid weight. In wild and rope-grown mussels from Scottish coastal

waters taken since 1999, S9BDE concentrations were not detected to 3.7 mg kg�1

wet weight, with the highest concentration in Aberdeen in summer 2008 [84].

S17BDE concentrations in flatfish muscle from 11 locations around Scotland

were up to 1.7 mg kg�1 wet weight, while in muscle of brown trout from freshwater

lochs the maximum concentration was 1.2 mg kg�1 wet weight [85]. In the same

study, S17BDE concentrations of 4.1–536 mg kg�1 wet weight were recorded in the

livers of fish from the former sewage sludge disposal site at Garroch Head in

the Firth of Clyde.
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Harrad et al. [86] determined HBCD and TBBP-A in fish collected in 2008 from

nine English lakes. Concentrations ranged from 14 to 290 mg kg�1 lipid weight and

<0.3–1.7 mg kg�1 lipid weight, respectively.

In three fish species from the southern Baltic Sea, Szlinder-Richert et al. [87]

recorded mean S7BDE concentrations of 1.2 (herring), 1.6 (sprat) and 2.5 (salmon)

mg kg�1 wet weight. BDE47 predominated in all samples, and BDE concentrations

in herring were similar to those observed in herring from the northern Baltic Sea but

lower than in those from the Belgian North Sea. In salmon, BDE concentrations

were similar to those in samples from the northern and northeastern Baltic Sea but

similar to those found in fish from the central part.

Samples of marine and freshwater mussels from different locations showed a

similar pattern of BDEs congeners, with predominance of the lower brominated

ones (BDE47 and BDE99) [88]. In a study on common frogs from Scandinavia,

more than 90% of the liver samples revealed the presence of BDE47, and less than

50% that of BDE99 [89].

In four species of Antarctic fish, Borghesi et al. [90] reported SBDE concentra-

tions from 0.09 to 0.44 mg kg�1 wet weight. In tuna from the Mediterranean Sea,

concentrations were 15 mg kg�1 wet weight, 100–1,000� higher. Lower bromi-

nated congeners prevailed in Antarctic species while, in tuna, tetra- and penta-BDE

congeners dominated, consistent with the major source to the Antarctic being long-

range atmospheric transport. In swordfish from the Mediterranean, Corsolini et al.

[91] reported S19BDE concentrations of 2.2 � 3.3 mg kg�1 wet weight in liver and

0.6 � 0.6 mg kg�1 wet weight in muscle tissue.

In two fish species, two crab species and three bivalve species from Tokyo Bay,

Japan, S20BDE concentrations were 97 and 192, 92 and 97, and 17–66 mg kg�1

lipid weight, [92]. Hong et al. [93] determined BDEs in mussels from two locations

in France and South Korea. Mean S13BDE concentrations were 13 mg kg�1 dry

weight in Masan Bay, South Korea, and 0.9 mg kg�1 dry weight in Thau lagoon,

France. The authors suggested that these data indicated a growing pollution prob-

lem in Asia, and in South Korea in particular.

Twelve species of deep-sea fishes collected in 2005 off the coast of Japan were

analysed for BDEs and HBCD [94]. The fish were caught at depths from 410 to

900 m, and so remote from land-based sources. The concern of the authors was that

the deep-sea might act as an ultimate sink for such compounds. S14BDE concen-

trations ranged from 1.3 to 53 mg kg�1 lipid weight, and HBCD from <0.05 to

110 mg kg�1 lipid weight. A significant positive correlation was found between

d15N and lipid-normalized concentrations of BDEs showing their high biomagni-

fication potential for food web uptake, though this was not the case for HBCD.

Bivalves (mussels and oysters) in coastal waters from Japan (22 locations)

were sampled and analysed for BDEs and HBCD [95]. HBCD and S14BDE
concentrations ranged from 12 to 5,200 mg kg�1 lipid weight and 3.1–86 mg kg�1

lipid weight, respectively. The authors noted that HBCD concentrations were

among the highest levels reported from Asia and Europe. Estimated uptake levels

for human consumers from oysters and mussels as seafood for HBCD and
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S14BDEs were 0.45–34 ngkg�1 body weight and 0.58–6.8 ngkg�1 body weight,

respectively.

To determine the potential input sources of PBDEs to fish farms in south China,

Zhang et al. [96] sampled seven environmental matrices in 2006–2007. Tri- to deca-

BDE congeners were detected in all samples, at mean S46BDE concentrations

(including BDE209) of 5.7 � 3.6 ngl�1 in pond water, 15 � 11 mg kg�1 dry

weight in pond sediments, 12 � 3.8 mg kg�1 dry weight in bank soil, 21 � 20 mg
kg�1 lipid weight in fish and 93 � 62 mg kg�1 lipid weight in fish feed. BDE209

was the dominant congener in all samples other than fish, where BDE47 predomi-

nated. As in other studies, fish feed (in this case, along with pond water) was the

dominant source of BDEs in farmed fish.

Fish and invertebrates collected from the Pearl River Delta (PRD) region in

China during 2005–2007 were analysed for BDEs [97]. S7BDE concentrations

ranged from 6.2 to 208 mg kg�1 lipid weight, a decrease relative to those seen in

2004. In two species of fish and in winkles from the vicinity of a local source from

e-waste recycling, Zhang et al. [96] reported SHBCD concentrations of 377 and

1,790, and 186 mg kg�1 lipid weight, respectively. Gao et al. [57] determined BDEs

in 16 species of aquatic biota, including fish, crab and shrimp, from the lower

Yangtze River in East China sampled in 2004–2007. S12BDE concentrations were

3.5–604 mg kg�1 lipid weight (mean 44 mg kg�1 lipid weight), low to average on a

global scale.

Jin et al. [98] determined BDEs in five species of shellfish sampled in 2006 from

Laizhou Bay, China. S11BDE concentrations (including BDE209) in the shellfish

ranged from 230 to 720 mg kg�1 lipid weight.

S23BDE concentrations were determined in seafood from China as part of a

market study [99]. In fatty fish, concentrations ranged from 0.04 to 0.91 mg kg�1

wet weight, and in shellfish, from 0.02 to 0.35 mg kg�1 wet weight. Van Leeuwen

et al. [100] determined BDEs and HBCD in farmed fish and shrimp from Southeast

Asia, Europe and South America. Concentrations were generally very low. Carni-

vorous species contained high concentrations than omnivorous species. In another

diet study, Miyake et al. [101] determined BDEs in seafood samples from two cities

in China, Guangzhou and Zhoushan. Guangzhou is one of the largest cities in China

and has experienced rapid economic growth since 1979. Zhoushan is a coastal city

and port less influenced by industry and not opened for economic development until

1988. Mean S10BDE concentrations in the two cities were: fish, 46 and 6.7 mg kg�1

lipid weight; crab, 11 and 3.0 mg kg�1 lipid weight; cephalopods, 9.2 and 8.3 mg
kg�1 lipid weight; shrimp, 28 and 7.4 mg kg�1 lipid weight; bivalves, 14 and

11 mg kg�1 lipid weight; respectively.

Li et al. [102] determined BDEs in ten species of fish and shellfish from

Yuandang Lagoon, Xiamen Island, China. S8BDE concentrations ranged from

0.3 to 1.3 mg kg�1 lipid weight and were higher in crabs and clams than in fish,

probably because benthic organisms are in closer contact with contaminated sedi-

ments. BDE congener patterns also differed: fish contained mainly lower bromi-

nated BDEs with BDE209 not detected, while higher brominated BDE congeners

(including BDE209) were observed in crabs and clams.
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Shaw et al. [103] determined BDEs in seven species of teleost fish comprising

the major prey items of harbour seals in the NW Atlantic. S16BDE concentrations

in whole fish samples (as eaten by seals) ranged from 18 to 94 mg kg�1 lipid weight

(62 � 34 mg kg�1 lipid weight); total HBCD concentrations from 2.4 to 38 mg kg�1

lipid weight (17 � 10 mg kg�1 lipid weight). S16BDE concentrations were ca.

100-fold higher than the levels in fish.

In muscle tissue of wild Chinook salmon from Chile, Montory et al. [104]

reported S14BDE concentrations between 0.3 and 1.05 mg kg�1 wet weight, similar

to levels reported for the northern hemisphere. Sloan et al. [105] reported S10BDE
concentrations in juvenile Chinook salmon from the Columbia River and Estuary

and Puget Sound, NW USA. The mean S10BDE concentrations in fish from the

various urban and nonurban sites sampled ranged from 0.35 to 2.8 mg kg�1 lipid

weight. Levels of PBDEs in hatchery fish were significantly lower than those in the

wild fish.

Concentrations of TBBP-A and HBCD were determined in sharks (bull shark

and Atlantic sharpnose shark) from US waters by Johnson-Restrepo et al. [106].

The highest concentrations of TBBP-A and HBCD were found in bull shark, 36 and

413 mg kg�1 lipid weight, respectively.

In lake trout from Lake Ontario, Canada, sampled between 1979 and 2004,

S6BDE concentrations (BDE28–BDE154) increased significantly from 1979 until

the mid-1990s, then levelled off or decreased to 2004 [107]. In contrast, concentra-

tions of BDE209 increased by a factor of 4 between 1998 and 2004. Concentrations

of total HBCD showed some decline and pentabromoethyl benzene (PBEB) showed

no consistent trend over the period studied; 1,2-bis(2,4,6,tribromophenoxy)ethane

(BTBPE) showed a rising trend until ca. 1993 and then concentrations decreased

to 2004.

Blocksom et al. [108] determined BDEs in whole fish from three major US rivers

(upper Mississippi, Missouri and Ohio) in 2004–2005 with the aim of estimating

human and wildlife exposure risks from fish consumption. S6BDE concentrations

were highest in fish in the Missouri and Ohio rivers (>1,000 mg kg�1 lipid weight)

with BDE47 dominating. Concentrations were positively correlated to fish size,

lipid content, trophic guild and proximity to urban areas.

The Hawaiian Islands are located in the middle of the Pacific Ocean and are

geographically isolated. PBDEs have been determined in the muscle tissue of wild

tilapia from the vicinity of Honolulu and Waikiki [109]. S8BDE concentrations at

three sampling sites were 567 � 54, 232 � 18 and 686 � 79 mg kg�1 lipid weight.

Although few industries have been developed in the islands, these PBDE concen-

trations are still relatively high. BDE183 and BDE209 were not detected in these

samples.

Losada et al. [110] determined BDEs in six species of marine fish, one species of

crab and squid from Sydney Harbour, Australia. Mean S10BDE concentrations

ranged from 6.4 mg kg�1 lipid weight in squid to 115 mg kg�1 lipid weight in

flounder. Blue swimmer crab and squid had lower concentrations than the fish

species. BDE47 was the dominant congener; BDE183 was not detected and

BDE209 was not determined.
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Elevated levels of BDEs in farmed compared to those observed in wild salmon

have previously been ascribed to the levels in their feed, usually derived from fish

meal and oil [111]. Berntssen et al. [112] have assessed the impact of replacing

these with novel alternative feeds based on ingredients of plant origin with a minor

inclusion of krill. In their study, the use of the alternative feed reduced S10BDE
levels by approximately two-thirds. In an earlier study, in Atlantic salmon fed on

fish oil, rapeseed oil or a 1:1 mixture of the two oils, mean S7BDE concentrations

were 2.2, 1.1 and 1.7 mg kg�1 wet weight, respectively, indicating a lower level of

contamination in the oil of vegetable origin.

Maternal transfer was also observed for all BFRs detected in female zebra fish

and for the metabolites. The egg/fish concentration ratios were significantly above 1

for several compounds. Generally, high egg/fish ratios were observed for BFRs

with high log Kow values. These compounds seemed to be more efficiently trans-

ferred to eggs [113].

2.3 Marine Mammals

The detection of BDE congeners in sperm whale tissues, feeding offshore and in

deep water, and the particularly high concentrations found in dolphins and seals

highlighted the ubiquity and bioavailability of these chemicals in the marine

ecosystem [114]. A wide range of marine mammals has been investigated since

with a similar BDE congener pattern [114–124] (Fig. 4). A large number of harbour

porpoises from England andWales were analysed for 14 tri- to hepta-BDEs, and the

major congeners detected were BDE47, BDE99 and BDE100. Porpoise foetuses

were also analysed and BDEs were also detected, demonstrating transplacental

transfer from mother to offspring [125]. Three BDE congeners were analysed in 11

stranded harbour seals from San Francisco Bay between 1989 and 1998, showing

that the contribution of BDE47 to the sum of the congener concentrations ranged

between 62% and 94% [126]. Long-finned pilot whales from the Faroe Island

showed higher BDE concentrations in juvenile animals, which were ascribed to

lactational transfer [127]. A study out of BDEs in blubber samples from Baikal

seals detected a gender difference for the concentrations of BDEs and HBCD. The

transfer of these contaminants from mother to pup during gestation and lactation

was suggested as the cause of this difference [128].

Liver samples from ten species of cetaceans stranded 1994–2006 in Southeast

Brazil were analysed for BDEs [130]. S9BDE concentrations were 3–5,960 mg
kg�1 lipid weight, similar to those observed in Northern Hemisphere dolphins.

A positive correlation was observed between S9BDE concentrations and year of

stranding, indicating rising concentrations.

Von der Recke and Vetter [131] studied PBBs in blubber of seals and harbour

porpoises (as well as in fish) originating from the North Sea, the Baltic Sea, and the

coastal waters of Iceland and North America. Hexa-BB congeners dominated,

followed by penta-BBs and hepta-BBs, while octa-BBs were detected only
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occasionally and nona-BBs and BB209 not at all. The hexa-BB pattern in samples

from Iceland was a mixture of those seen in samples from North America and

continental Europe. BB153 dominated, and BB155 and BB154 were also promi-

nent. The patterns of some congeners indicated degradation of more highly

Species Location BDE Reference
Grey seal Baltic Sea 730

419
[115]
[116]

Ringed seal Svalbard
Canadian Arctic

51
26–50*

[115]
[117]

Harbour seal North Sea
San Francisco Bay

600–6,000
67–7,140

[114]
[126]

Caspian seal Azerbayan BDE47: 15 (ww) [125]
Bottlenose dolphin Gulf of Mexico 8,000 [118]
Striped dolphin Mediterranean Sea 726–8,130 [120]
Indo-Pacific humpback
dolphin 

India 10–12* [128]

Spinner dolphin Philippines 2,600–5,400* [129]
Harbour porpoise Br. Columbia

England & Wales
Pacific

350–2,300*
440–7,670*
860–3,160*

[140]
[121]
[129]

Beluga Canadian Arctic 81–160* [117]
Long-finned pilot whale Faroe Islands 843–3,160* [127]
Minke whale Netherlands 870 [114]
Melon headed whale Queensland

Japan
36 (ww)
190–510

[125]
[133]

Killer whale UK
Shiretoko

490–2,000,
max. 16,200* (ww)
170–540*

[123]

[122]

Fig. 4 Overview of concentrations of PBDEs in marine mammals and sample location around the

world. Concentrations given in ng g�1 lipid weight unless otherwise stated. SBDE ¼ sum of

BDEs 47, 99 and 100. * More congeners included

Bioaccumulation of Brominated Flame Retardants 161



brominated products. Concentrations of individual BB congeners or of the sum of

those congeners determined were not reported.

Tanabe [132] summarized a number of studies using archived marine mammal

tissue samples from a specimen bank. In recent years, HBCD concentrations

seemed to exceed those of SBDEs in samples from Japan, presumably reflecting

a change in usage following controls. SBDE levels peaked in the 1990s (as for

sediments above) and then stabilized. In finless porpoises from the South China

Sea, SBDE levels were much higher than those of HBCD both in past and recent

years, implying a lower consumption of HBCD than of PBDEs in China.

Kajiwara et al. [133] determined BDEs in blubber of melon-headed whales from

Japan sampled in 1982–2006. In 2006,S10BDE concentrationswere 190–510mg kg�1

lipid weight, as against 7.5–30 mg kg�1 lipid weight in 1982. Maternal transfer was

estimated to be 85% of the mother’s body burden. In striped dolphins (1978–2003),

Isobe et al. [134] determined BDEs and HBCD in blubber of striped dolphins from

Japan 1978–2003. S11BDE concentrations ranged from 13 to 850 mg kg�1 lipid

weight, and HBCD concentrations from 10 to 940 mg kg�1 lipid weight. In both

instances, the highest concentrations were seen in 2003, suggesting growing con-

sumption in recent years.

In muscle-blubber biopsy samples from 21 Galapagos sea lions collected from

the Galapagos Islands (1,000 km off the coast of Ecuador) in 2005, Alava et al.

[135] determined BDEs. Only traces of BDEs were detected in one male pup.

Schiavone et al. [136] studied BDEs in Antarctic fur seals collected on the

Antarctic Peninsula in 2004. The mean S9BDE concentration was 11 mg kg�1

lipid weight – in fact, only BDE47 and BDE66 were above the limit of detection.

Peck et al. [137] determined HBCD in blubber and liver of Atlantic white-sided

dolphins that stranded on the east coast of the USA during 1993–2004. a-HBCD
concentrations in blubber and liver ranged from 19 to 380 mg kg�1 lipid weight and

2.9 to 140 mg kg�1 lipid weight, respectively. These were lower than HBCD

concentrations in cetaceans from Western Europe, and than concentrations of

BDEs reported earlier in a subset of the same animals. Concentrations of TBBP-

A and HBCD were determined in blubber of bottlenose dolphins from US waters by

Johnson-Restrepo et al. [100]. The mean concentrations of TBBP-A and HBCD

were 86 and 413 mg kg�1 lipid weight, respectively. In the Hawaiian Islands,

Ylitalo et al. [138] determined BDEs in false killer whales from Hawaii.

S10BDE concentrations ranged from not detected to 2,900 mg kg�1 wet weight,

with adult females having lower concentrations than adult males and juveniles.

Meng et al. [139] studied BDEs in Cliformia sea lion, harbour seal and Northern

elephant seal from California. S14BDE concentrations were 0.06–236, 0.32–7.2

and 0.04–2.0 mg kg�1 lipid weight, respectively. Ikonomou and Addison [140]

measured BDE concentrations in the blubber of five mother–pup pairs of grey

seals from Nova Scotia sampled in 1995, and of 20 harbour seals from British

Columbia sampled in 1991–1992. S10BDE concentrations in maternal grey seals

averaged 112 � 55 mg kg�1 lipid weight and were over twice the concentrations

measured in their pups. Lower brominated congeners transferred more efficiently

than hepta-BDEs and larger congeners. S10BDE concentrations in harbour seals
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from the Strait of Georgia were 319 � 132 mg kg�1 lipid weight, while those in

harbour seals from the more remote Quatsino Sound were 28 � 12 mg kg�1 lipid

weight. In a study in central west Greenland, Vorkamp et al. [141] determined

BDEs in archived samples of ringed seal blubber over the period 1982–2006.

Median S11BDE concentrations ranged from 2.2 to 8.5 mg kg�1 lipid weight.

Levels were lower than those observed previously in seals from east Greenland in

a similar time trend study [142].

Lam et al. [143] looked at concentrations of HBCD and BDEs in Indo-Pacific

humpback dolphins and finless porpoises from Hong Kong, during 2002–2007 and

2003–2008, respectively. The concentrations of SHBCD and S14BDE were 4.1–519

and 103–51,100 mg kg�1 lipid weight, respectively. A significant increasing trend in

HBCD concentrations was seen in dolphins from 1997 to 2007, with an estimated

annual rate of increase of 9%. No trend was observed for BDEs. This may reflect

increasing use of HBCD in response to controls on the PBDE products. Three “novel”

BFRs compounds were studied: hexachlorocyclopentadienyldibromocyclooctane

(HCDBCO) was not detected; while 2-ethylhexyl-2,3,4,5-tetrabromobenzoate

(TBB) and bis(2-ethylhexyl)-tetrabromophthalate (TBPH)were detected atmaximum

concentrations of 70 and 3,860 mg kg�1 lipid weight, respectively. Levels of HBCD

and TBPH were comparable in porpoise samples.

In ringed seals from East Greenland, Letcher et al. [144] determined BDEs, BBs

and HBCD and their metabolites. Mean S13BDE concentrations were 149 � 87

mg kg�1 lipid weight, and the mean concentration of BB101 was 0.25 � 0.12 mg
kg�1 lipid weight. The mean a-HBCD concentration was 19 � 2 mg kg�1 lipid

weight.

Houde et al. [145] determined BDEs and their hydroxylated analogues in plasma

of bottlenose dolphins from the east coast of the USA. Significantly lower S12BDE
concentrations were found in animals from Florida than in those from South

Carolina (5.5 � 4.6 mg kg�1 wet weight and 30 � 40 mg kg�1 wet weight, respec-

tively). Similarly, S16OH-BDE were 1.15 � 0.7 and 0.6 � 0.4 mg kg�1 wet

weight in South Carolina and Florida, respectively. A significant proportion

might be a consequence of naturally produced MeO- and OH-BDEs. In Europe,

Weijs et al. [146] determined BDEs and OH-BDEs in serum of captive harbour

seals and harbour porpoises from 2006 to 2008. Median S6BDE concentrations

were 130 pgml�1 in seals and 1,300 pgml�1 in porpoises. OH-BDEs were not

detected in either species.

Fair et al. [147] reported concentrations of BDEs in bottlenose dolphins sampled

in 2003–2005 from two estuarine areas in the southeastern USA, Charleston in

South Carolina and the Indian River Lagoon in Florida. S13BDE concentrations

ranged from 295 to 22,800 and 196 to 3,790 mg kg�1 lipid weight, respectively.

Concentrations in bottlenose dolphins from Charleston were among the highest

recorded in marine mammals in the world to date.

Montie et al. [148] studied BDEs and OH-BDEs in cerebrospinal fluid and

cerebellum grey matter of short-beaked common dolphins and Atlantic white-

sided dolphins from the east coast of the USA. In cerebrospinal fluid, S33BDE
concentrations were 0.3 and 0.9 mg kg�1 wet weight in female common dolphins,
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0.7 and 1.6 mg kg�1 wet weight in male white-sided dolphins and 13 � 16 mg kg�1

wet weight in female white-sided dolphins. Concentrations of HO-BDEs were very

low, maximum 0.3 mg kg�1 wet weight. In grey matter of white-sided dolphins,

concentrations of S14OH-BDEs were 4.2–8.9 mg kg�1 wet weight.

2.4 Turtles

Few data are available for turtles, but Swarthout et al. [149] reported S27BDE
concentrations in blood samples from two species of turtles (Kemp’s ridley and

green sea turtles) sampled in the Gulf of Mexico in 2001–2002. BDEs were

detected in all 58 turtles analysed, and BDE47, BDE99, BDE100, BDE153 and

BDE154 were the dominant congeners (deriving from the penta-mix PBDE prod-

uct). Summed concentrations ranged from 0.0002 to 0.0015 mg kg�1 wet weight.

2.5 Terrestrial Animals

Verreault et al. [150] determined BDEs in adipose tissue from captive sledge dogs

in Greenland. S36BDE concentrations were 42 � 0.7 mg kg�1 wet weight in an

exposed group (fed on minke whale blubber) compared to 2.1 � 0.4 mg kg�1 wet

weight in a control group fed on pork fat.

Concentrations of higher brominated BDE congeners in terrestrial animals have

been found to be relatively high, which indicates their bioaccumulation capacity in

these animals. Higher brominated BDE congeners were also bioaccumulated in the

meat and body fat of cows [151]. BDE 209 was found to be the most abundant

congener in studies on the terrestrial top predators red fox and grizzly bears. Grizzly

bears consuming salmon had a congener profile dominated by the lower brominated

BDEs [17, 18].

These variations in the pattern of the BDEs congeners depending on the ecosys-

tem emphasize the importance of the bioavailability of the BFRs and their potential

degradation.

3 Bioaccumulation and Bioavailability

Bioavailability and bioaccumulation are intrinsically connected with each other and

directly related to the interaction of chemical substances with the abiotic and biotic

environment. The bioavailability of chemical contaminants in the environment

depends on several factors including structure and physicochemical properties of

a compound, its main sources of production, its ability to be transported to different

environments and the nature of the medium in which these chemicals are found.
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There are different emission routes through which a contaminant can reach the

environment. This may be during production, product formulation, application, its

lifetime usage and its disposal after the end of their in-service life. Once released

into the environment, they can be adsorbed to particulate matter depending on their

water solubility and binding affinity to particles. Consequently, they may be

transported through the aquatic environment or travel far from the emission source

while attached to dust particles with a high spatial mobility.

The bioconcentration factor (BCF) is defined as the accumulation of a compound

through the respiratory system or dermal contact after exposure to the medium,

measured in laboratory tests. It results in a higher concentration of the substance

within an organism than in its surrounding environmental medium, such as water or

air. This factor is correlated to the water solubility of a chemical and its vaporiza-

tion rate, referring to the maximum solute concentration possible at equilibrium,

and the octanol–water partition coefficient (Kow), referring to the ratio of the

concentration of a chemical in n-octanol and in water at equilibrium at a specific

temperature and pressure [152]. The quantification of process rates and partition

coefficients of organic pollutants in air, water, soil and biota is an important step in

defining the level of organic contaminants in environmental systems and their

potential impact on environmental quality.

A specific way of determining the bioconcentration of a substance is by calcu-

lating the biota-soil accumulation factor (BSAF), which relates the concentration of

the chemical in the organism on a lipid weight basis to its concentration in the

surrounding soil on an organic carbon basis.

The bioaccumulation factor (BAF) is defined as the ratio between the concen-

tration of a compound in an organism and the concentration in the surrounding

environment at steady state after exposure from any source. The level to which a

substance is bioaccumulated depends on the rate and mode of uptake, through

inhalation (respiratory system: lungs or gills) or ingestion along with food, through

contact with the epidermis (skin), and the elimination rate. It is also important to

consider the possible transformation of the substance by metabolic processes, the

lipid content of the organism and other environmental factors. BCF and BAF are

often determined as the ratio between the concentration of a compound (on a lipid

weight basis) in an organism and its concentration in the surrounding water.

As a general rule, the more hydrophobic (lipophilic) a substance, the higher the

expected BAF will be in organisms. Lipophilic substances are less likely to be

diluted or excreted in urine, and so can accumulate in fatty tissues. However, it has

been shown that an increasing degree of halogenation with a related increase in the

molecular size and Kow lowers the absorption efficiency of a halogenated com-

pound in fish [153]. It has been argued that this reduced dietary absorption of large

super hydrophobic substances (such as BDE209) was due to the physically restrict-

ing size of the molecule which hinders its passage through the membrane via the

gills or the gut [154].

As a consequence of the persistence and bioaccumulation potential of chemicals,

and due to the interaction between the different trophic levels in a selected ecosys-

tem, a chemical may biomagnify in a food web. When a chemical is bioaccumulated
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in an organism from a low trophic level, such as an invertebrate species, it may result

in a buildup in the adipose tissue of successive trophic levels such as fish, birds or

marine mammals. When eaten by another organism, fats carrying the contaminant

are absorbed in the gut, and the chemical will accumulate in the fat of the predator.

To improve the food web characterization, a stable nitrogen isotope analysis

technique has been developed, assessing predator–prey interactions and organism

trophic levels by determining the d15N, the concentration ratio of 15N/14N,

expressed relative to a standard (i.e. atmospheric N2). This ratio increases with

increasing trophic levels due to the preferential excretion of the lighter 14N isotope

[155, 156] (Fig. 5).

There are several ways to calculate the biomagnification of a chemical. One of

them is by determining the biomagnification factor (BMF), which accounts for the

ratio of lipid-normalized contaminant concentrations in predator and prey. Bio-

magnification occurs when BMFs are greater than 1, indicating that predators are

less capable of metabolizing these compounds compared with their prey.

The trophic magnification factor (TMF) is the average biomagnification at

several trophic levels, and it can be derived from the slope of the line in a plot of

concentrations in an organism vs the trophic level.

BAF; BCF ¼ Corganism

Cwater=air
BSAF ¼ Corganism

Csoil

BMF ¼ Cpredator

Cprey

3.1 Bioaccumulation Studies

Some BFR levels in wildlife and humans have substantially increased since the

1980 [157]. The evidence of bioaccumulation in wildlife and its potential trophic

magnification ability has been investigated since, with interesting conclusions
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Fig. 5 Representation of trophic levels of a Canadian Arctic marine food web by stable isotope

characterisation (mean + SD)
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regarding to the principal congeners bioavailability and its behaviour once they

interact with the environment [158, 159].

The different concentrations of the BFRs detected along the food webs from

separate locations are usually related to several factors such as the proximity to a

production source and the potential degradation of BFRs in different matrices.

Concentrations of PBDEs detected in temperate environment marine mammals

were about 1,000 times higher than the ones found in Arctic environment, which

evidences the decrease in concentration as a function of the distance from release

sources and also their ubiquity in apparently less-exposed areas due to their

transportation ability [159].

When focusing on a particular ecosystem, difficulties arise establishing the

food chain interactions regarding to the predatory–prey preferences and the spe-

cies-specific differences in the ability to metabolize and biotransform BFR com-

pounds. These differences may change the congener profile in the organism

showing congeners that are not detected in the environmental media and leading

to a trophic enrichment of less brominated congeners [160, 161]. The dietary

absorption efficiency also influences the biomagnification of BFRs along food

webs which could lead to an underestimation of their BMF at higher trophic levels.

The bioaccumulation potential of BFRs has been investigated in several aquatic

food webs. Gustafsson et al. [162] estimated BAFs in laboratory studies fromwater to

Baltic blue mussels (Mytilus edulis), showing that BDE47 and BDE99 are very

accumulative in this species with values of 1.3 and 1.4 � 106 followed by BDE153

(0.22 � 106). In a field study in the Netherlands, BCFs of PBDEs in blue mussels

collected from several sites along the coast and in the Scheldt estuary were deter-

mined. It was concluded that BDE47, BDE28, BDE99, BDE100 and BDE153 bioac-

cumulate to a significant extent [163]. A study along the river Viskan (Sweden)

detected high fish (pike) to sediment ratios for BDE47, BDE99, BDE100 and

HBCD, indicating the bioavailability of these compounds. The low concentrations

of octa- and nona-BDE congeners suggested limited bioavailability for these

congeners [164].

In a study onBaltic andNorthAtlantic Sea foodwebs, several BDEswere analysed

in zooplankton (copepods), planktivorous fish (sprat, small and large herring)

and predatory fish (salmon) [165]. BDE47 appeared to biomagnify to the largest

extent, showing higher assimilation efficiencies compared to BDE99 and BDE153,

which was in agreement with previous studies of uptake in fish [166, 167]. The BMFs

for all BDEs studied were positive, meaning that all congeners have the ability to

biomagnify in this food web. However, the BMFs of the tetra- and penta-BDEs were

higher than those of the tri-BDEs and hexa-BDEs reported in a previous study [168].

A trophic characterisation of PBDEs in a North Sea food web was carried out

by Boon et al. [158]. Invertebrate sentinel species were investigated together

with predatory gadoid fish species and marine mammals representing the higher

trophic levels of this food web. All six major BDE congeners present in the

penta-BDE formulation were detected, whereas no evidence of the octa-BDE

formulation was found, as its major congener, BDE183, was not detected.

Since BDE209 was the main BDE congener usually found in sediments from
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the area, the main reason for its low concentrations in biota was concluded to be

either due to a low uptake rate for this very large molecule (log Kow 9–10), and

so would be predominantly particle bound, or to a rapid excretion after bio-

transformation. The major biomagnification step in this study was found to

occur from fish to marine mammals. Another study carried out in a North Sea

estuary food web showed evidence of the bioaccumulation of a-HBCD [9]. It was

argued that the higher water solubility of the a-isomer compared to the other two

isomers could be the cause of the preferential uptake of a-HBCD in aquatic

organisms, or that a rapid elimination from the organism of the b- and g-isomer

was occurring. TBBP-A was detected in lower concentrations than HBCD and

appeared to have a lower bioaccumulation potential. Due to its more polar nature,

TBBP-A may more easily be metabolized and eliminated from the aquatic organ-

isms. This was confirmed by the low accumulation potential observed for the

TBBP-A in a study involving uptake efficiency in zebrafish [169]. The bioaccu-

mulation of HBCD in rainbow trout showed high levels after dietary uptake, with

different values depending on the diastereomer determined. The highest BMF was

found for a-HBCD (BMF ¼ 9.2) followed by the g- andb-diastereomer (BMF ¼ 4.3)

[170]. In aquatic invertebrates, marine fish, birds and marine mammals, the presence

of the HBCD is mainly as its a-diastereomer, and the concentration of this isomer

was found to increase with increasing trophic level [171]. Uptakes and elimination

rates in zebrafish were recently determined for BDE28, BDE183 and BDE209, and

the highest uptake was observed for BDE28, whereas the lowest was observed for

BDE209 [172]. Bioaccumulation and trophic magnification were determined for

several PBDEs in a Canadian Arctic marine food web [156]. The results showed that

only BDE47 had a TMF above 1. The food web was characterized using stable

nitrogen isotope analysis, involving zooplankton, invertebrate species and different

fish, eider ducks and marine mammal species. Another study carried out to deter-

mine the biomagnification of PBDEs in a Canadian Arctic marine food web showed

a similar pattern of trophic magnification for BDE47 and a low TMF for BDE209,

with decreasing values at higher trophic levels [173]. A similar study was carried

out for a freshwater food web in South China where three PBDEs were investi-

gated [174]. There, BDE47, BDE100 and BDE153 showed a TMF significantly

above 1.

The biomagnification potential of PBDEs was studied in a polar bear food chain

from the Norwegian Arctic. The BDE47 BMFs for polar bear (assuming ringed seal

as the prey species) were relatively low, between 1 and 7 [159, 160]. However,

mean BMFs for BDE153 in polar bears (bear/ringed seal) from the Canadian Arctic

and Alaska ranged between 91 and 130 [159], even though it has been reported that

polar bears have a large capacity to metabolize organohalogenated compounds

[175]. BDE153 is apparently one of the most stable BDEs. Relatively high BMFs

for BDE47, BDE99 and BDE100 (between 20 and 60) were reported for beluga

whales from Svalbard in the Arctic Ocean [160]. In the northwest Atlantic, no

biomagnification was detected for several tetra-BDE congeners (BDE49, BDE66

and BDE75) in a study involving harbour seals. This suggests that this species may

possess an efficient metabolism for these congeners [103].
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In a Florida coastal marine food web, the highest BMFs for several BDE

congeners were measured from forage fish to bottlenose dolphins and bull sharks

[106]. Even though BDE209 has shown a lack of biomagnification in studies

concerning marine mammals, a biomagnification of this congener in bull sharks

was observed, which was explained by their habitat and feeding habits.

The correct characterization of contaminants in different food webs makes their

behaviour in the environment more understandable. Trophic magnification can lead

to chronic exposure and toxicological effects in organisms, such as endocrine

disruption. The potential risk to human exposure considering our omnivorous diet

is of special concern. BFRs have already been detected in human tissues, including

adipose tissue, blood serum and milk [176–178].

4 Biotransformation

Environmental factors, such as temperature and pH, may influence the mobility and

bioavailability of contaminants. The compounds already existing in the environ-

ment could favour chemical reactions leading to different compounds, presenting

different toxicological risks. Biological processes may cause an increase in bioac-

cumulation, allowing the entrance of these compounds into the food chain of a

specific ecosystem. Biodegradation processes, often mediated by microorganisms,

may facilitate the elimination of contaminants from the environment, but can also

lead to the formation of more toxic and bioaccumulative compounds.

There are several reactions that can take place once the chemical is deposited in

soil, sediments or water which can modify the bioavailability of these chemicals.

Abiotic oxidation, reductive debromination, hydrolysis, elimination and substitution

reactions may change the structure, its characteristics and properties, and alter its

congener profile in the ecosystem. Once inside organisms, several biotransformation

processesmay occur. Highly brominated BDEs have been shown to be susceptible to

substitution of one or more bromines by a methoxy group, while lower brominated

BDE congeners were resistant to this reaction [179]. Biotransformation processes

can increase BDE elimination rates or lead to the bioformation of lower brominated

congeners via debromination of higher brominated ones [180, 181]. Reductive

debromination of BDEs has been confirmed in several species of fish, occurring

with both highly and lower brominated congeners as precursors. The presence of

hydroxylated metabolites has been detected in pike following dietary exposure to
14C-BDE47, although no lower brominated BDE congeners were produced [182].

4.1 Polybrominated Diphenyl Ethers

BDEs are subject to atmospheric transportation adsorbed to dust particles, and their

deposition rates are influenced by their structures. It has been estimated that 90% of
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BDE47 that enters the troposphere may be removed by photolysis before being

deposited, and that the loss of BDE209 from the atmosphere and its enhancement in

sediments samples around the world is highly influenced by wet and dry deposition

processes [183]. BDEs are highly hydrophobic compounds with high octanol/water

partition coefficient values which indicate their potential bioaccumulation ability.

The log Kow increases with the degree of bromination which makes BDE209 the

most hydrophobic BDE congener. Log Kow values are in the range of 5.9–6.2 for

tetra-BDEs; 6.5–7.0 for penta-BDEs; 8.4–8.9 for octa-BDEs and 10 for deca-BDE

[184]. While the log Kow values increase with the number of bromine substituents,

the water solubility and vapour pressures decrease. Therefore, the highly bromi-

nated congeners are less likely to be found either dissolved in water or in the vapour

phase. BDE209 solubility is extremely low and its ubiquity in soil and sediments

illustrates the high binding affinity to particles. However, their adsorption to

particles in air and particulate matter in water allow these chemicals to undergo

long-range atmospheric transport. The vapour pressures range from 0.160 Pa

(BDE1) to 5.7 � 10�7 Pa (BDE190) at room temperature, and it has been demon-

strated that congeners with bromine substitution in the ortho-positions to the ether

bond have higher vapour pressures [185]. The higher vapour pressures of the lower

brominated BDE congeners facilitate aerial transport. The halogenation pattern also

influences the boiling points that range from 310 to 430�C [186] and melting points

from 20 to 300�C [187].

The key reaction during the biodegradation of halogenated organic compounds

is the halogen removal step, which is known to occur under several dehalogenation

enzymatic mechanisms, either aerobically or anaerobically [4]. BDEs may undergo

anaerobic reductive debromination by isolated bacteria and mixed cultures, in

sediments and in sewage sludge [188–191]. Uptake and biotransformation of highly

brominated BDE congeners have been demonstrated in fish, resulting in the forma-

tion of lower brominated BDE congeners that have the potential to be both more

persistent and bioaccumulative than the parent compounds. Rainbow trout exposed

to the commercial deca-BDE mixture via diet showed a range of hexa- to nona-

BDEs in their congener profile, with increasing levels influenced by the length of

exposure [192]. Several species of fish exposed to octa- and deca-BDE mixtures

supplied via water and food showed the presence of lower brominated congeners

after exposure [193]. In the same study, a comparative in vitro analysis of degrada-

tion of BDE209 by liver microsomes from rainbow trout and carp revealed a more

efficient debromination in carp than in trout, which shows that absorption efficiency

and metabolic capacity are dependent on the fish species.

There are several difficulties when assessing the possible debromination pathways

of the different BDE congeners. The bioaccumulation of a specific congener may be

the result of the biotransformation from higher brominated congeners and its resis-

tance to further degradation. Preferential meta debromination processes and specific

accumulation of certain BDE congeners in fish have also been observed (Fig. 6).

The substantial accumulation of BDE47 and, to a lesser extent, of BDE99 in

aquatic biota is an evidence of their stability due to the lack of meta bromine atoms

[194–196]. A comparison of BDE congener profiles between fish from the Antarctic
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and theMediterranean Sea showed a difference in the ratio BDE47:BDE99whichwas

attributed to the lower ability of the icefish to metabolize the penta-BDE by debromi-

nation [197]. The accumulation of BDE99 was concluded to be at least partly

dependent upon the differences in metabolic capacity between species [198]. How-

ever, the generally lower accumulation of BDE99 compared to BDE47 can be related

either to a preferential excretion of BDE99 [196] or to a rapid absorption and

conversion into hydroxy- and debrominated hydroxy metabolites [199]. Higher levels

of BDE100 than BDE153 and BDE154 detected in tuna from the Mediterranean Sea

may be attributed to hexa-BDE congener debromination processes [197]. BDE con-

geners with substituents in the ortho-position appear to be more recalcitrant in fish.

Fig. 6 Main congeners detected in fish after metabolic debromination of BDE209, BDE183 and

BDE99. The different arrows represent the tentative debromination at the ortho-, meta- and para-
positions [190–192]
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The metabolic debromination of BDE209 was investigated in a study involving

the European starling. This terrestrial bird species showed the ability to debrominate

BDE209 to octa- and nona-BDE congeners, and to lesser extent hexa-BDEs [200].

The low levels of BDE209 in aquatic food webs compared with terrestrial animals

may be attributable to a lower uptake, but the potential debromination of PBDEs in

fish after dietary exposure, as observed in several studies, should also be considered

when investigating their BAF.

4.2 Tetrabromobisphenol A

TBBP-A can undergo substitution reactions in the environment. Methylation of

TBBP-A by microorganisms may cause the formation of a dimethylated derivative

of TBBP-A in sediments (MeTA) [201]. MeTA has log Kow of 6.4 [184] making it

more lipophilic than the parent compound which has a log Kow of 4.5 [202]. TBBP-

A can also be microbially metabolized in a process involving reductive debromina-

tion under anaerobic conditions, resulting in bisphenol-A [203].

The possibility of o-methylating TBBP-A has been also tested under aerobic

conditions, giving a highly lipophilic derivative with higher bioaccumulation

potential (TBBP-A di-O-methyl ether [14]) (Fig. 7).

TBBP-A has been subjected to photolytical decomposition when exposed to UV

light, resulting in different breakdown products such as di- and tri-bromobisphenol

A and several bromophenols [11]. pH variations in the matrix change the solubility

of TBBP-A in the environment, which may make its mobility in soil favourable and

increase its potential for groundwater contamination [204].

4.3 Hexabromocyclododecane

The differences in structure of the individual HBCD diastereomers result in differ-

ences in polarity and, consequently, in water solubility. The variation of these

properties will influence the bioavailability and the rates of biological uptake and

metabolism of an organism [171]. Due to the low water solubility of the HBCD,

hydrolysis could be assumed to be an insignificant degradation route. However,

HBCD is susceptible of biodegradation in aerobic and anaerobic soil and aquatic

sediments, resulting in the loss of two bromines from vicinal carbons with the

Fig. 7 Structure of TBBP-A

di-o-methyl ether
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subsequent formation of a double bond between neighbouring carbon atoms [205,

206]. Experiments carried out for the evaluation of HBCD degradation under

different conditions showed that there were differences in the degradation rates of

the three diastereomers, and that the fastest degradation occurred under anaerobic

conditions [207]. In sediment degradation tests, a-HBCD degraded more slowly

than the other diastereomers [208].

The technical HBCD mixture has low water solubility (lower for the

g-diastereomer), and its log Kow is 5.62 [209]. Juvenile rainbow trout were exposed

to a-, b- and g-HBCD for 56 days with a 112 days depuration period [210]. The

analysis of muscle and liver samples did not show the presence of debrominated

or hydroxylated metabolites. However, it was observed that the HBCD diastereo-

mer pattern changed in biological samples. Muscle tissues of fish exposed solely

to b-HBCD showed a shift to a- and g-HBCD. Fish exposed to g-HBCD showed

the a-congener as the major diastereomer, and fish exposed to a-HBCD did not

show any diastereomeric shift. A study of metabolization rates in microsomal

liver preparations of common dab showed diastereomer and enantiomer-selective

metabolism, with a-HBCD the least bio-transformed of the three main diaster-

eomers [210]. Several hydroxylated metabolites of HBCD and pentabromocyclo-

dodecene (PBCDe) were identified in tern eggs and in the blubber of harbour

seals [211]. In the same study, four different groups of hydroxylated metabolites

were detected in rats after exposure to HBCD, and debromination to penta- and

tetrabromocyclododecene was suggested as a metabolic pathway.

The blubber of female harbour porpoises and common dolphins stranded on

western European coasts was investigated to determine the presence of HBCD. All

samples analysed contained exclusively the a-diastereomer of HBCD. It was also

seen that microsomal preparations of liver samples of harbour porpoises studied

in vitro were capable of metabolizing b- and g-HBCD when incubated in the

presence of NADPH as an electron donor [26]. Three bromine-containing metabo-

lites derived from b-HBCD could be observed, while two were found for g-HBCD,
including hydroxyl-metabolites. Therefore, biotransformation by the cytochrome

P-450 system is also expected to occur in other marine mammals, thus explaining

the higher rate of occurrence of a-HBCD in blubber samples.
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Degradation of Brominated Flame Retardants

E. Eljarrat, M.L. Feo, and D. Barceló

Abstract In this chapter, an overview of the degradation processes of brominated

flame retardants is presented, including both chemical and biological processes. BFRs

could be affected by different types of reactions, being the photochemical reactions the

most widely studied and reported. Also, among the different BFR families, PBDEs,

and in particular the deca-BDE, are those that have more studies and therefore more

data on degradation pathways and degradation products. Degradation processes may

change the structure of the contaminants, as well as its characteristics and properties.

In this sense, it is very important to know the potential degradation products, as well

as their environmental behavior and toxicology. Research regarding the transforma-

tion processes of BFRs and its products is needed for both environmental remediation

and health assessments. Conclusions and future perspectives are outlined.

Keywords Biodegradation, Brominated flame retardants, Hexabromocyclodode-

cane, Photodegradation, Polybrominated diphenylethers, Tetrabromobisphenol A,

Thermal degradation
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Abbreviations

BFR Brominated flame retardant

BPA Bisphenol A

GC Gas chromatography

HBCD Hexabromocyclododecane

MS Mass spectrometry

PBB Polybrominated biphenyl

PBDD Polybrominated dibenzo-p-dioxins
PBDE Polybrominated diphenyl ether

PBDF Polybrominated dibenzofuran

PCB Polychlorinated biphenyl

POP Persistent organic pollutant

TBBPA Tetrabromobisphenol A

WWTP Wastewater treatment plant

1 Introduction

Persistent organic pollutants (POPs), such as brominated flame retardants (BFRs),

are organic compounds that are resistant to environmental degradation through

chemical, biological, and photolytic processes. Because of this, they have been

observed to persist in the environment, to be capable of long-range transport, to

bioaccumulate in human and animal tissue, to biomagnify in food chains, and to

have potential significant impacts on human health and the environment. However,

there are a number of reactions that can take place once the BFRs are released to the

different environmental compartments (air, water, soil, sediment).

While physicochemical properties, long-range transport, bioaccumulation, and

toxicity of potential environmental contaminants are described, at least to some

extent, the persistence of chemicals is in general less well understood. In order to

conduct proper risk assessments for BFRs, more knowledge is needed on their

persistence, especially the half-lives of such compounds. Degradation half-life time

(t1/2) is an important parameter to characterize the extent of degradation. Wania and

Dugani [1] reported the t1/2 values for several polybrominated diphenyl ethers

(PBDE) congeners at ~150 days except for BDE-28 (~60 days). The United Nations
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Environment Program on POPs has established criteria for identifying new POPs,

and according to these criteria, a substance is classified as persistent if it has a half-

life in soil or sediment of >180 days [2]. Under the European Union REACH

chemical legislation, the half-life of a substance must be >120 days in freshwater

sediment or soil to fulfill the persistent criteria, and to fulfill the very persistent

criteria, the half-life must be >180 days in soil or sediment [3].

Depending on the chemical structure, it is possible to identify major potential

reaction pathways. Many factors influence the degradation of contaminants, includ-

ing the presence of light, level of oxygen, temperature, pH, humidity, and microor-

ganism species composition. BFRs could be affected by abiotic oxidation, reductive

debromination, hydrolysis, elimination, and substitution reactions. These processes

may change the structure of the contaminant, as well as its characteristics and

properties. In this sense, it is very important to take care on degradation products.

For instance, European Union risk assessment [4] on BDE-209 concluded recently

that there is a need for further information on the degradation of BDE-209 into more

toxic and bioaccumulative compounds (e.g., reductive debromination to lower

brominated congeners).

This chapter discusses some of the environmental degradation resulting from

widespread urban chemical release to soil, surface water, sediments, groundwater,

and air. Moreover, some degradation studies carried out for developing effective

remediation processes for BFRs were also included.

2 Chemical Degradation

The perbromination of BFRs such as PBDEs makes it vulnerable to a range of

chemical reactions, such as substitution, reduction, and photolysis. The latter two

reaction pathways are leading to, among other products being formed, lower PBDE

congeners. From a chemical point of view, deca-BDE-209 is a labile molecule.

BDE-209 reacts readily with nucleophiles [5], it is reduced by hydride reagents

such as sodium borohydride [6], and it is rapidly photolyzed under UV-B and UV-C

irradiation [7]. Data available suggest that photochemical degradation is the main

transformation process for PBDEs in the environment. Thus, it is important to

understand the photochemical behavior of PBDEs, including both photodegrada-

tion kinetics and photoproducts.

2.1 Photochemical Degradation

A large number of halogen-containing organic compounds have been reported

to undergo photochemical transformations, both under experimental and natural

conditions as reviewed by Méallier [8], Pagni and Sigman [9], and Richard and

Grabner [10]. In the environment, photochemical transformations proceed by direct
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photolysis under the action of solar light and occur in the atmosphere and in surface

waters. However, the low volatility and low solubility of many organohalogen

compounds make it difficult to study their photolysis in these media in the labora-

tory. To overcome these constraints, a variety of procedures for measuring the

photolysis reactions of organohalogen pollutants have been reported, although

differences in the use of solvents, apparatus, and wavelengths can lead to different

results being obtained for the same compound.

2.1.1 Polybrominated Diphenyl Ethers

PBDEs belong to the group of organobromine compounds that absorb light in the

UV-A spectra. The energy supplied by UV light often results in loss of bromine and

thereby also a possibility for rearrangements. Photolytic degradation of organobro-

mines is a well-known type of reaction in basic chemistry. The rate of degradation

of PBDEs by UV light in the sunlight region is dependent on the degree of

bromination. Hence, lower PBDEs degrade slower than highly brominated con-

geners. Degradation rates of 15 PBDE congeners, dissolved in 80% methanol

exposed to UV light, were determined by Eriksson et al. [11] showing decreasing

rates with decreased bromination degree of the diphenyl ethers. The observed rate

difference is up to 700 times between the slowest reacting PBDE studied (tetra-

BDE-77) and the fastest (deca-BDE-209). Much of these differences can be

explained by their absorbance behavior since the higher PBDEs absorb at longer

wavelengths. Hexa-BDEs to octa-BDEs and di-BDFs to penta-BDFs were shown.

One product was also identified as a methoxylated tetra-BDF.

Many studies have shown that BDE-209 is labile to light, and photolysis is an

important degradation pathway for the compound in the environment. The main

photoproducts of BDE-209 are lower brominated PBDEs and polybrominated

dibenzofurans (PBDFs), which are more persistent, bioavailable, and toxic. The

first study, performed in the late 1980s by Watanabe and Tatsukawa [12], indicated

the formation of debrominated diphenyl ethers. Octa-BDEs down to tri-BDEs were

reported as major products. Furthermore, mono-BDFs to hexa-BDFs were reported

as products in their study as well as tetra- and penta-bromobenzenes. Ohta et al. [13]

dissolved deca-BDE in toluene to detect a large number of lower PBDEs, mainly

mono-BDEs to nona-BDEs. Deca-BDE dissolved in toluene or adsorbed to silica

gel, sand, sediment, or soil and subjected to UV light reported similar transforma-

tions without matrix-related effects on the product profile (PBDEs and PBDFs) but

with effects on BDE-209 degradation rate [7]. Great differences of BDE-209

photolytic rates were found among these different media. The half-life of BDE-

209 adsorbed on soil was 600 times longer than that on silica gel. Similarly, it has

been shown that sand particles coated with humic acid may decrease degradation

rates of deca-BDE when irradiated with UV light [14]. In contrast, Ahn et al. [15]

showed increased photolytic transformation rates when deca-BDE was adsorbed to

clay minerals (montmorillonite and kaolinte), probably due to the electron-donating

ability of the clay minerals.
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According to the previous studies, the possible mechanism of BDE-209 photo-

lysis can be proposed as shown in Fig. 1 [16]. The excited BDE-209 molecule

([Ar–Br]*) can undergo debromination processes via C–Br homolysis (step 1) or by

the attack of electron donor (step 2). Then the generated aryl radical can get a

hydrogen atom from the hydrogen donor (DH) (step 3), or undergo other pathways

such as polymerization to form products. Thus, besides the hydrogen-donating and

electron-donating efficiency of the reaction media, properties of BDE-209 in

different media may affect the photolytic rate, such as the energy for BDE-209 to

be exited and the difficulty for C–Br bonds to cleave.

Photolysis of deca-BDE yields a wide span of products, from nona-BDEs to

hydroxylated bromobenzenes. The photolytic half-life for BDE-209 is longer on

more complex matrices, i.e., sediment and soil. The slow rate of photodebromina-

tion on soil may cause a continuous production of lower brominated PBDEs, such

as BDE-154 and BDE-183, which are more stable to photolytic degradation and

more bioaccumulative due to smaller molecular size and lower Kow. Recommenda-

tions and perspectives BDE-209, the main constituent of deca-BDE mixture, is

primarily forming debrominated diphenyl ethers with higher persistence, which are

more bioaccumulative than the starting material when subjected to UV light.

Hence, deca-BDE should be considered as a source of these PBDE congeners in

the environment.

2.1.2 Hexabromocyclododecane

The information on photodegradation processes of hexabromocyclododecane

(HBCD) is very scarce. Recently, the photochemical properties of a-, b-, and
g-HBCD have been investigated [17]. As a result of this study, the UV absorption

spectra of the three HBCD diastereosiomers were provided, as well as a detailed

assignment of the UV spectral features. The photodegradation and photostereoi-

somerization trends of HBCDs under the UV illumination with wavelengths shorter

than 240 nm were predicted. The study also demonstrated the photostereoisome-

rization trends. However, more attention should be paid to the photochemical

properties for HBCDs.

2.1.3 Tetrabromobisphenol A

A large number of halogen-containing organic compounds have been reported to

undergo photochemical transformations, under both experimental and natural con-

ditions. For phenolic compounds, such as tetrabromobisphenol A (TBBPA), the

Ar-Br [Ar-Br]

Br. +Ar. 

Br - + Ar. 

hv
e

DH ArH

other
products

(1)

(2)

Fig. 1 Photolytic mechanism

of BDE-209. Reproduced

from [16]
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rate of photodegradation is highly dependent on the pH [10] as the absorption of the

associated and dissociated forms can be very different. Photolytic decomposition of

TBBPA in the environment occurs in the atmosphere and in surface waters.

Eriksson et al. [11] have reported that, at pH values below its pKa of ~7.4, the

quantum yield of TBBPA photodecomposition decreases with decreasing pH, while

at pH values above its pKa, photodecomposition is independent of pH. There are

several reported studies on TBBPA decomposition pathways [11, 18, 19], which

suggest that the most important routes involve debromination and scission reactions

that yield phenols. Radical reactions are thought to be responsible for the formation

of the intermediates in the TBBPA decomposition pathways.

Eriksson et al. [11] developed a method for studies of the phototransformation at

UV irradiation of aqueous solutions of TBBPA and related compounds at various

pHs. They found that the rate of decomposition of TBBPAwas six times higher at pH

8 than at pH 6. Identification of the degradation products of TBBPA and Tri-BBPA,

by gas chromatography (GC)–mass spectrometry (MS) analysis and by comparison

to synthesized reference compounds, indicated that TBBPA and Tri-BBPA decompose

via different mechanisms. Three isopropylphenol derivatives, 4-isopropyl-2,6-

dibromophenol, 4-isopropylene-2,6-dibromophenol, and 4-(2-hydroxyisopropyl)-

2,6-dibromophenol, were identified as major degradation products of TBBPA,

while the major degradation product of Tri-BBPA was tentatively identified as

2-(2,4-cyclopentadienyl)-2-(3,5-dibromo-4-hydroxyphenyl)propane (Fig. 2).
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In the environment, photochemical transformations proceed by direct photolysis

under the action of solar light. In sensitized redox processes under aerobic condi-

tions, the active reaction intermediates participating in the transformation of the

pollutant may be the electronically excited sensitizer molecule or the solvated

electron as well as reactive oxygen species such as singlet oxygen (1O2) or the

superoxide anion radical (O2
l
�) [20, 21]. Han et al. [22] explored the possibility of

photosensitized degradation of TBBPA mediated by singlet oxygen or free radicals.

While direct photodegradation may be environmentally important, particularly in

alkaline waters, the authors suggest that reaction with 1O2 may be an alternative

pathway. Because TBBPA is a stable compound that at neutral pH does not absorb

much of the atmosphere-filtered solar radiation, its photosensitized oxidation by
1O2 may be the key reaction initiating or mediating TBBPA degradation in the

natural environment. Han et al. [22] concluded that because the quantum yield of

generation of self-sensitized singlet oxygen by TBBPA is low, it is unlikely to play

a role in the degradation of the retardant. However, previous studies have shown

that there are environmental sources of singlet oxygen such as the humic acids [23]

which could contribute to the destruction of TBBPA.

2.2 Thermal Degradation

Some studies have focused on the thermolysis of certain BFRs. Results showed the

formation of polybrominated dibenzo-p-dioxins (PBDDs) and PBDFs. In particu-

lar, experiments using brominated aromatics that could be considered as PBDD/

PBDF precursors, such as PBDEs or polybrominated biphenyls (PBBs), resulted in

high yields of PBDDs/PBDFs. Weber and Kuch [24] discussed four categories of

thermal processes according to their potential for PBDD/PBDF generation: thermal

stress, pyrolysis/gasification, insufficient combustion conditions, and controlled

combustion conditions.

Under thermal stress situations, as they may occur in production or recycling

processes, PBDDs/PBDFs precursors like PBDEs can have a relevant potential for

PBDD/PBDF formation via a simple elimination. From a mechanistic point of

view, the formation of PBDFs from PBDEs requires only an intramolecular elimi-

nation of Br2 or HBr. It is generally observed that the yield of PBDD/PBDFs in

pyrolytic residues decreases from penta-BDEs, octa-BDEs, to deca-BDEs. Luijk

et al. [25] suggested that the higher yield of PBDFs from low brominated PBDEs is

due to the energetically favorable elimination of HBr in lower brominated DPE

(requirement of an hydrogen position in ortho-position of the PBDEs), compared to

the energetically less favorable elimination of two bromine substituents in highly

brominated DE. An alternative explanation for the low PBDD/PBDF formation

potential of higher brominated PBDEs may be the steric hindrance in the formation

of CC bond, when bromine substitution results in 1,9-substituted PBDF: the

bromine substituents in 1,9 position in PBDFs cause a “steric crowding.” Therefore,

the formation of PBDFs with a hydrogen substituent in 9-position is favored

(requirement of a hydrogen position in meta-position of PBDEs) (Fig. 3).
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For most BFRs, formation of PBDDs/PBDFs by a simple elimination or con-

densation step is not possible. TBBPA is one example in this respect. Although

formation of PBDDs and PBDFs has been observed during thermolysis of TBBPA

[26], the yields were orders of magnitudes lower compared to PBDEs or bromo-

phenols. Dettmer [27] investigated the thermal degradation of TBBPA during

thermal degradation and observed the formation of large amounts of brominated

phenols (up to 17%) and to a lesser amount brominated benzenes (up to 0.5%). The

amount of brominated phenols and benzenes detected in the condensates showed a

good quantitative correlation to the amount of PBDDs and PBDFs formed. The

formation of PBDDs/PBDFs from TBBPA proceeds therefore, most probably, in

two steps: (a) the generation of precursors (polybrominated phenols and polybro-

minated benzenes) during thermal degradation/incineration of the polymer/TBBPA

and (b) dimerization/condensation of the precursors.

Under insufficient combustion conditions as they are present in, e.g., accidental

fires and uncontrolled burning as well as gasification/pyrolysis processes, consider-

able amounts of PBDDs/PBDFs can be formed from BFRs, preferably via the
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precursor pathway. In contrast, under controlled combustion conditions, BFRs and

PBDDs/PBDFs can be destroyed with high efficiency.

3 Biological Degradation

BFRs have been shown to be susceptible to several metabolic processes including

oxidative debromination, reductive debromination, oxidative CYP enzyme-mediated

biotransformation, and Phase II conjugation (glucuronidation and sulfation) [28].

Thus, biodegradation can be one of the most important processes that reduce concen-

trations of organic chemicals in the environment. Aerobic biodegradation processes

can predominate in surface waters, surface soils, and the aeration basins of wastewater

treatment plants (WWTPs). Anaerobic processes, in contrast, can occur in aquatic

sediments, groundwater, and anaerobic digestion units of WWTPs. Anaerobic degra-

dation in sediments, soils, and sewage sludge has been frequently reported for

organohalogen compounds other than BFRs. Reductive dehalogenation (e.g., substi-

tution of Br or Cl by a hydrogen atom) has been shown to be an important mechanism

[29, 30]. Thereby, halogenated compounds serve as electron acceptors in respiratory

or cometabolic processes. Examples include reduction of polychlorinated biphenyls

(PCBs) and PBBs in anaerobic sediment enrichment cultures [31, 32].

Biotransformation, an alternative to degradation, alters the compound without

making substantial changes to the carbon skeleton of the substrate. Microbial

O-methylation is one such biotransformation reaction commonly observed for

many halogenated phenolic compounds [33]. The microbial biotransformation

products may differ greatly in their chemical characteristics (e.g., water solubility,

partitioning onto solids) and more importantly their bioaccumulation potential and

toxicity. Thus, it is important to know the different biotransformation mechanisms

to elucidate potential risks to environmental and human health due to transforma-

tion products.

3.1 Polybrominated Diphenyl Ethers

Debromination of deca-BDE and octa-BDE mixture was observed with anaerobic

bacteria including Sulfurospirillum multivorans and Dehalococcoides species [34]
(Fig. 4). Hepta- and octa-BDEs were produced by the S. multivorans culture when it
was exposed to deca-BDE, although no debromination was observed with the octa-

BDE mixture. In contrast, a variety of hepta- through di-BDEs were produced by

Dehalococcoides-containing cultures exposed to octa-BDE mixture, despite the

fact that none of these cultures could debrominate deca-BDE. The more toxic

hexa-BDE-154, penta-BDE-99, tetra-BDE-49, and tetra-BDE-47 were identified

among the debromination products.
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Kim et al. [35] reported an aerobic degradation pathway for diphenyl ether used

for the biotransformation of selected PBDEs by an isolated Sphingomonas strain.
Sphingomonas sp. PH-07 was isolated from activated sludge samples of a WWTP

using diphenyl ether as sole carbon and energy source. In liquid cultures, this strain

mineralized 1 g of diphenyl ether per liter completely within 6 days. The metabo-

lites detected and identified corresponded with a feasible degradative pathway.

However, the strain PH-07 even catabolized several brominated congeners such

as mono-, di-, and tri-PBDEs thereby producing the corresponding metabolites.

The debromination pathways of seven PBDEs (BDE-47, -99, -153, -183, -196,

-197, and -203) by three different cultures of anaerobic dehalogenating bacteria

were investigated by Robroch et al. [36] (Fig. 5). Dehalogenating cultures evaluated

were a trichloroethene-enriched consortium containing multiple Dehalococcoides
species and two pure cultures, Dehalobacter restrictus PER-K23 and Desulfitobac-
terium hafniense PCP-1. All studied congeners were debrominated to some extent

by the three cultures and all exhibited similar debromination pathways with prefer-

ential removal of para andmeta bromines. Debromination of the highly brominated

congeners was extremely slow, with usually less than 10% of nanomolar concen-

trations of PBDEs transformed after 3 months. In contrast, debromination of the

lesser brominated congeners, such as penta-BDE-99 and tetra-BDE- 47, was faster,
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with some cultures completely debrominating nanomolar levels of tetra-BDE-47

within weeks.

White rot fungi are known to degrade a wide variety of recalcitrant pollutants.

Zhou et al. [37] studied for the first time BDE-209 transformation by fungi. White

rot fungi can rapidly oxidize and mineralize a broad spectrum of diverse aromatic

compounds, such as PCBs, which have similar structures as PBDEs. However, the

biodegradation of PBDEs is limited by their low bioavailability resulting from

extremely low water solubility. Many researches have examined the possibility of

enhancing the bioavailability of low solubility and highly sorptive compounds by

adding a “solubilization” agent such as a surfactant or cyclodextrin to the system.

Tween 80 is a kind of nonionic surfactant which was used widely in the degradation

Fig. 5 PBDE debromination pathway by different cultures. Highlighted molecules are those that

were applied as initial substrate. The cultures that produced each congener are listed by the

reaction arrows. Asterisk (*) indicates congener that is presumptively identified due to lack of

available standards. Reproduced from [36]
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of hydrophobic or insoluble organic compounds. Cyclodextrins are cyclic, non-

reducing maltooligosaccharides produced from the enzymatic degradation of starch

and related compounds by certain bacteria that contain the cyclodextrin glycosyl-

transferases. Zhou et al. [37] showed that BDE-209 could be degraded by white rot

fungi. Tween 80 at appropriate concentration was found capable of significantly

enhancing the biodegradation of BDE-209 by white rot fungi. But Tween 80 at a

high concentration will restrain the fungal growth and the degradation of BDE-209.

Cyclodextrins could also improve the BDE-209 degradation by white rot fungi. It is

a promising bioavailability-enhancing agent for the treatment of BDE-209 contam-

inations, not only for its positive effects on the BDE-209 degradation, but also for

its partial biodegradability, nontoxicity, and relatively low cost.

3.2 Hexabromocyclododecane

Anaerobic degradation of technical HBCD mixture has been reported by Davis

et al. [38]. Soil and sediment microcosms were used to evaluate the environmental

lifetime of HBCD under realistic environmental concentrations. HBCD loss was

observed in both viable and abiotic soils and sediments, although the rates were

appreciable faster in the viable reaction mixtures. Biologically mediated transfor-

mation processes (i.e., biotransformation) accelerated the rate of loss of HBCD

when compared to the biologically inhibited (i.e., heat-treated) soils and sediments.

Biotransformation half-lives for HBCD were determined to be 63 and 6.9 days in

the aerobic and anaerobic soils, respectively, while biotransformation half-lives for

HBCD in the two river systems ranged from 11 to 32 days and 1.1 to 1.5 days under

aerobic and anaerobic conditions, respectively. Brominated degradation products

were not detected in any of the soils or sediment microcosms during the course of

this study.

In a later work, Davis et al. [39] identified major intermediate metabolites formed

during HBCD biodegradation. Substantial biological transformation of a-, b-, and
g-HBCD diastereomers was observed in wastewater (i.e., digester) sludge and in

freshwater aquatic sediment microcosms prepared under aerobic and anaero-

bic conditions. Concomitant with the loss of HBCD in these matrixes, there

was a concurrent production of three products. These metabolites were identified

as tetrabromocyclododecene, dibromocyclododecadiene, and cyclododecatriene.

These results demonstrate that microorganisms naturally occurring in aquatic sedi-

ments and anaerobic digester sludge mediate complete debromination of HBCD.

Gerecke et al. [40] studied the degradation of HBCD under anaerobic conditions

in digested sewage sludge. The half-life of technical HBCD mixture was 0.66 day.

Moreover, experiments with (�)-a-, (�)-b-, and (�)-g-HBCD incubated in sepa-

rate experiments showed that (�)-b- and (�)-g-HBCD degraded more rapidly

than (�)-a-HBCD by an estimated factor of 1.6 and 1.8, respectively. The fact

that (�)-a-HBCD exhibited an almost doubled half-life compared to (�)-b-HBCD
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and (�)-g-HBCD is an important finding with respect to the discussion on the

persistence of individual HBCD diastereoisomers and the reports on strong relative

enrichment of a-HBCD in biota. Finally, no statistically significant enantioselective

degradation of a-, b-, or g-HBCD was found.

3.3 Tetrabromobisphenol A

Various redox zones exist in estuarine sediments, depending upon the location and

pollutant input. Nitrate-reducing, sulfate-reducing, iron(III)-reducing, and metha-

nogenic conditions could be encountered within sediment layers. Dehalogenation, a

process through which dehalogenating bacteria utilize halogenated compounds as

electron acceptors, can be enhanced or inhibited by other electron acceptors present

in the sediment [41]. For example, studies have found that under sulfate-reducing

conditions (the primary electron-accepting process in the top layers of marine and

estuarine sediments), the process of dehalogenation may be inhibited. Dehalogena-

tion may be suppressed by the following: direct inhibition of dehalogenases by

sulfate, sulfite, or hydrogen sulfide; preferential use of sulfate (over the halogenated

compound) as an electron acceptor within the same organism; or successful com-

petitive exclusion of dehalogenating bacteria through competition for electron

donor by sulfate-reducing bacteria [42]. Biotransformation of TBBPA, and their

ultimate biodehalogenation product, bisphenol A (BPA), was examined in anoxic

estuarine sediments [43]. Dehalogenation of TBBPA was examined under condi-

tions promoting either methanogenesis or sulfate reduction as the primary terminal

electron-accepting process. Complete dehalogenation of TBBPA to BPA with no

further degradation of BPA was observed under both methanogenic and sulfate-

reducing conditions. Dehalogenation of TBBPA under both methanogenic and

sulfate-reducing conditions resulted in the accumulation of a persistent dichl-

orinated bisphenol A isomer, while no BPA was formed. The dehalogenation of

TBBPA and the potential for accumulation of BPA in anoxic sediments are

significant, given the widespread use of these chemicals. The persistence of BPA

in anoxic sediments under a variety of electron-accepting conditions is thus a con-

cern. BPA has been detected in anoxic marine sediments [44], and it will likely persist

for an extended period of time. Formation of BPA through the dehalogenation of

TBBPA could potentially increase concentrations of this compound in anoxic

environments. Combined, the concerns regarding the potential estrogenic effects

of BPA and the largely unknown effects of TBBPA, and the potential for the accu-

mulation of BPA under anoxic conditions justify vigilance and the continued study

of the environmental fate of this flame retardant.

Although TBBPA dimethyl ether is not produced in industry, it has been

detected in samples of terrestrial and aquatic sediments, as well as biological

samples. It was hypothesized that the TBBPA dimethyl ether may be a product of

microbial transformation. Allard et al. [45] first demonstrated that bacterial cultures
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were capable of O-methylating TBBPA although the reaction proceeded at a

relatively slow rate. George and H€aggblom [46] showed that two mycobacterium

isolates known for their ability to O-methylate chlorophenols transform TBBPA to

the corresponding mono- and dimethylated ethers. Additionally, this study demon-

strated the microbially mediated O-methylation of TBBPA in sediment micro-

cosms, suggesting that O-methylation of TBBPA may be an environmentally

significant process. With the addition of two hydrophobic methyl groups, TBBPA

dimethyl ether is more lipophilic than its parent compound. This characteristic

increases its potential for bioconcentration in fatty tissue. Currently, little is known

about the toxicology of TBBPA mono- and dimethylated ether. Given the suspected

prevalence of bacterial O-methylation, additional environmental and toxicological

data should be collected for these derivatives.

4 Conclusions

Large variations were found in the degradability among the different BFRs, and

generally, degradation was faster in aerobic than in anaerobic conditions. The

degradation rates of PBDEs were not significant, or low, in both aerobic and

anaerobic conditions. TBBPA also degraded slowly in anaerobic soil. However,

degradation rates in the environment will also be affected by factors such as

temperature, presence of light, humidity, and the microorganism flora.

The degradation process more widely studied is the photochemical degradation.

Different studies revealed the degradation rates, degradation pathways, and degra-

dation products. It is important to pay attention to these new chemicals formed

under different processes. Degradation products are formed and often have similar

properties as the original substances (persistence, bioaccumulation potential, toxic-

ity), and may accumulate in the system. If a degradation product is, at the same

time, present in the environment in relevant quantities and has high bioaccumula-

tion potential and toxicity, not taking this degradation product into account might

lead to an underestimation of the hazard and risk of the parent compound. For

example, PBDDs and PBDFs are degradation products of thermal PBDE degrada-

tion, and they have greater toxicity than PBDEs themselves. Another example is the

BPA, resulting from the TBBPA degradation, and a well-known endocrine disrup-

tor. Thus, the transformation products of BFRs may prove to be important for health

risk evaluation. Further research regarding the transformations of BFRs is needed

for both environmental remediation and health assessments.

As was reviewed in this chapter, some data related with chemical and biological

degradation of selected BFRs, such as PBDEs, HBCD, or TBBPA, are available.

However, in addition to these more studied BFRs, other BFRs have entered the

market in recent years (see chapter by de Wit, this volume) [47], and they are being

found in the environment. Thus, more data on these new BFRs are needed to

evaluate their degradation rates as well as their degradation products.
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Human Exposure to Brominated Flame

Retardants

Leisa-Maree L. Toms, Laurence Hearn, Andreas Sjödin,

and Jochen F. Mueller

Abstract Human polybrominated diphenyl ether (PBDE) exposure occurs through

a range of pathways including: ingestion of dust including hand-to-mouth contact;

inhalation (air/particulate matter); and ingestion via food including the unique

nutrition sources of human milk and placental transfer. While inhalation has been

deemed a minor source of exposure, ingestion of food and dust make greater

contributions to overall PBDE body burden with intake via dust reported to be

much higher in infants than in adults.

PBDEs have been detected in samples of human milk, blood serum, cord blood,

and adipose tissue worldwide. Concentrations have been found to be highest in

populations from North America, followed by Australia, Europe, and Asia. While

factors such as gender and parity may not affect concentrations, occupational

exposure and age (infants and children) are associated with higher PBDE concen-

trations. In contrast to “traditional” persistent organic pollutants, there is an inverse

relationship between PBDE body burden and age. Predicted body burden calculated

using available information on intake and elimination rates of BFRs appears to

underestimate measured human body burden data obtained through analysis of

BFRs in blood or human milk. This may be due to unknown exposure or inaccurate

elimination data. Further exposure studies should focus on younger age groups and

an investigation of human PBDE half-lives.
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1 Introduction

Over the last few decades, data on brominated flame retardants (BFRs), in particular

polybrominated diphenyl ethers (PBDEs), have increased worldwide. In compari-

son with “traditional” persistent organic pollutants (POPs), the exposure modes of

BFRs in humans are less well defined, although dietary sources, inhalation, and dust

ingestion have all been reported (e.g., [1–3]). The human body burden (i.e.,

concentration of chemical in a given person at a given time) is a function of all

intake and elimination processes (half-lives) of the chemicals. Both intake and

elimination processes are relative to body size and can vary between individuals

substantially. In this chapter, we aim to provide an overview of human exposure to

BFRs and factors that may affect human exposure. Furthermore, we aim to evaluate

whether human body burden data obtained through analysis of BFRs in blood or

human milk is in agreement with predicted body burden calculated using available

information on intake and elimination rates of BFRs.

2 Exposure Pathways

Human PBDE exposure occurs through a range of pathways (Fig. 1) including:

l Ingestion of dust including hand-to-mouth contact
l Inhalation (air/particulate matter) and
l Ingestion via food, mainly fatty fish, meat, dairy products, and the unique

nutrition sources of human milk and placental transfer

2.1 Dust

Human exposure to PBDEs is suggested to occur via ingestion of dust. Relatively

high levels of PBDEs have been extensively reported in house dust [3–13] and to a
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lesser extent, office dust [9] and microenvironments, such as cars [14] and planes

[15]. Based on the extent of PBDE contamination in dust, dust ingestion is consid-

ered by some to potentially be the major route of exposure to PBDEs for the general

population [3, 16–18]. The presence of PBDEs in dust has been attributed to

consumer products; however, the mechanism of transfer remains poorly under-

stood. For example, while chamber experiments have documented volatilization of

the more volatile lower brominated PBDE congeners from both foam and electron-

ics [19, 20], this work does not explain the predominance of BDE-209, a nonvola-

tile compound at room temperature, in dust samples reported by most international

studies [3–13]. Other mechanisms, which may explain PBDE, particularly BDE-

209, transfer from product to dust include direct partitioning between PBDEs in

polymers and dust, and physical weathering or abrasion [3, 21–24].

Comparisons of PBDE concentrations in household dust from studies conducted

in many countries indicate that for house dust typically the US, Canada, and the UK

contain the highest measured amounts of total PBDEs [6–8] (Fig. 2). Reported

levels of BDE-47 in dust samples (n ¼ 40) from Australia, US, UK, and Germany

[8] provided a good correlation, although heavily influenced by US data, with

previously reported BDE-47 body burdens measured in serum and human milk

from the investigated countries [25–30].

Intracountry variation in PBDE contamination of house dust samples has also

been reported [9, 31]. PBDE concentrations in dust (and hence human exposure via

this pathway) have been reported to be 4–10 times higher in California than in other

North American regions [31]. This elevation of PBDE levels in dust samples

appears to be reflected in serum levels of BDE-47, the dominant congener in

serum, which were approximately 2-fold higher in Californian residents compared

to the rest of the US general population (p = 0.003). This apparent regional PBDE

Fig. 1 Schematic overview of sources and pathways of brominated flame retardants
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concentration gradient may be a consequence of the state’s stringent furniture

flammability standards [31]. In addition, variations in fire safety regulations

between countries may explain the relatively high BDE-209 levels detected in

UK dust samples, which has particularly stringent fire safety regulations compared

to the rest of Europe [6, 7].

Correlation between PBDEs in house dust and human uptake using matched

human blood and house dust samples has been assessed in some studies. In the US,

a strong correlation (r = 0.65–0.89, p < 0.05) was detected between dust concen-

trations of congeners BDE-47, -99, and -100, and matched serum samples (n = 24)

[13]. In another matched sample study in the US [32] (n = 38), total pentaBDE

congener levels were not significant predictors of blood sera levels.

European matched sample studies [33–35] found no correlation, which may be

due to the much lower PBDE contamination in dust and the human population in

Europe. Other studies have used matched human milk and dust samples [10–12, 36,

37]. Only the US-based study by Wu et al. [37] reported a positive correlation

between PBDE concentrations in human milk and house dust samples (n = 11)

(r = 0.76, p = 0.003, not including BDE-209). In this study, participants in homes

with high levels of PBDEs in dust had human milk concentrations 2.6 times higher

than those in homes with low levels.

Several studies have estimated intake of PBDEs for the general population and

evaluated house dust ingestion as a significant pathway to total PBDE body burden

[17, 18, 38–40]. Intake estimates vary by age with differing amounts of dust

ingested by infants, children, and adults, as shown in Table 1.

For adults, Stapleton et al. [2] estimated that the intake of SPBDEs via house-
hold dust in US adults was approximately 3.3 ng/day (assuming adults ingest

0.0056 g/day dust) [2] based on 16 dust samples collected in 2004. A similar

average uptake was estimated by [3] for the population in Canada with 7.5 ng/

day (assuming adults ingest 0.00416 g/day dust) based on 74 dust samples collected

in 2002–2003. A multimedia urban model using exposure via soil/dust from [42]

estimated adult daily PBDE intake to range from 2 to 5,000 ng/day [43, 44]. In the

UK, Harrad et al. [6, 7] estimated intake of tri-hexa-BDEs and BDE-209 via

Fig. 2 Median concentrations (ng/g dust) of polybrominated diphenyl ethers (PBDEs) in dust

samples from four countries (n ¼ 10/country) with quartile ranges indicated. Reprinted from [8]

Copyright (2008), with permission from Elsevier
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household, office and car dust to be 1.3 and 233 ng/day, respectively, based on 68

samples of dust collected in 2006–2007. In Singapore, Tan et al. [45] estimated

PBDE intake to range from 4.8 to 116 ng/g for adults based on 31 samples.

Australian intake based on the work of Sjödin et al. [8] was estimated to range

from <1 to 150 and 1 to 1,300 ng/day for BDE-47 and -209, respectively.

Infants are thought to ingest more dust than adults because they are in close

contact with the floor and tend to use their mouths for sensory perception. For

infants, ingestion of PBDEs via dust has been estimated to be in the range of 120–

1,180 ng/day in the US (assuming children ingest 0.02–0.2 g of dust/day) [2]

compared with an average estimated intake of 99 ng/day in Canada (assuming

infants ingest 0.055 g/day dust) [3] and 1–140 ng/day in Australia for 2.5-year-olds

[8]. For toddlers, the estimated soil/dust intake using the multimedia urban model

ranged between 1 and 19,000 ng/day [43, 44]. In Singapore, ingestion for 6-month

to 2-year-olds ranged from 64 to 232 ng/day [45]. Recently, a report of PBDEs

present on the skin surface of hands affirmed exposure to PBDE contaminated dust

or consumer products. The median exposure estimates for children and adults were

1,380 and 154 ng SPBDEs/day, respectively, and were greater than for dietary

intake [38–40].

Interpersonal variability associated with the amount of dust consumed by indi-

viduals suggests that exposures can vary considerably. Comparison of data from

different studies should be made cautiously due to different dust ingestion rates

used and the wide variation in PBDE concentrations in house dust. Similarly, the

Table 1 Estimated range of polybrominated diphenyl ether (PBDE) intake from dust (ng/day/

person) for three different age groups; adult and 2.5- and 6-year-old children [8]

Age group Country Estimated

dust intake

(mg/day)a

Estimated daily intake range of PBDEs through dust

(ng/day/person)

BDE47 BDE99 BDE153 BDE183 BDE209

Adult Germany 0.56–110 <1–2 <1–4 <1–2 <1–13 <1 – 45

UK 0.56–110 <1–20 <1–33 <1–6 <1–2 <1 – 6,000

Australia 0.56–110 <1–150 <1–380 <1–46 <1–11 <1 – 1,400

US 0.56–110 <1–330 <1–400 <1–72 <1–440 <1 –2,300

2.5-year-old Germany 50–100 <1–2 <1–4 <1–2 <1–12 <1 –41

UK 50–100 <1–18 <1–30 <1–5 <1–2 45 –5,400

Australia 50–100 1–140 1–340 <1–41 <1–10 1–1,300

US 50–100 12–300 3–370 <1–65 <1–400 6–2,100

6-year-old Germany 3 <1–<1 <1–<1 <1–<1 <1–<1 <1–1

UK 3 <1–<1 <1–<1 <1–<1 <1–<1 3–160

Australia 3 <1–4 <1–10 <1–1 <1–<1 <1–38

US 3 <1–9 <1–11 <1–2 <1–12 <1–62
aData from exposure factors handbook [41]

Abbreviations: BDE-47 2,20,4,40-tetrabrominated diphenyl ether; BDE-99 2,20,4,40,5-tetraBDE;
BDE-153 2,20,4,40,5,50-hexaBDE; BDE-183 2,20,3,4,40,50,6-heptaBDE; BDE-209 decaBDE;

PBDE polybrominated diphenyl ether

Maximum daily intake (DI) calculated from highest observed PBDE dust concentration and the

high estimate of dust intake (Protection Agency (EPA), 1997). The lower DI calculated assuming

minimum concentration and dust intake
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metabolism of BDE-209 (the dominant congener in dust samples) in humans and

possible biotransformation pathways need to be further investigated to fully evalu-

ate the extent of PBDE uptake in the general population via dust ingestion. Despite

the limitations, it appears that there is a general consensus that ingestion of dust

contributes to overall PBDE body burden with intake via this pathway reported to

be much higher in infants than in adults.

2.2 Air

PBDEs are distributed globally via atmospheric transport and are now ubiquitous in

their global atmospheric distributions, with levels in air reported at remote sites

[46–48], including the Artic [49, 50]. Oceanic background PBDE levels have also

been reported over the open Pacific, Artic [51], Baltic [52], and Indian Oceans [53].

This makes inhalation another possible pathway of human exposure to PBDEs.

PBDE concentration gradients in ambient air have been detected between urban

and rural regions [54–58]. Other studies have reported intracity variation in ambient

air, identifying industrialized regions as PBDE hotspots [59, 60]. Several studies

have also reported PBDE emissions to the atmosphere, near or at source-sites [48,

52, 61–64].

PBDE levels in air vary between countries and for outdoor air samples, levels

reported from Canada [42, 65–67] and the US [65] are usually higher compared to

Europe with the lowest concentrations reported from Asia, although high PBDE

concentrations were detected in China at a site in a typical urban center although in

the vicinity of industrial areas thought to be heavy users of PBDEs [59] (Fig. 3). For

indoor air (Fig. 4), concentrations were highest in a study from domestic sites in

Canada [42, 66, 67] but also high from English workplaces [1].

PBDE congener composition was dominated by BDE-47, -99 and -28, with the

high variability in the congener profile of the indoor samples potentially explained

by the range of sources and commercial mixtures used in treated products within the

home environment [42]. Similar interhome variability in PBDE air levels was

reported by [68], with PBDE levels in homes varying by more than two orders of

magnitude. Other studies have compared office and home air [10–12, 69] and

reported PBDE concentrations as being generally higher in office air than in

home air; however, the difference was not significant.

Higher concentrations of PBDEs have been found in indoor compared to outdoor

air [1, 10–12, 42, 66] and exposure via indoor air has been the subject of a number

of investigations. The relatively high concentration of PBDEs indoors compared to

outdoors is likely to be related to the usage and slow release of these chemicals from

consumer products and building materials [19]. The atmospheric concentration in a

given area is further influenced by many factors, such as ventilation rate and the age

and type of sources in a building [42].

Human exposure via this pathway has been reported based on PBDE air con-

centrations detected from various countries. The mean adult inhalation of PBDEs
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including indoor air (home and workplace) and outdoor air has been estimated to be

approximately 0.4 ng/day in Kuwait [4, 5]; 1.9 ng/day (females) and 2 ng/day

(males) in Canada [42]; 0.33 ng/day and 2.0 ng/day for children and adults,

respectively, in Singapore [45]; 6.9 ng/day in the UK [1]; and in Australia 1.5 ng/

day for adults [10–12]. Jones-Otazo [43, 44] used a multimedia urban model to

estimate air inhalation for various age groups. For adults, the estimated daily intake

was 10 ng/day and for toddlers it was around 2 ng/day [43, 44]. In addition, it has

been shown that microenvironments such as car interiors contain high levels of

airborne PBDEs and may cause additional exposure via inhalation [70, 71]. Overall,

studies of total PBDE exposure deem inhalation as a minor source [17, 72].

2.3 Food Including Human Milk

2.3.1 Food

The ability of selected PBDEs to bioaccumulate means that both aquatic and

terrestrial foods are potential exposure sources. For POPs that exhibit similar

physical–chemical properties to PBDEs, food is the dominant exposure source

[73]. It is noteworthy though that the magnitude of PBDE exposure via food has

been subject to debate [1, 17, 43, 44, 74, 75].

PBDEs have been detected in many food products and higher intake has been

found via oils and fats, seafood, meat and meat products, eggs and dairy products

compared to vegetables, fruits, and tubers ([76–82]). Interestingly, data from Fin-

land showed a greater contribution from beverages, spices, and sweets to the daily

PBDE intake than from meat and eggs [83].

Uptake of BDEs via the terrestrial food chain appears to be less relevant than for

some of the traditional POPs, such as dioxin-like chemicals, partially due to

comparatively low concentrations in ambient air. It is feasible that foods may be

contaminated during or after processing in indoor environments, whereas cooking

processes can result in a reduction of concentrations [74, 75, 84].

High concentrations of PBDEs in fish and seafood have been reported and

separate studies have found both positive (in Japan [85]; the USA [86]; Norway

[87, 88]) and negative (in Sweden [89] and the USA [28]) associations between fish/

seafood consumption and body burden. An investigation of almost 2,000 partici-

pants from the National Health and Nutrition Examination Survey (NHANES) by

Fraser et al. [90] reported SPBDE serum concentrations among vegetarians were

23% (p ¼ 0.006) lower than among omnivores as assessed by 24-h food recall

(Fig. 5). In addition, serum PBDE concentrations were associated with consump-

tion of poultry fat (SPBDEs, p ¼ 0.0005) and red meat (BDE-153, p ¼ 0.005),

with no associations for dairy or fish.

Daily dietary intake of PBDEs has been estimated for a range of different

countries (Table 2). Estimates indicate mean dietary intake ranging from 15 to
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100 ng/day with lowest intake from one US study [93] and highest intake from

Norway [88], which focused on fish from a contaminated lake.

Variation in PBDE concentrations within food types has been observed [94, 95]

and studies using large sample sizes are required to obtain representative data.

Comparisons should be made with caution due to varying congeners used to

calculate SPBDEs and varying food products used for dietary intake. There are

few studies reporting causal relationships between PBDE dietary intake and human

Fig. 5 Geometric mean

SPBDE concentrations in

vegetarians and omnivores

based on two distinct dietary

assessments: 24 h food recall

and 1-year food frequency

questionnaire. Means are

adjusted for race/ethnicity,

sex, age, age2, PIR (poverty

index ratio), and BMI. Error

bars represent 95% CIs. For

24FR, p ¼ 0.006; for FFQ,

p ¼ 0.009 taken from [90].

Reproduced with permission

from Environmental Health
Perspectives

Table 2 Daily dietary intake of PBDEs by country

Country (year food collected) Intake SPBDEs
(ng/day)

Reference

Australia (2004) 90a [80]

Japan (1995) 94 [91]

Finland (1997–1999) 44 [83]

Spain (2000) 97 [76]

Spain (2003–2005) 39b [79]

Spain (2006) 75 [81]

Sweden (unknown) 27 [92]

Sweden (1999) 51 [78]

Norway (unknown) 66c [87]

Norway (2004–2005) 2549d [88]

US (2001) 15–45 [93]

US (2003–2004) 54e [74, 75]

US (2008–2009) 50 [94, 95]

U.K. (1999–2000) 91 [1]

The Netherlands (2003–2004) 32 [96]
aAdult females
bFood from animal origin only
cMedian of 1.1 ng/kg bw/day, lower bound for a body weight of 60 kg
dFish consumed from contaminated lake contribute 98.7% of total dietary exposure
eBased on 0.9 ng/kg bw/day for a body weight of 60 kg
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blood serum concentrations. The available data do not provide good evidence that

differences in human body burden between populations from different countries is

related to differences in dietary intake.

2.3.2 Human Milk

For the fetus and infant, two unique forms of nutrition exist: human milk and

nutrients via placental transfer (see Sect. 2.3.3). Exposure to PBDEs via human

milk can be calculated using the PBDE concentration detected in the mother’s milk

and the amount of milk consumed by the infant.

Analysis of human milk is often used for assessing human body burden of

lipophilic POPs such as PBDEs because of its relatively high lipid content (~3.5–

4%) and noninvasive collection methods. It has been used to determine PBDE body

burden from numerous countries since the late 1980s (Krueger 1988 in [97]). A

review of the literature reveals PBDE concentrations in human milk range from

<1 ng/g lipid in Asian countries, such as Indonesia, [98], Japan [85, 99–101], and

Taiwan [102] and European countries including Sweden [97, 103–106], Finland

[107], Germany [108–110], Italy [111], The Faroe Islands [112], and the Nether-

lands [113] to approximately 10 ng/g lipid in Australia [30] and in excess of 70 ng/g

lipid in samples collected in Canada [114] and the USA [25, 37, 115, 116] (Fig. 6).

Carrizo and Grimalt et al. [127] note that breastfeeding is an important contrib-

utor to PBDE intake in the first years of growth, with BDE-47 concentration in the

blood of 4-year-old children who were breastfed as infants almost five times that of

Fig. 6 Range (minimum to maximum) of BDE-47 concentrations in human milk by region (data

taken from Table 3)
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children who were formula fed. It should, however, be noted that the World Health

Organization recommends breastfeeding in spite of the transient risk posed by POPs

in human milk [128].

Selected studies have investigated the factors that contribute to individual con-

centrations of PBDEs in human milk. PBDE concentrations have been shown to

vary by maternal weight, age, and over the course of breastfeeding, but not by parity

or race [119]; while another study showed PBDE concentrations varied by parity,

education, having a cohabitant employed as an electrician, and ventilation [124].

The duration of breastfeeding appears to have little effects on the concentrations of

PBDEs in human milk [25, 119, 129, 130] (Table 3).

2.3.3 Cord Blood

Prior to exposure via human milk, the fetus receives a load of PBDEs via placental

transfer. PBDEs have been detected in cord blood with SPBDEs ranging from

approximately 1 to 39 ng/g lipid (Table 4). Lower brominated diphenyl ethers have

been detected in cord blood at concentrations, similar to those in maternal blood

(e.g., [133, 135]). Higher brominated diphenyl ethers were also detected in cord

blood but at much lower concentrations indicating that lower brominated congeners

were better able to undergo placental transfer [131, 132].

3 Metabolism

Following PBDE exposure, the body excretes the chemicals through metabolic pro-

cesses. From the limited data published on PBDE half-lives in humans, the estimated

durations for selected congeners are: BDE-47 (1.8 years), BDE-99 (2.9 years), BDE-

100 (1.6 years), BDE-153 (6.5 years) [137]; BDE-183 (94 days [138, 139], ~90 days

[140]), and BDE-209 (15 days [138, 139], ~7 days [140]). The half-lives reported by

[138–140] result from investigation of occupationally exposed individuals, while the

data from [137] are based on animal studies. There is currently a paucity of data on

human half-lives of PBDEs and further investigation in this area is required.

4 Body Burden

Human body burden of PBDEs will be discussed with respect to concentrations in

human blood and adipose tissue, as human milk (a matrix often used as an indicator

of body burden) has been discussed in Sect. 2.3.2.

Analysis of blood and adipose tissue from various countries indicated that in

contrast to “traditional” POPs, such as dioxin-like compounds, the concentrations
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of PBDEs in human populations increased from the 1970s [16], with a peak

reported in Swedish and American samples in the late 1990s [104, 106, 141, 142]

(Fig. 7). It was the report of PBDE concentrations in human milk doubling every 5

years in the late 1990s in Sweden [143] that lead to a sudden interest in human

exposure to BFRs worldwide [144]. Differences in study designs (individual versus

pooled samples), analytical techniques, and included congeners means comparisons

of PBDE concentrations between studies should be made with caution.

Table 4 Examples of PBDE concentrations (median) in ng/g lipid cord blood from various

countries

Country Year Sample size SPBDEs BDE-47 BDE-209 Reference

Australia 2006–2007 n = 3 pools

(eight

samples in

each pool)

24 12 n/a [10–12]

China Unknown 21 3.9 1.4 n/a [131]

Sweden 2000–2001 15 1.69 0.98 n/a [132]

Spain 2003–2004 44 (Vallecas

district)

15 3.3 2.2 [133]

48 (Getafe

district)

13.3 3.2 1.4

Denmark 2007 50 1.22 0.47 n/a [134]

US 2001 12 39 25 n/a [135]

Korea 2007 108 8.2 6.1 n/a [136]

n/a not available

Fig. 7 Concentrations of PBDE (sum eight congeners) in pooled human breast milk samples from

different time periods [143] taken from de Wit (2002). Reprinted from [192] Copyright (2002),

with permission from Elsevier
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4.1 Adipose Tissue

Adipose tissue has been used in limited studies to assess PBDE body burden. Samples

are often obtained from deceased persons and therefore, sample collection may be

limited by ethical implications and sample size; and the cause of death/disease may

confound results. In addition, these factors may limit the investigation of variables,

which may affect PBDE concentrations. SPBDE concentrations in adipose tissue are

reported to range from approximately 1 ng/g lipid in Japan [145], France [146], and

Singapore [147], approximately 4 ng/g lipid in Sweden [105], Spain [148], and

Belgium [149] and up to 75 ng/g lipid in the US [150–152] (see Table 5).

4.2 Blood

Sampling and analysis of human blood has been widely used to assess human body

burden of PBDEs and allow comparison of body burdens in different subpopulations

(i.e., genders or different age groups). Internationally, PBDE concentrations in

Table 5 Examples of PBDE concentrations in adipose tissue from various countries (1998 onward)

Country Sampling

year

No. of

samples

Comments Sum

PBDE

BDE-47 BDE-209 Reference

Belgium 2000 20 Males and

females

(mean)

4.75 1.45 na [153]

Belgium 2003–2005 25 Males and

females

(mean)

5.3 1.2 na [149]

Japan 2000 10 Females

(median)

1.3 0.5 na [145]

Singapore 2003–2004 16 Females

(mean)

3.63 2.89 na [147]

Spain Unknown 13 Males and

females

(mean)

4.12 1.36 na [148]

Sweden 1994 5 Males and

females

(mean)

na 2.4 na [105]

USA

(California)

1996–1998 32 Females

(mean)

na 28.9 na [150]

USA

(New York)

2003–2004 52 Males and

females

(median)

75 29.3 na [151,

152]

France 2004–2006 86 Females

(median)

2.7 0.7 0.8 [146]

Italy 2005–2006 12 Males and

females

11 6 na [154]

Brazil 2004–2005 25 Females 1.54 0.39 na [155]

na not available

Human Exposure to Brominated Flame Retardants 217



blood from adult populations range from approximately 2 ng/g lipid in Japan [156,

157], to approximately 5 ng/g lipid in European countries including Germany

[158], Norway [159], Spain [133], Sweden [160, 161], and the Faroe Islands

[162]; the United Kingdom [163] and New Zealand [164]. Higher levels of approx-

imately 10 ng/g lipid in Australia [10–12] and more than 100 ng/g lipid in Canada

[165, 166] and the USA [28, 86, 135, 141, 150, 167–170] have been reported.

Variables including geographical region, occupational exposure, gender, and

age (in particular for infants and children) have been assessed in relation to PBDE

concentrations. It should be noted that for PBDEs, high variability between indivi-

duals has been reported previously [25, 117, 171]. For example, in a US cohort of

2,060 individual serum samples from NHANES, the reported median concentration

of BDE-47 was 19.2 ng/g lipid, while the maximum concentration was 2,350 ng/g

lipid [172]. The reasons for this variability are likely due to exposure and/ or an

individual’s capacity for metabolism and excretion of these chemicals.

4.2.1 Geographic Trends

Overall, PBDE concentrations in human blood serum of adults appear to be highest in

the US and Canada followed by Australia, Asia, and Europe (Fig. 8). In Australia,

intracountry differences for the general population are not apparent [72], and those

studies showing differences between regions in one country are related to high

exposure, e.g., E-waste sites [173] and varying fire regulations, e.g., California, US

[31]. The geographical differences in PBDE serum concentration are related to

Fig. 8 Range (minimum to maximum) of BDE-47 concentrations in human blood serum by region
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exposure and may reflect volume of usage, that is, by 2001 around 50% of the global

production of penta-, octa-, and deca-BDE commercial products were used in the

Americas, followed by 37% inAsia and 12% in Europe [174]. In Australia, in 2003/04

approximately 210 tons of penta-, octa-, and deca-BDE products were imported in

chemical form accounting for less than 1% of global production [175]. This, however,

is not reflected in blood serum concentrations in Australia. In addition, duration of

usage varies by region. In 2004 and 2005, in the US and in Japan, respectively,

industry began to voluntarily phase out production of penta- and octa-BDE commer-

cial products [176]. In the same year, the use of penta- and octa-BDE commercial

products at concentrations greater than 0.1%was banned in the EuropeanUnion. In 11

States of the US, such a ban was effective between 2006 and 2008 [177] and in

Australia, importation of these products ceased in 2005 [176]. Deca-BDE commercial

product will be phased out in the US by 2012 (U.S. [178]).

Data from Fig. 8 for North America [28, 86, 135, 141, 150, 165–170, 172];

Europe/UK [133, 158–163]; Australia/ New Zealand [10–12, 164, 179]; and Asia

[131, 156, 157, 180, 181].

4.2.2 Gender Trends

Higher PBDE concentrations in males compared to females have been reported

previously [148, 156, 158, 159] and appears to be due to placental transfer and

elimination during lactation. In contrast, other studies have reported either no

difference or higher concentrations in females [133, 167, 168].

4.2.3 Congener Profiles

The congener profile in human blood serum and human milk samples is generally

dominated by BDE-47, followed by BDE-153, BDE-99, and BDE-100, with other

BDE congeners usually contributing less than 10% to total PBDEs. This profile has

been found in studies of human blood from Australia, New Zealand, North Amer-

ica, and Europe [72, 141, 159, 164, 167, 168]. Limited studies have shown BDE-

153 [112] or BDE-209 [156, 181] as the dominant congener. Variations in congener

profile may be related to degradation, exposure, and/or analytical differences.

In cord blood, the profile is often dominated by BDE-47, followed by BDEs

�99, �153, and �100 [10–12, 133]; however, others have found BDE-153 in

higher concentrations than BDE-99 [131, 132].

4.2.4 Occupational Exposure

Persons working in certain industries are predisposed to a potentially higher PBDE

body burden due to exposure to contaminated air and dust in the workplace

(Table 6). The release of PBDEs can be accelerated from industrial settings during

PBDE manufacture; addition to products and subsequent recycling, and disposal of
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consumer products containing these flame retardants, with elevated PBDE levels

reported in air [61, 63, 64] and dust [62] in close proximity to such facilities.

Elevated levels of PBDEs in workers’ blood samples relative to a reference group

have been reported in various occupations, including dismantling electronic waste (E-

waste) [41, 138, 139, 173], foam recycling and carpet installation [38–40], computer

technicians [184] and the manufacturing or handling of flame retarded rubber [161].

A very high median PBDE level, 600 ng/g lipid in serum, attributed to occupational

exposure [173] has been found in China, where entire regions have been devoted to the

recycling of E-waste. It is worth noting that the median PBDE level in serum of the

referent group who lived 50 km from the occupational group was as high as 170 ng/g

lipid. Themagnitude of this industry combinedwith limited occupational protection of

workers and relatively primitive methods of dismantling electronic equipment has led

to an increase in PBDE contamination on a much broader scale [173].

Also, elevated PBDE levels in blood samples of workers at a contaminated

workplace and variation in congener patterns reflective of differential exposure may

be expected when compared to a reference group, although this is not always the

case. The SPBDE levels in serum samples of foam recycling workers and carpet

installers in the US had median values of 160 and 178 ng/g lipid, respectively. This

was an order of magnitude greater than the control group median value of 19.3 ng/g

lipid. No differences in congener patterns were observed for the primary BDE

congeners 47, 99, 100, and 153, which contributed approximately 90% of the total

PBDE serum concentrations measured [38–40]. Considering the long half-life of

BDE-47 and the relatively high background concentrations in the US general

population, congener patterns may be obfuscated. It is worth noting that in this

study an individual from the control group was found to have the highest measure-

ment of SPBDEs in her serum. Concentrations of bromobiphenyl 153 (BB-153) and

chlorobiphenyl 153 (CB-153) were not significantly different among the different

groups; however, the ratio between BB-153/BDE-47 and CB-153/BDE-47 was

significantly lower in foam recycling workers and carpet installers, suggesting the

higher PBDE levels measured were attributable to the workplace.

Evidence of a congener pattern different to a referent group has been reported in

workers dismantling electronic equipment in Sweden [41]. Significantly higher

concentrations of each of the individual PBDE congeners analyzed were found,

with particularly high concentrations of BDE-183 relative to the control group on a

molar basis. In addition, the CB-153/BDE-183 ratio was significantly lower in the

serum of the workers at the dismantling plant as compared to referent groups. In

Holland, another study investigating electronic dismantlers reported BDE-183 was

only identified in workers dismantling electronic equipment [183], although levels

of BDE-183 in this study were approximately an order of magnitude lower than that

reported in the Swedish study.

Other studies have reported congener patterns which differed in occupational

exposed groups relative to reference groups through the higher brominated conge-

ners, octa-, nona-, and BDE-209 [161, 173, 182]. Rubber mixers, who incorporated

commercial deca-BDE as an additive in flame-retarded rubber, and some cable

manufacturers in the same facility had serum concentrations of BDE-209 up to
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50- to 100-fold higher than those in the reference groups. The median CB-153

concentrations in rubber workers and referents were in the same range.

Indoor air PBDE concentrations and hence, exposure, in a workplace setting can

be impacted by processes within the facility. Cahill [63] reported PBDE air con-

centrations in the dismantling hall of the electronics recycling facility were highly

dependent on the degree of shredding activity. It has also been demonstrated by

introducing standard industrial hygiene measures such as structural process

planning, good ventilation, and good cleaning procedures, work-related exposure

to PBDEs, particularly the higher brominated congeners, can be reduced [138, 139].

4.2.5 Infants and Children

PBDEs have been detected in human blood of adults from many countries and these

studies frequently show no trend in PBDE concentration by age [62, 133, 164, 170,

180]. However, once samples from infants and children are included in analysis, an

inverse trend with age becomes apparent (Fig. 9) with highest concentrations in 2-

to 5-year-olds.

International pediatric PBDE data are limited (Table 7). Data from a Norwegian

study showed that the concentrations of PBDEs in blood serum from a pool of 14

children 0–4 years of age was 1.6–3.5 times higher (BDE-47 concentration 6.2 ng/g

Fig. 9 SPBDE concentrations (ng/g lipid) by mean age (0–80 years) and gender. Each data point

represents up to 30 individual blood samples [10–12]. Reproduced with permission from Environ-
mental Health Perspectives
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lipid) than that obtained from other pooled age groups aged 4–60 years (mean BDE-

47 concentration 2.1 ng/g lipid) [159]. A study of a family of four from California,

US, found BDE-47 concentrations to be greatest in the 18-month-old infant

(245 ng/g lipid) followed by the 5-year-old child (137 ng/g lipid) and the parents

(32 and 60 ng/g lipid for the father and mother, respectively) [169]. In another US

study, the mean BDE-47 concentrations collected from 6- to 11-year-olds, Mexican-

Americans, non-Hispanic blacks, and non-Hispanic whites in 2001–2002 ranged

from 60 to 105 ng/g lipid for males and 65 to 110 ng/g lipid for females, while for

adults aged 20 to greater than 60 years, the range was 20–60 ng/g lipid (data not

shown). These findings contrast with those of a study from the Faroe Islands, where

no difference was observed between the serum PBDE concentrations in 42 seven-

year-olds (median BDE-47 concentration 0.87 ng/g lipid) versus their mothers

(median BDE-47 concentration 1.3 ng/g lipid) [162].

In summary, it is important to recognize that for PBDEs more than for any other

chemicals listed under the Stockholm convention it is apparent that with the

potential exception of occupationally exposed groups, young children have the

highest exposure in the population.

4.2.6 Predicted BFR Body Burden

When limited data are available on POPs in humans, researchers have used models to

predict chemical concentrations and/ or assess exposure based on input and clearance

data [186, 187]. For PBDEs, data have been modeled to assess exposure pathways

and dose estimates [43, 44, 72, 188, 189]. A simple model using Australian exposure

data and half-life data from the literature [137] was used to predict PBDE human

concentration trends for formula and breastfed infants over an 80-year life span.

These predicted concentrations were then compared to measured data from the

Australian population (Fig. 10). The model indicated that the elevated concentrations
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Fig. 10 Measured (each data point represents a pool of 30 individual human blood serum samples)

versus predicted concentrations of BDE-47 (ng/g lipid) for formula and breastfed infants.

Reprinted “in part” with permission from [72] Copyright 2008 American Chemical Society
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in infants were primarily due to maternal transfer and human milk consumption with

inhalation and ingestion of dust making a comparatively lower contribution [72].

The overall differences in measured and predicted data indicated that either:

1. Intake sources other than human milk, food, air, and dust contributed to the

human concentrations of PBDEs or

2. The half-lives of PBDEs have been underestimated

These factors are particularly important for BDEs -47 and -153, which show the

greatest difference. The model most accurately predicted concentrations measured

in the >36 years age groups, indicating that known input and clearance data were

more reflective of exposure [72]. Due to the length of half-lives for these PBDEs

(19–78 months [137]), exposure in the older age groups must be constant to cause

the stabilization of PBDE concentrations. It should be noted that data on human

PBDE half-lives are limited and further assessment of these half-lives in humans is

required for accurate risk assessment.

The use of pooled samples obtained from both formula and breastfed babies

may also have resulted in the underestimation of the measured concentrations. In

Australia, breastfeeding rates decrease from 85% at birth to 45% and 23% at 6

and 12 months, respectively [190], so the pooling of serum from the formula fed

infants would reduce the mean PBDE concentrations in the pools, and may have

resulted in underestimation of measured values in breastfed babies. We can also

assume that breastfed babies have even higher concentrations than indicated by

the measured data, reinforcing the idea that some input or clearance data are

missing for this age group. Other potential sources in the young age group, not

accounted for in the model, include increased exposure from: mouthing and

sucking either products treated with PBDEs or covered in dust contaminated

with PBDEs from the indoor environment, or their hands on which PBDEs

have recently been shown to be present [38–40]; and exposure to child-specific

products, such as car seats, prams, mattresses, and toys, which may also be a

source of PBDEs.

In assessing the predictive value of the model, it is also important to consider

variation in an individual’s response to PBDE exposure. Overall body burden of

PBDEs may be determined by individual metabolic differences that affect rates of

retention/ sequestration [43, 44] as well as occupational exposure [138, 139], and

these factors were not accounted for by the model. This may be particularly evident

in children and young adults. In contrast, measured values reflect the overall

concentration as a function of an individual’s input, metabolism, and degradation.

The sample collection was structured with the aim of obtaining a representative

sample of the Australian population. However, due to the use of deidentified

samples and pooling, occupational or dietary (including human milk) exposures

were unknown and resulted in the determination of mean concentrations. Hence,

the minimum and maximum PBDE concentrations in the population were not

determined. Continued monitoring of PBDE exposure as a function of age will

further validate the accuracy of this model and enable the identification and perhaps
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reduction of specific sources and pathways of exposure of PBDEs for infants and

young children.

5 Conclusion

Exposure to BFRs, in particular PBDEs occur predominantly via dust and food

ingestion with a minor contribution from inhalation. PBDEs have been detected

in samples of human milk, blood, adipose tissue, and cord blood from countries

around the world. Concentrations have been shown to be highest in populations

from North America followed by Australia, New Zealand, Asia, and Europe.

While factors such as gender and parity may not affect concentrations, occupa-

tional exposure and age (infants and children) are associated with higher PBDE

concentrations. Predicted body burden calculated using available information on

intake and elimination rates of BFRs appears to underestimate human body

burden data obtained through analysis of BFRs in blood or human milk. This

may be due to unknown exposure or inaccurate elimination data. Further expo-

sure studies should focus on younger age groups and an investigation of human

PBDE half-lives.
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Emerging Brominated Flame Retardants

in the Environment

Cynthia A. de Wit, Amelie Kierkegaard, Niklas Ricklund, and Ulla Sellström

Abstract A number of new brominated flame retardants (BFRs) are being found

in the environment but the amount of data is still very small. The best studied

emerging BFRs are 1,2-bis(2,4,6-tribromophenoxy)ethane and decabromodiphenyl

ethane, with some data for hexabromobenzene, pentabromoethylbenzene, pentab-

romotoluene, tetrabromobisphenol A derivatives, bis(2-ethylhexyl) tetrabro-

mophthalate, 2-ethylhexyltetrabromobenzoate, 1,2-dibromo-4-(1,2-dibromoethyl)

cyclohexane, and 2,4,6-tribromophenol. Very little data are available for 2,4,6-

tribromophenyl allyl ether, 2,3-dibromopropyl-2,4,6-tribromophenyl ether, hexa-

chlorocyclopentadienyldibromocyclooctane, tris(2,3-dibromopropyl) isocyanurate,

tetrabromophthalic anhydride, 1,2,5,6-tetrabromocyclooctane, and octabromo-

1,3,3-trimethyl-1-phenylindane. Indoor air concentrations are generally higher

than outdoor air concentrations, indicating emissions from flame-retarded products.

Their presence in indoor air and dust indicates possible human exposure from this

pathway, but there are little human data available to determine this. The presence of

several of these BFRs in fish, birds, and mammals indicates that they are bioavail-

able and can be absorbed and bioaccumulated. Their presence in outdoor air and in

the Arctic indicates that several are capable of long range atmospheric transport.

More data on these new BFRs are needed in order to determine if they pose

unacceptable risks to the environment and to human health.
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Decabromodiphenyl ethane, Hexabromobenzene, Hexachlorocyclopenta dienyl-

dibromocyclooctane, Octabromo-1,3,3-trimethyl-1-phenylindane, Pentabromo-

ethylbenzene, Pentabromotoluene, Tetrabromobisphenol A derivatives, Tetra

bromophthalic anhydride, Tris(2,3-dibromopropyl) isocyanurate
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Abbreviations

ATE 2,4,6-Tribromophenyl allyl ether

BFR Brominated flame retardant

BTBPE 1,2-Bis(2,4,6-tribromophenoxy)ethane

DBDPE Decabromodiphenyl ethane

DPTE 2,3-Dibromopropyl-2,4,6-tribromophenyl ether

HBBz Hexabromobenzene

HBCD Hexabromocyclododecane

HCDBCO Hexachlorocyclopentadienyldibromocyclooctane

OBIND Octabromo-1,3,3-trimethyl-1-phenylindane
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PBDE Polybrominated diphenyl ether

PBEB Pentabromoethylbenzene

PBT Pentabromotoluene

TBB 2-Ethylhexyltetrabromobenzoate

TBBPA Tetrabromobisphenol A

TBBPA-DAE Tetrabromobisphenol A bis(allyl ether)

TBBPA-DBPE Tetrabromobisphenol A (2,3-dibromopropyl ether)

TBBPA-DHEE Tetrabromobisphenol A dihydroxyethyl ether

TBC Tris(2,3-dibromopropyl) isocyanurate

TBCO 1,2,5,6-Tetrabromocyclooctane

TBECH 1,2-Dibromo-4-(1,2-dibromoethyl)cyclohexane

TBP 2,4,6-Tribromophenol

TBPA Tetrabromophthalic anhydride

TBPH Bis(2-ethylhexyl) tetrabromophthalate

1 Introduction

At least 75 brominated compounds are listed as flame retardants [1] but analytical

focus has been on only a few including polybrominated diphenyl ethers (PBDEs),

hexabromocyclododecane (HBCD), and tetrabromobisphenol A (TBBPA). Two

of the PBDE technical products (PentaBDE, OctaBDE) are now being phased

out or have been banned in North America and Europe. The remaining product

(DecaBDE) is used more restrictively, and production, importation, and sales will

be discontinued in the USA for all uses by the end of 2013 by the two major

producers (Chemtura, Albemarle) and the largest US importer (ICL Industrial

Products, Israel) [2–4]. Thus, other brominated flame retardants (BFRs) are finding

increasing use as replacements for these BFRs. Some of these emerging BFRs are

now being found in the environment, including in the Arctic, suggesting their

potential for long range atmospheric transport [5]. This chapter is a review of the

literature covering the environmental occurrence of a number of these less well-

studied BFRs. Physico-chemical properties of these BFRs are given in Table 1 and

their chemical structures are shown in Fig. 1.

2 1,2-Bis(2,4,6-tribromophenoxy)ethane

2.1 Background

1,2-Bis(2,4,6-tribromophenoxy)ethane (BTBPE) is an additive flame retardant

marketed as FF-680 (Great Lakes Chemical Corporation, Arkansas, USA, now a

part of Chemtura). BTBPE has been produced since the mid-1970s and is now
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Fig. 1 1,2-bis(2,4,6-Tribromophenoxy)ethane (1), decabromodiphenyl ethane (2), Hexabromo-

benzene (3), Pentabromoethylbenzene (4), Pentabromotoluene (5), tetrabromobisphenol A (2,3-

dibromopropyl ether) (6), tetrabromobisphenol A dihydroxyethyl ether (7), tetrabromobisphenol

A bis(allyl ether) (8), bis(2-ethylhexyl) tetrabromophthalate (9), 2-ethylhexyltetrabromobenzoate
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being used as a replacement for OctaBDE [6]. It is marketed for use in high impact

polystyrene (HIPS), thermoplastics, and thermoset resins. Great Lakes Chemical

Corp./Chemtura is the only producer of BTBPE in the USA, and they produced

4,500–22,500 metric tons/year from 1986 to 1994, with a decline to 450–

4,500 tons/year after 1998 [6]. No information is available on more recent US

production volumes but it can be surmised that they will increase as a result of the

ban on OctaBDE. BTBPE is produced and used in China, as well, but information

on production and use volumes is not available [7]. It is listed as a low production

volume (LPV) chemical in the EU [8]. Worldwide production/usage was estimated

to be 16,710 tons in 2001 [9]. BTBPE was first identified in the environment in the

1970s in samples taken at or near the Great Lakes Chemical Corp./Chemtura

production facility in El Dorado, Arkansas, USA [10–12].

2.2 Outdoor Air and Tree Bark

In 1977, BTBPE was identified in air particulate samples taken using high-volume

samplers on the grounds of a production site in El Dorado, Arkansas [11, 12]. The

concentrations found ranged from not detectable level to 183 ng/m3 [11].

More recently, high-volume air samples were taken at a number of sites in the

east-central USA within the Integrated Atmospheric Deposition Network (IADN).

In a first sampling campaign covering the time period 2002–2004, sampling sites

included Chicago (Illinois), Sleeping Bear Dunes National Lakeshore (Michigan),

Bloomington (Indiana), Rohwer (Arkansas), and Cocodrie (Louisiana) [6, 13].

BTBPE was found predominantly on particulates with a concentration range of

0.03–70 pg/m3, and a mean of 3.4 pg/m3, more than 100 times lower concentrations

than seen in particulates sampled on the production site. The highest BTBPE

concentrations were found in samples from the Arkansas site, which is only

150 km west of the Chemtura production plant and the authors speculate that

these higher concentrations may be due to production facility emissions. The next

highest BTBPE concentrations were found in air particulates from Chicago (mean

1.6 pg/m3, range 0.025–11 pg/m3), reflecting possible urban sources. Concentra-

tions were lower at the other sites (rural) and were lowest at the remote site at

Sleeping Bear Dunes National Lakeshore (mean 0.16 pg/m3, range 0.03–1.4 pg/m3)

[6, 13]. In a second sampling campaign in 2005–2006, sampling sites included

Chicago (Illinois), Sleeping Bear Dunes National Lakeshore and Eagle Harbor

(Michigan), Cleveland (Ohio), and Sturgeon Point (New York) [14]. Highest

concentrations were found in the samples from the urban site of Chicago (mean

1.2 pg/m3) and lowest concentrations at the remote site of Eagle Harbor (mean

Fig. 1 (continued) (10), tetrabromophthalic anhydride (11), 2,4,6-tribromophenol (12), 2,4,6-tribro-

mophenyl allyl ether (13), 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane (14), 1,2,5,6-tetrabromo-

cyclooctane (15), Hexachlorocyclopentadienyldibromocyclooctane (16), tris(2,3-dibromopropyl)

isocyanurate (17), octabromo-1,3,3-trimethyl-1-phenylindane (18)

<
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0.5 pg/m3). The BTBPE concentrations in both studies were similar to those for

HBCD and some BDE congeners (BDE-47, -99, -209) in the same samples.

Other than the US, BTBPE has only been reported in air samples from Sweden

and from Guangzhou City, in the Pearl River Delta (PRD) of southern China.

Outdoor air samples from the city of Stockholm, Sweden, taken with a low volume

sampler, had BTBPE concentrations below the limit of quantitation (3 pg/m3) [15].

The PRD is a highly industrialized and urbanized area in China, with electronics

and electrical equipment manufacturing and high usage of BFRs [16]. The mean

BTBPE concentration in four high-volume air samples taken in Guangzhou City in

2007 was 30.7 pg/m3 (range 3.8–67 pg/m3) [7]. These higher BTBPE concentra-

tions in Guangzhou City are similar to those seen in the air samples from Arkansas,

USA, not far from a BTBPE production facility and indicate use of BTBPE in

manufacturing facilities in the PRD. The concentrations of BTBPE were lower than

those of the PBDEs.

In a sampling campaign of tree bark from 29 sites across North America in

2000–2001, BTBPE was detected in samples from only six of these sites, at

concentrations of 0.68–24 ng/g lipid [17]. Sampling was done in rural residential

areas away from roads. Interestingly, the samples with the highest BTBPE con-

centrations were from a site in Arkansas north of the Chemtura production facility

(24 ng/g lipid), and several sites east, southeast, or northeast of this facility in the

neighboring state of Mississippi (1.4, 1.5, and 1.9 ng/g lw). In another study, tree

bark samples were collected in 2006 from 26 sites from the northeastern USA, and

samples from 23 sites had BTBPE concentrations ranging from 0.40 to 17 ng/g

lipid, with a mean of 3.2 ng/g lipid [18]. As there is only one production facility for

BTBPE in the USA, located in the southcentral part of the country, the authors

concluded that the presence of BTBPE on trees far from this source could only be

explained by long range atmospheric transport and local use. BTBPE concentra-

tions were lower than PBDE concentrations in both studies.

Qiu and Hites [18] also analyzed tree bark samples from Canada, Europe, and

Asia. BTBPE was not detected in the sample from the Northwest Territories in

Canada. Germany and Italy had BTBPE concentrations of 0.11 and 1.3 ng/g lipid,

respectively. BTBPE concentrations were much higher in tree bark from South

Korea (56 ng/g lipid), and three sites in China (3.1–38 ng/g lipid). The highest

concentration in China was found in Shenzheng, which is located in the PRD. Thus,

results from tree bark spatial studies support the results of air sampling studies,

indicating that BTBPE is capable of long range atmospheric transport and that

production and use facilities are emission sources.

2.3 Soil and Outdoor Dust

In the 1970s, BTBPE was identified but not quantified in soil samples taken near the

Chemtura production facility in El Dorado, Arkansas, USA [12]. More recently,

BTBPE was found in soil samples taken from two areas in southern China, one in

248 C.A. de Wit et al.



the PRD and one near an electronics waste processing area in the agricultural area

of Qingyuan City, north of the PRD [7]. The electronics waste area processes more

than 1.7 million tons of e-waste per year imported to China from overseas. E-waste

processing is done to recover metals using rudimentary methods in family work-

shops, including shredding, burning, and use of acids. Soil samples were collected

from farmland near Guangzhou City, PRD, in 2007 and from the e-waste area

in 2006. The mean BTBPE concentration was 0.05 ng/g dry weight (dw) (range

0.02–0.11 ng/g dw) for the PRD soils, but was much higher, 1.98 ng/g dw (range

0.07–6.2 ng/g dw) in the e-waste soils [7]. Outdoor dust samples collected from the

ground surface near the e-waste workshops had a mean BTBPE concentration

of 107 ng/g dw (range 14.6–232 ng/g dw), indicating that these workshops are

probably a source of emissions to the nearby farmland. The concentrations of

BTBPE were lower than those of PBDEs in the PRD samples, but were similar to

PentaBDE concentrations at the e-waste site.

2.4 Indoor Air and Dust

BTBPE was included in analyses of indoor air at electronic recycling plants in

Sweden [15, 19]. Sjödin et al. [15] found highest BTBPE concentrations in air

samples taken near a shredder when BFR-containing plastics were shredded (140

and 150 ng/m3). Lower concentrations were seen when shredding non-BFR-

containing plastics (23 and 32 ng/m3) and in the dismantling hall (mean 20 ng/m3).

These concentrations were in the same range as those of BDE-183 and -209, which

were the predominant PBDEs found.

Petterson-Julander et al. [19] found similar BTBPE concentrations in personal

air samples of electronic dismantlers at another electronics recycling plant (mean

22 ng/m3). Personal air samples from other workers not directly exposed in the

dismantling hall had lower BTBPE concentrations (mean 8.8 ng/m3) and unex-

posed workers had the lowest concentration (0.8 ng/m3). Again, concentrations of

BTBPE were found to be in the same range as those of BDE-209 in all three

groups. Expanding on this air sampling study, Julander et al. [20] used different

types of air samplers to collect three different particle fractions (respirable, total,

and inhalable dust) in air samples at this same electronics recycling plant. The

highest BTBPE concentration ranged from 8.2 to 12.2 ng/m3 in the inhalable

fraction. BTBPE was also found in the total fraction (7.4–11.9 ng/m3) with lowest

concentrations in the respirable fraction (0.7–1.0 ng/m3) [20]. Concentrations of

BTBPE were somewhat higher than those of BDE-183, but much lower than those

of BDE-209.

Sjödin et al. [15] also analyzed BTBPE in air samples from other indoor micro-

environments (circuit board assembly, offices with computers, computer repair

facilities, teaching halls). Concentrations were considerably lower and ranged

from 41 pg/m3 (circuit board assembly) to 3 pg/m3 (teaching hall) and were similar

to BDE-183 and -209 concentrations.
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BTBPE was found in dust samples from five homes in Örebro, Sweden, with

concentrations ranging from 2.5 to 8.2 ng/g dw, which were considerably lower than

those of PBDEs [21]. Air samples were also analyzed, but BTBPE was not detected.

Researcher-collected dust samples were taken in 19 homes in Boston,

Massachusetts, USA, in 2006, from the main living area, a bedroom, and also

from the occupant’s vacuum cleaner bag [22]. BTBPE concentrations ranged from

1.6 to 789 ng/g dw. Geometric mean BTBPE concentrations were 48.1 ng/g dw in

the living area, 47.8 ng/g dw in the bedroom, and 17.7 ng/g dw in the vacuum

cleaner dust [22]. BTBPE was not detected in the dust standard reference material

(NIST SRM 2585) used. These concentrations were about ten times lower than

HBCD concentrations found in the same samples. An additional 50 dust samples

taken from vacuum cleaner bags between 2002 and 2007 from Boston houses also

contained BTBPE [23]. BTBPE concentrations ranged from 1.4 to 950 ng/g dw

with a geometric mean of 21 ng/g dw, which was eight times lower than the HBCD

concentration and much lower than PBDE concentrations.

In the UK, Harrad et al. [24] collected dust samples from 30 homes, 18 offices,

and 20 cars in 2006 and 2007. Average BTBPE concentrations were 120, 7.2, and

7.7 ng/g dw for homes, offices, and cars, respectively. The maximum concentration

of 1,900 ng/g dw was also found in homes. BTBPE concentrations were generally

lower than those of PBDEs. Estimated exposures via dust ingestion for adults and

toddlers were as high as 13 and 69 ng/day, respectively, which were lower than

those of tri-hexaBDEs.

BTBPE was also detected in dust samples from 25 homes in the Czech Republic

but no concentrations were reported [25].

2.5 Children’s Toys

China is a major manufacturer of children’s toys, particularly in the Guangdong

Province in southern China [26]. Sixty-nine toys were purchased in Guangzhou

City in southern China in 2007 and 2008 and analyzed for a range of BFRs.

The materials included hard plastic, foam, rubber/soft plastic, and textile stuffed

toys [26]. BTBPE was found in hard plastic toys with a median concentration of

101 ng/g, which was lower than PBDE concentrations. BTBPE was also detected in

some rubber/soft plastic toys, but was not detected in foam or stuffed toys. The

estimated exposure of children to BTBPE from mouthing toys was calculated to be

0.024–0.82 ng/kg body weight-day.

2.6 Sewage Sludge

Sewage sludge samples were collected from Guangzhou City, PRD, in southern

China in 2007 and analyzed for BTBPE [7]. BTBPE concentrations ranged from

0.31 to 1.66 ng/g dw with a mean of 0.88 ng/g dw.

250 C.A. de Wit et al.



2.7 Water and Sediment

In a bioaccumulation study of various BFRs, BTBPE was quantified in the dis-

solved phase of freshwater sampled in 2004 from the south basin of LakeWinnipeg,

Canada [27]. The mean BTBPE concentration was 1.96 pg/L, which was lower than

BDE-47 and -99 concentrations, but comparable to concentrations of BDE-100,

-153, and 154.

Besides finding BTBPE in air samples near a production site in Arkansas,

Zweidinger et al. [10] also found detectable levels in sediments from streams

near the plant. BTBPE concentrations ranged from not detectable level to 466 ng/g.

BTBPE concentrations in surficial sediment samples collected in 2002 from Lake

Winnipeg, Canada were below detection limits [27], but were 7.2 and 6.7 ng/g dw

in samples taken in 2004 from Lake Michigan [6] and Lake Ontario [28]. For

Lake Michigan, BTBPE concentrations were lower than PBDE concentrations, but

were similar to PBDE concentrations for Lake Ontario. In the studies from Lakes

Michigan and Ontario, analysis of BTBPE in different levels of sediment cores also

showed rapidly increasing temporal trends from the mid-1970s (Michigan) or early

1980s (Ontario) as shown in Fig. 2.

Surficial sediment samples were collected from the Dongjiang River in the PRD

area of southern China in 2002 and 2006 and analyzed for BTBPE and a range of

other BFRs [7]. The samples from 2002 had a mean BTBPE concentration of
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Fig. 2 Temporal trends of BTBPE in lake trout and sediment from Lake Ontario, and in sediment

from Lake Michigan. Data from Ismail et al. [32], Hoh et al. [6], and Qiu et al. [28]
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7.6 ng/g dw (range 0.27–21.9 ng/g dw), while the 2006 samples had a mean

concentration of 1.3 ng/g dw (range 0.05–2.07 ng/g dw). The authors speculate

that the lower BTBPE concentrations found in 2006, weighed together with results

for a number of other BFRs in past or current use, may reflect changes in the use of

different BFRs in the PRD area in recent years [7].

BTBPE was identified in sediments from two of four sites collected from the

Western Scheldt along the coast of the Netherlands [29]. Concentrations at the two

sites were 0.25 ng/g dw (Terneuzen) and 0.31 ng/g dw (Ouden Doel near the

Belgian border). BTBPE was not detected in the suspended particulate matter

collected from Terneuzen.

2.8 Invertebrates and Fish

Besides water and sediment, a food web study in Lake Winnipeg included samples

of zooplankton, mussels (Lampsilis radiata) and six species of fish, including

predatory fish such as burbot (Lota lota) and walleye (Stizostedion vitreum) [27].
Biota were collected between 2000 and 2002. Mean BTBPE concentrations were

0.37 ng/g lipid weight (lw) in zooplankton, 1.3 ng/g lw in mussels, and from 0.13 to

0.95 ng/g lw in the different fish species, which were much lower than HBCD and

PBDEs concentrations. The trophic magnification factor of BTBPE for the entire

food web was 1.0, which was generally lower than that of most PBDEs and HBCD

[27, 30]. Biomagnification factors (BMFs) calculated on the basis of lipid weight

BTBPE concentrations in various predator/prey relationships indicated that BTBPE

may bioaccumulate within certain feeding relationships, particularly for walleye

[27]. BMFs for walleye ranged from 0.4 to 2.5 depending on the prey. The pro-

pensity of BTBPE to biomagnify was confirmed in a laboratory feeding study in

juvenile rainbow trout (Oncorhynchus mykiss) [31]. BTBPE was taken up from the

gut with an assimilation efficiency of 27% over the 49 day feeding period, resulting

in a BMF of 2.3.

BTBPE concentrations were determined in Lake Ontario lake trout (Salvelinus
namaycush) sampled from 1979 to 2004 [32]. Concentrations were found to

increase exponentially from 1979 to 1993, doubling every 6 years, and then to

level off or possibly decrease (Fig. 2). Mean BTBPE concentration in the 2004

sample was 1.6 ng/g lw, which is higher than that seen in fish in the Lake Winnipeg

study [27]. Lake trout PBDE and HBCD concentrations were considerably higher

than BTBPE concentrations.

In a study near an e-waste processing area in southern China, a few individuals

of three farmed fish species were collected (carp (Cyprinus carpio), bighead carp

(Aristichthys nobilis), tilapia (Tilapia)) from a pond 2 km away from the workshops

and BTBPE analyzed in liver and muscle samples [7]. BTBPE was detectable in

four of five muscle samples (range <0.012–0.15 ng/g lw), but found in only two of

five liver samples (range <0.012–0.041 ng/g lw). These concentrations were much

lower than those found for PBDEs.
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BTBPE concentrations in the marine flatfish sole (Solea solea) collected along

the French coastline in 2003 and 2004 ranged from 0.12 to 2.2 ng/g lw, which were

lower than the concentrations found for PBDEs [33]. The highest BTBPE concen-

tration was found in sole from the Seine estuary.

2.9 Birds

BTBPE was detected in California peregrine falcon (Falco peregrinus) eggs col-
lected in 1999–2007; however, no concentrations were reported [34].

Eggs of herring gulls (Larus argentatus) from several colonies on the North

American Great Lakes have been analyzed for BTBPE to discern spatial [35] and

temporal trends from 1982 to 2006 [36]. In the spatial trend study, BTBPE was

found in all colonies and mean concentrations ranged from 0.04 to 0.70 ng/g ww,

with highest concentrations found in colonies along Niagara River above Niagara

Falls [35]. These concentrations were much lower than those of PBDEs. In the

temporal trend study, BTBPE was detected primarily in eggs from the mid-1990s to

2006, with no discernible trends [36]. The mean concentrations in 2006 for seven

colonies ranged from <0.06 to 0.20 ng/g ww.

In a study near an e-waste processing area in southern China, several specimens

of watercock (Gallicrex cinerea) were collected and muscle, liver, and kidney

tissues analyzed for BTBPE [7]. Higher concentrations were found in liver (0.27–

1.0 ng/g lw) and kidney (0.12–0.89 ng/g lw) than in muscle tissues (0.07–0.39 ng/g

lw). Concentrations of BTBPE were much lower than those of PBDEs.

In the marine environment, BTBPE has been found in northern fulmar eggs

(Fulmarus glacialis) from the Faroe Islands [37] and in glaucous gull eggs and

plasma (Larus hyperboreus) from the Norwegian Arctic [9]. Mean concentrations

were 0.11 ng/g lw (range <0.02–0.17 ng/g lw) in fulmar eggs collected in 2003,

which was much lower than tri-decaBDE concentrations [37]. For glaucous gull

samples collected in 2006, BTBPE was detected in only 5% of male glaucous gull

plasma samples, 0% of female plasma, and 29% of egg yolk samples [9]. Plasma

concentrations ranged from <0.20 to 0.26 ng/g ww and <0.27 to 0.96 ng/g wet

weight (ww) in egg yolk and were much lower than concentrations of HBCD and

PBDEs.

2.10 Mammals

Tomy et al. [38] analyzed several BFRs including BTBPE in blubber from Canadian

Arctic beluga (Delphinapterus leucas) collected during 2002–2005 from several

sites. BTBPE was found in a few samples with concentrations ranging from 0.1 to

2.5 ng/g lw. These concentrations were similar to those found for HBCD but lower

than those for PBDEs.
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BTBPE was also found in 10% of ringed seal (Phoca hispida) blubber samples

from five locations in the Canadian Arctic collected in 2006, with concentrations

ranging between <0.01 and 0.29 ng/g lw [39]. These concentrations were lower

than those found for PBDEs.

2.11 Humans

BTBPE was not detected in human serum samples from Swedish electronic recy-

cling workers [40], nor in household residents [21], although it was detected in air

or dust in these environments. A number of BFRs were screened for in 128 serum

samples from Tianjin, China [41]. Although PBDEs were found, no BTBPE was

detected in any of the samples. In laboratory experiments with orally dosed rats,

BTBPE exhibited limited absorption and metabolism, with the majority of the

compound excreted in feces, which could explain the lack of accumulation in

humans [42, 43].

3 Decabromodiphenyl Ethane

3.1 Background

Decabromodiphenyl ethane (DBDPE) is marketed as an alternative for technical

DecaBDE. The molecular structures of the two chemicals resemble each other and

they have similar applications, i.e., as additive brominated flame retardants in a

wide range of polymeric materials. According to one of the producers, DBDPE has

high thermal stability and does not tend to leak from its host polymer (i.e., it has low

“blooming” characteristics) and its use is therefore encouraged in systems where

recycling is anticipated (http://www.albemarle.com, accessed March 2010).

DBDPE became available on the market in the mid-1980s [44]. It has been

marketed under the trade names Saytex 8010 (Albemarle, Arkansas, USA) and

Firemaster 2100 (Chemtura). It is also produced in China by Shouguang Guangda

Chemical Co., Ltd. (Shouguang, Shandong Province, http://www.sggdchem.com,

accessed March 2010) and Shou Guang Longfa Chemical Co., Ltd. (Qindao,

Shandong Province, http://www.longfachem.com, accessed March 2010). One

reason for the commercialisation of DBDPE was that it meets the demands of the

German dioxin ordinance, which imposes limits for chlorinated and brominated

dioxins and furans in commercial products [45]. In contrast to its predecessor,

DecaBDE, DBDPE does not have an ether bridge in its molecular structure. This

makes it less prone to produce dioxins and furans under pyrolysis conditions, [46].

Information about production and sales are scarce. DBDPE is considered an

LPV chemical in the EU [8]. In 2001, the imports to Europe of Saytex 8010 were
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estimated to be a few thousand metric tons mainly to Germany [45]. In 2007 and

2008 two major expansions of the production of Saytex 8010 were completed

according to one of the producers [47]. Shi et al. [7] reported that in China, in

2006, DBDPE was the second most highly used BFR after DecaBDE. The esti-

mated domestic production volumes of DecaBDE and DBDPE were 20,000 and

12,000 metric tons, respectively. The annual DBDPE consumption in China has a

yearly increase of 80% [48]. In Japan, the use of DBDPE increased continuously

from 1993 to 2000 whereas the consumption of DecaBDE decreased over the same

period. During 1997–1998, the annual consumption of DBDPE surpassed that of

DecaBDE [49].

3.2 Outdoor Air and Tree Bark

DBDPE has been found in the particulate phase of air samples taken during the years

2005–2006 in the area of the Great Lakes in North America [14]. The mean levels at

the five sampling sites ranged from 1.0 to 22 pg/m3. The highest levels of DBDPE

were found in Cleveland where a rough correlation to BDE-209 levels was observed,

suggesting similar sources. For several PBDE congeners, levels fluctuated over time

(i.e., levels increased during warm summer months) and were dependent on popula-

tion density, but no such patterns were observed for DBDPE. A part of the explana-

tion was likely the low number of detections and low levels of DBDPE.

Higher concentrations of DBDPE were measured in air samples (gas + particu-

lates) collected in 2007 from the PRD, south China, with concentrations ranging

from 400 to 3600 pg/m3 [7]. These concentrations were higher than those found for

PBDEs including BDE-209.

The presence of DBDPE in tree bark from North America has been reported in

two studies [17, 18]. In the study of Zhu and Hites [17], levels up to 100 ng/g lw

were found in tree bark collected during 2000–2001, but the detection frequency

among the samples was low (�7%). In this study, a manufacturing plant (in

Arkansas) was suggested as a point source. In the study of Qiu and Hites [18], an

average concentration of 8.5 ng/g lw was reported in samples collected in the

northeastern US in 2006. There were no strong point sources of DBDPE influencing

the levels in their data set. In the same study, average levels in tree bark samples

from a few sites in other parts of the world were presented. DBDPE was not

detected in samples from Canada, Germany, and Italy, but found at concentrations

of 34 ng/g in South Korea, and up to 1,000 ng/g in China. In both studies,

atmospheric deposition was believed to be the source of the DBDPE contamination.

3.3 Soil and Outdoor Dust

In Southern China, Shi et al. [7] found DBDPE along with other BFRs in soil from

farmland situated in the highly industrialized PRD. Levels of DBDPE ranged from
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18 to 36 ng/g dw. In this study, samples were also collected from an e-waste

processing area, where DBDPE levels in dust and soil ranged between <2.5–

140 ng/g dw and <2.5–4.6 ng/g dw, respectively. DBDPE had a higher relative

abundance compared to the other BFRs analyzed in the samples from the PRD

compared to the e-waste area. As an explanation, the PRD was suggested to be

exposed to emissions that reflect more recent usage of BFRs in China. Conversely,

the e-waste area may rather reveal previously used BFRs, e.g., lower brominated

BDEs, which have limited usage during recent years.

3.4 Indoor Air and Dust

The occurrence of DBDPE has been studied in indoor environments in a handful of

studies. In a Swedish dismantling facility for electronic equipment, Kierkegaard

et al. [46] identified DBDPE in an air sample at a concentration of 0.7 ng/m3.

Petterson-Julander et al. [19] found geometric mean air concentrations ranging

from 0.01 to 0.06 ng/m3 in personal air samples from dismantlers and unexposed

workers. Julander et al. [20] reported the presence of DBDPE in different particle

size fractions of air samples from another Swedish electronic dismantling factory.

DBDPE was found in all of the three different size fractions of dust that were

collected with concentrations ranging from <0.02 to 0.79 ng/m3. These concentra-

tions were lower than those of PBDEs and BTBPE.

DBDPE was analyzed in air and dust from five Swedish households [21].

DBDPE was present in one air sample and four dust samples. The concentration

in air was 23 pg/m3, which was close to the detection limit, while the levels in dust

were higher, from 21 to 120 ng/g dw. The dust DBDPE concentrations were in

a similar range as BDE-47 and -99 concentrations, but somewhat lower than

BDE-209 concentration. Together they comprised 85% of the total BFR levels.

In the UK, Harrad et al. [24] analyzed BFRs including DBDPE in dust from

homes, offices, and cars. The average concentrations of DBDPE in these environ-

ments were 270, 170, and 400 ng/g dw, respectively. The DBDPE levels, as well as

octa- to decaBDE levels, did not differ between the studied microenvironments,

whereas the levels of tri-hexaBDEs were significantly higher in cars compared to

homes. Estimated exposure via ingestion of dust for adults and toddlers (up to 44

and 190 ng/day, respectively) suggests that DBDPE intake is similar to that of tri-

hexaBDEs.

In the USA, DBDPE was found in household dust from 19 homes in the Boston

area collected from the main living area, the bedroom, and from the home vacuum

cleaner bag [22]. The geometric means of DBDPE concentrations in the three dif-

ferent compartments were 138, 153, and 39.4 ng/g dw, respectively, but there was a

large variation, ranging from <10 to 11,070 ng/g dw. Comparison with previous

analysis of PBDEs in the same samples revealed a correlation between levels of

BDE-209 and DBDPE; therefore, similar sources were suggested.

256 C.A. de Wit et al.



In Japan, DBDPE was recently detected in nearly all samples of indoor dust from

a hotel, at levels up to 210 ng/g dw [50]. Levels were one or two orders of

magnitude lower than those of PBDEs and HBCDs.

Positive identification of DBDPE in indoor dust has also been reported from the

Czech Republic [25] and from the Netherlands [51].

3.5 Children’s Toys

In a Chinese study of BFRs in children’s toys, DBDPE was the second most

prevalent BFR after decaBDE with a detection frequency of 40–90% in the

different types of toys [26]. Compared to foam, rubber/soft plastic and stuffed

toys, the hard plastic toys generally contained the highest levels of individual BFRs,

with a median level of DBDPE at 5,540 ng/g. The estimated exposure of children

to DBDPE from mouthing these toys was calculated to be 1.3–15 ng/kg body

weight-day.

3.6 Sewage Water and Sludge

In a screening study of sewage sludge from 50 Swedish wastewater treatment plants

(WWTPs), DBDPE was detected in 25 of the samples, with estimated concentra-

tions up to 100 ng/g dw [46]. DBDPE was also positively identified in sludge from

Spain at concentrations ranging from 0.2 to 90 ng/g dw [52, 53] and Canada with

concentrations ranging from 5.6 to 32 ng/g dw [54].

Recently, an international survey of DBDPE in sewage sludge was performed

[55]. Samples of sewage sludge from 11 different countries were analyzed for

DBDPE and BDE-209. DBDPE was present in sludge from all countries and levels

ranged from <0.58 to 220 ng/g dw. Diffuse leakage from the technosphere was

suggested to be the primary source of DBDPE to the sludge, as suggested for other

BFRs [56]. The concentration ratio of DBDPE to BDE-209 was calculated to

estimate the relative usage of the two BFRs in the different countries. The ratio

ranged from 0.0018 to 0.83 and was high in and around Germany, where imports of

DBDPE are known to be high [45]. The high ratios found are indicative of a shift in

consumption from DecaBDE to DBDPE. Lower ratios, possibly indicating lower

DBDPE usage, were found in the USA and UK, which have traditionally been high

consumers of the DecaBDE mixture.

A mass balance study of a WWTP in Sweden showed that DBDPE was delivered

to the plant at the rate of 8.5 mg/day per person [57]. DBDPE was efficiently

transferred from the sewage influent to the digested sludge, generating a mean

level of 81 ng/g dw, while only a small fraction of the influent mass flow was emitted

via the effluent water (<1%). There was no evidence for losses by anaerobic
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degradation. The behavior of DBDPE in the WWTP did not differ from that of BDE-

209, for which mass flows were approximately one order of magnitude higher.

3.7 Landfills

DBDPE was analyzed in samples of leachate water and solid compost from five

landfill sites in Spain [58]. DBDPE was found at three of these sites and levels

in leachate and compost samples ranged from 1.2 to 35 ng/L and from 100 to

320 ng/g dw, respectively. Compared to the levels of BDE-209, the DBDPE

concentrations were high in the compost samples, resulting in a DBDPE/BDE-

209 ratio of 0.7–21.

3.8 Water and Sediment

The presence of DBDPE in the environment was initially identified in sediment

from the Western Scheldt estuary in the Netherlands with DBDPE levels of 24 ng/g

dw [46]. This is an industrialized area highly contaminated by decaBDE. Later,

sediments from another two locations in the same area were analyzed, reporting

DBDPE levels between 0.65 and 10 ng/g dw [29, 51]. The levels of BDE-209 were

between one and two orders of magnitude higher.

Water and sediment from Lake Winnipeg were analyzed for DBDPE but con-

centrations were below the detection levels [27].

Recently, DBDPE was analyzed in sediments from isolated lakes and in a marine

transect in Sweden [59]. Results from the analysis of the lake sediments showed

that DBDPE was present in all of the 11 sampled lakes, at levels from 0.23 to

11 ng/g dw. The results indicate that the environmental contamination of DBDPE is

widespread, and that long range transport and deposition may be important for the

transport of DBDPE to remote areas. The marine sediment transect was from the city

of Stockholm out through its archipelago [59]. The influence of local urban sources

on DBDPE levels in the sediment decreased exponentially along the transect, starting

at 10 ng/g dw. This was approximately only one order of magnitude lower than that

measured in sludge from an adjacent WWTP [57]. In the transect, DBDPE levels

dropped to half of their initial values within 14 km. Levels thereafter reached a low

baseline, which was suggested to originate from atmospheric deposition.

DBDPE levels were reported in a study of 15 Chinese surficial river sediment

samples and two sediment cores [48]. The samples were taken in the Dongjiang

River, one of the main tributaries of the PRD area in Southern China. DBDPE was

present in the surficial sediments at levels ranging from 19 to 430 ng/g dw. These

levels exceeded the sum of tri- to heptaBDE concentrations (range 0.7–7.6 ng/g dw),

but were lower compared to the sum of octa- to decaBDE concentrations (range 30–

5,700 ng/g dw). The sediment cores showed that the levels of DBDPE as well as
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those of TBBPA and tri- to heptaBDEs are increasing in the sediment layers, while

the levels of octa- to nonaBDEs are decreasing, possibly reflecting a shift in usage

from the DecaBDE formulation to DBDPE.

Shi et al. [7] compared DBDPE concentrations in river sediment from the same

sites in the PRD in China between the years 2002 and 2006. The levels of DBDPE

were clearly higher in the samples from 2006.

3.9 Invertebrates and Fish

In a study of a freshwater food web in Lake Winnipeg in Canada, zooplankton,

mussels, and six species of fish, including predatory fish such as burbot and walleye

were analyzed for DBDPE [27]. No detectable levels of DBDPE were found in

zooplankton or mussels. However, the mean concentrations in the fish ranged from

below the limit of detection to 1 ng/g lw. Lipid adjusted BMFs for 5 out of 13

possible predators to prey interactions were reported, and ranged from 0.2 to 9.2.

BMFs above 1 were mainly found for the predatory species, burbot and walleye.

For all 13 predator to prey interactions, the BMFs for BDE-209 were in the range of

0.1–34. Furthermore, the trophic magnification factor (TMF) obtained for DBDPE

was 2.7, which was similar to that for BDE-209, i.e., 3.6 [30]. Both these TMFs

were higher than those obtained for BDE-47, -99, -100, and BTBPE (1.5, 0.7, 1.6,

and 1.0, respectively).

In another study of the Great Lakes, Lake Ontario lake trout collected between

the years 1979 and 2004 were analyzed for different BFRs. DBDPE was below the

detection limit in all samples [60].

Likewise, no DBDPE was detected (<3.8 ng/g lw) in liver and muscle samples

of farmed fish (carp, bighead carp, tilapia) collected near an e-waste processing area

in southern China [7].

In a study by Munschy et al. [33], various BFRs including DBDPE were

analyzed in pooled muscle samples from the marine species, common sole. Sam-

pling was performed in 2003 and 2004, at three sites representing nursery zones in

coastal areas of France (English Channel and Biscay Bay). DBDPE was detected in

all of the six samples, at levels in the range of 0.18–3.9 ng/g lw, with higher levels

in the samples from 2004 compared to those from 2003. This pattern between years

was also observed for hexabromobenzene (HBBz), while no pattern was observed

for the other BFRs, namely tri-hexaBDEs, BDE-209, BTBPE, and BB-153.

3.10 Birds

There are a few recent studies where the presence of DBDPE in avian species has

been reported. In North America, Gauthier et al. [36] analyzed DBDPE in herring

gull eggs collected between the years 1982 and 2006 from seven sites around the
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Great Lakes. The detection frequency among the samples was �13% (10–13 eggs

per pooled sample). DBDPE was only detected in samples from 1996 and later, but

neither temporal trends nor spatial trends were possible to discern. At some sites,

the DBDPE concentrations exceeded BDE-209 concentrations, with levels up to

288 ng/g ww.

Gao et al. [61] analyzed DBDPE in eggs from wild and captive birds (terrestrial

and aquatic) in a nature reserve area in Northern China. The area is highly

influenced by industrial discharges. Among the species studied, the highest level

of 2.4 ng/g lw was found in the terrestrial ring-necked pheasant (Phasanius
colchicus). Samples from the other birds contained levels in the range from not

detectable level to 2.2 ng/g lw.

Tissue samples from three watercocks from near an e-waste recycling area in

South China were analyzed for DBDPE [7]. DBDPE levels were in the range of

9.6–124 ng/g lw. Higher levels were found in liver and kidney compared to muscle.

BDE-209 levels exceeded those of DBDPE by a factor of at least two in all samples.

In a study from the PRD in South China, 29 water birds of five different species

were collected and muscle samples were analyzed for different persistent haloge-

nated compounds [62]. DBDPE was present in all samples except one, at levels from

4 to 800 ng/g lw. The upper range is higher than what was found by Shi et al. [7] in

watercock. In the birds analyzed by Luo et al. [62], the concentration of BDE-209

was approximately one order of magnitude higher. The authors suggest that leaching

from local sources was responsible for the DBDPE contamination of the birds.

3.11 Mammals

Hu et al. [63] reported findings of DBDPE in various tissue samples (liver, kidney,

brain, muscle) from captive giant (Ailuropoda melanoleuca) and red panda (Ailurus
fulgens) (eight individuals of each species) from China, at levels from below the

detection limit to 40.9 ng/g lw. In one gonad sample, the level was as high as

863 ng/g lw.

Blubber samples of ringed seal from five locations in the Canadian Arctic

(collected in 2006), contained no detectable DBDPE [39].

3.12 Humans

In a recent study from China, 128 human serum samples were analyzed for PBDEs

and non-PBDEs including DBDPE [41]. Although BDE-209 was present at levels

up to 1,770 ng/g lw, DBDPE levels were below detectable levels (<15 ng/5–10 mL

blood) in all samples. DBDPE was also below the detection limit (<1.03 ng/g lw) in

plasma samples from residents of five homes in Örebro, Sweden [21].
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4 Hexabromobenzene

4.1 Background

HBBz is an additive flame retardant, historically used in plastics, textiles, and woods

[64], but also in paper and electric manufactured goods [65]. Information on

producers and production volumes are scarce. Gauthier et al. [35] state that it is

classified as an LPV chemical (1,000–5,000 tons) and that a large historical source of

this compound in the USA was Velsicol Chemical Corporation, St. Louis, Missouri

(now a part of Chemtura), which was shut down in the 1980s. In Japan, production of

HBBz was 270 tons in 1983 [64]. Although the total consumption of BFRs in Japan

increased between 1994 and 2001, the consumption of HBBz lay constant at about

350 tons/year [49]. In China, 600 tons of HBBz per year are produced at Shou Guang

Longfa Chemical Co. Ltd. (Qindao, Shandong Province, http://www.longfachem.

com, accessed March 2010). HBBz is marketed by the Japanese Nippoh Chemicals

Corp. as FR-B and is also marketed by Dayang Chemicals in China.

Apart from being commercially produced, there are other possible sources for

HBBz to the environment. HBBz was found to be the major product from pyrolysis

of Octa- and DecaBDE technical products [66]. Polymeric BFRs could be possible

sources of volatile brominated compounds even at low thermal stress. HBBz and

other volatile brominated organics were released from a pentabromobenzyl acrylate

oligomer (FR-1025, ICL Industrial Products, formerly Dead Sea Bromine Group,

Israel) at room temperature [67]. The release rate increased as temperature

increased (up to 100�C), suggesting that compounding of thermoplastics (done at

higher temperatures) could lead to the release to the environment, although fugacity

modeling indicated that concentrations found in outdoor air were better explained

by its use as a flame retardant. The maximum temperature of 100�C in the study is

well below the melting point for the polymer suggesting that the volatiles emitted

were present in the polymer, either as unreacted monomers or as impurities.

4.2 Abiotic Samples

HBBz was detected at low levels (0.02–0.09 pg/m3) in four outdoor air samples

collected at a rural/suburban location in Canada in 2005 [67]. A low concentration

of HBBz (0.48 ng/g dw) was also found in a sample of outdoor dust (from

atmospheric deposition) in Germany [68].

The HBBz concentrations in indoor air in Tokyo, Japan, ranged from <470 to

710 pg/m3 in houses and <470–950 pg/m3 in office buildings [69]. In outdoor air

sampled in connection with the indoor samples, no HBBz was found. HBBz was

also detected in laboratory air (500 pg/m3) and in migration samples from the floor

(0.5 mg/m2/h) [69].
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HBBz was occasionally detected in dust samples from 25 Czech households but

no concentration data were reported [25].

HBBz was detected but not analyzed quantitatively in four samples of scrap raw

materials from an aluminum recycling plant in Finland [70].

None of the 126 water samples from multiple sites in Japan collected in 1989 and

analyzed by the Environmental Agency of Japan had HBBz levels above the limit

of quantitation (<50 ng/L) [49].

In sediment samples collected in 1982 and analyzed by the Environmental Agency

of Japan, HBBz was detected in 3 out of 126 samples (range <0.9–4.3 ng/g dw) [49].

River sediment samples from Japan, collected during 1981–1983, contained HBBz at

6–60 ng/g dw and estuary sediments had lower concentrations (�0.5–6 ng/g dw) [65].

4.3 Biota

HBBz was not detected (<5 ng/g ww) in any of the 126 fish samples collected in

1982 and analyzed by the Environmental Agency of Japan [49]. No information on

collection sites was given.

Six pooled samples of juvenile common sole from three nursery zones along

the French Atlantic coast, collected in 2003 and 2004 were analyzed for a number

of BFRs. HBBz was detected in all samples with a concentration range of

0.03–4.3 ng/g lw [33].

Nyholm conducted two studies where zebrafish (Danio rerio) were fed a mixture

of BFRs, including HBBz, during 42 days. The first study was on maternal transfer

to eggs [71]), and the second on male fish to study uptake, elimination, and possible

biotransformation ([72]. HBBz levels were below (or just above) the limit of

quantitation in both studies but a possible metabolite, TeBBz, was detected. It

was concluded that the presence of TeBBz in eggs was due to maternal transfer

from the female zebrafish rather than metabolism in the eggs [71]. The TeBBz

levels increased in male zebrafish during the exposure period but it appeared to be

rapidly eliminated when the fish were fed untreated food [72].

A subset of peregrine falcon eggs from California, previously analyzed for

PBDEs, were analyzed for new BFRs. The eggs were collected during 1999–

2007 and selected because of their high PBDE levels and/or were from the most

recent years. According to the authors, HBBz was detected in most of the 19 eggs

analyzed although at much lower levels than the PBDEs [34]. No concentration

data were given.

Egg pools from seven colonies of herring gulls from the Laurentian Great

Lakes of North America collected between 1982 and 2006 were analyzed for a

number of BFRs to study spatial and temporal trends [35, 36]. HBBz was present in

all samples (range 0.10–3.9 ng/g ww), although at much lower levels than the

PBDEs (<0.2% of sumBDE). No temporal trends of HBBz were detected over the

25 year study period [36]. Comparable levels in eggs from across the Great Lakes
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suggest low-level, common origins of exposure to HBBz, possibly via atmospheric

transport.

The detection frequency of HBBz in male and female plasma and egg yolk

samples of glaucous gulls collected in 2006 from the Norwegian Arctic was high

[9]. The HBBz levels were the second highest of the non-BDE BFRs analyzed (after

a-HBCD). The frequency of HBBz detections were higher in male (47%) compared

to female (13%) plasma. The concentrations ranged from below the limit of

quantitation to 0.15 ng/g ww in male, and 0.1 ng/g ww in female plasma. All egg

yolk samples had detectable levels of HBBz with a mean of 1.1 ng/g ww (range

0.4–2.6 ng/g ww).

Low levels of HBBz were found in samples of polar bear adipose tissue collected

from East Greenland, but no quantitative information was given [73].

4.4 Humans

While HBBz was detected in three samples of human adipose tissue from Japan

(�0.5–1.8 ng/g lw) [64], no detectable levels were found in a screening study of

37 human adipose tissue samples from Finland [74]. In the Japanese study, the

possible metabolites of HBBz, Te- and PeBBz, were also detected, with TeBBz

constituting about 60–80% of the sumBBz [64].

Higher concentrations of HBBz were detected in mother’s milk and placenta

in Denmark than in Finland [75]. Mean concentration in Danish milk was

0.050 ng/g lw (range 0.005–0.50 ng/g lw, 77% detections) and 0.037 ng/g lw in

Finnish milk (range 0.012–0.120 ng/g lw, 48% detections). The Danish placenta

samples had higher concentrations of HBBz (mean 0.880 ng/g lw, range 0.071–

10 ng/g lw) than the Finnish (mean 0.120 ng/g lw, range 0.008–0.940), but the

frequency of detection was lower, 18 and 30%, respectively. PeBBz was also

detected in the samples, although at lower levels and frequencies than HBBz.

HBBz was detected in 26 out of 128 human blood serum samples from a

typical industrial metropolis in North China [41]. The median concentration was

0.27 ng/g lw (mean 0.46 ng/g lw, range 0.11–1.5 ng/g ww).

5 Pentabromoethylbenzene

5.1 Background

The main applications of pentabromoethylbenzene (PBEB), used as an additive BFR,

have been in thermoset polyester resins, circuit boards, textiles, adhesives, wire and

cable coatings, and polyurethane foam [6, 76]. PBEB was produced by Dead Sea

Bromine Group Ltd (now ICL Industrial Products) under the trade name FR-105
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mainly in the 1970s and 1980s in the US [6]. After 1986, no US production or import

volumes have been reported. In the EU, PBEB is classified as an LPV chemical [8],

while in the OSPAR list of chemicals with rankings of persistence, liability to bio-

accumulate, and toxicity it is marked as a chemical with no current production [77].

An additional identified source of PBEB emissions was from polymeric BFRs

[67]. PBEB was released from the polymer at room temperature and the emissions

increased several orders of magnitude when the polymer was exposed to thermal

stress, a situation that normally occurs during compounding of thermoplastic

polyesters. The prevalent concentrations of PBEB in air from the Great Lakes

could, however, not be explained by the release from polymeric BFRs but are

more likely to derive from the use of PBEB as an additive.

5.2 Abiotic Samples

Hoh et al. [6] found comparably high levels, 520 pg/m3, of PBEB in air samples

from Chicago in the summer of 2003. The concentrations exceeded that of the tri-

decaBDEs, by almost one order of magnitude. The samples also contained a

number of other early eluting brominated compounds identified as tetrabromochloro-

ethylbenzene and tentatively congeners of tetrabromoethylbenzene. These com-

pounds were also present in the analytical PBEB standard (98% purity) purchased

for quantification which made the authors suggest them to be byproducts formed

during synthesis and/or environmental debromination products. Both PBEB and its

impurities were detectable but below the detection limit in other sampling sites

studied during the same period as well as in Chicago air samples collected previ-

ously [6]. PBEB was also reported in air samples collected near Oxford in the south

of England at a concentration of 30 pg/m3, which exceeded the concentrations of

SPBDEs [78]. Only one of four air samples from Egbert, 70 km north of Toronto,

Canada contained PBEB [67]. The level was low (0.1 pg/m3), and together with

pentabromotoluene (PBT) and HBBz, the concentrations comprised only 1.5% of

the BDE-47 concentration in the sample. PBEB was also occasionally present in

dust collected in Czech households (no levels reported) [25].

Scrap samples of raw material from an aluminum recycling plant (filter dust,

cyclone dust, and light fluff from an electronic crusher and a car shredder)

contained PBEB but no concentrations were reported [70].

Although PBEB was detected in air samples, neither PBEB nor any of its

proposed lower brominated byproducts were found in a sediment core taken in

Lake Michigan [6].

5.3 Biota

A number of non-PBDE flame retardants were analyzed in archived Lake Ontario

lake trout whole-body homogenates collected between 1974 and 2004 [32]. The
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PBEB concentrations in the lake trout ranged from 17 to 320 ng/g lw, and showed

no significant trend over the sampling period. The authors conclude that the lack of

a decreasing trend after this period may support more recent emissions.

The dietary absorption efficiency of PBEB in rainbow trout after a single dose

was 26% and the half-life was calculated to be 38 days [79].

Two studies report the presence of PBEB in avian species. PBEB was detected

in herring gull eggs from six colonies from the North American Great Lakes and

was present in all samples at concentrations up to 1.4 ng/g ww (7.6% lipid) [35].

Low levels of PBEB (up to 0.23 ng/g ww) were detected in egg yolk from glaucous

gulls collected in the Norwegian Arctic [9]. The levels were about 15 times lower

than in pooled herring gulls eggs reported by Gauthier et al. [35]. PBEB was

detected in all yolk samples (n = 31) but represented only 0.04% of the sum of the

18 brominated substances. In contrast to PBT, PBEB was not identified in glaucous

gull plasma samples. Still, its presence and detection frequency in yolk indicate

that PBEB undergoes long range transport and that it is maternally transferred

to eggs.

5.4 Humans

PBEB was included but not detected in a survey of BFRs in 128 serum samples

from office cleaners, university students, and policemen from an industrial region in

North China [41].

6 Pentabromotoluene

6.1 Background

PBT is an additive flame retardant used in unsaturated polyesters, polyethylene,

polypropylenes, polystyrenes, textiles, and rubbers [76]. The production volume

is categorized as moderate (1,000–5,000 tons/year). Commercial trade names

are Flammex 5-BT from Berk Ltd. (U.K.) [80] and FR-105 from Ameribrom, a

subsidiary of the Dead Sea Bromine Group (ICL Industrial Products) and Chemtura

[35]. PBT is listed as an LPV chemical in the EU [8]. In China, 600 tons of PBT per

year are produced at Shou Guang Longfa Chemical Co. Ltd. (Qindao, Shandong

Province, http://www.longfachem.com, accessed March 2010).

Like HBBz and PBEB, PBT may be released from polymeric BFRs when

exposed to thermal stress [67]. The rate at which PBT was released from the

polymeric BFRs exceeded that of PBEB and HBBz. Furthermore, PBT may be

formed from thermal decomposition of DBDPE. Cleavage of the aliphatic bridge

and the evolution of PBT constituted the major pathway for the decomposition of
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DBDPE treated polystyrene while the decomposition of BDE-209 resulted in ring

closure forming brominated dibenzofurans [81]. Both pathways included partially

debrominated homologues.

6.2 Abiotic Samples

Low levels of PBT (<0.01–0.02 pg/m3) were detected in one of four air samples

collected at the sampling station of Egbert, 70 km north of Toronto, Canada [67].

PBT was occasionally detected in dust from 26 Czech households [25].

The presence of PBT and its lower brominated homologues (di- and triBT) was

positively confirmed in water from the Western Scheldt area in the Netherlands

[82]. Generally the levels of the dibrominated toluenes exceeded PBT, which was

quantified to be 2.4 ng/L in one of the four samples (<0.1 ng/L in the remaining

samples).

A number of brominated and mixed brominated and chlorinated toluenes includ-

ing PBT were detected in surface sediment samples from the Rivers Havel and

Spree close to Berlin, Germany [83]. The concentrations for PBT ranged from <1

to 25 ng/g dw. Lower levels were measured in sediment and suspended particulate

matter from the Western Scheldt area in the Netherlands [29]. PBT concentrations

were in the range of 0.01–0.33 ng/g dw.

PBT was identified already in 1975 in sewage sludge from Sweden [80]. The

levels ranged from 8,000 to �180,000 ng/g dw, tentatively quantified versus the

technical product. The sludge also contained two isomers of tetrabromotoluene,

isomers that also were present in the technical product Flammex 5BT. Low levels of

PBT (<100 ng/g) were found in soil amended with sludge and in barley.

6.3 Biota

Liver and muscle samples from perch and pike possibly exposed to PBT via

effluents from a WWTP had PBT levels below the detection limit (<30 ng/g ww)

[80]. The absorption efficiency of PBT was determined to be 18–28% after a single

oral dose of a mixture of brominated and chlorinated chemicals and the half-life

was 13–23 days in rainbow trout [79] and up to 83 days in Atlantic salmon [84].

PBT was among the non-PBDE BFRs detected in pooled herring gull eggs from the

Great Lakes in North America [35]. The levels were the lowest of the non-PBDEs

measured (0.004–0.02 ng/g ww) comprising less than 0.05% of the sum of BDE-47,

-99, and -100.

PBT was detected in both egg yolk and plasma from glaucous gulls captured in

the Norwegian Arctic [9]. The levels reported were <0.04–0.15 ng/g ww in plasma

and <0.02–0.12 ng/g ww in egg yolk.
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6.4 Humans

PBT was included in a screening study of Finnish human adipose tissue but was not

detected in any of the samples [74].

7 Tetrabromobisphenol A Derivatives

7.1 Background

Tetrabromobisphenol A diallyl ether (TBBPA-DAE) is used as a reactive flame

retardant in polystyrene foams but also as an additive flame retardant in expanded

polystyrene and polystyrene foams. It is produced by Chemtura under the trade

name BE-51 (http://www.chemtura.com, accessed March 2010). The US produc-

tion volume in 2006 was <230 metric tons [85] and it is listed as an LPV chemical

in the EU [8]. Tetrabromobisphenol A 2,3-dibromopropyl ether (TBBPA-DBPE) is

used as an additive flame retardant in polyolefin resins and polystyrene [86]. It is

produced under the trade names PE-68 (Chemtura) and FR-720 (ICL Industrial

Products) [72]. US production in 2006 was <4,500 metric tons [85] and it is

listed as an LPV chemical in the EU [8]. JiangSu HaoHua Fine Chemical Co.,

Ltd (Jiangsu Province) in China produces 3,000 metric tons/year (http://www.

huadingchem.com, accessed March 2010). Weidong International Group, Ltd.

(Weifang, Shandong Province, China) also produces TBBPA-DBPE (http://www.

oceanchemical.en.ecplaza.net, accessed March 2010). Tetrabromobisphenol A

dihydroxyethyl ether (TBBPA-DHEE) is used as an additive flame retardant in

engineering polymers and coatings [87]. It is produced by Chemtura under the trade

names BA-50P and BA-50 and has previously been produced by Teijin Chemicals

Ltd. (Japan) under the trade name Fireguard 3600. The data base is inadequate for

an evaluation or to support its use commercially [87]. No information on production

volumes is available for TBBPA-DHEE for the US but it is listed as an LPV

chemical in the EU [8].

TBBPA-DAE and TBBPA-DBPE are neutral compounds, DAE being very

resistant towards hydrolysis and DBPE being rapidly dehydrohalogenated [88].

TBBPA-DHEE is a dihydroxylated compound, most probably not affected by

environmentally relevant pH because of a likely high pKa (�15), [89]. The

TBBPA family is very hydrophobic and, considering environmental partitioning,

its members would preferably adsorb to solids [89]. If present in the atmosphere,

TBBPA-DBPE and TBBPA-DAE will, because of their low volatility, be attached

to particles and hence their atmospheric transport behavior will be determined by

particle transport [90]. Their molecular size is much larger and volatility much

lower than that of substances typically believed to have the potential to become

Arctic contaminants, but were included in a list of substances potentially relevant

for further investigation and monitoring because of their type of usage, both being
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additive BFRs [90]. They are considered LPV compounds with low potential for

long range atmospheric transport and low bioaccumulative potential as is generally

the case with compounds having molecular weights close to or above 700 Da. Their

overall persistence is probably high (estimated to >500 days [90]), because of their

association with particles. They may have similar transport mechanisms in the

environment as BDE-209 [91] and thus a likelihood of becoming global pollutants.

7.2 Abiotic Samples

Findings of these chemicals in environmental samples are scarce. TBBPA-DBPE

was indicated qualitatively in indoor dust from Swedish homes [92]. It was also

detected in outdoor dust (atmospheric deposition) collected from a metal surface

near the artificial stream and pond system in Berlin-Marienfelde in Germany [68] at

a higher concentration (1,300 ng/g dw) than BDE-209 (730 ng/g dw).

TBBPA-DBPE was below the detection limit in German sediment (<10 ng/g)

and sewage sludge (<22 ng/g) [93] but was detected in sediment (<1.5–2,300 ng/g

dw), outdoor air (130–1,240 pg/m3), sewage sludge (240–8,900 ng/g dw), and soil

(17–60 ng/g dw) from the PRD, in southern China, known for its electronic and

electrical manufacturing [7]. The levels in sediments from 2006 were higher than

in those taken in 2002 from the same sites. In outdoor dust and soil samples from an

e-waste recycling area north of the PRD, the TBBPA-DBPE concentrations were

below detection limits. The e-waste is to a large extent imported from abroad. The

authors interpreted the different patterns of TBBPA-DBPE for the two areas as

indication of different uses. The e-waste site is affected more by usage of older, now

discontinued BFRs while the PRD samples reflect the introduction of replacement

BFRs.

7.3 Biota

TBBPA-DAE was detected in 5 out of 30 Lake Ontario lake trout samples (0.2–

1.7 ng/g ww) collected between 1997 and 2004 [60]. TBBPA-DBPE was analyzed

for in watercock and three farmed fish species near an e-waste recycling area in

southern China, but levels were below the detection limit [7].

Nyholm et al. [71, 72] conducted two studies where zebrafish were fed a mixture

of BFRs, including TBBPA-DHEE and TBBPA-DBPE for 42 days. In the first

study of maternal transfer to eggs, TBBPA-DHEE was not detected but TBBPA-

DBPE was absorbed by the fish and transferred to the eggs (egg/fish ratio of >1 on

lipid weight basis) [71]. In the second study on male fish, TBBPA-DHEE levels

were not quantified because of low recovery but TBBPA-DBPE was found to be

taken up and eliminated rapidly [72].
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In rats, TBBPA-DBPEwas absorbed poorly, but the small amounts that were taken

up accumulated in the liver were metabolized slowly and eliminated via feces [94].

8 Bis(2-ethylhexyl) Tetrabromophthalate and

2-Ethylhexyltetrabromobenzoate

8.1 Background

Bis(2-ethylhexyl) tetrabromophthalate (TBPH) is used as a plasticizer in polyvi-

nylchloride (PVC) plastic and neoprene rubber [86] as well as in wire and cable

insulation, film and sheeting, carpet backing, coated fabrics, wall coverings, and

adhesives (http://www.chemtura.com, accessed March 2010). TBPH is also used,

together with 2-ethylhexyltetrabromobenzoate (TBB), in the additive flame retar-

dant product Firemaster 550, produced since 2003 by Chemtura as a replacement

for PentaBDE in polyurethane foam applications [22]. The approximate ratio of

TBB to TBPH in Firemaster 550 is 4:1 by mass [22]. Davis and Stapleton [95] also

report that TBB and TBPH are found in the fire retardant BZ-54, and TBPH is

present in a mixture called DP-45, both produced by Chemtura. US production

volumes of TBPH were 450–4,500 metric tons/year from 1990 to 2006 [85, 96]. No

production information after 2006 is available for TBPH. There is no production

information available for TBB. In laboratory photodegradation experiments, TBB

and TBPH have both been shown to undergo sequential reductive debromination,

possibly down to nonbrominated degradation products [95]. For TBPH, this could

lead to the formation of bis(2-ethylhexyl)-phthalate (DEHP), a plasticizer which is

currently restricted or banned for specific uses in many countries.

8.2 Abiotic Samples

TBPH was recently found in dust samples from 19 homes in Boston, Massachusetts,

USA, at concentrations ranging from 1.5 to 10,630 ng/g dw [22]. The highest

geometric mean concentrations were found in researcher-collected dust from the

main living area (234 ng/g dw), followed by the bedroom (105 ng/g dw) and

vacuum cleaner dust (65.8 ng/g dw). In the same study, Stapleton et al. [22]

found TBB concentrations ranging from <6.6 to 15,030 ng/g dw, with highest

geometric mean concentrations in dust from the main living area (322 ng/g dw),

followed by the home vacuum cleaner bag (91.1 ng/g dw) and the bedroom

(90.4 ng/g dw). These concentrations were similar or somewhat lower than that

found for HBCD in the same samples. The ratio of TBB/TBPH in dust ranged

from 0.05 to 50, indicating different sources or fate in indoor environments.
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Stapleton et al. [22] also found TBPH, but not TBB in the standard reference

material dust (NIST SRM 2585).

In an additional 50 house dust samples collected from vacuum cleaner bags from

homes in Boston, TBPH was found in 60% and TBB in 44% of the samples [23].

Geometric mean TBPH and TBB concentrations were 650 ng/g dw (range <300–

47,110 ng/g dw) and 840 ng/g dw (range <450–75,000 ng/g dw), respectively.

In a screening study of foam from 26 pieces of furniture bought in the USA

between 2003 and 2009, TBB and TBPH were both detected in one sample at 4.2%

by weight [23].

TBPH and TBB have been detected in sewage sludge from two wastewater

treatment plants in San Francisco, California, US [97–99]. Concentrations for TBB

ranged from 40 to 1,412 ng/g dw and for TBPH, 57–515 ng/g dw and were in the

same range as or higher than concentrations of HBCD and BDE-209.

8.3 Biota

A commercial dietary cod liver oil supplement using Norwegian cod liver oil, was

analyzed for a large number of organohalogen compounds [100]. Among these,

TBB and TBPH were identified. However, they were also detected in the blank

samples after clean up using gel permeation chromatography (GPC), and the

authors concluded that the clean up step contaminated the cod liver oil extract.

They compared the cod liver oil extract and blank with the Firemaster 550 technical

product and concluded that this was the source of both chemicals, but could not

explain how the contamination occurred.

Blubber samples from stranded Indo-Pacific humpback dolphins (Sousa
chinensis) and finless porpoises (Neophocaena phocaenoides) were analyzed for

TBB and TBPH [101]. Samples were collected from Hong Kong, south China

during 2002–2008. Mean TBB concentrations were 5.6 ng/g lw in the porpoises but

below the detection limit (<0.04 ng/g lw) in the dolphins. Mean TBPH concentra-

tions were 342 ng/g lw in the porpoises and 0.51 ng/g lw in the dolphins, with TBB:

TBPH ratios ranging from 0.0003 to 3. These concentrations were much lower than

those found for PBDEs in the same samples. However, TBPH concentrations in the

porpoises were higher than HBCD concentrations [101].

9 1,2-Dibromo-4-(1,2-dibromoethyl)cyclohexane

9.1 Background

Commercial 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane (TBECH) is marketed

by Albemarle as Saytex BCL-462 and contains equal amounts of the two dia-

stereomers, a- and b-TBECH [36, 102]. It is an additive flame retardant used
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in expandable polystyrene beads for house insulation, extruded polystyrene, for

adhesives in fabric, electrical cable coatings, high impact plastic in appliances, and

some construction materials [86] (http://www.albemarle.com, accessed March

2010). U.S. production volumes were 4.5–230 metric tons/year from 1986 to

2002 [96]. No production information is available after this time point. TBECH

undergoes some thermal rearrangement to g– and d-TBECH at temperatures above

120�C, which could be expected to occur at the high temperatures used to incorpo-

rate it into products [103]. Muir and Howard [104] reviewed screening and catego-

rization studies of chemicals in commerce with high predicted bioconcentration

potential, low biodegradation rates, and long range atmospheric transport potential.

TBECH was one of the 30 chemicals included in their list.

9.2 Sediment

In a screening of a broad range of chemicals, TBECH was identified in one

sediment sample collected in 1996 from the dry channel near a discharge pipe of

the Frutarom VCM/PVC plant near Haifa, Israel [105]. No quantitative data were

given however.

9.3 Biota

In two laboratory studies, zebrafish were fed a diet containing 11 BFRs including

TBECH for 42 days [71, 72]. In the study of maternal transfer from female fish to

eggs, TBECH was found in both, indicating that TBECH is absorbed and can be

transferred to the eggs [71]. The second study on male fish showed a high uptake

efficiency from the gut (>60%), but rapid elimination, with a half-life of less than

2 days [72]. However, after the 2-week elimination period, the fish still had

detectable levels of TBECH as well as HBCD and several PBDEs, indicating that

TBECH has bioaccumulation potential.

STBECH (sum of a- and b-TBECH isomers) was analyzed in herring gull eggs

collected from seven colonies on theGreat Lakes between 1982 and 2006 [36]. TBECH

was found in eggs from all seven colonies with mean STBECH for 2006 ranging from

0.11 to 0.54 ng/g ww. The highest concentration was found in eggs from Channel-

Shelter Island, Lake Huron. STBECH was also found in eggs from all years studied at

each site, but no temporal trends were discernible. However, the isomer pattern did

differ between sites and years, with the b-TBECH isomer being predominant [36].

In support of the predictions of Muir and Howard [104], Tomy et al. [103]

identified and quantified TBECH in Canadian Arctic beluga (Delphinapterus leu-
cas). Beluga blubber samples from males were obtained from four Arctic sites in

2003, 2005, and 2006 and analyzed on a diastereomer basis. Only the b-TBECH
isomer was found, at concentrations of 1.1–9.3 ng/g lw. These concentrations were

in the same range as of HBCD, but about ten times lower than that of PBDEs.
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10 2,4,6-Tribromophenol

10.1 Background

The commercial 2,4,6-tribromophenol (TBP) product is produced by Chemtura

under the trade name PH-73FF and by ICL Industrial Products under the trade name

FR-613. It is used as a reactive flame retardant, an antifungal agent (e.g., wood

treatment), and as a chemical intermediate (http://www.chemtura.com, http://www.

icl-group.com, accessed March 2010). U.S. production was 4,500 to <23,000

metric tons in 2006 and it is considered a high production volume chemical

(HPV) in the EU [8]. Japanese production in 2001 was 3,600 metric tons [49]. In

China, TBP is produced by Weidong International Group, Ltd. (Weifang, Shan-

dong, http://www.oceanchemical.en.ecplaza.net, accessed March 2010). 2,4,6-TBP

is also produced naturally by marine algae [106–108] and polychaetes [109]. It may

also be formed metabolically from some PBDEs [110] and is a by-product in

commercial BTBPE productions [111]. Thus there are multiple sources of TBP

that may explain its presence in various environmental compartments. On reading

the literature, its presence in the marine environment, i.e., water [112], sediments

[113], invertebrates [114], and fish [115, 116] seems to be the result of its presence

as a natural product. Its presence on vegetation collected near sawmills is probably

related to its use as a fungicide on wood products [117]. TBP has also been found in

marine birds and polar bears [116] at low concentrations, with possible origins

speculated to be from metabolism of hydroxy-PBDEs and methoxy-PBDEs. These

compounds in turn may be present largely as a result of natural production from

marine organisms [118–120].

10.2 Abiotic Samples

Perhaps the best evidence of TBP presence due to its use as a flame retardant or as a

by-product in other BFRs is from the indoor environment. Takigami et al. [121]

found that indoor air concentrations inside two Japanese homes were much higher

(range 220–690 pg/m3) than air concentrations outside the homes (49 and 73 pg/m3).

The authors also found high bromine contents in various electronic equipment

as well as some textiles in the homes indicating that TBP and other BFRs were

released from flame-retarded materials in the homes. TBP air concentrations were

higher than those of HBCD, TBBPA, BDE-209, and SPBDEs. Dust samples from

the two homes had TBP concentrations of 15 and 30 ng/g, which were lower than

concentrations for HBCD, TBBPA, BDE-209, and SPBDEs.
In a study of BFRs, TBP was found in air samples from 18 houses and 14

offices in Tokyo, Japan in 2002 [69]. TBP air concentrations ranged from not

detectable level to 6,800 pg/m3. For outdoor air, TBP concentrations were below

the detection limit.
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Indoor air (passive sampling) and dust were sampled in 2006 for BFRs from

various rooms of a Japanese hotel in Osaka [50]. Unfortunately, data are only given

for the sum of four tribromophenols, including TBP, and these ranged from 1.6 to

380 ng/g in dust and 12 and 70 ng/g in air sample (no air volumes were reported).

House dust from 19 houses and 14 offices collected from Japan in 2005 were

analyzed for TBP [111]. TBP was a major phenolic component with higher con-

centrations in offices (median 90 ng/g, range 27–620 ng/g) than in houses (median

34 ng/g, range 16–130 ng/g).

TBP has been found in sewage sludge in a study of 22 wastewater treatment

plants in Sweden [122]. Concentrations ranged from not detectable level to 0.9 ng/g

ww, which were lower than those of PBDEs and TBBPA. TBP was also found in

16% of leachate samples from 38 municipal solid waste landfill sites in Japan, with

a mean concentration of 21 ng/L (range <3–430 ng/L) [123].

10.3 Biota

Nyholm et al. [71, 72] conducted two studies where zebrafish were fed a mixture of

BFRs, including TBP for 42 days. In the study of maternal transfer, TBP was found

in both the female fish and the eggs [71]. In the second study, TBP was found to

have a relatively high uptake rate (45%) but was eliminated rapidly in the male

fish [72].

10.4 Humans

TBP was identified but not quantified in human plasma samples from Sweden

[124]. Thomsen et al. [125] included TBP in a study of BFRs in plasma from

three different occupational groups from Norway. Mean TBP concentrations were

24 ng/g lw (range 4.7–81 ng/g lw) in electronics dismantlers, 31 ng/g lw (range

8.7–65 ng/g lw) in circuit board producers, and 11 ng/g lw (range 0.17–28 ng/g lw)

in laboratory personnel (nonexposed). No statistically significant difference was

found between the three groups and diet was indicated to be the main exposure

route for TBP. The TBP concentrations were higher than tri-heptaBDE and TBBPA

concentrations.

Thomsen et al. [126] also studied temporal and age trends of BFRs in human

plasma from Norway, including TBP. The mean TBP concentration in plasma

samples from 1999 was 0.3 ng/g lw and no temporal trends were seen from 1977

to 1999, unlike the tri-hexaBDEs which increased with time. There was also no

clear age trend, unlike the mean for tri-hexaBDE concentration where the highest

concentrations were found in the 0–4 year-old group. For TBP, highest concen-

trations were found in the 25–59 year-old women (26 ng/g lw) and in the 4–14 year-

old group (14 ng/g lw).
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In a study of BFRs in Canadian Inuit from Nunavik, Quebec, plasma samples

were found to contain a geometric mean TBP concentration of 58 ng/L or approxi-

mately 9.4 ng/g lw [127]. These concentrations were somewhat higher than those of

BDE-47 and -153 and in the same range as those found in Norway. TBP concentra-

tions were not explained by dietary intake measures (marine based diet, western

diet) and were not correlated to PBDE concentrations, ruling out their presence as

metabolites of these. The authors concluded that, at present, there is no clear

explanation for TBP exposure routes in this population.

In the US (Indiana), Qiu et al. [110] found mean TBP concentrations of

5.6 ng/g lw in fetal plasma and 0.8 ng/g lw in maternal plasma. TBP concentrations

were lower than the sum of the concentrations of tri-hexaBDEs.

In the only study of human breast milk, Ohta et al. [128] found TBP to be present

but only as a minor portion of the total tribromophenol content.

11 2,4,6-Tribromophenyl Allyl Ether and

2,3-Dibromopropyl-2,4,6-tribromophenyl Ether

11.1 Background

2,4,6-Tribromophenyl allyl ether (ATE) is marketed by Chemtura as PHE-65 and

recommended as a reactive [90, 129] and an additive FR for expanded polystyrene

and foamed polystyrene (http://www.chemtura.com, accessed March 2010). It may

also be used as a synergist for aromatic bromine containing FRs in applications

where maximum process temperatures do not exceed 150�C. ATE can also be

formed from anaerobic degradation of 2,3-dibromopropyl-2,4,6-tribromophenyl

ether (DPTE, CAS 35109-60-5) and is probably also formed metabolically [130].

ATE is listed as an LPV chemical in the EU [8]. The US production volume of ATE

in 2006 was <227 metric tons [85].

In a screening exercise, ATE was one of 120 chemicals identified to be structur-

ally similar to known Arctic contaminants and/or have partitioning properties that

suggest that they are potential Arctic contaminants [131]. ATE was defined as a

multihopper compound with partitioning properties that make it exceptionally

susceptible to becoming an Arctic contaminant [90].

2,3-Dibromopropyl-2,4,6-tribromophenyl ether (DPTE) was manufactured by

Chemische Fabrik Kalk in Germany under the trade name Bromkal 73-5PE until the

mid-1980s but seems to no longer be a commercial product [132].

11.2 Sewage Sludge

ATE was detected in 15 of 18 municipal sewage sludge samples in Germany

from ten different plants (<5–91 ng/g dw) (Weisser, 1992 cited in [90]. DPTE
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was also detected in 12 of the samples (<25–600 ng/g dw). The mean ATE/DPTE

ratio was 0.17.

11.3 Biota

DPTE has been detected in fish from the north Pacific and the south Atlantic as

summarized in Vetter et al. [132]. ATE was screened for but not detected in Great

Lakes herring gull eggs [36].

ATE was detected in blubber (5.4–9.1 ng/g ww) and brain (3.1–10 ng/g ww)

samples of harp seals (Phoca groenlandica) from the Barents and Greenland Seas

[130]. DPTE was the predominant organobromine compound in these samples

(blubber 322–470 ng/g ww, brain 130–340 ng/g ww). 2-Bromoallyl-2,4,6-tribro-

mophenyl ether (BATE) was also present in the samples at about the same con-

centrations as ATE. The ATE/DPTE and BATE/DPTE ratios were 0.018 and 0.015

respectively in blubber and 0.030 and 0.019 respectively in brain. The general co-

occurrence of ATE and BATE indicates that the source for ATE in these samples

was from the biotransformation of DPTE. In brain, as opposed to blubber extracts,

PBDEs were virtually absent, indicating that ATE, DPTE, and BATE penetrate the

blood–brain barrier to a much higher degree [130].

12 Hexachlorocyclopentadienyldibromocyclooctane

12.1 Background

There is very little information on this chemical in the open literature. No informa-

tion has been found on producers or production volumes. Hexachlorocyclopenta-

dienyldibromocyclooctane (HCDBCO) is marketed by Wellington Laboratories as

a reference standard. It has been reported to be used as a flame retardant in “styrenic

polymers” [76]. Structurally it belongs to a group of halogenated norbornane flame

retardants, which is a subgroup of alicyclic halogenated flame retardants. HCDBCO

is unusual as it contains both chlorine and bromine atoms. According to Riddell

et al. [133] it was first described as a BFR agent in a US patent in 1975. HCDBCO

exists as a pair of enantiomers. No information is available on production volumes

in the US or in the EU.

12.2 Indoor Air and Dust

The only environmental findings of HCDBCO seem to be from the indoor environ-

ment, i.e., in residential indoor air and dust collected during 2002–2003 in Ottawa,
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Canada. In 44 out of 55 indoor air samples, the HCDBCO levels were above the

detection limits [134]. The median HCDBCO air concentration (66 pg/m3) was

higher than that found for the major PBDEs (BDE-47 (66 pg/m3), and BDE-99

(15 pg/m3)), and the maximum HCDBCO concentration (3,000 pg/m3), was almost

twice the maximum BDE-47 concentration. The median HCDBCO concentration

in dust was 2.0 ng/g and this was lower than the median concentrations of major

PBDEs (BDE-99 (430 ng/g) and BDE-209 (630 ng/g)). The maximum measured

HCDBCO concentration in dust (93,000 ng/g) was however higher than both BDE-

99 (60,000 ng/g) and BDE-209 (10,000 ng/g) concentrations [134]. Air and dust

levels did not correlate.

12.3 Fish and Mammals

There are a few reports where HCDBCO was analyzed for in environmental

samples but not detected. All 50 blubber samples from marine mammals (Hong

Kong, China) had concentrations below the detection limit (0.04 ng/g lw), [101].

Likewise, HCDBCO levels in all 22 fish samples from Great Lakes were below the

limit of quantitation (0.39 ng/g, probably fw) [135].

13 Tris(2,3-dibromopropyl) Isocyanurate

13.1 Background

Structurally tris(2,3-dibromopropyl) isocyanurate (TBC) belongs to the group of

heterocyclic flame retardants with a triazine ring. It is used as an additive flame

retardant in a variety of polymeric materials, e.g., glass fiber reinforced plastics

and polyurethane and is also used widely in polyolefin, PVC, polyphenyl alkenes,

ABS, unsaturated polyester, synthetic rubber, and fiber (reference to a document in

Chinese in [136]). It is added at about 5–10% w/w. The production in China began

in the mid-1980s, and was �500 metric tons/year in 1996 [136]. It is marketed by a

number of Chinese companies under several trade names. It is considered an LPV

chemical in the EU [8].

13.2 Environmental Levels

TBC has been detected in the vicinity of a manufacturing plant in southern China.

Ruan et al. [136] sampled river water and surface sediment upstream and down-

stream (several sites) from the factory, and soil and earthworms upwind and
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downwind (predominant wind direction) at several sites. The concentrations ranged

from 2.3 to 160 ng/L in river water, 85–6,000 ng/g dw in surface sediment,

20–670 ng/g dw in soil, and 9.8–79 ng/g dw in earthworms, with a trend of

decreasing concentrations with distance from the factory. It was assumed that soil

concentrations could be the result of dust deposition and river water irrigation. TBC

concentrations in common carp sampled 6 km downstream from the outlet were

12–650 ng/g dw. The distribution was uneven in carp tissues and organs, indicating

accumulation in the fat-rich organs such as brain and adipose [136].

14 Tetrabromophthalic Anhydride

14.1 Background

Tetrabromophthalic anhydride (TBPA) is used as a reactive BFR in unsaturated or

saturated polyesters, polyols, esters, and imides (http://www.albemarle.com,

accessed March 2010), and is marketed as PHT4 by Chemtura and Saytex RB-49

by Albemarle. Its derivatives have been used as FRs in applications as diverse as

rigid polyurethane polyols, wire coatings, and wool (http://www.chemtura.com,

accessed March 2010). The US production volume in 2006 was 4,500 to <23,000

tons [85]. In Europe TBPA is registered as an LPV chemical [8].

14.2 Environmental Levels

TBPA was detected in cod liver oil samples, most probably because of blank

problems (GPC) and thermal degradation of TBB and TBPH in the GC–MS system

[100]. It was not detected in Dutch sediments and suspended particulate matter [29].

TBPA is on the list of chemicals predicted to become Arctic contaminants because

of its structural similarity to known Arctic contaminants [131].

15 1,2,5,6-Tetrabromocyclooctane

15.1 Background

1,2,5,6-Tetrabromocyclooctane (TBCO) is an additive flame retardant marketed by

Albemarle Corporation under the trade name Saytex BCL-48 [36]. No information

is available on production volumes in the US or in the EU. TBCO can exist as

two diastereomers that can easily interconvert thermally [137]. TBCO meets the

EU criteria as a potential aquatic hazardous substance and a very persistent and
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bioaccumulative substance [129], and is on the Canadian nondomestic substances

list with as much as 10 metric tons/year being currently imported into Canada [137].

15.2 Birds

TBCO was detected in herring gull eggs from the Great Lakes, in North America,

but was not quantifiable [36].

16 Octabromo-1,3,3-trimethyl-1-phenylindane

16.1 Background

There is no information on octabromo-1,3,3-trimethyl-1-phenylindane (OBIND)

production volumes. It has previously been manufactured by Dead Sea Bromine

Group (now ICL Industrial Products) as FR-1808.

16.2 Environmental Levels

OBIND was found to be present as a contaminant in the feed additive choline

chloride at 0.140–0.700 ng/g [138]. OBIND was occasionally detected in dust

samples from Czech households but no concentration data were reported [25].

Leonards et al. [51] found maximum OBIND concentrations of 1 ng/g dw in

sediments from two locations in the Western Scheldt.

OBIND was screened for and detected in herring gull eggs from the Great Lakes,

North America, but was not quantifiable [36].

17 Other

Lopez et al. [29] quantified pentabromocyclohexane, 2,3,5,6-tetrabromo-p-xylene,
and tetrabromo-o-chlorotoluene in sediments and suspended particulate material

from several sites in the Western Scheldt of the Netherlands.

18 Conclusions

The database on the environmental occurrence of emerging BFRs is small. The best

studied emerging BFRs are BTBPE and DBDPE, with some data for HBBz, PBEB,

PBT, TBBPA derivatives, TBB, TBPH, TBECH, and TBP, and much less available
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for ATE, TBPA, TBCO, TBC, HCDBCO, and OBIND. There are many other BFRs

on the market but we found no environmental data on these. For those that have been

studied, the findings show that they are present in many environmental compartments

including biota. Indoor air concentrations are generally higher than outdoor air

concentrations, and where measured, they are even higher in occupational settings.

Many are found in indoor air and dust, indicating possible human exposure from this

pathway, but there are little human data available for evaluating the extent of

exposure to most of these BFRs. The presence of several of these compounds in

fish, birds, and mammals indicates that they are bioavailable, can be absorbed, and

accumulated and in some cases, bioaccumulation and biomagnification may occur.

Their presence in outdoor air and in the Arctic indicates that several are capable of

long range atmospheric transport. Higher concentrations are seen in samples near

BFR production facilities or manufacturing facilities using BFRs, making these point

sources to the environment. Many of the emerging BFRs are showing similar

environmental behavior as older BFRs, such as the PBDEs, that have recently been

banned or restricted. As many of these emerging BFRs are being used as replace-

ments for PBDEs, and the use of flame retardants is increasing because of more

stringent fire regulations, there is a risk that the emerging BFRs will also become

environmental problems. More data are therefore needed in order to determine if any

of these emerging BFRs poses a threat to the environment or to human health.
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