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During the last decade the importance of environmental issues related to mercury 
released to the atmosphere by major anthropogenic sources, which include, but are 
not limited to, power plants for energy production and a variety of industrial plants, 
has gained growing attention for their effects on human health and ecosystems.

In this framework the UNEP Mercury Programme started, beginning in 2002, a 
process to assess to what extent contamination by mercury released from anthropo-
genic and natural sources may affect human health and ecosystems. A number of 
concerted initiatives have been undertaken on a global scale to assess the current 
state of our knowledge regarding atmospheric mercury emissions and transport, 
its deposition to and evasion from terrestrial and aquatic ecosystems, and also to 
evaluate the relative contributions of natural and anthropogenic sources to the glo-
bal atmospheric mercury budget. At the beginning of 2005 the Governing Council 
of the United Nations Environment Programme (UNEP-GC) urged (Decision 23/9 
IV), governments, inter-governmental and nongovernmental organizations and the 
private sector to develop and implement partnerships as one approach to reducing 
the risks to human health and the environment from the release of mercury and its 
compounds, by improving global understanding of international mercury emission 
sources, fate and transport. In this framework, the UNEP Global Partnership for 
Mercury Air Transport and Fate Research (UNEP-MFTP) was initiated in 2005 
aiming to encourage collaborative research activities on different aspects of atmos-
pheric mercury cycling on local to hemispheric and global scales.

Members of the UNEP-MFTP are, Italy (lead), Canada, Japan, South Africa, 
United States, Electric Power Research Institute (EPRI), Natural Resources 
Defence Council (NRDC) and UNEP. Since 2005, the UNEP-MFTP has met four 
times. The first meeting was held in Madison, Wisconsin in conjunction with the 
8th International Conference of Mercury as a Global Pollutant, followed by the 
meeting in Gatineau, Quebec, Canada (9-10 January 2007) which aimed to dis-
cuss and define the elements included in Decision 23/9 IV. A 3rd meeting was held 
in Washington, D.C. on 10-11 October 2007 to review the Business Plan of the 
UNEP-MFTP, which was submitted (February 2008) to UNEP Chemicals, whereas 
the 4th meeting of the partnership was held in Rome (7-11 April 2008) in conjunc-
tion with the international workshop jointly organised by the UNEPMFTP and the 
Task Force on Hemispheric Transport of Air Pollution (TF HTAP) of the UNECE 
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Convention on Long-Range Transboundary Air Pollution, in which leading sci-
entists from all over the world presented their contributions to the UNEP-MFTP 
Technical Report.

This book is the technical report the UNEP-MFTP provided to UNEP 
Chemicals, governments, inter-governmental and non-governmental organisations 
as well as the private sector, as a contribution to the ongoing work within the Open-
Ended Working Group (OEWG) in charge of preparing the input to the next UNEP 
Governing Council. The book highlights major issues related to the interactions 
of mercury with terrestrial and aquatic ecosystems, and evaluates the relative con-
tribution of anthropogenic and natural sources to the global atmospheric mercury 
budget. The preparation of this report has been made possible thanks to the con-
tributions of all the members of the UNEP-MFTP, and of more than 70 scientists 
from leading universities and research institutions recognised as worldwide experts 
on different aspects related to the emissions, monitoring and modelling of mercury 
in the atmosphere and other environmental compartments. The draft of this report 
was delivered to UNEP Chemicals in February 2008 as a contribution to the Open-
Ended Mercury Working Group of UNEP Chemicals (meeting held in Bangkok in 
November 2008) and to the UNEP Governing Council (meeting held in Nairobi, 
February 2009).

Dr. Nicola Pirrone
Chair of the UNEP-MFTP

CNR-Institute for Atmospheric Pollution 
Rome, Italy
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Part I
Sources of Mercury Released 

to the Global Atmosphere



   Chapter 1   
 Global Mercury Emissions to the Atmosphere 
from Natural and Anthropogenic Sources       

     Nicola   Pirrone   ,    Sergio   Cinnirella   ,    Xinbin   Feng   ,    Robert B.   Finkelman   , 
   Hans R.   Friedli   ,    Joy   Leaner   ,    Rob   Mason   ,    Arun B.   Mukherjee   , 
   Glenn   Stracher   ,    David G.   Streets   , and    Kevin   Telmer      

  Summary   This chapter provides an up-to-date overview of global mercury emissions 
from natural and anthropogenic sources at country and regional/continental scale. 
The information reported in Chapters 2–8 is the basis of the assessment reported 
in this chapter, however, emissions data related to sources and regions not reported 
in chapters 2–8 have been derived, to the extent possible, from the most recent 
peer-reviewed literature and from official technical reports. Natural sources, which 
include the contribution from oceans and other surface waters, rocks, top soils and 
vegetation, volcanoes and other geothermal activities and biomass burning are 
estimated to release annually about 5207 Mg of mercury, part of which represent 
previously deposited anthropogenic and natural mercury from the atmosphere to 
ecosystem-receptors due to historic releases and part is a new contribution from 
natural reservoirs. Current anthropogenic sources, which include a large number 
of industrial point sources are estimated to release about 2909 Mg of mercury on 
an annual basis, the major contribution is from fossil fuel-fired power plants (1422 
Mg yr-1), artisanal small scale gold mining (400 Mg yr-1), waste disposal (187 Mg 
yr-1), non-ferrous metals manufacturing (310 Mg yr-1) and cement production (236 
Mg yr-1). Our current estimate of global emissions suggest that summing up the 
contribution from natural and anthropogenic sources nearly 8116 Mg of mercury 
is released annually to the global atmosphere. The evaluation of global emissions 
presented in this report differs from previous published assessments because in the 
past, emissions from several sources, i.e., forest fires and coal-bed fires have not 
been accounted for, and also because of improved knowledge of some anthropogenic 
and natural sources (i.e., emissions from oceans, vegetation) as suggested by the most 
up-to-date literature.    

  1.1 Introduction  

 Mercury is ubiquitous in the atmosphere, it has ground level background concentra-
tions which are almost constant over hemispheric scales; the southern hemisphere 
having a slightly lower concentration than the northern. Recent measurements of 

N. Pirrone and R. Mason (eds.), Mercury Fate and Transport in the Global Atmosphere, 3
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4 N. Pirrone et al.

free tropospheric air, from high altitude sites and from measurements made on 
board aircraft indicate that its concentration changes little up to the tropopause. In 
the stratosphere mercury has been identified associated with the stratospheric aero-
sol. The transport of mercury, therefore, occurs in the boundary layer, in the free 
troposphere and stratosphere; the fate of mercury, therefore, is determined by the 
different chemical environments that these regions of the atmosphere represent, the 
different physical and meteorological processes which occur in them and also by 
exchange between them (Pirrone et al.,  2000 ; Pirrone et al.,  2005 ; Hedgecock 
et al.,  2006 ; Lindberg et al.,  2007) . 

 The impact of energy resources exploitation, especially fossil fuel exploita-
tion, on ecosystems in terms of mercury contamination is threefold. Firstly, 
because fossil fueled power plants are the highest emitting anthropogenic emis-
sion source of mercury to the atmosphere. Secondly, because the other pollutants 
emitted as a result of fossil fuel exploitation, such as NO

x
 and SO

2
, have an 

impact on the atmospheric chemistry of mercury and influence its deposition 
patterns. While the previous two impacts are observable in the short term, the 
third is the medium to long term impact that exploitation of fossil fuels has on 
atmospheric mercury cycling, as a result of the release of greenhouse gases 
which contribute to climate change (Hedgecock and Pirrone,  2004 ; Eisenreich 
et al.  2005) . 

 Improved information on emissions, particularly emissions in Europe and North 
America, have contributed to further progress in assessment of the regional impacts 
of mercury on terrestrial and aquatic environments (Pirrone et al.,  2001a) . Major 
international activities to assess source - receptor relationships for mercury in the 
environment are developed as part of international conventions (i.e., UNECE-
LRTAP, OSPAR, HELCOM) and programmes (i.e., past EU funded projects, 
ACAPs, MERSA, UNEP). Policy makers in Europe have also taken the advantage 
of improved information on emissions to assess the effectiveness of measures 
aimed to reduce the impact of this highly toxic contaminant on human health and 
ecosystems. Following the preparation of the EU Position Paper on Ambient Air 
Pollution by mercury (Pirrone et al.,  2001c) , the EU adopted the European Mercury 
Strategy which is aimed to phase out the use of mercury in goods and industrial 
applications and reduce to the extent possible mercury emissions to the atmosphere 
from fossil fuels power plants and industrial facilities. In 2002 UNEP Chemicals 
released the first assessment (Global Mercury Assessment Report, GMA) on global 
mercury contamination (UNEP,  2002) . Since then, a number of activities have been 
developed in order to support the achievement of objectives set by the UNEP 
Governing Council (decisions 23/9 IV in 2005 and 24/3 IV in 2007) to continue and 
elaborate possible strategies and mechanisms aimed to phase out the use of mercury 
in a wide range of products and reduce, to the extent possible, the emissions from 
industrial plants. 

 The aim of this chapter is to provide an overview of mercury emissions to the 
atmosphere from major natural and anthropogenic sources during the last decade in 
each region of the world.  
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  1.2 Mercury Emissions from Natural Sources  

 Natural sources of mercury released to the atmosphere include volcanoes, soil and 
water surfaces, weathering processes of Earth crust and forest fires. Contributions 
vary in time and space depending on a number of factors including the presence of 
volcanic belts or geothermal activities, geological formations with high mercury 
concentration like cinnabar deposits, exchange processes between water and 
atmosphere, re-emission of previously deposited mercury from top soils and plants 
and forest fires (Pirrone et al.,  2001b ; Mason,  2008) . 

 The ratio between the relative contributions of anthropogenic and natural 
source categories may vary within a region and time of the year. On a global scale 
the contribution from industrial sources have been found ranging between 1660 
and 2200 Mg yr-1 (Pirrone et al.,  1996 ; Pacyna et al.,  2003,   2006b) , whereas emis-
sions from natural processes (which include emissions due to natural emissions as 
well as re-emissions of historic anthropogenic mercury) have been indicated as the 
major contribution (up to 60% of the total) to the global atmospheric mercury 
budget (Pirrone et al.,  1996 ;  2001b) . Among natural sources the emission from 
volcanoes, forest fires and surface waters represent a significant contribution and 
also emissions from contaminated soils in ancient mining industrial areas or 
particular geologic units rich in Hg (i.e. capgaronnite, cinnabar, cordierite) can 
also be significant (e.g., Ferrara et al.,  1998 ; Ferrara et al.,  2000a ; Ferrara et al., 
 2000b ; Gustin et al.,  2002) . Current estimate of mercury emissions from natural 
sources, without considering the contribution from biomass burning, is estimated 
to be 4532 Mg yr-1 (Mason,  2008) . 

  1.2.1 Volcanoes and Geothermal Activities 

 The contribution of volcanoes, which may be an important source at the local 
scale, varies over time depending if they are in the degassing or eruption phase. 
Mercury is emitted from volcanoes primarily as gaseous Hg0 and the Hg/SO

2
 ratio 

is generally adopted to estimate mercury emission, although it is very controver-
sial because of the paucity of relevant data and the orders of magnitude variation 
in all data types (Nriagu and Becker,  2003 ; Pyle and Mather,  2003 ; Mather and 
Pyle,  2004) . In our estimate an Hg/SO

2
 ratio of 1.18 ×10-5 for erupting volcanoes, 

1.16 ×10-5 for conti nuously degassing volcanoes and 5.88 ×10-6 for ash rich 
plumes has been used (Ferrara et al.,  2000b ; Nriagu and Becker,  2003 ; Mather 
and Pyle,  2004) . 

 Mercury emissions from calderas may represent an important natural source of 
mercury. The Phlegrean fields (Pozzuoli, Italy) have been monitored with a LIDAR 
system and steam fluxes of Hg associated as Hg-S complexes were in the range of 
0.9 to 4.5 g day-1 (Ferrara et al.,  1998) . Concentrations in condensed steam fluxes 
reported by Ferrara et al.  (1994)  were in the range of 2 to 690 ng m-3. 
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 On average, volcanoes and geothermal activities release to the atmosphere  ~ 90 
Mg yr-1 of mercury (Mason,  2008) , accounting for about< 2% of the contribution 
from natural sources.  

  1.2.2 Water Surfaces 

 Several studies suggest that the evasion of elemental mercury from surface waters is 
primarily driven by (1) the concentration gradient of mercury between top-water 
microlayer and air above the surface water, (2) solar irradiation, which is responsible 
for the photo-reduction of oxidised mercury in the top-water microlayer and (3) the 
temperature of the top-water microlayer and air above the surface water (air-water 
interface) (Pirrone et al.,  2003 ; Pirrone et al.,  2005 ; Hedgecock et al.,  2006) . 

 The evasion of mercury from lake surfaces is generally higher than that observed 
over the sea. Average emission rates in the North Sea were found in the range of 
1.6 to 2.5 ng m-2 hr-1 (Cossa et al.,  1996) , whereas higher values (5.8 ng m-2 hr-1) 
have been observed in the Scheldt outer estuary (Belgium) and over lakes in 
Sweden (up to 20.5 ng m-2 hr-1). In open sea, mercury emission rates were much 
lower (1.16-2.5 ng m-2 hr-1) and less variable between day and night, though 
dissolved mercury concentrations in the top water microlayer (6.0 ng L-1) were very 
similar to that observed in unpolluted coastal areas. On average, coastal waters and 
Mediterranean Sea have the highest evasional flux with 1.83 and 1.96 ng m-2 hr-1, 
respectively, while internal waters show a maximum net evasion of 2.39 ng m-2 hr-1 

(Pirrone et al.,  2003 ; Hedgecock et al.,  2006) . 
 Mason  (2008)  (Chapter 7 of this report) reports recent estimates of mercury 

evasion from ocean basins and lakes, which account for 2778 Mg yr-1 of net evasion 
to the atmosphere (Table  1.1 ). The estimated contribution of the Mediterranean Sea 

  Table 1.1    Summary of gaseous mercury fl uxes for oceans and lakes (from Chapter 7)   

 Region 
 Net Evasion (average) 
( Mg yr   -1   )   Ratio 1  (%)  

 Atlantic Ocean  840  18.5 
 Pacific and Indian Ocean  1700  37.5 
 Antarctic Ocean  12  0.3 
 Mediterranean  70*  1.5 
 Coastal waters  60  1.3 
 Lakes  96  2.1 
  Total   2778  – 

  *as estimated by Hedgecock et al.,  (2006)  
 1calculated over the total evasion from natural sources which sum 4532  Mg yr-1     
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  Figure 1.1    Modeled annual total deposition flux in  g km   -2   (equivalent to  ng m   -2  ) over the modeling 
domain (from Hedgecock et al.,  2006)        

was updated to 70 Mg yr-1 on the basis of recent measurements/modeling estimates 
done by Hedgecock et al.  (2006) . Hedgecock et al.  (2006)  compared measured mercury 
concentrations in air and modelled total deposition flux over the Mediterranean Sea 
on a monthly basis (Figure  1.1 ) to obtain monthly total emissions from and deposition 
fluxes to the Mediterranean Sea (Figure  1.2 ).     

  Figure 1.2    Modeled monthly total emission and deposition fluxes ( 1 ton = 1 Mg ) to the Mediterranean 
Sea (from Hedgecock et al.,  2006)        
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  1.2.3 Rocks, Soils and Vegetation 

 Mercury emissions from top soils and vegetation are significantly influenced by 
meteorological conditions, historical atmospheric deposition and type of vegetation 
and top soil. Mercury fluxes from unaltered or background sites in North America 
have been observed in the range of -3.7 to 9.3 ng m-1 hr-1 (Nacht and Gustin,  2004)  
and are similar to other locations in which substrate contains background levels of 
Hg (Zhang et al.,  2001) . In altered geologic sites the mercury fluxes range from 
15.5 ± 24.2 ng m-1 hr-1 (Nacht and Gustin,  2004) , without considering a calcine 
waste that show a flux of 3334 ng m–1 hr–1. 

 Mercury in vegetation originates from several mechanisms, including the uptake 
from the atmosphere, atmospheric deposition to foliage and uptake from roots (Rea 
et al.,  2002) ; however, the proximity of vegetation to natural or anthropogenic 
sources (hot spots or contaminated sites) may increase its mercury content (Lodenius, 
 1998 ; Carballeira and Fernandez,  2002 ; Lodenius et al.,  2003) . The total mercury 
concentration observed in conifer sap flow is around 12.3 - 13.5 ng L-1 (Bishop et al., 
 1998) , while the uptake of ground vegetation shows highest accumulation values in 
roots (82 - 88%) followed by rhizome (8 - 17%) and leaf (0.03 - 4%), highlighting the 
barrier function for the transport of inorganic mercury (Cavallini et al.,  1999 ; Patra 
and Sharma,  2000 ; Schwesig and Krebs,  2003)  and showing that almost all of the 
mercury in foliar tissue is originated from the atmosphere (Eriksen et al.,  2003 ; 
Eriksen and Gustin,  2004) . Summing up all the net evasional fluxes for all regions, 
the total net mercury evasion is 1664 Mg yr-1 (Mason  2008)  (Table  1.2 ).   

  1.2.4 Biomass Burning 

 As a consequence of mercury content in vegetation, mercury emissions from biomass 
burning are significant (Veiga et al.,  1994 ; Carvalho et al.,  1998 ; Roulet et al.,  1999 ; 
Friedli et al.,  2001,   2003 ; Sigler et al.,  2003 ; Pirrone et al.,  2005) . Their contribution 
is not often well considered in regional emissions estimates especially in very dry 
regions such as the south Mediterranean and several countries of Africa, which 
may represent an important contribution to the global atmospheric mercury budget 

  Table 1.2    Summary of mercury fl uxes from terrestrial regions (from Chapter 7)   

 Region  Net Evasion (average)  ( Mg   yr    - 1    )   Ratio 1  (%)  

 Forest  342  7.5 
 Tundra/Grassland/Savannah/Prairie/Chaparral  448  9.9 
 Desert/Metalliferrous/ Non-vegetated Zones  546  12.0 
 Agricultural areas  128  2.8 
 Evasion after mercury Depletion Events  200  4.4 
  Total   1664  - 

  1calculated over the total evasion from natural sources which sum 4532  Mg yr  -1   
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(Veiga et al.,  1994 ; Carvalho et al.,  1998 ; Friedli et al.,  2001 ; Friedli et al.,  2003 , 
Cinnirella and Pirrone,  2006 ; Wiedinmyer and Friedli,  2007 ; Cinnirella et al.,  2008) . 

 The mercury released to the atmosphere from vegetation is primarily related to 
mercury concentrations in foliage, the forest combustion efficiency and the efficiency 
of mercury released to the atmosphere. Mercury released to the atmosphere during a 
fire is strongly controlled by the mercury substrate concentration, light intensity and 
temperature (Ferrara et al.,  1997 ; Engle et al.,  2001 ; Zehner and Gustin,  2002) . Field 
measurements in forests suggest that mercury release from the top soil during a fire 
is primarily dependent upon the increase of temperature caused by the activation of 
complex flux processes from the lower to the upper soil horizons (Iglesias et al., 
 1997) , leading to an Hg flux of 1 to 5 mg m-2 (Woodruff et al.,  2001) . 

 Table  1.3  reports the estimate of mercury emissions form biomass burning at 
regional scale. A recent estimate suggests that on global scale nearly 675 Mg of 
mercury are released to the atmosphere every year (annual average for the period 

  Table 1.3    Mercury emissions from biomass burning (from Chapter 8) compared with that reported 
in literature   

 Forest 

 Total Hg 
release  
( Mg yr    –1   )  

 Avg. 
burnt area 
 (10   6   ha yr   –1   )  

 Avg. fuel 
consumption 
 ( Tg yr    –1   )   Reference 

  Temperate/Boreal  
 Canadian boreal  3.5  2.3  55  Sigler et al.,  2003  
 Russian boreal  13.3  2.1  119  Cinnirella and 

Pirrone,  2006  a  
 Russian boreal  16.1 (3.4-24.8)  3.9  260  Cinnirella and 

Pirrone,  2006  b  
 Temperate/ Mediterranean 

(Europe) 
 2.4 (0.9-3.6)  0.5  46  Cinnirella and 

Pirrone,  2006  a  
 Mediterranean 

(Europe/Africa) 
 2.3 (0.4-4.0)  0.5  45  Cinnirella and 

Pirrone,  2006  a  
 Mediterranean 

(Europe/Africa) 
 4.3  0.4  366  Cinnirella et al., 

 2008  
 Temperate/boreal  59.5  -  530  Friedli et al.,  2003  
 Boreal forests  22.5  5.0-15.0  240  Sigler et al.,  2003  
  Tropical  
 Tropical (Amazonian)  88.0  3.0-5.0  1404  Veiga et al.,  1994  
 Tropical (Amazonian)  17.0  1.5-2.1  486  Lacerda,  1995  
 Tropical (Amazonian)  6.0-9.0  2.0-3.0  843  Roulet et al.,  1999  
  World  
 All forests  20.0  -  -  Nriagu,  1989  
 All forests  930 (510-1140)  -  621  Brunke et al.,  2001  c  
 All forests  590 (380-1330)  -  3460  Brunke et al.,  2001  d  
 Global biomass burning  675 ± 240  332  Friedli et al.,  2008  

  Derived from: 
 aGround-based data (1996–2002) 
 bRemote sensing data (1996–2002) 
 cHg/CO emission ratio 
 dHg/CO2 emission ratio  
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  Table 1.4    Main source categories of mercury released annually in the environment   

 Releases from mobilisation 
of mercury impurities 

 Releases from intentional  
extraction and use of mercury 

 Releases from waste treatment, 
cremation etc. 

 Coal-fired power and heat 
production plants 

 Mercury extraction  Waste Incinerators 

 Energy production from 
other fuels 

 Artisanal gold mining  Landfills 

 Cement production  Caustic soda production  Cremation and cemeteries 
 Mining and other

  metallurgic activities 
 Use of fluorescent 

lamps,  instruments and dental 
amalgam fillings 

 Traffic activity (Gasoline, 
diesel, kerosene, 
biofuels) 

 Manufacturing of products 
containing mercury 

1997–2006), which accounts for about 8% of all current anthropogenic and natural 
emissions (Friedli et al.,  2008) .    

  1.3 Mercury Emissions from Anthropogenic Sources  

 Mercury is released to the atmosphere from a large number of man-made sources which 
include fossil fuels fired power plants, ferrous and non-ferrous metals manufac turing 
processes, chemicals production, processing of ores and waste disposal facilities 
and cement plants (Table  1.4 ).  

 Fossil fuels used in electric power generation facilities, especially those that use 
coal, is the largest source category of mercury released to the atmosphere, though 
other emission sources provide an important contribution in many regions of the 
world (Figure  1.3 ).  

  1.3.1 Anthropogenic Emissions by Source Category 

 The combustion of fossil fuels, roasting and smelting of ores, kilns operations in 
cement industry as well as uncontrolled incineration of urban and industrial wastes 
and production of certain chemicals release several volatile trace contaminants, 
such as mercury, into the atmosphere. 

  1.3.1.1 Coal and Oil Combustion, Wood and Wood Wastes 

 Coal represents the primary fuel in electrical power generation facilities,  accounting 
for approximately 43% of total fuel used worldwide (EIA,  2008) . Although it is 
very difficult to generalize on the mercury concentration in coal, the literature data 
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indicate that the mercury concentrations in coals vary between 0.01 and 1.5 g per 
Mg of fuel and that the concentration of mercury is somewhat lower in lignites than 
in bituminous and sub-bituminous coals (see Table  1.9  for details). But the lower 
heating values of lignite than bituminous and sub-bituminous coals may increase 
its consumption to generate an equivalent amount of energy and thus may release 
more mercury into the atmosphere (Tewalt et al.,  2001) . It should be noted, moreover, 
that concentrations of mercury within the same mining field may vary by one order 
of magnitude or more (Mukherjee et al.,  2008a) .  

 Canada, most European countries and Japan have regulations limiting emis-
sions of various pollutants from coal fired power plants which help limit mercury 
emissions in these countries. In the United States currently there are no regulations 
for power plants that specifically target mercury emissions (because the Clean Air 
Mercury Rule (CAMR) was recently vacated by the courts), but there are regula-
tions for other pollutants (such as SOx), which assume some mercury reductions 
as a co-benefit. Also, regulations in other countries often do not specifically target 
mercury emissions but rather may control SOx, particulate matter, etc., releases 
and as a co-benefit get some mercury emission reduction. Countries such as China, 
India, Russia and other countries of the Former Soviet Union (FSU), are taking 
some measures to reduce emissions from coal burning, but they have actually not 
been very effective. However, Russia, other countries of the FSU as well as other 
countries in Eastern Europe have decreased coal burning, in part because of 
depressed economies, but also because of shifts of energy production from coal to 
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  Figure 1.3    Global mercury emissions to the atmosphere by source category in 1995 and 2000 (based 
on Pacyna et al.,  2003 ; Pacyna et al.,  2006b) . SC: stationary combustion; NFMP: non-ferrous metal 
production; PISP: pig-iron and steel production; C: cement production; CS: caustic soda production; 
MP: primary mercury production; G: gold production; WD: waste disposal; O: other sources       
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natural gas (Sznopek and Goonan,  2000) . Wood and wood wastes are used as fuel 
in both industrial and residential sectors. In the industrial sector, wood waste is 
fired in industrial boilers to provide process heat, while wood is used in fireplaces 
and wood stoves in the residential sectors with no emission control technology. 
Insufficient data are available, however, to estimate the typical mercury content of 
wood and wood wastes. 

 Oil burning, as part of fossil fuels, is a contributor to mercury emissions to the 
global atmosphere, though it accounts for a much less amount compared to coal. 
The top five consumers of oil for power generation facilities include the United 
States, Japan, Russia, China and Germany. Relatively large volumes of distillate 
and residual oils are burned each year in the World. These fuels are used by utilities, 
commercial and industrial boilers (which, depending on their size, may be fired by 
either residual or distillate oils or a combination thereof) and residential boilers. 
Fuel oils contain trace amounts of mercury which occurs naturally in crude oils at 
levels that are very variable and which may relate to the specific source. These values 
range from 0.007 to 30 g Mg–1, with a typical value being 3.5 g Mg–1 (USEPA, 
 1993 ; Pirrone et al.,  2006 ; Mukherjee et al.,  2008a) . It is expected that mercury 
concentrations in residual oils are higher than those found in distillate oils, being 
the latter produced at an earlier stage in oil refineries. Heavier refinery fractions, 
including residual oils, contain higher quantities of mercury. 

 Natural gas may contain small amounts of mercury but the element is normally 
removed from the raw gas during the recovery of liquid constituents as well as during 
the removal of hydrogen sulfide. Therefore, it is assumed that mercury emissions 
during the natural gas combustion are insignificant (Pirrone et al.,  1996 ; Pirrone 
et al.,1998; Pirrone et al.,  2001c) . 

 The most updated estimate (referred to 2000) of atmospheric releases of mercury 
from stationary combustion of fossil fuels is reported in (Table  1.5 ) (Pacyna et al., 
 2006b) . Values should be intended with a ±25% uncertainty as recently suggested 
by Swain et al.  (2007) . A most recent assessment is being prepared as a part of the 
AMAP/UNEP report. New estimates for selected countries (see Table  1.29 ) show 
640 Mg yr–1 of mercury released to the atmosphere    

Table 1.5 Global atmospheric releases of mercury from stationary combustion of 
fossil fuels for the year 2000 (Pacyna et al., 2006b)

 Continent  Stationary combustion  (Mg yr   -1   )  

 Europe  88.8 
 Africa  205.2 a  
 Asia + Russia  905.2 
 North America  79.6 
 South America  31 
 Australia and Oceania  112.6 
  Total   1422.4 

  aDespite the data is reported in the cited paper, it has been recognized as a mistake 
because the erroneous reference used (Finkelman R.B., personal communication).  
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  1.3.1.2 Petrol, Diesel and Kerosene 

 Mercury emission from mobile sources has been reported as an important source for 
which there are few estimates (EPA,  1997) . However, recent estimates in the United 
States indicate that the overall emissions quantities are relatively small compared to 
many other categories. For example, in the U.S. EPA National Emissions Inventory 
(NEI) for year 2002, it is reported that less than 1 Mg of mercury per year is emitted 
from mobile sources in the U.S.A., which is less than 1% of the total mercury emission 
of the country. Nevertheless, a significant effort has been made to assess mercury 
emissions from vehicular traffic (Liang et al.,  1996 ; Wilhelm and Bloom,  2000 ; 
Wilhelm  2001 ; Hoyer et al.,  2004 ; Conaway et al.,  2005 ; Landis et al.,  2007) . 

 Mercury concentrations in petroleum and refined petroleum products are sum-
marized in Table  1.6 . In addition, emission factors for elemental, vapor-phase mercury 
plus particulate mercury for the light-duty gasoline vehicles have been found ranging 

Table 1.6 Mercury concentration in crude oil and refi ned products of different geographic origin 
(from Wilhelm and Bigham, 2001)

 Product 
 Range 
 (ng g   –1   )  

 Mean 
 (ng g   –1   )  

 St.Dev 
 (ng g   –1   )   Origin  Reference 

 crude oil  1–7  4  Liang et al,  2000  
 crude oil  0.1–12  <1  Asia  Tao et al., 1998 
 crude oil  NDi–1560  146  North America  Magaw et al., 1999 
 crude oil  1.0–3.2  1.7  Africa  Morris, R., 2000 
 crude oil  2.4–5.7  4.3  Middle East  Morris, R., 2000 
 crude oil  1.9  1.9  Canada  Morris, R., 2000 
 crude oil  2.5–9.3  5  North Sea  Morris, R., 2000 
 crude oil  0.1–2.7  1.4  Mexico  Morris, R., 2000 
 crude oil  0.8–12.3  5.2  South America  Morris, R., 2000 
 crude oil  3.1  3.1  n.a.  Morris, R., 2000 
 crude oil  <2–9  1.6  Canadian 

refineries 
 Duo et al., 2000 

 light distillates  0.1  2.8  n.a.  Wilhelm and Bigham, 
 2001  

 utility fuel oil  0.7  1.0  n.a.  Wilhelm and Bigham, 
 2001  

 Gasoline  0.72–3.2  1.5  n.a.  Liang et al.,  1996  
 Gasoline  0.22–1.43  0.7  n.a.  Liang et al.,  1996  
 Gasoline  0.08–1.4  0.50  0.40  n.a.  Conaway et al.,  2005  
 Diesel  0.4  n.a.  Liang et al.,  1996  
 Diesel  2.97  n.a.  Liang et al.,  1996  
 Diesel  0.034  0.026  n.a.  Kelly et al., 2003 
 Diesel  0.05–0.34  0.15  0.06  n.a.  Conaway et al.,  2005  
 Kerosene  0.04  0.04  U.S.  Liang et al.,  1996  
 Heating oil  0.59  0.59  U.S.  Liang et al.,  1996  
 Light distillates  1.32  2.81  U.S.  Bloom,  2000  
 Asphalt  0.27  0.32  U.S.  Bloom,  2000  
 Naphtha  3–40  15  Asian  Olson et al., 1997 
 Naphtha  8–60  40  U.S.  Olson et al., 1997 
 Petroleum coke  0–250  50  0.05  U.S.  USEPA,  2001  
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from 2.47 to 11.44 ng L–1 and from 70.92 to 123.84 ng L–1 for diesel vehicles (Hoyer 
et al.,  2004) . Experiments suggest that some of the factors influencing mercury emis-
sions from mobile sources include oil consumption, driving conditions (including 
brake wear) and fuel consumption. In contrast, Landis et al.  (2007)  have measured 
62 ng L–1 of mercury released from diesel powered vehicles and 284 ng L–1 from 
petrol powered vehicles (regular grade gasoline 89 octane). Gasoline vehicles were, 
therefore, found to be a significant source of Hg0, RGM and Hg(p).  

 Field measurements in S. Francisco Bay (USA) indicate that petroleum products 
contribute with 0.7–13 kg yr–1 of mercury (3% of the total in the Bay) to the envi-
ronment (Conaway et al.,  2005) . While on a national basis the mercury tailpipe 
emissions (based only on fuel mercury content) from on road motor vehicles was 
estimated in 148 kg yr–1 (Landis et al.,  2007) . 

 A very conservative global assessment on mercury emission from petroleum 
fuel consumption for 2000 has been done by considering emission factors reported 
by Landis et al. (2004) and the world consumption of petrol (1060.436 Gigalitres) 
and diesel (622.417 Gigalitres) (IEA,  2006) . 

 Petrol combustion contributed with 238 kg yr–1 (121-281 kg yr–1) of mercury 
emission while diesel contributed with 140 kg yr–1 (71-209). The total mercury 
emission was around 378 kg yr–1 (192-564 kg yr–1) with a growing trend due to the 
increase of gasoline and diesel consumption. On a country basis, North America 
released 156 kg, Asia 94 kg and Europe 80 kg (Figure  1.4 ).  
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  Figure 1.4    Global mercury emissions to the atmosphere by petrol and diesel consumption in 2000       
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 The global contribution to atmospheric emission from petroleum fuels combustion 
represented 0.015% of the total anthropogenic emission. It should be kept in mind 
that these estimates are very conservative because not all countries are reported in the 
EIA database and because fuel consumption in the fishing industry and for military 
use is not included in the database. In addition, the contribution form biodiesel 
consumption is not considered in this assessment.  

  1.3.1.3 Iron-Steel Manufacturing 

 Emissions of mercury from primary and secondary pig iron and steel manufacturing 
are very much related to the overall production of these industrial goods and the 
efficiency of emission control measures. For selected countries, around 43 Mg of 
mercury per year are released to the environment and no major changes in the mercury 
emissions have been reported for this sector during the 1990 and beginning of 2000 
(Pirrone et al.,  2001b ; Pacyna et al.,  2006b) . Asia (14.4 Mg yr–1), Europe and North 
America (12.5 Mg yr–1 each) are the major emitting regions. 

 1.3.1.4 Primary & Secondary non-ferrous Metal Smelters 

 Mercury appears as an impurity of copper, zinc, lead and nickel ores as well as in 
gold ores. The production of these metals are known to be large sources of mercury 
released to the atmosphere, especially in developing countries (UNEP,  2002 ; Jones 
and Miller,  2005 ; Telmer and Vega,  2008) . As shown in the GMA report, emissions 
of about 170 Mg per year from this sector can be considered as an underestimate. 

 Trends in non-ferrous metal production by different processes, with a special 
focus on new emerging economies, are leading to an increase of mercury releases 
to the atmosphere. Combustion temperature in boilers, furnaces and roasters are 
key parameters affecting the amounts of mercury released into the atmosphere as 
well as the chemical form and particle size distributions (Pirrone et al.  1996 ; Pirrone 
et al.  2001c ; ZMWG,  2007) . 

 It is very difficult to discuss the average content of mercury in the copper, zinc, lead, 
nickel and gold ores as very little information is available in the literature. However, 
some estimates are available, such as concentrations in gold ores (Jones and Miller, 
 2005) . On the basis of the USGS mineral survey (USGS,  2004) , the Zero Mercury 
Working Group (ZMWG) estimate mercury emissions from ore processing worldwide 
(Table  1.7 ) (ZMWG,  2007) . Best estimates of mercury emitted from non-ferrous ore 
processing are about 310 Mg yr–1 which is different from the previous estimates 
(Pacyna et al.,  2006)  due to the contribution from China (Streets et al.,  2008) .   

  1.3.1.5 Caustic Soda Production (Chlor-alkali plants) 

 Approximately 150 chlor-alkali plants were in operation worldwide in 2004, though 
in Europe after recent legislation approval most plants have been closed or are going 
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  Table 1.7    Estimates of mercury emissions from ore processing worldwide (ZMWG,  2007)    

   Hg emissions  (Mg y   –1   )  

Metal  Lower-bound estimate  Upper-bound estimate 

 Copper  77.7  138.7 
 Gold  21.0  32.3 
 Lead  9.8  9.8 
 Zinc  68.5  330.1 
  Total   177.1  510.9 

to be closed in a few years (Concorde East-West,  2006) . Most of chlor-alkali plants 
use mercury cell technology with chlor-alkali processes that differs substantially from 
country to country (Eurochlor, 2007):

  •  Western Europe, predominance of mercury cell process (June 2000): 55%  
 •  United States, predominance of diaphragm cell process: 75%  
 •  Japan, predominance of membrane cell process: >90%  
 •  India, predominance of membrane cell process: 86% (since 2000s) (Mukherjee 

et al.,  2008b , chapter 4)    

 The remaining chlorine production capacity in western Europe consists of diaphragm 
cell process 22%, membrane cell process 20% and other processes 3% (Table  1.8 ) 
(Eurochlor, 2007). Global production capacity of chlorine in 2000 was about 12 Tg, 
the EU accounting for about 54% of the total. In 2000 the chlorineproduction capacity 
in western Europe was 6.6 Tg, 1.4 Tg in USA and 4.2 Tg in the rest of the world (EC, 
 2002 ; EC,  2004) .  

 Due to the process characteristics, mercury can be emitted from the mercury cell 
process through air, water and wastes. The total mercury emission from chlor-alkali 
plants in western Europe was 9.5 Mg in 1998, ranging from 0.2-3.0 g of mercury 
per Mg of chlorine capacity at the individual plants (EC,  2001 ; EC,  2002) . 

 In literature, significant discrepancies can be found between the amount of emissions 
reported and the amount of mercury purchased to replace mercury in cells. This missing 
mercury is reported to be in the range of 0.069 to 0.35 kg per Mg of NaOH produced 
with very different figures in new emerging countries (i.e. India) that loose up to 25 
times more mercury than the global best figure. The estimate of 65.1 Mg yr–1 of mer-
cury emission from chlor-alkali plants proposed by Pacyna et al.  (2006b)  differs from 
our estimate of 162.9 Mg yr–1 that considers recent updates for China and India 
(Mukherjee et al.,  2008b ; Streets et al.,  2008) .  

  1.3.1.6 Cement Production 

 Cement kilns, based on coal combustion and other mercury-containing materials, is 
a significant mercury emitting source category. Mercury out flowing the process 
derives from mercury existing in raw materials, limestone and coal fuel. Some 
alternative fuels also have a substantial mercury content. Mercury emissions moni-
toring data from cement kilns are very limited, therefore, the collection of new 
emissions data could be important for this source category. The evaluation of Hg 
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Table 1.8 Number of chlor-alkali plants, total chlorine production and percentage of processes 
that use mercury cells in some EU countries in 2005 (Eurochlor, 2007)

 Country  Number of installations 
 Total chlorine 
Capacity  (Tg)  

 Mercury cell process 
as of total capacity  (%)  

 Belgium  3  752  74 
 Finland  1  115  35 
 France  7  1686  52 
 Germany  10  3972  37 
 Greece  1  37  100 
 Italy  9  982  83 
 Netherlands  1  624  11 
 Portugal  1  89  48 
 Spain  9  802  95 
 Sweden  2  310  71 
 United Kingdom  3  1091  78 
 Switzerland  3  104  100 
 Bulgaria  1  105  100 
 Czech Republic  2  183  100 
 Hungary  1  125  100 
 Poland  3  460  50 
 Romania  1  633  14 
 Slovak Republic  1  76  100 
  Total   59  12375  201 

emissions on the basis of emission rates should be performed having in mind that 
large differences may occur in cement kilns technology which influence, ultimately, 
the emission rates. For example, in China, around 90% of the cement kilns are 
vertical shaft types, while in Western countries more energy efficient rotary kilns 
are used. 

 With respect to the mercury in the stack of cement kilns, the average mercury 
concentration is about 13 µg Nm-3 (Pirrone et al.,  2001b) . Pacyna et al.  (2006b)  
reported an emission factor of 0.1 g per Mg of cement produced, which lead to 
140.4 Mg yr–1 of mercury emitted to the environment (Pacyna et al.,  2006b) . Our 
best estimate based on cement production in 2005 (2315 Gg) and the reported emis-
sion coefficient is 232 Mg yr–1.  

  1.3.1.7 Coal Bed Fires 

 Coal-bed fires have occurred since at least the Pliocene (Coates and Heffern,  2000) . 
Clinker records evidence for extensive burning in the western U.S., most notably in 
Wyoming, Colorado, Utah and Montana. These ancient fires were initiated by natural 
causes including spontaneous combustion, lightning strikes and forest fires. Herring 
(1989, 1994) postulated that these ancient coal-bed fires could have been the source 
of a substantial portion of the nitrogen in earth’s atmosphere. 

 Coal-bed fires and burning coal waste have proliferated worldwide since the 
Industrial Age, primarily as a consequence of anthropogenic activities. Spontaneous 
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combustion due to exothermic reactions and the self-heating of coal exposed during 
mining is particularly problematic, making further mining dangerous while pollut-
ing surrounding communities. In other cases, coal fires are caused by mining activi-
ties including welding and electrical work, burning trash in abandoned mines, 
smoking, etc. (Stracher and Taylor,  2004) . Today, tens of thousands of uncontrolled 
coal fires are burning around the world, emitting enormous amounts of the green-
house gases, methane (during heating of the coal) and carbon dioxide, as well as 
CO, mercury, aerosols, sulphur compounds, and hydrocarbons including n-alkanes, 
iso-alkanes, cyclo-alkanes, alkyl aromatics, alkenes, ketones, ethers, halogenated 
hydrocarbons and additional volatile organics (Stracher et al.,  2007 ;  2008) . In 
China more coal fires are burning out of control than in any other country. Estimates 
for the amount of coal consumed annually by the fires in China range from 20 to 
30 million Mg (Kuenzer,  2008)  to 200 million Mg (Rosema et al.,  1993 ; Discover, 
 1999)  and may account for as much as 2-3% of the annual world emission of 
atmospheric CO

2
 attributed to the burning of fossil fuels (ITC,  2008) . There may be 

as many as 10,000 small coal and peat fires in Indonesia (A. Whitehouse, personal 
communication, 2004). 

 In the U.S. about 140 underground coal-mine fires and 58 burning gob piles 
have been reported from Pennsylvania (Stracher and Taylor,  2004) . In India, South 
Africa, Russia, Eastern Europe and elsewhere, research reveals the mobilization of 
large volumes of potentially toxic elements including arsenic, selenium, fluorine 
and sulphur, in addition to smaller amounts of lead, copper, bismuth, tin, germa-
nium and mercury. These data are based primarily on the analyses of solids 
precipitated around coal-fire gas vents. Analyses of coal-fire gas from South 
Africa show high concentrations of benzene, toluene, xylene, ethyl benzene and 
dozens of other organic compounds (Leaner, 2008 and herein references). In addi-
tion, an unpublished ICP-MS analysis from a coal-fire-gas vent in Colorado 
showed a compound that contains Hg. No attempt has been made to quantify the 
amount of mercury mobilized during these fires. Given the estimates for CO

2
 

emissions, it is possible that uncontrolled coal fires are responsible for a signifi-
cant proportion of global mercury. 

 If we take the mean of the estimates for the amount of coal consumed annually 
by uncontrolled coal-bed fires in China it is estimated that about 112.5 million Mg 
of coal is burned. In addition to China, Walker  (1999)  reports coal fires from the 
United States, Canada, Australia, India, Indonesia, South Africa, England, Germany, 
Poland, Czech Republic, Russia, Ukraine, Turkey, Thailand, and other countries. 
If we assume an additional 87.5 million Mg of coal are consumed each year by 
these uncontrolled coal-bed fires plus coal-waste-pile, and coal-stock-pile fires 
we get a total of 200 million Mg. Multiplying this figure by the average mercury 
content in coal, 0.16 g Mg–1 (Table  1.9 ), the amount of mercury release annually to 
the atmosphere by uncontrolled coal fires would be about 32 Mg as an upper 
bound. If we accept the lower estimate for China of 20 million Mg of coal and 
assume that this represents half of the global uncontrolled fires (40 million Mg) 
we get a lower bound for mercury emissions of about 6.4 Mg of mercury released 
by uncontrolled coal fires. Because none of the emissions from uncontrolled coal 
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Table 1.9 Mercury content in coals from selected countries (USGS, unpublished data).

 Country  Coal Type 
 Mean 
 (g Mg   -1   )   Range  (g Mg   -1   )   No. Samples  Comments 

 Argentina  Bituminous  0.1  0.03-0.18  2 
 Botswana  Bituminous  0.09  0.04-0.15  11 
 China  Anthracite - 

Bituminous 
 0.15  <0.02-0.69  329  Belkin et al. 

 2004  
 Colombia  Subbituminous  0.04  <0.02-0.17  16 
 Egypt  Bituminous  0.12  0.04-0.36  14 
 Peru  Anthracite - 

Bituminous 
 0.27  0.04-0.63  15 

 Philippines  Subbituminous  0.04  <0.04-0.1  6 
 Romania  Lignite - 

Subbituminous 
 0.21  0.07-0.46  11 

 Slovak Rep.  Bituminous  0.08  0.03-0.13  7 
 South Korea  Anthracite  0.30  <0.02-0.88  11 
 Taiwan  Anthracite - 

Bituminous 
 0.67  0.07-2.3  4  Mean = 0.12 

w/o the 2.3 
 Tanzania  Bituminous  0.12  0.04-0.22  24 
 Turkey  Lignite  0.11  0.03-0.66  143  St.Dev = 0.093 
 US  All  0.17  7649  Finkelman, 

 1993  
 Vietnam  Anthracite  0.28  <0.02-0.67  6 
 VV.  Bituminous  0.19  0.04-0.67  39 
 Yugoslavia  Lignite  0.11  0.07-0.14  3 
 Zambia  Bituminous  0.6  <0.03-3.6  12 
 Zimbabwe  Bituminous  0.08  <0.03-0.5  3 

fires are attenuated by pollution-control systems, most of the mercury escapes into 
the atmosphere.  

  1.3.1.8 Waste 

 Hazardous or non-hazardous waste production containing mercury is governed by 
the yield and consumption of goods and their recycling process in society. Several 
products contain mercury and as calculated by Maxson  (2003) , the mercury supply 
from 1994 – 2000 for all products and processes production has averaged 3600 Mg 
per year, which one could take as a rough estimate of global mercury supply in 
2000. A recent assessment for 2005 (UNEP,  2006b)  estimate 3000 – 3800 Mg yr–1 of 
mercury supply. Small-scale artisanal gold mining, vinyl chloride monomer (VCM) 
production, chlor-alkali production and batteries production, plants and artisanal 
mining adsorb around 75% of the total supply (Figure  1.5 ).  

 Not all supplied mercury is finally converted in waste. The amount of mercury 
in waste depend upon the mercury content in products, products’ lifetime and waste 
disposal mechanisms. The knowledge on mercury in different types of wastes is 
scarce and this implies that also the knowledge of mercury emissions from waste 
disposal practices (i.e., incinerators, landfills) is affected by a large uncertainty. 
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  Figure 1.5    Percentages of global mercury consumption for different sector in 2000 and 2005 
(from Maxson  2003  and UNEP,  2006b)        

 The causal factors of mercury in waste are categorised as follow (UNEP,  2007) :

  •  Industrial equipments using mercury and consumer products;  
 •  Typology of waste treatment processes used;  
 •  Thermal process of natural mercury impurities in raw materials; and  
 •  Extracting processes used in Artisanal and small scale gold mining.     

  1.3.1.9 Mercury in Waste Derived from Industrial Processes 

 Due to the phasing out of industrial mercury processes and mercury-containing 
products, a large amount of equipments for industrial mercury processes and mercury-
containing products are expected to become mercury waste (UNEP,  2007) . For 
example, the most qualified estimate of EU-15 mercury cell chlor-alkali plants 
amount to some 11,800 Mg. Waste from the Cl

2
 industry has been estimated to 

contain 10 to 17 g of mercury per Mg of chlorine, showing variations within years 
(Garny, 2001; EC  2001b)  (Figure  1.6 ). Based on a Cl

2
 production capacity of 12.2 

Gg (Eurochlor,  2008)  it can be estimated that in 2000 mercury waste from chlor-
alkali plants was 183 Mg.   

  1.3.1.10 Mercury in Waste Derived from Consumer Products 

 Most of mercury in waste derives from items that has been used and now are 
discontinued or are still used. Household categories of mercury sources are (EPA, 
 1992) : batteries, electrical lighting, electrical equipment, instrument, pigments, 
paper coating, pharmaceuticals, dental amalgams and plastic catalysts. Some items 
pertain to both municipal and hospital solid wastes. The most critical products 
discharged in solid waste are lamps, batteries, diuretics, dental fillings, pigments, 
thermometers and plastics. Based on the lamp manufacturing industry’s data 
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(NEMA,  2001) , the most common type of fluorescent lamp (4-foot T-8 model) 
was estimated to have an average mercury composition of about 10 mg per lamp 
(Maine Department of Environmental Protection,  2003 ; Culver  2007) . A signifi-
cant reduction of mercury content occurred from 1994 when the amount of mercury 
in lamps decreased from 44 to 20 mg. Mercury content in most common lamps is 
reported in Table  1.10 .  

 It should be noted that because of the significant energy savings, using high 
efficiency fluorescent lamps containing mercury to replace incandescent lamps 
or older fluorescent lamps results in a net reduction in mercury emissions from 
fossil fuels fired power plants. EPA estimates that full implementation of the 
Green Lights program in USA would result in a reduction of close to 10 Mg of 
mercury per year due to reduced power generation. After being used, lamps can 
be disposed off in a municipal or hazardous waste landfill, recycled to recover 
mercury and other lamp materials or placed in a municipal waste incinerator. 
Landfilling has been a traditional mean of disposing off spent lamps. Due to 
their extremely low mercury content, lamps have historically accounted for only 
3.8 percent of all the mercury deposited in municipal landfills (EPA,  1992) . On 
the other side the incineration of mercury-containing lamps release up to 90% of 
the mercury to the air. A global estimate of mercury release from this category 
is not yet available. 

 Mercuric oxide (mercury zinc) batteries and button batteries are intended for use 
in medical devices. Despite their production being stopped in 1990, some of the 
medical devices may still require mercuric oxide batteries including cardiac monitors, 
pH meters, oxygen analysers and monitors and telemetry instruments. The alterna-
tive for mercuric oxide batteries, the zinc air batteries, may not be mercury-free. 
A zinc air button battery may contain up to 25 mg of mercury. Larger zinc air batteries 
are made up of stacked button batteries, each of which may contain up to 25 mg of 
mercury (Table  1.11 ). Any global estimate has been done on mercury release by use 
of batteries but the amount of batteries used worldwide (e.g. in the UK currently 
over 20,000 Mg of batteries are thrown away each year) should give a consistent 
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  Figure 1.6    Mercury in solid waste from chlor-alkali plants in EU-15+Switzerland (from Garny, 
2001)       
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contribution to mercury emissions. Thermometers, thermostats, fluorescent lamps, 
electrical switches, pharmaceuticals and dental fillings are common products in 
which mercury is still being used. Mercury is also used in many speciality medical 
applications, such as blood pressure cuffs, specialized batteries, cantor tubes, oesopha-
geal dilators, pulmonary Scholander devices and in vaccines (where it acts as a 
preservative) (Table  1.12 ).   

 The mercury amount in waste is partly a result of waste type and quantity. Once 
generated solid waste can be landfilled, incinerated or recycled. Any adequate 
treatment will lead to mercury release in soil and then groundwater through leach-
ing and in atmosphere through volatilisation. On the other side wastewater can be 
discharged directly into rivers, lakes and sea or treated in waste treatment plants. 
Also in this case the treatment process affects directly the amount of mercury 
released in waters.  

  1.3.1.11 Mercury Emissions from Industrial Incinerators 

 Industrial waste incinerators emit the highest amounts of mercury to the atmos-
phere (in some countries) due to the high mercury content of industrial hazardous 
wastes (Sung et al., 2004). Non-homogeneity of the industrial waste characteristics 

Table 1.10 Mercury in fl uorescent lamps (from Culver, 2007)

 Lamp Type  Min  (mg)   Max  (mg)  

 4’, Linear T8, (Low-Hg)  3.5  10 
 8’ Linear T8  3.5  31-65 
 4’ T12, TCLP  4.4  10 
 8’ T12  6.8  31-65 
 U-bent T8  3.5  31-65 
 Preheat T8 (F15T8)  1.4  11-30 
 Compact fluorescent  1.4  11-30 

Table 1.11 Mercury in button cell batteries

 Button Cell Type  Mercury per Unit  (mg)  

 Zinc-air  9.0 
 Silver-oxide  3.5 
 Alkaline  10.9 

  Table 1.12    Mercury content in common household item   

 Product  Mercury  (mg)  

 Dental amalgams  500 
 Home thermometer  500–2000 
 Float switches in sump pumps  2000 
 Tilt thermostat  3000 
 Electrical tilt switches and relays  3500 
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result in the fluctuation in effluent mercury concentration. In Korea, mercury 
emissions are in the range of 619 to 1318 mg m-3 at the inlet of wet type particulate 
control device and mercury concentrations at the stack have been observed to be in 
the range of 40 to 325 mg m-3. 

 Industrial waste incinerators with dry- and semidry-type APCDs (scrubber bag 
filter) may release mercury at a concentration of 14.3–59.3 mg m-3 at the inlet of 
APCDs and 17.8–58.8 mg m-3 at the stack.  

  1.3.1.12 Mercury Emissions from Municipal Waste Incinerators 

 Municipal waste incinerators (MWIs) can be a significant source of mercury emissions. 
For example, in the U.S.A. in year 1990, this sector was the largest emitting source 
category, with an estimated 52 Mg of mercury emissions for year 1990 (USEPA, 
 2006) . However, emissions from municipal waste incineration were reduced by 
more than 90% in the U.S.A. from 1990 to 2002 due to regulations to control emis-
sions as well as actions to reduce the use of mercury in products (e.g., batteries and 
paints), thereby reducing the mercury content of waste (USEPA,  2006) . In addition, 
slag is produced from waste incineration processes. This product is mostly used for 
road construction, noise barriers, concrete production or landfilled. The slag unfor-
tunately contains high concentrations of trace metals. Hg concentration varies from 
0.02 to 7.75 mg kg−1 (IAWG,  1997) . Assuming a Hg content of 4 mg kg−1, total Hg 
in slag from waste incinerators in Europe (EU-15 countries+3 non-EU countries) 
varies between 24 and 54 Mg (Table  1.13 ).   

  1.3.1.13 Mercury Emissions from Medical Waste Incinerators 

 At present, any global estimate is available for operative medical waste incinerators. 
As consequence any global assessment has been done on mercury emission from 
this particular source because emissions are often included in the overall waste 
incinerators estimate (UNEP,  2002) . 

 In the United States, about 5000 medical waste incinerators are in operation 
with most of them (90%) operating on-site. It is also assumed that at least larger 
MWIs are equipped with a simple or more efficient emission control devices. Most 
of the device systems employed in the medical waste incinerators are either wet or 
dry systems. 

 Wet systems typically comprise of a wet scrubber for controlling the emission 
of particles in combination with a packed-bed scrubber for removal of acidic 
gases and a high efficiency mist elimination. Dry systems include ESPs or FFs 
in combination with the sorbent injection. Concerning the removal of mercury, 
appearing mostly in a gaseous form, the efficiency of this process is rather limited. 
An improvement was obtained through adding activated carbon to the sorbent 
material in the sorbent injection/FF systems (Pirrone et al.,  2001c) . Medical waste 
incinerators are, therefore, a large source of mercury to the environment because 
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mercury in medical waste can be as much as 50 times higher than mercury in 
municipal solid waste (EPA,  2008) .  

  1.3.1.14 Mercury Emissions from Landfill Process 

 Measurements of mercury concentrations have been performed upwind and downwind 
of the working face (where waste is trucked in from transfer stations, deposited, 
compacted and covered with inert filling material) at several Florida landfills. 
Downwind mercury concentrations (100 ng m-3) were significantly higher (30 to 40 
times) than that measured at upwind locations (Lindberg,  1999a ;  1999b) . Once buried, 
some of the inorganic mercury in the landfill is converted by bacteria into the more 
toxic methylmercury. 

 On the basis of direct quantification at landfill gas vent of giant landfill facilities 
in Seoul, Kim and Kim  (2002)  evaluated 420 ng m-3 (range 3.45 – 2952 ng m-3) of 
mercury concentrations. On an annual basis, the computed fluxes of mercury from 
the whole site were on the order of 23 g. 

 Historical data from landfills, including a rough estimate of the total masses of 
deposited metals at the landfills since start-up, based on the metal-content data 
show 0.29-0.83 Mg per landfill in Finland. 

 High TGM concentrations (1100 – 1500 ng m-3) have been measured at daily 
municipal solid waste generation in the Mexico City Metropolitan Area.  

  1.3.1.15 Mercury Emissions from Wastewater Treatment Process 

 Sometimes liquid mercury contained in products is intentionally or accidentally 
discharged into wastewater reaching at the end of the process the aquatic environ-
ment. Without proper treatment of wastewater, the dynamics of mercury includes 
the following steps:

   1.    During collection and transport of wastewater, Hg (II)  is often in reducing condi-
tions (caused by anoxia and various bacteria), leading to elemental mercury 
formation;  

   2.    In the primary settling tank, mercury adsorbed to and incorporated into settleable 
solids is removed in the sludge;  

   3.    In the mixed liquid aeration basin or other biological unit, bacteria, protozoa and 
other microorganisms proliferatively and effectively convert dissolved organic 
material and colloidal particles with associated mercury to a flocculent biological 
material which is eventually removed as waste sludge;  

   4.    Bacterial action in anaerobic or aerobic digestion to stabilize sludge would produce 
additional transformations of elemental mercury. Elemental mercury formed may 
be stripped from solution by gas mixing systems (in the case of anaerobic digesters) 
or forced aeration. After stabilization, sewage sludge is often thickened or dewa-
tered to reduce volume prior to ultimate disposal by land spreading, landfill or 
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incineration which are the anthropogenic sources of mercury emission (Huber 
 1997a ;  1997b) .     

 Sewage sludge is thus a residual product from industrial and urban wastewater. 
In recent years production of sewage sludge is increasing due to better effluent 
treatment methods and strict national regulation. For example in 1998, EU countries 
(except Italy) generated 7175 Gg (dry matter) of sewage sludge. The mercury 
concentration in sewage sludge, supplied only by seven countries for 1995/1998, 
varied between 0.6 and 3 mg kg−1  

  1.3.1.16 Process of Natural Mercury Impurities in Raw Materials and 
Mercury Waste 

 Thermal processes (burn of raw material containing trace amount of mercury) 
include calcinations, combustion, crematoria, incineration, pyroprocessing, pyro-
metallurgy, retort, roasting, melting and smelting. Excluding the vapour phase of 
mercury in the flue gas released into atmosphere, mercury accumulates in solid 
incineration residues and flue gas cleaning residues, ash and slag which are finally 
landfilled, stabilised as concrete, or recycled as construction materials (Pirrone 
et al.,  2001c) .  

  1.3.1.17 Artisanal and Small Scale Gold and Mercury Mining 

 Mercury waste, called “tailings”, released from artisanal and small scale gold 
mining activities has been becoming one of the hot issues, because almost all activi-
ties are in developing countries and countries with economies in transition and very 
often miners do not consider health effect due to their activities. Mercury in arti-
sanal gold mining is used to form an amalgam that binds with gold (Chapter 7) and 
it is usually discharged with tailings and/or volatilized into the atmosphere. The 
magnitude of loss and means of mercury release from a specific site are defined by 
the Au-Hg separation procedures. A variety of amalgamation methods are used in 
artisanal mining operations (GMP,  2006) .  

  1.3.1.18 Mercury Mining 

 The evaluation of the global primary mercury production is very uncertain because 
most countries do not report their mercury production in the official statistical 
yearbook. The USGS estimated 2795 Mg of mercury produced globally, whereas 
Gobi International assessment was higher with 3337 Mg of mercury annually pro-
duced. Maxson (2005) reported 3386 Mg of mercury used in different processes or 
products (Table  1.14 ). At present, producing primary mercury mines are located in 
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  Table 1.14    Global mercury demand in 2000 by sector and by region (Maxson, 2005)   

 Mercury use 
category  EU-15  (Mg)   USA  (Mg)   Rest-of-the-world  (Mg)   Global  (Mg)  

 Chlor-alkali industry  95  72  630  797 
 Small-scale gold/ 

silver mining 
 0  0  650  650 

 Batteries  15  16  1050  1081 
 Dental  70  44  158  272 
 Measuring & control  26  35  105  166 
 Lighting  21  17  53  91 
 Electrical control & 

switching 
 25  50  79  154 

 Other uses  50  50  75  175 
  Total   302  284  2800  3386 

Algeria, People’s Republic of China, Kyrgyzstan and Spain. Italy, Mexico, 
Slovakia, Slovenia and Turkey were all active minor producers before the world-
wide collapse of mercury markets in the early 1990’s and the banning process. 
Although none of these countries are presently producing mercury from primary 
mines, each retains significant reserves.  

 Table  1.15  gives information on recorded global primary production of mercury 
since 1981. There are also reports of small-scale artisanal mining of mercury in 
China, Russia (Siberia), Outer Mongolia, Peru and Mexico. It is likely that this 
production serves robust local demand for mercury, often for artisanal mining of 
gold – whether legal or illegal. World production of mercury is decreasing rapidly 
due to the banning policy adopted in several countries. Current mercury production 
on annual basis shows that nearly 1800 Mg of mercury was produced in 2000.   

  1.3.1.19 Artisanal Gold Mining 

 Mercury releases from Artisanal Small scale Gold Mining (ASGM) is due to the 
process used for gold extraction. Several countries have gold mining sites that 
release mercury in the atmosphere (Table  1.16 ). Actual estimates are based on 
available data on mercury and gold exports and imports by country and reported 
production and technology of extraction from all the countries known to have active 
ASGM communities.  

 The quality of the estimates ranges from good to poor across the countries. ASGM 
sector contributes with 640 to 1350 Mg of mercury per year (averaging 1000 Mg) to 
the environment from at least 70 countries. A significant fraction (350 Mg) is directly 
emitted to the atmosphere while 50 Mg are expected to be released latently for a total 
of 400 Mg. The rest is discharged to rivers and lakes (see Chapter 7)   
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  1.3.2 Anthropogenic Emissions by Region 

 In the last decade a considerable amount of research has been done to improve 
mercury emission inventories for developed and developing countries. In the following 
sections is reported a summary of mercury emissions by regions and source category. 

  1.3.2.1 Europe 

 In Europe, mercury emissions from anthropogenic sources in the year 2000 were 
near 240 Mg, with the highest contribution from the combustion of coal and other 
fossil fuels (48%) (Table  1.17 ). The second contributing category consisted of 
several industrial processes, including chlor-alkali production, non-ferrous and 
ferrous metal production and cement production (41%), while other sources, 
which include waste incineration and various uses of mercury, account for about 
11% of the total.  

 Atmospheric mercury emissions in Europe decreased from the ‘80s to 2000 (Table 
 1.18 ) because of 1) the implementation of the FGD equipment in large power plants 
and other emission control devices in other industrial sectors, particularly in 
Western Europe and 2) the decline of economy in Eastern and Central Europe due 
to the switch of their economy from centrally planned to market oriented system 
(Pacyna et al.  2005 ;  2006b) .   

  Table 1.16    Mercury consumption from artisanal small scale gold mining by region   

 Gold mining site 
 Period 
 (since)  

 Average annual 
 (Mg yr   -1   )   Total  (Mg)   Reference 

 Amazon, Brasil  1979  180  3000  Telmer & Veiga, 2008 
 Mindanao, Phillipines  1985  26  260  Telmer & Veiga, 2008 
 Southern Brasil  1985  1  10  Telmer & Veiga, 2008 
 Puyango River, Peru  1987  3  24  Telmer & Veiga, 2008 
 North Sulavesi, Indonesia  1988  15  120  Telmer & Veiga, 2008 
 USA  1969  6  150  Telmer & Veiga, 2008 
 Canada  1976  1  14  Telmer & Veiga, 2008 
 Choco region, Colombia  1987  30  240  Telmer & Veiga, 2008 
 Narino, Colombia  1987  1  8  Telmer & Veiga, 2008 
 Victoria Fields, Tanzania  1991  6  24  Telmer & Veiga, 2008 
 Pando Dep., Bolivia  1979  20  300  Telmer & Veiga, 2008 
 Jia pi Valley, China  1938  2  116  Telmer & Veiga, 2008 
 Dixing region, China  1992  120  480  Telmer & Veiga, 2008 
 Guyana Shield, Venezuela  1989  45  360  Telmer & Veiga, 2008 
 Asmara, Eritrea  1907  0.1  10  Cinnirella and Pirrone* 
  Total   456.1  5106 

*estimates based on an historical paper on gold extraction in Eritrea (Zaccaria, 2005).
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  1.3.2.2 North and Central America 

 Coal combustion and incineration of solid wastes account for most of mercury emissions 
in the USA National Emission Inventory (NEI), while nonferrous metal production 
accounts for most of mercury emissions in Canada and Mexico (Table  1.19 ).  

 In Canada, mercury releases can typically be attributed to waste incineration, coal 
combustion, smelting of ores and chlor-alkali industry (Environment Canada,  2008) . 
Between 1990 and 1995, Canadian anthropogenic mercury emissions dropped from 
36 to 11 Mg primarily as a result of technological improvements in the base metal 
mining and smelting industry. In 1995, this industry was the largest source of mer-
cury into the atmosphere, contributing approximately 40% of total emissions. From 
1995 to 2003, Canadian anthropogenic mercury emissions dropped to nearly 7 Mg. 
Three sectors, which include electricity generation, non-ferrous mining & smelting 
and incineration were responsible for 71% of mercury emissions into the atmos-
phere, accounting for 35%, 19% and 17% of Canadian emissions, respectively. 

 The mining industry, with both non-ferrous metal and gold sectors, is the highest 
source of mercury in Mexico, which represents 72% of the total (CEC,  2001 ; Gbor 
et al., 2007). Chlor-alkali production and combustion of heavy fuel oils are also 
potentially significant sources of mercury emissions. The total anthropogenic 

  Table 1.17    Anthropogenic emissions of mercury in Europe in 2000 
( Mg yr   -1  ) (from Pacyna et al.,  2006a)    

 Source category  Hg  (Mg yr   -1   )  

 Coal combustion  Power plant  63.5 
 Residential heat  48.7 

 Oil combustion  1.7 
 Cement production  30.2 

 Lead  7.6 
 Zinc  7.8 
 Pig & iron  12.5 

 Caustic soda  40.4 
 Waste disposal  11.6 
 Other  15.3 
  Total   239.3 

  Table 1.18    Trends in anthropogenic emissions of mercury in Europe since 1980 
( Mg yr   -1  )   

 Source category  1980  a   1985  a   1990  a   1995  b   2000  c  

 Combustion of fuels  350  296  195  186  114 
 Industrial processes  460  388  390  143  99 
 Other sources  50  42  42  59  26 
  Total   860  726  627  338  239 

  References:
 a  Pirrone et al.,  1996 
 b  Pacyna et al.,  2001 
 c  Pacyna et al.,  2006a   
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mercury emission in North America is estimated to be 144.7 Mg yr–1. The estimate 
is incomparable to previous regional and worldwide estimates of North American 
emissions that have ranged from 240 Mg yr–1 to 333 Mg yr–1 (Pirrone et al.,  1996)  
because there was a strong reduction in emission mainly in the waste incineration 
sector. Inconsistencies have been found for waste incineration and oil combustion 
when comparing with that reported in the NEI.  

  1.3.2.3 Russia 

 The total intentional consumption of mercury in the Russian Federation in 2001/2002 
was estimated to be in the range of 151 – 160 Mg yr–1 and since than the trend has 
declined. As the intentional consumption of mercury decreases, the mobilization of 
mercury impurities (trace element) increasingly account for a larger part of the total 
anthropogenic mercury flow. The total mobilization of mercury impurities in 
Russia in 2001 was estimated at 138 Mg (66 – 198 Mg) and the majority was mobi-
lized in coal, oil and non-ferrous metals ore (Table  1.20 ). According to the official 
data the total emission of mercury from Russian enterprises that have the obligation 
to report their annual mercury emissions was 2.9 Mg in 2001. Besides these 
sources, significant amount of mercury is released from area sources and from 
processes in which mercury is present as a natural impurity in the raw materials.  

  Table 1.20    Mercury emissions ( Mg yr   -1  ) to air and water in Russia (from ACAP,  2005)     

 Emission Source 
 Consumption/ 
mobilization  To air 

 Disposed in landfill/ 
waste dumps 

 Chlor-alkali production  103.0  1.2  39 
 Production of VCM  7.5  0.02  0 
 Gold mining using the amalgamation method, 

mining of sec. placers 
 5.5  3.1  1.1 

 Production of thermometers  26.0  0.009  0.1 
 Production of light sources  7.5  0.2  0.001 
 Other intentional uses  5.8  0.06  2.4 
 Total (intentional uses)  155.3  4.5  42.6 
 Coal - electricity producing sector  10.0  8.0  2.0 
 Coal - other uses (incl. waste from extraction)  12.0  6.3  3.6 
 Oil processing and use of petroleum products  33.0  3.4 
 Gas, oil-shale and bio-fuels  8.0  1.0 
 Zinc and lead production  31.0  1.9  8.5 
 Nickel and copper production  28.0  5.3  6.6 
 Production of other metals  7.8  2.6  4.2 
 Cement and lime  2.0  1.6  0.4 
  Total (mobilisation as impurity)   131.8  30.1  25.3 
 Waste incineration  3.5 
 Landfilling  24.0 
 Sewage sludge  0.1  5.7 
  Total (waste treatment)   3.6  29.7 
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 The present assessment uses the estimates from the 2005 Arctic Council study, 
prepared by a Russian expert group assisted by international experts, in which the 
total Russian emissions are estimated to be 39 Mg yr–1, with 77% being the contri-
bution from processes where mercury is mobilized as impurity (ACAP,  2005) . (This 
effort was the first comprehensive assessment of mercury releases at the national 
level in the Russian Federation).  

  1.3.2.4 China 

 Mercury emissions in China are estimated to be 623.1 Mg in 2003 (Table  1.21 ). 
A large fraction of the emission (41%) is due to coal combustion, which in China 
includes three major subcategories: coal-fired power plants, industrial boilers and 
residential uses. Emissions from this categories increased from 202.4 Mg in 1995 
to 334.0 Mg in 2005 (with the largest contribution from power plants and indus-
tries) (Streets et al.,  2008 , chapter 2). Approximately 40% of the mercury is 
released from non-ferrous metals smelters (Feng et al.,  2008) . Cement production 
(6%) and mercury mining (4%) represent minor contributions. In addition to indus-

   Table 1.21    Mercury emission from different source categories in China in 
2003 (Feng et al.,  2008 ; Streets et al.,  2008)     

 Source category  Emissions  (Mg yr   -1   )  

 Coal combustion  256.7 
  Power plants   100.1 
  Industrial use   124.3 
  Residential use   21.7 
  Other uses   10.6 

 Nonferrous metals smelting  248.0 
  Zinc   115.0 
  Copper   17.6 
  Lead   70.7 
  Gold: large scale   16.2 
  Gold: artisanal   28.5 

 Fuel oil for stationary sources  0.6 
 Gasoline, diesel and kerosene  7.6 
 Biofuel combustion  10.7 
 Grassland/savanna burning  4.2 
 Agricultural residue burning  3.9 
 Household waste burning  10.4 
 Cement production  35.0 
 Iron and steel production  8.9 
 Caustic soda production  0 
 Mercury mining  27.5 
 Battery/fluorescent lamp production  3.7 
 Forest burning  a   2.8 
 Coal mines spontaneous burning  a   3.0 
  Total   623.0 
   a Forest burning and coal mines burning are obtained from Streets et al.,  2005 .  
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trial sources, this estimate accounts for annual emissions from biomass burning (2.8 
Mg, without including natural sources which include re-emission of previously 
deposited mercury) and coal mines spontaneous burning (3 Mg) as reported by 
Street et al.  (2005) . Because the most updated emissions from industrial sources are 
for 2003, emissions from coal combustion reported here refer to for the same year 
despite they are available for 2005.   

  1.3.2.5 Australia 

 Mercury emissions from Australian coal fired power plants account for 2 to 8 Mg 
yr–1. This is larger than the National Pollution Inventory estimate of 1.1 Mg yr–1, 
because of the issues with brown coal fired power plants, but very significantly 
lower than the GMA estimate of 97 Mg yr–1 for stationary combustion sources in 
2005 (Table  1.22 ). It is, however, in relatively good agreement with the earlier 
estimate of 6.3-8.6 Mg yr–1 quoted by Pirrone et al.  (1996)  for emissions between 
1983 and 1992 (Nelson,  2007) .   

  1.3.2.6 India 

 Mercury contamination is widespread in India and a recent study (Mukherjee et al., 
 2008b , chapter 4) has dealt with industrial emissions of mercury from coal combus-
tion, iron and steel industry, non-ferrous metallurgical plants, chlor-alkali plants, 
cement industry, waste disposal and others minor sources (i.e. brick manufacturing, 
instruments, clinical thermometers). No information were found in the literature for 
the pulp and paper industry or for the oil and petrochemical industry in India as 
well as natural sources. Therefore, no estimates are provided in the regional budget. 
It should be stated that the lack of true emission data make very uncertain the esti-
mate of anthropogenic emissions of mercury for this country. 

 Table 1.22   Emissions of mercury to the atmosphere from point 
sources in Australia (> 5  kg yr   -1  ) as reported in the Australian 
National Pollutant Inventory (Nelson,  2007)    

 Source category  Emissions  (Mg yr   -1   )  

 Stationary power - Total  1.1 
 Stationary power - Black coal  0.98 
 Stationary power - Brown coal  0.1 
 Smelting/mineral processing  11.6 
 Iron and steel production  0.8 
 Petroleum refining  0.3 
 Cement  0.3 
 Waste  0.2 
 Coal mining  0.02 
 Other mining  0.3 
  Total (point sources)   15.7 
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 The highest contributing source category is the coal combustion (48%) followed 
by waste disposal (31%). Industrial Hg emissions in India have decreased from 321 
Mg in 2000 to 253 Mg in 2004. The Ministry of Environment and Forest in New 
Delhi has informed that 86% of Hg-cell chlorine plants have been converted to 
membrane process. This change implied that Hg emissions have decreased from 
132 Mg in 2000 to 6.2 Mg in 2004 (see Chapter 4 for further information). Mercury 
emissions from biomass burning and brick industry have also been discussed by 
Mukherjee et al  (2008)  (Table  1.23 ). Based on industrial activities and socio-economic 
trends, mercury emissions vary from one region to another and they are projected 
to increase as coal combustion and waste generation increase (disposed off in land-
fills without proper treatment).   

  1.3.2.7 South Africa 

 Limited information is available for African countries. Also very few data and 
information on actual mercury emissions or levels of mercury in products and 
resources exists for South Africa, which is the most industrialized country of 
Africa. Nevertheless most of the mercury released in the environment comes from 
artisanal gold mining (Telmer and Veiga, 2008). The South African Mercury 
Assessment (SAMA) Programme (Leaner et al.,  2006)  has undertaken some limited 
mercury inventory development and monitoring studies in South Africa. The Country 
is a primary producer of many important and strategic metals (e.g. gold, platinum, 
lead, zinc) and is a major producer and consumer of coal (DME,  2003) . Although 
these minerals and materials are known for their contribution to mercury pollution, 
detailed mercury emission inventories for these sources are unavailable. Pacyna 

 Table 1.23   Mercury emission from different source categories in India 
for 2000 and 2004 ( Mg yr   –1  )   

 Source  2000  2004 

 Coal fired power plants  100.44  120.85 
 Residential & Commercial boiler  3.65  3.70 
 Pig iron & steel production  3.84  4.56 
 Cu-production  3.84  11.78 
 Pb-production  2.49  1.83 
 Zn-production  1.41  1.90 
 Residual fuel oil consumption  0.52  0.47 
 Cement production  4.2  4.66 
 Municipal solid waste  50  70.00 
 Medical waste  6.6  6.60 
 E-waste  -  0.82 
 Biomass burning 
 - Forest  7.74  7.74 
 - Crop  4.76  4.76 
 Chlor-alkali plants  132  6.2 
 Brick manufacturing  -  7.49 
  Total   321.49  253.36 
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Table 1.24   Mercury emissions ( Mg yr   -1  ) from major anthropo-
genic sources in South Africa during 2004  

 Source Category  Hg Emissions 

 Power Plants  31.0 
 Coal Gasification  1.7 
 Consumer Products  0.1 
 Crude Oil Refining  0.5 
 Ferrous Metals: Iron and Steel  1.3 
  Coke Production / Alloy Steel   1.0 
  Pig Iron   0.3 
 Residential Heating  0.8 
 Cement Production  3.8 
 Non-Ferrous Metals: Primary smelters  0.6 
  Gold   0.3 
  Zinc, copper, lead   0.3 
 Incineration of wastes  0.6 
  Total   40.2 

et al.  (2006b)  suggested that in South Africa mercury release to the atmosphere 
accounts for 256.7 Mg, with most mercury emissions originating from industrial 
facilities, followed by stationary combustion. Leaner et al.  (2008)  critically revised 
previous estimates of mercury release from major anthropogenic sources, giving a 
global assessment of 40.2 Mg yr–1. Most of emissions are associated with power 
generation that accounts for 77% of the total (Table  1.24 ).  

 The gasification process of coal accounts for a 4% of the total emission. Mercury 
is likely released during gasification of the coal, but there is a potential for its 
removal in conjunction with the removal of other pollutants. Coal for firing cement 
kilns and producing clinker are the major sources of mercury in cement production, 
contributing with 9% to the total emission.  

  1.3.2.8 South America 

 In Brazil, the amount of mercury entering the environment was estimated to be 
about 200 Mg yr–1 (Trade and Environment Database (TED) case 132). As described 
in TED case 132, gold recovery is performed by removing sediments from river 
bottoms and adjacent areas and feeding them through a number of mercury-coated 
sieves. Roughly 1.0 kg of mercury enters the environment for every kilogram of 
gold produced by artisans (Farid and others, 1991). Another estimate according to 
research by Veloso de Araujo (1995), in the Alta Floresta area, State of Mato 
Grosso, Brazil, was that a typical month’s gold production of 230 kg emitted 240 
kg of mercury to the atmosphere as elemental mercury vapour and 60 kg of mercury 
into rivers. Considering that coal consumption in South American Countries is near 
28 Tg yr–1 (Mukherjee et al.,  2008a)  emissions of Hg from coalfired power plants 
is about 5.6 Mg yr–1 (emission factor 0.2 mg kg–1).    
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  1.4 Global Assessment  

 Our knowledge of mercury emissions on a global and regional scale is still incom-
plete. Global emission estimates by Pirrone et al.  (1996)  for the year 1990–1992 
(Table  1.25 ), by Pacyna et al.  (2003)  for the year 1995 (Table  1.26 ) and by Pacyna 
et al.  (2006b)  for the year 2000 (Table  1.27 ) indicate that Europe and North America 

  Table 1.25    Global emissions of total mercury from major anthropogenic sources in 1990 ( Mg yr   –1  ) 
(Pirrone et al.,  1996)     

 Coal comb.  Oil comb.  Zn prod.  Pb prod.  Wood comb.  SWI  Misc.  Total 

 Africa  24.6  7.5  7.6  0.6  18.5  34.2  14.0  107.0 
 Asia  412.0  61.5  51.3  3.1  31.8  288.9  127.3  975.9 
 Western  95.4  36.2  67.7  5.0  1.6  97.1  45.5  348.5 
 Eastern  166.6  38.2  49.6  4.9  3.6  40.4  45.5  348.8 
 North  81.4  27.9  42.0  6.3  4.4  127.2  43.4  332.6 
 Oceania  8.1  1.4  10.1  1.6  0.4  7.0  4.3  32.9 
 Central  5.6  11.8  11.1  0.7  8.7  24.2  9.3  71.4 
  Total   793.7  184.5  239.4  22.2  69.0  619.0  289.3  2217.1 

 Table 1.26 Global emissions of total mercury from major anthropogenic sources in 1995 ( Mg yr   -1  ) 
(Pacyna et al.,  2003)  

 SC  NF  PI  C  WD  TOT 

 Africa  197.0  7.9  0.5  5.2  210.6 
 Asia  860.4  87.4  12.1  81.8  32.6  1074.3 
 Australia  97.0  4.4  0.3  0.7  0.1  102.5 
 Europe  185.5  15.4  10.2  26.2  12.4  249.7 
 North America  104.8  25.1  4.6  12.9  66.1  213.5 
 Oceania  2.9  0.1  3.0 
 South America  26.9  25.4  1.4  5.5  59.2 

  Total   1474.5  165.6  29.1  132.4  111.2  1912.8 

   SC = Stationary combustion; NF = Non-ferrous metal production; PI = Pig iron and steel produc-
tion; C = Cement production; WD = Waste disposal; TOT = Total.  

Table 1.27   Global emissions of total mercury from major anthropogenic sources in 2000 ( Mg yr   –1  ) 
(Pacyna et al.  2006b)   

 SC  NF  PI  C  CS  M  G  WD  O  TOT 

 Africa  205.2  7.9  0.4  5.3  0.3  0.1  177.8  1.4  398.4 
 Asia 1   878.7  87.6  11.6  89.9  30.7  0.1  47.2  32.6  0.9  1179.3 
 Australasia  112.6  4.4  0.3  0.8  0.7  7.7  0.1  126.6 
 Europe 1, 2   113.9  30.2  15.4  12.5  40.4  11.6  15.3  239.3 
 North America  79.6  6.4  4.3  7.7  8.0  0.1  12.2  18.7  8.8  145.8 
 Russia  26.5  6.9  2.7  3.7  8.0  3.1  3.5  18.2  72.6 
 South America  31.0  25.4  1.4  6.5  5.0  22.8  92.1 
  Total   1447.5  168.8  36.1  126.4  93.1  23.1  248  66.5  44.6  2254.1 

   1 Excluded Russia 
 2  Data for Europe herein reported have been updated from Pacyna et al.  2006a . 
 CS= Caustic soda production; M= Mercury production; G = Gold production; O = Other.  
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  Figure 1.7    Trend of global anthropogenic emissions by region and year (from Pirrone et al.,  1996  
(1990); Pacyna et al.,  2003   (1995) ; Pacyna et al.,  2006b   (2000) ). AF, Africa; AS, Asia; AU, Australia; 
EU, Europa; NA, North America; SA, South America       

seem to contribute less than 20% to the global anthropogenic emissions to the atmos-
phere, whereas Asia and Africa account for about 70% of global emissions and show 
a steady increase due to the fast economic development (Figure  1.7 ).     

 Our current estimate suggests that summing up the contribution from natural and 
anthropogenic sources nearly 8116 Mg of mercury is released annually to the glo-
bal atmosphere (Table  1.28 ). Total mercury emission from anthropogenic sources 
account for 2909 Mg (36%). The present assessment shows that the majority of 
mercury emissions originate from combustion of fossil fuels (18%), particularly in 
the Asian countries including China and India (14% on total anthropogenic basis) 
(Table  1.29 ), where energy production from coal combustion is increasing at a rate 
of nearly 10% per year. Among industrialized countries Europe and North America 
account for 15% of the total emission that is mostly related to fossil fuel combus-
tion. In addition to stationary combustion (18%), other sectors contribute to the 
global budget with an additional 18%. Combustion of coal is and will remain in the 
near future as the main source of energy in these countries.  

 Recent projections of energy production suggest that energy consumption will 
increase in all continents. Sharp increases are foreseen for Asian countries where 
most of future energy demand will still be supplied by fossil fuels, which will lead 
to an increase in annual emissions of mercury and other primary pollutants (i.e., 
NOx, SO2, aerosols, VOCs, CO2). Natural sources contribute to the global budget 
by 64% (5207 Mg) with oceans releasing most of the mercury (33%) followed by 
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  Table 1.28    Total mercury emissions to the atmosphere by source category    

 Region 
 Hg emission 
 (Mg yr   -1   )  

 Reference 
year  Reference 

  Natural  
 Oceans  2682  2008  Mason,  2008  
 Lakes  96  2008  Mason,  2008  
 Forest  342  2008  Mason,  2008  
 Tundra/Grassland/ Savannah/Prairie/

Chaparral 
 448  2008  Mason,  2008  

 Desert/Metalliferrous/ Non-vegetated 
Zones 

 546  2008  Mason,  2008  

 Agricultural areas  128  2008  Mason,  2008  
 Evasion after mercury depletion events  200  2008  Mason,  2008  
 Biomass burning  675  2008  Friedli et al.,  2008  
 Volcanoes and geothermal Areas  90  2008  Mason,  2008  
  Total (Natural)   5207 

  Anthropogenic  
 Coal combustion, oil Combustion  1422  2000  Pacyna et al.,  2006b  
 Pig iron and steel Production  43  2000  This work 
 Non-ferrous metal Production  310  2007  USGS,  2004  
 Caustic soda Production  163  2000  This work 
 Cement production  236  2000  This work 
 Coal bed fires  32  2007  This work 
 Waste disposal  187  2007  This work 
 Mercury production  50  2007  This work 
 Artisanal gold mining production  400  2007  Telmer and Veiga, 2008 
 Other  65  2007  This work 
  Total (Anthropogenic)   2909 
  Total (Natural + Anthropogenic)   8116 

biomass burning (forest 8% and agriculture 2%), deserts and metalliferous zones 
(7%), tundra and grassland (6%), forest (4%), evasion after mercury depletion 
events (3%) and volcanoes (1%).  

  1.5 Further Research  

 Additional research is required to reduce uncertainty in both anthropogenic and 
natural emissions estimates. The uncertainty of anthropogenic emission estimates 
is mostly related to the rapid economic development in emerging economies, 
particularly South and South-East Asia in which the impact of fossil fuel use in 
energy production is threefold. Firstly because fossil fuel power plants are the single 
most important anthropogenic emission source of mercury to the atmosphere, 
secondly because the other pollutants emitted as a result of fossil fuel exploitation 
such as NO

x
 and SO

2
 have an impact on the atmospheric chemistry of mercury and 

influence its deposition patterns. A specific concern is for regions that are inadequately 
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described in terms of point sources (Africa, South America) or exhibit unusually 
large uncertainties (Asia). These uncertainties affect model and policy develop-
ment, and human welfare. 

 Atmospheric mercury models developed in recent years for assessing the rela-
tionship between emission source regions and receptor regions show a limited 
accuracy. The ability to determine the accuracy of current models is severely 
limited by the lack of a unified global emission inventory that accounts for a better 
emission source characterisation related to fossil fuel power plants in fast develop-
ing countries where energy demand is increasing at an annual rate of 10 per cent or 
even more. 

 The improvement of the mercury emission inventory on global scale, with 
special attention to fossil fuels fired power plants in countries characterised by a 
fast economic growth (i.e, China, India) will lead to a better assessment of the 
impact of different energy exploitation strategies foreseen in major environmental 
outlooks elaborated by leading institutions such as UNEP, World Bank, World 
Watch Institute and International Energy Agency (IEA). 

 Detailed mercury emission inventory may help nations to shape future energy 
management strategies that, among other things, will lead to a better assessment of 
countries’ potential for renewable and non-renewable energy production; this is in 
agreement with recommendations and requirements of major international conven-
tions and programmes aimed to reduce the impact of human activities on ecosystems 
quality and human health related to energy productions. 

 Socio-economic impacts associated with mercury pollution are very considerable 
with long-term impacts on human health, welfare and productivity. The impact of 
mercury pollution on human welfare can be immediate or in the years or decades 
to come. Delineation of mercury “hot spots” and knowledge of ecological processes 
that lead to their formation can reduce uncertainty and can help mitigation and 
outreach efforts of reducing health costs. This improved knowledge of the sources, 
transport and fate of environmental mercury would lead to realistic risk assessments, 
efficient mitigation efforts, and effective outreach to minimize adverse impacts on 
coastal ecosystems and human populations that consume seafood. 

 The emission to the atmosphere of mercury via natural processes constitutes an 
important part of the global Hg input and is a dominant part of the global mercury 
cycle. However, while there is an ongoing and continued effort to quantify these 
fluxes, the magnitude of their extent is still relatively poorly constrained. It must be 
emphasized that while the fluxes are due to natural processes, they constitute mer-
cury that has originated from different sources, and because of the potential for 
deposited mercury to be re-emitted to the atmosphere from both terrestrial and 
aquatic surfaces, these fluxes include both primary sources and secondary (recy-
cled) mercury. 

 These fluxes are comparable to the estimates of mercury inputs to the atmos-
phere from point anthropogenic source emissions. It appears that the mercury emis-
sion estimates from natural sources are within the range and confidence intervals of 
the results of a number of box and numerical modeling studies, and with empirical 
estimates. 
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 Of great urgency is the development and validation of models for mercury 
cycling in forests, accounting for the biogeochemistry for each region because the 
average emissions from the land exceed the ocean on an areal basis. This would 
provide an understanding of the source/sink relationship and thus mercury accumu-
lation or loss in ecosystems. 

 Such models could then be coupled with the fire carbon emission models. Fires that 
are certainly of great importance in terms of mercury emissions. Mercury in forests 
originates largely from deposition from the global atmospheric pool and thus is a glo-
bal concern. The release of mercury from biomass burning is partially under direct 
human control. Knowing anthropogenic mercury emission would address restrictions 
to the global release and reduce the atmospheric and vegetation/soil pools.      
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   Chapter 2   
 Mercury Emissions from Coal Combustion 
in China       

     David G.   Streets   ,    Jiming   Hao   ,    Shuxiao   Wang   , and    Ye   Wu     

  Summary   This chapter reviews the magnitude and spatial distribution of mercury 
emissions from coal combustion in China. Due to the large quantities of coal 
burned and the relatively low level of technology, particularly in industry, emissions 
are high. Emissions were stable at about 200-210 Mg during the period 1995-2000, 
but because of rapid economic growth starting in 2001, mercury emissions grew 
quickly to a value of 334 Mg in 2005. The annual average growth rate for the period 
1995-2005 was 5.1%. The uncertainty in emission estimates is about ±35% (95% 
confidence intervals). Emissions are concentrated in those provinces with high 
concentrations of mercury in coal (like Guizhou Province) and provinces in which 
a lot of coal is burned (like Shanxi Province). Because significant amounts of coal 
are burned in homes and small industrial facilities, without any kind of emission 
control at all, emissions of particulate mercury are higher in China than in the 
developed world; the speciation profile nationwide is: 64% Hg (II) , 19% Hg(p), and 
17% Hg 0 . In the future, growth in mercury emissions is expected to be limited by 
the application of FGD for SO 

2
  control and other advanced technologies. Estimates 

of emissions are hampered by the lack of comprehensive and reliable emissions 
testing programs in China.    

  2.1 Introduction  

 Mercury pollution has been recognized by Chinese researchers and government 
officials for some time. However, it is only relatively recently that researchers have 
begun to quantify the releases of mercury and measure the concentrations of mercury 
in the air, water and land. The serious nature of the pollution levels in China has now 
begun to raise issues that could lead to regulation of mercury emissions in the future. 
Feng  (2005) , Jiang et al.  (2006) , and Zhang and Wong  (2007)  have summarized the 
state of knowledge about mercury pollution in China. In addition, concern has been 
raised about transport of mercury away from the Asian continent and its contribution 
to regional and hemispheric background levels (see, e.g., Friedli et al.,  2004 ; Jaffe 
et al.,  2005 ; Pan et al.,  2006) . Coal combustion and nonferrous metals smelting are 
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roughly equally responsible for mercury releases in China, supplemented by other 
industrial operations (Streets et al.,  2005 ; Wu et al.,  2006a) . This chapter only 
addresses mercury releases from coal combustion. We discuss the contextual back-
ground for estimating emissions of mercury from coal combustion in China and 
present estimates for the period 1995 to 2005 with a forward glance to 2020.  

  2.2 Results and Discussion  

  2.2.1 Coal use Trends, 1995-2005 

 The major determinant of mercury emissions from coal combustion is the amount 
of coal burned. Coal consumption data for China are available by sector, coal type, 
and province from the China Energy Statistical Yearbooks (NBS, 1998-2005). It is 
important to distinguish between coal that is combusted directly and coal that is 
diverted to other uses, because this has major implications for mercury release 
rates. Trends in total raw coal consumption are shown in Figure  2.1 . In 1995, total 
raw coal consumption was 1460 Tg, of which the industrial sector consumed 482 
Tg (33%) for direct combustion, slightly more than the power sector, 446 Tg (31%). 
The residential sector consumed 138 Tg (9%). The remaining 27% of coal was used 
for coal washing, coking, industrial feedstocks, briquettes, and miscellaneous types 
of combustion. Coal use declined during the period 1996-1999 due to a variety of 
economic and other reasons (see, e.g., Sinton and Fridley,  2000) , but subsequently 
began to increase quickly, as the economy of China underwent rapid expansion. By 
2005, total raw coal consumption had risen to 2650 Tg, of which the major contributing 
sectors were: power plants 1050 Tg (40% of total), industrial combustion 718 Tg 
(27%), and residential use 138 Tg (5%).  

 Among the major coal-consuming sectors, the power sector was the leading sector 
in total coal growth, increasing by an average of 8.9% annually during the period 
1995-2005. The industrial coal-combustion sector showed a moderate increase in 
coal use, 4.1% annually. Coal use in the residential sector was the same in 2005 as 
in 1995 in absolute terms, meaning that its share had been slowly decreasing (-0.1% 
per yr) mainly due to fuel transitions to cleaner gaseous and liquid fuels. Other uses 
of coal have grown as well, notably a tremendous annual-average growth rate of 
17.8% in the use of coal as industrial feedstock, mostly achieved during the past 
five years. Figure  2.2  shows how the various uses of raw coal in the industrial sector 
have changed during the period 1995-2005.   

  2.2.2 Mercury in Coal 

 A reliable determination of the average or typical concentration of mercury in 
Chinese coals by province or nationwide is hampered by the innate heterogeneity 
of mercury in coal, as well as the relative paucity and unrepresentativeness of 
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measurements. Early Chinese studies on mercury emissions relied on limited sampling 
data. Wang et al.  (1999,   2000)  and Zhang et al. (2002) used an average value for 
the mercury concentration of Chinese coals of 0.22 g Mg -1 , with a wide range of 
0.02-1.92 g Mg -1 , based on samples from fourteen provinces. Other estimates from 
the Chinese literature are 0.15 g Mg -1  (Huang and Yang,  2002)  and 0.16 g Mg -1  
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(Zhang et al.,  1999) . All these estimates were based on sampling of raw coal in 
coal-producing areas. An advancement in our understanding of mercury in Chinese 
coals occurred through an initiative by the U.S. Geological Survey, as part of the 
World Coal Quality Inventory, to measure about 300 coal samples from around 
China in collaboration with the Institute of Geochemistry in Guiyang. They 
obtained an average value of 0.15 g Mg -1  with a 1 ∑  standard deviation of 0.14, 
within a range of <0.2 – 0.69 g Mg -1 . Finally, Zheng et al.  (2007)  summarized previous 
studies of mercury in Chinese coals and reported new measurements of 1699 coal 
samples, having an average concentration of 0.19 g Mg -1 . The highest values of 
mercury content in raw coal are found in Guizhou Province ( ~ 0.52 g Mg -1 ) (Zheng 
et al.,  2007) . Figure  2.3  presents the average mercury content of raw coal, as mined, 
for coal-producing provinces.  

 In order to obtain reliable estimates of the magnitude and spatial distribution of 
mercury emissions, it is essential to know the mercury content of the coal as 
burned, not just as mined. Therefore, it is necessary to relate the coal produced 
(mined) in particular provinces to its consumption in each province. Streets et al. 
 (2005)  and Wu et al.  (2006a)  developed a coal transportation matrix to link coal 
production to coal consumption. Using a merged data set from the USGS data and 
the Chinese literature data, they determined that the average mercury content of 
coal as burned was 0.18-0.19 g Mg -1 , varying very slightly in the range of 0.180 to 
0.189 g Mg -1  during the period 1995 to 2003, due to fluctuations in provincial coal 
production. Streets et al.  (2005)  also calculated the mercury content of cleaned 
coal, coal briquettes, and coke, as produced. They assumed an average Hg removal 
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2 Mercury Emissions from Coal Combustion in China 55

efficiency for coal cleaning of 30% that is independent of the mercury content; dur-
ing this period about 16% of total coal was cleaned in China. It was further assumed 
that 10% of the mercury contained in a given coal remains in coke after the coking 
process. Because there is no evidence of mercury removal during the briquette 
production process, it was assumed that 100% of the mercury in the raw coal or 
cleaned coal is transferred to the briquettes. Further tests on these and other 
coal-derived products are clearly called for.   

  2.3 Mercury Released to the Atmosphere  

 Because mercury release rates and the speciation profiles depend greatly on com-
bustion technology, combustion conditions, and emission control technology, it is 
necessary to define Chinese coal utilization practices rather carefully. Streets et al. 
 (2005)  and Wu et al.  (2006a)  developed a model containing 65 individual source 
types for coal combustion, 22 of which are for coal-fired power plants, 30 for indus-
trial use, nine for residential use, and four for other uses. The partitioning of each 
combustion technology/control device/fuel type by province and sector over time is 
built into their model based on a wide literature review. 

 In the past decade, the installation of particulate matter (PM) control devices in 
boilers has increased significantly in China, especially in the power sector. Since the 
mid-1980s, electrostatic precipitators (ESP) increased their share by 4-5% annually, 
to replace wet particle scrubbers and cyclones in power plants. Now the share of ESP 
installation in the total coal-fired power capacity is about 95% nationwide. However, 
in the industrial sector, the penetration of PM control installation lags behind. 
Although installation of wet particle scrubbers increased during the past decade, the 
fraction of industrial coal use without any PM control device is still large at present, 
close to 30%. The reasons are: (a) a large number of small boilers are scattered 
throughout China, especially in the poorer and more remote provinces such as 
Guizhou and Yunnan, without PM control; and (b) coke ovens, consuming a large 
amount of raw coal and clean coal, are generally without PM control. Since the mid 
1990’s, flue-gas desulfurization (FGD) also began to be installed in power plants to 
reduce SO 

2
  emissions. In 1995, FGD installed capacity was only 0.7 GW, rising to 

5 GW in 2000; however, by the end of 2005, the FGD capacity had reached 53 GW, 
mostly in Sichuan (including Chongqing), Beijing, Shandong, Guangdong, 
Heilongjiang, Jiangsu, and Zhejiang Provinces. It is essential to reflect the rapidly 
changing mix of technologies in the coal-consuming sectors of China in calculations 
of mercury emissions over time. Figure  2.4  illustrates how the mix of PM controls 
changed during the period 1995-2003 in the power and industrial sectors. 
Residential use is also an important coal-consuming sector in China, representing 
7% of raw coal, 5% of cleaned coal, and 90% of briquettes in 1999. Traditional 
cookstoves and improved cookstoves are the major combustion types for residential 
cooking and heating, both of which are without any PM control device. In the big 
cities, however, many residents obtain heat from centralized heating systems that 
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use mid- or large-sized boilers. This part of the coal consumption for residential 
heating use assumes the use of stoker boilers with cyclone controls. For farming, 
construction, transportation, and commerce, the coal consumption is combined and 
assumes the use of small stokers without any PM control.  

 The typical scheme for calculating mercury emissions from coal combustion is 
illustrated in Figure  2.5 . A fraction of the mercury contained in the fuel is not emitted 
to the air but is retained in the bottom ash and disposed of as solid waste. The share 
of Hg remaining in the bottom ash is different for different boiler types. Studies in 
China (Huang et al.,  2003 ; Zhu et al.,  2002)  indicate that only 1-2% of Hg remains in 
the bottom ash for pulverized coal (PC) boilers in power plants; however, the ratio 
may increase to 7-9% for industrial PC or fluidized-bed boilers and 17-18% for 
industrial stoker-fired boilers (Wang et al.,  2000 ; Wang and Ma,  1997) .  

 The control technologies used to reduce traditional air pollutant emissions (e.g., 
PM and SO 

2
 ) from coal-combustion boilers also remove some of the mercury from 

the flue gas; however, the removal efficiencies vary widely. Until very recently, 
there were few measurements of mercury removal efficiencies for Chinese boilers. 
Wang et al.  (1999,   2000)  reported from measurements on two power plants in 
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  Figure 2.4    Time development of the penetration of PM control devices in China in the power 
sector (upper) and the industrial sector (lower), 1995-2003       



2 Mercury Emissions from Coal Combustion in China 57

Changchun that mercury collection efficiency averaged 26% within a range of 7-47%. 
Zhu et al. (2002) suggested the following mercury removal efficiencies of the three 
predominant types of PM control devices installed in boilers in China: (a) ESP has 
a moderate removal efficiency of  ~ 30%; (b) wet PM scrubbers show very little 
benefit, with mercury removal efficiency of  ~ 4-8%; and (c) cyclones remove essen-
tially no mercury (<0.1%). However, there is very little information about mercury 
removal efficiencies on devices other than ESPs on PC power plants in China. 

 Recently, programs of testing mercury emissions from Chinese sources have 
begun at Zhejiang University, Tsinghua University, and the Institute of Geochemistry 
in Guiyang, and studies are beginning to be published in the peer-reviewed literature. 
Tang et al.  (2007) , Chen et al.  (2007) , Yi et al.  (2008) , and Zhou et al.  (2007)  have 
all reported test data, including investigation of the roles of chlorine and ash in 
mercury release, but further work is needed to digest these results and generalize 
them to the population of source types in China.  

  2.4 Emission Trends in China  

 Wang et al.  (1999,   2000)  and Zhang et al.  (2002)  were the first to report mercury 
emissions from coal combustion in China, citing a value of 213.8 Mg for the year 
1995. They further reported an annual average growth rate of  ~ 4.8% a year for emissions 
in the 17 years prior to 1995, rising from  ~ 95 Mg in 1980 to  ~ 160 Mg in 1990. 

 Predicted emissions for 2000 were 273 Mg. Streets et al.  (2005)  conducted a 
detailed examination of mercury emissions from all sources and reported a value of 
202.4 Mg for mercury from coal combustion in 1999, 38% of total emissions of 
mercury in China (535.8 Mg). Wu et al.  (2006a) , using the same methodology and 
data as in Streets et al.  (2005) , developed an emission trend from 1995 to 2003. 

 This trend incorporates the coal consumption and technology trends pre-
sented earlier. The results of that study are presented in Table  2.1  and Figure  2.6 . 

Fuel Use by
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China Energy
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  Figure 2.5    Calculation procedure for mercury emissions; F 
REL

  = fraction released to the air 
during combustion; F 

RED
  = fraction reduced by emission control devices; F 

S
  = fraction emitted 

by species type       
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Additionally, for this present report, the trend has been extended from 2003 
to 2005.   

 Wu et al.  (2006a)  find that mercury emissions from coal combustion increased 
from 202.4 Mg in 1995 to 334.0 Mg in 2005, an annual-average growth rate of 
5.1%. The largest growth in mercury emissions (7.0% per year) has been in the 
power sector, consistent with the growth in coal combustion in the power sector, 
from 63.4 Mg in 1995 to 124.8 Mg in 2005. 

 Emissions from industrial coal combustion have grown by 4.9% per year, from 
104.7 Mg in 1995 to 169.4 Mg in 2005. A formal uncertainty analysis has been 
conducted on these estimates, following the method described in Streets et al. 
(2003), and is shown in Figure  2.7 . The 95% confidence intervals are approximately 
± 35%, changing little over the time period.  

 The mercury emissions have also been speciated as described in Streets et al. 
 (2005)  and Wu et al.  (2006a)  across all emitting source types. The net result for coal 
combustion – varying over all sectors, source types and technologies – is shown in 
Figure  2.8  by province. This figure shows that the fraction of mercury emitted 
in particulate form is particularly high in Guizhou Province and to a lesser extent 
in Qinghai and Xinjiang Provinces.  
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  Figure 2.6    Trends in mercury emissions in China, 1995-2005; annual-average growth rates for 
the entire period are shown in the caption       
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  Figure 2.7    Uncertainty in mercury emission estimates for coal combustion, as 95% confidence 
intervals       
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  Figure 2.8    Speciation of mercury emitted from coal combustion in 1999, by province       
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 This is a combination of high Hg content of coals and extensive use of coal in 
small, uncontrolled facilities. In the developed provinces – Guangdong, Shanghai, 
and Zhejiang, for example – particulate mercury releases are low. For the nation as 
a whole, the average speciation profile for mercury from coal combustion is: 64% 
Hg (II) , 19% Hg(p), and 17% Hg 0 . It should be noted that the mercury speciation 
profiles used thus far have relied on western data sources and are subject to change 
when new Chinese test data become available. 

 Streets et al.  (2005)  showed that the three provinces emitting the largest amounts 
of mercury from coal combustion in 1999 were Guizhou (18 Mg), Shanxi (15 Mg), 
and Henan (14 Mg) areas with heavy coal use and relatively low levels of technology. 
Figure  2.9  presents the spatial distribution of mercury emissions from coal combustion 
in 1999 at 30 min × 30 min resolution.   

  2.5 Future Mercury Emissions from Coal Combustion  

 Though mercury emissions from coal combustion have grown dramatically since 
2001, there is hope for a change in the trend through the expected implementation 
of FGD on power plants. China announced in its 11 th  Five-Year Plan a renewed and 
concerted effort to control SO 

2
  emissions, intending to achieve a 10% reduction in 

2010 emission levels relative to 2005. This goal will mostly be achieved by the 
installation of FGD units on a large number of power plants. 

 Reduction targets have been agreed upon with provincial governments and 
power companies, favorable electricity rate pricing and loans have been granted, 

  Figure 2.9    Gridded mercury emissions from coal combustion for the year 1999 at 30 min × 30 
min spatial resolution (units are  Mg yr   -1   per grid cell)       
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and SEPA has been given ministerial status (Ministry of Environmental Protection) 
with greater enforcement powers. Even by 2006, the installed FGD capacity had 
doubled relative to 2005, from 53 GW to 104 GW. Figure  2.10  shows that imple-
mentation of FGD is expected to reach 58% nationwide by 2010 and 67% nationwide 
by 2020 starting with the developed coastal provinces and then spreading to the rest 
of the country. Because FGD also removes some mercury along with the SO 

2
 , there 

will be a significant co-benefit for mercury reduction.  
 The key question is whether the implementation of FGD on power plants will be 

sufficient to offset the expected continued growth in power generation and coal 
combustion. Figure  2.11(a)  shows the expected growth in power generation and 
coal use in the power sector out to 2020. Fast growth continues, with electricity 
generation growth outpacing coal growth due to improvements in energy efficiency. 
Coal use is expected to reach 1290 Tg in 2010 and 1770 Tg in 2020; electricity use 
rises to 2.62 billion MWh in 2010 and 3.80 billion MWh in 2020. Although more 
testing is needed to determine typical mercury removal efficiencies in Chinese 
power plants, we assume 74% reduction from an ESP + FGD configuration.  

 With this assumption, annual mercury emissions from coal-fired power plants 
are effectively held to about 2003 levels by 2010 (approximately 105 Mg) (Wu et al., 
 2006b) . About 61 Mg of mercury emissions are avoided through FGD in this 
scenario, as shown in Figure  2.11(b) . Emissions thereafter would begin to rise 
again, but with a modest additional investment in selective catalytic reduction 
(SCR) and activated carbon injection (ACI) technologies, 2020 emissions could 
also be held to the level of 100 Mg or thereabouts (Wu et al.,  2006b) . So the prospect 
of stabilizing mercury emissions from power plants is at hand.  

<20%

20%-49%

50%-69%

70%-89%

90%-100%

2020: 67% nationwide 2010: 58% nationwide 

  Figure 2.10    Expected extent of FGD implementation on coal-fired power plants in China in 2010 
and 2020, showing percentage implementation rates in each province       
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  2.6 Future Research and Policy Implications  

 The existence of a mercury pollution problem has been known in China for several 
decades, but it is only recently that quantification has been attempted. Estimates of 
mercury emissions from coal combustion were first made about ten years ago, and 
they have improved over time. Considerable progress has been made in understanding 
the mercury content of Chinese coals. However, to a large extent, emissions 
quantification has had to rely on technology performance data as measured in the 
West. This is a considerable drawback, as we are not at all sure that facilities in 
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  Figure 2.11    (a) Anticipated growth in power generation and coal use in power plants out to 2020; 
and (b) the effect of FGD and other controls on future mercury emission levels (grey), showing 
avoided emissions through application of emission control technology (black)       
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China achieve the same level of performance as they do in the West-and many of 
the special Chinese technologies have never been sampled at all. It was only in 
2007 that a number of papers were published by Chinese researchers reporting on 
field testing of mercury emissions and collection in Chinese plants. Over the next 
few years, these results need to be collated, compared with western data, extrapo-
lated to the whole of China, and supplemented with additional test data. In particular, 
the mercury collection efficiencies of PM control devices and FGD need to be 
refined when burning coals with the special chlorine and ash specifications of 
Chinese coals. When this has been accomplished, we will be able to have greater 
confidence in the estimates.      
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      Chapter 3
 Mercury Emissions from Industrial Sources 
in China       

     Xinbin   Feng   ,    David   Streets   ,    Jiming   Hao   ,    Ye   Wu   , and    Guanghui   Li      

  Summary   In this chapter, we reviewed mercury emissions from industrial sources in 
China. The industrial sources included fuel oil for stationary sources; gasoline; diesel 
and kerosene; biofuel combustion; Grassland/ savannah burning; waste and residue 
burning; cement production; iron and steel production; caustic soda production; 
non-ferrous metal smelting (Zn, Pb, Cu, and Au); mercury mining; and battery and 
fluorescent lamp production. Mercury emission factors from most source categories 
were obtained according to measurement data from Europe and North America. 
The mercury emission factor for zinc smelting, which was believed to be the largest 
industrial source, was adopted from the data of recent studies in China. We used the 
information published in the literature to estimate the emission of different mercury 
species. The total mercury emission from industrial sources in China was 253.07 Mg 
in 1999. Non-ferrous metal smelting (including zinc, lead, copper and gold smelt-
ing) is the largest industrial mercury emission source in China and the total mercury 
emissions reached 167.8 Mg. The total mercury emissions from industrial sources in 
China in 1995 was 296.4 Mg, increasing to 360.5 Mg in 2003, at an average annual 
growth rate of 2.90%. Due to lack of field measurement data to quantify mercury 
emission factors for most of industrial sources, a large uncertainty is associated with 
the current emission inventory. A number of studies need to be undertaken to reduce 
the uncertainties. Surveys are needed to evaluate mercury contents in raw materials 
of different industrial categories. Mercury balance studies are necessary for repre-
sentative plants of different industrial sources. The speciation of mercury emissions 
from different industrial sources are also urgently needed in order to better understand 
the atmospheric fate of mercury emitted from these sources.    

  3.1 Introduction  

 Global emissions of anthropogenic mercury to the atmosphere have been estimated 
to be 1900 Mg in 1995 (Pacyna and Pacyna,  2002) , of which 77% was from coal 
combustion, with the remainder divided among non-ferrous metals production, 
cement production, and waster disposal. However, the scenario of mercury emissions 
from China may be quite different. Mercury emissions from industrial sources 
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other than coal combustion contribute a significant portion of the total emissions 
(Streets et al.,  2005 ; Wu et al.,  2006) . 

 China has been regarded as one of the largest atmospheric mercury emission 
sources from a global perspective (Pirrone et al.,  1996 ; Pacyna and Pacyna,  2002)  
due to rapid economic development. The increasing mercury emissions in China 
have resulted in the elevation of mercury concentrations in ambient air both in urban 
and rural areas in China. Average concentrations of total gaseous mercury (TGM) 
in Guiyang, Guizhou Province, have been measured in the range of 5–15 ng m -3  
(Feng et al.,  2002 ;  2003 ;  2004a ;  2004b) , attributed to uncontrolled coal-burning in 
the residential and industrial sectors. In Beijing, Liu et al.  (2002)  measured TGM 
concentrations in the range of 6–10 ng m -3  during winter. Fang et al.  (2001)  measured 
average particulate mercury concentrations of about 0.5 ng m -3  in North eastern 
Changchun City, Jilin Province, rising to as high as 2 ng m -3  during the heating season. 
Xiu et al.  (2005)  measured somewhat lower levels of Hg in Total suspended particulate 
(TSP) in Shanghai, in the range of 0.2–0.5 ng m -3 . The average TGM concentrations 
in rural areas such as the Gongga Mountain area in South western China (Fu et al., 
 2008)  and the Changba Mountain area in North eastern China (Wan et al.,  2008)  
reached 3.98 and 3.22 ng m -3 , respectively, which were significantly elevated 
compared to the values of 1.5 to 2.0 ng m -3  measured in rural areas in Europe and 
North America (Ebinghaus et al.,  2002 ; Schroeder et al.,  2001 ; Lindberg et al.,  2007) . 
These measurement data demonstrated that mercury emissions from anthropogenic 
activities have resulted in elevated TGM concentrations in ambient air in China. 
There are, however, tremendous uncertainties in mercury emission inventory estimates 
for China simply because of the lack of direct measurement data to establish reliable 
emission factors for different anthropogenic sources. Currently, the mercury emission 
factors from different anthropogenic sources are generally adopted from the data 
obtained from the studies conducted in Europe and North America. However, mercury 
measurements of major emission sources in China are known to have been taken or 
are underway, even if the data are, as yet, unpublished and unavailable, e.g., the 
cement plant measurements made by US-EPA in cooperation with Chinese entities 
and others, and power plants measurements made by US-DOE and Chinese universities 
and authorities. In Chapter 2 of this report, Streets et al.  (2008)  reviewed mercury 
emission from the coal combustion sector in China, while mercury emissions from 
industrial sources will be evaluated in this chapter. 

 The major industrial mercury emission sources in China include fuel oil for 
stationary sources; gasoline; diesel and kerosene; biofuel combustion; Grassland/ 
savanna burning; waste and residue burning; cement production; iron and steel 
production; caustic soda production; non-ferrous metal smelting (Zn, Pb, Cu, and 
Au); mercury mining; and battery and fluorescent lamp production. 

 A model has been developed to calculate mercury emissions from different 
industrial sources in China (Streets et al.,  2005 ; Wu et al.,  2006) . The basic concept 
of the mercury emissions calculation is described by the following equation: 

 ( )t i, j,t iij, j,t RELj,t REMj,tE ef A F 1 F⎡ ⎤= −⎣ ⎦∑∑    (1)     
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 where E 
t
  is the mercury emission; ef 

i,j,t
  is emission factor for other fuels or 

non-combustion processes; A 
i,j,t

  is the amount of fuel consumption or production yield 
of non-combustion processes; F 

RELj,t
  is the fraction of mercury emitted to the atmos-

phere; F 
REMj,t

  is the fraction of mercury removed by emission control devices; j is the 
type of combustion with/without control devices; i is the province; and t is the year.  

  3.2 Emission Factors from Different Industrial Sources in China  

 Table  3.1  lists mercury emission factors from various industrial activities in China and 
the majority of the data are adopted from Streets et al.  (2005) . Mercury emission factors 
from the zinc smelting sector which is currently believed to the one of the largest 

  Table 3.1    Emission factors for total Hg from industrial sources in China     

 Source category  Unit  Emission factor 

  1.  Fuel oil for stationary sources (e.g., power 
plants, industrial use) 

  g Mg      −1  oil  0.014 a  

  2. Gasoline, diesel, and kerosene   g Mg    −1    oil  0.058 a  
  3. Biofuel combustion   g Mg    −1    biofuel  0.020 b  
  4. Grassland/savanna burning   g Mg    −1    grass burning  0.080 c  
  5.  Waste and Residue Burning 

Agricultural residue 
Household waste 

g Mg−1 residue 0.037d

g Mg−1 waste 2.80e

 0.037 d  
2.80 e  

  6. Cement production   g Mg    −1    cement  0.040 f  
  7. Iron and steel production   g Mg    −1    steel  0.04 g  
  8. Caustic soda production   g Mg    −1    caustic soda  20.4 h  
  9.  Non-ferrous metal smelting 

Zinc (Zn) 
Copper (Cu) 
Lead (Pb) 
Gold (Au): large-scale production 
Gold (Au): artisanal production 

 
g Mg−1 Zn
g Mg−1 Cu
g Mg−1 Pb
Mg Mg−1 Au
Mg Mg−1 Au

 
5.7-155i

9.6j

43.6j

0.79j

15.0k

 10. Mercury mining   kg Mg    −1    Hg  45.0 k  
 11. Battery and fluorescent lamp production   Mg Mg    −1    Hg used  0.05 k  

  a  From US EPA  (1995) . 
  b  From Friedli et al.  (2003a) . 
  c  Average emission factor for forests is 0.113 g Mg −1  (Friedli et al.,  2003b) . We assume that grass-
lands are generally like forests in terms of long-term exposure to Hg, but with typically rather shorter 
lifetimes for Hg uptake. This value is therefore lowered to 0.080 g Mg -1  for grassland burning. 
  d  From Friedli et al.  (2003b) . 
  e  From UNECE/EMEP  (2004) . 
  f  Coal related Hg emissions for cement production are excluded from this category. Energy intensity 
of 0.196 Mg of coal Mg -1 of cement produced (Zhou et al.,  2003)  is used here to adjust emission 
factor of 0.065 g Mg -1  of cement (US EPA,  1997)  to 0.040 g Mg -1  of cement produced. 
  g  From Pacyna and Pacyna  (2002) . 
  h  From Qi et al. (2000). 
  i  From Li  (2007)  and Feng et al.  (2004) . 
  j  From Jiang  (2004) . 
  k  From Qi  (1997) . 
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mercury emission sources in China is adopted from recent studies by Li  (2007)  and 
Feng et al.  (2004) . It is obvious that no field measurement data in China regarding 
mercury emission studies is currently available in the open literature for most source 
categories. Therefore, mercury emission factors from most source categories were 
obtained according to measurement data obtained in Europe and North America.  

 Zinc smelting processes in China can be divided into two major types, 
namely the pyro-metallurgic process (PMP) and the electrolytic process (EP). 
The pyro-metallurgic process can then be divided into four sub-types, such as 
the imperial smelting process (ISP), retort zinc smelting process (RZSP), elec-
tric zinc furnace (EZF), and artisanal zinc smelting process (AZSP). Total zinc 
production in China reached 2.71 million Mg in 2004. It is estimated (Jiang, 
 2006)  that 71.8% of total zinc production is based on EP technology, 7.7%, 
5.9%, 13%, and 1.6% of total zinc production used ISP, RZSP, EZF and AZSP 
techniques, respectively. 

 Using the mass balance method, Feng et al.  (2004)  calculated mercury emission 
factors from artisanal zinc smelting using both oxide and sulphide ores and the 
data are shown in Table  3.2 . Applying the same method, Li  (2007)  investigated 
mercury emission factors from four large scale zinc smelters using EP with flue 
gas mercury removal devices and without flue gas mercury removal devices, 
RZSP and ISP techniques, respectively and one artisanal zinc smelter using 
oxide ores and the emission factors are listed in Table  3.2 . We can see that 
mercury emission factors varied significantly with different smelting processes 
and decreased dramatically if mercury removal devices were applied for the 
smelters. Streets et al.  (2005)  and Wu et al.  (2006)  used an averaged emission 
factor of 86.6 g Mg -1  Zn to estimate mercury emission from zinc smelting 
sources. From Table  3.2 , we can clearly see that in most cases mercury emission 
factors were much lower than the value that is currently used. Therefore, we have 
applied these mercury emission factors in Table  3.2  to estimate mercury emissions 
from different zinc smelting factories using different zinc smelting processes in 
China in this paper.   

 Methods  EF 
Hg

  ( m g Mg    −1    )   Information Source 

 Artisanal Zn Smelting using oxide ore  75  Li,  2007  
 Artisanal Zn Smelting using oxide ore  79  Feng et al.,  2004  
 Artisanal Zn Smelting using sulfide ore  155  Feng et al.,  2004  
 Electrostatic Process (EP) with mercury removal device  5.7  Li,  2007  
 Electrostatic Process (EP) without mercury removal 

device 
 54  Li,  2007  

 Retort Zn Smelting Process RZSP)  34  Li,  2007  
 Imperial Smelting Process (ISP)  122  Li,  2007  

  Table 3.2    Mercury emission factors from zinc smelting using different smelting processes in China    
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  3.3  Speciation of Mercury Compounds from Different 
Industrial Sources in China  

 Primary emissions are classified according to gaseous elemental mercury (Hg 0 ), 
divalent gaseous mercury (Hg (II) ), and particulate mercury (Hg(p)). Generally no 
field measurement data on the speciation of mercury from the industrial sources is 
available from open literature. Streets et al.  (2005)  and Wu et al.  (2006)  used 
measurements from Pacyna and Pacyna  (2002) , and Friedli et al.  (2001,   2003a,   b)  
for different industrial sources as shown in Table  3.3 .   

  3.4 Emissions from Different Industrial Sources in China in 1999  

 Streets et al. (2005)  estimated anthropogenic mercury emissions in China for the year 
1999 and the total emission from industrial sources other than coal combustion reached 
327.95 Mg. We recalculated the total mercury emissions from industrial sources 
according to the emission factors listed in Table  3.2  and the total mercury emission was 
253.07 Mg as shown in Table  3.4 . The difference between these data sets is from the 
estimate of mercury emission from zinc smelting. We used the new mercury emission 
factors to estimate mercury emissions from zinc smelting factories using different 
processing techniques according the studies by Li  (2007)  and Feng et al.  (2004) .  

 It can be seen that non-ferrous metal smelting (including zinc, lead, copper and 
gold smelting) is the largest industrial mercury emission source in China and the 
total mercury emissions reached 167.8 Mg, which constituted 66% of the total 

 Source category  Hg 0   Hg (II)   Hg(p) 

 1.  Fuel oil for stationary sources (e.g., power 
plants, industrial use) a  

 0.50  0.40  0.10 

 2. Gasoline, diesel, and kerosene combustion a,b   0.50  0.40  0.10 
 3. Biofuel combustion b   0.96  0.00  0.04 
 4. Grassland/savanna burning b   0.96  0.00  0.04 
 5. Waste and residue burning b   0.96  0.00  0.04 
 6. Cement production a   0.80  0.15  0.05 
 7. Iron and steel production a   0.80  0.15  0.05 
 8. Caustic soda production a   0.70  0.30  0.00 
 9. Non-ferrous metal smelting a   0.80  0.15  0.05 
 10. Mercury mining c   0.80  0.15  0.05 
 11. Battery and fluorescent lamp production c   0.80  0.15  0.05 

  Table 3.3    Speciation of total mercury for each major source type (as fraction 
of the total)     

  a.  From Pacyna and Pacyna  (2002) . 
  b.  From Friedli et al.  (2001,   2003a,   2003b) . 
  c.  Assumed to be the same profile as other non-combustion sources. 
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  Table 3.4    Summary of Hg emission estimates ( Mg ) for industrial sources associated with fuel 
consumption and materials production and use in 1999    

 Source category 
 Fuel consumption or 
material yield  (Mg)   Hg  Hg 0   Hg (II)   Hg(p) 

 Fuel oil for stationary sources  33.8 × 10 6 a   0.47  0.24  0.19  0.05 
 Gasoline, diesel, and kerosene  96.8 × 10 6 a   5.61  2.81  2.25  0.56 
 Biofuel combustion  413.0 × 10 6 b   8.26  7.93  0.00  0.33 
 Grassland/savanna burning  52.1 × 10 6 c   4.17  4.00  0.00  0.17 
 Waste and residue burning 
Agricultural residue 
Household waste 

 
105.3 × 10 6 c 
0.7 × 10 6 d  

 5.94
3.90
2.05 

 5.71
3.74
1.96 

 0.00
0.00
0.00 

 0.25
0.17
0.08 

 Cement production  566.9 × 10 6 e   22.68  18.14  3.40  1.13 
 Iron and steel production  123.0 × 10 6 e   4.92  3.94  0.74  0.25 
 Caustic soda production  9.3 × 10 3 d   0.19  0.13  0.06  0.00 
 Non-ferrous metal smelting
Zinc (Zn)
Copper (Cu)
Lead (Pb)
Gold (Au): large scale
Gold (Au): artisanal 

 1.7 × 10 6 f 
1.1 × 10 6 f 
0.9 × 10 6 f 
20.4  d 
1.9  g  

 167.8
73
10.12
40.08 
6.10

28.50 

 134.23
58.4
8.09

32.06
12.88
22.80 

 25.17
10.95
1.52
6.01
2.41
4.28 

 8.39
3.65
0.51
2.00
0.80
1.43 

 Mercury mining  195.0  f   8.78  7.02  1.32  0.44 
 Battery/fluorescent lamp
production 

 485.0  h   24.25  19.40  3.64  1.21 

  Total   253.07  203.55  36.77  12.78 

    a  From NBS (2001).
   b  From ECCCEY (2000). 
  c  From Streets et al.  (2003b) . 
  d  From Jiang  (2004) . 
  e  From NBS  (2000) . 
  f  From ECCNMI  (2000) . 
  g  Artisanal gold smelting activities were officially banned in September 1996, but some mines 
continue to operate surreptitiously. In our study, we assume artisanal gold production in 1999 is 
1.9 Mg, one-third of 1995 artisanal gold production (Feng,  2005) . 
  h  This is the amount of Hg used in battery and fl uorescent lamp production (Jiang,  2004 ; Yang 
et al.,  2003) .  

mercury emissions from all industrial sources excluding coal combustion. Zinc 
production in China is increasing significantly, reaching 1.7 million Mg in 1999. 
We estimated that total mercury emissions in 1999 were 73 Mg which is less than 
the value of 147.6 Mg estimated by Streets et al.  (2005) . Copper production in 
China was about 1.1 million Mg in 1999. Total mercury emissions from copper 
smelting were 10.12 Mg. Hg emissions from copper smelting are much lower than 
those of zinc smelting due to the use of a lower emission factor for copper smelting 
(9.6 g Mg -1  of copper produced) in the estimation, which mainly results from much 
lower mercury contents in copper concentrate ore than those in zinc concentrate 
ore. Lead production in China was about 0.9 million Mg in 1999. It is estimated 
that total mercury emissions from lead smelting were 40.08 Mg. 
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 In 1999, the 15 largest lead smelting plants contributed 57% of total lead yield. 
Most of these large plants are located in Hunan, Yunnan, Henan, and Guangdong 
Provinces (Streets et al.,  2005) . Because mercury emissions from gold smelting 
using amalgamation technology are strongly affected by the size of the smelting plant, 
the gold smelting process is separated into two parts: large-scale gold smelting in 
industrial plants and small-scale artisanal gold smelting. 

 Amalgamation technology is gradually being phased out in the large-scale gold 
smelting plants. In 1999, only about 20 Mg of gold were produced from large-scale 
plants using amalgamation technology, which resulted in 16.10 Mg of total mercury 
emissions. Although artisanal gold production was small in 1999, mercury emissions 
were still large due to the high emission factor for this process (Feng,  2005) . It is 
estimated that total mercury emissions from small artisanal gold smelting were 
28.50 Mg in 1999. Artisanal gold smelting was officially banned in September 
1996, though it persists in remote areas. It is difficult to get precise gold production 
estimates from these small activities, and the mercury emission estimates from this 
activity are subject to large uncertainties. Battery/fluorescent lamp production and 
cement production emitted 24.3 and 22.7 Mg of mercury, which constituted 10% 
and 9% of the total mercury emissions from all industrial sources except coal 
combustion, respectively. Other sources contributed about 15% of the of the total 
mercury emissions from all industrial sources excluding coal combustion. 

 As shown in Table  3.4 , among the total emission of 253.1 Mg from various 
industrial sources, 203.55 Mg, 36.77 Mg and 12.8 Mg were emitted as Hg 0 , Hg (II)  
and Hg(p), respectively. Gaseous Hg 0  is the major form of mercury emitted from 
industrial sources other than coal combustion, and it constituted 80% of total 
mercury emissions. Divalent gaseous mercury (Hg (II) ) and particulate mercury 
(Hg(p)) constituted 15% and 5% of total mercury emissions, respectively.  

  3.5 Mercury Emission Trends from 1995 to 2003  

 Wu and co-workers  (2006)  developed multiple-year inventories of anthropogenic 
mercury emissions in China from 1995 through 2003. After updating mercury 
emissions estimates from zinc smelting using the new emission factors (Li,  2007  
and Feng et al.  2004) , we also analysed mercury emission trends for the industrial 
sources from 1995 to 2003 as shown in Table  3.5 .  

 The total mercury emissions from industrial sources in China in 1995 was 296.4 
Mg, increasing to 360.5 Mg in 2003, at an average annual growth rate of 2.90%. 
Non-ferrous metals smelting operations are known to be one of the largest sources 
of mercury in China (Streets et al.,  2005 ; Wu et al.,  2006) . Due to fast economic 
development in China, the demand for non-ferrous metals is increasing signifi-
cantly. As a result, total mercury emissions from the non-ferrous metals smelting 
category (zinc, lead, copper and gold) increased rapidly at an annual average rate 
of 4.30%, from 182.5 Mg in 1995 to 248.0 Mg in 2003. 
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 In this category, zinc smelting is the largest single sector in total mercury emissions, 
reaching 115.0 Mg in 2003 at an average annual rate of 11.6%. However, lead 
smelting was the leading sector in mercury emissions growth: from 26.5 Mg in 
1995 to 70.7 Mg in 2003, increasing by 13% annually. Total mercury emissions 
from copper smelting increased to 17.6 Mg in 2003, increasing at an annual rate of 
6.9%. Gold smelting is the only sector with decreasing mercury emissions in this 
category, attributed to an official ban of artisanal gold production in China since 
1996. In 2003, total mercury emissions from gold smelting were 44.7 Mg, compared 
to 95.6 Mg in 1995. It should be noted that the estimate of mercury emissions from 
metals smelting is subject to a high uncertainty due to limited test samples, lack of 
detailed information on metal smelting processes in typical Chinese plants, and 
lack of precise production estimates from small activities (Wu et al.,  2006) . 

 Besides non-ferrous metals smelting, cement production, mercury mining, battery 
and fluorescent lamp production, household waste burning, and biofuel burning are 
also major contributors of mercury emissions during the whole period or part of the 
period (1995-2003). Total mercury emissions from cement production (coal-related 
emissions are excluded to avoid double-counting with industrial coal use) increased 
steadily from 19.9 Mg in 1995 to 35.0 Mg in 2003, at an annual rate of 7.4%. 
In China, domestic mercury mining shrank dramatically in the late 1990s, but has 
rebounded since 2002. As a result, the total Hg emissions from mercury mining 
fluctuated significantly, decreasing from 35.1 Mg in 1995 to 8.7 Mg in 2001, then 
back up to 27.5 Mg in 2003. However, mercury emissions from artisanal mercury 
mining activities in Guizhou during that period of time were not included because 
it is very difficult to obtain the precise mercury production from this small scale 
mercury mining activity. It was estimated that the annual mercury emissions from 
artisanal mercury mining activity in the Wuchuan mercury mining area in Guizhou 
reached 3.9 to 9.8 Mg (Li et al.,  2006) . Mercury containing batteries are being 
phased out in China due to the release of a stringent standard in December 1997. 
Therefore, total mercury emissions from this sector increased initially, from 29.1 
Mg in 1995 to 49.7 Mg in 1997, then decreased significantly from 1998, to as low 
as 3.7 Mg in 2003. Biofuels dominate rural energy supply in China. Total mercury 
emissions from biofuel burning have remained nearly constant, at around 10 Mg 
annually. Although household waste burning contributed only 0.6 Mg of mercury 
emissions in 1995, it is the leading sector among all of the mercury source sectors 
in emission growth, reaching 10.4 Mg in 2003 at an annual growth rate of over 
40%. This is simply because the living standards of Chinese people has increased 
latterly and consequently the amount of waste produced by each family increased. 
Among other miscellaneous small sources, liquid fuels (gasoline, diesel, and kero-
sene) and iron and steel production are two sectors with high mercury emission 
growth, at annual average growth rates of 7.2 and 11.2%, respectively. 

 It is estimated that 81% of total mercury from industrial sources in 2003 is 
released as Hg 0 , 14% as Hg (II) , and 5% as Hg(p), compared to 80% as Hg 0 , 15% as 
Hg (II) , and 5% as Hg(p) in 1995.  
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  3.6 Uncertainties  

 Quantifying Hg emissions is more difficult than quantifying, say, SO 
2
  or NO 

x
 , 

because the emissions come from so many source types, not primarily combustion 
sources. In this respect Hg emissions are similar to VOC emissions. It is acknowledged 
that for some types of sources very little is known about actual activity levels and 
emission factors, and the choices in such cases rely heavily on inferences of activity 
levels from quite limited and uncertain statistical information. On the other hand, at 
least for combustion sources and releases from mercury containing ores, total emis-
sions are constrained by the Hg content of the raw material, in a similar way to the 
sulfur content of fossil fuels, and this acts to reduce the uncertainty. Several factors 
influence the estimation of emissions, including emission factor and activity level. 
We estimate the uncertainty for each emitting sector by combining the coefficients 
of variation (CV, or the standard deviation divided by the mean) of the contributing 
factors. We then combine these uncertainties to estimate the total uncertainty of Hg 
emission estimates by quadrature average when the source estimates are uncorrelated. 
We follow the same detailed methodology for uncertainty analysis that was described 
in the TRACE-P inventory paper of Streets et al.  (2003a) . Figure  3.1  shows the 
results of uncertainty estimation in Hg emissions by source type.  

 The general findings are that Hg emissions are known least well in the artisanal 
gold smelting sector (±450%), followed by the mercury mining sector (±340%). 
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  Figure 3.1    Uncertainty (%) in Hg emission estimates (95% confidence intervals, ±) by sector 
(modified from Streets et al.,  2005)        
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 As the confidence intervals are frequently greater than the mean, the presentation 
of relative confidence intervals >±100% might suggest that the lower confidence 
interval is negative. However, the true confidence interval is not symmetric about 
the mean because some of the underlying variables are log-normally distributed. 
A better interpretation of “±400%”, for example, might be “within a factor of five” 
so that the confidence interval would be 20-500% of the mean given.  

  3.7 Future Research and Policy Implications  

 Due to the fact that high uncertainties are associated with the current mercury emission 
inventory from industrial sources other than the coal combustion sector, a great 
number of studies need to be undertaken to reduce the uncertainties. First of all, 
surveys are needed to evaluate the mercury content of the raw materials of different 
industrial categories. Knowing mercury contents in raw materials, we can easily 
constrain the upper limit of mercury emissions from industrial sources. However, 
information regarding the mercury content of raw materials in industrial sectors is 
extremely scarce in China. Secondly, mercury balance studies are necessary for 
representative plants of different industrial sources. Until we know the mercury 
balance in an industrial process, it is impossible for us to determine what percentage 
of mercury in raw materials is emitted to the atmosphere. This kind of study is 
rarely reported in open literature in China. Thirdly, the speciation of mercury emissions 
from different industrial sources are also urgently needed in order to better understand 
the atmospheric fate of mercury emitted from these sources. Once we have all the 
above mentioned information, we will have accurate mercury emission inventory 
from industrial sources in China.      
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      Chapter 4
 Mercury Emissions from Industrial Sources 
in India and its Effects in the Environment       

     Arun B.   Mukherjee   ,    Prosun   Bhattacharya   , 
   Atanu   Sarkar,    and    Ron   Zevenhoven      

  Summary   This study describes the atmospheric mercury (Hg) emissions from 
industrial sources in India for the years 2000 to 2004. In India emission inventories 
of Hg and other trace elements from anthropogenic sources have been largely 
neglected, although the GDP (Gross Domestic Products growth) has touched 9.6% 
at the beginning of the 21 st  century. In coal production India is the third largest in 
the world, whereas Indian cement and brick production have reached second place 
in the world. With increased industrial development, acute pollution problems have 
been identified in the subcontinent. There is no consistent earlier information for Hg 
emissions to the environment for any sectors of industry. This paper may be the first 
road map in which we have tried to find out the total emission of Hg from a wide 
range of sources, e.g. from coal combustion to clinical thermometers broken during 
production or packing. There is a lack of basic data and in an attempt to correct 
this, emission factors suitable for Asian countries have been selected to complete 
this study. Before this document, there were some efforts in Europe to develop 
emission inventories for Hg from coal combustion or chlor-alkali plants for India. In 
this study it was found that total atmospheric emission from industrial sources has 
decreased from 321 Mg in 2000 to 253 Mg in 2004 due to a switch for the membrane 
cell process in the chlor-alkali industry. In 2004 the largest part of the Hg emissions 
stemmed from coal combustion in thermal power plants. Hg-cell technology had 
been used earlier in chlorine and sodium hydroxide production, as a result of which 
Hg concentration in terrestrial and aquatic species are nowadays quite high in coastal 
areas. India can thus be referred to as a mercury “hot spot”. We have received 
limited information on emissions of Hg from industrial sources in India. Estimates 
are based on emission factors and the values taken from the literature. Against 
a background of limited data and information, this paper gives an overview of Hg 
emissions in India and of the recent steps undertaken by authorities to curb the emissions 
of Hg and its subsequent trans-boundary movement in the global environment.    

N. Pirrone and R. Mason (eds.), Mercury Fate and Transport in the Global Atmosphere, 81
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  4.1 Introduction  

 Economic advancement of any country whether developed or developing depends 
on capital to provide the rapid growth of manufacturing industries, infrastructure, 
and for the modernization of economies and societies. For the past three decades, 
India has achieved increased production of metals, cement, fertilizers, chlorine, 
pulp and paper as well as heat and electricity, through burning of coal, natural gases 
and oil (Table  4.1 ). Hence the country became one of the most rapidly growing 
economies with an average annual growth of 9.6 percent and it has later crossed the ten 
percent level (Choi,  2003) . During the course of development, industrial management 
and the government authorities did not pay adequate attention at the regional 
or central levels, to pollution problems due to mining operations, metal smelting, 
electroplating, energy and fuel consumption, sludge dumping and many others 
operations causing pollution problems in the terrestrial and aquatic environments. 
Examples of soil pollution as well as other pollution problems in the aquatic and 
terrestrial environment are well documented in India (Kumar et al.,  1995 ; Choi, 
 2003) . In the industrial area of Chhattisgarh state, water discharged from different 
industries such as thermal power plants, the steel industry, the cement industry, sulfuric 
acid plants, rice mills, coal washing etc, was cited to contain total Hg between 
6.7 – 678 ng mL -1  with mean and median values of 118 and 49.3 ng mL -1 , respectively. 
High concentrations of Hg in human hair have also been reported in Chhattisgarh 
state. Human activities redistribute Hg in a manner that causes elevated concentrations 
of pollutants in the human food chain (Nriagu and Pacyna,  1988) .  

  Table 4.1    Production of metals, coal, residue fuel oil and cement in India, 2000-2004 ( Tg )    

  Element    2000    2001    2002    2003    2004  

 Copper, Cu 1   0.256  0.293  0.385  0.391  0.401 
 Sec. Copper 4   0.007 
 Lead, Pb 1   0.057  0.074  0.064  0.078  0.042 
 Sec. Pb 4   0.040-0.050 
 Zinc, Zn 1   0.176  0.207  0.232  0.254  0.238 
 Sec. Zn 4    0.065  
 Pig Iron, Fe 1   21  22  24  24  25 
 Raw Steel 1   27  27  29  32  32 
 Hard coal 2   310  312.5  333.7  340e  373 
 Residue fuel oil 

production 3  
 7.965  8.308  7.855  6.905  7.267 

 Cement 1   100  100  100  110  111e 

    In italic  = estimated value 
 1   http://minerals.usgs.gov/minerals/pubs/commudity     
 2 USGS, 2005;   www.worldcoal.org     accessed on 11.29.2007 
 3 IEA (2007); 
 4 Secondary metal production for 2004.  
 Information received from Indian Copper Development Center, Kolkata (2007) and Indian Lead 
and Zinc dev Association, New Delhi (2007). Note: The authority mentioned that production of 
secondary lead varies between 40000 to 50000 Mg in a year 
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 Among the several trace elements in the periodic table, Hg is considered as a 
toxic trace element to humans, animals, and the ecosystem because of its unique 
geochemical characteristics. It is a natural element that cannot be created or destroyed 
and the same amount has existed on Earth since the planet was formed. It exists in 
several states: Hg-metallic liquid, Hg vapour, inorganic Hg (I)  (mercurous salts) 
inorganic Hg (II)  (mercuric salts) and gaseous Me-Hg (Drasch et al.,  2004) . There is 
global concern regarding the recycling of this element, especially in the Indian 
subcontinent and China where less attention has been paid to the environmental 
consequences of increased production of chlorine, metals, waste incineration and 
coal combustion as well as brick manufacturing in India. It has been suggested that 
the overall amount of Hg mobilized and released in the Indian atmosphere has 
decreased slightly in recent years, although there is no emission inventory of Hg 
from these facilities and the data availability is scarce. This is further complicated 
by the fact that the decision makers still pay minimal attention to the issues concerning 
Hg emission and related environmental hazards. Even in the international journals 
little attention has been paid to the atmospheric Hg emission into the techno 
sphere in India. In general, the state of Hg and other trace metal research is not well 
established as compared to the western world. 

 In India, there are no cinnabar ore resources for the production of Hg and neither is 
there information that indicates whether Hg is recovered as a by-product from certain 
processes. There is controversy regarding the amount of Hg imported from the 
European Union (EU) and other countries, but the total import amount has decreased 
from 253.7 Mg in 1996 to 123.4 Mg in 2004 (Pandey,  2006) . This imported Hg is 
generally used in chlor-alkali plants and the leading Hg users are shown in Table  4.2 .  

  Table 4.2    Leading mercury users in India (1998 – 2001)    

 Sector   Hg content per unit    Units produced   Total Hg  ( Mg )  

 Chlor-alkali   ~  200 g Hg used per Mg of Cl 
2
  

produced 
 450,000  a   70 

 Thermometers  0.6 – 1.0 g  8957,000  b   7.2 
 Batteries  Alkaline not more than 25 mg  NA 
 Hg-Zinc  Total 33 to 50% by wt of the battery  1,650 million  c   25 
 Zn-Carbon  Total 1% Hg by wt of the battery  NA 
 Fluorescent lamps  0.0252 – 0.080 g per lamp  f   150 million  c   7.89 
 Thermostat switches  3 – 6 g  4051,000  d   18.23 
 Alarm clocks  Average 0.6 – 0.7 g unit -1   1481,000P  b   0.96 
 Hearing aids  0.4 g unit -1   95,500  c   0.04 
  Sum   129.32 

   a Environmental rating of Indian Caustic-Chlorine Sector, Green Rating Project (2002), Center for 
Science and Environment. 
 b Industrial Handbook, Centre for Industrial & Economic Research /Delhi), 1998 
 c Industrial Handbook, Centre for Industrial & Economic Research /Delhi), 2000–2001 
 d   http://www.Indianfoline.com/auto/db01.html     
 e Telephone conversion with Battery Industrial Official 
 f Draft Wisconsin Mercury Sourcebook, Wisconsin Department of Natural Resources (USEPA, 
May 1997)  
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 There is no information of cross-boundary flow of Hg vapour from India to other 
parts of the world except for the Himalayas (covering an area of roughly 6 × 10 5  
km 2 ). The study by Banic et al.  (2003)  suggests that Hg has the capacity to move 
to high altitudes. During snow deposition, Hg (II)  can be photo-reduced to elemental 
Hg and remitted back into the atmosphere. It is still unknown how Hg species at 
the Himalayan region precipitates in the terrestrial and aquatic environment in 
mountain areas (Loewen et al.,  2005) . 

 A recent emission inventory of Hg by Jaffe et al.  (2005)  indicated that Asian Hg 
accounts for more than 50% of the global anthropogenic release of Hg. These 
authors confirmed that the ratio of Hg/CO is a good indicator of Asian industrial 
flow, including India. These authors suggested that it is possible to calculate Hg 
emission based on the Hg/CO ratio and the inventory of CO emissions. Lindberg 
et al.  (2007)  pointed out that biogeochemical cycling of Hg is similar to that of 
carbon (C), sulphur (S) and nitrogen (N). However, levels of Hg emissions in the 
form of aqueous and atmospheric Hg on the Indian subcontinent are alarming. 
Recently, Srivastava  (2003)  outlined the sources of Hg and its risks to the Indian 
environment. Studies by Weiss-Penzias et al.  (2003)  indicated that industrial emis-
sions of Hg from Asia can be transported across the Pacific within five days. 

 Mercury in the air consists of two main chemical forms, being elemental Hg 
(Hg 0 ) and divalent Hg compounds which are in gaseous forms or are bound to 
particles in the atmosphere. Mercury can also exist in the environment in the form 
of organo-metallic compounds e.g. methyl mercury (MeHg). But, the speciation of 
Hg in the aquatic environment determines its chemical reactivity, mobility and 
biological activity. Mercury is deposited over land, water, and forest regions either 
by wet (Figure  4.1 ) or dry deposition. But the enhanced wet deposition rates close 
to major Hg sources through cloud-droplet activation and precipitation scavenging 

  Figure 4.1    Chemistry of wet deposition of mercury (reproduced from Lindqvist et al.,  1991)        



4 Mercury Emissions from Industrial Sources in India and its Effects 85

have been confirmed (Dvonch et al.,  1998 ; Munthe et al.,  2001) . However, the 
deposition rate is highest in regions where elevated rain fall or snow fall occurs. 
The humidity in India is quite high especially in the south, middle and eastern parts, 
where deposition of Hg is expected to be highest. In northern Europe in the 1990s, 
an  ~  40% decrease of wet deposition in southern Sweden was a result of a decrease in 
air concentrations, and thus in the wet deposition rate of Hg (Munthe et al.,  2001) .  

 International transport of Hg in the Indian subcontinent has not been studied 
sufficiently, as a result of which it is impossible to predict its effects in terrestrial, 
aquatic and freshwater ecosystems. Atmospheric Hg can be deposited to aquatic 
systems in the Himalayas region, which may be the source of Hg in river water, 
sediments and head water systems. Subraminium et al. (2003) measured Hg in fish 
species (0.069 – 3.920 mg kg -1  wet wt), sediment (0.16 – 5.71 mg kg -1 ) and water 
(0.17 – 2.351 mg L -1 ) from the Indus River. These authors did not mention Me-Hg 
in Indian fish. It should be remembered, however, that many variables must be 
considered, such as atmospheric processes mixed with aquatic variables, which will 
dictate the overall levels of Me-Hg in fish tissue (Downs et al.,  1998) . 

 After the first international conference on “Hg as a Global Pollutant” in 1990 at 
Gävle, Sweden, understanding of Hg chemistry in the ecosystem has increased among 
the scientific community. Still our scientific understanding of Hg in ecosystems is not 
absolute and is rarely complete (Lindberg et al.,  2007) . Weiss-Penzias et al.  (2003)  
measured gas-phase elemental Hg (Hg 0 ), inorganic reactive gaseous mercury (RGM) 
and particulate Hg (Hg(p)) in the marine boundary layer of Washington state, USA in 
2001 – 2002. It has also been observed that in the Polar regions, Hg 0  can be converted 
to RGM by chemical reaction with halogen species (Ebinghaus et al.,  2002) . 

 One rather difficult question is whether emission inventories are consistent with 
observations. Emission factors can be used to estimate the emission of an element, 
but this approach is far from perfect (Pacyna et al.,  2006a) . In the view of those authors, 
the accuracy of emission estimations is based on the accuracy of emission factors 
available in the Emission Inventory Guidebook (UN ECE, 2000, (  http://www.epa.
gov/ttn/chief/ap42/ndex.html    ). However, emission factors will give a useful guideline 
to the emission of an element or species from industrial or natural sources. 

 Many authors have identified natural sources of Hg emissions (not in India), for 
example, from forest fires, sands, oceanic mist, volcanic activities, photo reduction 
of divalent Hg in natural waters. The weathering of bed rocks may contribute to 
high concentrations of Hg (100 ng g -1 ). Wide ranges of Hg in rocks (Table  4.3 ) 
determine equally wide ranges of natural background levels in soils and sediments, 
impacting on Hg bioaccumulation in aquatic and terrestrial species. In addition, 
laboratory studies have quantified the Hg emissions from soils where solar radiation 
has enhanced Hg emissions (Gustin et al.,  2002) . We must understand the natural 
background levels of Hg species before any conclusions on anthropogenic Hg input 
may be drawn. The Hg in the freshwater food chain may be due to the global increase 
in the background level of total Hg (Rohde,  1996) .  

 This study (November 2007 – May 2008) is based on a literature survey with a 
final goal to estimate Hg emission from industrial sources in India. Stack emission 
measurements are not mandatory in Indian industry. Hence no emissions data are 
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available in the literature for trace metals, including Hg. In addition information on 
atmospheric Hg emissions is very limited or non-existent in sources presented by 
the government. Several Indian organizations and companies were contacted for 
information during this study but the response was very poor or nil. 

 In the present study, the estimated atmospheric Hg emissions are based on emission 
factors for the European Union (EU), for the U.S., from the literature and from the 
limited information received from India. An emission factor is a representative 
value that attempts to relate the quantity of a pollutant released to the atmosphere with 
an activity associated with the release of that pollutant. The general equation for 
emissions estimation is: 

 E = A x EF x (1-ER/100)   (1)     

 where: 
 E = emission; 
 A = activity rate; 
 EF = emission factor, and 
 ER =overall emission reduction efficiency, % 

 Here we did not deal with emissions from secondary metal production as there 
are no emission data available. This document is by no means complete, but gives 
a first road map on how to deal with emission patterns of Hg in India.  

  4.2 Results  

 There is no doubt that industrial development has contributed to momentous 
economic growth in India over the last few decades, which has not, however, spread 
uniformly in society. Industrialization, population growth, urbanization, and unbalanced 

  Table 4.3    Mercury concentration in different rock samples (from different sources)    

  Source   Hg  ( ng g   −1  )   Range  ( ng g   −1    )    Location  

 Ocean ridge basalt  10* 
 Granite porphyry  117  5 – 468  Maine 
 Gabbro, Granite  10  -  Minnesota 
 Granite, (Granodiorit)  30*  - 
 Granite,( Rhyolite)  3.5  1.4 – 281  Sweden 
 Limestone  6  0.8 – 31.2  Sweden 
 Limestone  -  40 – 50*  - 
 Sandstone  110  -  - 
 Sandstone  -  40 – 100* 
 Black shale  234  31.9 – 340  Sweden 
 Shale  5.9  0.9 – 33.5  Sweden 
 Shale  -  180 – 400* 
 Mafic (Basalt)  3.9  0.2 – 17.7  - 
 Mafic  -  4 – 10*  - 

   * Source: Kabata-Pendias and Pendias (2001)  
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uses of raw materials have created enormous air pollution, causing acute environmental 
problems (Garg et al.,  2006) . Never before in the history of mankind have such vast 
environmental risk factors from Hg, or natural danger to humans, terrestrial and 
aquatic species been reported. Hence, education and awareness programs must be 
launched across the Indian subcontinent to educate the population on the risks from 
Hg and other trace element exposure, addressing especially the most vulnerable 
sectors of the population e.g. pregnant women and children (Srivastava,  2003) . It is 
well recognized that Hg is widely spread in India and in this study we have dealt 
with industrial emissions of Hg from the following sources: 

 • Coal combustion
  •  Iron & Steel Industry  
 •  Non-ferrous metallurgical plants  
 •  Chlor-alkali plants  
 •  Cement industry  
 •  Wastes  
 •  Biomass burning  
 •  Others (e.g. brick manufacturing, instruments, clinical thermometers)    

 In this study, no information was available from the pulp & paper industry or 
from the oil and petrochemical industry in India. 

  4.2.1 Coal Combustion 

 Coal reserves are distributed widely across the planet, but recoverable reserves are 
reported for only seventy countries. It has been estimated that world coal reserves 
may be sufficient for at least another 2-3 centuries whereas the figures for oil and gas 
are 41 and 65 years, respectively, at current production levels. In India, the coal mining 
area covers some 855 km 2  and the total number of coal mines is 572 (March 2004), 
of which 170 are opencast, 359 underground and 33 mixed (Mine Closure, 2005), 
Figure  4.2 . India is the third largest hard coal producer in the world after the PR 
China and the USA. Coal production has increased from 310 Tg in 2000 to 373 Tg 
in 2004. About 70% of the heat and electricity production in India depends on 
indigenous coal. From time to time, steam coal (11 Tg in 2001) and coking coal 
(9.8 Tg in 2001) have been imported, which in 2005 had increased to 41 Tg of 
steam and coking (19 Tg) coals (GOI,  2006) . Coking coals are primarily consumed 
in the iron and steel industry. There are 81 thermal power plants in India, three of 
which are not operating currently.  

 The occurrence and distribution of Hg in different compartments of ecosystems 
has been studied by many authors. Mercury is a chalcophile element, having 
great affinity for sulphur-containing compounds. This element (which in pure form 
and at ambient conditions is a liquid) is generally incorporated in pyrite (iron sulphide) 
and the concentrations of Hg vary with mineral paragenesis (Kolker et al., 
 2006) . Due to its high vapour pressure and physicochemical properties, the element 
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vaporizes easily during processing and thereby is released into the atmosphere. 
In India, gas cleaning equipment is not modern (involving almost exclusively 
only fly ash (FA) emissions control) and there are no flue gas desulphurisation 
(FGD) plants. 

 For estimation of Hg emission from coal and other products, emission factors 
have been selected and occasionally estimated in the current study (Table  4.4 ). 
Mercury in coal has been measured by the Pollution Control Research Institute of 
Bharat Heavy Electricals Ltd, India (Table  4.5 ) whereas the Centre for Science and 
Environment (CSE,  2005)  pointed out that the concentration of Hg in Indian coal 
varies between 0.01 and 1.1 mg kg -1  (= ppm-wt). For estimation of Hg emission 

  Figure 4.2    Coal reserves in India, 2004       
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  Table 4.4    Emission factors of mercury from industrial sources used for India    

  Source Category    Unit    EF    Reference  

 Coal fired power plants   g Mg  −1 Coal  0.3, 0.324*  1, 2 
 Residential and commercial boiler   g Mg  −1  Coal  0.5  1 
 Crude steel production   g Mg  −1  Steel  0.08*  2 
 Residual fuel oil combustion   g Mg  −1 oil  0.065  10, 11 
 Non-ferrous metal production 
 - Copper   g Mg  −1  Cu production  15  3, 4 
 - Zinc   g Mg  −1  Zn production  8  1 
 - Lead   g Mg   -   1  Pb production  43.6  5, 6 
 Caustic soda production   g Mg  −1  NaOH production  20.4  7 
 Cement production   g Mg  −1  Cement  0.042*  2 
 Wastes 
 - Municipal solid waste (MSW)   g Mg  −1  MSW  1.0  1, 3 
 - Medical waste   g Mg  −1  Medical waste  20  3 
 - Electronic waste**  8 
 Miscellaneous 
 - Bricks   g Mg  −1  brick  0.0214  9 
 Chlor-alkali plants   g Mg  −1  of NaOH  20.4  7 
 Forest burning   g Mg  −1  of fuel  0.242  12 
 Non-forest burning   g Mg  −1  of fuel  0.041  13 

   References: (1) Pacyna et al. (2006b); (2) This study; (3) Pirrone et al.  (1996) ; (4) Nriagu and 
Pacyna  (1988) ; (5) Li  (2007) ; (6) Feng et al.  (2004) ; (7) Qi et al.  (2000) ; (8) Sarkar  (2007) ; (9) 
USEPA (1997a); (10) Mukherjee et al.  (2000) ; (11) Sunderland and Chmura  (2000) ; (12) Veiga 
and Meech  (1994) ; (13 Friedli et al.  (2008) . 

 * Estimated in this study 
 ** Sarkar  (2007) : Hg in each computer is 0.0022%, weight of Hg in each computer is 0.00059 kg 
(assuming average weight of a computer is 27 kg), recycling efficiency is 0%, estimated obsolete 
computer is 1.38 million. Total annual production of Hg releasing to the environment is (0.00059 
kg x 1380000)/1000 = 0.82 Mg.  

  Table 4.5    Samples collected from eight coal based power 
plants in India (BHEL,  2004  vide  Pandey,  2006)     

  Names of power plants   Hg in coal  (mg kg  −1  )  

 GHTTP, Lehra, Mohabatt  0.26 
 Anpara, UP (BTPS)  0.26 
 North Chennai  0.33 
 NLC-TPS II  0.18 
 Chandrapura STPS  0.325 
 Kolaghat TPS (West Bengal)  0.61 
 Talchar TPS  0.33 
 Gandhinagar TPS  042 
 Mean (Range)  0.376 (0.18 – 0.61) 
   Note: Number of samples analyzed are unknown.  

from coal it is assumed that Indian coal contains on average 0.376 mg Hg/kg. 
The emission of Hg to the atmosphere will be more if we use the emission factor 
0.5 g Hg Mg -1  calculated by Pacyna and Pacyna  (2000) , and also the efficiency of 
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gas cleaning equipment in power plants is in question. The emissions of Hg from 
coal fired power plants in Indian in the years 2000 and 2004 are shown in Table  4.6 . 
The emission of Hg from power plants has increased by 17% since 2000 and the 
amount of Hg discharged into the environment may still be increasing as many 
plants have no gas cleaning equipment, similar to the situation in China. It is necessary 
to add, however, that at lower temperatures (350 – 400 o C) in the flue gas duct, in 
the presence of chlorine, sulphur and calcium part of the Hg 0  vapour is oxidized to 
Hg (II) , and/or reacts with carbonaceous ash particles and is deposited as Hg(p). 
Indian coal typically contains over 35%-wt fly ash (FA), and this particle surface 
offers an important site for Hg absorption (Mukherjee et al.,  2008) . In a recent study 
by USGS on 102 selected coal samples from different basins of India concentrations 

  Table 4.6    Atmospheric mercury emissions from industrial sources in India for 2000 and 2004, 
respectively (this study)    

  Source category  
 Consumption/ 
Prod. 2000  (Tg)  

 Hg emissions 
2000  (Mg)  

 Consumption/ 
Prod. 2004  (Tg)  

 Hg emissions 
2004  (Mg)  

 Coal fired power plants  310  100.44  373  120.85 
 Residential & 

Commercial boiler 
 7.3  3.65  7.4  3.7 

 Pig iron & steel 
production 

 48  3.84  57  4.56 

 Cu-production  0.256  3.84  0.401  11.78 
 Pb-production  0.057  2.49  0.042  1.83 
 Zn-production  0.176  1.41  0.238  1.90 
 Residual fuel oil 

Consumption 
 7.96  0.52  7.27  0.47 

 Cement production  100  4.2  111  4.66 
 Municipal solid waste  50  50  70  70 
 Medical waste  0.33  6.6  0.33  6.6 
 E-waste  -  -  0.146  0.82 
 Biomass burning 

- Forest
- Crop 

 32 (16 – 61)
116 (58 – 289) 

 7.74
4.76 

 32 (16 – 61)
116 (58 – 289) 

 7.74
4.76 

 Chlor-alkali plants  0.476  132 a   0.304 b   6.2 
 Brick manufacturing  -  -  350 (140 × 10 9  

pieces)  c  
 7.49 

  Sum   321.49  253.36 

   aW e have assumed that in 2000, average Hg emissions from Chlor-alkali plants were (185 + 79 = 
264/2 = 132 Mg (see section 3.4); 
 b In 2004, the data for 2006 has been used to estimate Hg emissions form Hg-cell plants. The 
abnormal reduction of Hg emission in 2004 was due to conversion of Hg-cell process to Membrane 
cell process where no Hg is used. 
 c We have assumed that weight of a Indian brick is 2.5 kg. Based on this information, the total 
weight of bricks in this study: 140 × 10 9  pieces × 2.5 kg wt of a brick i.e. 350 Tg of bricks.Weight 
of a brick is obtained by personal communication with TERI, New Delhi on 11.01.2008. 
Regarding biomass burning, Venkataraman et al.  (2006)  mentioned unit: Tg yr -1 . For this reason, 
we have assumed that the same amount of biomass was burnt in 2000 and 2004, respectively.  
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of Hg were found to be in the range between 0.02.to 0.16 mg kg -1 . Further details 
will be available at the project website of the USGS (  http//energy.     er.usgs.gov/coal 
quality/wocqi/collaborators.html) (A. Kolker, USGS, and S. Dunkee USEPA, per-
sonal communication, 5, May, 2008).   

 Currently, the energy sector contributes over 120 Tg of fly ash (FA) across the 
country. Several recent studies have identified heat, humidity, solar radiation and 
the presence of water as important factors in the release of Hg from FA, FGD solids 
or a mixture of these. The current estimation of Hg in FA is about 41 Mg (Mukherjee 
et al.,  2008) , although there is a lack of information on Hg in Indian coals and coal 
FA (Mukherjee and Zevenhoven,  2006) .   

  4.3 Iron and Steel industry  

 In the 21 st  century, iron and crude steel production in India has increased from 21.3 
Tg in 2000 to 25.0 Tg in 2004, and from 26.9 Tg in 2000 to 32.0 Tg in 2004, 
respectively. Steel is manufactured mainly by integrated steel manufacturing 
processes using the chemical reduction of iron ore, and conversion of iron from the 
blast furnace in a basic oxygen furnace (BOF). Steel can also be produced by 
melting steel scrap (e.g. from shredded cars) in an electric arc furnace (EAF). Coke, 
necessary in the iron and steel industry, is obtained by coking in ovens at 1000 °C 
or more. Here, Hg from coal is passed into the gas and other products of solid, 
liquid and gaseous by-product phases of the coking process. Coal consumption 
for the production of iron and steel in India accounts for about 13% of the total 
consumption i.e. 48.5 Tg in 2004. The emission factor calculated for Hg emission 
is 0.08 g Mg -1  crude steel which is quite realistic (see Table  4.4 ). It should be 
stated here that coke still contains a small amount of Hg. Hence some Hg will 
pass into the atmosphere also from the sintering plant, blast furnace and steel 
production. Our emission factors are higher than the emission factors calculated 
by other authors. The simple reason for this is that the quality of coal in India is 
quite poor due to a high ash content (30-40%-wt). For this reason, more coal is 
needed per Mg of steel production than in the USA or in Europe. Residual fuel oil 
was also used in this sector, although the consumption of this decreased from 672 
Gg in 2001 to 620 Gg in 2004. 

 In the electric arc furnace process metal from shredded cars is generally used as 
a raw material for conversion into steel. It has been reported that Hg-lamps are 
often removed when scrap cars are processed into crude steel (Personal communi-
cation with Dr. Pandey, TERI, New Delhi, April 2008). Otherwise, more Hg will 
be emitted from the iron and steel industry. 

 The atmospheric deposition of Hg in the vicinity of iron and steel works was 
cited as being in the range of 60 to 836 g/km 2 /month whereas Hg concentration 
measured in dust was 56 mg kg -1 . In surface soil it varied between 40 and 72 mg 
kg -1  (Srivastava,  2003) . 
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  4.3.1 Non-ferrous Metallurgical Iindustry in India 

  4.3.1.1  Production of Metals by Different Processes 
and Emissions of Mercury 

 The primary non-ferrous metal industries are based on copper (Cu), lead (Pb) and 
zinc (Zn). There are four copper smelters in which the Flash Smelting Process, 
the Ausmelt process and the Imperial Smelting are practiced. In addition, there 
is one zinc production plant where Zn is produced by the hydrometallurgical 
process. The Cu-smelters are situated at Khetri, (Rajasthan), Ghatsila, (Jharkhand), 
Dahej (Gujarat), Tuticoran, (Tamil Nadu) where the Copper Flash Smelting Process 
and the Ausmelt Process are used, respectively, besides the later process at Tuticoran, 
where Australian Cu-concentrate containing 5.0 mg Hg kg -1  was reported to be 
used (Personal communication with Manger of Tuticoran Cu-smelter, December 
13, 2007). The Outokumpu Flash Smelting Process was originally developed 
for Cu-concentrate in Finland. In this, dried concentrate is smelted in the Flash 
Smelting Furnace in the presence of pre-heated air and oxygen to produce high 
grade Cu-matte which is then converted into blister copper in the converter. 

 On the other hand, in the Ausmelt process, feed materials are fed through a port 
located in the roof of the furnace and fall into the molten bath, which favors material 
transfer and handling systems. Air and oxygen are necessary for combustion, and 
molten metal and slag are removed and off-gases from the Ausmelt furnace are 
cooled and cleaned in gas clean-up systems before discharge. 

 In Udaipur (Rajasthan), zinc is produced by the hydrometallurgical process 
which comprises the following steps: roasting, leaching, solution purification, zinc 
electro-winning, melting, casting, and alloying. 

 In Tundoo (Jharkhand) lead is produced by the Blast Furnace Process whereas 
at Chhattisgarh the Imperial Smelting Process has been erected for the co-production 
of zinc and lead. The total production amounts of copper, zinc and lead for 2000 – 2004 
are shown in Table  4.1 . For Cu production, the major part of the concentrates is 
imported from Australia. Emissions of Hg from the Cu, Zn and Pb - industries are 
shown also in Table  4.6 .  

 Except for the hydrometallurgical process, Hg is evaporated at the high process 
temperatures that occur during the production of Cu, Zn, and Pb. When Hg is released 
from ores, concentrates or from fossil fuels and enters into the biosphere, it can be 
highly mobile, cycling between the Earth’s surface and the atmosphere. Speciation 
of Hg is very important. Mercury as HgCl 

2
  may be captured by some gas clean-up 

devices (e.g. wet scrubbers), but elemental Hg (Hg 0 ) is not captured effectively. 
Once Hg is released from a process, it cycles between soils, the aqueous environment 
and the atmosphere. It has been confirmed that the common forms of Hg in the 
environment are: metallic Hg 0 , HgCl 

2
  and MeHg (UNEP,  2002) . 

 In India, secondary Cu is produced by Boliden’s KALDO process (a Swedish 
process) where roasting, smelting and converting occur in the same converter, charged 
with Cu-scrap. Production data is shown in Table  4.1 . Beside primary production, 
Pb and Zn metals are also produced through secondary routes from scrap, dross and 
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residues. Secondary Pb production occurs in less organized sectors (Personal 
communication with the Director of Indian Lead and Zinc Development Association, 
New Delhi, December 6, 2007). The emissions of Hg from such secondary metals 
production are not known.    

  4.4 Chlor-alkali Industry in India  

  4.4.1 Chlorine and Caustic Soda Production 

 The basic raw materials for chlorine chemistry are sodium chloride, water and 
energy. There are three main electrolytic production technologies utilized in the 
chlor-alkali industry, being the diaphragm process, the mercury process and the 
membrane cell processes. Generally, chlorine and caustic soda are co-produced in 
a fixed ratio (1:1) by chlor-alkali plants and hydrogen is also produced. The primary 
product is chlorine. In each process, the electrolysed salt solution is directly 
converted from chloride ions to elemental chlorine by direct application of electric 
current, and the overall chemical reaction is as follows:

 2NaCl + 2H
2
O ® Cl

2
 + H

2
 + 2NaOH   (2)     

 According to the Alkali Manufacturers Association (AMA) in India, forty-two 
chlor-alkali plants in India have the capacity to produce a total of about 2.2 Tg of 
chlorine per year, whereas the world production was cited at 55 Tg per year. On the 
global market, the Middle East played an important role in the production and 
exporting of caustic soda in 2007. The western region of India is the largest 
manufacturer of chlorine (1.04 Tg) in twelve chlor-alkali plants, followed by the 
Southern region (0.44 Tg), the Northern region (0.28 Tg) and the Eastern region 
(0.24 Tg). Pandey  (2006)  indicated thirty-five plants in India of which twenty-five 
have been converted to the Membrane process. These plants are vital for the chemical 
industry and this industry sector has been in operation in India since 1941. The number 
of world chlor-alkali industry plants (Hg electrolysis units) has been reduced from 
eighty-six in 2002 to seventy-four in 2006 (Figure  4.3 ). In India 86% of the plants 
have been recently converted to membrane cell technology and the rest, 8 or 10 
units, are in the process of conversion to membrane cell technology, which does not 
use Hg in the process (Pandey  2006 , AMA,  2007) . The present list of chlor-alkali 
plants operating in India is given in Appendix 1 and Figures  4.4  &  4.5  indicate 
Hg-Cell and converted Membrane Cell plants in India, respectively.    

 A non-governmental organization (NGO) in New Delhi has estimated that in 
1999 – 2000, the loss of Hg from the Hg-cell process to be 394 g Hg per Mg of Cl 

2
  

production. during the same period, chlorine production was 0.48 Tg. This correspond 
to an annual Hg emission of about 185 Mg. (  http://www.     toxicslink.org/docs/06035_
publications-1-33-2.pdf). In another study, Srivastava  (2003)  estimated that the Hg 
loss from Hg-cell plants in India is about 142 g Mg -1  NaOH produced. From his 
estimate, Hg loss to the atmosphere between the years 1997-2000 was about 79 Mg yr -1 . 
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  Figure 4.3    The scenario of world’s chlorine plants and production capacity, 2006 (WCC,  2007 ; 
Reproduced with permission , Veronique Garny, 2007)       

  Figure 4.4    Mercury cell chlor-alkali industry in India. Big circles indicate Hg-based thermometer 
industry. Adapted from Toxicslink, New Delhi. See Appendix I which indicates conversion of major 
number of chlor-alkali plants from Hg-cell to Membrane cell process where no mercury is used 
(from   http://www.toxicslink.org/docs/06035_publications-1-33-2.pdf    )       
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Clearly, the information on Hg emissions from this particular chemical sector in the 
past is highly unreliable. However, more recent information from AMA  (2007)  indi-
cates that NaOH production by the Hg-cell process was at 0.3 Tg for 2006-07 
whereas for the same period the production by the Membrane Process it was 1.7 Tg 
NaOH. Considering the emission factor for Hg emissions from Chlor-alkali plants 
to be 20.4 g Hg Mg -1 , total Hg passed into the atmosphere from this chemical industry 
was 6.2 Mg yr -1 . (Table  4.6 ). In the 1990s, chlor-alkali plants were the single largest 
Hg consuming industry in India, consuming about 70 – 80 Mg of Hg each year 
(CSE,  2005) . Mercury has been detected in groundwater and surface water in the 
vicinity of Hg-cell chlor-alkali plants. In addition, Hg occurred also in the vicinity 
of dyes, paints and pigment manufacturing units which use Hg-based catalysts in 
the manufacturing processes (CSE,  2005) . According to the Ministry of Environment 
and Forest (New Delhi), Indian chlor-alkali plants will be Hg-free in 2012 . In the 

  Figure 4.5    Locations of chlorine industries in India, 2008 (Information received from S. Sinha, 
Toxicslink, New Delhi, 2008: plotted in the map of India); See Appendix 1 for details of plants       
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near future, chlor-alkali plants may be free from Hg-cells, but this does not mean 
that at the same time Hg will disappear from the vicinity of chlor-alkali plants. 
The metal will not disappear from the environment, but will convert into MeHg, 
Hg 0  or mercuric chloride which will then pass into the atmosphere, to again fall on 
forest soils or the water shed. Speciation of Hg plays an important role in toxicity 
and the exposure to living organisms. 

 However, it has also been reported that about 170 Mg of Hg has been imported 
and consumed in the years 2004–2005 (  http://www.dgft.delhi.nic.in/    ). Chlorine and 
sodium hydroxide use also provide a range of benefits, such as PVC manufacture 
which is an important material. It has a long life e.g. it lasts for more than 35 years. 
It emits about 50% less carbon dioxide and needs less oil for production. Beside 
these, in many energy saving buildings, foam insulation and PVC windows are 
based on chlorine chemistry.   

  4.5 Cement Industry  

 The Indian cement industry is the second largest cement producer in the world with 
an installed capacity of 144 Tg annually. Due to technological development some 
Portland cement production plants are well advanced. In cement production, energy 
consumption is quite high. In the Indian cement industry, the capacity of kilns varies 
between 10 Mg day -1  and 7,500 Mg day -1 . Most cement, 94%, is produced in large 
(capacity 600 Mg day -1 ) plants. At present there are 124 large rotary kiln plants. 
In India, in general Ordinary Portland Cement (OPC) (56%) and blended cement 
(43%) are manufactured. The dry process (93%) route besides some (much more 
energy intensive) wet and semi-dry processes (7%) are practiced. 

 In the cement industry, Hg was found to be emitted from the wide range raw 
materials and other resources used. There are more than thirty raw different materials 
used in the manufacture of Portland cements. These materials can be classified as: 
(a) calcareous, (b) siliceous, (c) argillaceous, and (4) ferriferous. A variety of calcareous 
raw materials are used in Portland cement including: limestone, chalk, marl, sea 
shells etc. The thermal treatment of raw materials for the manufacturing of Portland 
cement is carried out in kilns. It is not known if any plants in India use waste as an 
alternate fuel in a cement kiln. 

 However, there are four steps in production:

  •  Evaporation of uncombined water;  
 •  Dehydration e.g. at temperature 430  º C, formation of oxides of Si, Al and Fe occurs;  
 •  Formation of calcium oxide at 980  º C;  
 •  In the burning zone of the rotary kiln, the cement clinker is formed at 1510  º C    

 In determining the emission factor, we followed the material balance used by 
Smith (1999), the input data being as follows:

  •  0.40 mg kg -1  (Hg / coal)  
 •  0.1 Mg coal / cement  
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 •  1.2 Mg limestone / cement  
 •  0.03 mg kg -1  (Hg /limestone) (UNEP,  2005)   
 •  Emission factor of coal fired kiln 1.5 × 10 -6  kg /Mg cement (UNEP,  2005)     

 Based on the above information, the emission factor for Hg per Mg of cement 
production is 45.6 mg Hg Mg -1  cement (the EPA’s value is 65 mg Hg Mg -1  cement, 
USEPA  (1997) ). In a dry process, Hg will leave the kiln in gaseous form, but in the 
pre-heater tower, it may be adsorbed both on the kiln feed and cement kiln dust 
(CKD). The speciation of Hg is again very important as retention of Hg in gas 
cleaning equipment depends upon: a) the gas cleaning equipment; b) the form of 
Hg; c) the temperature and retention time (Senior et al.,  2003 ; Mukherjee and 
Zevenhoven,  2006) .  

  4.6 Wastes Disposal  

  4.6.1 Municipal Solid Waste (MSW) 

 People in India live on 3.28 million km 2  of land. Due to population growth, there is 
also an increase in municipal solid waste (MSW) in India. The growth rate of MSW 
is reported to be 1.33% per capita per annum (EPTRI,  1995) . The collection 
efficiency of MSW is about 72.5%, but still waste transport capacity is lacking in 
70% of the cities (TERI, 1998 vide Singhal and Pandey,  2001) . MSW consists 
mainly of household garbage, and other commercial, institutional and industrial 
solid wastes. In household wastes, broken thermometers, instruments, Hg-vapor 
lamps, toys, electric switches, fluorescent tube lights, Hg-batteries etc. are the 
expected to be the Hg containing products. In addition, most MSW contains large 
amounts of organic species. 

 MSW Rules 2000 indicate that the municipal solid waste should be disposed of 
in a environment-friendly manner such as: pelletisation, combustion/incineration, 
land filling, bio-methanation and composting from which power could be produced 
for local industry (timesofIndia_Indiatimes.Com/articleshow/ 134243.cms). 
However, MSW generally disposed of by the following ways:

   1.    Landfill practice  
   2.    Open dumping  
   3.    Open burning     

 The generation figures for MSW in India are based on the recent study conducted 
by Singhal and Pandey  (2001)  (see Figure  4.6 ). Between the years 2001 and 2004, 
50 to 70 Tg per year MSW was generated in India, with most waste generated in 
Uttar Pradesh where 166 million people live. It has been estimated by those authors 
that in the year 2047 the amount of MSW might reach 260 Tg. An estimated emission 
factor for Hg in MSW is 1.0 g Mg -1 , without emission control. In India garbage and 
mixed waste are often burnt near the road side. 94% of MSW is dumped in landfills 
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without any proper systems and 5 % of wastes are used for composting (CPCB,  2000) . 
Due to the humid climate and rainy seasons, leaching of Hg can be expected.  

 The huge amount of MSW produced is a serious problem in India. Unfortunately, 
little attention is being paid to proper management of MSW. Problems with wastes 
are not particular to India but occur in most Asian countries. Asian countries face 
serious problems in the solving of disposal problems for wastes. It is not only a 
technical problem, but many political, legal and environmental factors are also 
involved. In addition, land requirements for the disposal of MSW will increase and 
it has been estimated that by the middle of the 21st century 1400 km 2  of land many 
be needed for MSW (Figure  4.7 ). Sharholy et al.  (2007)  determined the constituents 
of MSW for Allahabad where 1.1 million people live (2006) and these are shown 
in Table  4.7 . This may represent a rough picture on MSW for whole India.    
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  Figure 4.6    Solid waste generation in India (Reproduced from Singhal and Pandey,  2001)        
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  Figure 4.7    Land requirement ( km   2  ) for disposal of municipal solid waste (reproduced from 
Singhal and Pandey  2001)        



4 Mercury Emissions from Industrial Sources in India and its Effects 99

  4.6.2 Medical Wastes 

 There is limited information available regarding medical wastes in India. It is generally 
expected that medical wastes contain more Hg than MSW does. In this sector, there 
are many instruments in hospitals which contain large amounts of Hg. There are basic 
regulations related to health care in India, but unfortunately these regulations are not 
followed properly. Visvanathan  (2006)  estimated medical waste generation in Asia, the 
figure for India being 0.33 Tg yr -1 . Based on 20 g Hg emission per Mg of medical waste 
(USEPA  1997) , the total Hg emission to the atmosphere from this source is estimated 
to be 6.6 Mg per year. The average health care waste generation per bed per day in India 
has been estimated at 1 – 2 kg (Table  4.8 ). According to law experts in India there is no 
lack of legislation, but the problem lies with implementation. Often medical waste is 
disposed of together with MSW, due to which the waste stream becomes hazardous. 
Technologies available for handling medical waste include: a) incineration; b) 
autoclave; c) microwave; d) chemical disinfection and e) plasma pyrolysis. In India 
there are incineration plants at some hospitals to handle medical wastes. The capacity 
of these varies from 50 to 175 kg hr -1  of infectious and non-infectious wastes generated. 
In Delhi, there are 61 medical waste incinerators, but there is no information regarding 
the handling of hospital wastes in other parts of the country.   

  4.6.3 Electronic Waste (E-waste) 

 In recent years, discarded electronic waste known as “E-waste” often enters into the 
waste streams in India as in many other (Asian) countries. Automation, increased 
demand for electronic equipment including computers and increased consumer 

  Table 4.7    Estimation of the essential parts of MSW in India based on the 
study for Allahabadcity (After Sharholy et al.  2007)     

  Elements in MSW    Weight %  
  % weight based on 
21 class 1   st   cities*  

 Paper  3.6  5.7 
 Cardboard  1.09  - 
 Metal, tin cans  2.54  2.1 
 Glass  0.73  2.1 
 Food wastes  45.3  41.80 
 Textile rags  2.22  3.5 
 Plastic (Poly bag)  2.86  3.9 
 Miscellaneous (bricks, ash, fine 

dust, rubber, wood, leather, 
wastewater etc. 

 41.66  41.1 

 Total  100  100 
 Moisture  25 % 

 *(CPCB, 1999) 
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choice are believed to be the major reasons for growing quantities of E-waste. Recently 
its production in India has increased to 380 Gg in 2007 and it has been forecast by 
the authorities that its production will increase to 470 Gg in 2011. There is also a 
huge amount of E-waste imported from the West, possibly as much as 50,000 Mg 
annually; mainly discarded computers and accessories (  http://www.physorg.com/     
news116912274.html accessed January 21, 2008). Before or while burning E-wastes, 
scrap dealers can recover valuable metals, which is however not without impact on 
health and the environment. In India, there is a general lack of recycling technology. 
Computer scrap is often reused and many different types of E-waste end up in 
landfills, creating health and environmental problems since this method of disposal 
is not well developed. In addition, India has dumped E-waste in other countries. 

 Sarkar  (2007)  studied E-waste generation (excluding imported) in India and 
observed that 146 Gg electronic wastes were generated from PCs, refrigerators, 
TVs and washing machines in 2006, and the amount is expected to rise to 1.6 Tg 
in 2012. In addition, India receives a large volume of E-wastes. As there is no 
national level policy for management of E-waste, most of the recycling facilities are 
unorganised and do not use suitable, state-of-the-art technologies for the recovery 
of toxic metals. Selected trace elements from E-wastes in India have been addressed 
by Sarkar  (2007) , indicating that 0.82 Mg Hg yr -1  escapes into the environment 
(Table  4.9 ), and the values will increase due to increased annual E-waste and 
the lower lifetimes of newer computers. The total Hg released from the above 
mentioned three types of wastes is given in Table  4.6 .    

  4.7 Biomass Burning  

 We consider Hg emissions from biomass burning to be anthropogenic and it is 
therefore necessary to understand its effects on the atmosphere on a regional (i.e. 
in Asia) and global scale (Reddy and Venkataraman,  2002 ; Streets et al.  2003) . 
Venkataraman et al.  (2006)  focused forest and crop waste burning in India between 

  Table 4.8    Estimated medical waste generation in selected Asian countries (Visvanathan,  2006)     

  Country   Waste  (kg bed  −1  day  −1  )   Total wastes  (Mg yr  −1  )  

 Bangladesh  0.8 – 1.67  93,075 (only in Dhaka) 
 Bhutan  0.27  73 
 China  -  730,000 
 India  1 – 2  330,000 
 Malaysia  1.9  - 
 Nepal  0.5  365 
 Pakistan  1.06  250,000 
 Sri Lanka  0.36  6,600 (Only in Colombo) 
 Thailand  0.68  - 
 Metro Manila (Philippines)  -  17,155 
 Vietnam  2.27 (Hanoi)  60,000 
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1995 – 2000 using forest burnt areas and biomass density for Indian ecosystems. 
It has been estimated that Indian forest is burned at a rate of 32 (16 – 61) Tg yr -1  
and in open and dense forest with low density biomass cover (Streets et al.  2003) . 
Crop waste burning, including cereal, sugarcane waste, oilseeds, fiber crops and 
pulses were also estimated at 116 (58 – 289) Tg yr -1  (Venkataraman et al.  (2006) . 
Mercury emissions during biomass burning have been shown in Table  4.6 . However, 
biomass is the main source of energy for villagers and about half of all energy in 
India used for cooking food. It is interesting to note that the firewood consumption 
(kg/capita/yr) increases with increased altitude in the region of Garwal Himalaya. 
The summer time average consumption at 500 altitudinal range (m a.s.l.) is 392.28 
kg/person/year whereas at 2000 altitudinal range it is 1019 kg/person/year (Bhatt 
and Sachan,  2004) . It means Hg emissions will be higher as well when firewood is 
burnt at higher altitude in the mountain region.  

  4.8 Miscellaneous  

  4.8.1 Brick Industry 

 The Indian brick industry is the second largest in the world after China. The Energy 
and Resources Institute (TERI) has estimated over 100,000 units producing 140 
billion bricks per year. There are three types of brick works, based on production 

  Table 4.9    Mercury in electronic wastes in India (from Sarkar, 2007)    

 Waste type  2004  (Tg)   Total Hg  (Mg yr  -1 ) 

 E-waste  0.146  0.82•   

 E-waste in India – annual and total production and entry into environment (Referring to the estimated 
number of annual production of obsolete computers (1.38 million), total market size (15.5 million), 
MCC data on average weight of computer (27 kg), proportion of presence of toxic chemicals in 
each computer and recycling efficiency - annual and total production of various toxic substances 
from e-waste generated from discarded computers and related materials have been estimated. 

 TW (%)  AW  (mg)   RE  YP  (Mg)   AR  (Mg)   EE  (Mg)   TP  (Mg)   TR  (Mg)   TE  (Mg)  

 A  B  A-B  C  D  C-D 

 Hg  0.0022  0.00059  0  0.82 �   0.00  0.82  9.19  0.00  9.2 

 Source (adapted): MCC (Microelectronics and Computer Technology Corporation), 1996, 
Electronics Industry Environmental Roadmap, Austin, Texas, details available at   www.svtc.org/     
cleancc/pubs/sayno.htm (last accessed on 20th March 2006) and Boralkar D.B. (2006), Perspective 
of electronic waste management, Green Business Opportunities, Vol 12 (1), pp 7 – 10. 
 TW = Total weight of Hg in each computer; AW = Average weight of Hg in each computer; RE 
= Recycling efficiency; YP = Yearly production of toxin material; AR = Max recycled annually; 
EE = Entry into environment; TP = Tot production (based on market size); TR = Total max recycled 
possible; TE = Total entry into environment. 
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capacity i.e. small (<1 million bricks per year); medium (1 – 2.5 million bricks 
per years) and large facilities (>2.5 million bricks per year). Smaller brick facilities 
are generally situated in the village areas whereas the medium and larger types 
are located near urban areas. It is an energy intensive process and coal is the major 
fuel used. It has been estimated by TERI that about 24 Tg of coal, containing 0.376 
g Hg Mg -1 , are fed to the brick kilns for the production of 140 billion bricks (e.g. 
350 Tg of bricks considering the weight of a brick in India to be 2.5 kg, based on 
TERI, 2008). In addition, Indian brick kilns consume a considerable amount of 
biomass and fuel oil, but the amounts of these are not known (Garg et al.,  2006) . 
Based on the use of low grade coal, the uncontrolled emissions of Hg from these 
processes to the atmosphere are 7.5 t Hg yr -1  (Table  4.6 ). In addition there are PIC 
(product of incomplete combustion) emissions. In 1996, the Indian government 
enforced regulations which have caused some technological improvements e.g. 
reduced dust emissions, and improvement of firing technology, especially in large 
brick works (Maithel and Uma,  2000) . It has been reported by TERI that new 
technologies such as vertical shaft brick kilns (VSBK) has been introduced in 
several brick production facilities. The process claims to both lower investment and 
to meet emission standards.  

  4.8.2 Instruments, Batteries and Thermometers 

 Substantial amounts of Hg are used in the production of instruments, batteries and 
clinical thermometers. Table  4.2  indicates the amount of Hg used in the manufacture 
of instruments between 1998 and 2001. Clinical thermometers and barometers may 
often be broken during manufacture. Broken products are put aside and often cause 
fugitive emission of Hg. However, there are no measurements by which the total 
amount of Hg thus lost to the environment can be detected. In addition, bookkeeping 
is quite poor. One of the largest thermometer companies, at Kodaikanal in the Tamil 
Nadu state, was forced to close due to illegally dumping Hg-bearing waste into the 
surroundings. Before closing the estimated Hg emission from broken pieces at the 
plant, was 3.5 to 4.2 t yr -1  (Each thermometer contains 1.0 g Hg; total production 
10-12 million pieces per year; breakage during production and handling 35%.) 
The Hg consumption in different instruments is shown in Table  4.10 .    

  Table 4.10    Total mercury consumption in instrument manufacturing 
Industry (from different sources)    

  Instruments   Unit  (kg)   Used/unit  (g)  

 Clinical thermometers  3,100  0.61 
 Lab thermometer  900  3.0 
 Blood pressure monitors  12,000  60.0 
 Barometers (in kg)  125  5 
  Total   16,125 
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  4.9  Mercury in the Indian Environment 
and the Cycling in the Bio-geosphere  

 The soil, water and air are not only a part of the ecosystem but also play an important 
role for humans, animals and aquatic species because the survival of human, aquatic 
species and plants is tied up with uncontaminated soil, water, and air. Releases of 
the non-essential element Hg from industrial sources are well documented in developed 
countries. This study addresses emission of this element in the Indian ecosystem 
and indicates that its presence in soils, plants, air and water and aquatic species and 
sediments are at alarming levels, which is also supported by the work of Srivastave 
(2003) and many other authors in the West (Hylander and Meili,  2003 ; Pacyna and 
Pacyna,  2001,   2002 ; Pirrone et al.  1998) . Coastal areas are often contaminated by 
the discharge of Hg from all Hg-cell chlor-alkali plants. At one well known clinical 
thermometer works in Tamil Nadu, an ambient air concentration of 1.32 µg Hg m -3  
was reported. Outside the factory, lichen (Parmelia sulcata) and moss (Funaria 
hygrometrica) samples contained 7.9 µg kg -1  and 8.3 µg kg -1 , respectively. Fish in 
lake waters contained 120 to 290 mg kg -1 , whereas total Hg and MeHg in waters 
were measured to be 356 – 465 ng L -1 , and 50 ng L -1  respectively (Karunasagar 
et al.,  2006) . Concentration of Hg 

T
  in sediments in the same lake near the factory 

situated 2130 m above mean sea level, varied from 279 to 350 mg kg -1 . 
 High concentrations of Hg are reported in fish that grow in saline or fresh water 

in coastal areas (1.1 – 700 mg kg -1 ) Table  4.11 ) for many states of India (WHO’s 
permissible value is 0.5 mg Hg kg -1 ). Sinha et al.  (2007)  studied the Hg concentration 
in different samples from the river Ganges (Table  4.12 ) and a high concentration was 
reported for various species although not in the water samples themselves.   

 Seasonal variation was also reported by these authors. These authors collected 
about 61 fish samples for the river Ganges near Varanasi, where they found that the 
Hg concentration in the fish ( Macrognathus pancalus ) varied up to 91.7 mg kg -1 . 

  Table 4.11    Average and maximum mercury concentration in fish and other species    

  Place    Fish/species   Hg  (mg kg  −1  )   Hg max.  (mg kg  −1  )    Reference  

 North Koel river, Jharkhand 
 Mumbai, East Coast, 
Maharashtra
Sagar Island,
East coast West Bengal 

 Binage, Karwar, Karnataka 

 Fish 
 Fish
Bivalves
Gastropods
Crabs
Bivalves 
 Oysters 

 0.03 – 0.082 
0.13 – 10.82
1.05 – 3.60
1.42 – 4.94
0.06 – 2.24 
 0.18 – 0.54 

 600 - 700 
  1.6
21.6
 7.2
 9.9
 4.5 
  1.1 

 1 
 2
2
2
2
2 
 3 

   1. “Mercury concentration of fishes in north koel river, Rehela, Bihar, India”. Indian Biologist 
23(2) 1992; 58 – 60. 
 2. Chemosphere, vol 33 147 – 158 (1996), cited in Global Mercury Assessment, UNEP Chemicals, 
2002. 
 3. “Heavy metal distribution in the biotic and abiotic matrices along Karnataka coast, West coast 
of India”. Indian Journal of Marine Sciences, 27, June 1998, 201–205.  
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The observed Hg concentration in their study was more than that in the fish samples 
collected from the western coast, Mumbai (0.03 – 0.82 mg kg -1 ). Mercury in fish 
resides as MeHg (which affects humans) bound to the proteins and muscle tissues 
of the fish. Besides MeHg, concentration of elemental Hg is also observed in fish 
and shellfish species. It was reported also that rice fields contaminated by Hg from 
coal combustion power plants contain MeHg. In many parts of the world, including 
India, high concentrations of MeHg and Hg have been demonstrated in oceans, rivers, 
lakes and reservoirs. Pirrone and Mahaffey  (2005)  reviewed Hg in global fish 
populations. In many regions of India, fish is an important daily food item and the 
authorities should make people understand the effects of high concentrations of Hg 
and MeHg in fish. In the 1960s in Japan, Minamata disease was caused by consuming 
Hg contaminated fish and rice. It has been reported in the panel discussion of the 
8th International Conference on Mercury as a Global Pollutant at Madison, WI, 
USA that MeHg in human hair is 250 to 300 times more than Hg in the blood for 
those who eat fish regularly or frequently. Patel  (2003)  studied the health impacts 
on humans at contaminated sites of the central region, Chhattisgarh state of India 
where 50 Tg of coal and minerals are exploited annually by various industries 
and thermal power plants. In addition over 600 rice mills are in operation producing 
> 2 Tg of rice contaminated by Hg, As and Pb. Twenty-two human hair samples 
were analysed from the contaminated areas and were found to contain Hg from 
2.6 – 37.8 mg kg -1  with mean and median values of 12.3 and 10.4 mg kg -1 , respectively. 
This author believes that in this region, the toxic effects of Hg due to contaminated 
of food and water are expected to show up shortly. However, scientific knowledge 
on MeHg exposure and its effects on humans are still not complete. 

 Das et al.  (1998)  indicated that 90% of MSW in India is directly dumped on the 
land in an improper manner and the problem with disposal facilities in towns and 
cities is that they cannot keep pace with the quantity of waste generated. It has also 
been forecasted that by the middle of the 21 st  century, MSW will be generated at a rate 
of 250 – 300 Tg yr -1  (Sharholy et al.,  2007 ; Das et al.  1998) . Sewage sludge, pesticides, 
composts and fertilizers are often used on agricultural lands and these are also 
sources of Hg in soils and groundwater. Often, untreated effluent is pumped into 
rivers, lakes and groundwater, and through bore wells, (such as in Andhra Pradesh 
and Gujarat states). The Hg leached from landfills contaminates groundwater and 
streams, from which it moves into soils, and agricultural lands. 

 Mercury emission scenarios for coal combustion, MSW, and the non-ferrous 
metallurgical industry are alarming. The highest Hg emission from coal combustion 
has been estimated in this document for the year 2004.  

  Table 4.12    Mercury concentration of different samples of the Ganges River collected at Varanasi, 
India (Sinha et al.,  2007)     

  Season  
  Water  
(  m g kg  −1 ) 

  Sediment  
(  m g kg  −1 ) 

  Benthos  
(  m g kg  −1 ) 

 Fish
 (mg kg  −1  )  

  Soil  
(  m g kg  −1 ) 

  Vegetation  
(  m g kg  −1 ) 

 Winter  0  106 ± 113  144 ± 252  4.048 ± 18.676  95± 114  254 ± 397 
 Summer  0.37 ± 0.29  80 ± 87  108 ± 167  0.205 ± 0.531  126 ± 111  98 ± 81 
 Post monsoon  0.32 ± 0.48  0  92 ± 129  4.369 ± 16.067  0  245 ± 127 
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  4.10 Discussion  

 This study indicates that the atmospheric Hg emissions in India from industrial 
sources ranged between 321 to 253 Mg annually during the past years. Occasionally, 
Hg emissions have been given for a single year, e.g. in brick manufacturing, medical 
wastes and E-wastes. The highest Hg emissions occurred from the combustion of 
fossil fuels in power plants, followed by three types of waste. The Hg emissions 
given for Chlor-alkali plants should be used with caution. In addition, the Hg 
emissions from residual fuel oil use over the period 2001 to 2004 were negligible 
e.g. 0.54 – 0.47 Mg (based on the uncontrolled emission factor 0.065 g Mg -1 ). 
No information was available from the pulp & paper industry or the oil and 
petrochemical industry in India. It has been reported by the Ministry of Environment 
and Forests, New Delhi, that major Hg-cell plants have been converted to the Membrane 
Cell process (Pandey,  2006)  which means that Hg use and emission in chlor-alkali 
plants are expected to drop. At the end of the 1990s, Indian chlor-alkali plants 
discharged Hg-contaminated wastewaters containing Hg in the range of 0.08 to 2 
mg L -1  (the Indian standard for Hg in industrial waters is 0.001 mg L -1 ). Mercury is used 
often in electrical and electronic devices, fluorescent lamps, laboratory and medical 
equipment, clinical thermometers and computer components. However, strict 
enforcement of the regulations inside the country is needed. If necessary, a trade 
ban should be implemented to curb the use of Hg in India. Mercury emissions vary 
widely from one region to another in India, based on industrial activities. Often, 
activities such as coal mining and the burning of coal in power plants, metallurgical 
industry, chlor-alkali facilities, and waste disposal will produce trace element problems, 
including Hg, in the region. We have also identified Hg emissions from the cement 
industry and brick manufacturing, where 24 Tg of coal are used. In addition, Hg 
containing E-waste, medical waste and the MSW add Hg to the ecosystem of India. 

 Two scientists from the Department of Botany, Sri Krishnadevaraya University, 
Anantapur, India studied Hg in plant species ( Tephrosia purpurea, Cassia auricu-
lata  and  Arachis hypogaea ) near a cement works at Bethamacharla, Andhra 
Pradesh. They found more Hg, 0.76±0.04 (SD) ng/mg in the leaves than roots 
(0.750±0.02) or stem (0.541±0.01) in  Cassia auriculata . It is also confirmed that 
the mobility of Hg is greater when it enters the plants through the stem or leaf. The 
accumulation of Hg indicates that the cement industry emits Hg to the vicinity of 
the plants, but the accumulation levels vary with species, wind direction, soil pH, 
aeration as well as soil moisture. 

 Villagers and ordinary people in cities or towns are often not aware of the toxicity 
of Hg and how this element enters into human food chain. Hence proper education 
is necessary so that people in India can understand the effects of Hg concentration in 
fish or in drinking water. Mercury is notorious for its toxicity to biological organisms. 
Excessive releases of Hg and its compounds may lead to severe environmental and 
health consequences (Wong et al.,  2006) . 

 In India Hg emissions from most industrial sources are still increasing. The coastal 
areas as well as the inside of the country are highly polluted due to chlor-alkali 
plants and the process by which Cl 

2
 /NaOH have been produced since the 1940s 



106 A.B. Mukherjee et al.

 ( Figure  4.8  ) . The six Asian countries, India, China, Pakistan, Bangladesh, Japan, and 
Indonesia are all densely populated. Mercury emissions from industrial sources may 
cause future epidemics among the population. Over time, excessive Hg emissions will 
cause bioaccumulation and bio-magnification in the food chain, which may create 
serious problems with human health in India and surrounding countries. It has already 
been mentioned regarding the high concentration of Hg 0  and MeHg in fish, shellfish 
and seafood, that there are signs of Hg in the human hair when Hg - contaminated 
fish is eaten often. Excessive Hg emissions in India can cause Hg deposition 
problems on a global scale.  

 Industrial progress is necessary if the economic growth of a country is to be 
maintained. If India follows this pattern, the country must adopt the best available 
technology to control Hg emissions from industry. In coal fired power plants, 
electrostatic precipitators are not enough. This gas cleaning equipment does not capture 
vapour - phase Hg 0  from the process. Management in India should understand that 
there is a lack of scientific information concerning the emission, distribution, and 
biogeochemical behaviour of Hg in India. The imbalance between India and the 

  Figure 4.8    Mercury pollution due to use of Mercury-Cell Chlor-alkali plants in India in the 20th 
entury (Reproduce with permission, Center for Science and Environment, New Delhi 2008)       
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developed countries regarding Hg emissions from industrial sources is due to technical 
motivation, environmental awareness and socio-economic conditions. India is, 
however, trying to curb environmental trace elements including Hg, by the formulation 
of discussions, mass education, strict regulations and effective control technologies. 

 On this subcontinent, detailed studies on e.g. Hg emission rates from specific 
industries, improved analytical techniques especially for Hg in coal, data bases, studies 
of biogeochemical properties of Hg, should all be encouraged for environmental 
and health reasons. In addition, there should be intense and continuous exchange 
programs among researchers and scientists between the developed countries, India 
and other countries in the region. 

 It should also be stated here that due to the lack of true emission data there will 
be uncertainties in the estimation of anthropogenic emissions of Hg not only in 
India but also in other parts of the globe. In India the Hg emissions from certain 
industrial sources, such as the chlor-alkali industry, has decreased very recently. 
However, the summary of the estimated Hg emissions is depicted in Table  4.6  and 
sources are shown in Figure  4.9 .   

  4.11 Future Directions  

 Our knowledge of Hg and its compounds has improved quite a lot since the 1 st  
International Conference on Mercury as a Global Pollutant, held in Gävle, Sweden 
in 1990. The European Union (especially EU-15), the U.S., Canada and Japan have 

  Figure 4.9    Sources of mercury in India (Modified from Srivastava,  2003)        
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formulated rules and regulations to curb Hg emissions from industry and the results 
can be seen now in many parts of these countries. The technology for gas cleaning 
equipment such as the flue gas desulphurisation process and others have been 
improved and the improvements also implemented. Local emissions of Hg have 
been reduced, but cross-boundary deposition of Hg by dry and wet methods is 
increasing. This means that increased economic development in India or in Asia and 
the burning of large amounts of coal and other industrial developments associated 
with this will result in long range transport of elemental Hg and MeHg from Asia 
to America and Europe. At present we understand the speciation of Hg and its role 
in the ecosystem, but the behaviour of MeHg in the environment is less clear. 

 In India, it is vital that scientists determine the sources of Hg and its emissions. 
Based on reliable measurements, it is possible to build up emission factors from 
which emissions of an element can be calculated. Stack measurements are expensive, 
but material balances can be applied to calculate emissions of Hg. This is not 100% 
correct but shows the path of how emissions of an element like Hg are developing. 
In the 20 th  century the Hg-cell process was used for the production of NaOH/Cl 

2
  , and 

Hg emission was reported to be 150 – 200 Mg yr -1 . During the course of this study, 
we have understood that the majority (86%) of Indian chlor-alkali pants have been 
converted to the membrane-cell process with the remaining 8-10 plants still using 
the Hg-cell process. The Ministry of Environment and Forests, New Delhi, has 
stated that the total Hg release to the environment should be <2.0 g Mg -1  of product 
by December 2005 (Pandey,  2006) . This information is encouraging. It is necessary 
for India to generate more reliable data, which can be used by scientists during 
modeling and formation of emission inventories. Computer modeling is often used 
in simulating global Hg scenarios. Often information on emissions from India and 
other Asian countries report emissions that are too low, as a result of which large 
differences occur between expectation and reality with respect to Hg cycles. Hence 
lack of scientific data in Asia has caused inaccurate assessments on Hg amounts 
and its association with environmental and health effects. 

 Asia is a region in which great diversity in climate is found. One area may be 
hot and humid while another region has very high precipitation such as in 
Bangladesh (1400 mm rain per year). In addition there is acid rain (pH < 4.5) SO 

4
  2-  

loading on soils and the aquatic environment. These diversities will have their effect 
on the bio-accumulation, bio-magnification and the uptake of Hg. There have been 
few studies, or none at all, carried out in Asian countries and these now have more 
focus on the Hg question than the Western countries. We have known for quite 
some time that high concentrations of Hg occur in pike in lakes in Sweden, Finland 
and Norway and that many lakes have been blacklisted. Scientists are working to 
understand the cause of this and produce remedies. In India, however people eat 
fish caught in lakes, rivers and the sea, unaware of the Hg problem in the fish and 
of how high concentrations may affect, particularly the high risk population i.e. 
pregnant women, and children. Remedial measures can be promoted by introducing 
non-Hg medical equipments such as digital thermometers, blood pressure equipment, 
avoiding amalgam fillings and for the large-scale use of alternative energy sources 
(solar, hydro etc.) to reduce coal use in the thermal power industry. 
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 The scientific community has largely overlooked Hg emissions from the brick 
industry, which has been in operation now for decades. In our present study, we have 
observed that India, after China, is the second highest producer of bricks. In this 
industry 24 Tg of poor quality coal and bio-fuels (accurate amounts unknown) are 
consumed. Detailed study is necessary to improve the processes and to determine 
emissions of Hg and unburned particulates and their effects on the environment.      

Appendix 1 Current lists of chlor-alkali plants in India (Personal communication with Toxicslink, 
New Delhi on 01.17. 2008)

No. Name of the Unit Location Technology Adopted

A Eastern Region
1 Bihar Caustic & Chem. Jharkhand Membrane
2 Durgapur Chemicals Durgapur, WB Mercury
3 Hindustan Heavy Chem. Kolkata Mercury
4 Hindustan Paper (Nagaon 

& Cachar)
Assam Mercury

5 HJI-Prop: GMMCO Ltd Amlai, MP Membrane + Mercury
6 Jayshree Chemicals Ltd. Ganjim, Orissa Mercury
7 Kanoria Chemicals Ltd. Renukoot, UP Membrane + Mercury
B Western Region
8 Atul Ltd. Valsad, Gujarat Membrane + Mercury
9 Ballarpur Industries Ballarshah Membrane
10 Century Rayons Thane, Maharashtra Membrane
11 Grasim Industries Nagada, MP Membrane
12 Gujarat Alkalies & Chem. Dahej & Baroda, Gujarat Membrane
13 Indian Rayon Veveral, Gujarat Membrane
14 NRC Ltd. Thane, Maharashtra Membrane
15 Reliance (IPCL) Dahej, Gujarat Membrane
16 Standard Industries Mumbai, Maharashtra Membrane
17 Shriram Alkalies Jhagadia, Gujarat Membrane
18 Tata Chemicals Jamnagar, Gujarat Membrane
19 United Phosphorus Bharuch, Gujarat Membrane
C Northern Region
20 Lords Chloro Alkarli Ltd. Alwar, UP Membrane
21 Punjab Alkarlies & Chem. NayaNangal, Punjab Membrane
22 Shriram Vinyl Chemicals Kota, Rajasthan Membrane
23 Siel Chemicals Complex Rajpura, Punjab Membrane
D Southern Region
24 Chemplast Sanmar (Mettur) Mettur Dam, Tamil Nadu Mercury
25 Chemplast Sanmar (Karaikal) Karaikal Membrane
26 Chemfab Alkalis Pondicherry Membrane
27 DCW Ltd. Sahupuram, Tamil Nadu Membrane
28 Solaris Chemtech. Karwar, Karnataka Mercury
29 Sreee Rayalaseema Kurnool, AP Membrane
30 Tamilnadu Petroproducts Chennai, Tamil Nadu Membrane
31 The Andhra Sugars Kovvur & Saggonda, AP Membrane
32 The Travancore Cochin Chem. Kochi, Kerala Membrane
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   Chapter 5   
 Mercury Emissions from Point Sources 
in South Africa       

     Joy J.   Leaner      , James M.   Dabrowski   ,    Robert P.   Mason   ,
   Tabby   Resane   ,    Marguerite   Richardson   ,    Martin   Ginster   , 
   Gerhard   Gericke   ,    Chantel R.   Petersen   ,    Elizabeth   Masekoameng   ,
   Peter J.   Ashton   , and    Kevin   Murray            

  Summary   As a first step towards assessing Hg levels in a systematic approach in South 
Africa, representatives from the South African government, academia, research coun-
cils and key industries recently initiated a South African Mercury Assessment (SAMA) 
Programme (Leaner et al., 2006). The SAMA Programme has undertaken some limited 
Hg inventory development and monitoring studies in South Africa. The preliminary 
results of those studies and that of Hg monitoring undertaken at Cape Point’s Global 
Atmospheric Watch Station (Baker et al.,  2002) , are discussed in this paper.    

  5.1 Introduction  

 Mercury (Hg) emissions to the environment are increasing globally, particularly in 
developing countries (Pacyna et al.,  2003 ;  2006) . Important sources of Hg include 
amongst others, coal combustion, waste incineration, cement production and ferrous 
metals production (UNEP,  2002) . Although these Hg sources have been identified for 
southern Africa (UNEP,  2002) , information on specific Hg emissions and concentra-
tions in the region are poorly understood. Mercury estimates are also often approximate, 
since most southern African countries do not have formal Hg emission inventories. 

 Coal combustion provides the largest source of energy to South Africa, yet the 
information on Hg emissions from this source is sparse. Many households, particularly in 
rural areas, burn some coal for heating and cooking purposes, and the emissions of 
various pollutants, including Hg pose a risk to human health. Due to South Africa’s 
reliance on coal as a primary energy source, it is inevitable that emissions of compounds 
such as sulphur dioxide (SO 

2
 ), nitrogen oxides (NO 

x
 ) and Hg will increase unless 

improved control measures are applied or more renewable energy sources are used. 
Already, increased Hg emissions in Asia during 1990 and 2000 have been related 
to an increase in demand for energy in that region (Pacyna et al.,  2003) . 

 For South Africa, Pacyna et al.  (2003 ;  2006)  estimated that anthropogenic 
sources released about 256.7 Mg of Hg to the atmosphere during 2000, with most 
Hg emissions originating from industry production, followed by stationary combustion. 
Coal combustion and gold mining were regarded as the most important Hg sources. 
Furthermore, South Africa was estimated to account for about 16% of the total 
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global Hg emissions (1590.7 Mg), making it the second highest emitter of Hg after 
China (Pacyna et al.,  2006) . The assessment of Pacyna et al.  (2006) , combined 
with the limited available information on actual Hg emission measurements or Hg 
concentrations in products and resources for South Africa, signalled the need for a 
critical evaluation of the major Hg sources in the country. 

 Mercury monitoring programmes aimed at establishing the extent to which Hg 
emissions from point sources pose a problem to the South African environment are 
required. In addition, an evaluation of Hg emissions from point sources in South Africa 
is needed at a regional, national and global level. A number of published studies have 
focused on Hg in the South African environment ( e.g . Van den Heever and Frey,  1996 ; 
McNab et al.,  1997 ; Baker et al.,  2002 ; Barratt and Combrink,  2002 ; Oberthür and 
Saager,  1986 ; Steenkamp et al.,  2000 ; Oosthuizen and Ehrlich,  2001 ; Fatoki and 
Awofolu,  2003 ; Wagner and Hlatshwayo,  2005 ; Dalvie and Ehrlich,  2006) , however 
none of these address the development of a Hg emissions inventory for South Africa. 

 In a co-ordinated attempt to assess the extent of Hg pollution in South Africa, 
representatives from the South African government, academia, research councils and 
key industries recently launched the South African Mercury Assessment (SAMA) 
Programme (Leaner et al.,  2007) . Stakeholders participating in the SAMA Programme 
have already undertaken limited Hg inventory development, while monitoring of total 
gaseous Hg has recently been undertaken in Pretoria in the Gauteng Province. In 
addition, total gaseous Hg monitoring at the Cape Point Global Atmospheric Watch 
Station in the Western Cape Province (Baker et al.,  2002)  has been continuously 
monitored for several years. Recent efforts, however, have also focused on measuring 
total Hg concentrations in wet deposition at Cape Point and in Pretoria. 

 Aside from the Hg emission estimates from Pacyna et al.  (2003 ;  2006) , this report 
provides the first comprehensive assessment of Hg emissions for South Africa. This 
chapter attempts to refine published atmospheric Hg emission estimates for South 
Africa through the development of a national inventory and the use of data derived 
from past (Baker et al.,  2002)  and current Hg monitoring being undertaken.  

  5.2  Current Understanding of Mercury Emissions 
and Levels in South Africa  

  5.2.1  Priority areas Identified for Monitoring 
Air Pollution in South Africa 

 A number of air pollution “hot spots” exist in South Africa, where severe air quality 
problems have been experienced. Recently, the Department of Environmental Affairs 
and Tourism (DEAT) made special interventions to improve the air quality in two of 
these identified “hot spots” regions. In terms of the National Environmental Manage
ment: Air Quality Act 2004 (Act No. 39 of 2004) (DEAT,  2004) , DEAT declared 
two National Priority Areas in the country, namely the Vaal Triangle Air-shed Priority 
Area and the Highveld Priority Area (Figures 5.1 and 5.2) (DEAT, 2006a and 2007).   
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 The National Priority Areas have been declared because the “proposed ambient 
air quality standards are being or may be exceeded in the area, or any other situation 
exists which is causing, or may cause, a significant negative impact on air quality 
in the area; and because the areas require specific air quality management action to 
rectify the situation” (DEAT,  2006a) . 

 The Vaal Triangle Air-shed Priority Area comprises activities such as heavy 
industries; one coal-fired power station; several commercial operations and trans-
portation; small-scale boiler operations; landfill and waste incineration; and domestic 
fuel burning (DEAT,  2006a) . The Highveld Priority Area also has a range of industrial, 
mining and agricultural activities including: coal-fired power stations; timber and 
related industries; metal smelters; petrochemical plants; and heavy and small industrial 
operations (DEAT,  2007) . 

 Air pollution monitoring activities in the identified National Priority Areas of South 
Africa focus primarily on particulate matter (PM 

10
  and PM 

2.5
 ), SO 

2
  and other pollutants 

(Table  5.1 ), and generally do not include Hg emissions. However, given the similarity 
in the sources of these pollutants, the extent to which they are emitted is likely to be 
indicative of any atmospheric Hg emissions. Since most of South Africa’s coal fired 
power plants are located in the Mpumalanga Province (Figure  5.2 ), where approximately 
83% of South Africa’s coal production takes place (EIA,  2006) , any Hg emissions 
monitoring in the National Priority Areas will provide an improved Hg assessment for 
the country, as suggested by others (Leaner et al.,  2007 ; Dabrowski et al.,  2008) . Moreover, 
other coal burning industries ( e.g . cement production, coal gasification facilities) are 
also located in the identified National Priority Areas (Figures  5.1  and  5.2 ).  

 The DEAT is currently implementing an air quality monitoring network, with 
five monitoring stations, to measure the following pollutants: SO 

2
 , nitrogen oxides 

(NOx), ozone (O 
3
 ), carbon monoxide (CO), particulate matter smaller than 10 µm 

(PM 
10

 ), particulate matter smaller than 2.5 µm (PM 
2.5

 ), lead (Pb), Hg, benzene, toluene, 
ethyl benzene and xylene (BTEX), at the two National Priority Areas. There are 
also plans to deploy atmospheric Hg samplers at other locations in South Africa, 
e.g. Eskom plans to install a Hg analyser at one of its monitoring sites.  

  5.2.2 Mercury Emissions Inventory for South Africa 

 South Africa is a primary producer of many important and strategic metals (e.g. gold, 
platinum, lead and zinc) and is a major producer and consumer of coal (DME,  2003 ; 

Table 5.1 Current air quality parameters monitored in the Vaal Air-shed Priority Area of South 
Africa
 Responsible Authority  Location  Air Quality Parameters Monitored 

 City of Johannesburg  Jabavu and Orange Farm  PM 
10

  and SO 
2
  

 Sedibeng District Municipality  Midvaal Local Municipality 
(Meyerton) 

 NO 
2
 , NO, NOx, SO 

2
 , O 

3
 , CO 

and PM 
10

  
 Sedibeng District Municipality  Emfuleni Local Municipality 

(Vanderbijlpark) 
 NO 

2
 , O 

3
 , SO 

2
 , C 

6
 H 

6
 , Xylene 

and Toluene 
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Murkherjee et al.,  2008) . Although production of these minerals and materials is 
known to contribute to Hg pollution, detailed Hg emission inventories for these 
sources are unavailable for South Africa. 

 Atmospheric Hg emission estimates for different source categories were calculated 
as follows:

      Hg
(atomsphere) 

= C
(mass)

 × F
[Hg]

 × 10-6 × (1-ERF)  (1)

where: C 
(mass)

  is either the amount of coal combusted, commodity produced, or 
waste deposited or incinerated (Mg yr -1 ); F 

[Hg]
  is the fraction of Hg emitted by C 

(mass)
  

in mg / kg; and ERF is the emission reduction factor (UNEP,  2005) , which is based 
on the type of emission control device, and whether present or absent. 

 Based on the above calculation and an analysis of different Hg source categories, 
coal consumption by coal-fired power plants was identified as the largest potential 
source of Hg emissions, given that approximately 112.20 Tg of coal was combusted 
during 2004 (CoMSA,  2004)  (Table  5.2 ). The country is reliant on the combustion 

Table 5.2 Total amount of coal consumed or commodity produced by major industries in South 
Africa during 2004

 Source Category 

 Coal Consumed / 
Commodity 
Produced  (Tg yr   -1   )  

 Total Amount per 
Source Category  (Tg yr   -1   )   Reference 

 Coal-Fired Power Plants  -  112.200  CoMSA  (2004)  
 Coal Gasification  -  41.444  DME  (2008)  
 Consumer Products (Hg waste) a   -  9.145 × 10 -9   DTI  (2004)  
 Fuel Production  -  20.225  - 
 -  Minerals  2.129  -  DME  (2008)  
 -  Crude Oil Refining  18.096  -  DME  (2008)  
 Cement Production  -  14.922  - 
 -  Cement Production (clinker) b   1.946  -  DME  (2005)  
 -  Cement Production (new)  12.975  -  CNCI  (2008)  
 Ferrous Metals: Iron & Steel  -  13.620  - 
 -  Coke Production  2.717  -  DME  (2008)  
 -  Iron & Steel (scrap smelting)  4.904  -  DME  (2008)  
 -  Pig Iron & Steel (new)  6.000  -  SAISI  (2007)  
 Residential Heating  -  4.996  DME  (2008)  
 Non-Ferrous: Primary Metals  -  0.629  - 
 -  Gold  2.55 × 10 -4   -  CoMSA  (2006)  
 -  Zinc  0.240  -  DME  (2006)  
 -  Copper c   0.346  -  DME  (2006)  
 -  Lead  0.042  -  DME  (2006)  
 Waste Incineration (medical)  -  0.028  DEAT  (2006b)  
  Total   208.064 
    a Based on the importation of 1 829 066 double-ended fluorescent light tubes, and assuming that 
each tube contains 10 mg Hg.
   b Based on annual cement production, and that 15 Mg of coal are required to produce 100 Mg of 
clinker. 
  c Based on 103 900 Mg copper produced, and the average copper content of copper concentrate 
being 30%.  
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of coal, with coal-fired power plants accounting for about 90% of the country’s 
primary energy needs (Spalding-Fetcher and Matibe,  2003) . Much of the coal used 
for energy production in South Africa is supplied by mines located on the Highveld 
coal-field (Wagner and Hlatswayo,  2005) , which is also the second largest productive 
coal-field in the country.  

 Cement production (DME,  2005 ; CNCI,  2008) , coal gasification (DME,  2008) , fuel 
production (DME,  2008)  and ferrous metals production (DME,  2008 ; SAISI,  2007)  
are other significant Hg source categories identified for South Africa (Table  5.2 ). Coal 
combustion in residential heating (DME,  2008) , non-ferrous metals production 
(CoMSA,  2006 ; DME,  2006)  and medical waste incineration (DEAT,  2006b)  
totalled an estimated 5.65 Tg during 2004 (Table  5.2 ). Consumer products such as 
fluorescent light tubes (DTI,  2004)  that contain Hg, ranked the lowest in terms of 
Hg waste likely deposited to landfills (9.14 × 10 -9  Tg) (Table  5.2 ). Mercury emissions 
from these potential sources were evaluated to the extent possible, given the limited 
information available for South Africa. 

 As discussed below, total atmospheric Hg emissions from all potential sources 
in South Africa were estimated to be about 40 Mg during 2004 (Figure  5.3 ). It should 
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  Figure 5.3    Average atmospheric Hg emissions (1 metric ton = 1 Mg) estimated for different 
source categories in South Africa during 2004       
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be noted that Hg emissions estimated from coal combustion (i.e. coal-fired power 
plants) and particularly non-ferrous metals: primary metals, of which gold contributes 
only a small fraction, are significantly lower (Figure  5.3 ) than values that have been 
reported previously for South Africa (see Pacyna et al.,  2006) .  

  5.2.2.1 Coal Combustion: Power Plants 

 Mercury emissions from coal-fired power plants and the degree of Hg speciation 
(Hg 0  or Hg (II) ) depend on the amount of coal combusted and the emission control 
devices used to remove SO 

2
  or NO 

x
 , and other particulate and gaseous pollutants 

(Pacyna et al.,  2006 ; Dabrowski et al.,  2008) . For South Africa, emission control 
devices in coal-fired power plants include electrostatic precipitators and fabric filters 
(Table  5.3 ). The atmospheric Hg emissions from coal-fired power stations were 
estimated to be 30.96 Mg during 2004 (Figure  5.3 ).  

 The estimate was based on Hg concentrations measured in coal used at South 
Africa’s coal-fired power stations during 2001 (Table  5.3 ; Gericke et al.,  2007) , the 
amount of coal consumed at these power stations during 2004 (CoMSA,  2004 ; 
Table  5.2 ) and the reduction factors associated with the emission control devices 
used (Table  5.3 ). While the data on which these estimates are based is relatively 
small, and is somewhat higher than previously reported (average 0.15 ppm; Wagner 
and Hlatshwayo,  2005) , the Hg concentrations in coal (Table  5.3 ) are within a 
much smaller range than that which would have been derived using the default 
values in the UNEP assessment tool (range 0.1 – 1 ppm Hg in coal; UNEP,  2005) . 
Our previous Hg emission estimates of 9.75 Mg of Hg from coal-fired power plants 
were based on 0.15 ppm Hg in coal (Dabrowski et al.,  2008) . This estimate is likely 

Table 5.3 Emission control devices used at coal-fi red power plants of South Africa (adapted from 
Dabrowski et al., 2008)
 Power Plant  Emission Control Device  Hg in coal  (g Mg   -1   )   Emission Reduction Factor 

 Arnot  Fabric filters  0.17 a   0.50 
 Duvha  Electrostatic precipitators 

and Fabric filters 
 0.23 a   0.50 

 Hendrina  Fabric filters  0.21 a   0.50 
 Kendal  Electrostatic precipitators  0.44 a   0.50 
 Kriel  Electrostatic precipitators  0.34 a   0.50 
 Lethabo  Electrostatic precipitators  0.36 a   0.50 
 Majuba  Fabric filters  0.29 a   0.50 
 Matimba  Cold sided - Electrostatic 

precipitators 
 0.45 a   0.10 

 Matla  Electrostatic precipitators  0.29 a   0.50 
 Tutuka  Cold sided – Electrostatic 

precipitators 
 0.29 a   0.10 

 Sasol (Secunda)  Cold sided - Electrostatic 
precipitators 

 0.15 b   0.10 

    a  Gericke et al.  (2007)
  b  Wagner and Hlatshwayo  (2005)   



5 Mercury Emissions from Point Sources in South Africa 121

conservative since the average value reported by Wagner and Hlatswayo  (2005)  
excludes one of the coal samples (average 0.23 ± 0.03 ppm Hg) as unrepresentative 
and also the USGS average value of 0.2 ppm Hg. Clearly more analysis of South 
African coal samples and/or Hg emission measurements is required to improve the 
Hg emission estimates. 

 The Hg emissions estimated in this study and Dabrowksi et al. (2008) are 
significantly lower than previously published Hg emission estimates for South 
Africa (see Pacyna et al.,  2006) . Nevertheless, Hg emissions estimated from coal-fired 
power plants are substantially higher than all other sectors (Figure  5.3 ), particularly 
those that use coal combustion processes (e.g. cement production, coal gasification, 
residential heating, iron and steel processing). With South Africa’s increasing 
demand for energy, the commissioning of two new coal-fired power plants and the 
de-mothballing of three existing coal-fired power plants (MRA,  2003) , Hg emissions 
to the environment will inevitably increase over the next decade, unless strict emission 
control technologies and Hg reduction policies are implemented.  

  5.2.2.2 Coal Combustion: Coal Gasification Process 

 South Africa uses a significant amount of coal as a feedstock for the production of 
viable alternative fuels and chemicals. South Africa’s largest synthetic fuels producer 
converts low-grade coal into petroleum products. Synthesis gas, rich in hydrogen and 
carbon monoxide derived from the gasification of coal, is converted to hydrocarbon 
products via the Fischer Tropsch process (Van Dyk et al.,  2006) . A large facility 
located near Secunda in the Mpumalanga Province produces about 30% of South 
Africa’s liquid fuels requirements (180 000 barrels of fuels and chemicals per day). 
During 2004, total coal consumption for the production of alternative fuels and 
chemicals in South Africa was approximately 41 Tg (DME,  2008) . Generally, 
about 70% of this coal used is gasified, while the remaining 30% is combusted to 
produce process steam and electricity (Wagner et al.,  2008) . 

 During coal gasification, most Hg is associated with the crude gas stream, 
although a small proportion is found in the ash fraction (2.5 – 20% of Hg), and less 
in the liquid hydrocarbon co-products fraction (Wagner et al.,  2008) . Bunt and 
Waanders  (2008)  reported that gaseous Hg 0  was the most volatile of all trace metals 
during fixed-bed gasification. The gas cleaning process, known as the rectisol process, 
is a functional sink that removes Hg 0  and other impurities from the crude gas, as a 
solid. The Hg that is removed during maintenance cleaning is disposed of as per 
requirements for Hg 0  containing waste. Of the 30% coal combusted for producing 
utilities (steam and electricity), Wagner et al.  (2008)  estimated that about 80% of 
the Hg associated with this coal is emitted. This estimate was based on both isokinetic 
sampling and mass balance calculations. 

 A total of 1.68 Mg Hg was estimated to be emitted from coal combustion in the coal 
based petrochemical process during 2004 (Figure  5.3 ). This estimate was based on the 
following: 30% of the coal consumed during 2004 in the coal-fired steam plants 
(Table  5.2 ); an average coal Hg concentration of 0.15 ppm Hg (Wagner and Hlatswayo, 
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 2005) ; and taking into account the emission control devices used (Table  5.3 ). Overall, 
the Hg emissions estimated (1.68 Mg in 2004) is comparable to the estimate of Hg 
emissions (1.25 Mg per year) reported by Wagner et al.  (2008) . Additional atmospheric 
Hg measurements are, however, required to verify the above estimates.  

  5.2.2.3 Crude Oil Refining and Minerals Processing 

 South Africa is not a major oil producer but has the second largest oil refining 
capacity in Africa, following Egypt (EIA,  2007) . Total Hg concentrations in crude 
oil used in the refining process range between 0.01 to 0.5 ppm (Pacyna et al.,  2006) . 
Mercury concentrations in crude oil vary substantially depending on its origin, and 
the affinity of Hg for mineral matter (Pacyna et al.,  2006) . Since South Africa 
imports more than 80% of its crude oil requirements from the Middle East (Iran 
and Saudi Arabia; EIA,  2007) , Hg emissions from this source is considered to not 
vary significantly. 

 Overall, a total of 0.45 Mg Hg is estimated to have been released during crude 
oil refining and minerals processing in South Africa in 2004. Of this, crude oil 
refining is estimated to emit about 0.16 Mg Hg, while coal combustion during 
minerals processing accounts for the remaining fraction of 0.287 Mg Hg (Figure  5.3 ). 
These emissions were based on approximately 18 and 2 Tg of crude oil refining and 
minerals processing during 2004 (Table  5.2 ; DME,  2008) , respectively; and their 
associated emission reduction factors (Table  5.4 ). As South Africa’s oil and fuel 
consumption has increased steadily during 1986 – 2006 (EIA,  2007) , with no signs 
of slowing in the near future, Hg emissions from crude oil refining and minerals 
processing are likely to continue to increase in the future.  

 Overall, a total of 0.45 Mg Hg is estimated to have been released during fuel 
production in South Africa in 2004. Of this, the coal combusted during minerals 
processing is estimated to emit about 0.287 Mg Hg, while the remaining fraction 
(0.16 Mg Hg) is estimated to be emitted during crude oil refining (Figure  5.3 ). 
These emissions were based on approximately 2 and 18 Tg of minerals processing 
and crude oil refining during 2004 (Table  5.2 ; DME,  2008) , respectively; and their 
associated emission reduction factors (Table  5.4 ). As South Africa’s oil and fuel 
consumption has increased steadily during 1986 – 2006 (EIA,  2007) , with no signs 
of slowing in the near future, Hg emissions from crude oil refining and minerals 
processing are likely to continue to increase in the future.  

  5.2.2.4 Cement Production 

 Coal for firing cement kilns and producing clinker are the major sources of Hg in cement 
production. Using annual cement production data, the annual coal consumption was 
estimated, considering that approximately 15 Mg of coal is burned in order to produce 
100 Mg of cement clinker (DME,  2005) . Therefore, production of about 12.98 Tg 
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cement in 2005 (CNCI,  2008)  is equivalent to utilising approximately 1.95 Tg of 
coal for firing the kilns (Table  5.2 ). Using appropriate emission reduction factors 
(Table  5.4 ), approximately 3.77 Mg of Hg was released to the South African envi-
ronment during this period (Figure  5.3 ), including emissions resulting from com-
bustion of coal for firing of kilns. 

 Pacyna et al.  (2006)  reported that Hg emissions for cement production in Africa 
were 5.3 Mg in 2000. Thus, the Hg emissions reported in this assessment are over 
50% of the total estimate for Africa. Cement production will likely increase as new 
infrastructure is required to support the growing South African economy. Thus, Hg 
emissions for South Africa and the continent will increase. Monitoring of Hg emis-
sions from this source, however, will provide more robust Hg emission assessments 
for South Africa.  

  5.2.2.5 Ferrous Metal Production - Iron and Steel 

 Relative to other sectors, a small amount of coal is used in the South African iron 
and steel industry. The major source of Hg emissions from this activity is from coke 
production (Pacyna et al.,  2006) . Using appropriate emission reduction factors 
(Table  5.4 ), the combustion of approximately 7.62 Tg of coal for coke production 
and scrap smelting in the iron and steel industry during 2004 (Table  5.2 ; DME, 
 2008)  is estimated to have released about 1 Mg of Hg to the environment (Figure 
 5.3 ). About one-third of the Hg emitted is from coke production, with the remaining 
two-thirds attributed to scrap smelting. In addition, about 0.29 Mg Hg (Figure  5.3 ) 
is estimated to be released from the production of about 6 Tg of pig iron and steel 
during 2004 (Table  5.2 ; SAISI,  2007) . 

 The estimated Hg emissions from these sources reported in this study are higher 
than Hg emissions reported for the African continent in 2000 (0.4 Mg; Pacyna 
et al.,  2006) . As with all developing countries, South Africa is experiencing rapid 
industrial growth, particularly in this sector of the economy, and Hg emissions from 
this source are expected to increase in future. More detailed information on the type 
and efficiency of emission control devices used would improve our understanding 
of Hg emissions from this source.  

Table 5.4 Emission reduction factors used for estimating atmospheric total Hg emissions in different 
source categories in South Africa
 Source Category  Emission Reduction Factor  Reference 

 Consumer Products (Hg waste)  0.95  UNEP  (2005)  
 Fuel Production  0.10  UNEP  (2005)  
 Cement Production  0.10  UNEP  (2005)  
 Ferrous Metals: Iron & Steel (scrap smelting)  0.10  UNEP  (2005)  
 Ferrous Metals: Pig Iron & Steel  0.05  UNEP  (2005)  
 Non-Ferrous: Primary Metals (zinc, copper, lead)  0.90  UNEP  (2005)  
 Waste Incineration (medical)  0.10  UNEP  (2005)  
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  5.2.2.6 Coal Combustion: Residential Heating 

 Although informal settlements and rural area households in South Africa use coal 
for heating and cooking (Spalding-Fecher and Matibe,  2003) , this source of Hg is 
not well defined. Approximately 5 Tg of coal was used for heating and cooking 
during 2004 (Table  5.2 ; DME,  2008) . In the absence of emission control devices, 
and assuming a Hg concentration of 0.15 ppm in Highveld coal (Wagner and 
Hlatswayo,  2005) , about 0.75 Mg Hg is estimated to have been emitted to the 
atmosphere during this time (Figure  5.3 ). Since about 90% of Hg emitted from this 
source is gaseous Hg 0  and Hg (II)  (Pacyna et al.,  2003) , individuals would be directly 
exposed to about 0.66 Mg of Hg during heating or cooking in their homes. Increased 
Hg emissions, concomitant with an increase in coal burning will likely occur during 
winter, similar to what has been reported in China (Wang et al., 2006).  

  5.2.2.7 Non-ferrous Metal Production: Primary Metals 

 Mercury emissions from different primary (virgin) metal ores vary according to the 
technology used to process the ore, the content of Hg in the ore and the type of emission 
control devices employed during processing. Overall, an estimated average of 0.64 
Mg Hg was emitted during non-ferrous metal production (Figure  5.3 ), as determined 
as below. Most of the Hg emissions was estimated to be from gold (Au) production, 
followed by the production of copper (Cu), zinc (Zn) and lead (Pb). 

 In South Africa, the Witwatersrand ores reportedly have Au and Hg concentrations 
ranging between 80.9 – 92.9 wt.%, and 0.6 – 5.8 wt.%, respectively (Frimmel and 
Gartz,  1997) . Gold from these ores was traditionally extracted using the Hg:Au 
amalgam method, until it was replaced with a cyanide-based process in 1890 when 
mining operations reached greater depths (Naickera et al.,  2003) . Previously, 
Schröder et al.  (1982)  estimated that Hg emissions from the entire gold-mining 
industry in South Africa is less than 0.2 Mg per year, with approximately 4% lost 
to the atmosphere. Others have suggested a 6% Hg loss to the atmosphere during 
gold recovery (Jones and Miller, 2005). 

 Taking into account Hg:Au ratios ranging between 0.01 – 0.06 in ores (Frimmel 
and Gartz,  1997) , and assuming that between 4 – 6% Hg is lost to the atmosphere, 
approximately 0.10 – 0.93 Mg Hg was estimated to have been emitted when 
about 255 Mg of Au was produced in South Africa during 2004 (Table  5.2 ; 
CoMSA,  2006) . Based on this data, the estimated average of 0.32 Mg Hg produced 
by the Au mining industry during 2004 (Figure  5.3 ) is significantly lower than 
values recently reported for South Africa (Pacyna et al.,  2006) . The Hg emission 
estimates from this industry, which uses cyanidation and not Hg amalgamation to 
extract gold from ore, are based on limited information and require Hg emission 
measurements at the source(s). The production processes for other primary 
(virgin) metals were estimated to emit a total of approximately 0.32 Mg Hg per 
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year (Figure  5.3 ) from the production of 0.240 Tg Zn, 0.346 Tg Cu and 0.042 Tg 
Pb (Table  5.2 ; DME,  2006) . Emission reduction factors for these metals are listed 
in Table  5.4 . Overall, the Hg emissions from primary metal production in South 
Africa are much lower than emissions released during ferrous metal production.  

  5.2.2.8 Consumer Products, Waste Deposition (landfills) and Incineration 

 Waste deposition, land filling and incineration are important sources of Hg emissions 
to the environment, particularly since Hg-containing products (e.g. batteries, 
lamps, and electric switches) are often discarded as general waste to landfills or 
incinerated. Although the Hg content of municipal waste streams is thought to be 
decreasing in the developed world (Van Veizen et al.,  2002) , little is known about 
the situation for developing countries. In South Africa, about 95% of waste was 
disposed of in landfills prior to 2000 (DWAF,  1998) . Landfills generally release 
landfill gas that contains varying quantities of heavy metals, including Hg 
(Lindberg et al.,  2005 ; de la Rosa,  2006 ; Nguyen et al., 2007; Ilgen et al.,  2007) . 
Indeed, total Hg levels in landfill gas at a Florida landfill measured up to  ~ 12 µg/m 3  
(Lindberg et al.,  2005) . Total Hg levels in landfill gas have not yet been  measured 
in South Africa. Currently, consumer products such as Hg-containing fluorescent 
light sources (double end tubes) are not separated from general waste and are 
assumed to be land filled in South Africa. A total of 1,829,066 fluorescent light 
tubes (double end) were imported into South Africa during 2004 (DTI,  2004) ; 
assuming an average Hg content of 10 mg per item (NEWMOA,  2006) , this yields 
an estimated 0.018 Mg Hg produced by this source (Table  5.2 ). Assuming that 
about 0.009 Mg Hg (50% of the fluorescent light tubes) were land filled, and 
using appropriate emission reduction factors (Table  5.4 ), approximately 0.46 kg 
Hg (0.0005 Mg Hg) was estimated to be released from this source during 2004 
(Figure  5.3 ). The estimate is conservative, and Hg emissions from fluorescent 
tubes (and compact fluorescent lights) are likely to increase, concomitant with the 
drive towards more energy efficient lighting in South Africa. 

 Medical waste is reported to be the fourth largest contributor of Hg to the 
global environment (Zimmer and McKinley,  2008) . South Africa’s National Waste 
Management Strategy requires medical waste to be sorted prior to disposal or incin-
eration; and that the disposal of potentially hazardous medical waste to landfills 
should be avoided (DEAT, 1999). The authorised medical waste treatment capacity 
(commercial service providers; public and private hospitals) in South Africa was 
approximately 0.028 Tg of medical waste in 2005 (Table  5.2 ) (DEAT,  2006b) . 
Assuming that this was the amount of medical waste incinerated during 2004, and 
using the relevant emission factors (Table  5.4 ), approximately 0.60 Mg of Hg is 
estimated to have been released to the South African environment (Figure  5.3 ). 
Poor on-site incinerators in public hospitals or clinics, if present; and the burning 
or illegal dumping of waste in residential areas will likely increase Hg emissions to 
the South African environment.  
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  5.2.2.9 Artisanal and Small-scale Gold Mining Activities 

 Although artisanal gold miners operate in the Mpumalanga and Limpopo Provinces 
(CoMSA,  2006) , the extent to which artisanal and small-scale gold mining activities 
contribute to Hg emissions in South Africa is unknown. This activity is illegal in 
South Africa, yet between 8 000 to 20 000 small-scale gold miners are estimated to 
be operating in the country. Mercury emissions from artisanal gold mining in other 
African countries are low (e.g. 3 to 5 Mg per year in Zimbabwe; Veiga,  2004) . 
For South Africa, the Hg emissions from these activities are likely to be lower, 
considering the estimated number of gold miners in the country is far lower than 
that found in Zimbabwe.    

  5.3 Monitoring Hg Emissions in South Africa  

 Atmospheric monitoring of Hg concentrations in South Africa to date has mostly 
been made at Cape Point’s Global Atmospheric Watch (GAW) Station in the 
Western Cape. There have been measurements of total gaseous Hg since 1995 at 
the Cape Point GAW Station (Baker et al.,  2002 ; Slemr et al.,  2006)  and these have 
recently been supplemented with additional atmospheric Hg sampling. The average 
yearly concentrations of total gaseous Hg in the atmosphere between 1995 and 
2004 ranged between 1 and 1.5 ng m -3 , similar to those measured on board ship in 
the South Atlantic, and only slightly elevated compared to those measured at 
Neumayer on the Antarctic Peninsula (Baker et al.,  2002 ; Slemr et al.,  2006) . These 
concentrations therefore represent the regional background signal and do not show 
enhanced concentrations that are predicted by modelling studies that use the Pacyna 
et al.  (2006)  emission scenarios (e.g. Selin et al.,  2007 ; Strode et al.,  2007) . 

 Initial atmospheric Hg studies are currently underway at the CSIR in Pretoria in 
the Gauteng Province. While these studies are just beginning, there is evidence that 
the concentrations of total gaseous Hg are occasionally elevated ( ~  2 ng m -3 ), 
especially during the day, and there is some indication of a diel variation (lower 
concentrations at night). Such concentrations and variations may reflect local and 
regional sources in the vicinity, and are not surprising given the high level of urban 
and industrial activity in the Gauteng Province. 

 More recently, rainfall collections have been made (weekly bulk phase) at Cape 
Point’s GAW station. Because the collector is continuously open, the device collects 
both wet deposition and some fraction of the dry deposition. The average Hg 
concentration in rainfall for seven weeks of weekly rain sampling (July and August 
2007) was 6.3 ± 3.0 ng L -1 . While this preliminary data should not be over-extrapolated, 
they are not substantially elevated for what may be expected from a coastal location 
on the South Atlantic Ocean, and are consistent with the air measurements. Scaling 
this data to a yearly flux suggests that wet deposition could amount to around 3  m g 
m -2  yr -1 , a value that is consistent with the estimates of Mason et al. (1994) for the 
remote southern Hemisphere, and lower than that of similar locations in the North 
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Atlantic (Bermuda, for example, is 8  m g m -2  yr -1 , or most locations on the east coast 
of the USA (e.g. Mason et al.,  2000) . Overall, the Hg concentrations in precipitation 
and atmospheric air samples measured at Cape Point are inconsistent with the 
predictions of modelling studies that use the Pacyna et al.  (2006)  emission scenarios 
(e.g. Selin et al.,  2007 ; Strode et al.,  2007) . Weekly rain collections in Pretoria in 
Gauteng Province are also now underway and the preliminary results from these 
collections (August 2007 to February 2008) suggest higher concentrations (21 ±18 
ng L -1 ; volume weighted mean concentration 16.5 ng L -1 ). The associated annual 
flux is 8.8  m g m -2  yr -1  (for an annual rainfall of approximately 0.5 m yr -1 ). Thus, 
there is a contrast in Hg concentrations and fluxes between Pretoria and Cape Point, 
which reinforces the notion of more extensive anthropogenic emissions in the 
northern-most provinces of South Africa. The current data support the re-evaluation 
that while there are substantial Hg emissions for South Africa, their extent is lower 
than previously thought.  

  5.4 Gaps in Our Current Understanding  

 The industries mentioned above are all important in South Africa and further monitoring 
and research is required to verify the reported Hg emission estimates from these 
sources. Other important sources of Hg emissions, such as chlor-alkali production, 
are also part of South Africa’s industries. In addition to this, there is a need to evaluate 
the contribution of biomass burning as a potential source of Hg to the South African 
environment. Measurements of total gaseous Hg at Cape Point, downwind of a fire 
on the Cape Peninsula, suggested that biomass burning could be a significant 
source of Hg in the southern Hemisphere (Brunke et al.,  2001) . The impacts of Hg 
from these sources have not been characterised in South Africa. In addition, a 
detailed examination of Hg levels in artisanal gold mining areas in South Africa is 
needed to evaluate the potential impact that such activities may have on human 
health and the surrounding terrestrial and aquatic ecosystems. Although these are 
potential sources of Hg, no information is available on the Hg content of emissions 
from these sources. In addition, the fate and transport processes of gaseous Hg 
through the entire electricity generation process require further investigation.  

  5.5 Research Needs  

 All estimates included in this study are based on the best available information. 
While data on the Hg content of coal exist, these data are generally only available 
for the Highveld coal field. The Hg content of coal and Hg emissions resulting from 
its use are likely to vary across the country. Major gaps in our understanding of 
point source Hg emissions include the Hg content of raw materials used in industry 
(i.e. in iron and base metal ores, limestone in the cement industry, etc.) and the type 
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and efficiency of control devices used in various industrial sectors. Further research on 
the Hg point sources, and the actual Hg emission measurements from these sources, 
are required.      
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   Chapter 6   
 World Emissions of Mercury from Artisanal 
and Small Scale Gold Mining       

     Kevin H.   Telmer    and    Marcello M.   Veiga      

  Summary   We estimate mercury releases from artisanal and small scale gold mining 
(ASGM) based on available data about mercury and gold exports and imports by 
country and from field reports from the countries known to have active ASGM 
communities. The quality of the estimates ranges from reasonable to poor across the 
countries. This paper aims to give a first order estimate of the amount and location 
of mercury being released into the environment globally by ASGM, to motivate 
stakeholders to improve the quality of these estimates, to illustrate the linkages between 
global mercury trade and its use in ASGM, and the fourth objective is to provide a 
practical outline of the options available for reducing mercury use in ASGM. We 
estimate that artisanal and small scale gold mining releases between 640 to 1350 Mg 
of mercury per annum into the environment, averaging 1000 Mg yr -1 , from at least 
70 countries. 350 Mg yr -1  of this are directly emitted to the atmosphere while 
the remainder (650 Mg yr -1 ) are released into the hydrosphere (rivers, lakes, soils, 
tailings). However, a significant but unknown portion of the amount released into the 
hydrosphere is later emitted to the atmosphere when it volatilizes (latent emissions). 
Considering that ASGM is growing, latent emissions conservatively amount to at least 
50 Mg yr -1  bringing the total emission of mercury to the atmosphere from ASGM to 
400 Mg yr -1 . This estimate of emission to the atmosphere differs from the previous 
one provided in the 2002 UNEP Global Mercury Assessment both in terms of its 
magnitude (400 Mg yr -1 , versus 300 Mg yr -1 ) and in the way the estimate has been 
made. The current estimate is based on a better understanding of ASGM and on 
a wider variety of information sources, more field evidence, better extrapolation 
methods, and independent testing by analysis of official trade data.    

  6.1 Introduction  

 We begin with a presentation of the intricacies of why mercury is used in ASGM 
and how it is released to the environment. A good understanding of the use of mercury 
in ASGM is needed in order to evaluate both the emission estimate and the options 
available for reducing mercury use. 
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 We then begin to build the database on mercury in ASGM by identifying the 
known localities of ASGM – documented to occur in 70 countries – by citing 
reports from governments, international bodies, NGOs, the peer reviewed literature, 
and from mining companies. This is followed by a section that uses case studies and 
field data collected from various intervention efforts, as well as arguments from 
later sections, to make an estimate of the consumption of mercury in ASGM by 
country. This is further broken down into an estimate of how much mercury is 
directly released to the atmosphere. 

 The next section examines the global trade in mercury and gold for the purposes 
of placing the magnitude of mercury consumption by the ASGM community 
into perspective. Because reporting is voluntary, this approach is imperfect but 
does provide some useful information on mercury in ASGM. It also re-enforces 
the notion that mproved reporting of mercury trade would greatly improve our 
ability to track flows of mercury around the world. For example, despite having 
active dental services that undoubtedly use mercury, there are 70 countries that 
do not report any trade in mercury. Analysing the trade data, allows some crude 
but independent constraints on the magnitude of mercury consumption in ASGM 
to be made. 

 We then explain the current knowledge gaps surrounding mercury use in ASGM. 
This is to point out that despite being one of the largest sources of mercury to the 
environment, research on mercury in ASGM has been relatively poorly funded and 
grossly unsophisticated relative to that carried out in the northern hemisphere, and 
that small scale mining communities are a good place to build knowledge about 
mercury. Aside from answering important questions about mercury’s behaviour, 
working in these communities would additionally bring needed resources, raise 
awareness, and undoubtedly produce some innovative ideas. The current lack of 
understanding about mercury in ASGM puts a limitation on the development of 
innovative solutions towards prevention and remediation. 

 The final section examines the options available to reduce mercury use in ASGM 
and the estimates the magnitude of reductions for each of the options discussed.  

  6.2 Why Mercury is Used  

 Mercury is used in ASGM for the following reasons:

   1.    Mercury use is very easy – the easiest and quickest method to extract gold from 
many alluvial ores under the existing field conditions. This is sometimes debated 
by those who have not spent much time in the field, but it is a verity. A simple 
way to look at this is as follows. In the case study by Telmer and Stapper  (2007) , 
the effective ore grade (what is recoverable by the miners) was about 0.1 g Mg-1; 
the miners processed about 100 Mg of ore per day to produce a gravity concen-
trate of 10 kg of ore. That represents a concentration factor of 10,000 times. 
The 10 kg of concentrate contains 10 g gold and so they need to further concentrate 
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by 1000 times. This can be done by manual gravity methods (like panning) but 
will require significant time and will risk the loss of some gold (particularly the 
finer fraction). For example, recreational small scale miners in Canada often 
spend 2 or more hours panning up their concentrate. Capturing the gold by amal-
gamating the concentrate takes about 10 minutes and produces more certain 
results. So in ASGM sites, the 2 hours is instead used to continue mining and 
produce another 2 g of gold.  

   2.    Mercury is very independent – the whole mining process can be accomplished 
by just one person thereby eliminating the necessity of participating in undesirable 
and unfair labour practices (there is no need to be indentured). Often in more 
mature ASGM sites the bottom of the labour pool are still indentured to middle men 
or “a syndicate”, but even so, their salaries are inevitably higher than those from 
their former occupation, and they always have the choice to strike out on their 
own – an important and desirable psychological condition for most people 
around the world.  

   3.    Mercury is highly effective at capturing gold under the conditions found in 
ASGM sites. Again, the verity of this statement is occasionally debated by 
academics but under the circumstances found in ASGM sites, it is indisputably 
true. That is not to say it is technically always the “most” effective method to 
capture gold, but it can often be the “optimal” method under the socio-economic 
and political conditions found in ASGM sites. For example, in the first point 
(#1) above, a centrifuge or other technology may be more effective than mercury, 
but at what cost? and what infrastructure is needed to operate it? Often costs and 
infrastructure are prohibitive. This is particularly true when operations are 
illegal, which is most of the cases. Who is going to risk significant investment 
into an illegal operation?  

   4.    Mercury is typically very accessible – it is as portable and easy to transport 
as gold and so moves across borders and into camps as easily as or more easily 
than many other contraband materials. As far as we know, eliminating mercury 
through local enforcement has never been successful. In fact it often has a det-
rimental effect on the miners. For example, in Indonesia, mercury was made 
illegal in 2006. This drove mercury trade underground and doubled the price 
paid in the ASGM sites but did nothing to stem the flow of mercury – in fact 
it made selling it more lucrative for merchants. However, it is also true that 
increased prices may have been an incentive to increase recycling efforts – keeping 
in mind that the affordable recycling technology was only made available 
through an intervention program, the GMP.  

   5.    Mercury is relatively very cheap, as explained through the following perspective:

  •  As of Jan 22, 2008, prices were: mercury (US$600/76 lb flask; US$17.40/kg); 
gold (US$874.00/ozt)  

 •  This is close to historical highs for both mercury and gold.  
 •  Therefore 1g mercury = US$0.017; and 1g gold = US$28.10  
 •  The mercury: gold price ratio is therefore 1:1,650  
 •  If 2 units of mercury were used to produce 1 unit of gold, the cost of the 

mercury would represent 0.1% of revenue. An invisible amount.  
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 •  In the mine fields, the price paid for gold is less than the international price, 
typically 8 to 10% less ( ~ US$25/ozt) and the price paid for mercury is higher, 
particularly where it is illegal making gouging by suppliers easier. Some miners 
have reported paying as high as US$200/kg (US$0.20/g) (Creporizão, Brazil). 
Under these prices the cost of using 2 units of mercury to produce 1 unit of 
gold represents a mercury: gold price ratio of 1:125 or 0.8% of revenue – still 
remarkably cheap.  

 •  However, once expenses are paid (fuel, equipment, food, shelter), and profits 
are divided – usually very inequitably with the lion’s share going towards the 
top of the labour pyramid – the cost of mercury may become significant for 
labourers at the bottom, and so despite its apparent cheapness, an economic 
incentive to conserve mercury does exist for the lowest paid labourers and for 
those who deal in large quantities of mercury – often gold dealers.     

   6.    Miners are not always aware of the health risks that mercury poses. Images of 
people carelessly exposing themselves to mercury in Figure  6.1  tragically show 
the truth of this.  

   7.    Miners have no choice – in many cases miners are not aware of alternatives if 
they do exist, or do not have the capacity to practice them.  

   8.    Mercury is most commonly used when simple gravity methods cannot produce 
concentrates greater than 10-20% gold. This is true of many simple hydraulic 
sluicing operations and many shallow colluvial or hard rock operations. If a 
concentrate of 20% can be produced, then direct gold smelting is possible.  

   9.    Mercury is used when capital (cash) is needed quickly for subsistence or to 
purchase materials and supplies required for more sophisticated techniques 
like leaching with cyanide. This point is often a difficult one for citizens of 
developed nations to fully grasp. The miners – even the middle men – do not 
have bank accounts or credit cards or much, if any, access to social assist-
ance like health care, and therefore often cannot wait to get paid. For example, 
miners who have made the transition to cyanide leaching and whom know 
that the maximum gold can be obtained through cyanide leaching alone, 
often return to using mercury when an emergency such as a family illness or 
wedding comes up, simply because they cannot wait until completion of the 
more time consuming, albeit more efficient, cyanide processing method (often a 
1 month cycle).      

 In summary, using mercury is cheap, simple, fast, independent, and reliable. 
And so in many settings, it is hard to beat. That is why, as a first line of interven-
tion, it may be more appropriate to try to reduce mercury consumption through 
conservation practices like retorting, fume hoods, and mercury re-activation or 
cleaning (making dirty mercury usable again and thereby preventing it from 
being discarded into the environment), rather than immediately aiming for the 
total elimination of mercury use. The introduction of conservation practises can 
easily reduce mercury consumption by 50 to 90% and it is an easily accepted 
change in practice – one that can even have the powerful incentive of being 
profitable (Agrawal,  2007) . 
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  Figure 6.1    Illustration of some of the many knowledge gaps remaining about mercury in ASGM       
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  6.2.1 How Mercury is Released to the Environment 

 Mercury is released to the environment during artisanal gold mining in a variety 
of ways. When it is used to amalgamate gold, some escapes directly into water bodies 
as elemental mercury droplets or as coatings of mercury adsorbed onto sediment 
grains. The mercury that forms the amalgam with gold is emitted to the atmosphere 
when the amalgam is heated – if a fume hood or retort is not used. As well naturally 
occurring mercury in soils and sediments that are eroded by sluicing and dredging 
becomes remobilised and bio available in receiving waters (Telmer et al.  2006) . 
Finally, where a combination of cyanide and mercury are used, the formation of 
water soluble cyano-mercuric complexes enhances transport and bio-availability. 
Albeit the fate of mercury in any of these processes is poorly understood, the 
interactions of cyanide and mercury are the least understood at this time. 

 When miners use cyanide, this dissolves not only gold but also mercury, forming 
cyano-mercury complexes. These complexes are easily mobilized by rain and often, 
due to poor containment practices, quickly reach stream waters. It is expected that 
water-soluble mercury cyanide is either more bio available or easier to be biomethylated 
than elemental mercury. This possibility deserves more investigation, but indirect 
evidence collected by the Global Mercury Project sites in Indonesia, Zimbabwe and 
Brazil suggest this is the case. Dangerously high levels of mercury in fish (average 
2.53 ± 3.91 mg Hg kg -1 ; carnivorous fish: 4.16 ± 5.42 mg Hg kg -1 ) were found in 
Brazil when mercury and cyanide were used together compared to when only mercury 
amalgamation was performed (UNIDO,  2006) . Other similar investigations were 
carried out in Indonesia (Castilhos et al., 2006; Baker and Telmer,  2007) . 

 Overall, therefore, the pathway that mercury from ASGM takes into the environment, 
whether it is emitted to the atmosphere, first released into surface water and soils and 
later emitted (latent emissions), or exported in products (see later section); as well 
as the amount of mercury consumed per unit of gold produced, varies greatly across 
ASGM operations and communities. 

  6.2.1.1 Whole Ore Amalgamation 

 Whole ore amalgamation is the process of bringing mercury into contact with 100% 
of the material being mined. Typically, mercury is either added when the ore is 
being ground in mills or the slurry produced from grinding is passed over a mercury 
coated copper plate. Amalgamating the whole ore uses mercury very inefficiently 
and so between 3 and 50 units of mercury are consumed to produce 1 unit of gold, 
with an average of around 5. Most of the mercury loss during whole ore amalgamation 
initially occurs into the solid tailings which are often discharged directly into receiving 
waters and soils. Importantly, however, it is well documented that this mercury 
continues to evade into the environment for centuries (Alpers and Hunerlach,  2000 ; 
Al et al.,  2006 ; Shaw et al.  2006 ; Winch,  2006) . Further, although little studied, it 
is certain that mercury in tailings that are subsequently leached with cyanide to 
recover more gold (a growing trend already observed in 10 countries) undergoes 
enhanced aqueous transport and emission to the atmosphere. This is because of the 
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complexation of mercury by cyanide. It is well known that mercury and cyanide, 
like gold and cyanide, readily form soluble complexes, and that when cyano-mercury 
complexes degrade, mercury readily volatilises. 

 Immediate emissions to the atmosphere during whole ore amalgamation occur 
when the recovered amalgam is heated to produce the gold. In the simplest case, 
such as the use of mercury coated copper plates, immediate losses to the atmosphere 
are therefore roughly equal to the amount of gold produced. However, there can be 
significant additional emissions to the atmosphere on a time scale of weeks to months 
from tailings and in particular from operations that employ cyanide. For example, in 
a whole ore amalgamation operation like those in Indonesia documented in Sulaiman 
et al.  (2007) , if 20 g of mercury are consumed to produce 1 g of gold, then 19 g 
of mercury are lost to the tailings and 1 g of mercury is immediately emitted to the 
atmosphere. However, additional mercury is released to the atmosphere shortly 
thereafter from: (i) volatilisation from cyanide rich tailings; (ii) during cyanidation 
gold is adsorbed from the solution by activated carbon. Mercury is also unavoidably 
adsorbed. To recover the gold, the carbon is burnt and so any adsorbed mercury is 
emitted at that time; (iii) the “ash” produced by burning the activated carbon is often 
re-amalgamated with mercury and this amalgam is also thermally decomposed to 
produce the gold, releasing an additional amount of mercury to the atmosphere 
equal to the total gold produced. In such cases, immediate emissions to the 
atmosphere are minimally greater than the total gold produced and this includes 
the amount of gold produced via cyanide leaching.  

  6.2.1.2 Amalgamation of a Concentrate 

 In cases where only a gravity concentrate is amalgamated, losses are normally about 
1 to 2 units of mercury for each unit of gold produced, but can be significantly lower 
if a mercury capturing system is used when the amalgam is burnt – retorts or fume 
hoods. For example, in Central Kalimantan, commonly 1.3 g of mercury is consumed 
to amalgamate 1 g of gold from a gravity concentrate produced by sluicing alluvial ore 
(Telmer and Stapper,  2007) . In this case 0.3 g of mercury is discharged to water with 
the tailings and 1 g of mercury is emitted to the atmosphere when the amalgam is burnt. 
Consumption of mercury in Brazil as recorded by Sousa and Veiga  (2007)  is similar. 

 Sometimes the tailings are rich in minerals such as zircon which are valuable to 
the ceramics and abrasives industries and so the tailings are not discarded but rather 
are further processed and then export (often to China or Korea). During reprocessing 
the tailings are often amalgamated a second time to recover any residual gold, and 
then further processed to produce (i) a high grade heavy mineral concentrate which is 
contaminated in mercury and export, and (ii) a waste which is discarded. The mercury 
that is export with the zircon is certain to be emitted to the atmosphere during later 
industrial use. The fate of the mercury in the residual waste is unknown but may 
end up in aggregate products such as bricks or be discarded into local waterways. 
An additional cause of mercury pollution that is frequently overlooked is the discarding 
of “dirty mercury”. When ore is amalgamated with mercury the products are (i) solid 
amalgam; (ii) tailings; and (iii) residual liquid mercury. For example, a miner may 
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add 100 g of mercury to 10 kg of concentrate and then recover 20 g of amalgam 
(50% gold, 50% mercury), and 87 g of residual liquid mercury with 3 g lost to the 
tailings. They would then re-use the residual liquid mercury to amalgamate the next 
day’s concentrate. However, the effectiveness of the liquid mercury is reduced as it 
becomes oxidized and contaminated with impurities – this is referred to as “dirty 
mercury”. Typically, after 3 or 4 uses, mercury becomes much less effective at 
amalgamation and so it is discarded. In the case of dredge operations in Kalimantan, 
dredge operators just throw it into the river. This causes mercury consumption to 
be higher than the 1.3 units of mercury for every 1 unit of gold described above. 
When mercury is not recycled through re-activation (described in the final section), 
consumption is likely to be at least twice the ratio established by recording only the 
immediate losses that occur during amalgamation.    

  6.3 Where ASGM is Occurring  

 There is reasonably good information about where ASGM is occurring. The 
Information sources are: reports from the MMSD  (2002) ; 16 years of archives from 
the Northern Miner (1992– 2008) ; reports and conference materials from the World 
Bank’s Secretariat on Communities and Small Scale Mining (CASM, 2007) up to 
2007 (7 meetings); 5 years of reports and conference materials form the UNDP/
GEF/UNIDO Global Mercury Project (GMP) up to 2007; reports from other intervention 
programs such as the Swiss Development Agency (SDA), the Canadian International 
Development Agency (CIDA), the World Wildlife Fund (WWF); reports and abstracts 
from the International Congresses on Mercury as a Global Pollutant (ICMGP) up to 
2006 (8 congresses); numerous articles published in the peer reviewed literature; and 
personal communications with field operatives of intervention programs and people 
employed in the ASGM economy – miners and gold and mercury merchants. Table  6.1  
(see Appendix 1) lists the countries and column 3 of Table  6.1  lists the sources of 
information that identify the presence of ASGM by country (note that these 
information sources are in some cases different from those used later to estimate current 
mercury consumption – column 7). Accordingly, ASGM has been documented to 
occur in 70 countries. Figure  6.2  illustrates the global distribution of ASGM based 
on data from Table  6.1 . There are at least 6 more countries that are likely to have 
ASGM occurring bring the likely total to 76 countries but with no firm documentation 
for those countries we will use the more conservative number of 70.   

  6.4 Amount of mercury used in ASGM  

 Amounts of mercury consumed in ASGM can be determined primarily in 5 ways.

   1.    Direct measurements – using a balance to directly weigh amounts of mercury used.  
   2.    Applying a mercury/gold (Hg:Au) ratio based on the style of operation (gravity 

concentrate or whole ore amalgamation) to estimates of gold production.  
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   3.    To get to number 2, estimate the number of miners actively mining and their 
average gold production.  

   4.    Interviewing miners and gold merchants who buy or sell mercury.  
   5.    Official trade data.     

 The first four approaches involve directly working with miners and gold merchants 
and gaining their trust. 

 Unfortunately, there is very little high quality information on amounts of 
mercury, size of operations, and what styles of operation are in use around the 
world in ASGM sites. Much of what exists is anecdotal. In part, this is because 
of ASGM’s highly decentralized and remote nature and because it often exists 
outside the law. Specifically: (i) there is a lack of interest from governments 
about ASGM because miners are marginal citizens – they do not pay tax, do not 
vote, do not have permanent homes, etc.; (ii) miners are subjected to gold price 
cycles and gold rushes and unfair labour practices and so are very migratory and 
dispersed; (iii) many ASGM sites are in remote areas where there is no infra-
structure and therefore no information; (iv) many clandestine (illegal) activities 
are involved in ASGM such as money laundering, tax evasion, weapon acquisition, 
etc., making it sometimes difficult to access miners and making the quality of 
information they provide sometimes questionable; (v) miners and mining and 
the use of mercury are often prohibited – perhaps more than 90% of all miners 
are operating in illegal ways. 

 But we have found that, in fact, many of these obstacles can be overcome and 
the lack of information is not only due to these reasons. It is also due to the differing 
cultures of various intervention efforts. Telmer and Stapper  (2007)  explain this as 
follows: “A good knowledge base is the required backbone to formulate solutions 
to the problems associated with mercury and ASGM. Indeed, many well meaning 
attempts to improve the livelihoods and living conditions of miners or to reduce the 

  Figure 6.2    Map of mercury consumption by artisanal small scale gold mining globally       
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environmental impacts of ASGM have failed because of lack of appropriate knowledge 
about the ASGM community. There have been attempts to create alternative liveli-
hoods or to introduce mercury-free technologies to miners based simply on the  idea  
or  wish  that they should behave differently, rather than starting by understanding the 
financial burden that such interventions might cause and then building up a solution 
from there.” They go on to explain that “In assessing an ASGM site, there are many 
useful bits and pieces of information that help constrain the socio-economic and 
environmental realities of small scale gold mining. Of these, perhaps some of the 
most useful quantities are: (i) how many people are mining? (ii) how much gold 
are they producing?; (iii) how much mercury do they use to do so?; and (iv) what 
is the scale of the impacts they are having on the landscape? – How much habitat 
(land and water) has been impacted? This basic information can then be used 
to constrain many other important aspects of ASGM, and then to educate the 
stakeholders and interest groups involved – including the miners themselves. This 
in turn helps immensely in guiding the formulation of appropriate intervention 
strategies, focusing resources, and avoiding costly and frustrating failures.” And so 
unfortunately, despite years of efforts, most interventions in ASGM have either not 
attempted to, or have not been able to effectively measure the quantity of mercury 
consumed by miners in ASGM sites. There are however some cases where the 
amounts of mercury consumed have been well documented. 

  6.4.1 Indonesia 

    1.    Telmer and Stapper  (2007)  together with Agrawal  (2007)  used a scale to directly 
weigh amounts of mercury used to amalgamate ore, and then extrapolated these 
statistics to Central Kalimantan by using aerial photography and satellite 
imagery. The estimate of mercury consumption since 1990 to 2006 for Central 
Kalimantan not including river dredging was 70 Mg of mercury with the lion’s 
share (10 Mg yr -1 ) being consumed in more recent times. River dredging con-
sumes more mercury than land based work because the miners throw away the 
mercury once it becomes oxidized (refered to as “dirty mercury”) and is no 
longer a strong amalgamator of gold – a habit that can be changed by teaching 
how to clean or re-activate mercury (Pantoja and Alvaarez,  2000 ; Wuerker, 
 2008)  Sousa and Veiga  (2007)  estimate how much mercury this prevents from 
entering the environment for a case study in Brazil. Mercury consumption is 
estimated to at least double for the region when river dredging is included. Central 
Kalimantan is about 1/3 of Kalimantan but contains about 1/2 of Kalimantan’s 
ASGM sites, and so by further extrapolation using satellite imagery, it is 
estimated that 40-60 Mg yr -1  of mercury are consumed in Kalimantan. This is a 
minimum estimate because it does not include any high-grade underground 
workings which are known to occur in Kalimantan (Mansur Geiger, Kalimantan 
Gold Corporation, pers. comm., 2008) but difficult to see with publically 
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available satellite imagery. Further, there are many small operations up the many 
tributary river channels that cannot be easily seen by satellite imagery. Many of 
these were seen by low flying aerial survey performed while ground truthing the 
larger areas with aerial photography – small scale mining was ubiquitous, often 
appearing in the wake of illegal logging.  

   2.    Sulaiman et al.  (2007)  examined a whole ore amalgamation operation in North 
Sulawesi, Indonesia, and also used a balance to directly weigh amounts of 
mercury used to amalgamate ore per mining operation. Mercury losses per unit 
of gold amalgamated were extremely high averaging 37.5 g mercury lost per 1 g 
gold produced. The consumption of mercury in just one small area that contained 
roughly 100 individual operators was 3 Mg yr -1 . [An important additional 
and worrisome consideration here is that once the ore has been subjected to 
amalgamation by mercury, it is subsequently leached with cyanide and then the 
final tailings are crudely disposed of into unlined ponds that leak into rivers and 
groundwater. It is known that cyanide complexes mercury as well as gold and so 
it is certain that the cyanide leaching is enhancing the transport and distribution 
of mercury in the environment. It is also known from large scale mining operations 
that cyanide leaching enhances mercury evasion to the atmosphere and so that 
too is certainly occurring.] Two more mining areas in North Sulawesi of equal 
magnitude were visited making a total of 9 Mg yr -1  mercury consumption only 
for the limited study area. However, it is known that there are more operations 
in Sulawesi making this a minimum for that island.     

 The mercury consumption for these two areas is 40-60 Mg yr -1  for Kalimantan plus 
9 Mg yr -1  for a part of Sulawesi with a total between 50 and 70 Mg yr -1 . The MMSD 
report on indonesia by Clive Aspinal (2002) claims much higher losses of mercury 
in north Sulawesi – a total of 270 kg Hg per day which would make annual losses, 
based on 260 working days per annum, equal to 70 Mg of mercury – just for one 
area in North Sulawesi. Further, the report uses that estimate from North Sulawesi 
to extrapolate and make a hypothetical loss of mercury per annum for all Indonesia 
of 1400 Mg Hg yr -1 . Clearly, this is an overestimate. Nonetheless, the report does 
help give some useful information on the extent of ASGM in Indonesia claiming 
that in 2002 small scale gold miners were operating in Kalimantan, Sulawesi, Java, 
Sumatra, and Irian Jaya (now called Papua) – essentially all of the major islands. 
Through talking to miners, we learned that it occurs on several other islands as well. 
Considering the broad distribution of ASGM in Indonesia and the fact that ASGM 
has grown since the MMSD was completed in 2002 (the price of gold has tripled 
during that time increasing the incentive to mine), we feel it is reasonable to double 
the estimates from Kalimantan and Sulawesi for a total mercury consumption for 
Indonesia equal to 100 to 140 Mg yr -1 . To make the quality of this estimate clear, 
and to illustrate how poor the database on mercury in ASGM is, it is important to 
understand that despite the obviously loose nature of this estimate, it is perhaps our 
most certain figure. Scaling up from one operation to the country level inevitably 
involves significant assumptions; nonetheless, we have begun with quantitative data 
and used the tools that are available to scale up.  
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  6.4.2 Brazil 

 Sousa and Veiga,  (2007)  have estimated that there are 40,000 miners in the Crepori 
area of the Tapajos basin (Reserva Garimpeira) and that they consume 40 g mercury/
month for a total of 19.2 Mg yr -1 . Telmer and Stapper  (2007)  independently looked 
at a subset of this region representing about 1/2 of the area for the period 1979 to 
2006, and only considered land based operations (i.e. no river dredging included) 
and estimated an annual mercury use of 4 Mg yr -1  for 2006 – the closest year to the 
work of Sousa and Veiga. By extrapolation to the whole area and including dredges 
an amount of 15 to 25 Mg yr -1  is possible, roughly corroborating the results of 
Sousa and Veiga. Brazil is a vast territory and has several other known ASGM sites 
including several new areas in the western state of Acre (Blore, 2007) and so we 
feel that doubling this estimate to 40 Mg yr -1  is reasonable.  

  6.4.3 Other Countries with Documented Estimates 

 Quantities of mercury have also been relatively well documented in Cambodia 
7.5 Mg yr -1  (Murphy,  2006) ; Guyana 15 Mg yr -1 ; Suriname 7.5 Mg yr -1 , French 
Guyana 7.5 Mg yr -1  (Vieira,  2008) ; and Monglia 11.5 Mg yr -1  (Grayson,  2007) . As 
well, quantities of mercury have been estimated in four more countries that partici-
pated in the Global Mercury Project: Sudan 0.8 Mg yr -1  (Ibrahm,  2003) ; Zimbabwe 
25 Mg yr -1 ; Laos 1.3 Mg yr -1 , and Tanzania 6 Mg yr -1 . Gunson and Yue  (2002)  
reported a minimum of 50 Mg yr -1  mercury released through ASGM in China, 
however this estimate was since revised to a min and max of 237 to 652 Mg yr -1  
through more thorough research (Gunson,  2004)  and seems reasonable based on 
the fact that China became the world’s largest gold producer in 2007, much of its 
production is known to come from small mines, and that much of China’s 
ASGM employs inefficient whole ore amalgamation where the consumption of 
mercury can be very high. Unfortunately at this time China officially admits no 
ASGM operations occur in its territory.  

  6.4.4 Other Countries - Direct Anecdotal Information 

 We have direct anecdotal information on ASGM operations in another 15 countries 
(Ghana, Mozambique, Guinea, Uganda, Peru, Colombia, Ecuador, Nicaragua, Bolivia, 
Venezuela, Suriname, Chile, Costa Rica, Guatemala, and Madagascar). These involved 
either visits or telephone conversations with various stakeholders and miners and 
gold merchants who, through personal communications provided estimates of 
mercury consumption by the ASGM community – listed in Table  6.1 . As such 
these estimates are based entirely on anecdotal information gained through 
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 discussion. We therefore have relatively good information on ASGM mercury con-
sumption from 2 countries, reasonable information from 7 more countries, and 
some but poor information from 14 more countries amounting to some knowledge 
by the authors on ASGM sites in 23 countries. These 23 countries represent in 
excess of 80% of ASGM mercury consumption.  

  6.4.5 Remaining Countries - Indirect Anecdotal Information 

 There is further information from the MMSD reports published in 2002 but as 
mercury was not necessarily a primary focus, the estimates, like the one from Indonesia 
discussed earlier, are of variable quality. Some seem to exaggerate the amounts of 
mercury consumed by the ASGM community. For example our estimate of 7.5 Mg 
yr -1  for Bolivia is far lower than the numbers given by the MMSD report (no total 
is given but 25 Mg yr -1  are ascribed to just one area). Some seem to understate the 
problem - the report on India by Chakravorty (2002), for example, claims that there 
is no “gold rush” in India and essentially no use of mercury in ASGM in India. 
However, other anecdotal reports from Indian colleagues claim this is not the case 
and clearly India is heavily involved in the gold industry. 

 According to goldnews (  http://goldnews.bullionvault.com    ) India consumes nearly 
800 Mg of Gold Bullion/a, accounting for about 20% of world gold consumption. 
Nearly 600 Mg of it goes into making jewellery representing $13.5 billion in fiscal 
2006-07, and accounting for 8.3% of world jewellery sales by value. For the sake 
of being conservative, we have assigned India an almost impossibly small amount 
of mercury consumption through ASGM of 0.3 Mg yr -1 , however, we imagine that 
this could be substantially larger. Many of the other MMSD reports mention the use 
of mercury, even the intensive use of mercury, but do not estimate quantities used. 

 In total there is some form of information for 48 countries ranging from relatively 
good to reasonable to poor as described above. Those 48 countries have been assigned 
value for consumption of mercury by ASGM operations. For the remaining 25 
countries, there is only information indicating the presence of ASGM. These countries 
have been assigned a minimum amount of mercury of 0.3 Mg yr -1  equalling a total 
of 7.5 Mg for those 25 countries.   

  6.5 Reported Trade in Mercury and Gold  

 In ASGM, mercury consumption (mercury purchased) is equal to the amount of 
mercury released to the environment as none that was purchased is ever returned to the 
commodity market. Notably, although mercury is traded freely as a commodity around 
the world, it is never officially purchased for gold amalgamation despite the fact that 
a large amount of what is traded ends up being used for that purpose. For example, 
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Brazil, French Guiana, and Indonesia, despite their large ASGM communities, are 
countries in which mercury is not allowed by law to be used in gold mining. Here, in 
order to understand the limits of our estimations on mercury use in ASGM, we analyse 
the existing global trade data on mercury and gold to make some crude observations 
and also to show how invisible the trade in mercury and gold from ASGM is. 

 The following analysis is based on the data in Table  6.1  which lists global trade 
in mercury and gold per annum using data from the United Nations Commodity 
Trade Statistics Database (COMTRADE )  covering the five year period 2002-2006. 
The table also contains the number of chlor-alkali plants that use mercury per country 
as reported by the Chlorine Institute (2006), and the estimate of mercury consumption 
by ASGM made by the authors that is discussed later. 

 Figure  6.3a  shows total reported global mercury trade by country for the years 
2002 through 2006 (a 5 year period) as recorded by COMTRADE. The database 
relies on voluntary reporting and so is incomplete. For example, the number of years 
reported varied between 5 and 1 for the countries listed. Figure  6.3b  shows trade 
for the same period but per annum by normalising to the number of years reported 
(mass of mercury/years reported). For some determinations, it is better to use 
Figure  6.3a , for other determinations, it may be more appropriate to use Figure  6.3b . 
For example, to determine the average price paid for mercury, it is better to use only 
the reported data, but the incomplete reporting in Figure  6.3a  would underestimate the 
total trade in mercury. The data in Figure  6.3b , on the other hand, may over-estimate 
total mercury trade if some countries imported less mercury during the years for which 
no reporting was done. The trade data from COMTRADE is therefore, to some degree, 
complicated to interpret. Nonetheless, the following conclusions can be reached:

   1.    The number of countries that actively trade in mercury is 119 but there are 190 
countries listed in the UN’s COMTRADE database. Therefore there are 71 countries 
that either do not consume any mercury or do not report consumption. Due to dental 
practices alone (300 to 400 Mg mercury consumed per annum for amalgam fillings, 
Maxson,  2008a ; P. Maxson, Concorde Cons., Belgium, 2008, pers. Comm.), it 
is unlikely that these 71 countries do not trade in mercury at least for dental use. 
This suggests that the database represents a minimum amount of trade.  

   2.    The total reported mercury trade for the 5 year period of reporting from 2002 to 
2006 (Figure  6.3a ) is 12,750 Mg exported (2550 Mg yr -1 ), and 14,870 Mg 
imported (2970 Mg yr -1  ). Amounts of “re-export” (57 Mg or 11.5 Mg yr -1 ) and 
“re-import” (0.04 Mg or 0.008 Mg yr -1 ) are insignificant. This implies a surplus 
amount of import of 2120 Mg over the 5 year period. Under any trade or consump-
tion scenario, this is unlikely. The reason for the discrepancy is unknown - perhaps 
tax avoidance, perhaps incomplete reporting, or both. As it is unlikely that importing 
is over-reported, this, as above in point 1, again suggests that mercury trade is 
underestimated by the UN COMTRADE database. Therefore, it is reasonable to 
assume that, a minimum of 2970 Mg of mercury per annum on average was 
imported during the years 2002-2006. Normalising by years reported (Figure  6.3b ) 
the exports of mercury become 3,230 Mg yr -1  and imports 3,200 Mg yr -1 . 
The discrepancy is lessened and direction of imbalance reversed to surplus exports 
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  Figure 6.3    (a) International exports and imports of mercury by country in Mg for the 5 year 
period 2002-2006 (UN Comtrade, 2008). All reporting countries are listed. (b) Same in (a) but per 
annum by normalizing to the number of years reported – many countries did not report for all years       
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(30 Mg per annum greater export). The improved balance and more reasonable 
direction of surplus (more export than import) suggests that this is a better estimate, 
although by no means robust. It is also important to note that trade does not 
imply consumption as some of the trade represents recycled mercury, perhaps 5 
to 10% globally (Maxson, Concorde Cons., Belgium, 2008, pers. comm.).  

   3.    The total value of reported exports (based on Figure  6.3a ) was US$113,587,000 
or US$22,717,000 per annum; the total value of imports was US$132,593,000 
or US$26,519,000/a. Although, for the above reasons, the totals are minimums, 
the average price may still be representative. The average selling price of mercury 
was US$8.91/kg, the average buying price was US$8.92/kg. The current average 
dealer price is US$18.33/kg (Northern Miner,  2008) . For reference, Figure  6.4  
shows the price of mercury over the last 108 years. Normalising by years reported 
(Figure  6.3b ) the value of exports per annum becomes US$26,690,000, and 
imports US$28,567,000. Again the improved balance suggests that this is more 
reasonable estimate but must be a minimum.  

   4.    The minimum consumption of mercury by human endeavours can only be 
approximated by this database - but not robustly. For example, during this 5 yr 
period, the Netherlands exported 198 Mg per annum and imported 592 Mg yr -1 . 
It is unlikely that the Netherlands consumed the difference of 394 Mg yr -1  as they 
only have 1 chlor-alkali plant (Table  6.1 ) and so their stock must have grown 
during this period. Rather the data gives some idea of the main mercury dealers 
globally, the average amount of trade per annum (the mass and value of mercury 
moving around), the main mercury importers, the countries that must be engaged 
in mercury trade but do not report it (e.g. Philippines), and puts some constraints 
on the amount of mercury that could possibly be used for ASGM – i.e. it must 

  Figure 6.4    Price of mercury over the last 108 years (sources: Northern Miner,  2008 ; Reece, 2006)       
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be significantly lower than global trade. Figure  6.5a  and  5b  illustrate exporters 
and importers by country. There are 54 countries that only import mercury – these 
are clearly visible in Figure  6.5a  – and there are 2 countries that only export 
mercury, Kyrgyzstan and Kazakhstan – visible in Figure  6.5b .  

   5.    The minimum consumption of mercury by human endeavours can only be 
approximated by this database - but not robustly. For example, during this 5 yr 
period, the Netherlands exported 198 Mg per annum and imported 592 Mg yr -1 . 
It is unlikely that the Netherlands consumed the difference of 394 Mg yr -1  as they 
only have 1 chlor-alkali plant (Table  6.1 ) and so their stock must have grown 
during this period. Rather the data gives some idea of the main mercury dealers 
globally, the average amount of trade per annum (the mass and value of mercury 
moving around), the main mercury importers, the countries that must be engaged 
in mercury trade but do not report it (e.g. Philippines), and puts some constraints 
on the amount of mercury that could possibly be used for ASGM – i.e. it must 
be significantly lower than global trade. Figure  6.5a  and  5b  illustrate exporters 
and importers by country. There are 54 countries that only import mercury – these 
are clearly visible in Figure  6.5a  – and there are 2 countries that only export 
mercury, Kyrgyzstan and Kazakhstan – visible in Figure  6.5b .  

   6.    There is clearly a transfer of mercury from the developed countries and northern 
hemisphere to less developed countries and southern hemisphere. Veiga et al., 
 (2006)  also discuss this trend. Because overall, industrial consumption of mercury 
is dropping (Maxson,  2008a) , consumption of mercury by ASGM is the most 
logical explanation for the direction of this transfer.  

   7.    The non-ASGM consumption of mercury for 2005 is estimated to be a minimum 
of 2385 Mg yr -1 , and a maximum of 3365 Mg yr -1  (Maxson,  2008a ; P. Maxson, 
Concorde Cons., Belgium, 2008, pers. Comm.). If the global trade data from 
COMTRADE represents a minimum of 2970 Mg yr -1 , and we assume that the 
2005 data is a good average for the period 2002-2006 (reasonable), then that 
suggests that the minimum amount of mercury available for ASGM ranges between 
585 Mg yr -1  and negative 395 Mg yr -1  – hardly a satisfying result. Obviously 
ASGM consumption is not zero and so perhaps the maximum non-ASGM 
mercury consumption estimate of 3365 Mg yr -1  is too high. That leaves us with 
a minimum ASGM consumption supported by official data of somewhere 
between 100 (arbitrary non-zero value) and 585 Mg yr -1  with an average 
minimum of 345 Mg yr -1  mercury consumed by ASGM. This is a hypothetical 
minimum based on available but clearly incomplete official trade data – a starting 
place. The real amount of mercury consumed by ASGM must be higher as becomes 
clear when field data is considered – discussed below.  

   8.    The price of mercury has risen sharply since 2003 from  ~ US$5.00/kg to the 
current price in 2008 of US$18.33/kg, slightly down from a 2006 peak of around 
 ~ US$23.00/kg. That is, on average, a quadrupling of price. From 1975 until 2005, 
the price of mercury and gold correlated well, but this relationship broke in 2007 
when the price of gold sharply increased and the price of mercury actually decreased. 
The increase in price of mercury to a peak in 2006 was likely a response to the 
announcement of mercury mine closures and an expectation that supplies would 
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  Figure 6.5    (a) International exports and imports of mercury per annum sorted by top exporters 
and (b) importers for the 5 year period 2002-2006 (UN Comtrade, 2008). All reporting countries 
are listed.       
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be short (Maxson, pers. Comm.). Demand for mercury for ASGM and VCM 
production in China (vinyl chloride monomer – a feedstock for polyvinyl chloride 
plastics (PVC)) also likely contributed to supporting higher prices. VCM use of 
mercury is large and growing (Maxson,  2008b) .  

   9.    There is a set of further observations that can be drawn from Table  6.1  as follows:

  •  There are 28 countries with known ASGM sites that do not officially export 
any gold: Azerbaijan, Benin, Botswana, Burundi, Cambodia, Cameroon, 
Central Africa Republic, Chad, Dominican Republic, DRC, French Guiana, 
Gambia, Indonesia, Iran, Ivory coast, Laos, Liberia, Malawi, Mauritania, 
Nigeria, Oceania, Philippines, Rwanda, Sierra Leone, Suriname, Tajikistan, 
Togo, Uzbekistan  

 •  There are 16 countries with known ASGM sites that do not officially record 
any mercury or gold transactions whatsoever: Botswana, Burundi, Central 
Africa Republic, Chad, Dominican Republic, DRC, Indonesia, Ivory coast, Laos, 
Liberia, Nigeria, Oceania, Philippines, Rwanda, Sierra Leone, Tajikistan. Two 
of these countries, Indonesia and the Philippines, are known to have very 
large ASGM activities (see refs in Table  6.1 ).  

 •  There are 4 countries that only export gold: Belize, Guinea, Mongolia, Niger  
 •  There are 16 main mercury exporting countries (those who export more than 

50 Mg yr -1 ): Algeria, Czech Rep., France, Germany, Italy, Japan, Kyrgyzstan, 
Malaysia, Netherlands, Peru, Russian Federation, Singapore, Spain, Switzerland, 
United Kingdom, USA  

 •  Officially there are 54 countries that only import mercury (a total of 190 Mg yr -1 ): 
Albania, Armenia, Azerbaijan, Bahrain, Bangladesh, Barbados, Belarus, Benin, 
Bolivia, Burkina Faso, Cameroon, China, Macao SAR, Costa Rica, Côte d’Ivoire, 
Cuba, Cyprus, Dominica, El Salvador, Ethiopia, Faeroe Isds, Fiji, Gambia, 
Ghana, Greece, Guatemala, Guyana, Hungary, Iceland, Jamaica, Jordan, Lebanon, 
Lithuania, Malawi, Maldives, Malta, Mayotte, Mozambique, Namibia, Nepal, 
New Caledonia, Nicaragua, Oman, Pakistan, Panama, Papua New Guinea, 
Paraguay, Qatar, Senegal, Syria, Uganda, United Rep. of Tanzania, Uruguay, 
Zambia, Zimbabwe.  

 •  In terms of countries that are potentially significant distributors of mercury 
for use in ASGM, there are 13 countries with no or few mercury using 
chloralkali plants that import significant amounts of mercury: Australia, 
Azerbaijan, China, Hong Kong SAR, Guatemala, Guyana, Kenya, Malaysia, 
Mexico, Singapore, South Africa, Syria, Thailand, Zimbabwe. Of these, 
Mexico and Singapore are by far the largest, importing 221 and 138 Mg yr -1 , 
respectively.  

 •  There are 14 countries that import more than 50 Mg yr -1  of mercury: Brazil, 
China, Colombia, France, Germany, India, Iran, Mexico, Netherlands, Peru, 
Rep. of Korea, Singapore, Spain, USA  

 •  Estimates of ASGM mercury consumption is greater than official mercury 
imports in 53 countries of the 70 known to have ASGM sites. The opposite is 
true for the other 21 (imports>ASGM consumption) indicating that the official 
imports of mercury to these countries is sufficient to meet ASGM demand.           
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  6.5.1  Using Gold Production to Estimate Mercury 
Consumption in ASGM 

 Regarding the use of gold production to estimate ASGM consumption of mercury, 
this also is controversial. There have been unofficial estimates by gold dealers 
that ASGM gold production is around 150 Mg per annum. However, this is 
very difficult to know because the gold market is unlike most other commodity 
markets in that 80% of gold produced over the past 6000 years is still in existence 
today and available to be traded – a total amount of approximately 135,000 Mg 
(Schofield,  2007) . Official gold production per annum is around 2500 Mg yr -1  
(Schofield,  2007) . So gold traded and gold produced officially by large scale mines 
do not have to match up and this makes it very difficult to constrain the amount of 
ASGM gold entering the market each year. This is particularly true because the vast 
majority of gold trade is done on an unallocated basis meaning that it is held in a 
vault in common with other gold and the customer has a general entitlement only. 
Essentially this means that gold from many sources is mixed into one pool by 
holding companies. 

 However, even if ASGM production were only 150 Mg per annum, considering 
that a significant portion of that is estimated to be produced using whole ore 
amalgamation (around 50%) which uses large amounts of mercury, then globally 
with a Hg: Au ratio of at least 3:1, a production of 150 Mg of gold per annum would 
imply 450 Mg yr -1  of mercury consumed in ASGM. This calculation is made as yet 
another hypothetical minimum and to further support later arguments that mercury 
consumption by the ASGM community must be significantly higher. 

 Others lines of evidence discussed in the MMSD  (2002)  and GMP  (2007)  
documents, as well as some earlier work (Veiga,  1997)  that used patterns of produc-
tion per miner per region, suggest that global gold production by ASGM is much 
higher – 400 to 600 Mg Au per annum. At this level, the consumption of mercury 
must be near to 1000 Mg yr -1  as reflected in Table  6.1 . In a reverse argument, if the 
estimate of mercury consumption in Table  6.1  is reasonable, then global gold 
production by ASGM must be about 1/3 of 1000 Mg = 350 Mg of gold/year, a value 
in-between that of gold traders and MMSD estimates.   

  6.6 Knowledge Gaps about Mercury in ASGM  

 In order to evaluate the significance of mercury emitted from ASGM, and to enable 
discussion about how best to reduce emissions, it is useful to elaborate the current 
gaps in our understanding about it. 

 The fate of mercury in the environment released from ASGM remains poorly 
understood. For example, of the portion emitted to the atmosphere, how much falls 
out locally, and how much travels long distances and over what time scale has never 
been adequately investigated and so remains poorly known. This is despite the fact 
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that the long range transport of these emissions and subsequent deposition in other 
countries is a key interest of the UNEP Mercury Program and other parties concerned 
about global mercury pollution. 

 Further, what happens to the mercury emitted from ASGM following deposition 
is also not well known as most of the high calibre research that has been done on 
atmospheric mercury and its fate has been done in temperate or polar environments 
whereas most ASGM occurs in the tropics where hydrology, soils and vegetation, 
productivity, and rates of biogeochemical cycling are vastly different. The fate 
of the mercury from ASGM that is directly discharged into water is equally poorly 
known. How it is transported, how far it travels, how and where it becomes 
methylated, and ultimately how much of it enters the local versus global fisheries 
is poorly known. 

 In fact many of the general knowledge gaps about mercury that were highlighted 
by the plenary panellists at the 8th ICMGP (International Conference on Mercury 
as a Global Pollutant, “Mercury 2006”) apply directly to mercury and gold mining. 
Some of the relevant gaps identified at that congress are:

  •  Air-surface exchange  
 •  Role of Halogens  
 •  Trends in active pools  
 •  Hydrology  
 •  How to scale up  
 •  The role of dissolved organic matter (DOM)  
 •  Modelling challenges  
 •  Inorganic mercury vs. Methyl mercury contamination in fish  
 •  Mercury in aquaculture    

 For a variety of reasons, small scale mining is a good place to build this knowledge. 
Perhaps even the best place as it would additionally bring needed resources, raise 
awareness, and undoubtedly produce some innovative ideas. The current lack of 
understanding about mercury in ASGM puts a limitation on the development 
of innovative solutions towards prevention and remediation. Table  6.2  lists the 
knowledge gaps highlighted by the plenary panellists at the 8th International 
Congress on Mercury as a Global Pollutant (Mercury 2006 in Madison, Wisconsin) 
and how they relate to ASGM as well as some additional important knowledge gaps 
that were not highlighted. A large part of mercury emitted to the atmosphere from 
ASGM has been thought to be deposited locally around gold shops and mining sites 
where amalgam is burnt. Part of the argument used to support this idea, are halos 
or “bulls eyes” around amalgamation burning centres. Using data from CETEM 
(1992), Telmer et al.  (2006) , made some mass balances for soils around gold shops 
in Alta Floresta, and found that the amount of mercury in the observed bulls eye 
may be as low as 1% of that emitted, suggesting that in fact, mercury emitted to 
the atmosphere is travelling long distances. This interpretation is supported by 
measurements of mercury in the atmosphere made by airplane over the Amazon 
Basin (Artaxo et al.,  2000) . They concluded that gold mining areas contribute 63% 
of the total atmospheric Hg over the Amazon. Telmer et al. also speculate that 
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factors such as atmospheric conditions at the site and time of amalgam burning 
play an important role in controlling entry of mercury into the regional or global 
atmospheric cycle. For example, if amalgam is burnt on a hot tropical afternoon 
when the atmosphere is turbulent well mixed, the likelihood of mercury entering 
higher levels of the atmosphere and being transported long distances will be greater 
than if the amalgam is burnt in the evening or early morning, when the atmosphere 
is less well mixed. It is also possible that mercury deposited locally at one time is 
quickly desorbed and transported at another as the tropical atmosphere is very 
energetic. As no firm scientific evidence has yet been provided to prove the distance 
mercury emitted from amalgam burning travels (Veiga and Baker,  2004) , clearly 
more research on this topic is needed.  

 To illustrate this knowledge gap and others, Figure  6.1  shows examples of 
mercury being emitted into the environment from ASGM (some tragic) and how 
these relate to the identified knowledge gaps. Filling these gaps is required if we 
are to understand the impacts and costs of mercury emissions from ASGM at local, 
regional, and global scales. 

  6.6.1 River Siltation in ASGM 

 Another significant environmental impact caused by ASGM is river siltation. It is 
mentioned here because it does have a direct and large impact on mercury transport. 
Dredging and sluicing sediment and soils for gold extraction causes the discharge 
of huge amounts of sediment into rivers, lakes and oceans. For example, small scale 
mining is now the main source of sediment to Brazil’s Tapajos River which is 
one of the Amazon’s largest tributaries and one of the world’s largest rivers (Telmer 
et al.,  2006b) . The Tapajos is about twice the size of Europe’s largest river, the 
Danube. In the tropics sediments are very fine because they are rich in clays and 
amorphous oxides (mostly iron oxy-hydroxides). This is due to the nature of soil 
formation in the tropics. When discharged into rivers, a significant portion of these 
clay rich sediments remain in suspension indefinitely. Sediment discharged 
from ASGM is consequently transported hundreds to thousands of kilometers 
downstream and into the ocean. 

 These sediment discharges have severe environmental impacts. The increases in 
suspended sediment reduce the penetration of light into waters and change the 
nutrient supply. This drastically alters the natural habitat (Costa, et al.,  2008) :

  •  Biological productivity and diversity is reduced  
 •  Shifts in species composition are extreme    

 However this also directly relates to mercury. The process of soil formation 
naturally concentrates and sequesters mercury. Soils around gold mining areas are 
both naturally rich in mercury (Jonasson and Boyle,  1972)  and receive mercury 
released from amalgam burning. 
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 The erosion of soils by mining releases mercury accumulated during soil formation 
into water bodies at hugely accelerated rates (Telmer et al.,  2006)  where it likely 
becomes available to be methylated and bioaccumulated in downstream floodplains. 
Forest clearing in the Amazon is also thought to contribute to this process (Roulet 
et al.,  1998) . Therefore mercury released into water bodies by soil erosion represents 
a large anthropogenic source of mercury into waters. The amount of mercury released 
by this process includes that added by miners but also the mercury that was naturally 
accumulated in the soils. In some cases, the latter can be the larger number.   

  6.7 Reducing Mercury use in ASGM  

 The amount of mercury consumed by artisanal small scale gold mining (ASGM) 
depends on three main factors: (i) the type of ore being mined; (ii) the technique 
used to process the ore; and (iii) the technique used to process amalgam to produce 
gold. To varying degrees, these factors are interdependent. 

  6.7.1 Reducing Emissions 

 In a few cases, mercury consumption has been significantly reduced through the 
use of fume hoods, retorts, and by re-activating dirty mercury. In Brazil and Indonesia, 
simple fume hoods have been adapted by some gold shops that trap about 90% of 
former atmospheric emissions (Sousa and Veiga,  2007 ; Agrawal,  2007 ; Chouinard, 
 2007 , Argonne National Laboratory,  2008) . The fume hoods in Indonesia are very 
cheap ($US35) and allow gold shop owners to recover and re-sell mercury, thereby 
recycling it and greatly reducing overall mercury consumption (Agrawal,  2007) . 
They need to recover only 1kg of mercury in order to recover the cost of buying a 
fume hood. Brazilian efforts in collaboration with the USEPA, are producing similar 
results (Argonne National Laboratory,  2008) . The USEPA led efforts have produced 
a detailed accounting of the functioning and efficiency of fume hoods constructed 
in some of the Brazilian Amazon gold mining communities. 

 As well, importantly, additional reductions in mercury consumption are occurring 
by teaching simple mercury re-activation and cleaning methods (Pantoja and Alvarez, 
 2000 ; R. Wuerker pers. comm., 2007). Using these methods, so called “dirty mercury” 
is never discarded and this reduces overall consumption and contamination. Pantoja 
and Alvarez  (2000)  use a simple electrochemical cell to operated with a 12 volt 
battery to reduce oxidized mercury to its elemental form. Ralph Wuerker is an 
astronomer with experience running liquid mercury telescopes which suffer surface 
oxidation that occasionally needs to be removed. The astronomers (as well as many 
chemists studying electrochemistry with mercury drop electrodes) simply pass the liquid 
mercury through a coffee filter to clean it. It is also worth mentioning that retorting 
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mercury (evaporating and then condensing it) produces relatively clean mercury 
that is able to effectively amalgamate gold. For example, the gold shop owners who 
operate fume hoods in Kalimantan, sell their recovered mercury with no further 
cleaning procedure for direct use in mining and this is accepted by the miners. 

 Retorts also significantly reduce mercury consumption by facilitating mercury 
recycling. Rickford Vieira, a key person involved with the World Wildlife Fund’s 
efforts to combat environmental degradation due to small scale mining in the 
Guyanas and Suriname has stated that overall mercury consumption has been 
reduced to 1:1 by use of retorts. UNIDO’s Global Mercury Project, as well as other 
intervention efforts, have also introduced retorts in an effort to reduce mercury 
releases to the atmosphere. Although, even with a reduction of 90%, the levels of 
mercury released by ASGM are still quite unacceptable by modern environmental 
laws, such a reduction represents a vast improvement from the status quo. 

 Capturing direct emissions to the atmosphere is a positive development, but in 
order to have a more significant impact on mercury consumption in ASGM, the 
practice of whole ore amalgamation must be eliminated or reduced. That is because 
whole ore amalgamation is (i) the least efficient way to use mercury and so causes 
the greatest losses; and (ii) is likely to grow as the exploitation of colluvial and 
bedrock ores becomes more common – these types of ores are the ones that are wholly 
amalgamated. Eliminating whole ore amalgamation is a much more complicated 
endeavour than capturing direct mercury emissions to the atmosphere with fume 
hood and retorts. Most concepts about how to eliminate it involve: (i) introducing 
efficient processing which involves increasing the sophistication of the processing 
technology; (ii) increasing initial capital investment; and (iii) increasing the organi-
sation of the labour pool – all big challenges for poor and transient communities that 
reside at the margins of legal society. However, if these steps can be accomplished, 
it is possible that more gold can be captured, or less mercury would be consumed, 
both of which would have monetary value to the miners and so there potentially are 
underlying economic incentives for such change. It is also important to mention 
that an increased mercury price, perhaps driven by legally binding export bans from 
the big exporters such as the European Union and the United States, would likely 
induce miners to use less mercury in order to reduce costs. Simply put, as the price 
of mercury rises, the economic feasibility of whole ore amalgamation is reduced. 

 In order to conceptualise possible reductions in mercury use in ASGM, it is useful 
to break down the possible approaches as follows:

   1.    We estimate that if fume hoods and retorts are adopted by any singular ASGM site, 
immediate emissions to the atmosphere can be reasonably reduced by 90% – less 
for operations that use cyanide. So where 1 g of mercury was emitted to the atmos-
phere for every g of gold produced, then only 0.1 g of mercury would be emitted.  

   2.    If mercury re-activation or cleaning methods were adopted for any singular 
operation, then mercury consumption would be reduced by 50%. So where 2 g of 
mercury were used to capture 1 g of gold, only 1 g of mercury would be used.  

   3.    If an operation is able to stop amalgamating the whole ore, then mercury con-
sumption can be reduced by 90%. So where 10 g of mercury were used to capture 
1 g of gold, only 1 g of mercury would be used.     
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 Overall, if 50% of ASGM mercury use (50% of 1000 = 500 Mg yr -1 ) is consumed 
through the amalgamation of concentrate (2:1 Hg: Au ratio – this includes losses 
incurred when dirty mercury is disposed); and 50% (50% of 1000 = 500 Mg yr -1 ) 
is consumed through whole ore amalgamation (5:1 Hg: Au ratio – this is an average 
based on a mix processing with copper plates and milling with mercury in the grinding 
circuit), and for every unit of gold produced a unit of mercury is directly emitted to 
the atmosphere then, (i) 350 Mg of gold are produced by ASGM each year; (ii) 350 
Mg of mercury consumed by ASGM are directly emitted to the atmosphere (35% 
of total mercury consumption), (iii) 250 Mg yr -1  of mercury (25%) are discarded 
because the mercury is dirty, and (iv) 400 Mg yr -1  (40%) are lost directly to tailings 
during whole ore amalgamation. Of these latter two (25% + 40% = 65%), some 
portion would be latently emitted to the atmosphere from tailings and waters, and 
some portion would remain in the hydrosphere. The rate of latent emission is 
unknown but is particularly high where mercury is used in combination with cyanide 
processing. Considering the growth in ASGM, the growth in the use of cyanide in 
ASGM, and the growth in the production of mercury contaminated waste from ASGM 
(multi-year accumulation of tailings), latent emissions conservatively amount to at 
least 50 Mg yr -1  bringing the total emission of mercury to the atmosphere from 
ASGM to 400 Mg yr -1 . Under such a scenario, then adoption of #1 (emission control 
that captures 90% of emissions) could reduce mercury consumption globally by a 
maximum of 0.9*35% = 31.5% or more with better emission capturing technology; 
adoption of #2 (mercury re-activation or cleaning) could reduce mercury consumption 
by a maximum 25%; and adoption of #3 (elimination of whole ore amalgamation) 
could reduce mercury consumption by 0.9*40% = 36%. The latter assumes that 10% 
of mercury used to amalgamate gravity concentrates (rather than whole ore) will still 
be lost to tailings. Also, note that the estimated reduction for emission control includes 
capturing 90% of the emissions caused by the burning of amalgam produced at 
whole ore amalgamation operations – i.e. 100% of ASGM sites. If all three of these 
approaches were adopted universally, mercury consumption by ASGM globally 
could be reduced by 96% (from 1000 to 40 Mg yr -1 ), emissions to the atmosphere 
could be reduced by 90% (from 350 to 35 Mg yr -1 ), and losses to tailings, rivers, 
lakes and soils, could be reduced by 99.2% (from 650 to 5 Mg yr -1 ). 

 To put this further into perspective, if the top 10 countries using mercury in 
ASGM minus China, which are: Indonesia, Colombia, Brazil, Peru, Philippines, 
Zimbabwe, Ecuador, Guyana, Venezuela, and Mongolia, that together emit around 
400 Mg mercury per annum, were to adopt emissions control measures (fume hoods 
and retorts, #1), and learn how to clean mercury (#2) then roughly 240 Mg less 
mercury per annum would be consumed. If China is included, the reduction in 
mercury consumption would increase to 500 Mg of mercury per annum. China is 
separated to highlight its importance. Considering that these two approaches are 
vastly simpler than #3 - elimination of whole ore amalgamation - and have been 
effectively demonstrated to be profitable for miners, their adoption by mining 
communities should be relatively simple and successful – perhaps even quick if 
governments cooperate. The elimination of whole ore amalgamation must also 
remain a focus, as the current trend is that this practice is increasing. We suggest that 
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by working towards the three approaches above, it is reasonable to expect a 50% 
reduction in mercury use in ASGM globally on a time scale of perhaps 10 years.   

  6.8 Conclusions  

 In summary, the impacts of mercury use in artisanal and small scale gold mining 
(ASGM) are as follows:

  •  400 Mg yr -1  of mercury per annum are volatilized to the atmosphere (350 directly; 
50 through latent emissions).  

 •  650 Mg yr -1  are discharged into rivers, lakes, floodplains, soils, and tailings (50 
Mg yr -1  of these are volatilized to the atmosphere).  

 •  Global food chain contamination is likely to be occurring through long range 
atmospheric transport, deposition, and accumulation in global fisheries - global 
ecosystem damage is likely to be occurring  

 •  Severe occupational hazards occur – mercury vapour  
 •  Intense local food chain contamination is occurring  
 •  Intense local ecosystem damage is occurring  
 •  Neurological damage to people and animals is occurring  
 •  Tens of thousands of polluted sites have been created that are long-term (centuries) 

health hazards to populations and ecosystems  
 •  Overall the emissions of mercury from ASGM are leading to decreased capacity 

for innovation and prosperity for people at local regional and global levels – societal 
regression    

 The most significant environmental issues are: (i) mercury emissions to the 
atmosphere, transport of these emissions locally, regionally and globally, and 
ultimately leading to aquatic food chain contamination and human health impacts 
through fish consumption; (ii) health impacts through direct mercury vapour 
exposure, (iii) release of mercury into aquatic systems and the consequential 
development of mercury hotspots that last for centuries, and (iv) land-degradation 
and river siltation and the associated deforestation, loss of organic soil, modification 
of hydrologic regimes and loss of aquatic habitat. 

 Finding a resolution to mercury use in ASGM is complicated by the characteristics 
of the informal gold mining sector including that ASGM remains illegal in many of 
the areas where it operates; ASGM communities are remote and have a transient 
nature; miners move quickly when better gold areas are found; different mine types 
and gold purifying methods are used in different regions; and the general lack of 
communication within and between artisanal miners and society and government 
authorities. An approach that links field knowledge, a field presence, and community 
economic considerations with international stakeholders may have a chance at 
success where other efforts have failed. A key to this approach is building a reliable 
knowledgebase about ASGM communities, particularly how and why they operate as 
they do, and the economic drivers behind these operations. A good knowledge base 
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is the required backbone to formulate solutions to the problems associated with 
mercury and ASGM. 

 One important function of this knowledgebase is to enable the determination of 
the financial implications that proposed changes in practice will cause. These are 
an important primary criterion for finding sustainable solutions. At the global level, 
the database on ASGM remains poor. How many people are mining, how much 
gold they are producing, how much mercury they use, what happens to the mercury, 
and how much habitat (land and water) has been impacted remains poorly known? 
Here, in recognition of the importance of good information in bringing the issue 
into focus and finding solutions, we have used the available data to make a first 
estimate of these quantities, and to point out the knowledge gaps surrounding 
mercury use in ASGM. We welcome any inputs that will improve the database or 
innovations that can contribute to solutions.              
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   Chapter 7   
 Mercury Emissions from Natural Processes 
and their Importance in the Global Mercury Cycle       

     Robert P.   Mason      

  Summary   The emission to the atmosphere of mercury (Hg) via natural processes 
constitutes an important part of the global Hg input and is a dominant part of the 
global mercury cycle. However, while there is an ongoing and continued effort 
to quantify these fluxes, the magnitude of their extent is still relatively poorly 
constrained. It must be emphasized that while the fluxes discussed in this chapter 
are due to natural processes, they constitute Hg that has originated from different 
sources, and because of the potential for deposited Hg to be re-emitted to the atmos-
phere from both the terrestrial and aquatic landscape, these fluxes include both 
primary sources and secondary (recycled) Hg. Thus the emissions are due to: 1) 
primary geogenic natural emissions (e.g. volcanoes); 2) recycled Hg from natural 
sources; and 3) recycled Hg from point source anthropogenic emissions. Overall, it 
is estimated that terrestrial inputs are 1850 Mg yr -1  while emission from the ocean 
is 2680 Mg yr -1 . On an area basis, emissions from land are higher than from the 
ocean. Forests constitute about 20% of these emissions, with total emissions from 
vegetated regions being about 60% of the total terrestrial inputs. Geogenic sources 
account for about 5% of current terrestrial inputs.    

  7.1 Introduction  

 The atmosphere is the most important pathway for the worldwide dispersion and 
transport of Hg (Fitzgerald et al.,  1998 ; Mason et al.,  1994 ; Mason and Sheu,  2002) . 
Therefore, an understanding the global sources, speciation, fate and transport, and 
atmospheric transformations of Hg is necessary to understand the importance of 
emissions of Hg from natural and anthropogenic sources in contributing to methyl-
mercury (MeHg) production in aquatic systems, and to its bioaccumulation through 
all levels of the food chain. Mercury is added to the atmosphere from both natural 
and anthropogenic emissions and human activity and associated inputs to the bio-
sphere has substantially altered the global Hg cycle so that anthropogenic sources 
now dominate the atmospheric inputs (Fitzgerald et al.,  1998 ; Lamborg et al.,  2002 ; 
Mason and Sheu,  2002) . While emissions of Hg are in the form of elemental Hg 
(Hg 0 ), and gaseous and particulate ionic Hg (Hg (II) ), most of the Hg in the atmosphere 
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is Hg 0  (typically >95% of the total), and most of the “natural” sources of Hg to the 
atmosphere are Hg 0 , although there is a small signal due to inputs of particulate-
associated Hg (Hg(p)) (e.g., volcanoes, dust). In the atmosphere, Hg 0  is relatively 
uncreative with an average atmospheric residence time of 0.5-1 year. In addition to 
Hg 0 , two other atmospheric Hg fractions have been operationally defined based on 
physicochemical properties and current methods of measurement - the gaseous 
ionic Hg (II)  fraction, termed reactive gaseous Hg (RGM), and Hg(p) (Landis et al., 
 2002 ; Lindberg and Stratton,  1998 ; Mason and Sheu,  2002 ; Sheu and Mason, 
 2001) . The speciation of RGM is not known in detail but based on laboratory stud-
ies and the methods of its collection, it is assumed to consist of gaseous neutral 
Hg (II)  complexes, such as HgCl 

2
 , HgBr 

2
 , and HgOBr (Ariya et al.,  2002 ; Balabanov 

and Peterson,  2003) . 
 Concentrations of Hg 0  in the remote atmosphere range from around 1-2.5 ng m -3 , 

with higher concentrations present in impacted regions (see Chapter 9). Also, Hg 0  
is relatively insoluble (49.4 × 10 -6  g L -1  at 20 °C) and its major loss pathway from 
the atmosphere is through oxidation and subsequent removal by wet and dry depo-
sition. As most water bodies are typically saturated with Hg 0  relative to the atmos-
phere, and the Henry’s Law coefficient for Hg 0  (1.37 × 10 -3  mol m -3  Pa -1  at 20 °C) is
relatively high, net dry deposition of Hg 0  to water is not an important removal 
mechanism. However, there is evidence for the uptake of Hg 0  by vegetation (Gustin 
and Lindberg,  2005 ; Rea et al.,  2001) . While global Hg models have identified wet 
and dry deposition, and evasion of dissolved gaseous Hg (DGM; principally Hg 0 ) 
from the ocean, as critical pathways for global Hg exchange at the Earth’s surface 
(Hudson et al.,  1994 ; Lamborg et al.,  2002 ; Mason et al.,  1994 ; Sunderland and 
Mason,  2007) , emission of Hg 0  from terrestrial sources has not been as closely 
examined. A number of recent studies have examined the flux of Hg 0  from plants, 
and the uptake of Hg 0  by plants, and have quantified the net exchange of Hg 0  within 
some terrestrial ecosystems. These results suggest that these fluxes are substantial 
and therefore potential inputs from such “natural” processes to the atmosphere can-
not be ignored, and need to be examined in more detail. 

 In the context of this chapter, the word “natural” will be used to refer to the input 
of Hg to the atmosphere from natural processes (e.g. evasion from the ocean, soils, 
and plants due to natural phenomena), even if these exchanges represent a mixed 
source contribution – for example, emissions are due both to the presence of back-
ground (pre-industrial) Hg and from Hg added to the environment in the last cen-
turies due to human-related emissions. In addition, even in the pre-industrial world, 
these natural emissions had two components – inputs of primary (geogenic) Hg 
from sources such as volcanoes, and recycling of this deposited Hg from the oceans 
and terrestrial environment. Thus, there was substantial recycling of Hg at the 
Earth’s surface even in pre-industrial times. Finally, given that Hg is not homogene-
ously distributed in the surface soils and rocks, there will be regional and local 
differences in emissions that it related to homogeneity in the terrestrial material 
(Mason and Sheu,  2002 ; Rasmussen et al.,  2005) . Thus, as recorded in some 
 historical archives (Schuster et al.,  2002) , there has not been a constant global input 
of Hg from these natural processes over time. 
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 This chapter, while focused on emissions from natural processes, will not 
 specifically focus on the emissions that have been directly exacerbated by human 
activity, such as emission from biomass burning, from mine waste sites and other 
anthropogenic area sources (Mason and Sheu,  2002) . Therefore, for example, given 
that much of the biomass burning that currently occurs globally is human-induced, 
this flux will not be specifically dealt with in this chapter, and is covered in another 
section of the report. Finally, in terms of the evasion of Hg 0  from plants, there is 
increasing evidence that this is a bi-directional exchange and that there is both 
uptake of Hg 0  via stomatal exchange and other processes, and also evasion of Hg 0  
from plants, and that the extent and direction of net exchange is a function of tem-
perature, season, solar radiation, surface wetness and other factors (Gustin and 
Lindberg,  2005) . Furthermore, for a system such as a forest, there is exchange due 
to the plants as well as evasion of Hg 0  from the forest floor. All these different 
sources need to be considered and will be discussed in this chapter. However, over-
all it is the net evasion that is of importance and the major goal of this chapter is 
therefore to provide estimates for the net exchange of Hg 0  for each biomass type 
and for aquatic systems. Finally, the chapter is focused on natural processes that 
lead to the net evasion of Hg 0  and does not discuss in any detail the processes that 
may lead to deposition of Hg in forms other than Hg 0  (e.g. dry deposition of RGM, 
for example). Thus, the estimates will be specifically characterized as described in 
this section. 

 While most of the emissions discussed in this chapter are areal fluxes rather than 
point source inputs, there is one source, inputs from volcanic and related activity, 
that is natural and that can be considered a primary point source input. A number 
of early studies proposed a wide range of estimates for this flux (Fitzgerald et al., 
 1998 ; Mason et al.,  1994 ; Nriagu,  1989)  and since then there have been few detailed 
studies of these potential sources. However, recent papers have re-examined the 
information available on geogenic emissions and a more constrained range in val-
ues has been quoted in the recent literature (Ferrara,  2000b ; Fitzgerald,  2003 ; 
Mather,  2004 ; Nriagu,  2003) . In terms of emissions from other terrestrial sources, 
there is still much debate and these fluxes are not well constrained, as detailed more 
below (Gustin and Lindberg,  2005 ; Gustin et al.,  2000 ; Rasmussen et al.,  2005) . 

 The processes controlling the evasion of Hg 0  from the terrestrial environment are 
an area of on-going research and the dynamic nature of this exchange between the 
terrestrial environment and the atmosphere has only recently been appreciated. The 
most important processes are depicted in Figure  7.1  for a forested environment, and 
the exchange processes will be similar for other types of vegetation (Bash et al., 
 2007 ; St Louis et al.,  2001) . Deposition of Hg to the Earth’s surface can occur in a 
number of forms and these vary both spatially and temporally, making overall esti-
mation of the magnitude of the fluxes difficult (Mason and Sheu,  2002) . Overall, 
there is little data on which to base such estimates, and the data is also concentrated 
in Northern Hemispheric temperate and polar regions, and thus estimates in the 
literature that are made for some environments and locations have required 
extrapolation based on data from other ecosystems. Wet deposition of Hg con-
tains both dissolved Hg, derived from scavenging of RGM from the atmosphere 
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by rain droplets, and from formation of Hg (II)  species in cloud droplets via atmos-
pheric reactions. Particulate Hg is also scavenged into precipitation and some of the 
Hg associated with the Hg(p) fraction will be solubilized into the liquid phase. Dry 
deposition of both RGM and Hg 0  can also occur. The dry deposition of RGM is 
very efficient as the compounds that constitute this fraction are very soluble and reac-
tive. Elemental Hg can also be deposited to the terrestrial environment via uptake into 
the substrate and into living biomass. It has been shown in a number of recent studies 
that Hg 0  can be taken up via vegetation, most likely through gas exchange across the 
stomata of the plants (Bash et al.,  2007 ; Gustin and Lindberg,  2005) . A number of 
studies suggest that the Hg found in litterfall is primarily associated with direct uptake 
from the atmosphere as apposed to translocation of Hg through the plant from the soil 
(Ericksen and Gustin,  2004 ; Ericksen et al.,  2003) . It appears that Hg can be taken up 
into roots but that, because of its strong binding capacity to organic ligands, and par-
ticularly to those with thiol groups, it is not transported to a large extent with the 
movement of water through the plant (evapotranspiration).  

 There is the potential for both RGM and Hg(p) to be deposited on surfaces such 
as the forest canopy, and this Hg can be subsequently washed off by wet deposition, 
and therefore deposited to the terrestrial surface. Such processing is the probable 
source of the enhanced Hg concentration in throughfall relative to wet deposition. 
A number of studies have examined the relative concentrations and found that 
throughfall concentrations are 1-2 times those of wet deposition (Lawson and 
Mason,  2001 ; Rea et al.,  1996) . This difference therefore suggests that dry deposi-
tion of Hg, likely as RGM and as Hg(p) can be an important process and can rival 
the input of Hg from wet deposition in some locations. 

 One important aspect of the cycling of mercury at the Earth’s surface is the process 
of Hg 0  oxidation in the atmosphere and mercury depletion events in the polar 
regions that coincide with ozone depletion during “polar sunrise” (so-called MDE’s) 
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  Figure 7.1    Schematic representation of the major processes involved in the exchange of mercury 
between the terrestrial environment and the atmosphere. Modified from (St Louis et al.,  2001)        
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(Ebinghaus et al.,  2002 ; Lindberg et al.,  2002 ; Schroeder et al.,  1998) . While these 
occurrences lead to an enhanced deposition of Hg to the icepack, it has been shown 
that this deposited Hg is rapidly reduced and re-emitted to the atmosphere (Ariya 
et al.,  2004 ; Lalonde et al.,  2002 ; Mason and Sheu,  2002 ; Poulain et al.,  2004) . This 
evasion is estimated to be on the order of 200 Mg yr -1  (Ariya et al.,  2004 ; Mason 
and Sheu,  2002)  and is therefore a significant evasion flux 

 Evasion of Hg 0  from the ocean is thought to be an important part of the global 
Hg cycle, and the magnitude of the oceanic evasion is of similar magnitude to the 
input from anthropogenic point sources (Mason and Sheu,  2002) . Measurements of 
volatile Hg are often reported as DGM and there are two important volatile species 
– Hg 0  and dimethylmercury (Me 

2
 Hg). While Me 

2
 Hg has been quantified in ocean 

waters (Cossa et al.,  1997 ; Kim and Fitzgerald,  1988 ; Lamborg,  1999 ; Mason et al., 
 1998 ; Mason and Sullivan,  1999) , in most freshwaters examined and in the surface 
ocean, DGM is essentially equivalent to Hg 0 . For the ocean, studies have focused 
on air-sea exchange in the Atlantic waters (Cossa et al.,  1997 ; Gardfeldt,  2003 ; Kim 
and Fitzgerald,  1988 ; Lamborg,  1999 ; Mason et al.,  1998 ; Mason and Sullivan, 
 1999) , Pacific (Kim and Fitzgerald,  1988 ; Mason and Fitzgerald,  1993) , the coastal 
regions (Baeyens and Leermakers,  1998 ; Mason et al.,  1999)  and the Mediterranean 
(Andersson,  2007 ; Ferrara, 2000a; Ferrara,  2003 ; Gardfeldt,  2003) . Some studies 
have suggested that the estimated evasion rates for Hg from the ocean substantially 
exceed the current wet plus particulate dry deposition estimates and riverine inputs, 
suggesting another potential source for upper ocean Hg. While one potential reason 
for this lack of balance is the relative paucity (both temporally and spatially) of 
DGM data for the ocean and thus its potential unrepresentative nature, it has 
recently been hypothesized that there is a substantial input of Hg to the ocean via 
dry deposition of RGM (Mason and Sheu,  2002)  and through its scavenging by salt 
particles and subsequent deposition (Selin,  2007 ; Strode,  2007) . 

 Mercury in surface waters also exists in two oxidation states, Hg 0 , as a dissolved 
gas, and Hg (II) . The ionic Hg exists both in the dissolved phase and attached to 
particulate matter, both living (phytoplankton, zooplankton) and detritus. In addi-
tion, in most surface waters, a small fraction of the total Hg is MeHg (II) , which also 
can be dissolved or particulate-associated (Mason and Benoit,  2003) . The reactions 
leading to the transformation of Hg between the two oxidation states in surface 
waters can be both abiotically and biotically mediated, with the abiotic processes 
being mostly photo chemically driven. The reduction of Hg (II)  to Hg 0  occurs in sur-
face waters under a variety of conditions and recent studies, in both freshwater and 
saline waters, have provided evidence to suggest that, in most situations, while 
there is net Hg 0  formation, there is also Hg 0  oxidation occurring (Amyot et al., 
 1997 ; Lalonde et al.,  2001 ; Mason et al.,  2001 ; Whalin et al.,  2007) . A number of 
studies have also shown that Hg (II)  reduction occurs in the presence of algae and 
bacteria (e.g. (Lanzillotta et al.,  2004 ; Mason et al.,  1995) . The reduction of Hg (II)  
in the presence of organic matter has been shown by others (Costa and Liss,  2000) . 
It has been suggested that the reduction of Hg (II)  may occur through charge transfer 
reactions involving Hg-DOC complexes but organic matter complexation can also 
lead to a decrease in Hg (II)  reduction (Rolfhus and Fitzgerald,  2001) . Overall, 
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however, higher DOC concentration is one factor that likely controls the overall 
lower concentrations and rates of Hg 0  evasion from coastal and estuarine environ-
ments compared to the open ocean. The potential for photochemical processes to 
dominate the reduction of Hg (II)  is demonstrated by studies that have examined the 
short-term changes in Hg 0  concentration and have shown a diurnal cycle linked to 
photo synthetically active radiation (e.g. Amyot et al.,  1997 ; (Amyot et al.,  1994 ; 
Lanzillotta et al.,  2002) . 

  7.2 Estimates of Oceanic Evasion 

 A number of modeling papers have recently focused on the estimation of the eva-
sion of Hg 0  from the ocean to the atmosphere (Mason and Sheu,  2002 ; Selin et al., 
 2008 ; Strode,  2007 ; Sunderland and Mason,  2007)  and as these papers have 
reviewed and examined the available literature, they provide a reasonable summary 
and consensus for this report. Such data have been used to extrapolate fluxes to the 
global scale. While the process of Hg 0  oxidation in surface waters (Lalonde et al., 
 2001 ; Mason et al.,  2001 ; Whalin and Mason,  2006)  is a potential removal mecha-
nism for surface water Hg 0 , the flux estimates are based on the actual measurements 
of Hg 0 , and as recent sample collections have been in the top meters of the ocean, 
these represent the steady state Hg 0  concentration that results from both oxidation 
and reduction processes. The flux estimates from a number of sources, as well as 
the measured concentrations of dissolved Hg and DGM for a number of ocean 
basins, was recently summarized by (Sunderland and Mason,  2007)  and presented 
here in Table  7.1  . It is likely that evasion rates are lower in winter, as suggested by 
the model developed for the far North Atlantic ((Mason et al.,  1998) , and the global 
model of Strode et al.  (2007) , although there is little open ocean data to support this 
notion. For coastal environments, there is evidence for a lower flux in winter com-
pared to summer, which again suggests that there is seasonality in the fluxes 
(Baeyens and Leemakers,  1998 ; Rolfhus and Fitzgerald,  2001) . 

 The data in Table  7.1  show that there is variability across ocean basins in both 
the concentration of Hg and Hg 0 , with the Atlantic Ocean and Mediterranean Sea 
having overall higher concentrations than the Pacific and Indian Oceans. Such 
 differences make sense in terms of the historical inputs of Hg to the atmosphere, 
which were previously highest for North America and Europe, and which therefore 
impacted the North Atlantic and Mediterranean more than the other ocean basins 
(Pacyna,  2006 ; Pirrone et al.,  1996) . There is also a clear difference in the concen-
tration of Hg in the North versus the South Atlantic (Laurier et al.,  2004)  which is 
also likely a reflection of historic Hg inputs to the atmosphere. More recently, 
enhanced inputs to the North Pacific, due to increased industrialization in Asia and 
associated Hg emissions, have been occurring (Selin et al.,  2008)  but given the 
basin size, and the timing of these inputs (Pacyna,  2006) , the ocean water concen-
trations have not yet changed substantially to reflect these increased inputs. 
Modeling of (Sunderland and Mason,  2007)  suggests that the surface North Pacific 
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Ocean waters will take decades rather than years to respond to these documented 
changes in anthropogenic atmospheric inputs and will achieve a steady state given 
current levels of Hg input. modeled responses at present levels of atmospheric 
deposition indicate concentrations will rise substantially in the immediate future 
until a new steady state concentration is achieved. 

 Overall, these modeling studies support the notion that spatial differences in the 
inputs of Hg to the atmosphere are reflected in ocean water concentrations and 
provide further justification to support the data of the limited field studies (Sunderland 

  Table 7.1    Observed seawater Hg data (mean ± stdev) and estimated evasion fl uxes as reported in 
the literature. Adapted from (Sunderland  2007)  and (Mason  2005)    

 Ocean Basin 
 Total  Hg
( pM )  

 Hg 0   
( pM )  

 Evasion
 (nmol/ m   2 /  day )   Notes 

 North Atlantic  2.4 ± 1.6 
1.6 ± 0.4 
2.1 ± 0.6 

 0.4 ± 0.3  1.9 ± 1.3 
0.15 

 1, 
2 , 4, 
3 

 South and 
Equatorial 
Atlantic 

 1.7 ± 0.7 
2.9 ±1.7 

 1.2 ± 0.8 
0.08 – 0.16 0.11 

 0.32 
9.6 

 5, 8, 
6, 7, 9, 
8 

 Mediterranean  2.2 ± 0.4  0.2 ± 0.1  0.14  10, 12, 13 
 2.5 ± 1.3 
1.5 ± 0.4 

 0.08 – 0.2  0.23 – 0.48 
0.28 – 0.94 

 8, 11, 13, 
8, 12 

 North Pacific  0.6 ± 0.3  0.06 ± 0.03  0.9 ± 0.1  14, 15 
 South & Equatorial 

Pacific 
 1–2                0.1 ± 0.07 

0.04 – 0.3 
0.06 – 0.1 

 0.3 ± 0.3 
0.40 

 4, 14, 15, 17, 
4, 17 

 Antarctic  0.7–1.1  no data  no data  16 
 Coastal Watersl  5–25  0.02–0.65  0.13–0.4  18, 19, 20 

References

  1. Profile averages for samples taken between 50–70°N from (Mason, Rolfhus et al.  1998)  
  2.  North Atlantic Surface Water flowing into the Mediterranean Sea measured by (Cossa, 

Martin et al.  1997)  
  3. European continental shelf margin from (Cossa  2004)  
  4. (Mason and Fitzgerald 1991; Mason and Fitzgerald  1993)  
  5. Subsurface water from the South and Equatorial Atlantic from (Mason and Sullivan  1999)  
  6.  Surface water samples from the South and Equatorial Atlantic from (Mason and Sullivan  1999)  
  7. (Mason, Lawson et al.  2001)  
  8. (Gardfeldt  2003)  
  9. (Lamborg  1999)  
 10. Seawater exiting the Strait of Gibraltar from (Cossa, Martin et al.  1997)  
 11. Western Mediterranean, (Cossa, Martin et al.  1997)  
 12. (Horvat  2003)  
 13. (Ferrara  2006)  
 14. (Laurier  2003)  
 15. (Laurier, Mason et al.  2004)  
 16. (Dalziel  1995) ; (Laurier, Mason et al.  2004)  and (Mason and Sullivan  1999)  
 17. (Kim and Fitzgerald  1986)  
 18. (Mason, Lawson et al.  1999 ; Mason  2005 ; Whalin  2007 ) 
 19. (Rolfhus and Fitzgerald  2001 ) 
 20. (Baeyens and Leermakers  1998 ) 
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and Mason,  2007) . Finally, while total Hg concentrations are higher in estuarine 
and coastal waters, fluxes of Hg 0  are lower as the Hg in these waters is more 
strongly complexed to organic matter and the water quality allows for less light 
penetration, which both decrease the overall rate of net Hg reduction in these 
waters, as discussed above (Whalin et al.,  2007) . Mason and Sheu  (2002)  have 
previously estimated the flux of Hg from the ocean as 2600 Mg yr -1 , by constraining 
the values from the field studies, through accounting for possible seasonal and lati-
tudinal differences. Recent data (Laurier and Mason,  2007 ; Laurier,  2003)  and 
modeling (Strode,  2007 ; Sunderland and Mason,  2007)  does not contradict this 
estimate. The model evaluation of (Sunderland and Mason,  2007)  supports the 
magnitude of this estimate, although there is the potential that the value may be 
either higher or lower. In generating the range in possible concentrations and 
fluxes, (Sunderland and Mason,  2007)  used Monte Carlo simulations of their 16 
box ocean model, and different estimates of atmospheric inputs to constrain and 
examine the potential variability in the fluxes. The estimated average values, and 
the ranges for each ocean basin, are shown in Table  7.2.   As can be seen, there is 
variability in all of the estimates of almost an order of magnitude in some cases and 
the fluxes for the different ocean basins reflect both the differences in their concen-
tration and the differences in their overall area. 

 The minimum estimate for the evasion of about 800 Mg yr -1  is lower than most 
estimates that are in the literature, but equivalent to that of (Lamborg et al.,  2002) . 
The average value is consistent with most other estimates of 2000-2800 Mg yr -1  
(Bergan et al.,  1999 ; Mason and Sheu,  2002 ; Seigneur,  2004 ; Selin,  2007 ; Shia 
et al.,  1999) . The upper bound is comparable with the recent modeling estimates of 
(Selin et al.,  2008)  (5000 Mg yr -1 ). Therefore, it appears that the estimates are 
within the range and confidence intervals of the results of a number of box and 
numerical modeling studies, and with empirical estimates. As noted above, these 
fluxes are comparable to the estimates of Hg inputs to the atmosphere from point 
source anthropogenic emissions.   

  Table 7.2    Ranges (90% confi dence intervals) in the estimated fl uxes from the ocean to the 
atmosphere for the various ocean basins. Adapted from (Hedgecock et al.,  2006 ; Mason and Sheu, 
 2002 ; Sunderland and Mason,  2007) . Note that the ranges are not simply additive as they are 
simulated from individual probability distributions   

 Basin  Latitude Range   Area   (× 10  14   m  2  )    Flux   (Mmol yr  –1  )  

 North Atlantic  >55°N  0.20  120(40 – 220) 
 Surface Atlantic  35°S – 55°N  0.62  640( 160 – 1300) 
 Intermediate Atlantic  65°S – 35°S  0.20  80 (20 – 160) 
 Surface Mediterranean  30 – 35°N  0.025  70 (8 –80) 
 North Pacific  >30°N  0.27  200 (80 – 360) 
 Surface Pacific & Indian  40°S – 30°N  1.48  1280 (380 – 2600) 
 Intermediate Pacific & Indian  65°S – 40°S  0.50  220 (60 – 440) 
 Surface Antarctic  >65°S  0.12  12 (4 – 22) 
 Coastal Waters  10% of total area  0.035  60 (30 – 100) 
  Total   3.45  2682 (782 – 5282) 
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  7.2 Estimates of Net Terrestrial Evasion  

 As noted above, the discussions and estimates that will be included in this section 
refer to the exchange of Hg 0  and therefore include uptake of Hg 0  by vegetation as 
well as loss of Hg 0  to the atmosphere from vegetation. It appears that the exchange 
of Hg 0  with vegetation can be bi-directional and the notion that the direction of 
exchange is related to the atmospheric Hg 0  concentration has been discussed in 
terms of a “compensation point” (Gustin,  2003 ; Gustin and Lindberg,  2005 ; 
Lindberg,  1996 ; Lindberg et al., 1998a), which is defined as the minimum concen-
tration in the atmosphere which will result in a release of Hg from a particular 
vegetation type. The value is not the same for all plants. When reviewing the literature 
it became apparent that the approach and experimental design in most cases was not 
sufficient to truly examine both uptake and emission simultaneously, but there is 
evidence that this must occur, and may depend on the time of day, presence of solar 
radiation, temperature and atmospheric concentrations. The evidence for uptake of 
Hg 0  by plant leaves is mostly derived from measurements of the concentration of Hg 
in leaves, and demonstration that the concentration increases over a growing season, 
and that transport of Hg from soils through the roots and stems cannot account for 
this accumulation (e.g. (Frescholtz et al.,  2003 ; Gustin and Lindberg,  2005 ; Miller 
et al.,  2005 ; Rea et al.,  2002) . Similarly, air concentrations of Hg 0 , and other param-
eters, also impact the evasion of Hg 0  from soils and other substrates. 

 Additionally, in most studies, the estimates that are used to constrain the fluxes or 
are used to provide estimates of fluxes are either derived from short-term or small 
scale (mesocosm) experiments, or from the use of sampling devices, such as flux 
chambers, that can have some impact on the measurement being made e.g. flux 
chambers interfere with air flow at the surface. Also, there is always the potential for 
artifacts in such studies and while such problems have mostly been examined and are 
accounted for in the calculations, there is always a need for caution, as demonstrated 
by the recent finding of problems associated with the use of eco-chambers for Hg 
flux studies at low concentrations (Stamenkovic and Gustin,  2007) . Alternatively, the 
flux estimates are derived indirectly, such as from the use of litterfall as a measure of 
the uptake of Hg 0  by plant leaves. Again, there is the potential that Hg may enter the 
leaf from other processes and it is likely that such a measure provides an over-estimate 
of the actual uptake. Again, these results need to be scaled to annual fluxes when, for 
example, in temperate and polar regions, many trees are deciduous and lose their 
leaves over winter. Also, the presence or absence of a canopy can alter the soil flux 
in such situations. Thus, there is the need for some caution in extrapolating from 
these results to regional or global scales. A number of papers have reviewed the 
older literature (Gustin and Lindberg,  2005 ; Gustin and Lindberg,  2000 ; Zhang and 
Lindberg,  1999)  and these summaries will be built on for the current assessment. 
These papers, and a number of other studies (see list associated with Table  7.3  ), 
provide the information on fl uxes that is gathered in Table  7.3 , and the estimates of 
Hg 0  uptake by plant material that are gathered in Table  7.4.    As noted, there is appar-
ently contradictory information in the literature as some studies show evasion of Hg 0  
from vegetation while other studies suggest uptake. It is not possible to determine 
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  Table 7.3    Average fl uxes, or in some cases the range of fl uxes, for various ecosystems measured 
by a number of investigators. Values have all been converted to a common fl ux unit of   nmol  m  2  
month 1 . In the table, negative values indicate uptake of mercury rather than release. Results from 
the older literature are combined in estimates given in various review papers   

  Flux    Flux  

 Location   (nmol m  2   mth  1  )   Ref.  Location   (nmol m  2   mth  1  )   Ref. 

 Vegetation Forest 
Hardwood 

 29 –238  1  Ground Level Forest 
Floor Sweden 

 1.4 – 7.2  1 

 Pine  3.6 – 126  1  Oak Ridge, TN  7.2 – 25  8 
 Maple  20  2  Michigan  5.0  9 
Spruce 6.1 2 Brazil <1 7
Poplar 9.7 2 “Deforested” site 50 7
Oak 16.4 2 Desert Soils -3.6 to 10.8 6
Other Sagebush -5.0 3 Mineralized Areas 

(Av. for Nevada)
13.3 10

 Prairie grass  12.5  5  High Hg regions  max 1500  11 
Cattail 60 6

Model Estimates 
Hard wood forest

max 16 4 Model Estimates 
Forest Soil

5.4 4

 Agricultural crops  max 11  4  Agricultural soil  8.3  4 
“Plant-related emis-

sions”
3.2 12 “Average global soil” 1.5 12

  References: (1) Hanson, Lindberg et al.  (1995) ; Lindberg, Hanson et al.  (1998b) ; (2) Hanson, 
Lindberg et al.  (1995) ; (3) Fay and Gustin  (2007) ; (4) Bash et al.,  (2004) ; (5) Obrist et al.,  (2005) ; 
(6) Gustin et al.,  (2006)  and references therein; (7) Magarelli and Fostier  (2005) ; (8) Carpi and 
Lindberg  (1997) ; (9): Zhang, et al.  (2003) ; (10) Gustin  (2003)  and references therein; (11) Gustin 
and Lindeberg  (2005) ; (12) Selin et al.,  (2008) .  

  Table 7.4    Estimates of the uptake of mercury by vegetation, primarily trees as estimated from the 
concentration of Hg in litterfall collected at the end of the growing season, or from measurements 
of leaf concentration over time   

 Location   Flux   (nmol m  2   mth  1  )    Reference  

 Various studies  6.6 – 16.5  1, 2 
 Temperate forest  5.4  3 
 Temperate forest  5.0  4 
 Model: NE USA  0.8 – 3  5 

  References: (1) Lindberg et al.  (2004) ; (2) Gustin and Lindberg,  (2005) ; (3): Rea et al.  1996 ; Rea 
et al.  (2002) ; (4) St Louis et al.  (2001) ; (5) Miller, et al.  (2007) .  

exclusively for all vegetation types the overall net uptake, nor to ascertain the impact 
of seasonal differences, or the impact of changing air Hg 0  concentrations, and the 
extent these may exceed a particular compensation point. Thus, the approach taken 
here is to scale both the uptake and release fl uxes from the various studies and calcu-
late a net overall fl ux (Table  7.5  ) that is a composite of these two processes, and 
refl ects the net uptake or emission for a particular terrestrial habitat type, and for a 
particular region (polar, temperate or tropical). 

 As seen in Table  7.3 , there is a wide range in the values in the literature for a vegeta-
tion type, or for soils. For example, the fluxes for forests and various tree types vary 
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from low values around 6 to very high values of 240 nmol m -2  month -1 . In compiling 
the information from the literature it was necessary to convert the fluxes to comparable 
units for ease of comparison. Clearly, in making such calculations it is necessary to 
assume that the measurements made are valid for the region on an average basis. 
Clearly, in some cases this may not be truly valid, and in the calculations for Table  7.5  
any seasonal effect is further considered, as detailed below. Furthermore, some of the 
variability in Table  7.3  is due to seasonal and other effects. A number of parameters 
are now known to influence the net uptake or emission of Hg 0  from both vegetation 
and soils, and this accounts to some degree for the variability as many of the studies 
have been done over short periods of time, or within a particular season. Variability 
between species is also a potential problem in extrapolating the results. For example, 
the study of (Fay and Gustin,  2007)  using three different plant species in mesocosm 
experiments showed that under the same conditions there could be Hg 0  deposition 
(plant uptake), bi-directional exchange and no measurable flux for the different plant 
species. Again, as found for ocean environments, the individual fluxes in Table  7.3  
appear much higher than those that can be sustained at steady state, and therefore 
modeling and other approaches are needed to further constrain these values. 

 Available estimates from modeling studies are also included in Table  7.3  where 
these are based on detailed formulations rather than simple mass balance 
approaches. The modeling of (Bash et al.,  2007 ; Bash et al.,  2004) , for example, 

  Table 7.5    Estimates of net evasion of mercury from terrestrial ecosystems which were calculated 
from the information provided in Tables  7.3  and  7.4 , as discussed in the text   

 Region 
  Estimated Area   
(× 10  14  m 2  )  

  Net Evasion (average)
(Mg yr-1)          Total evasion * 

 Polar/Boreal (>700) 
 Boreal Forests  0.12  40 (12–60)  2.4 
 Tundra  0.08  48 (16–96)  2.9 
 Boreal Lakes  0.005  4.5 (2.7–9)  0.3 
 Ice Covered Polar Regions*  0.08  40 (24–80)  2.4 
  Temperate  (30–700) 
 Temperate Forest  0.12  102 (30–120)  6.2 
 Grassland/Prairie  0.08  89 (57–178)  5.4 
 Chaparral/Scrub  0.08  88 (56–176)  5.3 
 Temperate Agriculture  0.09  68 (36–145)  4.1 
 Desert/Metalliferrous Zones  0.18  269 (143–716)  16.3 
 Temperate Lakes  0.03  58 (35–117)  3.5 
  Tropical/Subtropical (0–300)  
 Tropical Forests  0.25  200 (61–245)  12.1 
 Tropical Prairie/Grassland  0.009  12.6 (6.8–25)  0.8 
 Tropical Agriculture  0.063  52 (32–113)  3.2 
 Desert/Metalliferrous Zones  0.16  239 (159–637)  14.5 
 Savannah  0.15  210 (113–420)  12.7 
 Tropical Lakes  0.011  33 (20–68)  2.0 
 Volcanoes/Geothermal  NA  90 (60–600)  5.5 
  Total   1.5  1650 (863–3806) 

  * These fluxes do not include re-emission of Hg to the atmosphere during polar sunrise in 
response to MDE’s.  
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results in a diurnal variation in plant fluxes and thus the maximum values are given 
in Table  7.3  – the minima at night is around zero. The average soil evasion flux 
(18 nmol m -2  yr -1 ; 3.6 µg m -2  yr -1 ) of (Selin et al.,  2008)  was derived using a model 
incoporating solar radiation, temperature and canopy attenuation of surface temperature. 
These modelers also estimated fluxes related to plant evapotranspiration and also 
due to the re-emission of recently deposited atmospheric Hg (respectively, 18 and 20 
nmol m -2  yr -1 ; 3.6 and 4 µg m -2  yr -1 ), which are combined together as a single value 
in Table  7.3.  

 Modeling results and correlations based on field studies suggest that fluxes are 
related to solar radiation, temperature and the impacts of moisture as well as the 
concentration of Hg 0 , CO 

2
  and of oxidants in the air (e.g. (Bash et al.,  2004 ; Gustin 

et al.,  2006 ; Millhollen et al.,  2006 ; Obrist,  2005 ; Selin et al.,  2008) . Fluxes are also 
strongly dependent on air concentration, and in many cases, fluxes for a particular 
plant species are related to the “compensation point” air concentration. At lower 
concentrations than the compensation point, plants release Hg while at higher air 
concentrations, Hg is taken up. Most studies to date suggest that the compensation 
point for many tree and plant species is within the typical background range (1-3 ng m -3 ) 
(Gustin and Lindberg,  2005 ; Lindberg,  1996 ; Lindberg et al., 1998b) and so in many 
cases, the uptake is bi-directional, and likely overall there is less net uptake into the 
vegetation. Similarly, uptake into soil or release of Hg 0  from soil depends on the soil 
Hg content. In some studies (Xin and Gustin,  2007) , soils emitted Hg during the 
day but there was deposition to soil at night, and the extent of uptake or release was 
a function of both air and soil Hg content. At typical air concentration, very little net 
release or uptake occurred. Again, many studies that suggest Hg 0  release from contami-
nated soils should be extrapolated with caution as there is the possibility for little or no 
release, or even uptake into low Hg soils. Emissions from soils are dependent on canopy 
cover as this can reduce the rate of evasion (Gustin and Lindberg,  2005) . 

 The results from studies on the uptake of Hg by plant leaves are shown in Table  7.4.  
These studies are somewhat limited but they show in all cases that there is uptake of 
Hg into the leaves and that this Hg cannot be removed by simple washing or leaf sur-
face extraction, which would indicate that this Hg was due to dry deposition of particu-
late material or from RGM deposition (Gustin and Lindberg,  2005 ; Miller et al.,  2007 ; 
Miller et al.,  2005 ; Rea et al.,  2002) . Overall the various studies are relatively consist-
ent in that the estimated fluxes are of the same order, especially for the more recent 
studies in temperate forests. Miller et al.  (2005)  used these results to develop a regional 
model for the uptake of Hg 0  by vegetation in the Northeast USA and the modeled 
range in values for the different states in the region were lower than the specific stud-
ies, but these can be used to extrapolate the limited studies to a more global scale. 

 The information from Tables  7.3  and  7.4 , and the modeling approaches discussed 
above, provide the basis for the estimations contained in Table  7.5.  In scaling up the 
fluxes the following are taken into account: 1) seasonal impacts, such as snow cover 
on land and ice cover on lakes; 2) seasonal differences in solar irradiation and its 
impact on fluxes; 3) temperature effects; and 4) the variability in fluxes for different 
vegetation types. In determining the various regions in Table  7.5 , global maps of 
ecosystem biomes were used to generate the estimated areas for the different vegeta-
tion types, and the various regions were divided by latitude as noted in Table  7.5 . 
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Some interpolation was required to cover the various regions, and to take into 
account vegetation types, and to account for agricultural zones, and for the emissions 
from lakes. Also, given the literature on the uptake and release of Hg 0  from plants, 
the following assumptions were made: 1) evasion of Hg 0  from vegetation was: 
forest>grasslands/other terrain>agriculture and tropical>temperate>polar; 2) eva-
sion from metalliferrous zones was higher than from vegetated areas; 3) evasion 
from urban areas was not specifically included; 4) uptake of Hg 0  by plant leaves is 
four times greater for forest compared to other vegetation (grasses, agriculture); 5) 
uptake was greater for tropical versus polar regions because of seasonal differences 
(e.g. temperature, solar radiation); and 6) there was only evasion, and no uptake to 
lakes and non-vegetated terrain. Using these assumptions, and the range of values in 
Tables  7.3  and  7.4 , the following estimates were generated (Table  7.5 ). 

 While the evasion has been partitioned according to landscape type and latitude, 
it must be re-stated that these estimates are based on a relatively small dataset and 
are therefore likely to be highly uncertain. This is indicated by the range in values 
given for each flux estimate, which vary by a similar amount to the estimates for 
ocean evasion, up to an order of magnitude difference. Thus, these results and esti-
mates form a basis for future work and require much more analysis and confirma-
tion of their validity, but they do provide a first order estimation. 

 The recent global mercury model of Selin et al.  (2008)  estimates that non-point 
source evasion from land (excluding biomass burning) at around 2200 Mg yr -1 ; 
somewhat higher than the estimates here but not substantially different and within 
the range of values given in Table  7.5 . Other recent modeling efforts have used a 
value of 2000 Mg yr -1 , and have mostly assumed that 50% of this is from re-emission 
of anthropogenically-derived Hg deposition (Bergan et al.,  1999 ; Lamborg et al., 
 2002 ; Mason and Sheu,  2002 ; Seigneur,  2004 ; Selin,  2007 ; Shia et al.,  1999) . 

 The value estimated here is most similar to that of Mason and Sheu  (2002)  (1600 
Mg yr -1 ). However, the range in the values in Table  7.5  encompasses all these model 
estimates. Overall, on average, forests account for 22% of the emissions, based on 
these estimates, agricultural locations about 8% and other vegetated regions 27%. 
Thus, more than 50% of the emissions are from these vegetated regions. Deserts 
and metal-rich locations are also important sources to the atmosphere, accounting 
for 30% of the emissions. 

 Volcanoes account for about 5% of the total emissions. Lakes are overall a minor 
source ( ~ 6%) to the atmosphere, compared to the terrestrial sources. Overall, most of 
the emissions are from the tropical regions (53%), compared to the temperate regions 
(39%) with the polar regions being a minor source (8%). Again, these variations fit with 
the limited data, and the latitudinal variation is consistent with the Selin et al.  (2008)  
model, and makes sense given that the primary factors influencing the degree of emis-
sion are temperature and solar radiation, which are highest in the tropical zone. 

 The information in Tables  7.2  and  7.5  are further summarized in Table  7.6  . 
In addition, the potential evasion flux from emissions of Hg 0  in response to enhanced 
deposition of RGM after MDE’s is included in the table. This estimate is based on a 
number of recent estimates of the importance of this source (Ariya et al.,  2004 ; Mason 
and Sheu,  2002) , which are derived form an analysis of the data compiled in a number 
of recent studies (Lalonde et al.,  2003 ; Lalonde et al.,  2002 ; Poulain et al.,  2007 ; 
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Poulain et al.,  2004) . These estimates are uncertain but suggest that the flux to the 
atmosphere from these processes is 200 Mg yr -1 . The compilation in Table  7.6  empha-
sizes the importance of oceanic evasion in contributing Hg to the atmosphere as this 
accounts for about 60% of the total emissions from all the sources documented in this 
chapter. This again is consistent with the literature and all the modeling studies 
discussed above. 

 Overall, the evasion from the ocean, which constitutes 70% of the surface of the 
Earth is 2680 Mg yr -1 , or, on average  ~ 36 nmol m -2  yr -1  (7.2 µg m -2  month -1 ). In con-
trast, evasion from the terrestrial environment (30% of the surface) is 1850 Mg yr -1 , 
or, on average,  ~ 63 nmol m -2  yr -1  (12.6 µg m -2  month -1 ). Therefore the average emis-
sions from the land exceed the ocean on an areal basis. This appears reasonable 
given the number of sources and mechanisms for the formation and evasion of Hg 0  
from these environments. Furthermore, one needs to consider the importance of the 
impact of enhanced deposition to the land related to anthropogenic inputs, which are 
concentrated on the terrestrial landscape. The mass of Hg in soils (>50 nmol kg -1 ) is 
much larger than that of the ocean (a few pmol kg -1 ), and even though much of the 
terrestrial Hg is bound and uncreative in terms of reduction, there is clearly a sub-
stantial reservoir of Hg available for evasion. Indeed, using typical concentrations of 
Hg in soils (50-500 nmol kg -1 ), the average yearly flux is equivalent to the removal 
of 1-10% of the Hg in the surface cm of such soils. Thus, there is indeed a large 
reservoir of Hg in the terrestrial environment that is supporting the evasion of Hg 0 , 
and this is clearly enhanced by the presence of vegetation. Finally, the total evasion 
estimated here is about 4400 Mg yr -1 , which is still less than the estimated wet and 
dry deposition of Hg from the atmosphere, which ranges from 6000 to 6800 Mg yr -1  
in different model simulations. The difference is consistent with the estimates of 
anthropogenic inputs, which is the other major source of Hg to the global atmos-
phere besides evasion of Hg 0  from the ocean and from terrestrial environments.      

  Table 7.6    Overall summary of fl uxes by vegetation type and for aquatic systems. Compiled from 
the data in Tables  7.2  and  7.5    

 Region 
  Estimated Area  
 (× 10  14  m 2  )  

  Net Evasion 
(average)   (Mg yr  -1  )  

 Oceans  3.6  2682 
 Atlantic Ocean  1.02  840 
 Pacific and Indian Ocean  2.25  1700 
 Antarctic Ocean  0.12  12 
 Mediterranean  0.025  70 
 Coastal waters  0.035  60 
 Terrestrial  1.5  1850 
Forest  0.49  342 
 Tundra/Grassland/Savannah/Prairie/Chaparral  0.40  448 
 Desert/Metalliferrous/ Non-vegetated Zones  0.42  546 
 Agricultural areas  0.15  128 
 Lakes  0.046  96 
 Evasion after Mercury Depletion Events  NA  200 
 Volcanoes/Geothermal  NA  90 
  Total   4532 
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   Chapter 8   
 Mercury Emissions from Global Biomass Burning: 
Spatial and Temporal Distribution       

     Hans. R.   Friedli   ,    Avelino F.   Arellano  , Jr.   ,    Sergio   Cinnirella   , 
and    Nicola   Pirrone      

  Summary   This chapter represents a new addition to the UNEP global mercury 
budget: the mercury emissions from biomass burning, here defined as emissions 
from wildfires and prescribed burns, and excluding contributions from bio-fuel 
consumption and charcoal production and use. The results cover the 1997-2006 
timeframe. The average annual global mercury emission estimate from biomass 
burning for 1997-2006 is 675 ± 240 Mg yr -1 . This accounts for 8% of all current 
anthropogenic and natural emissions. The largest Hg emissions are from tropical 
and boreal Asia, followed by Africa and South America. They do not coincide with 
the largest carbon biomass burning emissions, which originate from Africa. Our 
methodology for budget estimation is based on a satellite-constrained bottom-up 
global carbon fire emission database (GFED version 2), which divides the globe 
into regions with similar ecosystems and burn behaviour. To estimate mercury 
emissions, the carbon model output is paired with regional emission factors for 
Hg, EF(Hg). There are large uncertainties in the budget estimation associated with 
burned area, fuel mass, and combustion completeness. The discrepancy between the 
model and traditional ground based assessments (e.g. FRA, 2000) is unacceptably 
large at this time. Of great urgency is the development and validation of a model 
for mercury cycling in forests, accounting for the biogeochemistry for each region. 
This would provide an understanding of the source/sink relationship and thus 
mercury accumulation or loss in ecosystems. Limiting the burning of tropical and 
boreal forests would have two beneficial effects: reducing the source of mercury 
releases to the atmosphere from burning, and maintaining a sink for atmospheric 
mercury. Restricting the global release mercury would reduce the vegetation/soil 
pools, and the potential Hg release in case of fire.    

  8.1 Introduction  

 The importance of mercury emissions to the atmosphere from biomass burning was 
first recognized in South America by Veiga et al.  (1994) , probably as the result of 
the confluence of mercury pollution from artisan gold mining and ongoing clearing 
of tropical forests by burning for agricultural uses. After 2000, research describing 
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laboratory and field experiments extended to other geographic regions with 
extensive wildfire activity. The concern for this newly recognized pathway of 
mercury is about its participation in the biogeochemical cycle, which includes 
conversion into methyl mercury, a toxic and bioaccumulating compound hazardous 
to humans, other mammals, and birds. 

 This same time period coincides with rapid advances in satellite remote sensing 
and retrieval algorithms, providing information on biomass burning on a global 
scale. We are now in a transition phase where remote sensing is adding to ground 
based reporting by providing critical data on fuel characterization, fire detection 
and burn area growth, fire intensity and smoke plume composition and transport. 

 Since this is the first inclusion of biomass burning into global mercury budgets, 
a description of the salient facts about the burn process and the biogeochemistry are 
briefly described. For more detailed insight, the reader is referred to the pertinent 
references in the text. We briefly discuss the following aspects:

  •  What is the global distribution and speciation of biomass?  
 •  How does mercury enter the biomass?  
 •  How is mercury distributed in biomass and organic soils?  
 •  How does fire release mercury?  
 •  How can we estimate emissions of mercury from fires?    

  8.1.1 Global Distribution of Vegetation 

 Figure  8.1  depicts the global vegetation mass distribution. Vegetation mass is 
 concentrated in the tropical and subtropical zones (tropical forests and savanna and 
grass lands) and in the northern tiers of the globe (temperate and boreal forest). 
A related website (  http://www.unep-wcmc.org/forest/global_map.htm    ) also describes 
all vegetation types.   

  8.1.2 Biogeochemistry of Mercury in Forests 

 Mercury in vegetation and organic soil is the result of bi-directional processes 
connecting atmosphere, plants, organic soils, and hydrology (Gustin et al.,  2008 ; 
Lindberg,  1996 ; St. Louis et al., 2000; Driscoll et al, 2007). Mercury enters ecosystems 
mostly by wet and dry deposition of particulate Hg(p), ionic (RGM), and gaseous 
elementary mercury (GEM) onto live vegetation and soil surfaces, and by stomatic 
assimilation of GEM (Erickson et al.,  2003 ; Frescholtz et al.,  2003 , Fay et al., 
 2007) . Mercury on vegetation surfaces can be incorporated into plant tissue 
or photo-chemically reduced to GEM and released, or it can be washed off as 
throughfall. Xylem sap contribution to plant mercury is minor (Bishop et al., 1998) 
except for plants in soils with high mercury content, contaminated or naturally 
enriched. Upon deposition to the ground in throughfall or in senesced leaves, 
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 needles, bark and dead wood (litterfall), mercury is sequestered by reduced sulfur 
groups contained in the carbon pool (Skyllberg et al.,  2003) . This general behaviour 
was confirmed by the METAALICUS field experiments (Harris et al.,  2007) , where 
one mercury isotope sprayed onto live vegetation remained mostly immobilized in 
the organic soil, while a different isotope sprayed into water in the same region was 
rapidly converted into methyl mercury.  

  8.1.3  Mercury Distribution in Vegetation and Organic 
Soil by Region 

 Knowing the partitioning of mercury in the fuel pool is essential because only not 
all components of the fuel pool are combusted in a fire. The mercury content in plants 
is species- and plant-part specific. Mercury increases through the growing season 
with insignificant levels at leaf-out. Mature leaves and needles from deciduous, 
hardwood, coniferous trees in North American forests contain about 30-70 ng g -1  
mercury determined by dry mass (dm). Similar ranges have been measured for 
Central- and South America, Australia and Africa. Some European oak leaves can 
reach 150-200 ng g -1  (dm). Bark contains higher mercury concentrations than leaves 
and the content differs between live and dead fractions. Bole wood is much lower in 
mercury, e.g.  ~ 2 ng g -1  (dm) for aspen. Mercury in African savanna grasses ranges 
from 6-9 ng g -1  (dm), the same range as in agricultural residues (rice, corn). 

 Of critical importance is the partition of mercury above and below the forest 
surface. In temperate and boreal forests the mercury pool in the live plants amounts 

  Figure 8.1    Olson’s major world ecosystem complexes ranked by carbon in live vegetation: 
An updated database using the GLC2000 land cover product (cdiac.ornl.gov)       
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to <10% of the total pool (Grigal,  2002,   2003) . As an example, in a boreal forest 
plot in Saskatchewan, Canada, 93-95% of the mercury pool was located in the 
organic soil above the mineral layer (Friedli et al.,  2007) . The mercury concentration 
in the organic soil reached 300 ng g -1  (dm), values typical for upland boreal forests. 
The mercury pool in a forest depends on stand age. In the above example the mercury 
pool increases from  ~ 1.0 to 2.9 to 7.8 mg m 2  for stand ages 39, 133 and 180 years, 
respectively. Similar data are available for temperate North American forests 
(Harden et al.,  2004 ; Engle et al.,  2006 ; Biswas et al.,  2007,   2008) . 

 Because Hg is primarily located in the organic soil layers of a forest, it is important 
to understand the extent of the organic soil. Carbon accumulation (i.e. photosynthesis 
vs. decomposition) of an ecosystem depends on climate, vegetation type and stand 
age, burn frequency and hydrology. Upland boreal forests and temperate forests 
accumulate 5-20 cm of organic soils and burn frequently, whereas lowland peat, 
bogs, and permafrost may accumulate carbon over 100s of years between fires and 
reach several meters in thickness. As a consequence these ecosystems contain much 
larger mercury pools, commensurate with a large carbon pool (Turetsky et al., 
 2006) . Of particular interest are the tropical peat fields in south East Asia because 
of their large size and the lack of mercury data. 

 African and Australian savannas accumulate only 0-2.5 cm of organic soil (Shea 
et. al.,  1996) , because of frequent (annual or biannual) burning and climatic conditions 
that favour rapid decomposition of organic matter. Vegetation and soil mercury in the 
African region is poorly defined: while the carbon emissions are the largest by far 
for all regions, few EF(Hg) are known. Since burning is frequent, modeled deposition 
rates for mercury may serve as an upper limits on what level annual mercury emissions 
could reach. Seigneur et al. (2003) estimated wet and dry deposition in northern and 
southern hemisphere Africa (NHAF, SHAF) to be 8-15  m g Hg m -2 . Assuming that 
evasion, stomatic uptake and bacterial and herbivore losses are small, and fuel mass 
burned ranges from 1-4 kg m -2  yr -1 , EF(Hg) of 2-3.75  m g Hg kg -1  could be expected. 
This compares with 6±3  m g Hg kg -1  determined from mercury content in grass 
(Friedli et al.,  2008) . 

 Undisturbed wet tropical forests also have shallow layers of organic soil because 
of rapid decomposition of the vegetation by insects and bacterial activity. At a site 
in the Amazon, 40% of the mercury resides in live vegetation, 60% in organic soil 
and litter (Michelazzo et al.,  2008) . This is very different from boreal forests, where 
>90% of the mercury is contained in the organic soil. Here the mercury pool is also 
smaller, 0.65 mg m -2  compared to 1-3 mg m -2  in upland boreal forests.  

  8.1.4  Mercury Release from Burning Biomass 
and Organic Soil in Different Landscapes 

 This section starts with a general description of the mercury release process as it was 
investigated in controlled laboratory experiments. It then discusses the emission 
behaviour in wildfires burning in different landscapes and under different fire 
weather conditions. 
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 The mercury release process was studied in lab-scale experiments by Obrist 
et al.  (2007)  and Friedli et al.  (2001 ;  2003a) . These studies showed that essentially 
all mercury is released during the flaming phase of the combustion of dry leaves, 
needles and small twigs; little is known about the emission from smouldering fires, 
which are important for organic soil combustion. The speciation of the emitted 
mercury is dependent on the moisture content of the fuel: dry fuels emit GEM 
almost exclusively; green or wet fuels generate more smoke which can include up 
the 40% of the released mercury in particulate form Hg(p). The available data on 
mercury speciation are very limited but are important because speciation influences 
the location of the downwind deposition of the released mercury. 

 Wildfires are very complex phenomena and are dependent on fuel source 
(composition, mass, structure, moisture content), physical setting (slope, elevation, 
relief, soil structure), weather (temperature, wind, humidity, insolation) and climate 
(e.g. drought). Depending on conditions, different heat release rates are observed. 
Wildfires (and prescribed fires) behave spatially and temporarily differently because 
of regional climatic and weather differences. After ignition by lightning, spotting 
or an anthropogenic source, surface fires consume surface material (grasses, mosses 
and lichen, litter, downed wood) and shrubs, and can transition via ladder fuel into 
crown fires which consume needles, leaves, small branches and bark. Mercury 
contained in the burned matter is essentially fully released. If the ground is ignited, 
the resulting ground fire (organic soil horizons, logs, wood piles, stumps) can last 
for days to years and release partially or fully the mercury pool, creating a mosaic 
of burned and unburned areas with variable amounts of residual mercury. 

 Boreal wildfires, particularly under drought conditions, are often severe. 
They have regional and global environmental impacts because they frequently 
inject combustion products, including mercury, into the stratosphere (Fromm and 
Servranckx,  2003) . The plumes undergo long-range transport and chemical transfor-
mations: mercury reactions include the conversion of GEM into Hg(p) and RGM, 
which have shorter lifetimes. Boreal fire plumes transported over long distances 
have been observed for North America (e.g. Sigler et al.,  2003)  and Western Russia 
(Witham and Manning,  2007) . Intense boreal fires can generate pyro-cumulus 
clouds and intensive local precipitation, which could result in mercury deposition 
and hotspots on the ground. 

 Fires in dry tropical and extra-tropical temperate forests exhibit fire dynamics 
commensurate with fuel density, vegetation speciation, surface geography, and 
weather and climatic conditions. 

 In tropical savanna fires the heat release is smaller and stratospheric injection is 
less likely. The fuel mass available for burning in these ecosystems varies substantially 
depending on past rainfall or drought, e.g. on El Niño cycles for African savannas. 

 Undisturbed wet tropical forests have a 100 to 1000 year fire frequency. 
Where deposition mercury ends up in these ecosystems is unclear: there is little 
organic soil to sequester mercury as would happen in northern forests. Does it 
evade from the litterfall back into the atmosphere, is it absorbed into the mineral 
layer, or is it hydrologically removed? Commercial deforestation in tropical 
forests resulting in complete burning of all fuel mass removes all mercury, including 
from bole wood and stumps.  
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  8.1.5 Estimation of Mercury Emissions from Biomass Burning 

 Mercury emission estimates from biomass burning are based on carbon budgets in 
combination with emission factors for mercury, EF (Hg), related to carbon released. 
To achieve a uniform, globally consistent treatment of carbon release for all observed 
fires, we selected a sophisticated carbon emission model, the Carnegie-Ames-
Stanford-Approach (CASA) biogeochemical model, specifically modified to account 
for biomass burning (hereinafter termed as the Global Fire Emission Database 
version 2 (GFEDv2) as described by van der Werf et al.,  2006) , which partitions 
observed global fires into regions with similar fuel types and fire behaviour. Emission 
factors for mercury for different ecosystem types originate from two methods: 
(1) ground-based measurements of the difference in mercury pools before and after 
a fire, and (2) enhancement ratios (ER) of Hg and CO in plumes measured on the 
ground or by aircraft. Mercury emissions are then estimated as the product of carbon 
emissions and mercury emission factors.  

  8.1.6 Carbon Emission Model 

 The release of carbon from large-scale biomass burning is traditionally estimated 
from the amount of biomass (or fuel) burnt, which is calculated as a product of 1) 
the areal extent of the burn (burned area, BA), 2) the amount of fuel available for 
burning (fuel load, FL), and 3) the fraction of fuel load that has been combusted 
(combustion completeness, CC), integrated across space and time of interest (Seiler 
and Crutzen,  1980) . Due to the inherent complexity of wildfires, and biomass 
burning in general, the estimates of these three components exhibit large spatial and 
temporal variability that limits our assessment of the accuracy of carbon emissions. 
Early studies estimated the carbon release by developing inventories (e.g. from fire 
management agencies) for each of these components and for different biome types, 
and extrapolate these inventories using global vegetation maps to continental or 
global-scale estimates (e.g. Hao and Liu,  1994) . However, over the past two 
decades, these methods are being supplanted, primarily due to the increased availability 
of biogeochemical and fire-related observations from space (remotely-sensed), in 
conjunction with ground-based studies on fuel loads (and consumption), airborne 
measurements of smoke plumes, as well as the advancements in biogeochemical 
and transport models. We briefly describe below the current methods of estimating 
each of these components, with a particular focus on integrated approaches in 
estimating the carbon release on a regional to global spatio-temporal scale (e.g. 
GFEDv2, van der Werf et al.  2006) . This type of approach provides a consistent and 
traceable representation of global carbon emissions, which can be very useful in 
evaluating and interpreting estimates with ground truth and other independent 
datasets. Please refer to van der Werf et al.  (2006)  for more details on the carbon 
emission model used in this report. 
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  Burned Area 

 Global burned areas can be derived from detection of active fires from multi-sensor 
satellite imageries (ATSR, AVHRR, MODIS, VIRS) and the relationship of fire 
counts to burned area (e.g. Giglio et al.  2006) . Estimates of burned area are now 
available for specific regions, typically from forest services and fire management 
agencies (e.g. Canada Forest Service) and from country reports (e.g. Forest Resource 
Assessment, or FRA). These regional estimates serve as basis for validating burned 
area estimates developed at a global scale. Most recently, burned area products 
derived from satellite observations of burn scars became available for the year 2000 
at a monthly time scale and 1km x 1km spatial resolution. Of these products, the 
GBA 2000 (Gregoire et al.,  2002)  is based on the SPOT-VEGETATION instrument, 
while GLOBSCAR (Simon et al.,  2004)  is generated from data collected by the 
ATSR instrument. Detailed comparisons between these two products against country 
reports reveal key differences. Most notably, GBA 2000 has substantially higher 
burned area results in Africa and Australia, which Simon et al.  (2004)  attributed to 
inability of GLOBSCAR algorithms to detect large areas of burning in woodlands 
and shrub lands. Other than these two regions, the two products appear to be generally 
similar at continental scales (Kasischke and Penner,  2004) . 

 From the evaluation of Giglio et al.  (2006) , the burned area reported in GFEDv2 
appears to be in general agreement with Canadian Interagency Forest Fire Centre 
(CIFFC) compilations (slope about 70%) and US National Interagency Fire Center 
(NIFC) statistics (slope about 83%) with some degree of underestimation for very 
large burned areas. For Russia, the burned area estimate in 2001 is about 26% larger 
than reported by Sukhinin et al.  (2004) . Globally, the estimates are larger than GBA 
2000 (by about 32%) and GLOBSCAR (by about 144%). The average annual 
burned area in GFEDv2 for the years 1997-2006 is about 332 ± 26 Mha yr  -1 . The 
majority is due to burning in Africa (66%), followed Australia (13%), Asia (10%) 
and South America (5%). 

 On average, uncertainties in GFEDv2 global burned area estimates appear to be 
smaller (20-30%) than earlier estimates which had uncertainties over a factor of 2 
(Kasischke and Penner,  2004) . However, the differences in GFEDv2 burned area 
with other estimates can be large during some years and on local to regional scales. 
One of the shortcomings of these satellite-based estimates is their difficulty to 
detect small burned areas, particularly in deforestation regions with persistent cloud 
cover and mechanized clumping of fuels. In addition, the ability to globally validate 
these satellite-based estimates remains problematic due to the lack of validation 
data from ground-based measurements.  

  Fuel Loads 

 The available fuel load is defined here as organic matter available for combustion 
and includes all above-ground herbaceous biomass, above-ground woody biomass, 
coarse woody debris, and litter. Regional information on fuel loads are either 
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derived from inventory-based compilations of fuel load maps (e.g. ECE-FAO, IFFN 
reports) or from satellite observations of vegetation indices (e.g. Barbosa et al., 
 1999) . More recently, estimates on available fuel loads employ biogeochemical 
models that simulate the carbon fluxes across the different pools of the terrestrial 
biosphere (e.g. foliage, woody materials such as branches, stems, boles and roots, 
litter, active and passive soil), including carbon losses from fires, herbivores, and 
fuel wood collection. In most cases, these biogeochemical models employ added 
constraints from satellite-derived estimates of net primary production (e.g. from 
NDVI, normalized differential vegetation index) and leaf-area index (LAI), together 
with maps of soil moisture, temperature, precipitation, soil types, and vegetation 
types to realistically represent the spatio-temporal patterns and amount of biomass 
across different ecosystems. This approach integrates process-level information of 
large-scale vegetation dynamics with important drivers of fuel loads that will likely 
respond to global change processes. In GFEDv2, the biogeochemical model employed 
is the Carnegie-Ames-Stanford-Approach, CASA, (Potter et al.  1993)  with a spatial 
resolution of 1 o x1 o  and a temporal resolution of one month. The model uses the 
combination of satellite-derived estimates of fraction of incident photo synthetically 
active radiation (PAR) absorbed by the green plant canopy (fAPAR) from SeaWIFS 
(Behrenfield et al.  2001)  and satellite-based estimates of solar insolation for PAR 
(Bishop and Rossow,  1991)  to simulate net primary production (NPP). Please refer 
to van der Werf et al.  (2006)  for specific details on the allocation of NPP to different 
carbon pools. In GFEDv2, CASA was specifically modified to account for fire by 
the addition of satellite-based estimates of burned area (Giglio et al.  2006)  to adjust 
for the potential loss of above-ground biomass and litter due to fire. In cases of fire, 
a direct loss of carbon is initiated from above-ground carbon pools depending on 
fire mortality and combustion completeness (van der Werf et al.  2006) . 

 Other recent global studies using the biogeochemical approach, include Hoelzemann 
et al.  (2004)  who used the Lund-Postdam-Jena (LPJ) Dynamic Global Vegetation 
Model (DGVM), and Jain et al.  (2006)  who used the terrestrial component of the 
Integrated Science Assessment Model (ISAM). Regional-scale emission models 
have also been employed to refine estimates for specific regions of the globe that are 
highly susceptible to fires (e.g. Kasischke et al.,  2005  for the boreal region, Hély 
et al.,  2003  for Africa, Wiedinmyer et al.,  2006  for North America). 

 The average fuel load (in kg dry matter m -2 ), calculated from GFEDv2 for the 
year 2000 across regions of similar vegetation types, ranges from 1.3 ± 1 kg m -2  in 
non-forests, 18 ± 21 kg m -2  in tropical forests (mostly equatorial Asia), to 10 ± 8 kg m -2  
in extra tropical forests (including boreal). These estimates are comparable on aver-
age to field measurements (Guild et al.,  1998 ; Hobbs et al.,  1996 ; Kasischke and 
Bruhwiler,  2002 ; Shea et al.,  1996)  and appear to have uncertainties on a regional scale, 
of about a factor of 2. A large part of the uncertainty is attributed to poor representation 
of soil organic carbon and below-ground biomass, especially in boreal regions and 
peat lands. In GFEDv2, highest fuel loads are predicted over equatorial Asia and boreal 
regions, where soil organic carbon represented a large fraction of the fuel load. The fuel 
loads in boreal North America and boreal Asia were approximately 8 kg m -2 , while 
in savanna regions, the fuel loads were highest in southern hemisphere Africa 
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(3 kg m -2 ) where significant burning occurred in woodland areas and lowest in 
Australia (0.8 kg m -2 ), where much of the burning occurred in grasslands.  

  Combustion Completeness 

 Combustion completeness (CC) is defined here as the ratio of fuel consumed from 
fires to total available fuels. Measurements of combustion completeness vary across 
a wide range of vegetation types (Shea et al.,  1996 ; Hoffa et al., 1999, Carvalho 
et al., 2001). In general, they are associated with the types of fuel, fuel loads, and 
fuel configurations (including water content) but may also vary significantly depend-
ing on fire practices, fire severity and dynamics. The values range from 1 (complete 
combustion) for well-aired and dry litter (fine fuels) to about 0.2 for coarser fuels 
like stems and woody debris, which burn incompletely. Foliage and twigs in boreal 
regions, for example, have high CC while its living stems and boles have low CC. 
Studies have also shown that CC varies during the burning season, with a tendency 
to increase when fuels have more time to dry out (Shea et al.  1996) . 

 In GFEDv2, CC is allowed to vary in the biogeochemical model across the different 
carbon pools and from month to month. CC values range from 0.8-1.0 for leaves, 
0.2-0.3 for stems, 0.9-1.0 for fine leaf litter, 0.5-0.6 for coarse woody debris and 
0.9-1.0 for soil organic carbon. In addition, CC is increased in stems and coarse 
litter in areas with high levels of fire persistence. 

 Uncertainties in CC can be attributed (yet difficult to quantify) to the lack of direct 
observations on fire behaviour across different ecosystems and throughout the burning 
season. Also, differences in fire practices across difference regions may increase 
the uncertainty. For example, in tropical forests undergoing deforestation where 
mechanized clumping is prevalent, it is observed that CC tends to approach to 1.0 
over the course of the burning season as fuels are piled and ignited multiple times 
(van der Werf et al.,  2006) .  

  Fuel Consumption 

 The amount of biomass burned (fuel consumed) is a product of burned area, fuel load 
and combustion completeness. The release of carbon from biomass burning is then 
calculated by assuming a carbon content of 45% of the dry biomass (Andreae and 
Merlet, 2001). Thus, estimating the uncertainty in fuel consumption has a tendency 
to be multiplicative.   

  8.1.7 Mercury Emission Factors 

 Emission factor, EF(Hg), estimation for this work is based on two different meth-
odologies: one is centered on plume composition, measured at ground level or by 
aircraft; the second is based on the change in the mercury pool in soils before and 
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after a fire. Soil-based mercury is reported as g Hg released per area burned (ha or 
m 2 ); plume-based EF(Hg) have the units  m g Hg per kg fuel burned. The conversion 
between EFs requires fire-specific values for fuel burned per unit area, which in 
most cases are estimates. 

 Mercury in plumes is measured in ng Hg/ (std) m 3  and the corresponding carbon 
equivalent in the same volume is calculated from measured CO 

2
  + CO (or estimated 

as 9:1 (molar) from CO measurements), corrected by a factor of 1.05 to account 
for carbon in trace components CH 

4
 , particulates, non-methane organic compounds 

(NMOC). For the conversion of carbon to dry mass fuel, an average factor of 0.45 
for carbon in fuel is assumed (consistently with the carbon model described above). 
All emitted mercury species (pHg, GEM, and RGM) must be included in the analysis. 
Mercury emission factors determined from plume observations are generally under-
estimates because some pHg is lost by deposition before it can be sampled. In nascent 
plumes, pHg is a significant fraction of the mercury emitted, up to 40% (Friedli et al., 
 2003a , Friedli et al.,  2003b , Obrist et al.,  2007) . Measurements made far from a fire 
event may additionally miss the mercury lost by conversion to and deposition as pHg 
along the plume track. For these two reasons, most plume studies are underestimates. 

 A convenient method to assess mercury in fire plumes is to measure the enhance-
ment ratio (ER) which is defined as  D [Hg]/ D [CO],  D  where  D [Hg] is the sum of all 
species in excess of background concentration and  D [CO] is the difference between 
CO concentration in the plume and the background. For this work we have assumed 
that the ratio between EF (µg/kg fuel) and ER (molar) is constant for all fires and 
related by a factor of 1425, derived from the most robust aircraft data available 
(Friedli et al.  2003b : 113 ± 59 µg/kg fuel burned and its corresponding ER of 0.793 
× 10 -7  ( D  [Hg]/ D [CO]). To convert ER into emission estimates, a corresponding 
CO source term is required. Table  8.1  lists ER from ground and aircraft-based 
measurements for different regions.  

 The average of all measurements in Table  8.1  is 1.54 × 10 -7  (mol/mol) corresponding 
to EF(Hg) of 220 µg Hg/kg fuel based on Friedli et al.  (2003b) , from which both 
ER ( D [Hg]/ D [CO] and EF(Hg) are available. 

 The advantage of the plume method is its integrative nature, averaging variation 
in fire dynamics and fuel composition, and giving a relatively broad spatial coverage. 
The disadvantage is the requirement for an instrumented aircraft on standby. 

  Table 8.1    Published molar enhancement ratios (ER) observed from fire plumes worldwide    

 Location  ER (Δ[Hg]/Δ[CO])  Reference 

 Washington State (ac)  (0.79 ± 0.04) × 10 -7   Friedli et al.  (2003b)  
 Pacific NW (ground)  (1.46 ± 0.9) × 10 -7   Weiss-Penzias et al.  (2007)  
 Alaska (ground)  (1.57 ± 0.67) × 10 -7   Weiss-Penzias et al.  (2007)  
 Quebec (ac)  2.04 × 10 -7   Friedli et al.  (2003a)  
 Quebec (ground)  0.86 × 10 -7   Sigler et al.  (2003)  
 South Africa (ground)  (2.1 ± 0.21) × 10 -7   Brunke et al.  (2001)  
 South America (ac)  (1.17 ± 0.15) × 10 -7   Ebinghaus et al.  (2007)  
 South America (ac)  (2.39 ± 0.99) × 10 -7   Ebinghaus et al.  (2007)  

 where ac = aircraft measurements and ground = ground measurements 
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 The soil-based method applies to biomes where mercury resides predominantly 
in the organic soil, i.e. boreal and temperate forests. It is based on the difference 
in the mercury pools in organic soil in adjacent plots before and after a fire 

  Table 8.2    Emission factors (EF in  m g/kg fuel) used in the emission calculations    

 Reference Method  EF Range  EF Mean  Notes 2   Fuel Burned 3  

  Boreal Forest  
 Harden et al.  (2004)   S  0 - 138  69  Alaska, Conif. 

Forest, (PB) 
 2.5 

 Friedli et al.  (2003a)   P  112 - 112  112  Quebec, Pine 
Forest, (W) 

 2.5 

 Sigler et al.  (2003)   P  60 - 60  60  Quebec, Pine 
Forest, (W) 

 2.4 

 Cinnirella & 
Pirrone  (2006)  

 P  62 - 112  87  Siberia, (W)  5.6 

 Weiss-Penzias 
et al.  (2007)     P 

 136 - 278  207  Alaska, (W)  2.5 

 Turetsky et al.  (2006)   S  90 - 297  193  Alaska, Upland, (W)  2.5 
 Turetsky et al.  (2006)   S  535 - 2417  1476  Alaska, Lowland, (W)  2.9 
  Mean   142 - 488  315 
  Temperate Forest  
 Friedli et al.  (2003b)   P  54 - 172  113  Washington, Mixed 

Forest, (W) 
 2.5 

 Brunke et al.  (2001)   P  78.7 - 163.4  121  South Africa, 
Fynbos, (W) 

 2.5 

 Engle et al.  (2006)   S  80 - 204  142  California, Conif. 
Forest, (PB) 

 2.5 

 Engle et al.  (2006)   S  88 - 196  142  Nevada, Coniferous 
Forest, (W) 

 2.5 

 Biswas et al. 
 (2006,   2008)  

 S  168 - 348  256  Washington, Mixed 
Forest, (R) 

 2.5 

 Biswas et al.  (2007)   S  296 - 1012  654  Wyoming, Coniferous 
Forest, (W) 

 2.5 

 Biswas et al.  (2007)   S  144 - 516  402  Wyoming, Aspen 
Forest, (W) 

 2.5 

 Woodruff et al.  (2001)   S  80 - 80  80  Minnesota, (PB)  2.5 
  Mean    124 - 336    239  
  Sage-Chaparral (Shrublands)  
 Engle et al.  (2006)   S  18.7 - 39.9  29.3  Nevada, Sage, W  1.84 
 Cinnirella & 

Pirrone  (2006)  
 P  52.8 - 52.8  52.8  Mediterranean, W  1.25 

  Mean    35.8 - 46.4    41.1  
  Grasslands and Ag. Waste  
 Obrist et al.  (2007)   L  7.8-9.8  8.8  Rice straw 
 Friedli et al.  (2008)   L  3-9  6  South African savanna 
 Friedli et al.  (2003)   S  38  38  Oregon, Wheat  3.06 
  Mean   3-38  18 

   1 Type of method used, soil (S), plume (P), or laboratory (L)
  2 Type of fire, wildfire (W), prescribed burn (PB), Rex fire (R) 
 3 in kg fuel m -2  burned; used for EF(Hg) calculation. When nothing else was available, 2.5  kg  fuel 
 m  -2  burned was assumed (based on Amiro et al. 2001). All others are from respective references.  
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(Harden et al.,  2004 ; Biswas et al.,  2007,   2008 ; Engle et al.,  2006 ; Turetsky et al., 
 2006) . In temperate or boreal forests, mercury resides >90% in the organic soil. 
Since the above ground mercury fraction is only <10% of the total Hg pool, it was 
neglected in the references given for boreal or temperate northern forests. Release 
of Hg from the underlying mineral layer is also negligible (Engle et al.,  2006) . The 
advantage of the soil-based method is that it requires only total mercury measure-
ments in the organic soil. The disadvantage is poor statistics because of large short- 
and long-range spatial variability and inconsistent response to fire dynamics. 

 One direct comparison of the two EF(Hg) estimation techniques has been accom-
plished. Measurements in the fire plume from the Rex fire in Washington State were 
made from an aircraft during the burn (Friedli et al.,  2003b)  and soil measurements 
were made post-fire in adjacent burned and unburned sites (Biswas et al.,  2006, 
  2008) . As expected, the soil-based release estimate was higher, 6.4 ± 1.1 g Hg ha -1  
as compared to 2.9 ± 2.2 g Hg ha -1  from the aircraft measurements. The available 
references for both methods are combined in Table  8.2  and arranged by ranges 
and means for different landscapes. The means are unweighted averages of all 
measurements in each vegetation type. The uncertainties in the reported values 
results from many contributions, including the influence of burn severity, inclusion 
of measurements of all mercury species, paucity of measurement for all fuel types 
(especially for grasses, shrubs and agricultural waste products) and uncertainties in 
the emission factor estimation technique.  

 The amount of fuel burned during a fire is highly variable among different  ecosystems, 
and even within the same vegetation types (Amiro et al.,  2001 , French et al.,  2004) . Yet, 
a value for fuel burned is needed to determine emission factors. The means from Table 
 8.2  were applied to the three land classifications used in the carbon emission model, i.e. 
to tropical forests, extra tropical forests and non-forested land, and applied as indicated 
in Table  8.3  to the regions selected for the carbon emission model.    

  8.2 Results and Discussion  

  8.2.1 Global Distribution of Carbon Emissions 

 The average monthly spatial distribution of carbon emissions from GFEDv2 are 
shown in Figure   8.2   These represent the model-predicted mean seasonality of carbon 
released from large-scale biomass burning during the most recent decade (1997-2006). 
As has been noted in previous studies, the biomass burning activity across the globe 
varies, depending on vegetation types and climate conditions, as well as fire cultural 
patterns, which correlate well with agricultural practices and land use, particularly 
in Africa, South America and Asia (e.g. Duncan et al.,  2003) . Globally, biomass 
burning occurs at all times of the year, with a distinct peak in July-September and 
a lower peak in December-February. A large fraction of this peak is due to fires in 
Africa during the dry season. In Northern Hemisphere Africa, burning occurs in 
winter dry season within the savanna ecosystems (e.g. Sahara desert and central 



  Table 8.3    Emission factors used in this report (in  µg Hg/kg  fuel)    

 Region  Extratropical  Non-Forest  Tropical 

 BONA  315  41 
 TENA  242  41 
 CEAM  242  41  198 
 NHSA  242  41  198 
 SHSA  242  41  198 
 EURO  242 
 MIDE  41 
 NHAF  242  41  198 
 SHAF  242  41  198 
 BOAS  315  41 
 CEAS  242  41  198 
 SEAS  242  41 
 EQAS  41  315 
 AUST  242  41  198 

 Please refer to Figure   8.4   for definition of regions. 

  Figure 8.2    Average monthly carbon emissions for the period 1997-2006       
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African rain forests). It begins in the Sahel in October and spreads south through 
November with highest burning activity in December and January.  

 On the other hand, fires in the Southern Hemisphere Africa typically start in 
the woodlands of Zaire and Congo by early June and continue to peak across the 
southeast in the grasslands and shrub lands of Angola, Zambia and Tanzania during 
August through September and Mozambique in October. A similar fire pattern 
occurs in South America, mostly in the cerrados of Brazil and along the arc of fire 
(or deforestation) in the Amazon rainforest, generally in August through September. 

 Fires in tropical Asia (Indonesia, Malaysia and the rest of Southeast Asia) are 
highly variable and are usually associated with very dry conditions, like El Niño 
events, enabling land-owners to use fire more efficiently as a tool for land-clearing in 
the region. Because of the large peat deposits in Indonesia that are exposed during 
land-clearing, the carbon emissions in equatorial Asia is significantly high during El 
Niño years (e.g. 1997-1998). Burning typically occurs in March-April over Southeast 
Asia and in August-October in equatorial Asia. 

 Fires in Central America peak during April to June mainly due to deforestation 
and agriculture, while much of the bush fires in Australia occur in the shrub lands 
in northern Australia and to some degree in southeast Australia during September 
through December. 

 In the Northern Hemisphere temperate and boreal regions, a large fraction of 
fires are caused by lightning. Boreal forest fires generally take place in May to 
September when temperatures and lightning frequencies are high. Fires in boreal 
Asia typically start in May around Mongolia and spread north in Siberia during 
summer. Like equatorial Asia, fires in the boreal regions are also affected by droughts 
and very dry conditions. For example, fires in Alaska, Canada and Siberia were 
especially high in 1997-1998 and 2004 (e.g. Kasischke and Bruhwiler,  2002) . 
Consequently, releases of carbon are significantly high during these years also due 
to characteristically higher fuel loads (e.g. soil organic carbon) in these regions. 
Burning in western Russia and Europe is mostly associated with agriculture and 
generally occurs during spring through fall, while burning in the continental U.S. is 
associated primarily with forest wild fires and prescribed burning generally occurring 
from June to September. Carbon release from biomass burning in the continental 
U.S. is small relative to emissions from boreal forests in Alaska and Canada.  

  8.2.2 Global Distribution of Mercury Emissions 

 We present in Figure   8.3   and Table  8.4  the associated mercury emissions as 
calculated in this work using carbon emissions as basis for biomass burning 
activity (Section 2.6) and applying emission factors that we have compiled for the 
globe (Section 2.7). Similar to Figure   8.2  , the distribution represents the mean 
seasonality for the period 1997-2006.   

 Overall, we find a strong correlation of mercury emissions with carbon emissions 
from biomass burning shown in Figure   8.2  , which as can be expected, highlights 



  Table 8.4    Mean seasonality of global mercury and carbon emissions (1997-2006)    

 Hg ( Mg)   Carbon  (Tg)   Burned Area ( Mha)   Effective EF(  m g Hg / kg fuel ) 

 Jan  41  241  46  77 
 Feb  44  166  23  120 
 Mar  66  162  15  184 
 Apr  43  108  11  177 
 May  51  143  15  160 
 Jun  38  149  16  116 
 Jul  57  228  24  112 
 Aug  109  365  34  134 
 Sep  105  323  35  147 
 Oct  70  196  26  161 
 Nov  24  125  31  86 
 Dec  26  215  55  56 

  Figure 8.3    Average monthly mercury emissions for the period 1997-2006       
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the general influence of the spatio-temporal variability of global fire patterns to the 
release in mercury from vegetation. In this work, the emission of mercury is a function 
of burned area, fuel load, combustion completeness and emission factor, each of 
which has its associated uncertainties. 

 A key finding of this exercise is the significant impact of fires in the boreal 
region and in the tropical forests of Asia and South America, to the distribution of 
mercury emissions across the globe. While we find that the majority of carbon 
emissions can be attributed to fires in African savannas, our results for mercury 
emissions show major contributions from equatorial Asia, boreal Asia and Southern 
Hemisphere South America. The model also predicts a slightly different seasonal 
peak in mercury emissions, which are strongest in August and March compared to 
carbon emissions that are strongest in August and December. This is mainly due to 
the strong influence of high emission factors for these forested regions and low 
emission factors for fires in the savannas. In general, the fuel load and combustion 
completeness (CC) are inversely related, with lower CC in areas with high fuel 
loads (Section 2.5); hence having a compensating effect to emission estimates. 
As a consequence, this effect highlights the sensitivity of the emissions to estimates 
of burned area and assumed emission factors. Furthermore, this result indicates that 
while uncertainties on estimates of carbon emissions from fires in savanna (as well 
as burning from agricultural waste) play an important role, they are less significant 
with regards to mercury. 

 In addition, we note that the major sources of mercury from fires occur in 
regions where transport plays an important role in the distribution of atmospheric 
mercury across the globe. In particular, mercury released from fires in equatorial 
Asia and tropical South America can be transported to higher altitudes due to strong 
convection in these regions and can then be dispersed efficiently over a larger area. 
In a similar manner, mercury released in boreal regions can be injected at relatively 
higher altitudes, thereby largely influencing the distribution of mercury in the Northern 
Hemisphere middle to high latitudes.  

  8.2.3 Regional Estimates of Carbon and Mercury Emissions 

 We report in this section our estimates of carbon and mercury emissions from 
biomass burning for different regions. Here, we used the regional divisions from the 
carbon emission model (please refer to Figure   8.4  ) in generating a regional budget 
for annual sources of carbon and mercury as shown in Figure   8.5   with corresponding 
values in Table  8.5 . This annual budget is an average for 1997-2006.    

 We estimate a global source of mercury from biomass burning of about 675 ± 240 
Mg yr -1 . As noted earlier, there is a distinct shift in regional contributions of mercury 
emissions to the global budget relative to regional contributions of carbon emissions. 
On a process level, we find a clear correlation of burned area with carbon emissions 
(r=0.55) but not with mercury emissions, again indicating the dependency of mercury 
emissions on variability in EF(Hg)’s. 
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  Figure 8.4    Map of regions used in GFEDv2 (from van der Werf et al.  2006)        

  Figure 8.5    Average annual emissions of mercury and carbon (for 1997-2006)       

 The major sources of mercury come from equatorial Asia or EQAS (28%), 
boreal Asia or BOAS (15%) and southern hemisphere South America or SHSA 
(14%), and only in part from northern hemisphere Africa or NHAF (12%), southern 
hemisphere Africa or SHAF (9%), southeast Asia or SEAS (8%), central America 
or CEAM (4%) and Australia or AUST (3%). Temperate North America or TENA 
(1%), boreal North America or BONA (3%), and central Asia or CEAS, northern 
hemisphere South America or NHSA, Europe or EURO and Middle East (MIDE) 
combined (2%) contribute little to the global budget. 

 This result has important policy implications with regards to assessing and 
regulating the impact of mercury to ecosystems and human health. We note however 
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that there is a significant variability (as shown from the error bars) throughout the 
10-year period, particularly for EQAS. We further discuss the inter-annual variability 
and comparisons with other regional estimates in the succeeding sections.  

  8.2.4 Inter-annual Variability of Mercury Emissions 

 Shown in Figure   8.6   are annual emissions for different regions during the 10-year 
period chosen in this report. As can be seen, there is a large inter-annual variability 
of mercury emissions across different regions, particularly in EQAS, SHSA, BOAS, 
BONA and CEAM. There were large amounts of mercury released during the strong 
El Niño year of 1997-1998 and during drought conditions in 2003-2004. The bulk of 
this inter-annual variability occurred in Indonesia where peat deposits were available 
as fuel loads, as well as in boreal region and in deforestation regions of tropical 
America. On the other hand, there is a more or less uniform contribution of mercury 
emissions to the global budget from Africa for the 10-year period. The difference 
in inter-annual variability is also reflected in the mean estimates discussed in the 
previous section and is consistent with previous studies on biomass burning (e.g. 
Duncan et al.,  2003 ; van der Werf et al.,  2006) . Indeed, there is a clear indication of 
a strong relationship between biomass burning, precipitation and temperature in 
conjunction with fire practices in different regions.  

  Table 8.5    Regional emission estimates for mercury and carbon (1997-2006)    

 Hg  (Mg yr   -1   )   Carbon ( Tg yr   -1   )  
 Burned Area 
 (Mha yr   -1   )  

 Effective EF
(  m g Hg/kg fuel)  

 Regions  Mean  SD  Mean  SD  Mean  SD  Mean 

 BONA  22  16  42  30  2  1  233 
 TENA  6  3  16  6  2  0  178 
 CEAM  22  25  56  61  3  2  175 
 NHSA  13  10  38  25  4  1  157 
 SHSA  95  39  294  97  12  2  145 
 EURO  2  1  14  5  2  1  72 
 MIDE  0  0  1  0  0  0  17 
 NHAF  83  13  618  74  141  13  60 
 SHAF  58  7  571  68  78  9  46 
 BOAS  99  83  170  124  9  5  263 
 CEAS  7  2  47  12  17  5  67 
 SEAS  57  35  144  84  12  5  177 
 EQAS  192  216  276  312  4  4  312 
 AUST  19  9  133  35  46  18  65 
  Global   675  240  2420  382  332  26  279 
 Boreal (BONA+BOAS)  121  85  212  128  11  5  248 
 Temperate 

(TENA+EURO+MIDE) 
 9  3  30  7  4  1  89 

 Rest of the World  545  224  2178  360  316  26  134 

 # SD for standard deviation 
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 On a regional scale, the interannual variability is significantly larger. This impact 
can be seen for example from fires in boreal North America, where large amounts 
of mercury were released during the extreme fire seasons of 1997-1998 and 
2003-2004, relative to non-major fire years such as during 2000 (Turetsky et al., 
 2006) . This is consistent with observations of other trace gases like CO, where it 
was observed that fires in Alaska contributed to poorer air quality in continental 
U.S (e.g. Pfister et al., 2004).  

  8.2.5 Global Hg Emissions using Global CO Emission Estimates 

 An alternative approach to estimating mercury emissions from biomass burning is 
to use data-constrained biomass burning inventories for trace gases. CO is highly 
correlated with mercury in smoke plumes from biomass burning (e.g. Friedli et al., 
 2003b) . Inventories of CO from biomass burning have been compiled based on carbon 
emission models and observed emission factors (bottom-up approach). More recently, 
the availability of CO ground-based, airborne, and remotely-sensed measurements 
provided stronger constraints for CO sources (top-down approach), particularly CO 
from biomass burning which exhibits a large spatio-temporal variability. 

 Using a global average emission factor for mercury, as described in section 2.7, 
we show in Table  8.6  our global estimates of mercury emissions based on various 

  Figure 8.6    Annual mercury emissions for 1997-2006 (see map for region description)       
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CO inventories. We note here that some of the inventories are based on carbon 
emission models, but are constrained and updated by other independent datasets to 
better match atmospheric CO concentrations. Even so, these inventories have 
associated uncertainties, such as representation of CO transport in global chemical 
transport models, which need to be accounted for. Estimates for global mercury 
emissions range from (708 to 1346 Mg Hg yr -1 ), which are higher than the 675±240 
Mg yr -1  estimates derived from the GFEDv2 model and the selected EF(Hg), 
confirming uncertainty and variability in the emissions. While this approach considers 
a global emission factor for mercury along with a global CO emission estimate (and 
oversimplifies the spatio-temporal heterogeneity), this serves as independent 
general assessment of global mercury emission estimates and its uncertainties.  

  8.2.6 Comparison with Other Regional Emission Estimates 

 The essence of this work is the application of a globally consistent model to build 
up fuel pools and to estimate the carbon release resulting from combustion, to 
follow the process by remote sensing techniques and combine the carbon emissions 
with mercury emission factors, EF(Hg), to estimate global mercury emissions. Our 
model approach has limitation in fire detection and carbon emission uncertainties 
and does not always reflect regional fire practices, e.g. differences between wildfire and 
slash and burn fires. At this stage of sophistication, it would be unreasonable to 
expect full agreement with regionally collected estimates. However, global estimates 
appear to be reasonable as indicated by the fact that carbon and CO based approaches 
give similar results. In the following paragraph we compare results from the GFEDv2 
model and literature values for the same regions. Shown on Table  8.7  are the key 
parameters used in our estimates and those from the literature.  

  Table 8.6    Global Hg emissions based on global CO emission estimates    

 CO a  (Tg yr   -1   )   Hg b  (Mg yr   -1   )  

  Bottom-up Approach  
 Andreae and Merlet, 2001  465  1023 
 Brunke et al. 2001  612  1346 
 Duncan et al. 2003  437  961 
 Ito and Penner, 2004  264-421  581-926 
 Hoelzemann et al.  2004   202-571  444-1256 
 Jain et al.  2006   438-568  964-1250 
 van der Werf et al.  2006   433  953 
  Top-down Approach  
 Bergamaschi et al. 2000  722  1588 
 Petron et al. 2004 c   322  708 
 Arellano et al. 2006 c   501-563  1002-1239 
 Muller and Stavrakou, 2005 c   359  790 

   aclimatological estimate 
 busing an average EF of 220 µg Hg/kg fuel (see Table  8.1 ) 
 cuses CO coentration (or burned area) data for the year 2000  
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  Table 8.7    Comparison of estimates of carbon (C) and mercury (Hg) emissions with literature    

 Regions 
 Hg 
 (Mg yr   -1)   

 C
( Tg yr   -1   )

 Burned Area 
 (Mha yr   -1)   

 Fuel Burned 
 (kg m-2) dm 
(normal)      

 Effective EF 
  m g Hg kg   -1    dm 
(normal)  

  Mediterranean   1   
 This work  2.30  9.9  1.87  1.2  104 
 Cinnirella et al.  (2008)   4.3  17.3  0.3  12.4  112 
  Russia   2   
 This work  100 ± 83  177 ± 124  11 ± 4.9  3.54  254 
 Conard & Davidenko 

 (1996)  
 (63)  82.1  7.3  2.5  345 

 Lavoué et al.  (2000)   13.4-31.0  40.5  3.6  2.5  124-345 
 Cinnirella & Pirrone 

 (2006)  *  
 13.3 ± 10.5  52.92  2.1 ± 1.7  5.6  112 

 Cinnirella & Pirrone 
 (2006)  #  

 16.1 ± 7.3  115.83  3.9 ± 1.8  6.6  112 

  China   3   
 This work  2.22 ± 0.58  7.8 ± 1.5  1.9 ± 0.5  0.93  127 
 Streets et al.  (2005)   10.9  82.1  60 
  USA   4   
 This work  7.2 ± 2.2  26 ± 11  2.33 ± 0.7  2.5  123 
 Wiedinmyer & Friedli 

 (2007)  
 20.3 (43)  40.1  3.7  2.4  228 

  Amazon   5   

 This work  108  5.4  145-157 
 Michelazzo et al.  (2008)   8.7-90  10.6  50/61 

   1 for year 2006, with regions as described by Cinnirella et al.  (2008)  
 2 average for 1997-2006, with regions as described by Cinnirella and Pirrone,  (2006)  
 3 average across 1997-2006, with regions as described by Streets et al.  (2003)  
 4 average across 2002-2006, with regions as described by Wiedinmyer and Friedli  (2007)  
 5 average across 1997-2006, with SHSA region as defined in Figure   8.4   
 #from ground-based data for 1996-2001 
 *from remote-sensing data for 1996-2002  

  Mediterranean:  The estimate from Cinnirella et al.  (2008)  for mercury release 
from the Mediterranean region is 4.3 Mg for the year 2006. This is about 80% 
higher than our estimate of 2.3 Mg for the same period. The difference is propor-
tional to the ratio of in carbon emissions from the two estimates. The carbon 
emission value of Cinnirella et al.  (2008)  is the result of very low burn areas and high 
values for fuel burned m -2  which yield compensated values for carbon emissions. 
Here is a case where burn areas and fuel burned vary by factors 6-10, while the 
mercury emissions are within a factor of <2 because the EF(Hg) used are closely 
similar, 112 versus 104.    

  Russian Federation:  Here the comparison is complicated because burned area 
(Mha yr -1 ), fuel burned (kg m -2 ) vary significantly, and different EF(Hg) have been 
used. The value given in parenthesis for Conard and Davidenko  (1996) , 63 Mg, is a 
calculated value based on the boreal forest EF(Hg) of 345  m g Hg/kg (dm). Recently, 
Sukhinin et al.  (2004)  reported a burned area estimate, similar to Conard and 
Davidenko  (1996)  for the period 1995-1997. They indicated that their estimate is 
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still conservative given the shortcomings of a satellite-based approach to observe 
burned scars. Yet, their estimate is a factor of 2-5 higher than the reports from the Russia 
Federal Forest Service (RFFS), which Sukhinin et al.  (2004)  suggested to be an 
underestimate due to limited regions monitored by RFFS (i.e. there are uncontrolled 
and undocumented fires in unprotected zones). These regions have been decreasing 
in recent years due to fire suppression. As mentioned in the previous section, the 
GFEDv2 burned area is higher than Sukhinin et al.  (2004) . It is however, significantly 
lower relative to ground-based and satellite-based estimates by Cinnirella and 
Pirrone  (2006)  and climatological estimate by Lavoué et al.  (2000) . We note that 
the period of the data comparison is slightly different, and may in part, account for 
the discrepancies. The rest of the difference can be attributed to differences in 
fuel burned and EF(Hg)’s, which in some cases, have compensating effects to 
the estimates in Hg emissions. 

  China : There is a discrepancy between our and the Streets and al.  (2003,   2005)  
assessments because of a 10 fold difference in burn areas for forest and grassland 
fires as well as burning of crop residues and agricultural wastes. Here is a case 
where methodology limitations may play the decisive role: the GFEDv2 model may 
underestimate significantly the extensive and frequent crop residue fires. However, 
the burn areas for forest and grassland fires by themselves are also in doubt. Yan 
et al.  (2006)  claimed that Streets et al. overestimated burn areas taken from 1950-1992 
by a factor of 10. They reported that the burned area in recent decades had decreased 
dramatically relative to the averaging period (1950-1992) used by Streets et al 
 (2003)  (as much as a factor 10) due in part to fire suppression. We note that the bulk 
of the estimate in carbon as well as in mercury in China is attributed to crop residue 
burning rather than forest and grassland fires. This highlights the importance of 
applying appropriate EFs and points out the limitation of GFEDv2 (and other 
satellite-derived estimates) to detect small-scale biomass burning. 

  USA : In this case, the inputs for the two studies, GFEDv2 and that used by 
Wiedinmyer and Friedli  (2007) , i.e. burn area, fuel burned, are in reasonable agreement 
and lead to correspondingly reasonable agreements in carbon emissions. Discounting 
the difference in EF(Hg) used in the two calculations, there is still a factor of two 
difference in mercury emission, which must be attributed to the model assumption 
differences, not yet understood. The average mercury emission calculated by the 
two models are 20.3 and 43 (range 20-65) Mg Hg yr -1 , much larger than the 7.2 ± 2.2 
Mg Hg yr -1  calculated with GFEDv2 model. 

  Amazon : This is an example where the application of GFEDv2 may be of limited 
use because of poor fire detection and burn area assessment for small-scale fires, 
smoke obscuration and incorrect assumptions about fuel consumption. In the slash 
and burn operations as practiced in the Amazon the amount of fuel burned is much 
higher, e.g. 10.6 kg m -2  as reported by Michelazzo et al.  (2008) , compared to 5.4 kg 
m -2  mean fuel consumption assumed in the GFEDv2 model for SHSA. The experimental 
EF(Hg)’s are 61.0 and 50.4  m g Hg kg -1  for 2005 and 2004, compared to the 1997-2006 
averages of 145-157  m g Hg kg -1  estimated for the GFEDv2 model. Earlier estimates 
for SA slash and burn mercury emissions range from 8.7 to 90 Mg Hg yr -1 , 
compared to our estimate of 108 Mg Hg yr -1  for all of NHSA and SHSA.   
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  8.3 Future Work  

 The highest priority for additional research is the reduction of uncertainties, both in 
carbon emissions and EF(Hg). In the carbon emission model all uncertainty sources, 
i.e. fire detection and burn area measurement, inclusion of all affected fuels in all 
biomes, and combustion completion for all fuels are to be addressed. A specific 
concern is for regions that are inadequately described in terms of vegetation speciation 
and fire behaviour, or exhibit unusually large uncertainties. A new opportunity is the 
inclusion of the fire dynamics data becoming available from satellite measurements 
(Roberts and Wooster,  2007) . Validation with ground based statistics needs to 
continue, and the advances in remote sensing promise further progress and insights. 
Emission models are indispensable for unbiased global comparisons, although local 
areas may not always be correctly represented in a global model. 

 The EF(Hg) are more poorly defined than carbon emission uncertainties. 
Refinement in measuring techniques, conceptual understanding, and above all, 
more regional measurements are needed. Most available data is from Europe and 
North America, both minor contributors to global mercury emissions from biomass 
burning. EF(Hg) from the large carbon emitters, NHAF, SHAF, EQAS, SHAM 
and BOAS, are very sparse or non-existing. New data should include ground and/or 
plume measurements using ER or EF determinations. One area poorly understood 
is the effect of fire dynamics on mercury release in different biomes: e.g. mercury 
speciation in plumes burning in different biomes under flaming and smouldering 
conditions. A comprehensive biogeochemical model for mercury in forested areas 
would provide an understanding of the source/sink balance and thus mercury 
accumulation or loss in an ecosystem. Such models could then be coupled with 
carbon emission models and become components of an earth system model. It would 
also be useful to project climate change impacts. The interaction of fire with fuels 
and the consequences for mercury release must be better understood. This is 
particularly true because the mercury and carbon distribution is dramatically different 
among ecosystems. One of major unknowns is the emission expectations for forests 
with and without large carbon and mercury reservoirs. For Mediterranean vegetation, 
savannas, grass lands and agricultural waste, the assessment of above ground fuels 
by remote or ground-based measurements likely is sufficient to includes all fuel 
involved in mercury emission. By contrast, in temperate and boreal forests, most 
mercury is contained in organic soils, which dominate the mercury emissions to 
variable degrees, depending on fire severity. The role of the top few cm of soil in 
different landscapes is of paramount importance to mercury emission behaviour. 
Other possible options to obtain EF(Hg) result from the strong research interest and 
available data on particulate emissions from biomass burning: i.e. PM2.5, total 
carbon, organic carbon, total particulate matter, which, combined with mercury 
assays of the particulates, can yield independent EF(Hg). The fate and transport of 
emitted mercury is difficult to define because of the regionally different injection 
heights which lead to unique plume trajectories and associated chemistries and 
deposition. Some case studies for effluents from the major burn regions, e.g. Africa, 
Southeast Asia or Siberia, would be useful.  
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  8.4 Policy Implications  

 Mercury in vegetation and organic soils originates largely from the deposition from 
the global atmospheric pool and thus must be of global concern. The release of 
mercury from biomass burning is partially under direct human control. Limiting 
the burning of tropical and boreal forests (EQAS, SHSA, BOAS) would have two 
beneficial effects: reducing the source of mercury releases to the atmosphere from 
burning, and maintaining a sink for atmospheric mercury in the vegetation and 
organic soil. Restricting the global release of anthropogenic mercury over time 
would reduce the atmospheric and vegetation/soil pools and thus the release potential 
in case of fires. Warming as a result of climate change will be felt particularly in 
boreal forests (Randerson et al., 2006), which harbour huge carbon and mercury 
pools, and may experience more frequent, larger and more severe wildfires.      
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  Summary   This chapter presents a review of atmospheric mercury measurements 
(as total and as speciated mercury) conducted at terrestrial sites during the last 
decade. A large number of activities have been carried out in different regions 
of the world aiming to assess the level of mercury in ambient air and precipita-
tion, and its variation over time and with changing meteorological conditions. 
Recent studies have highlighted that in fast developing countries (i.e., China, 
India) mercury emissions are increasing in a dramatic fashion due primarily to a 
sharp increase in energy production from the combustion of coal (Chapter 2 by
Street et al.; Chapter 3 by Feng et al. in this report). The large increase in mercury 
emissions in China over the last decade are not currently reflected in the long-
term measurement of total gaseous mercury at Mace Head, Ireland between 1996 
to 2006, nor in the precipitation data of the North American Mercury Deposition 
Network (MDN). There are documented recent increases in the oxidation potential 
of the atmosphere which might account, at least in part, for the discrepancy between 
observed gaseous mercury concentrations (steady or decreasing) and global mer-
cury emission inventories (increasing). This chapter provides a detailed overview 
of atmospheric measurements performed at industrial, remote and rural sites dur-
ing the last decade with reference to the monitoring techniques and location of 
monitoring sites in most of the continents.    

  9.1 Introduction  

 This chapter provides up to date information of currently available data of mercury 
concentrations (as total and as speciated mercury) observed at terrestrial sites. 
As elemental mercury is a semi-volatile contaminant it continuously cycles 
between the atmosphere, ocean and soil. The biogeochemical cycling can be 
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affected by natural and anthropogenic variables and forcing. Mercury is emitted 
into the atmosphere from a variety of anthropogenic (e.g. power generation facilities, 
smelters, cement production, waste incineration and many others) (Pirrone et al., 
 1996 ; Pirrone et al.  1998 ; Pirrone et al.,  2001)  and natural sources (e.g., volcanoes, 
crustal degassing, oceans) in different chemical and physical forms (Pacyna et al., 
 2001 ; Carpi,  1997) . Its cycling between different environmental compartments 
depends on the rate of different chemical and physical mechanisms (i.e., dry 
deposition, wet scavenging) and meteorological conditions which affect its fate 
in the global environment. Both source categories, i.e. anthropogenic and natural, 
contribute to the global atmospheric pool. It has been suggested that due to inten-
sified anthropogenic release of mercury into the atmosphere since the beginning 
of industrialization this global pool has increased in the past 150 years. Evidence 
of long-term changes in the atmospheric mercury burden can be derived from 
chemical analysis of lake sediments, ice cores and peat deposits (Engstrom and 
Swain,  1997 ; Bindler et al.,  2001 ; Biester et al.,  2002 ; Lamborg et al.,  2002) . 
A growing number of these records from both hemispheres demonstrate about a 
threefold increase of mercury deposition since pre-industrial times (Lindberg et al., 
2007 and references therein). 

 In principle, an increase in the global atmospheric pool should also be 
reflected in the background concentration. Since first reliable measurement data 
were published about 3 decades ago it is extremely difficult to derive a multidec-
adal global trend estimate based on these spatially and temporally inchoate air 
concentration data sets. For example, Asian mercury emissions are suggested to 
be rapidly increasing at least in the past decade however, this is neither reflected 
in the long-term measurement of TGM at Mace Head, Ireland covering the 
period between 1996 to 2006, nor in the precipitation data of the North American 
Mercury Deposition Network (MDN) (Lindberg et al., 2007 and reference 
therein). 

 In 1995, Fitzgerald argued for and defined the basic requirements of an 
Atmospheric Mercury Network (AMNET). This has partly been accomplished on 
a regional scale within the Canadian Atmospheric Mercury Network (CAMNet) 
that may be considered as seminal in this respect. Nevertheless, although atmos-
pheric Hg monitoring stations have increased, the database is sparse, especially in 
remote locations. Fully aware of these constraints, Slemr et al.  (2003)  attempted to 
reconstruct the worldwide trend of atmospheric Hg (TGM) concentrations from 
long-term measurements of known documented quality at 6 sites in the Northern 
Hemisphere, 2 sites in the Southern Hemisphere, and multiple ship cruises over the 
Atlantic Ocean made since 1977. The authors interpreted this information to sug-
gest that the TGM concentrations in the global atmosphere had been increasing 
since the first measurements in 1977 to a maximum in the late 1980s, after which 
Hg concentrations decreased to a minimum in 1996 and then remained constant at 
a level of about 1.7 ng m -3  in the Northern Hemisphere. It was also hypothesized 
that the observed temporal profile was primarily the result of the trends in global 
Hg use, supply, and emissions. 
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 Lindberg et al.  (2007)  have pointed out a number of reasons to support the null 
hypothesis (i.e., there has been little change in TGM since 1977). If one particular 
monitoring station would be excluded from the evaluation then the data suggest there 
has been little change in TGM levels in the atmosphere between 1977 and 2002. 
Additional support for the null hypothesis is provided by TGM measurements for the 
Southern Hemisphere. TGM results for the Southern Hemisphere do not suggest that 
there has been much change in TGM levels in the global remote atmosphere over the 
past 25–30 years. Although it may appear that these competing hypotheses on atmospheric 
TGM levels in recent times would be disconcerting, this situation is not unusual and 
often aids the development of research strategies. For example, the value of long-term 
atmospheric Hg monitoring stations and the need for additional sites is obvious, espe-
cially in the remote Southern Hemisphere (Lindberg et al.,  2007) . 

 General scientific consensus exists about the current global background concentra-
tion that refers to the average sea-level atmospheric Hg 0  at remote sites. The background 
concentration is currently taken as ca. 1.5 to 1.7 ng m -3  in the Northern Hemisphere 
and ca. 1.1 to 1.3 ng m -3  in the Southern Hemisphere (Lindberg et al.,  2007) . 

  9.1.1 Quality of Data / Field Intercomparisons 

 Field intercomparisons of atmospheric mercury measurements have been carried 
out at different locations and with different objectives:

  •  an intercomparison at Windsor, ON, an urban site in Canada mainly focussing 
on the comparability of classical manual methods with newly available auto-
mated analysers (Schroeder et al.,  1995)   

 •  an intercomparison at Mace Head, a marine background site in Ireland including 
a comprehensive set of coeval methods for the analysis of different mercury 
species in air and precipitation (Ebinghaus et al.,  1999)   

 •  an intercomparison at Sassetta, a rural site in Tuscany, Italy mainly focussing on 
the comparability of novel techniques for atmospheric mercury species (Munthe 
et al.,  2001)     

 All 3 intercomparison exercises have revealed that the measured concentrations of 
TGM showed good agreement between the participating laboratories. At Mace 
Head it was additionally demonstrated that the comparability of total mercury con-
centrations in precipitation was satisfactory as well. 

 During the Mace Head and the Sassetta intercomparisons it could furthermore 
be shown, that much higher differences are involved when atmospheric mercury 
species (namely RGM and TPM) are measured however, it was also demonstrated 
that the repeatability of similar methodologies increased over time. One major 
conclusion derived from these studies is that good agreement of TGM concentra-
tions in air determined with different techniques, including manual techniques dating 
back to the 1970s, makes a combination of data sets from different regions of the 
world feasible (Ebinghaus et al.,  1999) .   
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  9.2 Measurements of Air Concentrations in North America  

  9.2.1 Measurements of Air Concentrations in Canada 

 Currently, most measurements of gaseous atmospheric Hg in Canada are made 
using a Tekran 2537A Mercury Vapour Analyser (Tekran Inc., Toronto). This 
instrument concentrates gaseous phase Hg by amalgamation onto gold cartridges, 
with subsequent thermal desorption and detection of Hg 0  by cold vapour atomic 
fluorescence spectrophotometry (CVAFS). This automated measurement system 
compares well with other manual methods operating on the same principal, commonly 
used to measure atmospheric Hg (Ebinghaus  et al .  1999) . A Standard Operating 
Procedure for detection of TGM in ambient air is available (Steffen & Schroeder 
 1999) . The unit used in Canada to express the concentration of mercury measured 
by this technique is nanograms per standard cubic metre of air, abbreviated ng m -3 , 
where the volume referred to is at the standard temperature and pressure of 0  o C and 
1 atm. The Tekran analysers are operated between a 5 and 30 minute integrated 
sampling interval, dependent on the site. 

 Definitions: Hg 0 : Gaseous Elemental Mercury, RGM: Reactive Gaseous 
Mercury, i.e. non-elemental gas phase mercury, PM: mercury bound to particles, 
MDN: mercury in precipitation (mercury deposition network, only wet deposition 
measured at this time). The above is the coarsest level of “speciation” that we currently 
work with. TGM: Total Gaseous Mercury. 

  9.2.1.1 Remote Locations 

 Much of the area of Canada is remote from anthropogenic mercury sources. Several 
of the network sites, described in Sections 9.2.4 below, are situated in remote locations, 
called background sites; measurements are made at these sites to characterize the 
mercury present in the atmospheric environment far from anthropogenic inputs. 
In addition to the network sites and the far Arctic site in Alert, measurements have 
been made at the two additional sites in remote locations, Kuujjuarapik and Mingan.  

  9.2.1.2 Urban Locations (Including Mining Areas) 

 During a brief study in summer 2000, the levels of TGM were measured at two 
locations in downtown Toronto. The TGM concentrations ranged from 1.3 to 50 ng m -3 , 
with values >3 ng m -3  seen more frequently than in rural areas. Local sources affect 
the urban sites with short periods of high air Hg concentrations. More frequent 
observations of high concentration episodes of Hg in precipitation (>20 ng L -1 ) 
were found at sites closer to urban centres, e.g., Reifel Island which is close to 
Vancouver, Egbert in close proximity to Toronto and Barrie, and St. Anicet which is 
close to Montreal, than at more remote locations, e.g., Mingan, Cormak and Kejimkujik 
Park . The increased anthropogenic activity associated with highly populated areas 



9 Spatial Coverage and Temporal Trends of Land-based 227

may result in increased air concentrations of RGM and PM which can be more 
readily incorporated into cloud water and precipitation, as will be discussed below. 
The Banic et al.  (2003)  sampling flight compared the TGM in the urban plume from 
Montreal to the ambient concentrations; concentrations in the urban plume reached 
2.5 ng m -3  compared with the ambient background of 1.5 ng m -3 . The urban plume 
was observed at altitudes up to 1.25 km. 

 The TGM concentration was monitored at 2 mine tailing sites in eastern Nova 
Scotia, Canada (Beauchamp et. al.  2002) . The Caribou Mines and Goldenville tailing 
sites are remnants of gold mining activities which began in the mid 1800’s and continued 
up to the late 1930’s. The gold bearing ore was brought to the surface and crushed in 
stamp mills located on site then gold was extracted using the mercury amalgamation 
process. Mercury contaminated tailings were then disposed of in lakes and ponds 
which now form flat expanses of tailings with surface areas up to a square kilometre 
and depths up to several meters. The concentrations of TGM in near surface ambient 
air (10 cm above the mine tailings) at the Goldenville site remained above 2 ng m -3  
throughout the diurnal cycle reaching a maximum 8.1 ng m -3  with a 24 hour average 
concentration of 3.5 ng m -3 . Gaseous elemental mercury concentrations in ambient air 
at the same height above the Caribou Mine tailings averaged 8.4 ng m -3  with minimum 
and maximum concentrations of 3.2 and 23.0 ng m -3 , respectively. Ambient TGM 
concentrations over legacy gold mine tailings remained well above regionally 
representative background ambient air concentrations of 1.5 ng m -3 . Additionally, 
measurements of air-surface exchange of mercury from tailings from legacy gold mine 
activity in Nova Scotia which used mercury amalgamation processes have shown 
emissions 2 orders of magnitude higher than those observed from undisturbed sites.  

  9.2.1.3 Temporal Trends at Single Locations 

 In an example of a model study of processes the comparison of the measured con-
centrations and simulated Hg concentrations (GRAHM model from Dastoor & 
2004) are shown for the CAMNet site Egbert. In this study the natural emissions 
and re-emissions of Hg were set to zero and the anthropogenic emissions were set 
to a constant rate throughout the year. The meteorology and surface characteristics 
varied with season (i.e., seasonal circulation patterns and the seasonal cycles in the 
boundary layer heights, clouds, precipitation and dry deposition characteristics). 
The results show the extent to which seasonal variation in the TGM concentrations 
can be driven by meteorological differences  

  9.2.1.4 Monitoring Networks and Trends 

 The Canadian Atmospheric Mercury Measurement Network (CAMNet,   www.msc.
ec.gc.ca/     arqp/ camnet_e.cfm) was established in 1996 to provide accurate, long-term 
measurements of TGM concentration and the Hg deposition in precipitation (wet 
deposition) across Canada. A map of the CAMNet sites is shown in Figure  9.1 . 
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The mid-latitude sites will be discussed here, with the Arctic site Alert discussed 
elsewhere because of different behaviour. The mid-latitude sites are located in 
background or rural areas, with the latter occasionally impacted by emissions from 
urban areas. Wet deposition is measured at the CAMNet sites as part of the Mercury 
Deposition Network (MDN), which includes sites in the United States, Canada and 
Mexico (  http://nadp.sws.uiuc.edu/mdn/    ). The sampling and analytical methods 
adhere to the CAMNet Standard Operating Procedure and the USA- National 
Atmospheric Deposition Network (NADP)-MDN sampling protocol.  

 An overall average median atmospheric concentration for TGM of 1.60 ± 0.15 
ng m -3  for the ten Canadian sites was calculated for the years 1997-1999 by averag-
ing together the site medians (Kellerhals  et al .  2003) . Higher variability of TGM 
concentrations at the sites in closer proximity to large urban areas appeared to be 
caused by the alternating exposure of these sites to anthropogenic TGM emissions, 
depending on wind direction and atmospheric mixing. 

 Kellerhals et al.  (2003)  observed that a slight seasonal trend for TGM was seen 
with higher concentrations observed in winter and spring, and lower concentrations 
in summer and fall. This is further demonstrated for all years of CAMNet data in 
Table  9.1 . Several factors might contribute to this behaviour (Blanchard et al.,  2002) , 
including differences in meteorological conditions and scavenging processes between 

  Figure 9.1    Sites in the Canadian Atmospheric Mercury Measurement Network (CAMNet)       
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  Table 9.1   Characteristics of the sampling sites and time periods for the Canadian 
atmospheric sampling sites   

 Station  Code  Province 
 Latitude 
 (deg)  

 Longitude  
(deg)  

 Altitude 
 (m a.s.l.)   Period 

 Alert  ALT  NU  82.50  -62.33  210  01/95-12/05 
 Kejimkujik  KEJ  NS  44.43  -65.21  127  01/96-12/04 
 St. Andrews  STA  NB  45.09  -67.08  80  01/96-12/04 
 St. Anicet  WBZ  QC  45.12  -74.28  49  01/97-12/05 
 Point Petre  PPT  ON  43.84  -77.15  75  11/96-12/05 
 Egbert  EGB  ON  44.23  -79.78  251  12/96-12/05 
 Burnt Island  BNT  ON  45.81  -82.95  75  05/98-12/05 
 Bratt’s Lake  BRL  SK  50.20  -104.72  577  05/01-12/05 
 Esther  EST  AB  51.67  -110.20  707  06/98-04/01 
 Fort Chipewyan  FCH  AB  58.78  -111.12  232  06/00-07/01 
 Reifel Island  RFL  BO  49.10  -123.17  2  03/99-02/04 

    a.s.l.  above sea level  

summer and winter (e.g., reduced mixing heights and higher wind speeds in winter, 
increased oxidation and larger removal from the atmosphere by wet and dry deposi-
tion during warmer months). The seasonal variability observed at the surface will be 
influenced by changes in the total atmospheric column burden of Hg 0 .  

 Seven of the 10 CAMNet sites experienced a cycle of maximum concentrations 
near solar noon (1000 to 1400 local standard time (LST)) and minimum concentra-
tions in the early morning hours (0300 to 0700 LST) (Kellerhals  et al .  2003) . 
The cycle at the CAMNet sites was attributed to nighttime depletion of TGM in 
the lowermost atmosphere. Overnight a shallow TGM-depleted layer is formed in the 
nocturnal inversion layer. Shortly after sunrise there is a rapid increase in near-surface 
TGM concentration as the nocturnal inversion breaks down and undepleted air is 
mixed down to the surface. The continued increase in TGM concentration through 
the morning and into the early afternoon is likely caused by emission of TGM from 
the surface, which has been observed to increase with increasing solar radiation 
(Poissant & Casimir  1998) . 

 Long-term monitoring data TGM concentrations from 11 CAMNet sites between 
1995 and 2005 were analysed for temporal trends, seasonality and comparability 
within the network. A statistically significant decreasing trend for TGM concentrations 
at several rural CAMNet sites was seen for the time period 1995 to 2005 (Table 
 9.2 ). The largest declines were observed close to the urban areas of Toronto and 
Montreal, where levels fell by 17% at Point Petre, and 13% at St. Anicet, respectively. 
Many of the TGM changes are comparable with the overall trends of total mercury 
concentrations in precipitation, for similar time periods, at collocated or nearby 
National Atmospheric Deposition Program’s Mercury Deposition Network (NADP-
MDN) sites. Results show that these changes are mostly driven by local or regional 
changes in mercury emissions. Other sites within CAMNet reflect reported changes 
in hemispherical global background concentrations of airborne mercury, where 
slight decreases or no statistically significant trend in TGM concentrations exist 
over the same time period.  
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  Table 9.2    Statistical summary of TGM measurements at CAMNet sites    

 Station 
 Days
(#)

 Mean  
(ng m   -3   )  

 Median 
 (ng m   -3   )  

 Min  
(ng m   -3   )  

 Max 
 (ng m   -3   )  

 Lower 
quartile  
(ng m   -3   )  

 Upper 
quartile  
(ng m   -3   )  

 SD 
 (ng m   -3   )  

 Alert  3603  1.55  1.58  0.03  3.12  1.45  1.73  0.37 
 Kejimkujik  3168  1.45  1.46  0.54  2.30  1.31  1.59  0.21 
 St. Andrews  2774  1.42  1.40  0.74  2.46  1.26  1.57  0.23 
 St.Anicet  3164  1.64  1.60  0.92  16.31  1.44  1.79  0.40 
 Point Petre  3275  1.78  1.73  0.80  4.26  1.55  1.93  0.34 
 Egbert  3207  1.67  1.66  0.95  6.90  1.50  1.80  0.27 
 Burnt Island  2680  1.58  1.58  0.99  2.48  1.43  1.72  0.21 
 Bratt’s Lake  1424  1.53  1.52  0.79  2.68  1.38  1.64  0.24 
 Esther  878  1.65  1.65  1.19  2.14  1.54  1.75  0.15 
 Fort Chipewyan  305  1.36  1.35  0.95  1.77  1.28  1.47  0.15 
 Reifel Island  1642  1.67  1.67  0.91  2.92  1.56  1.79  0.19 
  Category (median of stations)  
 R-W  2612  1.60  1.60  0.91  2.56  1.48  1.71  0.20 
 R-E  3263  1.43  1.43  0.88  2.09  1.31  1.56  0.19 
 R-A  3342  1.68  1.67  1.11  2.99  1.52  1.81  0.22 
 R-C  2680  1.58  1.58  0.99  2.48  1.43  1.72  0.21 
  ALL   3959  1.58  1.58  0.21  2.75  1.48  1.68  0.17 

R-W = RURAL-WEST (RFL, EST, FCH, BRL); 
 R-E = RURAL-EAST (KEI, STA); 
 R-A= RURAL-AFFECTED (WBZ, PPT, EGB); 
 R-C= RURAL-CENTRAL (BNT)  

 The following statistical analysis was applied using available daily averaged 
TGM concentrations from all sites. The application of a seasonal decomposition 
method was used to isolate a long-term systematic trend, regular seasonal effects, 
perennial irregular (or cyclical) variations and remaining uncertainties. Detailed 
information about seasonal decomposition can be found in Temme et al. (2004). 
This method was performed for all sampling sites with a minimum of five complete 
years of observations. The regression coefficient and the linear slope were tested for 
significance using the T-test (p<0.01) and if p>0.01 then the correlation was marked 
as non-significant. Daily averages from the year 2000 were chosen for Principal 
Component Analysis (PCA) because that year offered the most complete spatial 
information, i.e. data from most stations were available for 2000. Bratt’s Lake is the 
only CAMNet site which started its measurements after 2000 and is not included in 
the PCA. The first two principal components explained more than 50% of the total 
variance in terms of the spatial differences. The components reflect the seasonality 
in the annual data (factor 1) and the influence of local sources, which can include 
anthropogenic, natural or re-emission from water surfaces (factor 2). Analysis isolated 
the sites expected to be most significantly impacted by nearby sources in the Great 
Lakes Basin and St. Lawrence River Valley (rural-affected sites). Sites were also 
divided into eastern (RURAL-EAST) and western sites (RURAL-WEST). 

 The RURAL-AFFECTED category shows the highest overall median TGM 
concentration (1.67 ng m -3 ) and the highest variability of all categories for the entire 
time period. The three corresponding sites Point Petre, Egbert and St. Anicet also 
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showed substantially higher maximum concentrations (4.26 ng m -3 , 6.90 ng m -3 , 
16.31 ng m -3  respectively) than all the other sites. Both the categories RURAL-
WEST (RFL, EST, FCH, BRL) and RURAL-AFFECTED (WBZ, PPT, EGB) 
reveal significantly higher overall median concentrations than the RURAL-EAST 
(KEJ, STA), RURAL-CENTRAL (BNT). 

 TGM concentrations at all the CAMNet sites (mean = 1.58 ng m -3 ) were similar 
to or slightly lower than those observed at European background sites within a 
comparable time frame. Seasonal variations of TGM concentrations are observed 
for all sites. Most sites show higher concentrations in winter and spring, and lower 
concentrations in summer and fall, which is reflected in the corresponding summer/
winter (SUM/WIN) and spring/autumn (SPR/AUT) ratios for each station and category. 
The time series at Fort Chipewyan does not include enough data to support any 
conclusions about seasonality. The exception to these findings is observed at Point 
Petre where the SUM/WIN ratio is > 1; although not statistically significant at Point 
Petre. The differences between summer and winter median concentration ratios are 
the highest at the RURAL-EAST (SUM/WIN = 0.88) and RURAL-CENTRAL 
(SUM/WIN = 0.85) sites where a minimum monthly median TGM concentration 
was observed in September and a maximum in February. 

  9.2.1.4.1 Trend Analysis 

 The seasonal decomposition technique was applied to the original daily averages. 
The same procedure was applied to all other sites and categories containing a minimum 
of 5 complete years of observations. For sites (e.g. RURAL-WEST) where less than 
5 years of data were available, a simple linear regression was applied to the original 
time series. The resulting overall and annual rates of change in mercury concentration 
after seasonal decomposition and linear regression are listed in Table  9.3 . Missing data 
in the time series were replaced by interpolation prior to time series analysis. 
Therefore the number of days in Table  9.3  often exceeds the number of reported 
daily averages in Table  9.2 . Inter-annual and overall changes are given in ng m -3  
absolute and as a percentage in respect to the starting intercept, respectively. 
Statistically significant regression coefficients and slopes, i.e. slope and regression 
coefficients that were significantly different from 0 (p<0.01) are indicated in the 
last column. Sites are marked with an asterisk when seasonal decomposition was 
not done or the results were uncertain. Trends for the shorter and sometimes incom-
plete time series for the individual RURAL-WEST sites can not be determined with 
the same significance as the other sites and were also marked with an asterisk. This also 
leads to an uncertain overall change for this category. However these time series 
were incorporated into the “ALL” category.  

 From the data considered valid within the constraints of the seasonal decomposi-
tion and data coverage, five sites showed significant decreases (between −2.2% and 
−16.6%) in the TGM concentrations over the corresponding time period. The only 
exception was the slight positive trend at Kejimkujik where an overall +3.3% change 
is evident between 1996 and 2004. For the first time since continuous automated 
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TGM measurements were initiated in North America, Asia and Europe (Kock et al., 
 2005 , Kim et al.,  2005) , this paper reveals a statistically significant decreasing trend 
of TGM concentrations from rural locations in Canada between 1995 and 2005. This 
decreasing trend can be seen with differing intensity at nearly all CAMNet sites and 
categories, indicating a large spatial distribution of this overall decrease.  

  9.2.1.4.2  Comparison Between Air Data and Wet Deposition 
of Mercury in North America 

 The NADP-MDN network has been operating since 1996 (  http://nadp.sws.uiuc.     
edu/mdn/), with measurements made in Canada as part of CAMNet. The trends of 
mercury concentration in precipitation from these sites were analyzed using the 
non-parametric Seasonal Kendall Trend Test (Gilbert, 1987). At the sites that are 
co-located with, or located in areas near, the CAMNet sites, decreasing trends in 
MDN concentrations were generally found although there are numerous sites with 
no statistical significant trends. 

 Comparisons of the TGM trends and the precipitation concentration trends were 
made at 4 Canadian sites (St. Andrews, Kejimkujik, St. Anicet and Egbert with site 
codes NB02, NS01, PQ04 and ON07, respectively) where collocation of TGM and 
MDN measurements occurs (see Table  9.4 ). At Kejimkujik where 9 years of MDN 
data have been collected, concentrations of mercury in precipitation are strongly 
decreasing (-17.7% overall) whereas TGM is increasing during the same time 
period (+3.3% overall). At St. Andrews where 7 years of MDN data have been 
collected, both Hg in precipitation (-13.4%) and TGM (-7.4%) are decreasing. 
At Egbert, TGM is decreasing slowly, but the co-located and closest MDN sites 
show no significant change. The co-located MDN site at St. Anicet and nearby 
MDN stations show good agreement between both the annual and total changes 
over an 8-year period. St. Anicet has large TGM annual decreases at about -1.5%/
year, while three area MDN locations show similar annual changes of between -1.5 
to -1.8%. At the other CAMNet sites, there is no co-location with MDN (Burnt 
Island and Point Petre, Fort Chipewyan) or a data record of less than 5 years (Reifel 
Island, Bratt’s Lake and Esther).  

 For the MDN sites used in this comparison with significant trends observed (as 
listed in Table  9.4 ), the averaged trend is -0.15 ng L -1  yr -1 . Applying this averaged 
trend over 10 years (i.e. 1996-2005), with a median total mercury concentration in 
precipitation of 10 ng L -1  (as observed for this time period for these sites), leads to 
an approximate change of -15%. This observed change in mercury concentration in 
precipitation is in good agreement with the individual trends in TGM concentra-
tions observed near the major urban areas of Toronto (Point Petre) and Montreal 
(St. Anicet) for nearly the same time period. We conclude that this agreement indi-
cates that the changes at these stations are most likely driven by local or regional 
changes in mercury emissions. 

 In general, the concentration of mercury in precipitation is decreasing at many 
MDN sites used for comparison in this paper, just as is the TGM at most CAMNet 
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sites. However, some significant differences do exist, particularly at Kejimkujik. At the 
Canadian MDN sites, the seasonality of Hg concentration in precipitation exhibits an 
opposite pattern to TGM air concentrations with higher concentrations during the 
summer months. Two possible factors have been suggested for this seasonal behaviour: 
increased particle scavenging capacity of rain relative to snow and/or an increase in 
the oxidation of Hg 0 , either in cloud or in the gas phase, during the summer. 

 Generally, the levels of Hg in precipitation at rural sites in Canada are less than 
30 ng L -1 , similar to levels observed at border sites in the United States. The lowest 
median Hg concentrations at the CAMNet sites were found at Cormak (spring, 
summer, fall and winter concentrations at 4.6, 6.8, 3.0 and 2.9 ng L -1 , respectively) 
and Mingan (summer and winter at 6.6 and 2.9 ng L -1 , respectively). Median Hg 
concentrations in precipitation were higher in the west than in the east in all four 
seasons. However, sites with the highest observed concentrations do not necessarily 
have the highest Hg deposition per unit surface area. The deposition is dependent 
on the precipitation amount as well as on the concentration of Hg in the precipita-
tion. The highest median weekly Hg deposition measured at the Canadian sites on 
a seasonal basis was at Kejimkujik Park in spring, fall and winter (deposition of 
0.120, 0.106 and 0.088  m g m -2  week -1 , respectively), and at St. Anicet in summer 
(0.166  m g m -2  week -1 ). The lowest median weekly deposition was found at Bratt’s 
Lake in the summer and fall (0.083 and 0.036  m g m -2  week -1 , respectively) and at 
Egbert in winter (0.027  m g m -2  week -1 ). For the years 2000 to 2003, the annual wet 
deposition of mercury at the Canadian sites ranges from 1.9 to 7.9  m g m -2  yr -1  with 
the lowest deposition seen at Bratt’s Lake and the highest at St. Anicet. 

 Temporal trends have been developed with the Digital Filtration (DF) technique of 
Nakazawa for Hg in precipitation at St. Andrews, St. Anicet, Mingan and Kejimkujik 
Park, each of which have more than 5 years of data. F-tests performed on trends 
derived by DF have indicated that all correlations are statistically significant with 
confidence limits of at least 95%. First order half-lives of decline (t 

½
 ) were estimated 

by dividing –ln 2 with the linearly regressed slope of the trend line (Table  9.5 ).  
 The half-life is the time required for the concentration or deposition to decline to 

half its original value and is estimated by assuming first order decline in concentra-
tion and deposition. No significant trends were found for the site of Mingan. From 
Table  9.5 , it can be seen that for the three sites, it will require 14 to 22 years for the 
concentration of Hg in precipitation to decline to half its current value. However, it 
will only take  ~ 10 to 13 years for the deposition amount to drop to half. This occurs 
because the annual precipitation rate has generally decreased between 1996 and 
2003 at these locations. For all 3 sites, the r 2  for Hg concentration and deposition are 
approximately 0.4 and 0.5, respectively, with p-values less than 0.01. 

 Since Canadian measurements began in 1995, mercury levels in the air have 
shown only a slight decline throughout most of Canada. The greatest decline of 
airborne mercury in Canada occurred close to the major urban areas of Toronto and 
Montreal, where levels fell by about -10% between 1996 and 2005. The largest 
decreases in TGM were seen at Point Petre, on the north shore of Lake Ontario, 
near Toronto, where levels declined by -17% and at St. Anicet, near Montréal, 
where levels fell by -13%. This is in good agreement with the overall trend in total 
mercury concentrations in precipitation observed within the comparable NADP-MDN 
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  Table 9.4    Summary of the trend statistics of total mercury concentrations in precipitation within 
the MDN network compared with the TGM changes within CAMNet   

 MDN 
Site 

 Total 
Change   (%)  

 Annual 
Change   (%)   Years 

 CAMNet site 
 (TGM)  

 Total 
Change   (%)  

 Annual 
Change   (%)   Years 

 NB02  -13.4  -1.9  7  ®  St. Andrews  -7.4  -0.83  9 
 NS01  -17.7  -2.0  9  ®  Kejimkujik  3.3  0.37  9 
 ON07  n.s.  5  ®  Egbert  -2.2  -0.04  9 
 PA30  n.s. 
 ME02  -14.7  -1.8  8  ®  St. Anicet  -13.1  -1.46  9 
 ME96  -13.9  -1.7  8 
 PQ04  -12.1  -1.5  8 
 ME09  n.s. 
 ME98  n.s. 
 NY20  -14.7  -2.5  6    Point Petre  -16.6  -1.81  9.5 
 PA90  -12.3  -1.4  9 
 ON07  n.s. 
 PA30  n.s. 
 ON07  n.s.  5  ®  Burnt Island  -5.1  -0.67  8 
 upwind  n.s. 
 WA18  -9.7  -1.1  9  ®  Reifel Island  -10  -2.03  6 

 n.c.  Fort 
Chipewyan 

 n.c.  Bratt’s Lake 
 n.c.  Esther 

notes: n.s. = not significant; n.c. = no comparison possible  

sites, indicating that these changes are most likely driven by local or regional 
changes in mercury emissions. 

 At other sites in rural eastern Canada decreases in TGM concentration up to -7% 
were seen, with one site, at Kejimkujik National Park in Nova Scotia, recording an 
increase of 3%. The data record for western Canada is shorter than others and, at 
times, incomplete. Therefore, a trend with time could not be determined with the 
same statistical significance as for the other locations. Most sites show higher TGM 
concentrations in winter and spring, and lower concentrations in summer and fall. 
It is suggested that the meteorological seasonal variability is the most important 
factor in the establishment of the observed seasonal cycles of the TGM concentrations. 
This is consistent with the latest modeling results. Nevertheless further investigations 
on photochemistry and correlation with meteorological parameters could provide 
further evidence.   

Table 9.5 Half lives for decrease in Hg concentration and deposition in 
precipitation

 t½ (years) 

 Sites 
 Hg concentration in 
precipitation 

 Hg deposition due to   
precipitation 

 St. Anicet (98-03)  15  9.9 
 St. Andrews (96-03)  14  7.0 
 Kejimkujik Park (96-03)  22  13 
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  9.2.1.5 Mercury Speciation Analysis 

 More recently, some sites within CAMNet have been measuring atmospheric Hg-species 
concentrations in addition to TGM. Reactive gaseous mercury (RGM) includes 
inorganic Hg compounds such as HgCl 

2
 , HgBr 

2
 , HgClBr and Hg 0 . Current measure-

ments in ambient air cannot distinguish one of these RGM species from another. 
Concentrations of organic forms of Hg, such as methylmercury or dimethylmercury, 
are very low in the atmosphere and are not measured in the gas phase, though some 
measurements have been made in precipitation. In Atlantic Canada, levels of meth-
ylmercury have been found to represent 1 to 2% of total Hg in precipitation (Tordon 
Unpub. Data 2005). Total gaseous mercury (TGM) is the Hg that is detected in particle-
free air which has not been deliberately scrubbed of RGM. In most cases, RGM is 
lost by adsorption to the walls of the inlet system used for the measurement, but 
some RGM may be detected along with the Hg 0  and this total detected is the TGM. 

 The current method used consists of a denuder to collect RGM followed by a filter 
to collect the PM. An impactor which removes particles of aerodynamic diameter 
greater than 2.5 µm is used at the inlet of the denuder to remove particles in the size 
range which can be collected by the denuder. Keeler et al.  (1995)  have shown that the 
majority of PM is attached to fine particles. A detailed description of this technique 
is given in Landis et al.  (2002) . Briefly, a known volume of ambient air is drawn at a 
set flow rate of 10 L min -1  through the following series of collectors: an impactor inlet 
which removes particles >2.5 µm aerodynamic diameter, a KCl-coated annular 
denuder of quartz which collects RGM, and a quartz filter housed in a quartz tube 
which collects p-Hg of aerodynamic diameter <2.5 µm. The typical sample integra-
tion period is 2 hours. Analysis for Hg content is carried out by first releasing the Hg 
species from the collection medium (quartz filter or KCl coating of the denuder) with 
the medium still contained in the filter housing or denuder. The filter and denuder are 
heated at separate times (filter before denuder for an automatic integrated system) 
with a stream of Hg-free air flowing across the collection surface. The filter is heated to 
800 o C to release the Hg species that are on the filter and to decompose them to Hg 0 ; the 
denuder is heated to 500 o C, releasing the Hg species from the KCl. The Hg 0  released 
by this process is collected and analyzed by the method described for Hg 0  above. 
The fully automated system is produced by TekranTM, Inc. (Model 1130/1135), which 
in addition to the process above, heats the particle filter to 800 o C during the analysis 
for PM and RGM for complete decomposition of any Hg species eluted from the filter 
or denuder. There has been one intercomparison study to verify measurement 
techniques for RGM and PM. Preliminary results indicate significant variability and 
point to the need for more research (Aspmo et al.,  2005) . 

 Continuous measurements of RGM and PM have been made in Quebec, Nova 
Scotia and Ontario. Poissant et al.  (2005)  reported values of RGM: 3 ± 11 pg m -3  and 
PM: 26 ± 54 pg m -3  at St-Anicet. These values are similar to those found at Point 
Petre RGM: 5 ± 5 pg m -3  and PM: 6 ± 7 pg m -3  and at Sterling on the south shore of 
Lake Ontario, RGM: 6 ± 11 pg m -3  (Han, Holsen et al.,  2004) . Even though RGM 
and PM constitute a relatively small portion of total Hg in air (0.2 to 1.4%), an 
evaluation of their role in the atmosphere is essential to understanding the cycle of 
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Hg. Poissant et al.  (2005)  reported diurnal and seasonal cycles for both RGM and 
PM. Additional continuous measurements of RGM and PM are needed to fully 
assess the seasonality of these species. It should be noted that the values reported for 
RGM and PM are very often near the detection limit of the measurement method. 

 Cloud droplets scavenge particles from the air in the nucleation process, and 
cloud droplets and rain scavenge soluble gases such as RGM. Cloud water concen-
trations of total Hg were determined in a limited number of samples collected during 
the summer of 1995 in eastern Canada (Banic et al.,  2003) . 

 At the observed cloud liquid water contents in the clouds studied, the median 
value for the amount of Hg scavenged from the air by the cloud water was 0.02 ng m -3 . 
In south-eastern Canada, concentrations of RGM and p-Hg are near 5 pg m -3  and 
10 pg m -3 , respectively, as given above, suggesting that much of the Hg seen in 
cloud water can be explained by in-cloud scavenging of these species. Atmospheric 
mercury speciation measurements consisting of Hg 0 , RGM and PM began in 
January of 2006 in Halifax, Nova Scotia Canada (Figures  9.2–  9.4 ). A summary of 
the ambient atmospheric mercury species concentrations is given in Table  9.6 . The 
median concentration for Hg 0 , RGM and PM were 1.67 ng m -3  (0.716 to 46.5 ng 
m -3 ), 2.42 pg m -3  (detection limit (dl) to 140 pg m -3 ), and 1.73 pg m -3  (dl to 30.8 pg 
m -3 ), respectively. The median levels of RGM and PM were a small percentage of 
the TGM, 0.2% for RGM and 0.1% for PM.      

  9.2.1.6  Mercury Measurements (incl. air craft) Related 
to Emissions, and Source Attribution 

 In the mid- to late-1990s, measurements of Hg 0  were made in three locations in 
Canada at altitudes up to 7 km (Banic et al.,  2003) . The data show that, on average, 
Hg 0  shows a relatively constant distribution with altitude. In the summer in south-eastern 

  Figure 9.2    Monthly Box-whisker plot trends of Gaseous Elemental Mercury from 2006 and 
2007 at Halifax (Nova Scotia, Canada)       
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Canada, north-westerly winds bring air with a constant mixing ratio of Hg 0  at 
altitudes up to 7 km with a concentration near 1.5 ng m -3 . In the winter in southern 
and central Ontario and in spring over the Beaufort Sea and Arctic Ocean, the mixing 
ratio is still approximately constant at altitudes above 1 km but the concentration is 
1.7 ng m -3 . Thus, despite differences in the proximity to sources and meteorology, 

  Figure 9.3    Monthly Box-whisker plot trends of Reactive Gaseous Mercury from 2006 and 2007 
at Halifax (Nova Scotia, Canada)       
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  Figure 9.4    Monthly Box-whisker plot trends of Particulate Mercury from 2006 and 2007 at 
Halifax (Nova Scotia, Canada)       
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  Table 9.6    Statistical summary of mercury speciation measurements from 
January 2006 to June 2007 in Halifax (Nova Scotia, Canada)    

 Hg 0  (3 hr avg.) 
 (ng m   -3   )  

 RGM  
(pg m   -3   )  

 PM  
(pg m   -3   )  

 Hg 0  (5 min.) 
 (ng m   -3   )  

 Mean  1.79  4.62  2.37  1.77 
 Median  1.69  2.42  1.73  1.67 
 SD  0.45  7.61  2.30  0.61 
 Sample #  2835  2835  2835  106283 

the observation that there is little difference in Hg 0  aloft over these distance and 
time scales indicates that there is mixing and uniformity in the Hg 0  concentrations 
aloft over continental scales. This atmospheric Hg aloft can be drawn down to the 
Earth’s surface by atmospheric mixing processes even in remote regions of the 
world. The long average atmospheric residence time for Hg 0  is sufficient for this 
species to become relatively well mixed throughout the troposphere in the northern 
and southern hemispheres. Thus, since most of the Hg in the gas phase is in the 
elemental form, TGM concentrations should be of similar magnitude at a wide 
variety of background sites. Table  9.7  shows differences in Hg 0  below 1 km in the 
Ontario winter and Arctic spring. The measurements made at altitudes less than 1 
km in Ontario demonstrate input of Hg 0  due to anthropogenic sources and over the 
sea ice in the Arctic demonstrate depletion of Hg 0 .  

 Summary of Measurement Locations 

 Table  9.8  presents an overview of the measurement efforts that have occurred in the 
contiguous USA since high-precision measurements have been made (since early 
1990s). Generally, a mean and standard deviation is presented, or a range of means 
from difference subsets of the data.    

  9.2.2 Measurements of Air Concentrations in the United States 

 Measurements of airborne species of mercury (Hg) [total gaseous (TGM), elemental 
(Hg 0 ), reactive gaseous (RGM), and particulate (PM)], as well as dissolved mercury 
in precipitation have been measured in many geographical areas of the USA including 
the northeast (New York, Connecticut, Vermont, Maine), north-central (Michigan, 
Wisconsin, Ohio, Indiana, Illinois), south-eastern (Georgia, Alabama, Tennessee, 
Florida), eastern seaboard (Maryland and the Atlantic Ocean), the mountain west 
(Nevada), coastal California, west coast free troposphere (Mt. Bachelor, Oregon), 
and west coast marine boundary layer (Cheeka Peak, Washington). These locations 
are shown on a map of the contiguous USA in Figure  9.5 . Regions of the USA 
where there is a lack of published mercury measurements include the middle of the 
country from the northern plains south to Texas, most of the west (with the exception 
of Nevada), and the Southwest including southern California. In addition to great 
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geographic and climate diversity in the USA, the spatial distribution of mercury 
emissions are not uniform; the vast majority of point sources lie in the eastern half 
of the country and are dominated by coal-fired power plants, waste incinerators, 
and manufacturing facilities. There are some large mercury sources in the West, 
dominated by mining and metal processing facilities and a few coal-fired power 
plants, but these emitters are spread out across wide regions and nowhere in the 
West are there the density of point sources as is found in the East. Thus, the majority 
of research to date has taken place at locations in the eastern half of the USA, and 
these studies are largely focused on determining the influences of local (<  ~ 50 km) 
and regional (<  ~ 500 km) mercury sources on air concentrations of mercury species 
and mercury concentration in precipitation and its subsequent depositional loadings 
to the environment. Additionally, some research in the West has determined that 
mercury emissions from distant locations such as industrial regions in East Asia 
and boreal fires in Alaska and Siberia contribute to enhanced air concentrations of 
Hg in the western USA, and that in pristine locations at certain times of the year, 
this transport may play a dominant role in the overall mercury burden in the 
environment.  

  9.2.2.1 Remote Locations 

 Because most studies in the USA have focused on the impact of regional or local 
emissions on air concentrations and deposition, there have been few measurements 
at locations that are truly remote. Figure  9.5  gives an overview on locations in the 
United States from which there are published measurements of gaseous and particle 
mercury species. 

Perhaps the most pristine location in the USA is Cheeka Peak on the Washington 
State coast at an elevation of 500 m. At this location when the wind direction is 
between 160°-315°, the air can be generally classified as “marine“ with no influence 
from continental sources at least 7 days prior to arrival to the site (Weiss-Penzias 
et al.,  2003) .

  Table 9.7    Elemental mercury for different altitude ranges over Canada. The units are  ng 
m  -3 , with the cubic metre referenced to 0 o C and 1 atm in all cases (from Banic et al.,  2003)     

  < 1 km  1 – 3 km  > 3 km 

Time, Location of 
Measurement  Mean  Median  Mean  Median  Mean  Median 

 Summer 1995 Nova 
Scotia 

 1.4  1.3  1.5  1.4  1.4  1.4 

 Summer 1997 Eastern 
Ontario 

 1.5  1.5  1.5  1.5  1.5  1.5 

 Winter 97-98 Southern 
Ontario 

 1.7  1.6  1.6  1.6  1.5  1.5 

 Spring 1998 Arctic Ocean 
and Beaufort Sea 

 1.2  1.4  1.7  1.7  1.7  1.7 
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  Figure 9.5    Map of locations in the United States from which there are published measurements 
of gaseous and particle mercury species       
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 Here, TGM averaged 1.45-1.55 ng m -3  over an annual cycle in 2001-2002, which is 
on the low end of the range of commonly accepted northern hemisphere back-
ground concentrations (1.5-1.7 ng m -3 ). Concentrations were slightly (5%) higher 
in the summer and slightly higher (5%) when the winds were from the direction of 
the ocean and not the continent. Another set of TGM measurements in a pristine 
location were made from a ship in the subtropical Atlantic Ocean between Bermuda 
and Barbados. These data showed that TGM was also within the northern hemi-
spheric background value, averaging 1.63 ± 0.08 ng m -3  in the late summer of 2003 
(Laurier and Mason,  2007) . The lack of temporal variation in these data suggest 
that there was little influence from local or regional sources. 

 Other studies at remote and rural sites reveal average Hg 0  concentrations that are 
within the 1.5-1.7 ng m -3  range or slightly above. Hg 0  at Chesapeake Bay Laboratory 
(CBL), a rural site in the marine boundary layer, was 10% elevated relative to open 
ocean value (Laurier and Mason,  2007) . Short-term spikes in Hg 0  at CBL never 
exceeded 2.5 ng m -3 . Two deployments at CBL revealed average Hg 0  concentrations 
of 1.8 ng m -  3  in the fall of 2002 and 1.7 ng m -3  in the fall-spring 2003-2004. 
Speciated mercury measurements were made at Pompano Beach, Florida during 
June of 2000. The winds alternated from a clean marine sector that produced an Hg 0  
concentration of 1.6 ± 0.06 ng m -3  and a mixed flow regime that included some 
continental flow, which produced an Hg 0  concentration of 2.0 ± 0.4 ng m -3 . 

 Gaseous and particle mercury species along with some additional trace gases 
were measured at Look Rock during two field studies totaling 84 days in the spring 
and summer of 2004 (Valente et al.,  2007) . Look Rock is located just west of 
Smokey Mt. NP at 813 m a.s.l. Hg 0  averaged 1.65 ng m -3  over sampling period 
(spring/summer of 2004). Concentrations were slightly higher in spring. Hg meas-
urements were made at a rural site in Michigan (Dexter, MI) during selected times 
from 1999 to 2002 (Lynam and Keeler, 2005a). Hg 0  measurements at Dexter (80 
km west of Detroit) show an average concentration of 1.51 ng m -3  during the winter 
and 1.49 ng m -3  in the spring 2000-2001. Maximum concentration during winter 
was 4.39 ng m -3  and 1.94 ng m -3  in spring. TGM was measured at three locations in 
rural western New York State during the summers of 2000-2001 (Han et al.,  2004) . 
The northern (Potsdam) and southern (Stockton) sites revealed equivalent concen-
trations of 1.84 ng m -3 , but the central site was much higher (2.59 ng m -3 ). The 
authors suggest that the central site is closer to Hg point sources. 

 Furthermore, Hg 0  was measured at a rural site about 42 km to the east of Baltimore 
during 1997-1998 (Sheu et al.,  2002) . It essentially showed background values (1.7 
± 0.5 n g m -3 ) albeit with relatively high variability, representative of the regional 
signal. Not much seasonality was observed. Between 1992 and 1995, TGM was 
measured at a rural site in eastern Tennessee (Walker Branch Watershed) and 
produced an average value of 2.2 ng m -3  (Lindberg and Stratton,  1998) . Two large 
coal-fired power plants are located approximately 20 km away from the upland 
forested site, which suggests that there is a higher background signal at this site 
relative to others in the region. TGM was measured at Underhill Vermont during a 
complete annual cycle in 1993 (Burke et al.,  1995) . The average TGM concentration 
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was 2.0 ng m -3  with a maximum of 4.2 ng m -3 , suggesting that local sources were 
influencing these measurements.   

  9.2.2.2 Urban Locations (including mining areas) 

 Many studies have been carried out in urban and mining locations with the aim of 
assessing the impact of urban, industrial, and metal processing activities on mer-
cury air concentrations and deposition in the local environment. There have been 
measurements made in several major USA cites (Chicago, Detroit, Baltimore), 
some smaller cities (Tuscaloosa, Alabama), sites near industrial facilities (Georgia), 
and mining areas (central Nevada). One of the major questions is to address the 
great spatial and temporal heterogeneity that is commonly observed in atmospheric 
mercury when measured in and around these areas. 

 The emission of RGM from a mercury cell chlor-alkali plant cell building and 
the impact on near field (100 km) dry deposition was investigated from sites 
inside and around the facility over a 5 day study (Landis et al.,  2004) . Measurements 
in the cell building roof vent showed that RGM constituted 2.1 ± 0.7% of the 
concurrently measured Hg 0 . The percentage of RGM/Hg 0  at ambient monitoring 
sites 350 m (1.5%) and 800m (1.3%) away while being impacted by cell building 
emissions suggests the rapid deposition of RGM species. Previous estimates of 
the RGM% from the emissions in this sector done by the US EPA in the 1997 
Mercury Report to Congress were much higher (30%) compared to the 2% 
observed in this study. Even so, the authors calculate that the magnitude of dry 
deposition from this plant at a 10 km radius is around 50% (4.6 mg m -2  yr -1 ) of 
wet deposition (9.8 mg m -2  yr -1 ). A study confirmed that there can be large 
changes in the near-field environment on short time scales (Gildemeister et al., 
 2005) . TGM values in Detroit were 3-11 times higher than the rural site in Dexter 
Michigan (Lynam and Keeler, 2005a). TGM varied greatly and generally 
depended on meteorology conditions that favoured transport to the site. Another 
study in the Chicago/Gay urban area was investigated to determine its impact on 
atmospheric Hg concentrations and wet deposition in the Lake Michigan basin 
(Landis et al.,  2002) . Over the 1 ½ year period from 1994-1996, the TGM average 
concentration was 3.6 ± 2.9 ng m -3  and the maximum was 22 ng m -3  at the 
downtown Chicago site. These values are elevated and more variable relative to 
observations at other sites across the Lake Michigan Basin (rural site TGM = 2.2 
± 0.7 ng m -3 ). Using meteorological clustering, the authors concluded that prox-
imity to the industrial sources in the Chicago/Gary area were the cause of the 
elevated values. Elevated TGM concentrations were detected at a sampling site in 
downtown Baltimore (4.4 ± 2.7 ng m -3 ) (Sheu et al.,  2002) . When the air came 
from the SE, S and SW directions, the urban sampling site tended to be impacted 
by the local emission sources, with higher THg and PM concentrations detected. 
TGM measurements were also made in smaller cities, but TGM values at these 
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sites are often as high if not higher than in the largest cities. TGM measurements 
at Tuscaloosa, Alabama averaged 4.05 ng m -3  (maximum of 12 ng m -3 ) during the 
summer (Gabriel et al.,  2005) . As with the other studies, short periods of high 
concentration for all mercury species were found. TGM measurements in 
Richmond Indiana between 1992-1994 averaged 4.1 ng m -3 . Richmond is a small 
city on the Ohio border and situated nearby (60-120 km) several major coal-fired 
power plants (Lindberg and Stratton,  1998) . 

 TGM measurements were made at two arid-land rural sites in north-central 
Nevada, which is an area of diverse natural and anthropogenic mercury sources that 
include undisturbed and mining-disturbed enriched substrates, coal-fired power 
plants, ore processing facilities, and industrial facilities (Lyman et al., 2008). The 
TGM concentration averaged over all campaigns was 3.1 ± 1.7 ng m -3  at NV02 and 
2.57 ± 3.1 ng m -3  at NV99. The highly variable temporal behaviour of TGM was 
found to be influenced by both local substrate emission and transport from regional 
source areas. 

 In summary, the behaviour of TGM in the urban or near-source environment is 
quite different from its behaviour in the rural, remote, or pristine environment. 
At near-source areas the concentrations can be between 2-10 times higher than 
areas beyond about 40-120 km from the emission source, which can be considered 
the spatial extent of the term “local”. 

  9.2.2.3 Temporal Trends at Single Locations 

 Measurements of TGM and Hg in precipitation over at least two annual cycles can 
identify the temporal variation on annual and seasonal timescales. Since Hg is of 
special concern as an air pollutant and there have been efforts to remove Hg from 
stack emissions from some facilities, it is of great interest to know if emissions 
reductions cause an annual decrease in TGM concentrations and Hg deposition at 
sites downwind of the emissions sources. Also, determining the magnitude and the 
timing of seasonal changes in TGM and Hg in precipitation can constrain the Hg 
budget and help to identify natural processes that affect sources and sinks. 

 TGM concentrations were measured at Desert Research Institute in Reno, 
Nevada from 2002 to 2005 and averaged 2.3 ng m -3  (0.9-8.6 ng m -3 ) (Stamenkovic 
et al.,  2007) . The slope of the daily TGM concentrations at this site over the three 
year period showed a decrease of  ~ 6% per year, although the concentrations are 
highly variable suggesting near-field emissions sources (Figure  9.6 ).  

 Three main causes of short-term TGM enhancements were identified: 1) after 
rain events the soil and foliar emissions increase, 2) when the site intercepts an 
urban plume with high concentrations of co-pollutants, and 3) marked change in 
meteorological conditions (e.g. inversions). Seasonally averaged concentrations 
were found to be spring = 2.2 ng m -3 , summer = 2.2 ng m -3 , fall = 2.1 ng m -3 , and 
winter = 2.5 ng m -3 . These data agreed with the patterns for CO and NOx, but this 
does not necessarily mean that the major sources of TGM are from combustion. 
The likely cause of this pattern is the greater presence of inversions as well as 
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weakening atmospheric sinks for all species in winter. There was also significant 
diurnal variability in TGM (2.1-2.6 ng m -3 ), with a peak in the morning and gradu-
ally decreasing through the afternoon. A decreasing TGM annual average was also 
observed at a rural site (Chesapeake Bay Laboratory - CBL) near Baltimore/
Washington in the marine boundary layer (Laurier and Mason,  2007) . TGM was 
measured in 2003/2004 and also in 1998/1999. The mean for the earlier time period 
was 1.9 ng m -3  and 1.7 ng m -3  for the later time period and no seasonal variation 
was evident. TGM concentrations never exceeded 2.5 ng m -3  at this site, and 
showed little diurnal pattern. Hg in wet deposition was measured continuously for 
11 years (1993-2003) in the Lake Champlain basin at Underhill Vermont (Keeler 
et al.,  2005)  (Figure  9.7 ). There was considerable sample-to-sample and year-to-year 
variability due amount to variation in precipitation, temperature, and source receptor 
relationships. As a result of large variability, no increasing or decreasing trend was 
observed in either annual means of deposition or concentration. This is in contrast 
to what is observed for the record of sulphate deposition at Underhill, VT, which 
shows a decreasing trend due to emissions reductions of SO

2
 from coal-fired power 

plants. Hg in wet deposition also displayed a strong seasonal cycle (higher by 4-6 
times in May-September), which suggests that atmospheric removal processes play 
a large part in determining the variability of Hg in wet deposition, as opposed to 
seasonally varying sources of TGM.  

  Figure 9.6    Time series plot of average daily concentrations of TGM measured at Desert Research 
Institute (Reno, Nevada) from 2002 to 2005. Fitted trend equation for all data: y = 2.3–0.00013t (in 
days). Letters indicate potential sources/causes of elevated TGM (a) following precipitation), atmos-
pheric signature of pollution plumes (b), elevated NOx, CO or PM10 concentrations), marked 
change in meteorological conditions (c), change in barometric pressure), or no specific indicator (d). 
Asterisks denote periods of unusually low TGM (Stamenkovic et al., 2005)       
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 In summary, there is some evidence that TGM at a rural location on the eastern 
seaboard downwind of major urban and industrial centers is decreasing and this 
decrease is likely due to cutbacks in the USA emissions. At more remote sites, there 
appears to be little change, and Hg is likely controlled by the northern hemispheric 
pool. However, the temporal dynamics of TGM and Hg in wet deposition are 
complex, with the magnitude of diurnal and seasonal changes often being larger 
than annual changes.  

  9.2.2.4 Monitoring Networks and Trends 

 Recognizing that TGM and Hg in wet deposition are spatially heterogeneous, 
several studies have aimed to set up monitoring networks in order to compare trends 
between sites in the same region, between regions, and to determine the influence 
of local and regional emissions sources. There is also interest in understanding the 
processes that contribute to Hg variability on a diurnal, weekly, seasonal, and 
annual basis. The largest, most ambitious network of sites is the MDN, which has 
sites across the USA that collect weekly precipitation samples and measure 
dissolved Hg (Figure  9.8 ). Some sites are co-located with Nation Trends Network 
(NTN) sites which measure concentrations of the major ions in precipitation (SO 

4
  2- , 

NO 
3
  - , Na + , Cl - , etc.) (Figure  9.9 ).   
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  Figure 9.7    Monthly Total Hg wet deposition at Underhill, VT (Keeler et al.,  2005)        
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  Figure 9.8    Total mercury concentration from the Mercury Deposition Network in 2006       

  Figure 9.9    Sulfate concentration from the National Trends Network in 2006       
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 The spatial pattern of Hg concentrations in wet deposition has some aspects that 
have been difficult to reconcile based on known sources and removal processes. For 
example, there are high mercury concentrations in Florida, where there are few 
mercury sources, and there are relatively low concentrations in Pennsylvania and 
Ohio, where there are many coal-fired power plants. Clearly the total mercury 
and sulphate concentration patterns do not agree in these regions, suggesting that 
sulphate is not a good proxy for Hg and that removal processes (not only proximity 
to sources) are important in determining Hg deposition patterns. 

 One study using MDN Hg wet deposition data in which spatial and temporal 
trends were evaluated, focused on 13 MDN stations in the north eastern USA 
(1996-2002) and the Underhill Vermont event-based monitoring site (1993-2002) 
(Vanarsdale et al.,  2005) . It was found that mercury deposition and concentrations 
are not uniform across the region, and that distinct depositional sub-regions could 
be identified. These sub-regions in order of decreasing deposition are: sites to the 
south and west that are more influenced by large urban/industrial areas, maritime 
influenced sites, and northern inland sites. Each site was characterized by a large 
amount of week to week and seasonal variability with the highest concentration and 
deposition generally occurring in the spring and summer. Because of this high 
variability, no increasing or decreasing trend in annual mean deposition or concen-
tration was evident at any site. “Enhanced” mercury deposition weeks (> 250 ng m -2 ), 
which may occur only a few times during the year, were found to contribute a large 
portion of the annual mercury loading (20-60%) at most sites (Figure  9.10 ). Thus, 
Hg deposition in this region can be thought of as being episodic, although whether 
these episodes are driven by sink processes (oxidation/scavenging) or the influence 
of pollution plumes is not well understood.  

 In the state of Connecticut, USA, a TGM monitoring campaign was conducted 
from January 1997 to December 1999 (Chen et al., 2004; Nadim et al., 2001). 
The three-year mean TGM concentration was 2.08 ng m -3  across all 8 sites. Most 
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  Figure 9.10    The relationship between the annual occurrence (sum) of high mercury deposition 
weeks (>250  ng m  -2 ) and the average annual deposition for those weeks for 13 MDN monitoring 
sites located in northeast North America (Van Arsdale et al., 2005)       
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sites displayed mean concentrations slightly above 2 ng m -3 , but one site (Waterbury) 
had a mean close to 4 ng m -3 . This anomaly is assumed to be caused by the close 
proximity of industrial Hg sources at Waterbury. At all sites, the annual mean 
concentration had no significant differences among the three years of measurements. 
In the state of Connecticut, USA, a TGM monitoring campaign was conducted 
from January 1997 to December 1999 (Chen et al., 2004; Nadim et al., 2001). 

 In another study, TGM and Hg in wet deposition were measured at several sites 
around Lake Michigan in order to determine the influence of emissions in the 
Chicago area (Landis et al.,  2002) . The largest difference in Hg concentration in 
wet deposition was between the downtown Chicago site (IIT) and remote northern 
Lake Michigan site (SBD). 

 The IIT mean summer Hg concentration was  ~ 23 ng L -1  while the SBD summer 
mean was  ~ 12 ng L -1 . The IIT site was elevated relative to all other sites in all 
seasons except winter, when inter-site differences were small. SBD (northern Lake 
Michigan) was much lower than all sites in every season except spring. Particulate 
Hg was much higher at IIT (70 pg m -3 ) relative to other sites (12-24 pg m -3 ). TGM 
concentrations were 2.0-2.2 for all sites and 3.6 ng m -3  at IIT. The impact of anthro-
pogenic emissions from the Chicago/Gary area on wet deposition flux of mercury 
to Lake Michigan was modelled and is shown in Figure  9.11 . Here it can be seen 

  Figure 9.11    Estimated over-water wet deposition flux (July 1, 1994-October 31, 1995) (Landis 
and Keeler,  2002) . The annual mean wet deposition value and total Hg deposited to the lake during 
the study period is shown at the bottom of the figure       
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that there is a factor of 3 difference between fluxes near Chicago and at the central/
northern end of the lake.  

 An early study employing sites across Florida and in the Everglades measured 
TGM and Hg in rainfall between 1992-1994 (Pollman et al.,  1995 ; Gill et al.,  1995) . 
The amount of Hg wet deposited shows a strong seasonal pattern with 2-3 times 
higher concentrations and 4-6 higher deposition in April-September. This pattern 
along with the lack of a spatial gradient in TGM or rainfall Hg, suggests that deposition 
is driven by large-scale regional processes as opposed to local emission/deposition 
processes. Chemical and/or photochemical processes in the atmosphere likely produce 
the high levels of summer time Hg in rainfall. The pattern of TGM concentrations 
was consistent with a lack of strong point sources. TGM across all sites had a mean 
concentration of 1.64 ng m -3  (n=191), and no spatial or temporal gradients were 
observed. 

 In summary, it seems that not enough attention has been focused on monitoring 
networks in the USA due to the difficulty and cost in carrying out sensitive meas-
urements at many sites simultaneously. The MDN is essential for understanding the 
spatial and temporal patterns of Hg in wet deposition, but without at least TGM 
measurements (and speciated Hg measurements would be the best) in conjunction 
with precipitation measurements, little can be inferred about the processes responsible 
for controlling Hg deposition. It is not well understood, for example, which sites 
would respond most quickly to emissions reduction in various industrial sectors (e.g. 
coal-fired power plants, incineration, mining, manufacturing, etc.), or if enhanced 
deposition events are independent of local or regional sources and supplied predominantly 
by the global Hg pool being caused by natural variations in photochemistry and 
meteorology. The few studies that have both speciated Hg measurements as well as 
Hg in wet deposition suggest that Hg in deposition can vary by 2-fold between an 
urban and a rural site, TGM might vary by 50-75%, and PM may vary 5-10 fold 
between sites.  

  9.2.2.5 Mercury Speciation Analysis 

 In most cases, TGM and Hg in wet deposition measurements provide only part of 
the story concerning the advection of Hg from point sources and the natural air-
surface cycling of Hg. Speciated Hg measurements include the longer lived Hg 0 , 
and the shorter lived RGM, and PM, and these data can provide a wealth of infor-
mation on the locality of sources and sinks, boundary-layer/free-tropospheric 
dynamics, and rapid air-sea exchange. 

 Since the late 1990s it has been possible to make accurate measurements of 
RGM and PM, and since the early 2000s, automated instruments have been available 
that can be operated unattended at remote sites. 

 Some of the important questions that have been investigated are 1) what is the 
importance of RGM formation in the marine boundary layer as a way of cycling Hg 
between the air and sea? 2) What is the diurnal pattern of RGM and PM? 3) What 
are the spatial distributions of these species, especially in close proximity to urban/
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mining areas? 4) How do clouds, boundary layer dynamics and exchange with the 
free troposphere affect the concentration RGM? 5) Are there detectable longer-term 
changes in RGM or PM that suggest reductions in local emissions? 

 At two sites in Maryland and on a cruise in the subtropical Atlantic Ocean, 
the behaviour of RGM and PM in three environments was investigated during 
2002-2003: open ocean, coastal, and urban (Laurier and Mason,  2007) . RGM 
showed a distinct diurnal cycle at all sites, especially over the open ocean, where it 
is believed there is active recycling of Hg between air and water (oxidation by OH 
and halogens followed by rapid dry deposition of RGM, reduction to Hg 0  and sub-
sequent evasion to replenish the MBL with Hg 0 ). Open ocean RGM ranged between 
0-25 pg m -3 , and was generally negatively correlated with O 

3
 , that is, the conditions 

that destroyed O 
3
  were responsible for producing RGM (assumed to be the presence 

of halogens and/or OH). At the rural coastal site (CBL), RGM showed a daytime 
average of 13 pg m -3  and a night time average of 6 pg m -3  (maximum value = 113 
pg m -3 ). These values are higher than what was observed over the ocean. The RGM 
daily peak at CBL generally occurred with the solar maximum under low wind 
speed conditions, suggesting the importance of in situ production. RGM and Hg 0  
were seen to be occasionally elevated simultaneously at CBL, which was never 
seen over the open ocean. This is likely due to the occasional advection of polluted 
air to the site. High O 

3
  days generally produced elevated RGM, although the cor-

relation was weak. No significant peaks of RGM were associated with clean marine 
air. RGM was very low during precipitation events. RGM variability at the coastal 
site is largely explained by photochemical production and dry deposition, with 
other factors such as advection from sources and changes in boundary layer height 
making minor contributions. Urban RGM concentration averaged 16.9 pg m -3  
(down from 89 pg m -3  in 1997/98), suggesting a long-term reduction in point source 
emissions. RGM reached concentrations of > 200 pg m -3  at the urban site, occurring 
at night, probably a result of local inputs into a shallow nocturnal boundary layer. 
Another interesting observation was that RGM was generally depleted to zero 
during precipitation events at CBL but not at the urban site. This can be explained 
by the fact that higher concentrations at the urban site are not completely scavenged 
by precipitation, but that the lower concentrations at CBL are effectively drawn 
down to near zero. 

 Semi-continuous measurements of Hg 0 , RGM, and PM were made throughout 
2003 in Detroit, Michigan, where significant seasonal and diel cycles were 
observed. Hg 0  and RGM were elevated in the warm months, whereas PM was 
higher in the winter. RGM displayed a diel cycle that had a daytime maximum and 
Hg 0  and PM were higher at night, generally being inversely correlated with RGM 
(Figure  9.12 ). Multivariate and probability function analysis of Hg spikes with 
other parameters (ozone, SO 

2
 , meteorology) revealed that both local and regional 

sources, in addition to boundary layer dynamics, were important in controlling 
mercury behaviour. The finding that each Hg species had their distinct seasonal and 
diurnal patterns suggests that the dry and wet deposition of Hg in Detroit and the 
surrounding area may also vary significantly across different seasons and throughout 
the day, highlighting the importance of conducting long-term highly time-resolved 



254 R. Ebinghaus et al.

measurements in urban areas that potentially have more Hg source contributions to 
the surrounding areas.  

 Earlier efforts by the Keeler group made automated speciated Hg measurements 
at a rural (Dexter, Michigan) and an urban (Detroit, Michigan) site between 1999 
and 2002 (Lynam and Keeler, 2005a). Median RGM at the rural site was 2-3 pg m -3  
(max = 38.7 pg m -3 ), was not correlated with Hg 0  in winter and weakly negatively 
correlated with Hg 0  in the spring. Poor correlations between Hg 0  and RGM at both 
sites, suggest multiple sources and/or different sinks for these species. Particulate 
Hg showed a range of 5-60 pg m -3  in Detroit. Precipitation and dew caused a 
decrease in concentration of both species, which was also observed in the 
Chesapeake Bay-Baltimore studies (Laurier and Mason,  2007) . The diurnal cycle 
in Detroit is much less pronounced than Dexter, with significant amounts of RGM 
and PM present during the night time hours (presumably due to the trapping of 
nocturnal emissions and transport). 

 Higher RGM/PM ratios occurred under drier upper altitude air from the east with 
fewer point sources and urban areas, whereas lower RGM/PM ratios occurred with 
wetter low level air from the west, which picked up pollutants from the Chicago 
area. There was some evidence that high ozone episodes in the Detroit/Dexter region 
caused enhanced RGM (simultaneous afternoon peak in both species). Additionally, 
there was a slight negative correlation between Hg 0  and O 

3
 , suggesting photochemical 

depletion of Hg 0 , which produced RGM. However, high ozone conditions (> 80 ppb) 

  Figure 9.12    Diurnal variation of Hg species (median concentrations) in Detroit (2003) (Liu et al., 
 2007)  Note the inverse relationship between RGM and Hg 0 . Hg(p) has the least amount of diel 
variability       
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also produce a positive sampling bias in the PM measurements on KCl denuded 
filters versus undenuded filters (Lynam and Keeler,  2005) . 

 The marine boundary layer was determined to not be a source of Hg 0  or RGM 
at Pompano Beach, Florida, during June of 2000 (Malcom et al., 2003). Higher 
mercury concentrations were correlated with HNO 

3
  and SO 

2
 , suggesting urban and 

industrial sources on land. Hg(p) concentrations were higher than can be explained 
by sea spray alone suggesting that gaseous Hg is diffusing into the sea salt aerosol. 
This suggests that deposition of aerosols enriched in Hg via this process may con-
stitute a significant global mercury flux to the oceans. 

 RGM and PM measurements were made in two contrasting south-eastern USA 
airsheds (Cove Mountain, Tennessee, and Tuscaloosa, Alabama) during the summers 
of 2002 and 2003 (Gabriel et al.,  2005) . A comparison of mercury species concentration 
shows that the urban site has much higher mean PM concentrations (16.4 vs. 9.73 pg m -3 ), 
but mean RGM concentrations between the two sites are roughly equivalent (16.4 pg 
m -3 ). There was a stronger dependence between RGM and wind speed at Cove Mtn. 
suggesting a greater role of boundary layer dynamics and free tropospheric exchange 
in controlling RGM. The maximum RGM concentration at Tuscaloosa was much 
higher (162 pg m -3 , with higher variability overall) than Cove Mtn. (58.1 pg m -3 ), 
suggesting that local point sources of Hg were impacting the urban site. At Cove Mt. 
there was a small diurnal cycle in RGM with a maximum in the midday, similar to 
other remote sites. No diurnal cycle was apparent at Tuscaloosa, similar to other urban 
sites. At another site in the south eastern USA (Look Rock, Tennessee) in the spring 
and summer of 2004, Valente et al.  (2007)  observed RGM and Hg(p) means of 5 and 
7 pg m -3 , respectively. These are lower concentrations than what were seen at other 
sites in the region (Gabriel et al.,  2005 ; Lindberg and Stratton,  1998) . Hg (II)  species 
were found to account for < 1% of TGM. 

 Urban and rural sites were sampled for RGM and PM along the coast of 
Chesapeake Bay and in Baltimore (Sheu et al.,  2002) . One year of data collected at 
Stillpond (rural) showed that RGM averaged 24 pg m -3  in 1997 and 21 pg m -3  in 
1998. PM at Stillpond for 1997 was 39 pg m -3  and for 1998 was 61 pg m -3 . There 
was no seasonal pattern in RGM at Stillpond, but for PM there were higher values 
in the colder months, suggesting that reactive mercury species favour the condensed 
phase under colder temperatures. One site in the study (Curtis Creek) displayed the 
highest mean RGM concentration (385 pg m -3 ), mean PM concentration (715 pg 
m -3 ), and mean Hg 0  (6.1 ng m -3 ), evidently reflecting near field contamination. 
RGM + PM as a percentage of TGM varied between 2-19% among sites. Because 
of the high concentration of RGM, annual dry deposition fluxes at the most polluted 
site was calculated to be as high as wet depositional fluxes. 

 Speciated mercury measurements were made in the Pacific Northwest in the 
marine boundary layer at Cheeka Peak, Washington (Weiss-Penzias et al.,  2003) , and 
in the free troposphere at Mount Bachelor, Oregon (Swartzendruber et al.,  2006) . 
These locations show very different behaviours of RGM and PM. At Cheeka Peak 
RGM and Hg(p) were very low (0 - 2.7 and 0 - 2.9 pg m -3 , respectively), mostly due 
to frequent cloudiness and precipitation. Occasional wind-shifts to continental direc-
tions (downwind of Seattle and Vancouver) would cause RGM and PM to increase to 
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10-20 pg m -3 , much lower than what is seen downwind of eastern USA cities. 
At Mount Bachelor, RGM is quite elevated under certain meteorological conditions 
that bring high-pressure subsidence under high UV conditions (summer). These episodes 
were clearly marked by dry air at night generally accompanied by higher O 

3
  and a 

decrease in Hg 0 . There is a nearly quantitative shift in speciation with an increase in 
RGM and a loss of Hg 0  under subsidence conditions. RGM concentrations as high as 
600 pg m -3  were observed. Mean RGM concentration at night (n = 203) was 60 pg m -3  
and the daytime mean (n = 527) was 39 pg m -3 , in contrast to other studies that show 
an RGM maximum at solar noon. PM concentrations for day and night at Mount 
Bachelor were equivalent ( ~ 4.4 pg m -3 ), indicating that RGM was being formed and 
unable to condense to particles under these dry air conditions. 

 In summary, given the available knowledge of speciated mercury, it can be concluded 
that RGM in situ formation is very important in both the marine boundary layer under 
cloud-free conditions, and in the free troposphere, where concentrations reach those 
of the most polluted urban atmosphere. Additionally, because of the diurnal nature of 
photochemistry and boundary layer/free tropospheric exchange, RGM and to a lesser 
extent Hg 0  and PM generally have prominent diel cycles. Superimposed on the natural 
variability is the episodic nature of advection of more or less polluted air masses to a 
sampling site from urban/industrial/mining sources. With regard to long term changes 
in RGM or Hg(p) concentrations, the data do not go back far enough or have sufficient 
spatial coverage to really address this question.  

  9.2.2.6 Mercury Measurements Related to Emissions and Source Attribution 

 In an effort to understand the relative importance of anthropogenic and natural 
emissions of airborne Hg, several studies have attempted to calculate Hg fluxes 
from source regions. This is primarily done by directly measuring fluxes (usually 
from enriched surfaces) using flux chambers, or by correlating Hg enhancements 
in plumes to other tracers whose emissions are known (CO). Source attribution for 
Hg in precipitation has been done using variations on principal component analysis 
using other elements as tracers of Hg emission types. Other studies, which are less 
quantitative, have used back trajectories and meteorological cluster analysis to 
provide weight-of-evidence for the causes of Hg enhancements in gaseous and 
precipitation samples. 

 In two recent studies, total airborne mercury and CO were measured in 22 pol-
lution transport “events” at Mount Bachelor (2800 m a.s.l.) between March 2004 
and September 2005 (Weiss-Penzias et al.,  2006 ;  2007)  (Figure  9.13 ). East Asian 
industrial events yielded a DTGM/DCO enhancement ratio of  ~ 0.005 ng m -3  ppb 

 v 
 , 

whereas plumes from western USA anthropogenic sources and from biomass burning 
in the Pacific Northwest and Alaska gave a ratio of  ~ 0.001 ng m -3  ppb 

 v 
 . Thus, the 

DTGM/DCO ratio is an important distinguishing feature of Asian long-range transport. 
Scaling these ratios with estimated emissions of CO from China and global biomass 
burning, an emission of 620 Mg yr -1  is calculated for total mercury emissions from 
Chinese anthropogenic sources and 670 Mg yr -1  for global biomass burning.  
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 In a related study, the Hg 0 /CO molar enhancement ratio was observed in pollution 
plumes at Okinawa, Japan and produced a value of 6.2 × 10 -7  mol/mol (0.0056 ng 
m -3  ppb 

 v 
 ) (Jaffe et al.,  2005) . These plumes were identified to have originated in the 

industrialized region of eastern China, and they produced a similar ratio to those 
observed at Mt. Bachelor. This implies that there should be the same molar ratio of 
Hg 0  and CO emissions in China. However, recent Chinese emissions inventories are 
a factor of two lower than the ratio in the plumes. Likely explanations for this 
discrepancy are 1) Chinese Hg emissions have been underestimated, 2) there are 
large natural sources of Hg that are not accounted for and, 3) Hg 0  emissions in 
China make up larger fraction of the inventory and the shorter lived RGM and PM 
are less important. Speciated measurements were also made at Okinawa and 
revealed no correlation between CO (a marker of Asian outflow) and RGM or PM. 
This suggests that the marine boundary layer and the presence of clouds and pre-
cipitation at Okinawa effectively scavenges these reactive Hg species. Thus, the 
question remains as to the spatial extent of RGM and PM transport from point sources. 

 Another study also employed the Hg/CO molar enhancement ratio, this time in 
smoke plumes from large temperate forest wildfires and a wheat stubble fire which 
burned in August 2001 as sampled by the University of Washington’s Convair 580 
research aircraft (Friedli et al.,  2003) . TGM concentrations as high as 7.5 ng m -3  
were observed in smoke plumes. Hg was in its elemental form (95%) with the 

  Figure 9.13    Scatter plot of total airborne mercury (TAM) vs. CO measured during 22 pollution 
events at Mt. Bachelor Observatory, Oregon during 2004-2005. The events are categorized at 
Asian long-range transport (ALRT), and biomass burning from Alaska or the Pacific Northwest. 
(Weiss-Penzias et al.,  2007)        
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remaining fraction in the particulate form. TGM was linearly correlated with CO 
and using known emission factors (EF) for CO, an EF for TGM was calculated to 
be 113  m g Hg kg -1  of fuel. From these data, an estimate of 3.7 Mg of Hg per year 
from North American temperate forests was generated based on burn area estimates 
between 1997-2001. Agricultural waste burning is estimated to contribute 20 Mg yr -1  
worldwide, but this number is highly uncertain. 

 Five years of wintertime TGM measurements at a background site in Connecticut 
were combined with measurements of CO2 as a regional combustion tracer in order 
to investigate regional Hg emissions (Sigler and Lee,  2006) . A 20% decrease in Hg 
emissions between 1999/2000 and 2001/2002 was found to be not fully explainable 
by climatological changes in air mass transport, but rather a significant correlation 
was seen with interannual changes in the emissions from the power sector in the 
region. The Hg flux from the power sector was calculated to account for 47-75% of 
the atmospheric flux, yet if 50% or more of the Hg emitted by power sources is 
RGM and PM and deposits locally, then the power sector can only account for 
23-40% of the observed elemental Hg flux to the atmosphere. This suggests that 
there are other important unaccounted for elemental mercury sources in the region, 
or that there is significant reduction of Hg (II)  in the power plant plumes. 

 Beginning in the fall of 2002, measurements were made in Steubenville, Ohio as 
part of a multi-year comprehensive mercury monitoring and source apportionment 
study to investigate the impact of local and regional coal combustion sources on 
atmospheric mercury deposition in the Ohio River Valley (Keeler et al.,  2006) . Using 
multi-variate component analysis involving numerous trace metals, coal combustion 
was found to be the source of  ~ 70% of Hg in wet deposition in Steubenville Ohio. 
The volume-weighted mean Hg concentration over a 2 year period was 13.7 ng L -1 , 
2-3 times higher than what is observed in Wisconsin and the north-eastern USA. 

 Source-receptor relationships for Hg and other trace elements wet deposited in 
south Florida were investigated using daily event precipitation samples collected 
concurrently at 17 sites from August 6 to September 6, 1995 (Dvonch et al.,  2005) . 
A multivariate receptor modeling approach found municipal waste incineration and 
oil combustion sources to account for 71 ± 8 % of the Hg wet deposited at five 
Florida Everglades sites. A similar analysis of a year-long record of event samples 
(June 22, 1995-June 21, 1996) collected at Davie, FL, found 73 ± 6% of the Hg wet 
deposited to be accounted for by local anthropogenic sources. 

 In another study, size segregated Hg(p) measurements were made at several 
urban sites in Detroit, Michigan, in 1996 (Gildemeister et al.,  2005) . One site (LIV) 
is located in heavily industrialized section of Detroit near coal-fired power plants, 
iron and steel smelting, and coke production. This site observed the highest mean 
concentrations of TGM (2.8 ng m -3 ) and PM (54 pg m -3 ) compared to less industri-
alized sites. PM in the coarse mode made a median daily contribution of 37% of 
total Hg(p) at the LIV site compared to a median daily contribution of 20% at the 
rural site. This suggests that industrial sources are impacting the local environment 
and the impact lessens with a greater distance away from the source. Other studies 
have been less quantitative but are able to show using back trajectories and cluster 
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analysis that higher concentrations are observed in gaseous or precipitation samples 
that have been impacted by anthropogenic Hg emissions regions. 

 Event wet-only precipitation, total particulate, and vapour phase samples were 
collected for Hg, and trace element determinations from five sites around Lake 
Michigan from July 1994 through October 1995 as part of the Lake Michigan Mass 
Balance Study (LMMBS) (Landis et al.,  2002) . The cluster modelling results indicate 
that urban and industrial sources in the Chicago area were contributing to enhanced 
Hg in precipitation and PM concentrations across the entire Lake Michigan basin. 
Rain water measurements at marine and inland sites in central California show that 
higher Hg concentrations were associated with back trajectories that stayed the 
20-40 o N range across the Pacific, suggesting a contribution from Asian sources 
(Steding and Flegal,  2002) . 

 The Nevada Study and Tests of the Release of Mercury From Soils (STORMS) 
project focused on the measurement of mercury emissions from a naturally enriched 
area (Gustin et al.,  1999) . Hg 0  measurements were as high as 200 ng m -3 , indicating 
large local sources. Fluxes were quite variable due to site heterogeneity, but ranged 
from 50 to 360 ng m -2  hr -1 . This represents an increase in the magnitude of natural 
soil flux by 10-100 times over previously held values. 

 Finally, to assess the sources, transport and deposition of atmospheric Hg in 
Michigan, a multi-site network was implemented in which Hg concentrations in 
event precipitation and ambient samples (vapor and particulate phases) were deter-
mined (Hoyer et al.,  1995) . Elevated Hg concentrations at all rural sites were associated 
with air mass transport from the west, southwest, south, and southeast. The most 
northern site (Pellston, MI) had the lowest concentration of vapor phase Hg and 
precipitation Hg.   

  9.2.3 Measurements of Air Concentrations in Mexico 

 Short term field measurements of TGM concentration in ambient air were undertaken 
at 4 locations in Mexico in 2002 in order to characterize mercury concentration in 
areas contrasting in mercury sources and exposure. Locations and dates of sampling 
are provided in Table  9.9 . TGM was measured using a Tekran 2537A mercury 
vapour analyser using a 5 min sampling interval. Mexico City is a large urban/
industrial city consisting of a mixture of residential and industrial activities. 
Zacatecas is a smaller semi-urban centre with a prolonged history of gold and silver 
mining activities which have traditionally involved mercury amalgamation processes 
in metal extraction. Mine tailings are a dominant feature in and around Zacatecas 
and several brick manufacturing facilities are located in the vicinity. Brick manu-
facturers use the mine tailings as a raw material in the manufacture of bricks.  

 The other two sites were selected to provide more regionally representative 
assessments of mercury concentrations in ambient air at locations having little or 
no known exposure to substantial anthropogenic sources of mercury. Puerto Angel 
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is a very small rural village located on the Pacific coast several hours drive south 
west of Mexico City. Puerto Angel is a small fishing village and undeveloped beach 
resort area. Huejutla is located well to the northeast of Mexico City and is a small 
rural centre. In addition to measurements of TGM, Puerto Angel and Huejulta were 
also selected as MDN sites to assess regionally representative concentrations of 
mercury in precipitation. Mexican MDN site descriptions are given in Table  9.10 .  

  9.2.3.1 Remote Locations 

 TGM concentrations measured at Puerto Angel and Huejutla were consistently at 
or slightly below the expected hemispheric average concentration ( ~ 1.5 ng m -3 ) and 
showed very little variability over the brief sampling period of a few days indicating 
that these two remote sites were not subject to any significant anthropogenic 
sources of mercury. Slightly lower values may indicate slight TGM depletion 
through depositional processes since both sites are surrounded by dense forests and 
subject to frequent moisture through rain and cloud water impaction (Huejulta) and 
rain and possibly marine advection fog (Puerto Angel). TGM concentrations 
between Puerto Angel and Huejulta were not statistically different (de la Rosa et al. 
 2004)  (Table  9.11 )  

 Mercury concentration in precipitation at these 2 remote sites had similar annual 
average precipitation mercury concentrations between 11 and 12 ng L -1  (Table  9.12 ) 
although concentrations were somewhat more variable between weekly composite 
samples. These concentrations are well within the range of concentrations observed 
at other sites in North America.   

  Table 9.9    Site description and sampling dates for measurements of TGM in air in Mexico    

 Site  Sampling Date  Lat - Long  Elevation  Description 

 Zacatecas  Sep 17-20 2002  22 o  44’N 102 o  28’W  2420 m  mining legacy 
 Mexico City  Oct 18-21 2002  19 o  21’N 99  o  04’W  2240 m  large urban 
 Puerto Angel  Oct 16-18 2002  16 o  47’N 96  o  28’W  13 m  rural-remote 
 Huejutla  Oct 20-23 2002  21 o  08’N 98  o  25’W  172 m  rural-remote 

 Station  Puerto Angel   (OA02)   Huejutla   (HD01)  

 Location  Pochutla County, Oaxaca  Huejutla de Reyes County, 
Hildago 

 Dates of Operation  9/28/2004 - 10/11/2005  10/26/2004 - 11/29/2005 
 Latitude  15.65  21.1583 
 Longitude  -96.4833  -98.3706 
 Elevation (m)  110  180 

  Table 9.10    Location and sampling dates for Puerto Angel and Huejulta MDN sites in Mexico 
(adapted from NADP-MDN)    
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  9.2.3.2 Urban Locations (Including Mining Areas) 

 TGM concentrations measured in Mexico City and Zacatecas stand in direct contrast 
to those measured at the 2 rural remote sites. Mexico City TGM averaged 9.8 ng m -3  
with concentrations reaching 34 ng m -3 . Higher mean concentrations and variability 
are clearly related to varying exposures to anthropogenic mercury sources typical of 
many large, heavily populated urban-industrial centers. However, the largest average 
and maximum TGM concentrations were observed in Zacatecas which is a much 
smaller urban area with substantially more limited industrial development compared 
to Mexico City. There is little doubt that the long history of mining precious metals 
and the legacy of mercury used in the amalgamation process is reflected in ambient 
TGM concentrations. Mine tailings are found extensively in the area and the release 
of mercury into the air may be further exacerbated by the use of the tailings material 
in the manufacture of bricks which are baked at high temperatures during their 
manufacture. TGM measurements were not made adjacent to any brick manufacturing 
facility and would be representative of concentrations found in and around the town. 
TGM concentrations were significantly different (p < 0.01) between sites and signifi-
cantly different from the two remote sites (de la Rosa et al.,  2004) .    

  9.3 Measurements of Air Concentrations in South America  

 Relatively few observations of atmospheric Hg have been carried out in South 
America or Mexico. The few observations to date have mostly been carried out near 
to, or downwind of, major sources. This includes mining, industrial facilities and 

  Table 9.11    Summary of TGM concentrations  (ng m   -3   )  measured at 4 loca-
tions in Mexico    

 Site  Mean  Min  Max  St Dev  n 

 Zacatecas  72.  0.26  702.  82.  742 
 Mexico City  9.8  2.8  34.  4.0  1148 
 Puerto Angel  1.46  0.76  2.45  0.4  546 
 Huejutla  1.32  1.13  2.93  0.3  701 

  Table 9.12    Summary of annual mercury concentration 
(   ng L-1     ) in precipitation between Oct 2004 to Oct 2005 at 
2 rural-remote locations in Mexico    

 Site  Mean  Min  Max  St Dev  n 

 OA02  12.0  9.02  1.33  39.1  10.1 
 HD01  10.8  8.42  3.21  40.8  7.91 
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biomass fires. For nearly all South American observations, measured Hg 0  concentrations 
were substantially greater than the accepted global background level. Relatively 
few publications have converted the observed air concentrations into an emission 
flux. One emission inventory for Hg emissions associated with gold mining has 
been conducted using estimated gold production and an Hg emission factor. This 
inventory suggests that gold mining is the largest source of TGM to the atmosphere 
in South America. At present, there is no information in South America or Mexico 
that can be used to establish long-term trends. 

  9.3.1 Urban Locations (including mining areas) 

 Widescale mining has occurred in the Amazon Basin since at least the 18th century 
(e.g. Hachiya et al.,  1998 ; Higueras et al., 2005 and references therein). Associated 
with current and past operations, a number of researchers have examined the TGM air 
concentrations in mining regions. Hachiya et al.  (1998)  sampled in urban and rural 
areas of Brazil near several tributaries of the Amazon river. Samples were collected 
on gold coated quartz. Hg analysis was carried out in the lab by desorption and UV 
absorbance. Urban areas sampled included Rio de Janero, Manaus and Brasilia, 
where concentrations up to 10 ng m -3  were found. Adjacent to mining areas concentra-
tions up to 16 ng m -3  were found. In some gold workshops, very high levels of TGM 
were found (max 3.7 ng m -3 ). 

 Amouroux et al.  (1999)  sampled at several sites in two Amazon basins of French 
Guiana. These sites were also strongly influenced by current and past mining activities. 
TGM samples were collected on gold coated quartz, with analysis in the lab by 
desorption and ICP-MS. High TGM concentrations were found and attributed to 
nearby illegal gold mining. Concentrations were highest at midday and lower at 
night. The authors attributed this to influence from lake-air exchange. Concentrations 
were much higher in the Petit Inini River Basin site (mean 15.0 ng m -3 ), compared 
to the Petit Saut Lake (2.8 ng m -3 ), which the authors attributed to mining sources. 

 De la Rosa et al.  (2004)  sampled at four sites in Mexico for a few days at each site. 
The authors measured TGM using a Tekran 2537a instrument and standard calibration 
methods. High values and high variability were found at the Mexico City and Zacatecas 
sites, suggesting strong nearby sources. Mean Hg values at Zacatecas were very high at 
71.7 ng m -3 , whereas the Mexico City site was not as elevated (9.8 ng m -3 ). At two rural 
sites, mean TGM values were near accepted global background concentrations (1.46 
and 1.32 ng m -3 ). Brick manufacturing, using mining waste, and mining tailings were 
attributed by the authors as the most likely source of high Hg at the Zacatecas site. 

 Higueras et al.  (2005)  sampled along roads in the Coquimbo region of Northern 
Chile using a Lumex RA-915+. Their sampling took them past several major ore min-
ing and processing operations for gold and other metals (e.g. Hg, Cu and Mn). Very 
high concentrations of TGM were found in these current and historical mining regions 
(some mining back to 16th century). Extreme TGM concentrations, up to nearly 100 
µg m -3  were observed at some gold recovery operations (milling and amalgamation). 
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 Fostier and Michelazzo  (2006)  sampled at two sites in Sao Paulo state, Brazil, 
near the Paulínia industrial area. Hg samples were collected on Au coated quartz 
sand followed by desorption and CVAFS detection in laboratory. Samples for TPM 
analysis were also collected on quartz fiber filters. Sampling was conducted for 
about 5 days at each site during both the rainy and dry seasons. The two sites had 
an overall mean TGM concentration of 7.0 ng m -3 , with no significant difference 
between the two sites. There was evidence for a diurnal cycle, with higher TGM 
concentrations during the day. The enhancement in TGM, compared to the global 
background, was attributed to the wide array of industrial sources in the area. 
Concentrations of TPM were high, 400 pg m -3 . Based on the sampling methodology, 
this high value likely includes some contribution from RGM sticking to the filters 
or particulate matter on the filters. 

 Garcia-Sanchez et al.  (2006)  measured soil and air concentrations along with some 
height profiles in the El Callao region of Venezuela using a Lumex RA-915+. The 
sites included some highly polluted sites due to past mining activities. Extremely high 
TGM concentrations were observed in some gold processing shops, with several 
concentrations between 50 and 100 µg m -3 . These high values exceed recommended 
workplace limits (e.g. NIOSH or WHO limits of 50 and 25 µg m -3 , respectively). 

 From the above data, it is clear that past and current gold mining represents a 
large source of Hg to the atmosphere. Lacerda  (1997)  estimated global Hg emissions 
to the environment from gold mining. By this estimate 460 Mg yr -1  are released to 
the environment globally, 300 Mg or 65%, of this is released to the atmosphere. 
Of this total, nearly 60% is released in South America. The atmospheric emissions 
of Hg in South America by gold mining (179 Mg yr -1 ) calculated by Lacerda  (1997)  
is nearly twice the total Hg emissions from all sources in South America estimated 
by Pacyna et al.  (2006) . This estimate was updated by Lacerda  (2003)  to 107-228 
Mg yr -1 . However it should be noted that the Pacyna et al  (2006)  inventory does not 
quantify Hg emissions from South American gold mining nor does it attempt to 
quantify Hg emissions from illegal gold mining activities. In addition the Pacyna 
study used a Hg emission factor of 0.5 gram Hg emitted/gram Au mined, whereas 
Lacerda uses a factor of 1.5. Thus, while emissions of Hg from gold mining in South 
America are clearly a substantial source to the global atmosphere, there is a significant 
uncertainty in the actual emissions. Future work on Hg emissions in South America 
should focus on reducing the large uncertainty in the emissions.  

  9.3.2  Mercury Measurements (Including Aircraft) Related 
to Emissions, and Source Attribution 

 Ebinghaus et al.  (2007)  observed enhanced CO and TGM on two CARIBIC ( C ivil 
 A ircraft for  R egular  I nvestigation of the  A tmosphere  B ased on an  I nstrumented 
 C ontainer) flights between São Paolo and Santiago de Chile in 2005. The CARIBIC 
container is operated monthly onboard a Lufthansa Airbus 340-600 during regular 
passenger flights. The measured TGM/CO ratio on these two flights, 1.2 × 10 -7  and 
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2.4 × 10 -7  mole/mole, respectively, were similar to previous reports of biomass 
burning plumes, despite significant differences in geographic regions. From these 
ratios the authors estimate global emissions of TGM from biomass burning in the 
range of 210-750 Mg yr -1 .   

  9.4 Measurements of Air Concentrations in Europe  

  9.4.1 Remote Locations 

 TGM concentrations at remote sites are influenced by the regional and global 
background pool. Due to emission controls in Europe the regional contribution is 
declining and gradually less important. As a consequence the TGM background 
concentration of the Northern hemisphere is dominating at remote European 
locations. Measurements of TGM have been made over a period of one year using 
a cold vapour atomic fluorescence absorption technique at Harwell, a rural site in 
central southern England (Lee et al., 1998). The mean concentration was 1.68 ng m -3 , 
with a maximum hourly mean concentration of 20.5 ng m -3  and a minimum hourly 
mean concentration of 0.26 ng m -3 . The data from Harwell show greater variability 
than those from more remote sites. 

    Lake Balaton to be between 0.4 and 5.9 ng m -3  with higher concentrations during 
day time. Comparing marine background sites in the Southern Baltic Sea (Preila, 
Hoburg and Kap Arkona) with a more urban-influenced site in the Gulf of Gdansk, 
Beldowska et al. (2006) have shown that TGM concentrations and temporal variability 
at the latter site was much more pronounced. Based on principal component analysis, 
Beldowska et al. (2006) have separated three air masses reflecting marine, terrigenous 
and anthropogenic sources. Urba et al.  (2000)  have identified the southern Baltic Sea 
and in particular the Gulf of Gdansk as a source region during the summer months. 

 Another study carried out in Poland explicitly showed the influence of residen-
tial heating on air concentrations (Zielonka et al.,  2005) . TGM concentrations have 
been measured during one summer campaign (19 - 29 August 2003) and one winter 
campaign (26 January - 3 February 2004) at a rural Polish site. An average TGM 
value of 1.63 ± 0.35 ng m -3  was obtained in the summer campaign, whereas a 2.5 
times higher TGM concentration was found during winter. Since 85% of the houses 
in this rural environment use low capacity domestic heating units and are fuelled 
with hard coal during the cold season, Zielonka et al. concluded that residential 
heating is the most likely explanation for enhanced TGM winter levels.  

  9.4.2 Urban Locations (Including Mining Areas) 

 The dominance of the main anthropogenic European mercury source categories 
varies country wise. However, it appears that the contribution of combustion sources 
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in general is about one third, while industrial emissions make the maximum contri-
bution. Atmospheric mercury levels around the world’s largest mining and refining 
complex (Almaden, Spain) were determined during two field campaigns (September 
1993 and February 1994) using both point monitors and LIDAR techniques 
(Ferrara et al.,  1998) . High mercury concentrations (0.1 - 5 µg m -3 ) were measured 
over the village of Almaden in the prevailing wind direction. At the second largest 
mercury mine in Idrija, Slovenia five centuries of mining have influenced atmos-
pheric mercury concentrations. Kotnik et al.  (2005)  have reported that TGM con-
centrations have decreased significantly in the last decade, from more than 20 ng 
m -3  in the early 1970s to values below 100 ng m -3  in the 1980s, and finally reached 
a level of 10 ng m -3  or even lower at the summer of the year 2004. 

 Total gaseous mercury (TGM) has been monitored at Champ sur Drac, a suburban 
site of Grenoble in southern east France (Dommergue et al.,  2002) . TGM measure-
ments have been made over 4 periods of approximately 10 days throughout 1999-2000. 
The mean TGM concentration was 3.4 ng m -3  with maximum hourly mean concentration 
of 37.1 ng m -3 . Although mean TGM concentration was not greatly different from 
those previously measured in the troposphere, the greater TGM variability as well 
as the occurrence of high TGM concentration linked to particular wind conditions 
suggested the strong influence of anthropogenic sources.  

  9.4.3 Temporal Trends at Single Locations 

 Continuous monitoring data sets exist for the time period 1998 to 2004 for two 
coastal background sites. At Mace Head, west-Irish Atlantic coast and Zingst 
peninsula on the southern shore-line of the Baltic Sea, automated TGM measure-
ments have been carried out with the same instrumentation. An intensive evaluation 
of the two data sets has been published by Kock et al.  (2005) . 

 Between 1998 and 2004 the annually averaged TGM concentrations measured 
at Mace Head (1.74 ng m -3 ) and Zingst (1.64 ng m -3 ) remained fairly stable. For 
both stations higher concentrations were detected during the winter months and 
lower concentrations during summer, respectively. 

 Since Mace Head is located at the European inflow boundary and therefore con-
sidered to be less influenced by continental emissions an unexpected West to East 
gradient was observed. Kock et al. found that the overall mean Mace Head TGM 
concentration was 0.06 ng m -3  higher (i.e. between 3 – 4%) than those of Zingst. For 
the January to June period, the Mace Head TGM values (6-year mean = 1.75 ng m -3 ) 
are significantly elevated compared to the Zingst results (6-year mean = 1.64 ng m -3 ). 
Since no local anthropogenic mercury sources exist near the Mace Head station, it 
was concluded that enhanced emission from the sea provide the most probable 
explanation for the observed differences. During the time period March 1990 to May 
1996 total gaseous mercury (TGM) has been monitored at the summit of the Wank 
mountain (1780 m a.s.l.) in the Bavarian Alps (Slemr and Scheel, 1998, Slemr et al., 
 1995) . This time period covers the probably most drastic changes in the European 
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emission situation, mainly dominated by political and economical changes in East 
Germany. TGM measurements at Wank showed a linear decrease of 0.169 ± 0.009 
ng Hg m -3  yr -1  i.e. about 7% per year. The frequency of occurrence of extremely high 
TGM concentrations and the amplitude of the seasonal variation decreased over the 
observation time. Slemr et al.  (1995)  concluded that the decrease in TGM concentra-
tions of about 22% in the years between 1990 and 1994 indicate a significant change 
in the trend of global TGM concentration and that this is most likely the result of 
reduction in coal consumption and control measures taken in the OECD countries. 
A decrease in TGM concentrations with time was earlier shown for south-western 
Scandinavia (Iverfeldt et al.,  1995) . 

 Samples for measurements of TGM in air have been collected and evaluated for 
the time period 1980 to 1992 and show a clear decrease with time. At the Swedish 
west-coast, yearly average air concentrations and median levels of 3.3 and 3.1 
(1980 - 1984), 3.2 and 2.8 (1985 - 1989), and 2.7 and 2.6 ng m -3  (1990 - 1992), respectively, 
were found. Increased average and median winter concentrations were always 
found, with levels at 3.7 and 3.4, 3.7 and 3.3, and 3.0 and 2.7 ng m -3  for the respective 
time period. Higher winter values were expected due to increased anthropogenic 
emissions and changes in the mixing height of the atmosphere. As Slemr and 
Scheel (1998) have substantiated later, a decreased number of episodic events of 
TGM levels in air, from 1990 and further on is already indicated in the Scandinavian 
data set (Iverfeldt et al.,  1995) .  

  9.4.4 Monitoring Networks and Trends 

 An extensive evaluation of mercury measurements in air and precipitation at EMEP 
or OSPAR stations respectively has been carried out by Wangberg et al.  (2007) . 
These data were obtained at coastal sites around the North Sea and originate from 
Ireland, Netherlands, Germany, Norway and Sweden. The observation period is 
1995 to 2002 and the two periods 1995 to 1998 and 1999 to 2002 were compared. 
The reduction in deposition is 10 – 30% when comparing the two periods and the 
authors relate the decrease to emission controls in Europe. In contrast, no decreasing 
trend in TGM data could be observed during the same time periods. The authors 
suggest that a plausible explanation is that TGM concentrations measured in the 
OSPAR area are to a larger extent dominated by the hemispherical background than 
before, i.e. European emission reductions may be over-compensated by increasing 
emissions in other Northern hemispheric regions. 

 This conclusion is supported by Berg et al.  (2006)  who found that current mercury 
levels in surface sediments, surface soils and mosses at background in Norway are 
substantially affected by long-range atmospheric transport. The project “Mercury 
species over Europe” (MOE) was aimed at identifying sources, occurrence and 
atmospheric behaviour of atmospheric mercury species (Pirrone et al.,  2001 ; 
Munthe et al.,  2003) . Within MOE simultaneous measurements were carried out on 
a regional scale as depicted in Figure  9.14 .  
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 As depicted in Figure  9.15  for TGM, the concentration at Mace Head is higher 
than at the two Swedish stations Rörvik and Aspvreten and more similar to the 
levels at Zingst on the German Baltic Sea coast. The results from Neuglobsow, 
Zingst, Rörvik and Aspvreten follow a slightly decreasing trend, which is in line 
with the location of the main European source areas. There are no local sources of 

  Figure 9.14    MOE measurement sites. (1) Neuglobsow, Germany; (2) Zingst, Germany; (3) 
Rörvik, Sweden; (4) Aspvreten, Sweden; and (5) Mace Head, Ireland       
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  Figure 9.15    Regional differences of TGM concentrations measured during the MOE project 
Munthe et al.,  2003)        
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Hg at Mace Head and the slightly elevated concentrations are most likely caused by 
re-emissions from the sea surface (Pirrone et al.,  2003 ; Munthe et al.,  2003) . 
Wangberg et al.  (2001)  compared the MOE data with results of a similar project 
focusing on Southern European sites around the Mediterranean Sea (EU funded 
project MAMCS) and reported that observed concentrations of TGM (and other 
species such as TPM and RGM as well) were generally slightly higher in the 
Mediterranean region compared with Northwest Europe.  

 Hladíková et al. (2001) reported TGM concentrations from 20 different localities 
of the Slovak Republic measured in 24-h samples of ambient air in eight times during 
the period 1996 - 1997. Their results showed that in 34% of the 160 individual 
cases the WHO guideline value of 5 ng m -3  for TGM was exceeded. The range of 
total mercury concentrations in the ambient air of Slovakia was: 1.13 - 3.98 ng m -3  
(geom. mean 2.63) in the background area; 2.25-5.27 ng m -3  (geom. mean 3.64) in 
the agricultural areas; 1.73 - 20.53 ng m -3  (geom. mean 4.57) in the urban areas; and 
1.53 - 39.85 ng m -3  (geom. mean 5.28) in the industrial areas. The highest mercury 
levels occurred in areas with metallurgical industry and coal combustion. 

 A synoptic view of regionally different background concentrations of TGM in 
North Central Europe was published by Schmolke et al.  (1999) . Over a distance of 
approximately 800 km simultaneous measurements of total gaseous mercury 
(TGM) were performed at four sampling sites between Stockholm and Berlin. 
The time resolution of mercury concentration measurements was 5 min. During the 
sampling period from 26 June to 7 July 1995, in addition to the TGM concentrations, 
the most common meteorological and air- quality parameters were determined. 
Comparing the TGM background concentrations at the four sites, a weak but statis-
tically significant south-to-north declining TGM gradient was found. From the 
most southern sampling site to the northern most site median values of 1.93, 1.78, 
1.53 and 1.54 ng m -3  TGM were detected. 

 Compared with the median TGM concentration observed at the two Swedish 
sites, the regional background concentration near Berlin was elevated by about 
25%. Whereas the 0.5 h average TGM varies at the Swedish sampling sites in a very 
narrow range of only 0.69 ng m -3 , a much broader range of 3.28 ng m -3  was observed 
at the southern sites. The short time variability of the TGM concentration measured 
at the four sites on the south-to-north transect showed regional differences with 
decreasing variability from the most southern to the most northern site. 

 In the Mediterranean region recent studies have highlighted the importance of 
gaseous mercury exchange processes between the atmosphere and surface waters 
(Sprovieri et al.,  2003 ; Hedgecock and Pirrone,  2004 ; Horvat et al.,  2001 ;  2003 ; 
Gardfeldt et al.,  2003 ; Kotnik et al.,  2007 ; Sprovieri and Pirrone,  2008) ; the lack of 
knowledge of the magnitude of these exchange mechanisms is one of the main factors 
affecting the overall uncertainty associated with the assessment of net fluxes of 
mercury between the atmospheric and marine environments in the Mediterranean 
region. Deposition rates of mercury species from the atmosphere to receptors bodies 
depend on the chemical and physical properties of the species involved and their 
cycling, from speciated emission, transport, deposition, interaction with biota and 
possible re-emission to the atmosphere. 
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 In the MBL it has been shown (Pirrone et al.,  2000 ; Hedgecock et al.,  2001)  that 
the extremely high chloride ion concentration in sea-salt aerosol is of a great impor-
tance in the cycling of RGM species. The sea salt aerosol provides a large excess 
of complexing ligands for Hg (II)  
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 1998) . From this point of view, the sea-salt aerosol represents not only a medium 
by which atmospherically produced Hg (II)  could enter the sea, but is also a continuous 
source of RGM cycling HgO   to HgCl 

2
  in the MBL. Photochemical processes in the 

MBL lead to enhanced oxidation of elemental mercury vapour which would lead to 
increased concentrations of RGM and TPM via gas-particle interactions. More 
recently, with the improvement of RGM sampling techniques investigations of the 
atmospheric chemistry of Hg have been performed across the Mediterranean sea 
basin (Munthe et al.,  2001 ; Wangberg et al.,  2001 ;  2008 ; Pirrone et al.,  2001) .  

  9.4.5 Mercury Speciation Analysis 

 For TPM, the North-western European distribution pattern has been measured during 
the MOE project as well. The results are depicted in Figure  9.16 . The data represents 
median values with error bars indicating the 10% and 90% percentiles. Since this 
data was collected during 4 – 5 campaigns, they include values from all four seasons. 
Since no direct emissions of particulate mercury were found, a possible explanation 
for the clear gradient is that TPM is formed after emissions and the measured 
fractions are actually secondary TPM, i.e. formed in the air mass during transport. 
A plausible mechanism is adsorption of RGM on existing particles. Reactive gaseous 
mercury (RGM) is an operationally defined gaseous Hg fraction present in ambient 
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  Figure 9.16    Regional differences of TPM concentrations measured during the MOE project 
(Munthe et al.,  2003)        
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air. However, it is believed that RGM to the most part consist of Hg dichloride 
(HgCl 

2
 ), but other divalent Hg species are also possible. MOE results for RGM are 

given in Figure  9.17 .   
 The results of a number of studies performed first within the MAMCS project 

(Pirrone et al.,  2001 ; Sprovieri and Pirrone,  2006)  and after in MERCYMS project 
(Hedgecock and Pirrone  2004 ; Wangberg et al.,  2008)  highlighted that photochemical 
processes occur in the MBL of the Mediterranean sea basin, leading to enhanced 
oxidation of Hg 0  and thus increasing of RGM and PM concentrations via gas-particle 
interactions. 

 This suggests that catalytic destruction involving BrO 
(g)

  or another Br containing 
is compound responsible for the sharp increase in the oxidation rate of Hg 0  and the 
formation of less volatile Hg (II)  compounds (Hedgecock and Pirrone,  2001 ; 
Hedgecock et al.,  2003 ;  2006) . The inclusion of the reactions between halogen 
molecules and atoms and Hg 0  (Ariya et al.,  2002)  in a modelling study (Hedgecock 
and Pirrone,  2004) , suggest that the lifetime of Hg 0  may be significantly shorter 
than 12 months in the MBL. The rate of oxidation of Hg by O 

3
  could have particular 

relevance for the Mediterranean MBL because of the consistently high BL concen-
trations of O 

3
  throughout the year, and particularly in spring and summer. High 

Hg (II)  concentrations have also been observed in the MBL of the North Atlantic 
(Bermuda) (Mason et al.,  2001)  and the Pacific (Laurier et al.,  2003)  ruling out the 
possibility of anthropogenic source influences. However in semi-closed sea such as 
the Mediterranean basin it is possible that they do have an influence. 

 All methods employed for measurements of TGM, TPM and RGM in the frame-
work of MAMCS project were evaluated in a field intercomparison in Sassetta, 
Tuscany (Italy) approximately 100 km south of Pisa. The site is situated in a hilly 
area 25 km from the coastline. All sampling was conducted roughly within a 10m 
distance. A number of different sampling techniques were employed for different 
mercury species. A summary of the methodology used is given in Table  9.13 . More 
detailed descriptions of the applied methods are given in Munthe et al.,  2001 . TGM 
was measured from the start of the intercomparison exercise using all four methods 
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  Figure 9.17    Regional differences of RGM concentrations measured during the MOE project 
(Munthe et al.,  2003)        
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and the results showed that TGM measured with the different techniques are in 
excellent agreement, provided that careful site selection is made and stringent 
operational procedures are followed. In Table  9.14 , the results of all applied meth-
ods for TGM, TPM and RGM are summarised.   

 The results of RGM and TPM measurements show a larger variability probably due 
to use of different sampling times but mainly this reflects the analytical difficulties for 
this operationally defined species. As for TGM, the variability in RGM and TPM 
results is higher in the beginning of the campaign than in the final three samples. 

 This indicates that optimisations of the sampling set-up made during the initial 
phase of the campaign were beneficial for the measurements. Synchronized 
seasonal field campaigns of 14 days duration were performed during the MAMCS 
and MOE projects around the Mediterranean and in North Europe from the end 
of 1998 to 1999; one of the major findings was that TPM and RGM concentra-
tions were generally higher in the Mediterranean area than over northern Europe 
in spite of the higher density of industrial installations and urban centres in 
northern compared to southern Europe (Pirrone et al.,  2001 ; Wangberg et al. 
 2001 ; Munthe et al.  2001 ; Pirrone et al.  2001) . The most probable interpretation 
which comes to mind is higher emission rates and/or more active atmospheric 
transformation processes in the Mediterranean basin. Photochemical processes in 
the MBL lead to enhanced oxidation of elemental mercury vapour which would 
lead to increased concentrations of RGM and TPM via gas-particle interactions. 
The time schedule of each campaign is shown in Table  9.15  and the locations 

  Table 9.13    Applied methods for sampling and analysis of atmospheric mercury species    

 Method  Hg species  Analytical method 

 Tekran  TGM  CVAFS. semi-continuous 
 Gardis  TGM  CVAFS. semi-continuous 
 Manual gold trap  TGM  CVAAS 
 Charcoal adsorbents-1 NAA  TGM  INAA 
 Teflon filters  TPM  Acid digestion, SnCL 

2
 -CVAFS 

 Miniature quartz fibre filters  TPM  Thermal desorption, CVAFS 
 Cellulose acetate filters  TPM  Acid digestion, SnCL 

2
 -CVAFS 

 Glass fibre filters  TPM  Acid digestion, SnCL 
2
 -CVAFS 

 Mist Chamber with 0.1 M HCI  RGM  SnCL 
2
 -CVAFS 

 Tubular KCI-coated denuders  RGM  Thermal desorption, CVAFS 
 Annular KCL-coated denuders  RGM  Thermal desorption, CVAFS/ Acid 

rinse-SnCI 
2
 -CVAFS 

  Table 9.14    Average. median and range of observed concentra-
tions of TGM, TPM and RGM in Tuscany, June    

 TGM  (ng m   -3   )   TPM  (ng m   -3   )   RGM  (ng m   -3   )  

 Average  1.98  56  22 
 Median  1.93  25  22 
 Maximum  3.38  314  41 
 Minimum  1.28  13  3 
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  Figure 9.18    MAMCS, MOE measurement sites: 1. Mallorca (39°40’30” N, 2°41’36”E); 2. 
Calabria (39°25’N, 16°00’E); 3. Sicily (36°40’N, 15°l0’E); 4. Turkey (36°28’12”N, 30°20’24”E); 
5 Israel (32°40’N, 34°56’E); 6. Germany (53°08’34”N, 13°02’00”); 7. Germany (54°26’14”N, 
12°43’30”E); 8. Sweden (57°24’48”N, ll°56’06”E); 9 Sweden (58°48’00”, 17°22’54”E); 10. 
Ireland (53°20’N, 9°54’W)       

of the measurement sites are shown in Figure  9.18 . Three airborne mercury 
species, TGM, TPM and RGM were simultaneously measured at all sites along 
with meteorological parameters.   

 Average TGM, TPM and RGM values from the MOE and MAMCS campaigns 
at different seasons, are shown in Figures  9.19  –  9.21 . The average TGM concentrations 
varied between 1.6 and 2.4 ng m -3  with no significant seasonal variations mainly 
due to the relatively stable global/hemispheric background concentration and only 
occasionally shows higher values for the influence of major sources. Except for the 
first campaign, the data indicates that the TGM is slightly but significantly higher 
in the Mediterranean area than in North Europe.    

 These findings are justified by several reasons: (a) natural emissions both from 
diffuse sources (Hg enriched minerals) and volcanoes (Ferrara et al.,  2000 ; Pirrone 
et al.,  2001)  characterizing the Mediterranean area; (b) enhanced re-emission fluxes 
of mercury from the sea surface which are partly governed by sunlight and tempera-
ture and the warmer climate in the Mediterranean basin. 

 A similar trend has also been observed for the Mediterranean RGM and TPM 
concentrations probably due to higher emission rates and/or more active atmos-
pheric transformation processes. 

  Table 9.15    MAMCS, MOE multi-sites measurement campaigns    

 Campaign  Start date  Stop date 

 MAMCS-1/MOE-1  23-11-1998  06-12-1998 
 MAMCS-2/MOE-2  15-02-1999  01-03-1999 
 MAMCS-3/MOE-3  03-05-1999  17-05-1999 
 MAMCS-4/MOE-4  19-07-1999  02-08-1999 
 MOE-5  01-11-1999  15-11-1999 
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  Figure 9.20    Average TPM values obtained at campaign MOE 1-5 and MAMCS 1- 4       
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 Photochemical processes in the marine boundary layer may lead to enhanced 
oxidation of elemental mercury vapour which would lead to increased concentra-
tions of RGM and possibly TPM, via gas-particle interactions. Table  9.16  shows the 
TGM, RGM and TPM average values observed at the five sites in the Mediterranean 
during the 4 sampling campaigns of the MAMCS project (Pirrone et al.,  2001)  
(  http://      www.cs.iia.cnr.it/MAMCS/project.htm    ).  

 In order to fill the gaps firstly observed during the MAMCS and MOE projects 
and to assess the relationship between the atmospheric input of mercury and its 
compounds to the Mediterranean Region and the formation/production of the most 
toxic forms of mercury (i.e., MeHg, Me 

2
 Hg) in the marine system, five intensive 

sampling campaigns at five locations around the Mediterranean sea basin have been 
performed within the MERCYMS project (Pirrone,  2006) . The sampling sites are 
shown in Figure  9.22  (  http://www.cs.iia.cnr.it/MERCYMS/project.htm    )  .      

 The time schedule of measurement campaigns is reported in Table  9.17 . The 
sampling time schedules applied with manual and automatic sampling systems are 
shown in Table  9.18 , whereas the site locations along with mercury species and 
methods used are shown in Table  9.19 . The measurement periods was chosen to 

  Table 9.16    TGM, RGM and TPM average values observed at the five sites in the Mediterranean 
during the 4 sampling campaigns of the MAMCS project    

 Sites  Coordinates  MAMCS-1  MAMCS-2  MAMCS-3  MAMCS-4 

  TGM Average (ng m   -3   )  
 Mallorca, Spain  39°40’ N, 2°41’ E  3.16  3.08  3.85  4.15 
 Fuscaldo Marina 

Calabria, Italy 
 39°25’ N, 16°0.0’ E  1.30  1.86  1.42  1.09 

 Porto Palo, Sicily, 
Italy 

 36°40’ N, 15°10’ E  1.34  2.37  1.89  2.18 

 Antalya, Turkey  36°28’ N 30°20’ E  1.68  8.71  1.34  --- 
 Neve Yam, Haifa, 

Israel 
 32°40’ N, 34°56’ E  1.83  0.90  1.45  --- 

 RGM Average (pg m -3 ) 
 Mallorca, Spain  39°40’ N, 2°41’ E  1.88  99.59  76.02  ----- 
 Fuscaldo Marina 

Calabria, Italy 
 39°25’ N, 16°0.0’ E  40.18  24.84  46.74  35.47 

 Porto Palo, Sicily, 
Italy 

 36°40’ N, 15°10’ E  90.14  46.39  77.49  29.48 

 Antalya, Turkey  36°28’ N 30°20’ E  -----  10.44  21  ----- 
 Neve Yam, Haifa, 

Israel 
 32°40’ N, 34°56’ E  -----  36.14  34.81  ----- 

 TPM Average (pg m -3 ) 
 Mallorca, Spain  39°40’ N, 2°41’ E  34.40  86.12  44.11  33.56 
 Fuscaldo Marina 

Calabria, Italy 
 39°25’ N, 16°0.0’ E  26.32  28.55  22.71  45.50 

 Porto Palo, Sicily, 
Italy 

 36°40’ N, 15°10’ E  5.57  8.46  11.02  9.11 

 Antalya, Turkey  36°28’ N 30°20’ E  14.66  14.39  25.25  65.25 
 Neve Yam, Haifa, 

Israel 
 32°40’ N, 34°56’ E  115.39  27.3  97.89  4.19 
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cover four seasons. Table  9.20  shows the average TGM, RGM and TPM values 
from coastal stations during four season.       

  9.4.6  Mercury Measurements (Including Aircraft) Related 
to Emissions, and Source Attribution 

 Many emission inventories for mercury have been compiled but rarely constrained 
using observations of ambient air concentrations with a known quality. Slemr et al. 

France
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Italy

Slovenia

Israel
5

4

3

1
2

 Figure 9.22    MERCYMS coastal measurement sites: 1 Cabo de Creus, 2 Meze, Thau Lagoon, 3 
Piran Marine, 4 Fuscaldo, 5 Neve Yam  

  Table 9.18    Sampling type and time schedule applied during MERCYMS campaigns

 Specie  Manual  Automatic 

 TGM  Two 12 h average samples per 24 h 
period. starting 7:30 and 19:30 UTC 

 Continuous 5 mm average samples yield-
ing 288 samples per 24 h period 

 RGM  Two 12 h average samples per 24 h 
period. starting 7:30 and 19:30 LTC 

 One 2 h sample per every 3 h period, 
alternatively one 5.25 h sample per 
every 6 h period 

 TPM  Two 12 h average samples per 24 h 
period. starting 7:30 and 19:30 UTC 

 One 2 h sample per every 3 h period 

  Table 9.17    Time-schedule of sampling campaigns in 
the framework of the MERCYMS Project

 Coastal campaigns  Start date  Stop date 

 Autumn 2003  20-10-2003  03-11-2003 
 Winter 2004  19-01-2004  02-02-2004 
 Spring 2004  26-04-2004  10-05-2004 
 Summer 2004  19-07-2004  02-08-2004 
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 (2006)  have derived Hg/CO, Hg/halocarbon, and Hg/CH 
4
  emission ratios from pol-

lution episodes observed during the long-term mercury monitoring at the Mace 
Head Atmospheric Research Station in Ireland. The authors conclude that mercury 
emissions calculated from the emission ratios and the European emissions of the 
above gases are in reasonable agreement with the estimated anthropogenic total 
mercury emissions of 250 Mg yr -1  in 1995. However, the measurements encompass 
almost exclusively elemental mercury whose anthropogenic emissions are estimated 
to be only 152 Mg yr -1 . Slemr et al. propose several hypotheses to explain this discrep-
ancy, including natural sources, underestimation of the emissions of elementary 
mercury, and erroneous speciation of anthropogenic emissions. 

 One of the very few aircraft measurements in Europe have been carried out on 
13 June 1996, during a level flight from Munich to Halle at an altitude of 900 m 
a.s.l. and back at 2500 m a.s.l. Ebinghaus and Slemr  (2000)  showed that TGM was 
horizontally evenly distributed over a distance of 400 km. TGM concentration at an 
altitude of 2500 m a.s.l. (in the free troposphere) was 1.635 ± 0.094 ng m -3  (n=22) 
slightly lower than at 900 m a.s.l. (in the mixing layer) 1.774 ± 0.101 ng m -3  (n=17). 
Higher TGM concentrations of 2.190 ± 0.255 ng m -3  (n=2) during the southernmost 
part of the flight south of Munich and of 2.321 ± 0.133 ng m -3  (n=8) at the summit 
of the mountain Wank was attributed to a different air mass. Substantially higher 
TGM concentrations were observed in the mixing layer downwind of a former 
chlor-alkali plant in East Germany. From the downwind/upwind concentration 
difference and the prevailing wind conditions, a mercury emission of about 0.4 kg 
d -1  was estimated for the plant area.   

  9.5 Measurements of Air Concentrations in Asia  

  9.5.1 Remote Locations 

 Kim et al.  (1996)  have reported TGM concentrations from 13 remote mountainous 
sampling stations in Korea, for the time period October 1987 through February 
1993. The TGM concentrations determined during these field campaigns were 
found to be in the range of 1.48 to 8.00 ng m -3 , 75% of them spanning between 2 
to 5 ng m -3 . Kim et al. concluded that the observed Hg levels and the wide spreadness 
of the observed data suggests that Hg pollution in the Korean atmosphere may 
result in generally enhanced levels compared to other Northern hemispheric 
regions. This finding is supported by Sohn et al.  (1993)  who reported rural concen-
trations in Korea to be between 1.0 to 7.0 ng m -3  (mean 3.8 ng m -3 ) for the years 
1988 – 1989. 

 Liu et al.  (2002)  have reported Chinese data for two remote sampling locations for 
1998 in the Beijing area to be between 3.1 – 5.3 ng m -3  in winter and 4.1 – 7.7 ng m -3  
in summer. Wang et al.  (2007)  also found higher concentrations in summer compared 
to winter for a remote site on the Mount Waliguan, China to be 1.7 ± 1.1 ng m -3  in sum-
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mer and 0.6 ± 0.08 ng m -3  in winter. TGM data for a remote site in the Yangtze Delta 
were higher and expressed a more pronounced variability (5.4 ± 4.1 ng m -3 ). Different 
seasonal variation patterns of TGM concentration were found between urban and 
remote sites. In Beijing (urban) the highest TGM concentration was in winter and 
the lowest in summer, while in Mt. Waliguan the TGM concentration in summer 
was higher than that in winter. These indicated that different processes and factors 
controlled TGM concentration in urban, regional and remote areas. 

 TGM monitoring data for Korean GAW station (An-Myun Island) have been 
published by Nguyen et al.  (2007) . Measurements were routinely recorded on 
An-Myun Island off the coast of Korea between December 2004 and April 2006. 
The mean TGM concentration for the measurement period was 4.61 ± 2.21 ng m -3  
with a range of 0.10 – 25.4 ng m -3 . Analysis of the seasonal patterns indicated 
TGM concentration levels generally peaked in spring, while reaching a minimum 
in summer. Nguyen et al.  (2007)  concluded that Hg concentration levels at 
An-Myun Island can be affected intensively by trans-boundary input processes 
over certain periods of time. and that its springtime dominance hence suggests 
combined effects of various local source processes and the meteorological condi-
tions favourable for the massive air mass transport phenomenon (such as Asian 
Dust storms).  

  9.5.2 Urban Locations (including mining areas) 

 For Seoul, Korea Sohn et al.  (1993)  have reported TGM data for the years 1988 – 
1989 to be in the range from 5.0 to 88.8 ng m -3  with a mean of 25.1 ng m -3 . 
For September 1997 and May/June 1998 Kim et al. (2001b) have found mean 
concentrations of TGM in Seoul (1999 – 2000) for the two study periods were 
computed as 3.94 and 3.43 ng m -3 , respectively. For January 1999 to August 2000 
the mean hourly TGM concentration was 5.26 ± 3.27 ng m -3  and when divided 
seasonally, the highest mean of 6.01 ng m -3  was observed during winter. Kim et al. 
(2001a) suggested that this most likely due to anthropogenic sources such as house-
hold heating systems. 

 Urban data for Beijing, China, show a similar distribution between summer and 
winter. Liu et al  (2002)  and Wang et al.  (2007)  give winter concentration ranges 
between 8 and 25 ng m -3 , and lower summer values between 5 and 13 ng m -3 , with 
autumn and spring concentration in between. Feng et al.  (2004)  have reported TGM 
concentration data for Guiyang city, in 2001. The mean TGM concentration at this 
site is 8.40 ng m -3  on the basis of one year observation. Feng et al. concluded that 
TGM concentrations in Guiyang are significantly elevated compared to the conti-
nental global background values and that coal combustion from both industrial and 
domestic uses is probably the primary atmospheric source. Similar data were 
obtained earlier (Feng et al.,  2003)  during 4 measurement campaigns in 2000 and 
2001 in Guiyang. The seasonal geometric mean of TGM in Guiyang was 7.45 ng m -3  
for winter, 8.56 ng m -3  for spring, 5.20 ng m -3  for summer and 8.33 ng m -3  for 
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autumn. The overall average TGM covering the sampling periods was 7.39 ng m -3 . 
Data for Guangzhou were reported to be 13.5 ± 7.1 ng m -3  (Wang et al.,  2007) .  

  9.5.3 Temporal Trends at Single Locations 

 In 1995, Nakagawa published data for TGM levels in air that have been monitored 
over a period of 17-years (1978-1994) at three different stations in Japan. Nakagawa 
concluded that TGM was at minimum levels at the three sampling stations in 1988 
and was corresponding to background levels. Afterwards Nakagawa found TGM 
levels rising steadily up to the present time and claimed that the current atmospheric 
concentrations of total mercury inferred from measurements of air sampled at the 
Japanese stations has an increasing tendency every year in the time period 1978-
1994 (Nakgawa, 1995).  

  9.5.4 Mercury Speciation Analysis 

 Xiu et al.  (2005)  have published data of size-fractionated particulate mercury 
(TPM-species) in Shanghai, China, collected from ambient air between March 
2002 to September 2003. Speciation data are operationally defined as (i) volatile 
particle-phase mercury (VPM), (ii) reactive particle-phase mercury (RPM) and (iii) 
inert particle-phase mercury (IPM). Concentrations for particulate phase mercury 
as published by Xiu et al.  (2005)  are:

  •  volatile particle-phase mercury (VPM) = 0.058 – 0.252 ng m -3   
 •  reactive particle-phase mercury (RPM) = 0.148 – 0.398 ng m -3   
 •  inert particle-phase mercury (IPM) = 0.233 – 0.529 ng m -3     

 Fang et al. (2001a; 2001b) have measured particulate phase mercury concentration 
in Changchun, an urban location in China, Changchun between July 1999 to 
January 2000. During non-heating season they found PM concentration levels in air 
between 0.022 to the 0.398 ng m -3  with an average of 0.145 ng m -3 . During the heating 
season PM concentration in air were reported to be 0.148-1.984 ng m -3  with an 
average of 0.461 ng m -3 . Coal burning and wind-blown soil material were identified 
to be two important sources of Hg(p) for the Changchun area. 

 For Guiyang, an urban location in southwest China (Shang et al.  (2003)  
have measured average concentrations for TGM to be 7.09 ng m -3 , and RGM as 37.5 
pg m -3  in March 2002. They concluded that TGM concentrations in Guiyang are 
significantly elevated comparing to the global background values, whereas RGM 
concentrations are only slightly higher than the reported values in remote areas in 
Europe and the USA.  
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  9.5.5  Mercury Measurements (Including Aircraft) Related 
to Emissions, and Source Attribution 

 In situ mercury emission fluxes from soil in Lanmuchang Hg-Tl mining area, in 
south-western Guizhou, China, were measured using the dynamic flux chamber 
method (December 2002 and May 2003). Huge mercury emission fluxes from soil 
were obtained in the mining area, ranging from 623 to 10,544 ng m -2  h -1  with the 
maximal mean Hg flux of 2,283 ± 2,434 ng m -2  h -1  (Wang et al.  2005) . 

 Tomiyasu et al.  (2000)  have shown that Hg emissions from localized sources are 
reflected in ambient air concentrations. For Kagoshima City, Japan, the influence of 
mercury emitted from Sakurajima has been measured between January 1996 to 
January 1997. The mercury concentration obtained was in the range 1.2-52.5 ng m -3  
(mean 10.8 ng m -3 , n = 169). Values of 8.1 ± 5.3 ng m -3 , 14.8 ± 7.9 ng m -3 , 13.9 ± 11.7 
ng m -3  and 4.4 ± 1.6 ng m -3  (mean ± S.D.) were obtained for spring, summer, autumn 
and winter, respectively. For July 1999 to March 2002 the concentration ranged from 
1.24 to 29.4 ng m -3  in the daytime and 1.38 to 14.8 ng m -3  overnight. The concentra-
tion gradient showed a high degree of dependency on solar radiation. These observa-
tions suggested that mercury is emitted from the ground with an increase in solar 
radiation and rise of the temperature in the daytime and deposits with the fall of tem-
perature at nighttime. The influence of rain and volcanic activity on the periodic vari-
ation of mercury is also discussed in detail by Tomiyasu et al.,  (2006) . 

 Kim et al.  (2002)  have published data from flux measurements over a paddy 
field in Kang Hwa, Korea, carried out in March 2001. The Hg fluxes over a bare 
paddy field at Hari, were comparable to those reported in the literature for polluted 
environments and showed clear diurnal pattern with maximum (< 600 ng m -2  h -1 ) 
during midday and the minimum (~100 ng m -2  h -1 ) at nighttime. The mean air con-
centrations of TGM was found to be elevated compared to global background 
concentrations, i.e. 3.72 ng m -3 . 

 Friedli et al.  (2004)  reported that during the Aerosol Characterization Experiment 
(ACE-Asia), research flights the air at all sampled altitudes contained concentra-
tions of atmospheric mercury above the global background. Highest mixing ratios 
for Hg 0  were found in industrial plumes exiting China (6.3 ng m -3 ), Korea (3 ng m -3 ), 
and Japan (3 ng m -3 ).   

  9.6 Measurements of Air Concentrations in Africa  

  9.6.1 Monitoring Networks and Trends 

 The monitoring of total gaseous Hg (TGM) was established at the Cape Point 
Global Atmospheric Watch (GAW) station in September 1995. Baker et al.  (2002)  
presented the first data obtained until June 1999. Atmospheric Hg concentrations 
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were found to be fairly homogeneous fluctuating between 1.2 – 1.4 ng m -3 . Whilst 
no significant diurnal variation is detectable, a slight seasonal variation with a 
TGM minimum in March-May and maximum in June-August was observed. A 
minimum annual TGM concentration was detected in 1997. The Cape Point GAW 
station was found to constitute a suitable site for monitoring TGM concentrations 
in the Southern Hemisphere (SH).  

  9.6.2  Mercury Measurements (Including Aircraft) related 
to Emissions, and Source Attribution 

 During mid-January 2000 the plume from a fire, which destroyed 9000 ha of mixed 
vegetation in the southern part of the Cape Peninsula, passed over the Cape Point 
Global Atmosphere Watch station (34°S, 18°E). Measurements of total gaseous 
mercury (TGM) made during this episode provided Hg/CO and Hg/CO 

2
  emission 

ratios of (2.10 ± 0.21) × 10 -7  and (1.19 ± 0.30) × 10 -8  mol/mol, respectively (Brunke 
et al.  2001) .   

  9.7 Summary and Conclusion  

 Mercury concentration measurements in ambient air of documented and accepted 
quality are available since the mid 1970 and concentration data are available for both 
hemispheres. A significant impulse on international mercury research was achieved 
by the implementation of new automated analysers in the early 1990’s. Long-term 
monitoring of atmospheric mercury with high time resolution has been started at 
Alert, Canada (January 1995) and Mace Head, Ireland (September 1995), followed 
by numerous other sites since then. Field intercomparisons have been carried out and 
included the comparison of new automated analysers with traditional manual method-
ologies. One major conclusion derived from these studies is that good agreement 
of TGM concentration data in air determined with different techniques, including 
techniques dating back to the 1970’s, makes a combination of these data sets with 
contemporary ones from different regions of the world feasible. 

 General scientific consensus exists about the current global background concen-
tration of airborne mercury which is taken as ca. 1.5 to 1.7 ng m -3  in the Northern 
Hemisphere and ca. 1.1 to 1.3 ng m -3  in the Southern Hemisphere. Seasonal variations 
of TGM concentrations are observed at almost all sites with sufficient data coverage. 
Most sites show higher concentrations in winter and spring, and lower in summer 
and fall. It is suggested that the meteorological seasonal variability is the most 
important factor in the establishment of the observed seasonal cycles of the TGM 
concentrations. Temporal dynamics of TGM and also Hg in wet deposition are 
complex, with the magnitude of diurnal and seasonal changes often being larger 
than annual changes. 
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 Canadian data show that the seasonality of Hg concentration in precipitation 
exhibits an opposite pattern to TGM air concentrations with higher concentrations 
during the summer months. Two possible factors have been suggested for this seasonal 
behaviour: increased particle scavenging capacity of rain relative to snow and/or 
increase in the oxidation of Hg, either in cloud or in the gas phase, during summer. 
However, sites with the highest observed concentrations do not necessarily have the 
highest Hg deposition per unit and surface area since the deposition is also dependent 
on the precipitation amount. Regional differences, temporal trends and potential 
sources and source regions can be identified by monitoring, especially when carried 
out in networks. In principal, an increase of the global atmospheric pool should also 
be reflected in the background concentration of mercury in ambient air. Fitzgerald’s 
initiative for the installation of a global AMNET has partly been accomplished on 
a regional scale within the CAMNet that may be considered as seminal in this 
respect. CAMNet has revealed a decreasing trend for TGM at a number of rural 
sites for the time period 1995 to 2005. The largest declines were observed close to 
urban areas of Toronto and Montreal. This is supported by data from United States 
giving evidence that TGM concentrations at rural locations on the eastern USA 
seaboard downwind of major urban and industrial centers are decreasing. 

 The changes are mostly driven by local or regional changes such as cutbacks in 
emissions. Many of the TGM changes are comparable with the overall trends of 
total mercury concentrations in precipitation, again reflecting local or regional 
emission reductions in decreasing concentration levels. For remote sites in Europe 
and North America it could be shown that only slight decreases or no statistically 
significant trend in the TGM concentration exist over the same time period. This is 
in contrast with emission estimates especially for Europe, where drastic reductions 
have taken place over the past 10 to 20 years. It has been suggested that TGM con-
centration in the North-western European atmosphere are to a larger extent dominated 
by hemispherical background than before, i.e. European emission reductions may 
be over-compensated by increasing emissions in other Northern hemispheric 
regions. It should be noted that for the same time period and same set of stations 
(1995 to 1998 vs. 1999 to 2002) a reduction in deposition of 10 to 30% was found 
which can possibly be related to emissions controls in Europe. 

 Deposition networks on a regional scale are essential for understanding the spatial 
and temporal patterns of Hg in wet deposition, but without at least TGM measure-
ment and additional speciated Hg measurements wherever possible in conjunction 
with precipitation measurements, little can be inferred about the processes responsible 
for controlling Hg deposition. It is still not well understood which sites would 
respond most quickly to emission reductions in certain industrial sectors, or if 
enhanced deposition events are independent of local or regional sources and supplied 
predominantly by the global pool being caused by natural variations in photochem-
istry and meteorology. US studies show that Hg deposition can vary by 2-fold 
between an urban and a rural site, TGM might vary by 50 – 75%, whereas TPM may 
vary 5 – 10 fold between sites. Regional differences of individual speciation have 
also been reported for Europe. Observed concentrations of TGM, TPM and RGM 
are generally slightly higher in the Mediterranean region than in Northwest Europe. 
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 In general, it may be concluded that RGM in situ formation is very important in 
both the marine boundary layer under cloud-free conditions, and in the free tropo-
sphere, where concentrations reach those of the most polluted urban atmosphere. 
Additionally, because of the diurnal nature of photochemistry and boundary layer/
free tropospheric exchange, RGM, and to a lesser extent Hg 0 , and TPM generally 
have prominent diel cycles. Superimposed on the natural variability is the episodic 
nature of advection of more or less polluted air masses to a sampling site from 
urban/industrial/mining sources. With regard to long-term changes in RGM or 
TPM concentrations, the data do not go back far enough or have sufficient spatial 
coverage to appropriately address this question. 

 Asian emissions are considered to be of global importance and are suggested to 
be rapidly increasing in the past decade. The importance of Asian emissions is 
obvious from recent emission estimates. Furthermore, experimental data are showing 
long-range transport across the Pacific and suggest a significant underestimate of 
Asian mercury emissions. However, potentially increased Asian emissions are neither 
reflected in the long-term measurement of TGM at Mace Head (1995 – 2007), nor in 
the precipitation data of the North American MDN. The reason for this is not yet 
clear however, it was hypothesized that atmospheric mercury cycling is possibly 
going on a faster rate than previously thought. 

 In general it can be concluded that monitoring at single locations or in networks 
is a very useful scientific tool in order to identify regional differences, temporal 
trends and for source attribution. Monitoring is necessary to evaluate the effective-
ness of control measures, as demonstrated on regional scales. In connection with 
air quality data, mercury monitoring can be used to verify and/or improve emission 
estimates. Monitoring data can give new insights in the mercury cycling on different 
temporal and spatial scales, due to “unexpected findings”, such as AMDEs as a 
prominent example. They help us to improve our understanding of the global mercury 
cycle in order to evolve purposeful regulations on an international scale. The value 
of long-term atmospheric mercury monitoring and the need for additional sites is 
obvious, especially in the remote Southern Hemisphere.      
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   Chapter 10   
 Spatial Coverage and Temporal Trends 
of Atmospheric Mercury Measurements 
in Polar Regions       

     Aurélien   Dommergue   ,    Christophe P.   Ferrari   ,    Marc   Amyot   , 
   Steve   Brooks   ,    Francesca   Sprovieri,    and    Alexandra   Steffen      

  Summary   The discovery of atmospheric mercury depletion events (AMDEs) in 
the Canadian Arctic at Alert in 1995 initiated the intense study of atmospheric Hg 
processes. Mercury has unique characteristics that include long-range atmospheric 
transport to regions like the Arctic and the Antarctica, the transformation to more 
toxic methylmercury compounds and the ability of these compounds to biomagnify 
in the aquatic food chain. Following the discovery of AMDEs, studies have been 
conducted throughout Polar Regions where the same phenomenon was observed. 
Since then, many scientific projects have focused on studying the mechanisms 
related to AMDEs. Additionally, special attention is paid to the consequences 
of AMDEs in terms of contamination of Polar Regions because AMDEs rapidly 
convert atmospheric gaseous mercury into reactive and water-soluble forms that 
may potentially become bioavailable. Finally, the contribution of this unique 
reactivity occurring in polar atmospheres to the global budget of atmospheric mercury 
and the role played by snow and ice surfaces of these regions are important issues. 
This chapter presents a review of atmospheric measurements conducted both in the 
Arctic and the Antarctic since 1995 (continuous data). Our current understanding 
of AMDEs in these regions is presented.    

  10.1 Introduction  

 Polar Regions used to be considered pristine environments. Indeed, the Arctic is 
relatively far from industrial centers located at mid-latitude in the northern 
hemisphere and is less populated than other parts of the world- indigenous peoples 
of the Arctic are estimated to comprise nearly 650 000 individuals, most of whom 
live in northern Russia (AMAP,  2003) . In the Southern Hemisphere, Antarctica is 
even less populated and impacted by anthropogenic activities, except on a local 
scale by a few scientific stations. However, due to a combination of long-range 
transport associated with a specific climatology, the Arctic and, to a lesser extent 
the Antarctic, are affected on a large scale by pollutants originating from the 
mid-latitudes of the northern hemisphere. It is now established that several pollutants 
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including Persistent Organic Pollutants (POPs) and heavy metals are present in 
several compartments of the polar ecosystems (AMAP,  2003) . 

 For example, certain Arctic species, particularly those at the upper end of the marine 
food chain as well as sea birds, carry high levels of PCBs and organo-chlorine pesticides 
(Braune et al.,  2005) . POPs are transported to the Arctic by regional and global 
physical processes and are then subjected to biological mechanisms that lead to the 
high levels found in certain species. Organo-chlorine pesticides are also reported present 
in marine mammals from the southern hemisphere. Levels are, however, lower than 
those observed in marine mammals from the northern hemisphere, yet the presence 
of these contaminants in the Antarctic food web indicates transport from uses in 
some developing countries within the southern hemisphere (Miranda et al.,  2007) . 

 In addition to organic compounds, heavy metals such as mercury (Hg) can be 
dispersed and contaminate Polar Regions. Mercury is transported far from its 
emission sources, mainly fossil fuel combustion, industry and mining, to Polar 
Regions. A recent review paper (Steffen et al.,  2008) ; provides a comprehensive 
assessment of the state of the Hg science in the context of Atmospheric Mercury 
Depletion Events (AMDEs) in Polar Regions since 1995. Unlike other metals, Hg 
predominantly exists in the atmosphere as a gaseous compound, namely elemental 
gaseous mercury (Hg 0  or GEM). This species has a relatively long life-time (more 
than 6 months) making it subject to long range transport. The substantial different 
geographical distribution of landmasses around both poles influences the Hg 0  
annual mean concentration observed in the Arctic ( ~  1.6 ng m -3 ) and Antarctica 
( ~ 1.0 ng m -3 ). The Antarctic region is remote from human activities and far from 
landmasses; in contrast, the Arctic region is surrounded by northern North America, 
northern Europe and northern Asia, therefore, anthropogenic influences are stronger. 
Atmospheric mercury concentrations, however, are several times lower than Hg 
levels measured at mid-latitudes sites. After its oxidation to divalent species (Hg (II) ), 
which are more water soluble and reactive than the elemental form, Hg is deposited and 
has the potential to be converted into organo-metallic forms such as methylmercury 
(MeHg), although currently there are no measurements to confirm this link. 

 Both Hg (II)  and MeHg bioaccumulate and biomagnify in the polar ecosystem and 
can be found at high and increasing levels in marine species. In most mammals, the 
level of mercury increases with their age and high concentrations of more than 10 
ppm (w/w) have been found in ringed seals from Canadian Arctic (Braune et al., 
 2005) . In the Antarctic, Hg levels are much lower in the food chain; however, data are 
limited. Still, increasing trends of Hg in marine (coastal) food web can be observed 
(Riva et al.,  2004) . Mercury exposure poses a health risk to animals and some 
people in the Arctic. For instance, Hg levels in the liver and kidney of polar bears 
in East Greenland have been observed in levels which may lead to toxic effects 
(Sonne et al.,  2007) . Of concern is the fact that people in Greenland or in Canada, 
who have a traditional marine diet (fish, seabird, seals and whales), exhibit high 
blood concentration of Hg. At times, the intake of mercury exceeds acceptable daily 
intake level (Johansen et al.,  2007) . In Greenland, the intake of mercury from food 
is 10 times higher than in Denmark (Johansen et al.,  2007) . In Canada, Hg levels 
from Inuit are higher in both maternal and cord blood than in the rest of other ethnic 
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groups, indicating that the consumption of marine species is potentially a source of 
mercury. Because in some cases levels of MeHg in the cord samples exceed some 
dose limit (such as EPA’s), the incidence of adverse outcome could be expected 
(Walker et al.,  2006) . 

 It is believed that anthropogenic activities have led to a 3-times increase in the 
global deposition of Hg in ecosystems since pre-industrial times (Lindberg et al., 
 2007) . It is also believed that more recent increases (Lockhart et al.,  1998)  can be 
observed occasionally (Lockhart et al.,  2005 ; Wagemann et al.,  1996)  in marine 
food-chains. However, there is a great discrepancy in assessing recent changes in 
the biota because of regional differences and difficulties in combining data sets for 
different species of differing location or age. Despite a global decrease in Hg 
emissions since the 70’s, pressure is still exerted on arctic ecosystems and native 
populations are more exposed to Hg contamination than populations outside Arctic 
regions (AMAP,  2005) . 

 To date, the reason for the contamination of mercury in Arctic is still unclear. 
However, the discovery made in Alert (Canada) in 1995 (Schroeder et al.,  1998)  which 
revealed that Hg 0  is oxidized and deposited onto polar environmental surfaces more 
rapidly than anywhere else due to a phenomenon called Atmospheric Mercury 
Depletion Events (AMDEs) sparked considerable interest in the research community 
to further investigate the mercury situation in the north. AMDEs occur during the 
spring (of the Northern Hemisphere) after the polar sunrise in high latitude and coastal 
areas. The atmospheric drop in Hg 0  can last several hours to several days and is strongly 
correlated with tropospheric ozone depletion events. Numerous studies suggest that 
sea-salt initiates a photochemically-initiated and autocatalytic release of reactive 
halogen (Br and BrO radicals). The conversion of Hg 0  by bromine radicals is certainly 
fast, even if the kinetics is poorly studied, and leads to the formation of divalent 
species of Hg. These species are more water-soluble and reactive and thus can be 
deposited by wet and dry processes on surfaces. Significant increases in oxidized levels 
of Hg have been measured in the snow following AMDEs (Lindberg et al.,  2002) . 
A fraction of Hg deposited by AMDEs has been reported as bioavailable (Scott, 
 2001)  yet the link to the methylation of Hg in this system is still unknown. 

 AMDEs have been observed in several arctic and sub-arctic sites (section 10.2.2) 
and in Antarctica (section 10.2.3) as well. Quantification of Hg deposition due to 
these events is today limited. The magnitude of Hg deposition to the Arctic ranges 
between 50-200 Mg per year but some uncertainties exist in assessing the contribution 
AMDEs play in the global Hg cycle. No estimate has yet been made for Antarctica. 
Several uncertainties remain in the understanding of AMDEs. Firstly, the origin of 
AMDEs is unknown, it could be a recent phenomenon enhanced for example by the 
increasing occurrence of open sea waters. Secondly, several studies have shown that a 
part of deposited mercury can be reemitted back to the atmosphere by photoreduction 
processes (Steffen et al.,  2008)  thus adding uncertainty to the net deposition. Thirdly, 
the bioavailability of deposited Hg is poorly known, thus the question of how mercury 
enters the food web is still unsolved. Finally, the mechanisms that produce MeHg - which 
is likely the most relevant form that biomagnifies - in these cold environments are to date 
unsolved even though many pathways have been suggested (Barkay and Poulain,  2007) . 
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 Polar Regions, like other regions of the planet, are impacted by man-made emission 
of Hg, and therefore studying the cycling of Hg in Polar Regions is necessary to 
understand and follow the extent of the contamination within these ecosystems. 
Additionally, the ice and snow cover play an important role in the reactivity of the 
overlying atmosphere. The rapid changes observed in Polar Regions (temperature, 
sea-ice extent, precipitation) during the last years may complicate our understanding 
of how Hg cycles within these regions. The following chapter is a current state of 
Hg measurements in the polar atmospheres. Most of the research activities are 
today located in the northern hemisphere with long-term data for only a few sites. 
The Antarctic regions have not been extensively monitored yet and only sporadic 
measurements have been made. However, for both regions, an effort has been made to 
study the processes of AMDEs. The two first sections of this chapter present the 
current research in the Arctic and in Antarctica. A third part is devoted to the influence 
of snow surfaces on the global balance of atmospheric Hg.  

  10.2 Results and Discussion  

  10.2.1 Methods 

  10.2.1.1 Definitions 

 Gaseous Elemental Mercury (Hg 0  or GEM), Reactive Gaseous Mercury (RGM) and 
Particle associated mercury (PM) are the most commonly measured and monitored 
fractions in the atmosphere of Polar Regions. Hg 0  is the only gaseous Hg component 
that is easily and accurately measured in the field. RGM and PM are operationally 
defined and thus measurements from different sites may be complex to inter-compare. 
In some cases, Total Gaseous mercury (TGM) may be provided. It generally refers 
to the sum of Hg 0  and RGM.  

  10.2.1.2 Atmospheric Measurements in Cold Regions 

 Polar mercury speciation, mercury fluxes measurements, and snow pack sampling 
methods are similar to methods conducted around the world with exceptions made 
for the extreme cold, the blowing snow layer, the high altitude of the polar ice caps, 
and the high magnitude of mercury fluxes in and out of the surface snow. Care must 
be taken to (1) ensure that flow volumes and residency times are appropriate for the 
speciation of mercury into the 3 components, (2) prevent unintended mercury absorp-
tion in the sampling stream, and (3) ensure near 100% collection efficiency onto the 
pre-concentrating gold cartridges. Atop the high-altitude polar plateau item (1) 
requires matching the volume flow to a 0.1 second residency time over the KCl 
coated annular denuder. At the foggy coastal sites item (2) requires that dry air must 
be used to flush the system, otherwise the iodated carbon canisters (used to trap 
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mercury from the flush unintentionally) can potential introduce iodine into the 
flush stream, where it can unintentional oxidize Hg 0 . In all locations item (3) 
requires a high purity inert carrier gas, and a sampling location (such as a clean air 
sector) where unintended contaminates are not introduced. 

 Under very cold conditions the heated sample lines should be kept fully external 
to the climate controlled area, otherwise the temperature change between interior 
and exterior portions will induce hot/cold zones and mercury absorption/desorption 
at the tubing walls. The exterior front-end cases and the exterior sampling stream 
should have robust insulation and heating systems that will not significantly vary 
the set temperatures regardless of weather conditions. The inlet position must be 
placed sufficiently above the blowing snow layer, but remain within the lowest 10% 
of the atmospheric boundary layer, which may be as shallow as a few 10’s of meters. 
Snow pack sampling must take care to use a sun shield to prevent photoreduction 
during pit excavation and sampling.   

  10.2.2 Atmospheric Mercury in the Arctic 

  10.2.2.1 Introduction 

 Atmospheric mercury is of concern in the Arctic because it has been anthropogenically 
mobilized during the last century and it has the ability to bioaccumulate and 
biomagnify Arctic marine wildlife (Macdonald and Bewers,  1996) . Hg 0  has unique 
characteristics that include long-range atmospheric transport to regions like the 
Arctic. Thus, Hg 0  can be transported globally while oxidized forms of Hg are more 
reactive and travel much shorter distances before they are scavenged or deposited. 
How pollutants such as mercury are in the Arctic results from an accumulation from 
a combination of robust stratification, resulting from strong surface temperature 
inversions inhibiting turbulent transport, and the atmospheric transport of pollutants 
from mid-latitudes. This pole ward transport of pollutants is due to the geographic 
position of a meteorological phenomenon known as blocking (Iversen and Joranger, 
 1985) . Polluted air masses can reach the Arctic troposphere within 2 to 10 days (e.g. 
Raatz and Shaw,  1984) . Once atmospheric contaminants reach the Polar Regions, 
their lifetime in the troposphere is dictated by local removal processes.  

  10.2.2.2 Atmospheric Mercury Depletion Events in the Arctic 

 The discovery of atmospheric mercury depletion events (AMDEs) in the Canadian 
Arctic at Alert in 1995 (Schroeder et al.,  1998)  initiated almost a decade of intense 
study of atmospheric Hg processes. The reactive forms of Hg (e.g. RGM and some PM) 
have short lifetimes in the atmosphere and are deposited from the atmosphere close 
to emission sources and thus would not be expected in the Arctic which is far from 
these emission sources. However, the existence of reactive Hg in a particular air sample 
does not necessarily imply the existence of a local emission source but can be the 
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result of atmospheric chemical reactions involving Hg 0  transported from distant 
sources (Bottenheim and Chan,  2006 ; Gauchard et al.,  2005b ; Lindberg et al.,  2007) . 
Experimental evidence has demonstrated the presence of RGM and PM at remote 
locations ranging from Polar Regions to the open oceans (Steffen et al.,  2008)  

 As summarized in Table  10.1  and in Figure  10.1  atmospheric mercury measure-
ments have been collected on continuous and/or within field campaigns at several 
sites throughout the Arctic and sub-arctic regions. These sites include: Alert, Canada 
82 o 28’N 62 o 30’W (Schroeder et al.,  1998) ; Ny-Ålesund, Svalbard 78 o 54’N 11 o 53’E 
(Berg et al.,  2003) ; Pt. Barrow, USA 71 o 19’N 156 o 37’W (Lindberg et al.,  2001) ; 
Station Nord, Greenland 81 o 36’N 16 o 40E (Skov et al.,  2004) ; Kuujjuarapik, Canada 
55 o 16’N 77 o 45’W (Poissant and Pilote,  2003) , Amderma, Russia 69 o 45’N 61 o 40’E 
(Steffen et al.,  2005) , the North Atlantic Ocean (Aspmo et al.,  2006) , Resolute, Canada 
74°42’N 94°58W, (Lahoutifard et al.,  2005)  Churchill, Canada 58°8’N 94°1W(Kirk 
et al.,  2006) , and Summit, Greenland 72°6’ N 38°5’W (Faïn et al.,  2007) .   

  Figure 10.1    Measurement site for atmospheric mercury in the Arctic       
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 The first arctic annual time series of high-resolution atmospheric Hg vapor data 
was collected at Alert in 1995 (Schroeder et al.,  1998) . It was found that after sunrise 
the Hg 0  concentrations underwent extraordinary fluctuations, decreasing at times 
from values approximately 1.7 ng m -3  to less than 0.1 ng m -3  within periods of 24 hours. 
This behavior runs counter to what is expected for an air pollutant characterized by 
a long atmospheric residence time (Schroeder and Munthe,  1995) . This depletion 
of Hg 0  from the Arctic atmosphere was confirmed at several locations throughout 
the Arctic (Steffen et al.,  2008) . In 1998, Lu et al.  (2001)  and Lu and Schroeder 
 (2004)  reported high levels of PM during AMDEs that anti-correlated with measured 
gas phase Hg. They suggested that Hg 0  was being converted to PM and RGM when 
AMDEs occurred. This hypothesis that RGM is produced during AMDEs was 
confirmed in 2000 through direct measurements by Lindberg et al.  (2001)  at 
Barrow, Alaska, USA. Steffen et al.  (2002)  measured total atmospheric mercury at 
Alert in 2000 and showed that during depletion events other forms of Hg species 
exist in the air besides Hg 0 . This study also demonstrated that, during depletion 
events, not all of the converted Hg 0  remains in the air and it was proposed that the 
remainder of the converted Hg is deposited onto the nearby snow and ice surfaces. 
It is now thought that the chemistry that causes the well known ozone depletion 
events (Barrie et al.,  1988 ; Bottenheim et al.,  1986 ; Simpson et al.,  2007)  is similar 
to what drives AMDEs (Ariya et al.,  2002 ; Lindberg et al.,  2001 ; Lindberg et al., 
 2002)  in that Hg 0  is oxidized by reactive halogens, namely Br atoms or BrO radicals 
(Ariya et al.,  2004 ; Goodsite et al.,  2004 ; Skov et al.,  2004) . The oxidation of Hg 0  
with these reactive halogens yields inorganic RGM. While there are mechanisms 
and theoretical calculations that suggest that RGM is predominantly a bromide 
compound (Calvert and Lindberg,  2004) , its identity has not been directly elucidated 
and thus RGM is operationally defined. The reactive halogen species oxidizing Hg 0  
are assumed to be generated from open water regions such as leads or polynyas from 
refreezing sea ice (nilas) forming on open waters and UV radiation. Measurements 
have shown that AMDEs occur right at the snow surface (Berg et al.,  2003 ; Sommar 
et al.,  2007 ; Sprovieri et al.,  2005b ; Steffen et al.,  2002)  and are limited to the surface 
up to a maximum of 1 km (Banic et al.,  2003 ; Tackett et al.,  2007) . Lindberg et al. 
 (2001,   2002)  reported the first and highest measured concentration levels of RGM 
(up to 900 pg/m 3 ) during AMDEs at Barrow and showed a strong correlation between 
RGM production and UV-B irradiation and with an increase in surface snow Hg 
concentrations. The discovery of AMDEs has revolutionized our understanding of 
the cycling of Hg in Polar Regions while stimulating a significant amount of 
research to understand its impact to this fragile ecosystem.  

  10.2.2.3  Temporal Trends of Atmospheric Mercury 
and Comparisons Between Sites 

 Continuous long-term TGM measurements in the Arctic using highly time-resolved 
automatic monitors have been carried out at several observatory sites within the 
Northern Hemisphere. Hg 0  measurements have been collected at Ny-Ålesund, Norway 
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(1994-2000 [manual samples]; 2000-present [automated samples]) and Alert, Canada 
(1995-present). Other long term measurements of Hg 0  in the Arctic include Amderma 
Russia (2001-present) and Kuujjuarapik Canada (1999-present). Trend analysis 
was conducted on these measurements and has showed some temporal and spatial 
trends. An illustration of some of these measurements is provided on Figure  10.2 .  

 The data sets that have been collected for more than 5 years were subjected to 
robust statistical trend analysis (Temme et al.,  2007)  and both of these time series 
showed no evidence of annual long-term trends during each respective monitoring 
period. In the springtime, highly variable Hg 0  concentrations as well as the lowest 
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  Figure 10.2    Temporal trends of Hg 0  measurements conducted in the Arctic in 2002       
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median concentrations of all the seasons were found and are a result of AMDEs that 
are known to occur in these regions. While the low springtime median concentrations 
at Alert revealed no significant trend (95% CI) from 1995 to 2002, the summer Hg 0  
concentrations indicated a statistically significant (95% CI) decrease from 1995 
to 2002. Mercury concentrations measured in the summer were higher than the 
springtime at Alert perhaps due to the emission of Hg from tundra and snow 
surfaces (Steffen et al.,  2005) . 

 This decreasing summer trend in Hg 0  concentration is in contrast to a more 
recent report of a trend at Alert, between 1995 and 2005, where it is shown that no 
statistically significant trend for each season was found (Temme et al.,  2007) . 
The authors hypothesize that this change in trends may be due to higher re-emission 
from the oceans coupled with effects from rising air temperatures during Arctic 
summer and effects from decreasing European emission rates during that time period. 
Analysis of the measurements from Ny-Ålesund reveals statistically significant 
decreases in the fall and winter months between 2000 and 2005. It is speculated that 
this decrease is a reflection of the decrease in European emissions reported during 
that time period (Pacyna et al.,  2006 ; Steffen,  2007) . This site shows an increase in 
summer concentrations during that same time period. Some analysis was made of 
the measurements from Alert, Amderma and Kuujjuarapik (Steffen et al.,  2005)  and 
showed distinct repeating seasonal patterns for all sites yet the sites at higher latitude 
showed higher seasonal amplitude. Longer time series of measurements are not 
available; however, firn air records in Greenland allows for a reconstruction of the 
past Hg 0  signal in the Arctic atmosphere (Faïn et al. 2008, in prep). These data suggest 
that Hg 0  levels were the highest during the 70’s and decreased since then. Such a 
trend is similar to the worldwide mercury production. 

 To the best of the authors’ knowledge, only Alert, Canada has long term 
measurements of RGM and PM in the Arctic. However, several field campaigns 
have measured these species during AMDEs (see Steffen et al.,  2008) . The relative 
distribution of these two atmospheric species differs between locations. RGM can 
exist in the gas phase but will be readily sorbed onto aerosols present in the air 
because of its hygroscopic properties (Ariya et al.,  2004) . At Alert, the overall 
predominant species in spring is PM but a clear shift from the predominance of PM 
to RGM is observed during the spring (Cobbett et al.,  2007 ; Kirk et al.,  2006 ; 
Steffen et al.,  2008) . At Barrow, RGM is the predominant species observed 
(Lindberg et al.,  2002) . Several studies at Ny-Ålesund have shown that, in general, 
there is no predominance of either RGM or PM (Gauchard et al.,  2005b ; Sprovieri 
et al.,  2005a ; Sprovieri et al.,  2005b) . Some researchers have suggested that the 
distribution of the RGM and PM is an indication of the age of an air mass (Lindberg 
et al.,  2002 ; Sprovieri et al.,  2005a ; Steffen et al.,  2003a)  while others suggest that 
the distribution is an indication of local versus transported events (to the measurement 
site) (Gauchard et al.,  2005b ; Wangberg et al.,  2003) . 

 The presence of UV radiation is also thought to contribute to the distribution of 
RGM and PM as suggested by Lindberg et al.  (2002) . While considerable work has 
been done to study mercury in the Arctic, research continues to fully understand the 
behaviour of mercury over time, the transport of mercury to this area. The processes 
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involved in its conversion between differing media and the impact that this 
contaminant has on this vulnerable region needs more study. It is important to 
understand all of these issues with a changing climate occurring at such a rapid 
pace in the Arctic region.   

  10.2.3 Atmospheric Mercury in the Antarctic 

  10.2.3.1 Introduction 

 Antarctica and the Southern Ocean are located in a remote region, with no indigenous 
human population and no industrial activity. Human activity is minimal and localized. 
Human presence in the region largely consists of scientific investigations and logistical 
operations in support of these investigations. The greatest human impact can be 
expected where research is carried out at long-term stations yet these typically have 
populations of fewer than 100 people. The overwhelming majority of anthropogenic 
Hg loading to the environment and biota derives from global rather than local input. 
Antarctica is characterized by a vast, cold, dry, high-altitude polar plateau, and a coastal 
region where the seasonal freezing and melting of sea ice surrounding the continent 
is the Earth’s largest seasonal energy exchange event. This vast freezing of sea ice 
liberates sea salt bromine. Far from anthropogenic emissions, and isolated by the 
circumpolar vortex, only the longest-lived of the global atmospheric contaminants, 
such as GEM, make their way to the Antarctica polar plateau. 

 Similar to the Arctic (see section above), atmospheric mercury and ozone depletion 
events are most noticeable along Antarctic coastlines where polynyas and coastal, or 
flaw, leads provide frequently freezing sea ice surfaces as a source of atmospheric 
bromine. Far from the coasts, the main source of bromine is photochemical recycling 
between the cold surface snow pack and the atmosphere (Piot and von Glasow,  2008) . 
Evidence of Br 

2
  emissions from snow surfaces was first reported by Foster et al. 

 (2001)  and enhancements of BrO above the snow pack were reported by Avallone 
et al.  (2003) . Recent chemical modeling studies, including Saiz-Lopez et al.  (2007)  
and Piot and von Glasow  (2008) , show that bromine recycling in the surface snow 
is required to match air column chemical observations. Most recently, Dibb et al. 
 (2008)  directly observed photochemical bromine recycling from the surface snow, 
along with correlated ozone and mercury depletion events at an icecap location 
>3000 m in altitude and >1000 km from the nearest coast.  

  10.2.3.2 Atmospheric Measurements on the Antarctic Region 

 Few field mercury experiments have been performed in Antarctica compared to 
those carried out in the Arctic. Mercury measurements performed at different 
locations of the Antarctic region are reported in Table  10.2  and in Figure  10.3 . The Hg 0  
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levels are far below the concentrations observed in the Arctic due to the remoteness 
from anthropogenic sources.  

 The first baseline data for the concentration and speciation of atmospheric 
mercury in Antarctica were reported by De Mora et al.  (1993) . Mercury meas-
urements were carried out at three sampling location throughout 1985 and 1988. 
In particular, a preliminary study was carried out on the frozen surface of Lake 
Vanda (77°33’S, 161°37’E) in the Wright Valley during December 1985. While 
obviously limited, the data were interesting and suggested that TGM concentrations 
in Antarctica were substantially lower than those observed elsewhere (0.23 ng m -3 ). 
Therefore, further studies were conducted throughout 1987 and 1988 at Scott 
Base (90°00’S, 139°16’W) and during 1989 at Arrival Heights (77°11’S, 166°40’E) 
on Ross Island. The mean TGM for 1987 was 0.52  ±  0.14 ng m -3  whereas the 
corresponding 1988 value was 0.60  ±  0.40 ng m -3 . At the third site, mean TGM 
value was 0.52 ± 0.16 ng m -3 . The first data reporting and referring to AMDEs 
were obtained at Neumayer (70°39’S, 8°15’W) a coastal location in Antarctica 
(Ebinghaus et al.,  2002) .  

  10.2.3.3 Temporal Trends of Atmospheric Mercury in Antarctica 

 To the best knowledge of the authors, there are no long-term data sets in Antarctica. 
Therefore, only measurements conducted during field campaigns are reported.  

  Figure 10.3    Measurement sites for atmospheric mercury in Antarctica       
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  10.2.3.3.1 Coastal Sites 

 Mercury processes in Antarctica begin with marine bromine emissions. Freezing 
sea water under very cold temperatures traps bromine sea salts within the forming 
ice matrix. Within hours, brine is squeezed out of the solidifying ice resulting 
in briny frost flowers, which both dramatically increase the ice surface area 
and transport the concentrated bromine ions to the air interface. Similarly to the 
Arctic, the related atmospheric bromine compound, BrO, can be detected with 
satellite (Richter et al.,  2002)  indicating regions and magnitudes of bromine 
emissions (see Figure  10.4 ). 

 In order to better understand the chemical processes that may act to enhance the 
capture of Hg from the global atmosphere and its deleterious impact on Antarctic 
ecosystems, high-temporal-resolution Hg measurements were performed by Ebinghaus 
et al.  (2002)  at the German Research Station at Neumayer. These measurements 
comprised the first annual time series of ground-level TGM concentrations in the 
Antarctic to investigate the occurrence of possible AMDEs in south Polar Regions 
(Figure  10.5 ). AMDEs were observed during Antarctic springtime 2000 with 
minimum daily average concentrations of about 0.1 ng m -3 . The high-resolution 
data were compared with existing data sets of AMDEs in the Arctic and revealed 
similarities between the temporal and quantitative sequence of AMDEs after polar 
sunrise. TGM and O 

3
  were positively correlated (Figure  10.5 ) as in the Arctic 

boundary layer after polar sunrise (Sprovieri and Pirrone,  2000 ; Sprovieri et al., 
 2005a ; Steffen et al.,  2008) , even if the ozone depletion events at Neumayer are less 
frequent, and shorter (Lehrer,  1999) . 

  Figure 10.4    Distribution of BrO around the Antarctic Continent (Richter et al.,  2002)        



10 Spatial Coverage and Temporal Trends 307

 Friess  (2001)  detected enhancements of BrO in the lower troposphere, during 
the same period at Neumayer, using DOAS. Ebinghaus et al.  (2002)  also found that 
AMDEs coincided with enhanced column densities of BrO from measurements by 
the satellite borne GOME instrument over the sea ice around the Antarctic continent 
after polar sunrise. Air masses at ground level coming from the sea ice surface, 
accompanied by BrO enhancements, could be a necessary condition for the AMDEs 
at Neumayer. Therefore, the sea ice is a possible place where the photochemical 
reaction of ozone and Br atoms and/or the reaction of BrO radicals and Hg 0  can take 
place in the Antarctic during the springtime.   

 Figure  10.6  shows, in particular, simultaneous Hg 0 , RGM and O 
3
  ambient concen-

trations for the period November 26 th  to December 31 th , 2000 (Sprovieri et al.,  2002)  
observed at Terra Nova Bay (74°41’S, 164°70’E). RGM concentrations were high and 
comparable to those directly observed by anthropogenic Hg sources. Interestingly, 
these high levels were measured in the absence of simultaneous ozone and mercury 
depletion events. Similar RGM results (Table  10.2 ) have been reported by Temme 
et al.  (2003) . The very high RGM concentrations at both Antarctic coastal sites could 
be influenced by the local production of oxidized gaseous mercury species over the 
Antarctic continent or by shelf ice during polar summer. The Hg 0  depletions recorded 
in January show no significant correlation to any additional parameters that were 
measured (Temme et al.,  2003) . This suggests that the oxidation of Hg 0  to RGM, 

  Figure 10.5    Ozone and TGM concentrations during the AMDEs observed at Neumayer, Antarctica 
from August to October 2000 (Reprinted with permission from Ebinghaus et al.,  2002  and Temme 
et al.,  2003 . Copyright 2002 and 2003 American Chemical Society)       
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and a concurrent production of O 
3
 , has already occurred before the air parcels were 

advected to the sampling site. The authors proposed a gas-phase oxidation of Hg 0  
by potential oxidants (i.e.  . OH, HO .  

2
 , NO .  

3
 ) associated with high levels of NO. 

These oxidants result from photo-denitrification processes in the snow-pack (Zhou 
et al.,  2001)  which may maintain the high RGM concentrations that were observed. 
Therefore, additional atmospheric measurements of potential precursor compounds 
and isentropic trajectory calculations are required to potentially ascertain the reaction 
mechanism and origin of the air masses reaching the measurements locations where 
these high RGM levels are observed during the Antarctic summer.   

  Figure 10.6    Two-hourly mean concentrations of Hg 0  and RGM measured at Terra Nova Bay, 
Antarctica from November to December, 2000 (Source: Sprovieri et al.,  2002)        
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  10.2.3.3.2 Sites on the Polar Plateau 

 On the Antarctic Polar Plateau where the snowpack is perennial and the bromine 
process decoupled by distance from the original freezing sea ice sources, polar 
sunrise ( ~ September 21 at the South Pole) heralds negligible mercury oxidation. 
Mercury oxidation rates only begin to peak around the summer solstice with maximum 
values  ~ February 1. This reflects the bromine transport times from the coastal sea 
ice and the photochemical processes (Brooks et al.,  2008a) . 

 Oxidized mercury species were first reported by Arimoto et al.  (2004)  from high 
volume filter results at the S. Pole station clean air sector. More recently (Brooks 
et al.,  2008a)  combined mercury concentrations in snow and air, with vertical mercury 
flux measurements at the South Pole. These observations showed atmospheric 
oxidized mercury depositing to the snow pack, subsequent photo reduction, and 
emissions of Hg 0  from the surface. High oxidized mercury concentrations were 
measured in the near-surface air (e.g., RGM and fine PM; 100 – 1000 pg m -3 ). From 
these concentrations and flux rates, it was calculated that the Antarctic polar plateau 
sequesters  ~ 60 Mg of Hg annually. The seasonal cycling of atmospheric mercury 
oxidation, deposition, and re-emission via photoreduction is on the order of  ~ 500 
Mg annually (see section 2.4 for explanation). This dynamic mercury cycle on the 
polar plateau is driven by the surrounding sea ice as a vast bromine source, Southern 
Hemisphere Hg emissions, the sun, and the cold Spring/Summer temperatures. 

 A major global obstruction to the formation of atmospheric Hg (II)  is believed to 
be the fast thermal decomposition of the Hg (I)  radical, HgBr (Holmes et al.,  2006) . 
This fast thermal decomposition rate dominates chemistry above 0° C, but the rate 
decreases by half with every 6° C drop in temperature below 0° C (Goodsite et al., 
 2004 ; Holmes et al.,  2006) . The mercury in the air over the polar plateau (the coldest 
place on Earth), unlike any other location, is predominately Hg (II)  in Spring and Summer 
(Brooks et al.,  2008b) . While Arctic and Antarctic coastal sites experience episodic 
mercury depletion events which occur predominantly in the late winter and early 
spring, the polar plateau experiences nearly-constant mercury events, peaking in 
the summer (Figure  10.7 ). 

 While the effects of mercury oxidation and deposition in coastal and marine 
environments have been postulated (AMAP,  2005)  the effects of the observed ice 
cap mercury cycle are less clear. Given the dry conditions of the Antarctic polar 
plateau (burial/snowfall rate is  ~ 10 cm/year) only  ~ 10% of the deposited mercury 
is buried (sequestered), resulting in some 60 Mg Hg annually. The much smaller 
Greenland ice cap (1.8 million square km) has a burial/snowfall rate of  ~ 70 cm/
year, and similarly sequesters  ~ 40 Mg Hg annually (Dibb et al.,  2008) .    

  10.2.3.4 Antarctica vs Arctic 

 A comparison between the two Polar Regions is problematic because both spatial 
and temporal coverage of Hg measurements are limited. The behaviour of mercury 
species may be associated with a number of reactive chemicals and reactions that take 
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place in the atmosphere after polar sunrise. The tropospheric chemistry of the polar 
areas is distinctly different than in the other parts of the Earth due to natural differences 
of meteorological and solar radiation conditions. During the winter months, in total 
lack of solar radiation, temperature and humidity conditions are very low, so the 
vertical mixing of the lower stratified Antarctic troposphere is hindered. The direct 
consequence is that the abundance of photo chemically labile compounds will rise, 
while the level of photochemical products will be low. During spring and summer, 
solar radiation is present 24 hours a day and under sunlight conditions, the elevated 
concentrations of reactants present in the Antarctic atmosphere can initiate a sequence 
of atmospheric chemical transformations often different than other latitudes. 

 It can be anticipated that in the polar troposphere, free radical precursors that 
build up in the darkness of the polar winter begin to photo dissociate and the resulting 
gas phase radicals may play a fundamental role in the elemental gas phase mercury 
decrease seen in Antarctica and in Arctic. Although in the Arctic the highest RGM 
concentrations were found during AMDEs, elevated concentrations were found at 
Barrow during snowmelt. Snowmelt is more limited in the Antarctic, even at coastal 
sites, than it is in the Arctic at sites such as Barrow, which suggests that the snowpack 
is directly involved in maintaining high RGM concentrations. The higher Hg 0  
concentrations observed in the Arctic when compared to the Antarctica clearly indicate 
the different chemical composition of the troposphere as a result of the location of the 
measurements areas. In fact, the Arctic is surrounded by populated continents from 
which pollution is released and transported to the north. In contrast, the Antarctic is 
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  Figure 10.7    Weekly averages of total filterable mercury concentrations (the sum of RGM and 
PM) collected as Hg on high volume filters, and the annual solar elevation angles at South Pole 
Station. High volume filters allow GEM is pass but collect PM and a significant portion of the 
RGM. Most notably, filterable Hg concentrations (RGM + PM) are totally absent during the dark 
fall and winter seasons, implying that sunlight is a requirement to produce oxidized mercury 
species, RGM and PM. The figure also shows that filterable Hg (RGM+PM) concentration in 
the near-surface air much higher in the summer compared to the spring, indicating a delay 
between the re-emerging sunlight and, the GEM transport and bromine snow pack recycling, the 
drives the atmospheric chemical production of oxidized mercury species, RGM and PM. This 
delay could be due to the requirement of “seed” reactive halogens to drive the recycling of Br from 
the surface snow (Simpson et al.,  2007 ; Piot and von Glascow,  2008)        
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entirely surrounded by the Pacific Ocean and is far from any anthropogenic emissions. 
In particular, fluxes of mercury to the atmosphere, mainly from anthropogenic and 
continental sources in the Northern Hemisphere (particularly from Eurasian and North 
America in late winter and spring), are greater than those in the Southern Hemisphere, 
and higher atmospheric concentrations are found in the North than the South. 

 The dynamic transformations of atmospheric mercury species during the polar 
spring illustrate the complexity of photochemical reactions in Polar Regions and 
have revealed the limitations in our understanding of the chemical cycling of mercury 
and other atmospheric constituents/contaminants in remote regions with seasonally 
variable sea-ice coverage. More research and investigation on possible reaction 
mechanisms and chemical kinetics of these phenomena are required to successfully 
improve our understanding of chemical-physical processes involved in the mercury 
cycle in order to assess the resulting net input into the polar biosphere.   

  10.2.4 The Role of Snow Surfaces on Atmospheric Hg Trends 

 Snow surfaces are well recognized as important sites of chemical transformations in 
Polar Regions for many organic compounds. It has recently been established that 
mercury can also undergo redox transformation at the snow/air interface (for a review, 
see Steffen et al.,  2008) . Since the reduced form of Hg, Hg 0 , is volatile, these interfacial 
transformations may lead to changes in the evasion and deposition of Hg in cold regions. 
However, there have been debates on the importance of these snow processes on 
atmospheric Hg trends. In this section, the available information regarding Hg emission 
and deposition processes at the snow/air interface will be reviewed followed by a 
discussion on the potential impact of these processes on atmospheric Hg levels. 

  10.2.4.1 Role of Snow in Emission and Deposition Processes 

 Snowpacks can alter atmospheric Hg concentrations by two types of processes. On 
one hand, they can promote the deposition of Hg 0  by, for instance, favouring its 
conversion into oxidized species through heterogeneous processes. On the other 
hand, newly deposited Hg (II)  can be transformed within the snowpack into Hg 0 , 
leading to snow-to-air transfer of Hg. In the latter case, oxidative processes within 
the snowpack may hinder this transfer. The balance between these evasional and 
depositional processes will change temporally (on seasonal and daily scales) and 
spatially (e.g. coastal vs. inland snowpacks). 

  10.2.4.1.1 Snowpacks as Promoters of Atmospheric Hg Deposition 

 Snow can influence Hg deposition through physical and/or chemical processes. 
First, snow packs can act as a source of halogens to the lower troposphere, thereby 
contributing to the halogen-assisted atmospheric oxidation of Hg 0  into RGM in 
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Polar Regions. This phenomenon is particularly likely to occur in snow over sea ice 
and in coastal snow packs, where halogen levels in snow are high (Brooks et al.,  2006 ; 
Lindberg et al.,  2002 ; Simpson et al.,  2007) . This impact of snow on atmospheric 
processes is partly supported by data showing that RGM formation is occurring 
mostly at the snow/air interface (Steffen et al.,  2002) . 

 Once RGM is formed in the atmosphere, snow can act as an efficient surface for 
the sorption of newly formed RGM. Douglas et al.  (2005)  hypothesized that active 
growth of snow and ice crystals from the vapour phase near leads readily scavenged 
available RGM, leading to the highest Hg levels ever reported in snow and ice. 
However, the sorptive properties of snow towards Hg species are still very poorly 
documented and represent a fruitful field of future research. 

 Once Hg deposition has occurred, oxidative processes within the snowpack may 
promote the retention of Hg on the ground and its eventual transport to receiving 
ecosystems. In particular, photooxidation of Hg by UV-A radiation has been shown 
to be substantial in waveband exclusion experiments, particularly in snow contain-
ing high chloride concentrations (e.g. Poulain et al.,  2004 ; Poulain et al.,  2007a) . It 
is believed that chloride stabilizes intermediate Hg (I)  species during a two-step oxida-
tion of Hg 0  toward Hg (II) . Alternatively, halides found in coastal snow can form radi-
cals able to oxidize Hg within the snowpack (e.g. Ariya et al.,  2004 ; Fain et al., 
 2006) . Hydrogen peroxide, formed through photoreactions, has also been shown to 
be a possible Hg oxidant in snow, under acidic conditions (Lahoutifard et al.,  2006) . 
Overall, coastal and sea ice snowpacks can be considered as important sites promot-
ing the deposition and retention of Hg (II)  on the ground, leading to higher risk of con-
tamination for neighboring ecosystems, when compared to inland snowpacks.  

  10.2.4.1.2 Snowpacks as Promoters of Hg Evasion 

 Redox reactions within the snowpack may also lead to the formation of Hg 0 , and its 
release to the atmosphere. This reduction of Hg can either be driven by photochemical 
or biological processes, although the latter have received less attention until recently. 
According to a recent study conducted over a 80 m deep snowpack in Greenland, 
these redox transformations are limited to the first meters of the snowpack, since 
Hg 0  levels in the deep firn were constant between 15 and 70 m (Faïn et al.,  2007) . 

 Photochemical reactions are generally believed to be the main drivers of Hg (II)  
reduction. Field and laboratory polychromatic experimentations have shown that UV-B 
bands were particularly favorable to Hg (II)  reduction in snow (Dommergue et al.,  2007) . 
The importance of the reductive process has been demonstrated in the Arctic by rapid 
Hg losses in the irradiated surface snow layers (Poulain et al.,  2004) . Observations of 
diel cycles of Hg 0  in interstitial air also suggest an important evasional flux of Hg 
driven by Hg (II)  reduction (Dommergue et al.,  2003a ; Dommergue et al.,  2003b) . 

 The relative importance of Hg oxidation vs. reduction is likely to depend on 
seasonal and daily changes in: 1) light intensity and quality (as influenced by solar 
irradiation and cloud cover); 2) snow composition; 3) atmospheric and snow 
oxidants and reductants; 4) Hg speciation in snow. In fact, it has been suggested 
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that following AMDEs, Hg in snow undergoes cycles of reduction and oxidation at 
the snow/air interface and within the superficial snow layer (Steffen et al.,  2002) . 
It should be noted that these photochemical processes will be limited to the upper 
centimeters of the superficial snow, due to limited light penetration within the 
snowpack (King and Simpson,  2001) . 

 Mechanistically, we still have a very limited understanding of Hg reduction in 
snow. The exact substrates (Hg species) involved are not well characterized. Potential 
reductants have been proposed (e.g., HO 

2
 ), although their role has not been 

confirmed by thermodynamical experiments (Gardfeldt and Jonsson,  2003) . Direct 
photolysis of some Hg complexes has also been proposed, but not demonstrated in 
snow. Ferrari et al.  (2005)  have suggested that the quasi-liquid layer surrounding 
snowflakes may be the main site of Hg redox transformations in snowpacks, and 
that temperature therefore plays an important role in dictating the occurrence and 
magnitude of these processes. However, this hypothesis needs to be supported by 
additional experimental data. 

 Biological processes may also be involved in the formation of Hg 0  in snowpacks. 
Indeed, data from Poulain et al.  (2007b)  have recently established the presence and 
expression of genes coding for mercury resistance in High Arctic bacteria. Since 
one of the main axes of resistance in bacteria is the reduction of Hg (II)  into the less 
toxic Hg 0 , these results call for additional studies on microbiological Hg redox 
transformations in snow. Additionally, snow microorganisms are likely to influence 
heterogeneous redox processes by acting as sorbents for Hg, or by generating 
exudates. Microbial processes are likely to be particularly significant during 
snowmelt and, possibly, in the quasi-liquid layer of snowflakes.   

  10.2.4.2 Potential Influence on Local, Regional and Global Mercury Levels 

  10.2.4.2.1 Local Scale 

 These redox processes can ultimately have an impact on atmospheric Hg levels. 
At the local scale, aircraft measurements, micrometeorological and flux chamber studies 
have shown that the snow/air interface was a dynamic layer where both evasional and 
depositional fluxes occurred. Few studies have established the height of this dynamic 
layer over the snow/air interface. Banic et al.  (2003) , using aircraft measurements 
made between 0.1 and 7 km, observed depletion of atmospheric Hg in air masses up 
to 1 km in height, but not above this limit. However, it is not possible to ascertain 
which portion of these depletion events can be attributed to snow related processes. 
Steffen et al.  (2002)  provided detailed profiles of Hg 0  between 0 and 2 m over snow 
and were able to demonstrate the occurrence of evasional fluxes of Hg 0  from snow 
during Arctic Spring. It is therefore likely that snow processes partly influence Hg 0  
atmospheric levels in the atmospheric layer immediately overlying snowpacks. 

 The influence of snow on atmospheric Hg levels is not constant seasonally. 
Recently, Cobbett et al.  (2007)  presented Hg 0  fluxes measurements over Arctic 
night and day, and over the transition period between both periods. They reported 
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no significant net Hg 0  flux during or soon after AMDEs, and after snowmelt; the 
largest Hg 0  depositional fluxes were measured during the Arctic night, and were 
attributed to concentration gradients. The maximum Hg 0  evasional fluxes were recorded 
when the tundra was first visible during snowmelt. This suggests that Hg 0  production 
in snowpacks may have only limited influence on atmospheric Hg 0  levels, except 
during the snowmelt period, when their influence is more pronounced. Indeed, Poulain 
et al.  (2007a)  have measured high Hg (II)  reduction rates in snowmelt water, supporting 
the notion of a significant Hg 0  emission during the snowmelt period. However, it 
should be noted that other studies have reported significant Hg 0  fluxes immediately 
following AMDEs (e.g. Kirk et al.,  2006) ; therefore, at least at some polar locations, 
snowpacks influence local atmospheric Hg 0  levels both in early and late spring.  

  10.2.4.2.2 Regional and Global Scales 

 In order to assess the influence of snow processes on regional and global atmospheric 
Hg levels, it is necessary to include these processes in large scale models. There are 
currently two hemispheric Hg models including the Danish Eulerian Hemispheric 
Model (DEHM) and the Meteorological Synthesizing Centre-East hemispheric 
model (MSCE-Hg-Hem) (Travnikov and Ryaboshapko,  2002)  and one global model, 
the Global/Regional Atmospheric Heavy Metals Model (GRAHM; (Dastoor and 
Larocque,  2004) . However, these models do not include heterogeneous chemistry on 
surface snow and snow physics because of the lack of laboratory data (Steffen et al., 
 2008) . Re-emission from snow is not considered in the DEHM and the MSCE-Hg-Hem 
model. In the GRAHM model, re-emission is treated as Hg 0  as a fraction of the annual 
Hg deposition (Ariya et al.,  2004)  instead of a mechanistic representation including 
photochemical processes, due to a lack of understanding of these processes. 

 Using the GRAHM model, Ariya et al.  (2004)   c oncluded that re-volatilization was 
not significant over the scale of weeks, except in the late Spring; these model results are 
coherent with field reports from Cobbett et al.  (2007)  discussed above, which showed 
significant Hg 0  emission from snowpacks in late Spring. Finally, Brooks et al.  (2006)  
calculated a mass balance for the springtime arctic environment and concluded that 
photo-induced emission of Hg 0  from snowpack represented 59% of depositional 
fluxes. It is therefore likely that snow processes are impacting Hg 0  levels in the lower 
atmosphere at least at the regional scale (i.e. the Arctic), but only during springtime.     

  10.3  Gaps of Knowledge, Future Research 
and Policy Implications  

 The observations seen in the polar regions, thus constitute direct evidence of a link 
between sunlight assisted Hg 0  oxidation, greatly enhanced atmospheric Hg (II)  wet 
and/or dry deposition, and elevated Hg concentrations in the polar snow-pack in 
spring. It has been thought, in fact, that the AMDEs are, probably, recent phenomena 
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due to the climate global changes in the Polar Regions and, in general, to the global 
warming of the planet. This last leading to a decreasing trend in multi-year ice 
coverage, earlier timing of snowmelt, increasing ocean temperature and increasing 
atmospheric circulation can impact the dynamics of the AMDEs (Lindberg et al., 
 2002) . These climate changes have, in fact, increased atmospheric transport of 
photo-oxidants and production of reactive halogens (Br/Cl) in the Polar Regions 
enhancing Hg oxidation reactions. The decreasing, in addition, in total column ozone 
amounts over the polar areas and the subsequent increasing of the incident solar 
UV-B which influence the production of reactive halogen species could lead to increase 
of the Hg 0  oxidation processes and Hg accumulation in polar ecosystems. Further 
studies are necessary to explain the reaction mechanism and the kinetics of the AMDEs 
and the RGM production identified during measurement campaigns in the Polar 
Regions during springtime depletion periods. It is also important to combine the results 
observed with trajectory calculations in combination with sea ice maps to investigate 
the origin of the depleted air masses and the actual places where the chemical reactions 
involving ozone, reactive bromine species, hydroxyl radical and Hg 0  occur. 

 Moreover, it is clear that current models are limited in their integration of snow 
processes by a lack of sufficient mechanistic studies detailing physical, chemical and 
biological interactions. In particular, there is a need to assess the rates of scavenging/
adsorption of Hg 0  and Hg (II)  species by snow and ice crystals, both inland and on the 
sea ice. In order to reach such an objective, a more detailed knowledge of Hg speciation in 
air and snow is also required. Laboratory studies coupled to field ones are also needed 
to elucidate heterogeneous redox transformation at the snow/air and ice/air interface. 
Additional studies should assess the role of the quasi-liquid layer as a potential key site 
of chemical reactions for Hg on snow. At this point in time, photochemical processes 
seem to dominate all others, and the balance between photo reduction and photo 
oxidation is considered to be dependent on snow chemistry (i.e. halide levels) and 
light quality (UV-A vs. UV-B). However, microbial processes have received too little 
attention both in the Arctic and Antarctica, and may prove to be significant, particularly 
in late Spring when metabolic activity is rapidly rising and, incidentally, when 
observed and modeled late spring Hg 0  snow-to-air fluxes are maximal. 

 The Arctic is currently undergoing rapid and dramatic changes including warming 
which is changing the timing and extent of sea ice and its coverage (Serreze et al., 
 2002 ; Stroeve et al.,  2005)  and it is affecting the seasons with winter coming later 
and spring melt coming earlier. As well, coal and fossil fuel combustion in Asia, a major 
global source of Hg, is expected to increase up to 350% between 1990 levels and 2020 
(van Aardenne et al.,  1999) . The effects of these increasing emissions on AMDEs 
processes and the long term deposition of Hg to the Polar Regions will only be dis-
cernible if long term measurements are collected at numerous locations. In Antarctica, 
gross mercury input is controlled by the South Hemisphere emissions. While 
Northern Hemisphere mercury emissions have been decreasing over the last couple 
decades, Southern Hemisphere mercury emissions increased from 1990 to 1995 and 
have stayed roughly constant since 1995. From 1990 to 1995 Africa emissions 
increased from 200 to 400 Mg yr -1 , Australia from 50 to 100 Mg yr -1 , and South 
America from 55 to 80 Mg yr -1  (Lindberg et al.,  2007 ; Pacyna et al.,  2006) . A 
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warmer and wetter environment will have positive and negative effects. On the pla-
teau the formation of Hg (II)  will decrease with the enhanced thermal decomposition of 
the intermediate Hg (I)  radical, HgBr. However, a wetter environment will increase 
snowfall rates and bury (sequester) a greater proportion of the deposited Hg (II) . 

 Long term measurements of Hg 0  and other atmospheric Hg species in the Polar 
Regions are very limited and need to be increased. These types of measurements 
can yield critical information to better understand the processes involved in the 
cycling of Hg in the polar atmosphere and thus the deposition of this pollutant to 
this fragile environment. Long term measurements of Hg in the polar atmosphere 
must be put into place so that the effects of these changes to Hg distribution in this 
environment can be monitored and scrutinized.      
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   Chapter 11   
 Spatial Coverage and Temporal Trends 
of Over-Water, Air-Surface Exchange, Surface 
and Deep Sea Water Mercury Measurements       

     Francesca   Sprovieri   ,    Nicola   Pirrone   ,    Robert P.   Mason   , 
and    Maria   Andersson      

  Summary   The world’s oceans and seas are both sources and sinks of mercury, and 
although it appears that the atmosphere is the major transport/distribution medium 
for mercury, because most Hg emissions are to the atmosphere, oceans and seas 
also play an important role. The transformations of Hg and its compounds which 
take place in marine water are of crucial importance to the understanding of the way 
in which mercury released to the atmosphere is eventually incorporated into biota, 
thereby becoming a risk to human and ecosystem well being. This chapter provides an 
overview of where and when measurements of atmospheric and aquatic concentrations 
of mercury and its compounds have been made in the marine environment. These 
measurements cover – in part obviously – the Pacific, Atlantic, Southern and Arctic 
oceans, North and Baltic Seas and the Mediterranean,. There are relatively few 
direct measurements of the air-sea exchange of mercury, however simultaneous 
measurements of Dissolved Gaseous Hg (DGM) and Hg in air, when combined 
with measurements of the sea and air temperature and wind speed, can be used to 
estimate the evasion and deposition fluxes. The magnitude of these fluxes is one of 
the indispensable parameters in compartmental and atmospheric Hg models. There 
remains some uncertainty as a result of the, so far, limited spatial and temporal 
coverage of the measurements.    

  11.1 Introduction  

 Mercury occurs naturally in the Earth’s crust principally as the ore, cinnabar, HgS 
and it is quite different from other metals in several respects: (i) it is the only metal 
that is liquid at room temperature; (ii) it is the only metal that boils below 650° C; 
(iii) it is quite inert chemically, having a higher ionization potential than any other 
electropositive element with the sole exception of hydrogen; (iv) it exists in oxidation 
states of 0 (Hg 0 ) and 1 (Hg (I) ) in addition to the expected state of 2 (Hg (II) ). Hg is 
unique among metals in possessing appreciable volatility in its elemental state 
(Hg 0 ) at ambient temperatures and pressures. This volatility means that a significant 
quantity of Hg can exist in the gas phase. Hg enters the atmosphere either through 
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discharge to natural ecosystems followed by volatilization, or by direct emission to 
the air. In the latter case, the metal can be released as either Hg 0  or a variety of 
oxidized Hg forms, Hg (II) . The oxidized (mercuric) forms, which may account for 
as much as half of the emitted Hg, have short residence times in the atmosphere, 
and are deemed responsible for most of the Hg contamination close to point sources 
(Nriagu,  1989 , Pirrone et al.,  1996 ; Pirrone et al.  1998 ; Pirrone et al.,  2001) . 
Elemental Hg (Hg 0 ), on the other hand, is thought to have an average atmospheric 
residence time of approximately one year (Hall,  1995 , Shia et al.,  1999) , although 
there is considerable uncertainty on this point, with estimates ranging from 0.2 to 
2 years. Nevertheless, because of this time scale and its consequent ability to travel 
long distances prior to deposition, most of the directly emitted Hg 0  enters the global 
Hg cycle (Hedgecock and Pirrone,  2004 ; Hedgecock et al.,  2006) . 

 Historical as well as present variations in anthropogenic influence in the 
atmosphere are undoubtedly due to geological and climatic variability. The effect 
of anthropogenic activities is to redistribute naturally-occurring Hg from its original 
matrix (in which it may be highly immobile) to other environmental compartments, 
and to alter its speciation, often towards more mobile and toxic forms. The task of 
distinguishing anthropogenic from natural contributions to the global cycle is a very 
difficult one, since the so-called “natural” sources include a large component of 
reemitted previously-deposited Hg. For example, only 20-30% of oceanic emissions 
are thought to arise from Hg originally mobilized from natural sources (Pirrone 
et al.,  2001 ; Pacyna et al.,  2001 ; Mason and Sheu,  2002) . To some extent then, 
today’s “natural” emissions are thus yesterday’s anthropogenic emissions, which 
includes remnants of Hg used in gold mining centuries ago. The amount of Hg 
presently in the atmosphere is believed to exceed the pre-industrial level by a factor 
of between two and five (Expert Panel on Hg Atmospheric Processes. 1994; Mason 
et al.,  1994) . Likewise, it has been suggested that Hg deposition rates have increased 
by a factor of 2 - 3 over the pre-industrial rate, based on analysis of sediment 
records (Engstrom, et al.  1994) . Since the early 1960s, the growing awareness of 
environmental Hg pollution (e.g. the Minamata tragedy resulting from MeHg 
poisoning) has stimulated the development of more accurate, precise and efficient 
methods of determining Hg and its compounds in a wide variety of matrices. 

 Research on atmospheric emissions, transport and deposition mechanisms to 
terrestrial and aquatic receptors, chemical transformations of Hg 0  to more toxic 
species (i.e. MeHg), studies on the bioaccumulation of Hg in the aquatic food 
web, and exposure and risk assessments have driven the scientific and political 
communities to consider this toxic element as a pollutant of global concern (i.e. 
Nriagu and Pacyna,  1988 ; Iverfeldt,  1991a,   1991b ; Mason et al.,  1994 ; Pirrone et al., 
 1996,   2001 ; Schroeder and Munthe,  1998 ; Petersen et al.,  1998 ; Schroeder et al., 
 1998 ; Ebinghaus et al.,  1999) . International and national organizations and 
programmes have been involved in assessing the current status of environmental 
contamination by Hg and in developing strategies and policies to reduce anthropogenic 
emissions of this pollutant (i.e. LRTAP, OSPAR, Barcelona Convention). There 
have also been research programmes carried out at European and national levels 
that have investigated different aspects of Hg cycling in European ecosystems 
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(i.e. EU-MAMCS/MOE project, EU-MERCYMS project) focused among others 
on the identification and possible quantification of the magnitude of major chemical 
and physical processes/mechanisms involved in the transfer of Hg to terrestrial and 
aquatic receptors (Pirrone et al.,  2003 ;  2005 ; Pirrone,  2006) . In recent years, new 
analytical techniques have become available and have been used in environmental 
studies and consequently the understanding of Hg chemistry in natural systems has 
improved significantly. 

 Field measurements carried out in the framework of the MAMCS and MOE 
programmes did not show significant spatial gradients with ambient concentrations 
of Total Gaseous Mercury (TGM) in the range of 1.6 – 3.2 ng m -3  during the four 
measurement campaigns carried out between November 1998 and July 1999. 
On the contrary, Reactive Gaseous Mercury (RGM) levels were found to show signifi-
cant spatial gradients during the four seasons over the entire domain, with ambient 
concentrations in the range 35 – 65 pg m -3  at coastal sites in the Mediterranean Sea 
region and between 10 and 32 pg m -3  at North European sites (Wangberg et al., 2001; 
 2008 ; Munthe et al.,  2001) . Total Particulate Mercury (TPM) concentrations showed a 
similar trend to that observed for RGM with seasonal averages in the range of 
30 – 40 pg m -3  (Wangberg et al., 2001). The major environmental and health problems 
associated with Hg pollution result from high concentrations of MeHg in fish. Changes 
in speciation from inorganic to methylated forms are the first steps in the aquatic 
bioaccumulation processes. These processes are considered to occur in both the water 
column and sediments. The mechanism of synthesis of MeHg is not very well under-
stood. Although MeHg is the dominant form of Hg in higher organisms, it represents 
only a very small amount of the total Hg in aquatic ecosystems and in the atmosphere. 
Methylation-demethylation reactions are assumed to be widespread in the environment 
and each ecosystem attains its own steady state equilibrium with respect to the indi-
vidual species of Hg. However, owing to the bioaccumulation of MeHg, methylation 
is more prevalent in the aquatic environment than demethylation. 

 Once MeHg is formed, it enters the food chain by rapid diffusion and tight binding 
to proteins in aquatic biota and attains its highest concentrations in the tissues of 
fish at the top of the aquatic food chain due to biomagnification through the trophic 
levels. The main factors that affect the levels of MeHg in fish are the diet/trophic 
level of the species, age of the fish, microbial activity and MeHg concentration in 
the upper layer of the local sediment, and its bioavailability, which is influenced by 
dissolved organic carbon content, salinity, pH, and redox potential. At the scale 
of aquatic systems, one can classify the processes responsible for the high Hg 
concentration in fish into three categories: (i) accumulation of inorganic Hg in 
aquatic systems; (ii) methylation of inorganic Hg; (iii) MeHg bioaccumulation and 
magnification in the food chain. 

 In most systems, the primary cause of high fish MeHg concentrations is thought 
to be elevated atmospheric inputs of Hg to the water bodies and their watersheds 
(Fitzgerald  et al.,   1998 ; Horvat et al.,  2001 ;  2003 ; Lindberg et al.,  2007) , mostly by 
wet deposition with over 60% of the Hg input from direct deposition (Mierle, G.  1990) , 
although in some cases, geologic sources of Hg may also be important (Rasmussen, 
P. E.  1994 ; Cossa et al.,  1997) . Hg in atmospheric deposition is predominantly 
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inorganic Hg (Hg (II) ). In oceanic waters, after it undergoes a complex set of chemical 
and biological transformations, most of the deposited Hg is reduced to Hg 0  and 
returned to the atmosphere (Pirrone et al.,  2000a ; Hedgecock et al.,  2001 ; Mason 
et al.,  2001 ; Gardfeldt et al.,  2003 ; Andersson et al.,  2007) ; only a small fraction is 
permanently exported to the sediments. Thus the Hg inventories in the atmosphere 
and surface seawater are tightly coupled by an effective precipitation/volatilisation 
cycle driven by oxidation/reduction reactions (Hedgecock and Pirrone,  2004 ; 
Hedgecock et al.,  2006) . In this context, factors that influence the reduction and 
oxidation of Hg represent a knowledge gap that must be addressed. At present, it is 
thought that Hg reduction proceeds mostly via photochemical processes (Amyot 
et al.,  1997)  although in some systems, biologically-mediated reduction may be 
significant (Mason et al.,  1995) . Once in an aquatic environment, inorganic Hg is 
transformed into MeHg through microbial activity. MeHg is the most toxic and 
most bioavailable form of Hg (Xun et al.,  1987 ; IARC,  1994 ; US-EPA,  1997 ; 
Horvat et al.,  1993a,   1993b,   1997 ; Horvat et al.,  2003) . Levels of MeHg may build 
up in the food chain to a point that poses a risk to wildlife and humans consuming 
fish. Therefore, one of the keys to understanding the risk from Hg is to determine 
the link between atmospheric inputs of Hg, methylation and bioaccumulation.  

  11.2 Over-Water Mercury Measurements  

 The biogeochemical cycles of Hg involves the transfer of quantities of this metal 
between atmospheric, aquatic and biological reservoirs. This transfer is facilitated 
by the mobility of Hg, in part due to its volatility and long atmospheric lifetime. 
Global scale models predict that atmospheric transport and deposition are the 
principal pathways for Hg to the surface open ocean. Further, these models indicate 
the important role which oceanic processes, especially air-sea exchange, play in 
distributing Hg across the Earth’s surface (Mason et al,  1994) . The evasion of Hg from 
the surface ocean recycles both natural and anthropogenic contributions to deposition 
back to the atmosphere. Atmospheric deposition to surface waters supplies Hg for 
important reactions such as reduction to Hg 0 , methylation and particulate scavenging. 
Biotic/abiotic production of Hg 0  in surface waters results in supersaturation and 
thereby a wind-induced efflux of Hg 0  from the surface mixed layer. This evasion 
process serves to remobilise inputs from the atmosphere, recycling Hg from aquatic 
systems (Mason et al.,  1994)  giving the major mechanism within the oceanic Hg 
bio-geochemical cycle established. Aspects of the atmospheric Hg cycle in open-ocean 
environments have been investigated with a focus principally on determining 
concentrations of species and their variations with latitude and atmospheric transport 
(Mason and Fitzgerald,  1991)  as well as atmospheric Hg chemistry and the 
biogeochemical controls on Hg reduction and evasion (Laurier et al.,  2004) . 

 Long-term monitoring of Hg in the atmosphere would provide valuable information 
about the impact of emission controls on the global budget of atmospheric Hg, and their 
observance (Fitzgerald,  1995) . In addition, systematic Hg assessment could also 
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provide an insight into the global Hg cycle, especially into the ratio of anthropogenic 
and natural emissions which is currently poorly defined (Ebinghaus et al.,  1999b) . 
The need for such measurements was recognized in the mid-1990s (Fitzgerald,  1995)  
and several monitoring stations have been brought into operation since (e.g. Schroeder 
et al.,  1998 ; Slemr and Scheel,  1998 ; Ebinghaus et al.,  2002a,   2002b) . A complementary 
approach to measurements at a few stationary sites for long periods are campaign 
measurements from moving platforms such as ships or aircraft covering large areas 
of the globe. TGM measurements on board ships proved to provide valuable comple-
mentary information to measurements from the ground based monitoring network. 
This information consists of a snapshot of large-scale geographical distribution. 
With proper quality control to ensure comparability and a relatively low measurement 
uncertainty, the combination of intermittent shipboard and long-term ground 
measurements can provide information about the worldwide distribution and trend 
of atmospheric Hg. Occasional shipboard measurements should thus be a part of 
the global monitoring network for atmospheric Hg. 

  11.2.1 Atlantic Ocean 

 The first measurements made on board ships during north–south traverses of the 
Atlantic Ocean were made between 1977 – 1980 (Slemr et al.,  1981,  1985)  and the 
cruises were repeated in 1990 (Slemr and Langer,  1992)  and 1994 (Slemr et al.,  1995) . 

 In 1996, Lamborg et al.  (1999)  performed Hg measurements in the south and 
equatorial Atlantic Ocean during a cruise from Montevideo, Uruguay to Barbados 
(Figure  11.1 ) on the research vessel R/V  Knorr . TGM ranged between 1.17 and 
1.99 ng m -3  with a weighted mean of 1.61 ± 0.09 ng m -3 . The results obtained by 
Lamborg in 1996 compared well with Pacific Ocean data and earlier results from 
the Atlantic (see Figure  11.3 ). The open-ocean samples recorded a distinctive inter-
hemispheric gradient, which is consistent with a long-lived trace gas emitted to a greater 
extent in the Northern than in the Southern Hemisphere (Lamborg et al.,  2002) . In the 
same year, Slemr’s cruise (Slemr and Langer,  1992 ; Slemr et al.,  1995)  for the 
Atlantic Ocean found values very similar to those reported by Lamborg  (1999) .   

 From 1996 to 2001 atmospheric Hg measurements were carried out on board the 
RV Polarstern during three cruises (Temme et al.,  2003) . The first cruise was from 
Bremerhaven to Punta Quilla in October and November 1996 (cruise ANT XIV); the 
second from Bremerhaven to Cape Town and then Antarctica and back to Cape Town 
in December 1999 – March 2000 (cruises ANT XVII/1 and XVII/2), and the third from 
Antarctica to Punta Arenas in February 2001 (cruise ANT XVIII). Figure  11.2  
shows the tracks of the Polarstern cruises in 1996 and 1999 – 2001. The 1999/2000 
cruise followed a route near to the European and African coasts of the Atlantic Ocean 
up to western Africa and then took a direct course to Cape Town in South Africa. 
The cruise then continued to Antarctica. The 2001 cruise then proceeded from the 
Neumayer station to Punta Arenas in Chile. During all these cruises Hg was measured 
quasi-continuously using an automatic Hg vapour analyser (Model 2537A, manu-
factured by Tekran Inc., Toronto, Canada).  
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 The results of all cruises made over the Atlantic Ocean by these investigators are 
summarised in Table  11.1  in statistical terms. In the northern hemisphere (NH) 
the medians are almost always smaller than averages pointing to an asymmetric 
distribution with a few higher TGM concentrations in the vicinity of Hg sources. 
In the southern hemisphere the medians and the averages are mostly equal. A rather 
homogeneous distribution of TGM in the southern hemisphere (SH) was observed 
during the previous cruises (Slemr et al.,  1981,  1985,  1995 ; Slemr and Langer,  1992) ; 
higher median TGM concentrations in both hemispheres were observed in 1990. 
The median TGM concentrations in each hemisphere in 1977 – 1980 are compara-
ble with those observed in 1994 – 2000. Temme et al.  (2003)  data for 1977 – 1980 
in both hemispheres are comparable to the respective TGM measurements reported 
by Fitzgerald  (1995)  for the Pacific Ocean in 1980 – 1983. When latitude is taken 
into account, the TGM concentrations measured on board a ship are also compara-
ble to measurements at remote coastal sites such as Mace Head (Ireland), Cape Point 
(South Africa), and Lista (Norway) (Figure  11.3 ). The agreement shows that combina-

  Figure 11.1    The 1996 South Atlantic cruise track from Montevideo to Barbados 
Source: Lamborg et al., (1999)      
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tion of long-term measurements at several sites with snapshots of latitudinal distri-
bution obtained by ship measurements is feasible and may provide information 
about the worldwide trends of atmospheric Hg. All cruises show a pronounced 
concentration gradient between the hemispheres (Figure  11.3 ). The average NH/SH 
ratio of TGM hemispheric medians of all Polarstern cruises is 1.49 ± 0.12 (n = 8). 
This ratio is almost the same as 1.45 used by Slemr et al.  (1985)  to estimate the 
atmospheric residence time of Hg, approximately 1 yr. This atmospheric residence 
time is also consistent with the variability of the TGM concentrations of about 21% 
in the northern and about 8% in the southern hemispheres.  

 The gradient and the higher variability in the northern hemisphere suggest that 
the majority of emissions and re-emissions are located in the northern hemisphere. 

  Figure 11.2    Tracks of the Polarstern cruises from Bremerhaven to Punta Quilla (Argentina) in 
1996, from Bremerhaven over Cape Town (South Africa) to Antarctica in 1999–2000, and from 
Antarctica to Punta Arenas (Chile) in 2001 
Source: Temme et al., (2003)      
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The TGM concentrations observed over the Atlantic Ocean in 1996 and 1999 – 2001 
were comparable with those measured in 1977 – 1980 but they were lower than 
those measured in 1990. Similar concentrations have been found in other studies 
(Fitzgerald,  1995 ; Lamborg et al.,  1998 ; Lamborg et al.,  2002 ; Mason et al.,  2001 ; 
Laurier and Mason,  2007) . There have been suggestions of a possible global 
decrease of TGM concentrations between 1990 and 1996 (Slemr et al.,  2003) , 
which could be linked with changes and/or a decrease of anthropogenic emissions, 
although there is no consensus within the scientific community of the degree to 
which remote ocean BL concentrations have changed over time (see also Figure  11.3 ). 
Several processes might have contributed to this reduction; such as a reduction of 
emissions from waste incineration, and closure of large emitters and introduction of 
desulphurisation in the power plants in the countries of the former Eastern Block 
(Slemr and Scheel,  1998) . The inter-hemispherical gradient with higher TGM con-
centrations in the northern hemisphere remained nearly constant over the years. The 
former estimate of the TGM atmospheric residence time (Slemr et al.,  1985) , based 

  Figure 11.3    Total Gaseous Mercury concentrations over the ocean and other remote locations as 
reported by a) Slemr et al.  (2003)  and b) Laurier and Mason  (2007) . Both papers are a compilation 
of data from numerous sources. c) Latitudinal gradient in total gaseous Hg in the atmosphere at 
several locations. Notice the discernible inter-hemispheric gradient, resulting from greater emissions 
of Hg to the atmosphere in the more industrialized Northern Hemisphere. Data from Fitzgerald 
 (1995)  - Mid-Pacific (filled circles); Slemr and Langer  (1992)  - Mid-Atlantic (open triangles); 
Lamborg et al.  (1999)  - Mid-Atlantic (shaded triangles); Mason et al.  (1998)  - North Atlantic 
(open diamonds); Schroeder et al.  (1998)  - Alert, N.W.T. (open hexagons); Lamborg et al.  (1995)  
- rural Wisconsin, U.S.A. (filled diamonds); Lindberg et al.  (2000)  – Point Barrow, Alaska, U.S.A. 
(filled hexagons); Ebinghaus et al.  (2000)  - Cape Town, R.S.A. (shaded inverted triangles) and 
Antarctica (filled inverted triangles); Fitzgerald  (1989)  - Ninety Mile Beach, N.Z. (open circles). 
Taken from Lamborg et al.,  (2002)        
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on the inter-hemispherical TGM concentration difference thus does not need any 
revision, although there is evidence, and atmospheric models predict, that the resi-
dence time may be lower and a value between 0.5-1 year appears more reasonable. 

 Measurements of Hg species over water have also been performed during the 
BATS cruises by Mason et al.,  2001  and on a follow-up cruise in August 2003. 
The TGM concentrations were expected for this latitude (Fitzgerald and Mason,  1997  
and references therein), and are shown as with other open ocean TGM measurements 
in Figure  11.3 . While the particulate Hg measurements are limited over the Atlantic, 
the values found by Mason et al.  (2001)  were at or below the detection limit (<2 pg m -3 ). 
Using much longer collection times, Lamborg et al.  (1998)  found a time-weighted 
mean value of 2 pg m -3  for the South and equatorial Atlantic, and studies in other 
remote ocean locations (i.e. the equatorial Pacific; Mason et al., 1992) have found 

  Table 11.1    Summary of the measurements of Total Gaseous Mercury (TGM) over the Atlantic 
Ocean   

 Cruise  Latitude 
 Range 
( ng m   -3   )  

 Mean 
( ng m   -3   )  

 SD 
( ng m   -3   )  

 No. of 
samples  VK  a  

 Median 
( ng m   -3   )  

    Northern hemisphere  b    
 October 1977  c   11-33°N  1.0-2.6  1.763  0.362  62  14.9  1.70 
 Nov./Dec. 1978   5-51°N  1.42-2.70  1.849  0.306  89  15.4  1.81 
 Jan./Feb. 1979  21-53°N  1.63-3.06  2.169  0.382  52  16.6  2.01 
 Oct./Nov. 1980  12-54°N  1.41-3.41  2.085  0.351  100  15.8  1.99 
 Oct./Nov. 1990   7-54°N  1.41-3.41  2.247  0.409  117  17.3  2.31 
 Oct./Nov. 1994   6-54°N  1.31-3.18  1.788  0.410  101  22.3  1.69 
 Oct./Nov. 1996   8-67°N  0.44-15.95  2.120  1.035  636  48.8  1.88 
 Dec.1999/Jan.2000   6-54°N  1.44-3.73  2.022  0.300  715  14.8  1.95 

    Southern hemisphered    
 October 1977 c   32°S-11°N  080-1.70  1.187  0.249  64  15.3  1.13 
 Nov./Dec. 1978  23°S-3°N  0.86-1.85  1.350  0.207  63  14.2  1.33 
 Jan./Feb. 1979  2°S-4°N  1.07-2.09  1.259  0.216  37  16.2  1.19 
 Oct./Nov. 1980  34°S-11°N  1.10-1.89  1.453  0.157  82  9.1  1.45 
 Oct./Nov. 1990  48°S-7°N  086-2.44  1.497  0.295  158  18.8  1.50 
 Oct./Nov. 1994  46°S-6°N  0.82-2.13  1.180  0.167  165  12.9  1.14 
 Oct./Nov. 1996  37°S-8°N  0.95-2.26  1.391  0.131  423  9.4  1.36 
 Dec.1999/Jan.2000  71°S-3°N  0.54-1.84  1.266  0.093  1570  7.3  1.25 
 Feb./March 2000  71°S-34°N  0.24-1.30  1.001  0.116  861  11.6  1.02 
 01/02/01  71°S-54°N  0.75-1.42  1.066  0.100  968  9.4  1.07 

  Measurements made during Walther Herwing cruises in 1977 and 1978, Meteor cruises in 1979 
and 1980, and Polarstern cruises in 1990, 1994, 1996, and 1999-2001. 
  a  Variation coefficient after correction for the reproducibility of the analytical method; VK 2 =VK 2  
(measured) -VK 2  (analytical) where VK (analytical)=14.5% during the Walther Herwing cruise in 
1977 and 5.8% for cruises until 1994. No correction was made for cruises with Tekran measurements, 
i.e. since 1996. 
  b  North of ITCZ. 
  c  Corrected for systematic error in the analytical method used during the Walther Herwing cruise 
in 1977. 
  d  South of ITCZ. 
 Source: Temme et al.,  2003 .  
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  Figure 11.4    Concentrations of reactive Gaseous Mercury (RGHg in figure), Hg 0  and ozone, as 
well at the UV radiation, measured during the cruise in the North Atlantic in August 2003. Taken 
from Laurier and Mason  (2007)        

similar values. RGM measurements by Mason et al  (2001)  represented the first 
reported measurements in the remote ocean marine boundary layer. In September, 
measured concentrations of RGM were elevated overall compared to December and 
March, and to the average value measured in coastal Maryland at CBL, It is likely 
that the September BATS values do not represent the long-term average for the marine 
boundary layer at this location as they were collected within days of Hurricane Gert, 
and it is possible that some factor associated with the passage of the hurricane lead 
to enhanced Hg (II)  production in the atmosphere during the cruise. Preliminary aircraft 
measurements in Florida and elsewhere (Prestbo,  1996)  have shown higher RGM 
concentrations at higher elevations and mixing of these air masses during the 
hurricane could account for the elevated values. 

 Speciation measurements (Hg (II)  and Hg 0 ) were made by Laurier and Mason  (2007)  
on a cruise in August 2003. Data from the cruise, collected south of Bermuda are shown 
in Figure  11.4  and Hg (II)  showed a clear and consistent diurnal cycle with maxima 
in concentration in the afternoon and minima at night. The Hg (II)  maxima ranged up 
to 27 pg m -3 , and the minima were often at the instrument detection limit. Overall, 
the average concentration was 5.9 pg m -3 ; the average for the log-transformed data 
was 4.9 pg m -3 . Similarly, a diurnal fluctuation in RGM, with afternoon maxima, was 
found during the North Pacific cruise (Laurier et al.,  2003) , although concentrations 
were much higher, up to 100 pg m -3 . For the subtropical North Pacific, the average 
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RGM concentration was 11.8 pg m -3 , which was somewhat higher than that found 
for the North Atlantic, but showed the same degree of variability. The diurnal change 
in the UV radiation is also shown in Figure  11.4  and it is clear that the changes in 
UV and Hg (II)  occur temporally in a similar fashion, suggesting that the processes 
leading to a Hg (II)  build-up are likely photo-chemical and there appears to be an 
anti-correlation with ozone (O 

3
 ), in that there was a measurable decrease in O 

3
  during 

the day, and an increase at night, and the decrease in O 
3
  coincided with the increase 

in RGM. This is consistent with the hypothesis that processes that destroy O 
3
  are 

those responsible for Hg 0  oxidation, and therefore for the build up of the product, 
RGM. This inverse correlation can be seen if the maximum afternoon RGM 
concentration is plotted against the corresponding O 

3
  concentration (Figure  11.5 ). 

In addition to the data from the North Pacific (Laurier et al.,  2004)  and North 
Atlantic (Laurier and Mason,  2007) , unpublished data collected during a study off 
the coast of New Hampshire, USA, is also plotted. There is a strong non-linear 
relationship that shows that the highest measured concentrations occur under 
conditions of very low O 

3
 , less than 10 ppbv. There is consistency in all these data 

in terms of their relationship with O 
3
 .   

 Comparison of the speciation and concentration of Hg in the atmosphere and in 
precipitation at CBL compared to Bermuda reinforces the notion that there must be 
RGM in the marine atmosphere. At CBL, particulate and RGM concentrations are 
typically < 40 pg m -3 , and Hg in precipitation averages around 14–16 ng L–1 (Mason 
et al.,  2000) . In the Atlantic, wet deposition concentrations are about a factor of 3 – 5 
times less, but particulate concentrations are 10 – 20 times less. Something besides 
scavenging of atmospheric particulate matter must be contributing to Hg in open-
ocean rain. Guentzel et al.  (1995)  reached a similar conclusion in their studies in 
Florida. They concluded that particulate scavenging could not support the meas-
ured values for Hg in rain and that Hg (II)  must be an important contributor to wet 
deposition. Recent measurements suggest that dry deposition of Hg (II)  is important in 
Florida with both local (Dvonch et al.,  1999)  and long-range transport as potential 

  Table 11.2    Concentrations of TGM and RGM for samples collected using the fi lter 
pack method (Sheu and Mason, 2001) from the Weatherbird II in the vicinity of BATS    

 Sampling details  TGM  (pmol m   -3   )   RGM  (pmol m   -3   )  

 9/24-25/99; On 18:08, Off 2:15  10.95   3.56 
 9/25-26/99; On 19:09, Off 4:20   9.05   6.86 
 9/26-27/99; On 19:12, Off 7:05  10.30   2.54 
 12/13-14/99; On 23:49, Off 7:45  -   2.68 
 12/15/99; On 0:53, Off 6:35  -   0.54 
 12/15-16/99; On 19:15, Off 5:15  10.25   1.07 
 3/7-8/00; On 18:30, Off 6:00  12.40   0.23 
 3/8-9/00; On 18:00, Off 5:00  -  <0.05 
 3/9-10/00; On 17:45, Off 6:00   6.50  <0.05 
 Bermuda average   9.91 ± 2.0   1.38 ± 1.30 
 CBL average 1997/1998   9.50 ± 4.0   0.19 ± 0.33 
 Baltimore city average 1997/1998   21.0 ± 9.5   0.39 ± 0.72 

   Souce: Mason et al.,  (2001) .  
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sources for the Hg (II)  (Guentzel et al.,  2001) . While in-cloud processes leading to 
Hg 0  oxidation can contribute to Hg in wet deposition, these processes occur over 
both the land and the ocean. Clearly, the disparity between the precipitation concen-
trations and the atmospheric particulate concentrations at CBL and over the ocean 
argues for the presence and formation of Hg (II)  in the marine boundary layer. Further 
data, from other oceans and from the Mediterranean, further support this notion.   

  11.2.2 Pacific Ocean 

 Measurements made over the Pacific Ocean in the early 1980s have been summarized 
in a number of publications and will be briefly reviewed here (Fitzgerald,  1995) . 
As shown in Figure  11.3 , there has been little change in concentration over time 
for the North Pacific, based on the samples collected (Lamborg et al.,  2002 ; 
Laurier and Mason,  2007) . There is insufficient data from the recent measure-
ments, given their relative wide distribution latitudinally, and the differences in the 
seasons of sampling, to conclude that the apparent recent increase in concentra-
tions in the North Pacific boundary layer atmosphere are statistically significant. 

 More recent studies have included speciation measurements, particularly during 
a cruise between Japan and Hawaii in May/June 2002 that sampled both the surface 
waters and the atmosphere. The atmospheric results are shown in Figure  11.6  (Laurier 
et al.,  2003) . As discussed above for the Atlantic speciation data, there is clear 
evidence for a diurnal trend in Hg (II)  concentration, especially in the latter part of the 
cruise where the ship was in a lower ozone region, and there was higher UV radiation 
and higher temperatures, and often lower wind. All these factors would enhance the 
photochemical production of RGM and also lead to an increase in the atmospheric 
concentration (maximum production, minimum removal).   
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  Figure 11.5    Relationship between the maximum measured daily RGM concentration (2 hr average) 
and the midday ozone concentration from a number of different measurements over the ocean. 
Taken from Laurier and Mason  (2007)        
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  11.2.3 Mediterranean Sea 

 Within the framework of the MED-OCEANOR project funded by the Italian National 
Research Council (CNR) an in-depth investigation was carried out from 2000 to 
2007 by group of research institutes to quantify and possibly explain spatial and 
temporal patterns of Hg and its species concentrations in air, surface and deep water 
samples, and gaseous Hg exchange rates at the air–water interface along paths of a 

  Figure 11.6    The cruise track for the 2002 North Pacific cruise from Japan to Hawaii. Note that 
the Hg data cover the period between May 14 and June 4, which includes sampling in a north-south 
transect and sampling in a west-east transect. The UV radiation is also shown. Taken from Laurier 
et al.  (2003)        
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6000 km cruise routes around Mediterranean Sea basin aboard the  RV Urania  
(Sprovieri et al.,  2003 ; Sprovieri and Pirrone  2008 ; Gardfeldt et al.,  2003 ; Horvat 
et al.,  2003 ; Hedgecock et al.,  2005 ;  2006 ; Pirrone et al.,  2003 ; Kotnik et al.,  2007) . 

 The relationship between Hg 0  
(g)

 , RGM and TM is one which requires careful 
examination as the relative concentrations of the three species depends in varying 
proportions on local emissions, local chemistry and long range transport. Figure  11.7  
shows the routes followed during the oceanographic campaigns during different 
seasons and covering the two sectors of the Mediterranean basin. The overall strategy 
for the cruise campaigns was to perform integrated measurements of the atmosphere 
(specifically the MBL), the top-water micro-layer, the water column and sediments 
with the aim of understanding the role of major chemical, physical and biological 
parameters on the exchange of Hg compounds between different environmental 
compartments of the Mediterranean Sea. Atmospheric species were monitored continu-
ously along routes covering the whole Mediterranean sea basin and both water and 
sediment samples have been collected at selected stations including Western Basin, 
Thyrrenian Sea, Ionian Sea, Levantine Basin, Aegean Sea and principal shelf areas 
(Gulf of Lyon, Adriatic Sea and Strait of Sicily) (see Figure  11.7 ).  

 The associated measurement programme for all MED-OCEANOR campaigns is 
detailed in Table  11.3   

 A full set of atmospheric measurements were performed with automated and 
manual methods with a time resolution ranged betwee 5min and 24hours. Ambient 
concentrations of Hg 0 , Hg (II) , PM were measured by an integrated Tekran automated 
systems with a frequency of 5min for Hg 0  and 2-hrs for Hg (II)  and PM. TGM was 
also measured by a Tekran 2537A system with a time resolution of 5min. A number 
of ancillary measurements were also performed which includes meteorological 

2000 Summer
2003 Summer
2004 Spring
2004 Fall
2005 Summer
2006 Summer
2007 Summer

  Figure 11.7    Routes followed during the oceanographic campaigns in the Mediterranean Sea during 
different seasons and covering two sectors (Eastern and Western) from 2000 to 2007       
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  Table 11.5    Main statistical parameters for atmospheric Hg species concentrations observed over 
the East sector of the Mediterranean Sea Basin during the MED-OCEANOR campaigns from 
2000 to 2006    

 Mediterranean 
 East-sector    Year  

  Statistical 
Parameters  

  TGM  
 (ng m   -3   )  

  Hg   0   
(ng m   -3   )  

  Hg   (II)   
(pg m   -3   )  

  PM  
 (pg m   -3   )  

 Medoceanor 
(Summer) 

 2000  Max.   9.5   ---  Aut.  Man.  16.4 
 8.6  11.1 

 Min.   0.2   ---  1.1   0.1  1.9 
 Mean   1.9   ---  3.8   4.9  7.3 
 Std Dev   0.5   ---  2.0   3.4  4.5 

 Medoceanor 
(Summer) 

 2003  Max.  15.7  11.4  22.5  10.1 
 Min.   0.7   0.2  2.8  0.1 
 Mean   1.6   1.3  9.1  1.8 
 Std Dev   0.5   0.7  5.3  2.0 

 Medoceanor 
(Spring) 

 2004  Max.   2.0   1.9  9.7  5.7 
 Min.   1.0   1.1  0.6  1.9 
 Mean   1.6   1.6  3.9  3.6 
 Std Dev   0.2   0.1  2.5  1.1 

 Medoceanor 
(Summer) 

 2006  Max.   ---   2.8  76  14.8 
 Min.   ---   0.4  0.4  0.1 
 Mean   ---   1.2  14.4  4.4 
 Std Dev   ---   0.5  16.4  2.6 

  Table 11.4    Sampling/analytical methods used to assess atmospheric Hg species in the MBL of 
the Mediterranean Sea basin during the cruise campaigns (2000–2007)    

 Species  Sampling Methods  Analisys  Frequency 

 TGM (Aut)  Tekran 2537A  Tekran/ CVAFS  Continuous 
 TGM (Manual)  Gold Traps  CVAFS  12/24 hours 
 TGM2  Gardis  Gardis  Continuous 
 Hg(p) (Manual)  AES-Mini-traps  Thermal-desorb.-CVAFS  24 hours 
 PM (Aut)  Tekran 1135 unit/Quartz-

Annular denuders 
 CVAFS  2 hours 

 Hg (II)  (Manual)  Quartz-Annular denuders  Thermal desorb.-CVAFS  24 hours 
 Hg (II)  (Aut)  Tekran 1130 Unit  CVAFS  2 hours 
 Meteorological data  Meteorological station  Continuous 

data, and ozone concentrations with a time resolution of 5min. Table  11.4  contains 
a summary of the sampling/analytical techniques employed to assess the level of 
TGM/Hg 0 , RGM and PM in the MBL during the cruise campaigns.  

 Measurements of Hg 0 , Hg (II) , and PM ambient concentrations were performed 
using an integrated automated system combining the analytical capability of the 
Tekran (Toronto, Canada) Model 2537A Cold Vapour Atomic Fluorescence 
Spectrometer (CVAFS) with the Tekran Model 1130 speciation unit and the Tekran 
Model 1135 Hg 0  unit (Landis et al.,  2002) . 

 A statistical summary of the TGM, Hg 0 , Hg (II)  and PM concentrations observed 
during the cruise campaigns performed in the Mediterranean sea basin is reported 
in Tables  11.3 – 11.6 . Tables  11.5  and  11.6  show the spatial and temporal distribution 
of atmospheric Hg concentrations in the East and West sectors of the Mediterranean 
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  Table 11.6    Main statistical parameters for atmospheric Hg species concentrations observed over 
the West sector of the Mediterranean Sea Basin during the MED-OCEANOR campaigns from 
2000 to 2007    

 Mediterranean 
 West-Sector    Year  

  Statistical 
Parameters  

  TGM   
(ng m   -3   )  

  Hg   0   
(ng m   -3   )  

  Hg   (II)
   (pg m   -3   )  

  PM   
(pg m   -3   )  

 Medoceanor 
(Summer) 

 2000  Max.  11.1   ---  Aut.  Man.  17 
 30.1  8.7 

 Min.   0.1   ---   0.2  2.6   4.8 
 Mean   1.7   ---  11.6  5.0   9.6 
 Std Dev   0.8   ---   9.8  1.9   3.2 

 Medoceanor 
(Summer) 

 2003  Max.    32   2.8  13.1   7.1 
 Min.   0.1   0.8   1.0   0.3 
 Mean   2.2   1.2   6.3   1.4 
 Std Dev   1.5   0.2   4.4   1.7 

 Medoceanor 
(Spring) 

 2004  Max.   8.6   4.4  25.3  11.9 
 Min.   1.0   0.5   0.1   0.2 
 Mean   1.8   1.7   6.2   2.6 
 Std Dev   0.3   0.3   5.5   2 

 Medoceanor 
(Summer) 

 2007  Max.   ---  116.9  97.8  77.5 
 Min.   ---   0.2   0.1   0.4 
 Mean   ---   2.2   8.2  11.2 
 Std Dev   ---   4  10.4  10.1 

sea, respectively, whereas Table  11.7  shows the temporal and spatial distribution of 
atmospheric Hg concentrations over the Adriatic Sea, a blind alley of the Mediterranean 
basin, with a very slow change of waters, separated from the rest of the Mediterranean 
by the Ionian Sea. Table  11.8 , finally, shows a statistical summary of the atmospheric 
Hg species observed in the Mediterranean Sea from 2000 to 2007.       

  11.3 Air-Water Mercury Exchange  

 Open-ocean investigations have demonstrated the importance of air–sea exchange 
in controlling the Hg concentration in the atmosphere, and ultimately, in determin-
ing the long-term fate of Hg released to the atmosphere from both natural and 
anthropogenic sources. Hg exists as a dissolved gas in ocean waters, both as Hg 0  

  Table 11.7    Main statistical parameters for atmospheric Hg species concentrations observed over 
the Adriatic Sea during the MED-OCEANOR campaigns from 2004 to 2005    

 Adriatic-Sea 
 Statistical 
Parameters 

 TGM  
(ng m   -3   )  

 Hg 0  
(ng m   -3   )  

 Hg (II)

  (pg m   -3   )  
 PM  
(pg m   -3   )  

 Medoceanor 2004 
(Fall) 

 Max.  4.0  4  63  51 
 Min.  0.7  0.7  0.04  0.04 
 Mean  1.6  1.5  6.7  4.5 
 Std Dev  0.5  0.4  12  8 

 Medoceanor 2005 
(Summer) 

 Max.  ---  5.4  40  9.1 
 Min.  ---  0.1  0.8  0.04 
 Mean  ---  2.0  8.2  2.9 
 Std Dev  ---  0.7  8.1  2 
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  Table 11.8    Main statistical parameters for atmospheric Hg species concentrations observed over 
the Mediterranean Sea Basin during the MED-OCEANOR campaigns from 2000 to 2007    

 Med-Oceanor 
 campaigns  

  Statistical 
  Parameters  

  TGM 
 (ng m   -3   )  

  Hg   0    
(ng m   -3   )  

  Hg   (II)    
(pg m   -3   )  

  PM  
 (pg m   -3   )  

 Medoceanor 2003 
(Summer) 

 Max.  31.9  11.4  22.5  10.1 
 Min.  0.1  0.2  1.0  0.13 
 Mean  1.9  1.3  8.2  1.7 
 Std Dev  1.2  0.6  5.1  1.9 

 Medoceanor 2004 
(Spring) 

 Max.  8.6  4.4  25.3  11.9 
 Min.  1.0  0.5  0.1  0.2 
 Mean  1.7  1.7  5.8  2.8 
 Std Dev  0.3  0.3  5.2  1.8 

 Medoceanor 2004 
(Fall) 

 Max.  4.0  4  63  51 
 Min.  0.7  0.7  0.04  0.04 
 Mean  1.6  1.5  6.7  4.5 
 Std Dev  0.5  0.4  12  8 

 Medoceanor 2005 
(Summer) 

 Max.  ---  5.4  40  9.1 
 Min.  ---  0.1  0.8  0.04 
 Mean  ---  2.0  8.2  2.9 
 Std Dev  ---  0.7  8.1  2 

 Medoceanor 2006 
(Summer) 

 Max.  ---  2.8  76  14.8 
 Min.  ---  0.4  0.4  0.1 
 Mean  ---  1.2  14.4  4.4 
 Std Dev  ---  0.5  16.4  2.6 

 Medoceanor 2007 
(Summer) 

 Max.  ---  116.9  97.8  77.5 
 Min.  ---  0.2  0.1  0.4 
 Mean  ---  2.2  8.2  11.2 
 Std Dev  ---  4  10.4  10.1 

and as dimethylmercury (Me 
2
 Hg) (Kim and Fitzgerald,  1988 ; Mason and Fitzgerald, 

 1990 ; Mason et al.,  1995a ; Cossa et al.,  1997 ; Mason and Sullivan,  1999 ; Lamborg 
et al.,  1998) . However, in the upper ocean, Hg 0  appears to be the dominant form of 
the Dissolved Gaseous Hg (DGM) fraction. In most studies, Hg 0  concentrations in 
surface waters have been found to be saturated relative to the atmosphere, and thus 
the resultant flux of Hg 0  is from the ocean to the atmosphere. Flux estimates have 
been made on cruises in both the Atlantic (Mason et al.,  1998 ; Cossa et al.,  1997 ; 
Mason and Sullivan,  1999 ; Lamborg et al.,  1998)  and Pacific Oceans (Kim and 
Fitzgerald,  1988 ; Mason and Fitzgerald,  1993)  as well as in the Mediterranean Sea 
basin (Gardfeldt et al.,  2001 ;  2003 ; Andersson et al.,  2007 ; Kotnik et al.,  2007) . 
The results of the more recent studies suggest that the evasional flux, as estimated 
based on DGM concentrations in the surface waters, is greater than the estimated inputs 
from both atmospheric and riverine inputs. 

 The ocean receives 90% of its Hg through wet and dry deposition, and a signifi-
cant fraction of the Hg is in the oxidised form (Mason et al.,  1994a) . Oxidised Hg 
may be transformed by several processes in the aqueous phase and reemitted to the 
atmosphere. Gas exchange of Hg between the surface water and the atmosphere is 
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considered the major mechanisms driving Hg from the seawater to the atmosphere 
(e.g., Mason et al.,  1994 ; Schroeder and Munthe,  1998) . The major components of 
total mercury (Hg-tot) in seawater are mercuric chloride complexes, mercuric ions 
associated with dissolved organic carbon (DOC) (Munthe,  1991)  and suspended 
particles. Some of these Hg forms can be reduced to Hg 0  both through biotic (that 
is enzymatically catalysed by microorganisms) (Mason et al.,  1995)  and abiotic 
processes (Allard and Arsenie,  1991 ; Xiao et al.,  1994,   1995 ; Costa and Liss, 
 1999) . In fact, these processes may significantly contribute to the super saturation 
of DGM found in many natural waters and thus to the evasion of Hg to the atmos-
phere (Schroeder and Munthe,  1998) . It has been found that a majority of aquatic 
environments are supersaturated with respect to dissolved DGM (Schroeder and 
Munthe,  1998) . Part of this Hg 0  may be emitted to the atmosphere and Mason et al. 
 (1994a)  estimated the emission (mostly Hg 0 ) from the water surfaces to account for 
30% (2000 Mg per year) of the total emission of Hg to the atmosphere. The total 
global emission from the sea surface has been re-evaluated (Mason and Sheu, 
 2002)  to 2600 Mg per year, however the error in this estimation could, according 
to the authors, be as high as a factor of 5. The global flux of Hg from ocean evasion, 
and the potential variability and error, is discussed in detail in Chapter 7 (Sunderland 
and Mason,  2007) . 

 Evasion occurs at the air-water interface, and the top water micro layer probably 
plays an important role in this process, although it is difficult to sample this layer. 
The efficiency of these processes depends upon the intensity of the solar radiation, 
the ambient temperature of the air parcel above the seawater, and the water tem-
perature. It could be assumed that the temperature of the micro layer is influenced 
by solar radiation in the same way as that of the air, and this could explain the cor-
relation observed between the temporal trend of Hg 0  evasion and air temperature. 
Ferrara et al.  (2003)  report Hg depth profile measurements in the Mediterranean 
Sea showing that DGM losses may also be a result of oxidation in the upper thermo 
cline. The influence of sunlight on both the reduction of mercuric complexes and 
the oxidation of DGM in the aqueous phase has been observed by many scientists 
and was investigated during an Atlantic Ocean cruise as reported by Mason et al. 
 (2001)  and others (Whalin and Mason,  2006 ; Whalin et al.,  2007) . Additionally, the 
major DGM species Hg 0  can be formed from microbial degradation of methyl 
mercury (Mason et al.,  1995) . It has been shown that the photoinduced processes 
in open-ocean surface waters could result in either a net oxidation or net reduction 
of Hg species. 

 There are two general methods for estimating Hg fluxes: i) flux chamber tech-
niques (Xiao et al.,  1991 ; Kim and Lindberg  1995 ; Capri and Lindberg,  1998 ; 
Poissant and Casimir,  1998 ; Ferrara and Mazzolai,  1998 ; Gårdfeldt et al.,  2001 , 
2003; Ferarra et al.,  2000,   2001 ; Amyot et al.,  2004)  and ii) gas exchange models 
(Lindberg et al.,  1995a ; Kim et al.,  1995 ; Gårdfeldt et al.,  2001 ; Rolfhus and 
Fitzgerald,  2001 ; Poissant et al.,  2000 ; Wängberg et al.,  2001a , 2001b; Baeyens et 
al.  1991 ; Baeyens and Leermakers,  1998 ; Cossa et al.,  1997) . Both approaches have 
advantages and disadvantages. The chamber technique is often used because of it 
simplicity and good detection limits, but it disrupts the local environment by 
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 covering the study area, and affects the meteorological parameters and the concen-
tration gradient of Hg. The models on the other hand include separate measure-
ments of Hg 0  in air and water, wind speed and water temperature. These 
measurements do not disrupt the environment and meteorological parameters are 
included. A limitation with these methods is the need for multiple samples in order 
to get a proper estimate. When comparing the methods it has been shown that the 
flux chamber technique consistently measures lower values than the calculations 
(Lindberg et al.,  1995a , b; Gustin et al., 1999). 

 Surveys of Hg evasion from European waters have been reported by Cossa 
et al.  (1997) , and Ferrara et al.  (2001)  for confined areas in the Mediterranean Sea 
and by Gardfeldt et al.  (2001) , Andersson et al.,  2007 ; and Wangberg et al. 
 (2001b)  in the North Sea, the Skagerrack and the open Baltic Sea, respectively. 
Measurements have also been carried out in the Atlantic Ocean and the Arctic 
Ocean (e.g. Mason et al.,  1995b,   1998 ; Gill and Fitzgerald  1985,   1987,   1988 ; 
Dalziel  1992;  Daziel and Yeats 1985; Cossa et al.,  1992,   1994;  Mason and 
Sullivan  1999;  Temme et al.,  2005;  Andersson  2008 ; Leitch et al.,  2007 ; St Louis 
et al., 2007; AMAP  2005  and references therein; Coquery et al.,  1995 ; Sommar 
et al.,  2007 ; Andersson et al.,  2008) . 

  11.3.1 Atlantic Ocean 

 A few studies have been carried out to study Hg speciation in the Atlantic Ocean 
(e.g. Mason et al.,  1995b,   1998;  Gill and Fitzgerald  1985,   1987,   1988;  Dalziel 
 1992 ; Daziel and Yeats 1985; Cossa et al.,  1992,   1994;  Mason and Sullivan  1999;  
Temme et al.,  2005 ; Andersson  2008) , but most of these studies have focused on 
total and reactive Hg. 

 Only a few of these studies focused on measurements of DGM at offshore sites 
(Mason et al.,  1998 ; Mason and Sullivan  1999 ; Temme et al.,  2005 ; Andersson 
 2008) . Mason et al.  (1998)  carried out measurements in the North Atlantic Ocean, 
while Mason and Sullivan  (1999)  measured DGM in the equatorial and South 
Atlantic Ocean. Measurements were carried out by discrete sampling methods, i.e. 
each sample was collected separately and analysed by the purge and trap technique 
within hour after sample collection. On the other hand, Temme et al.  (2005)  and 
Andersson  (2008)  carried out continuous measurements, resulting in a much large 
amount of data. However, only limited areas were sampled even though continuous 
sampling was performed. 

 Mason et al.  (1998)  collected discrete samples of DGM in the North Atlantic in 
August 1993. The expedition covered the area from Newfoundland to Reykjavik, passing 
around Iceland. Samples were collected both at stations using Go-Flo bottles and 
between stations using a surface “fish” sampler. In total 15 samples were collected. 
The average concentration measured was 130 ± 80 pg L -1  with a range from 30 pg L -1  
north of Iceland to 300 pg L -1  south of Iceland. The flux was estimated to be 15.9 ± 
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10.8 ng m -2  h -1 . The authors presented a simple mass balance calculation and concluded 
that the concentration must represent a non-steady state situation, since the concentrations 
and the calculated flux can neither be supported by deposition nor diffusion of Hg from 
depth. An estimated monthly flux based on the data from this expedition was made by 
Mason and Gill  (2005)  to be 12,000 ng m -2  month -1 . 

 In May/June 1996, Mason and Sullivan  (1999)  measured DGM along a cruise 
track in the eastern South Atlantic, from Montevideo, Uruguay, to Bridgetown, 
Barbados (Figure  11.1 ). Six deep stations where sampled and surface samples were 
collected in-between stations. The average concentration from the expedition was 
240 ± 160 pg L -1 , with a range of 100 to 800 pg L -1 . It is suggested that the concen-
trations reflect a net accumulation of Hg 0  in the surface water during the summer, 
rather than the annual average. During the expedition other Hg species were col-
lected, i.e. total, reactive, dimethyl, monomethyl, and particulate Hg. For most of 
the samples collected, the reactive and DGM were in the same range, i.e. all reac-
tive Hg was in the form of DGM, except from about 30 to 22°S where the concen-
tration of reactive Hg increased while the DGM was detected at lower levels than 
previously. This potentially indicated atmospheric input of reactive Hg from conti-
nental sources. During the expedition airborne Hg species was measured and by 
using the TGM concentration, the flux was calculated using the flux model devel-
oped by Wanninkhof  (1992)  as 80 ng m -2  h -1 . The flux was extrapolated to an annual 
flux of 700 ng m -2  yr -1 , a value that could not balance the atmospheric input. 
Therefore, it was suggested that the DGM cycling in the surface was not in balance 
with the atmospheric input (Lamborg et al.  1999) . Temme et al.  (2005)  measured 
DGM continuously in the North Atlantic Ocean, from June to August 2004, along 
the west coast of Norway (62°N) past Spitsbergen up to 85°N. The concentration 
range in the North Atlantic was 11-14 pg L -1 . By using the airborne gaseous mer-
cury concentration measured by Aspmo et al.  (2006)  during the same expedition, 
and the annual average wind speed, 9.5 m s -1 , and water temperature, 281 K (NOAA 
data base), an estimated flux, according to Nightingale et al.  (2000) , of 750 ng m -2  
month -1  was estimated. 

 Andersson  (2008)  measured DGM continuously in the North Atlantic in July 
2005 along a transect from north of the British Isles to Cap Farwell, south of 
Greenland. The concentrations in the sampled water were in the range of 5.6 to 17.9 
pg L -1  with an average of 11.6 ± 2 pg L -1 . The variation observed in the data-set was 
not diurnal, and was considered to be random. In parallel, measurements of TGM 
was carried out and by using the flux model developed by Nightingale et al.  (2000)  
the flux was estimated. Due to the high resolution in the measurements, high reso-
lution fluxes could be calculated, and the average flux was calculated to be 0.42 ± 
0.36 ng m -2  h -1 , ranging from -0.64 ng m -2  h -1 , i.e. deposition of Hg 0  to 2.5 ng m -2  h -1 , 
i.e. evasion of Hg 0 . These results show that the waters sampled was both under-
saturated and super-saturated with respect to Hg 0 . An annual flux was estimated to 
be 460 ng m -2  month -1 , by using the NOAA data base for the annual wind speed and 
water temperature, 9.5 m s -1  and 281 K respectively.   
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  11.3.2 Pacific Ocean 

 Measurements of DGM in ocean waters were first made in the equatorial Pacific 
Ocean. (Kim and Fitzgerald,  1986 ;  1988 ; Fitzgerald,  1995) . These studies showed 
that there was a broad relationship between DGM concentration and chlorophyll, 
suggesting that there was a link with primary productivity. However, other factors, 
such as light levels which vary at the same time, could also be important as the 
reactions leading to net Hg 0  formation can be photo chemically induced (e.g. 
Whalin and Mason,  2006) . Also, as noted below, upwelling waters could be a 
source of reactive Hg that is then reduced. For example, on a transect at 85 o W and 
across the equator, DGM varied from 10 to 27 pg L -1 , and waters were saturated 
relative to the atmosphere. In contrast, measurements in the North Pacific gyre 
region showed lower concentrations. The data from these earlier measurements are 
summarized in Table  11.10 . Measurements of DGM were also obtained in the 
equatorial region during a cruise in 1990/91 (Mason et al.,  1991 ; Mason and 
Fitzgerald,  1993) . Mass balance estimates, based on these data, indicate that the 
concentrations measured, and the evasional fluxes estimated, cannot be sustained 
purely via mixing of Hg 0  from deeper waters into the mixed layer. As a result, it 
was concluded that formation of Hg 0  in the mixed layer of the ocean must be 
occurring (Mason et al.,  1994b ; Mason and Fitzgerald,  1993) . Mass balance 
calculations suggest that reduction rates of the order of 1-10% per day were 
required to balance estimated evasion rates in open ocean waters. For the equatorial 
Pacific Ocean, the estimated evasion rates ranged between 12 and 230 ng m -2  day -1  
(Table  11.10 ). These evasion rates exceed the rate of atmospheric deposition 
estimated for the region (16 ng m -2  day -1 ; Mason et al.,  1994b)  and another source 
of inorganic Hg to the mixed layer is required to maintain the estimated average 
evasion. It has been suggested that equatorial upwelling of Hg into the thermo 
cline provides this additional Hg source and this Hg is supplied to the equatorial 
thermocline by meridional circulation of Hg deposited at mid-latitudes (Mason 
and Fitzgerald,  1993 ; Mason et al.,  1994b) . In the gyre region, estimated evasion 
rates are less that the depositional flux.

   The mass balance calculations for Hg 0  formation and evasion in the equatorial 
Pacific, and similar data from the North Atlantic, suggest that the rate of formation 
of Hg 0  in ocean regions is constrained, in productive regions, by the rate of supply 
of Hg to the ocean mixed layer (Mason and Fitzgerald,  1993 ; Mason et al.,  1998) . 

  Table 11.9    Summary of the results from the Atlantic Ocean    

 Location  DGM (pg L   -1   )   Flux ( ng m   -2   h   -1   )   Reference 

 North  130 ± 80  15.9 ± 10.8  Mason et al.,  1998  
 Equatorial and Southern  240 ± 160  80  Mason and Sullivan,  1999  
 North  11-14  Temme et al.,  2005  
 North  11.6 ±2  0.42± 0.36  Andersson,  2008  
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This notion has been further supported by more recent data for DGM, collected on 
a cruise in the North Pacific in May/June 2002. Surface waters were sampled using 
a “fish surface sampler” and discreet measurements of total and DGM were made 
along the cruise track at individual stations (Laurier et al.,  2003 ; Laurier et al., 
 2004) . The data obtained are shown in Figure  11.8  and were higher for both total 
Hg and DGM closer to Asia, decreasing offshore.  

 From this data, the evasional flux was estimated, based on the average wind 
speed, surface water temperatures and the gas exchange equation of Wanninkhof 
 (1992) , modified for Hg. Although there was some variability, the results show that 
on average the evasional flux is higher in the tropical water and particularly during 
high wind speed events, which occurred during the last week of the cruise (Laurier 
et al.,  2003) . Based on both DGM concentrations in the surface water and atmos-
pheric Hg 0  measurements, the estimated evasional flux was equivalent to -0.5 up to 
57.6 % (average of 12.7 ± 16.1%) of the Hg 0  present in the MBL with the highest 
fluxes corresponding to the highest wind speeds (Table  11.11 ).   

  11.3.3 Mediterranean Sea 

 In the Mediterranean area there are several cinnabar deposits (e.g. Almadén 
(Spain), Idrjia (Slovenia) and Monte Amiata (Italy)), where Hg has been released 
by both natural and anthropogenic activities. These characteristics along with 
favourable climate conditions represent synergic factors that yield significant evasional 
fluxes of Hg from the surface water during most of the annual period (Ferrara et al., 
 2003 ; Lanzillotta et al.,  2001 ; Hedgecock et al.,  2006) . 

 Measurements by Ferrara et al.  (1998 ;  2000)  were performed in optimal weather 
conditions, in the absence of wind and clouds, and with a smooth sea. Wind action 
is of particular importance, since a speed of up to 8 m s -1  the water-sea exchange of 
gases increases with a linear trend. At higher winds, the subsequently-formed 
waves lead to an even bigger increase, due to extension of the water surface and the 
bubbles produced by breaking waves. Ferrara et al.  (1998 ;  2000)  performed Hg flux 
measurements using a floating flux chamber and a semi-automatic sampling 
device linked to the modified GARDIS 1A Mercury Analyzer to allow the 

  Table 11.10    Concentrations of Hg 0  measured in various ocean regions and the 
associated estimated evasional fl ux to the atmosphere. (References: 1: Mason 
and Fitzgerald  (1993) , 2: Kim and Fitzgerald  (1986) , 3: Kim (1987))    

 Region 
 Conc.  
(pM)  

 Hg 0  
(%)  

 Potential flux  
(ng m   -2   day   -1   )   Reference 

 EPO 1990  0.05 - 0.36  14 ±10  32 - 230  1 
 EPO 1984  0.03 - 0.23  5 ± 3  12 - 230  2 
 150°W, 10°N-12°S  0.04 - 0.09  -  0.1 - 0.35  3 
 North Pacific  0.03  -  0.03  3 



346 F. Sprovieri et al.

  Figure 11.8    Concentrations of total mercury and dissolved gaseous mercury for surface samples 
collected using the fish sampler during the may/June 2002 cruise. Adapted from Laurier et al. 
 (2004) . Size of the circle illustrates the relative concentrations between the maximum and mini-
mum values shown in the leg       

  Table 11.11    Mean calculated reactive gaseous mercury (Hg (II)  dry deposition, total 
mercury (Hg) in wet deposition and dissolved gaseous mercury (DGM) evasion fl uxes. 
Adapted from Laurier et al.  (2003)     

 Sampling Period (month/day)  5/14 - 5/20  5/21 - 5/28  5/29 - 5/31 

 RGM dry deposition flux (ng m -2  d -1 )  6.2 ± 5.8  19.9 ± 21.4  12.2 ± 6.3 
 Hg wet deposition flux (ng m -2  d -1 )  no data  12.6 ± 9.5  58.3 ± 23.3 
 DGM evasional flux (ng m -2  d -1 )  20.9 ± 18.4  26.0 ± 31.1  59.8 ± 50.3 

  a  Standard deviation (±). 

determination of low fluxes of Hg from water (Ferrara et al.,  1998)  (see Figure  11.9 ). 
The measurements of the mercury evasional fluxes were carried out at three sites 
of the northern Tyrrhenian Sea during 1998. Two sites were located in a unpolluted 
and a polluted (near chlor-alkali plant) coastal area, and the third was an offshore 
site. The Hg 0  flux observed near the polluted coastal site was almost three times 
higher then that observed at the other two sites, which is consistent with the higher 
degree of Hg contamination in the area whereas mercury fluxes at the offshore site 
were very similar to those observed at the unpolluted coastal site. The evasional 
flux showed a typical daily trend, being highest at midday when the ambient tem-
perature and solar radiation were at a maximum, and lowest, near to zero, during 
the night, suggesting that solar radiation is one of the major driving factors affect-
ing the release of Hg 0  from surface waters. In addition, a seasonal trend was also 
observed, with minimum values during the winter period and maximum values during 
the summer, probably due to higher water temperature that may have facilitated 
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  Figure 11.9     (a)  Floating flux chamber. 1) Teflon tube for external air sampling; 2) inlet port; 3 )
and 4), outlet ports; 5) floating PVC foam bar; the second floating bar is not shown in the figure; 
AAS, atomic absorption spectrometer; SD, sampling device.  (b)  Semi-automatic air sampling 
device for measurements of mercury degassing rate 
Source: Ferrara et al., 1998      

biotic and abiotic processes in the water column. The daily average for emission 
rates from the surface water are reported in Table  11.12 .   

 DGM concentrations were measured in Atlantic coastal water, west of Ireland, 
and in the Mediterranean Sea (Gardfeldt et al.,  2003)  in order to estimate mercury 
emissions using a gas-exchange model developed by Wanninkhof  (1992) .
The measurements in the Mediterranean Sea were carried out during the MED-
OCEANOR campaign on board of the Research Vessel  Urania  from July 14 to 
August 9 2000. Flux chamber measurements were performed at near shore sites 
during 2000 MED-OCEANOR cruise over the western sector of the Mediterranean 
Sea basin (see Figure  11.10 ).   
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 The Mediterranean Sea is a source of atmospheric Hg0 that can influence the 
European domain. Table  11.13  shows the observations from the Mediterranean Sea 
which have been sorted into four regional categories: Western, Tyrrhenian, Strait of 
Sicily and Eastern Mediterranean Sector. The average evasion from the western 
Mediterranean Sea was lower than the eastern sector. As shown in Table  11.13 , the 
mean wind speed was nearly the same at the eastern and western Mediterranean 

  Table 11.12    Concentration of dissolved mercury Hg (D) , mercury associated with par-
ticulate matter Hg(p) and emission from the seawater surface of three selected sites dur-
ing the summer season    

 Site  Date 
 Hg (D)  
(ng L   -1   )  

 Hg(p) 
 (ng L   -1   )  

 Hg emitted 
in sunshine 
hours 
(ng m   -2   )  

 Hg emitted 
in night-
time hours 
 (ng m   -2   )  

 Hg emitted 
in a day 
 (ng m   -2   )  

 Unpolluted 
coastal 
zone 

 11-08-1998  6.3  2.4  40  12  52 

 Polluted 
coastal 
zone 

 17-08-1998  15.0  9.0  135  29  164 

 Offshore  26-08-1998  6.0  0.8  30  14  44 

   Source: Ferrara et al.,  1998 .  

  Figure 11.10    Hg measurements performed at near shore sites during 2000 MED-OCEANOR 
cruise over the western sector of the Mediterranean sea basin (see Table  11.13  for details). Source: 
Gardfeldt et al.,  2003        
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sites, therefore, the higher Hg0 evasion from the eastern region is, consequently, 
explained by the higher mean degree of Hg0 saturation in the east compared to the 
west (see Table  11.13 ). The average Hg evasion value for the Tyrrhenian Sea, 
calculated by Ferrara et al.  (2000) , is consistent with a suggested gradient from 
west to south-east. The Hg0 evasion reported by Gardfeldt et al.,  2003  from the 
western Mediterranean and the Tyrrhenian Sea is of the same order of magnitude 
as that estimated by Ferrara et al.  (2000)  from unpolluted and offshore water in the 
Tyrrhenian sea (2.2 and 1.8 ng m–2 hr–1, 24 h average). Cossa et al.  (1997)  estimated 
a mass-budget for the western Mediterranean based on measurements of several 
mercury species as well as literature data, based on a global model (Cossa et al., 
 1997 , and references therein) and the estimated evasion is also is of the same order 
of magnitude as that obtained by Gardfeldt et al.  (2003) . 

 A summary of observed Hg 0  fluxes is presented in Table  11.14 . The maximum 
DGM concentration and corresponding mercury evasion from the Mediterranean 

  Table 11.14    Mercury evasion from some aquatic environments reported in the literature including 
this study. For a more detailed description on averages and methods the reader is may refer to the 
original article    

 Location 
 Evasion a

  (ng m   -2   hr   -1   )   Method b   Author 

  Open waters  
 Baltic Sea summer average  1.6  GEM  Wangberg et al., (2001a) 
 Baltic Sea winter average  0.8  GEM  Wangberg et al.,  (2001b)  
 North Sea  1.6-2.5  GEM  Cossa et al., (1996) 

 0.49-9.25  GEM  Baeyens and Leermakers 
 (1998)  

 The mid-Atlantic Bight adjacent the East 
Coast of North America 

 2.5  GEM  Mason et al.,  (2001)  

  Open waters, Mediterranean sites  
 North West Mediterranean sites  1.2  GEM   c    Cossa et al.,  (1997)  
 Western Mediterranean Sea  2.5  GEM  Gardfeldt et al.  (2003)  
 Tyrrenian Sea  4.2  GEM  Gardfeldt et al.  (2003)  
 Tyrrenian Sea  1.8  FC  Ferrara et al.,  (2000)  
 Strait of Sicily  2.3-40.5 d   GEM  Gardfeldt et al.,  (2003)  
 Eastern Mediterranean Sea  7.9  GEM 
  Coastal waters  
 Skagerack part the North Sea Summer 

average 
 0.8  FC  Gardfeldt et al.,  (2001)  

 Atlantic water at the Irish west coast  2.7  GEM  Gardfeldt et al.,  (2003)  
 The Tyrrenian Sea, polluted coastal zone  6.8  FC  Ferrara et al.,  (2000a)  
 Mediterranean Sea, near shore sites 

round Sardinia 
 3.8  FC  

a  Average values from the corresponding sampling periods. 
  b  GEM: gas exchange models. FC: flux camber. 
  c  Not based on DGM measurements due to a high detection limit (26 pg L -1 ). Literature data was 
to estimate Hg evasion from the sea surface according to a global model, Cossa et al.,  (1997)  and 
references therein. 
  d  Range from the corresponding sampling period. 
 Source: Gardfeldt et al.,  2003 .  
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Sea was found in the Strait of Sicily. High DGM concentrations were also found at 
two locations south of Greece.  

 Past or present tectonic activity may contribute to the high DGM concentrations 
found at these positions. DGM data combined with an empirical gas-exchange 
model (Wanninkhof,  1992)  data suggested that about 66 Mg of Hg 0  are released to 
the atmosphere from the Mediterranean Sea during the summer (Gardfeldt et al., 
 2003) . This emission is considerable in comparison to European anthropogenic 
emissions and should thus be taken into account in regional atmospheric modelling 
and assessment. During three seasons (August 2003, March–April 2004 and 
October–November 2004) Andersson et al.  (2007)  performed measurements of 
DGM, TGM as well as meteorological and waters parameters on board the RV 
 Urania  in the Mediterranean Sea Basin, Figures  11.11 ,  11.12  and  11.13  show the 
selected measurement stations along the cruise tracks. The first two cruises per-
formed in August 2003 and March–April 2004 covered parts of the Eastern and 
Western Mediterranean basin, (Figures  11.11  and  11.12 ), while the last cruise per-
formed in October–November 2004, covered the Adriatic Sea (Figure  11.13 ). The 
flux from the sea surface was calculated using the gas exchange model developed 
by Nightingale et al.  (2000) .    

 In Table  11.15 , data for DGM/saturation, TGM, wind speed and temperature are 
listed. The data is the average value from each station and sorted into eight different 
sections: (1) Western Mediterranean, (2) Tyrrhenian Sea, (3) Ionian Sea, (4) Adriatic 
Sea, (5) Northern Adriatic Sea, (6) Strait of Sicily, (7) Strait of Messina, (8) Strait 
of Otranto, as each section contained the stations from these parts of the cruises.  

 Table  11.16  summaries the seasonal average concentrations of TGM, DGM and 
saturation from each section. The DGM concentrations varied within the 
Mediterranean Sea. Two possible explanations for this might be geographical loca-
tion and daily variation. The DGM night concentration during spring, autumn and 
summer did not vary significantly. The daytime DGM concentration was clearly 
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  Figure 11.11    Cruise 1, Summer 2003 
 Source: Andersson et al.,  2007 .       
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  Figure 11.12  Cruise 2, Spring 2004
Source: Andersson et al., 2007.     
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  Figure 11.13  Cruise 3, Fall 2004
Source: Andersson et al., 2007.     

influenced by sunlight; the difference between day and night during the summer 
can be as large as 130 fM.  

 The degree of saturation (S = DGM*H’ / TGM, where H’ is the dimensionless 
Henry’s law constant) varied between the different seasons with the highest average 
degree of saturation during the summer cruise, 850%, while the autumn cruise had 
an average degree of saturation of 740% and the spring cruise 320%. The degree of 
saturation showed the highest variation during the summer cruise (600–1150%). 
During the autumn cruise a variation in degree of saturation was also observed 
(500–3260%). The variations in saturation between the seasons might be explained 
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by differences in water temperature, but also by the clear diurnal variation observed 
in the DGM concentrations measured during the summer cruise. However, the vari-
ation in water temperature between different seasons is probably the dominant 
factor for the variation in average saturation, since the night DGM concentrations 
between the different seasons did not vary substantially. 

 In Table  11.17 , the wind speed and the flux, calculated using the formula of 
Nightingale et al.  (2000) , are tabulated. The wind speed differed between the different 
sections and between the different stations and the flux also varied. In order to obtain a 
good estimate of the flux from the Mediterranean Sea, average concentrations of DGM 
and TGM were used, and, for each season, the average wind speeds from the entire cruise 
were used. Taking these assumptions into account the estimated summer flux would be 
22.3 pmol m −2  h −1  which is comparable to the value estimated by Gårdfeldt et al. (2003) 
(24.3 pmol m −2  h −1 ), calculated using the gas exchange model developed by Wanninkhof 
 (1992) . Ferrara et al.  (2000)  determined comparable fluxes in the Tyrrhenian Sea for the 
summer season using a flux chamber (16.1 pmol m −2  h −1 ). Estimated fluxes by Andersson 
et al.  (2007)  for the spring cruise were 7.6 pmol m −2  h −1  which are comparable to the 
value Ferrara et al.  (2000)  in the Tyrrhenian Sea at an unpolluted site in May 1998, 7.3 
pmol m −2  h −1 . The estimated flux for the autumn was the highest of the measured seasons, 
24.6 pmol m −2  h −1 , this value is twice as high as Ferrara et al.  (2000) , measured at the 
unpolluted site in the Tyrrhenian Sea (11.9 pmol m −2  h −1 ). Cossa et al.  (1997)  estimated 
an average evasion from the Western Mediterranean of 5.7 pmol m −2  h −1  using the global 
MFMs model (Mason et al.,  1994a) .  

 In order to calculate the total evasion from the Mediterranean Sea, the winter 
season had to be estimated. This was done using a TGM concentration of 8.0 fM, 
a DGM concentration of 120 fM, and an estimated wind speed of 7 m s −1  and water 
temperature of 12 °C, giving an average flux of 12.2 pmol m −2  h −1  for this season 

 The total Hg 0  evasion from the Mediterranean Sea surface was calculated to be 
77 Mg per year. Using the estimations of the total oceanic evasion by Mason and 
Sheu  (2002)  (2600 Mg per year) and Mason et al.  (1994a)  (2000 Mg per year) the 
Mediterranean Sea would account for approximately 3–4% of the total oceanic eva-
sion. Taking into consideration that the Mediterranean Sea represents 0.8% of the 
oceanic surface, the evasion from the Mediterranean Sea is almost 4–5 times higher 
compared to the global average sea surface evasion. However, as pointed out by the 
authors, Mason and Sheu  (2002) , there are great uncertainties in the estimation of 
the global Hg emissions from sea surfaces.  

  11.3.4 Other Ocean Waters 

  11.3.4.1 Arctic Ocean 

 The greatest source of Hg to the Arctic environment has been suggested to be long 
range transport. In the winter about two-thirds of the Hg in the Arctic area origi-
nates from regions outside the area. The projected main source is emissions from 
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Asia as, based on models, 5 to 10 % of the total emissions from that region end up 
in the high Arctic. Another significant source to the Arctic, or more correctly to the 
Arctic Ocean, has been suggested to be river input. There are several large rivers on 
both the Russian and American sides of the Arctic Ocean, which may contribute to 
the Hg load into the Arctic Ocean (AMAP,  2005) . 

 Most measurements in the Artic have focused on atmospheric Hg measure-
ments, which are presented in Chapter 10. Measurements of total Hg and MeHg 
have been conducted in the Mackenzie area (Leitch et al.  2007)  and around 
Ellesmere Island (St Louis et al., 2007). Moreover, measurements of total mercury 
have been carried out in Laventiya, the Gulf of Ob, the Laptev Sea, at the coast in 
the Pechora Sea and at coastal sites along the Northern Siberian coast (AMAP  2005  
and references therein; Coquery et al.  1995) . DGM measurements have been car-
ried out by Sommar et al.  (2007)  in Kongsfjorden, Spitzbergen, Temme et al. 
 (2005)  from 60°N 0°E to around 85°N 0°E, St Louis et al. (2007) around Ellesmere 
Island and Andersson et al.  (2008)  covering large parts of the Arctic Ocean. 

 Sommar et al.  (2007)  reports measurements of DGM in Kongsfjorden over a 
period of 7 days in May 2002. Discrete samples were collected close to shore during 
daytime. A clear diurnal variation was observed with concentrations as high as 70 
pg L -1  during day-time and concentrations as low as 12 pg L -1 . A close relation 
between the measured DGM concentration and solar radiation was observed. All 
waters measured were found to be supersaturated with respect to Hg, and evasion 
between 0.1 and 7 ng m -2  h -1  was calculated by the flux model developed by 
Wanninkhof  (1992) . It was suggested that this evasion was overestimated due to the 
fjord being partly ice covered, thus hindering the wave field. 

 As mentioned in section 3.1, Temme et al  (2005)  conducted measurements of 
DGM along the Norwegian coast (62°N) past Spitsbergen up to 85°N. The DGM 
concentration observed in the North Atlantic Ocean (62°N to 74°N) was between 
11 and 14 pg L -1 , and increased by a factor of 3 to 35 pg L -1  north of 74°N and/or 
in ice-covered areas. The authors suggest that deposited Hg is transported into the 
water column where part of it accumulates due to the ice-cover. 

 St Louis et al. (2007) carried out measurements of DGM at two ice-covered 
locations off of Ellesmere Island. The average concentration was 129 ± 36 pg L -1 , 
which corresponds to super-saturation. The average flux was calculated according to 
Wanninkhof and McGillis  (1999)  to be 5.4 ± 1.2 ng m -2  hr -1 . The authors suggest that 
an even higher evasion would be expected during Hg depletions events, when more Hg 
is deposited into the Arctic Ocean and during ice-break-up and melt each spring. 

 Andersson et al.  (2008)  carried out continuous measurements of DGM along the 
west coast of Greenland, into the Canadian archipelago, along the Alaskan coast 
into Russia around the Wrangel Island and finally crossing the Arctic Ocean, from 
Barrow, Alaska across the North Pole to Spitsbergen. The overall average concen-
tration measured in the water sampled was 45 ± 22 pg L -1 , however a wide range of 
concentrations were measured - from 5 pg L -1  in the Canadian archipelago to 134 
pg L -1  north of Alaska. Several specific features were highlighted in the data set. 
For example, when passing the Mackenzie River delta the concentrations of DGM 
increased from 40 to 100 pg L -1 , indicating Hg was species being discharged into 
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the Arctic Ocean. In the Straight of Bering the measured concentrations were in the 
same range as in the North Atlantic Ocean (14 pg L -1 ). Enhanced DGM concentra-
tions were observed close to the North Pole, which might be related to river water 
run-off. Measurements were carried out in both ice-covered and non-ice-covered 
areas, and the DGM concentration increased up to 80 % between non-ice-covered 
and ice-covered areas. During transit through ice-covered areas, enhanced TGM 
concentrations were observed, and it was speculated that the sea ice may act as a 
barrier for the evasion of Hg 0  from the sea surface, however when the ship broke 
the ice evasion became possible. Since most of the waters sampled were in ice-
covered areas, the evasion of Hg 0  may be restricted. The authors, however, calcu-
lated according to Nightingale et al.  (2000)  the Hg 0  flux for the open waters. Both 
deposition (-1.6 ng m -2  h -1 ) and evasion (98 ng m -2  h -1 ) of Hg 0  was estimated.  

  11.3.4.2 North Sea 

 Offshore in the North Sea only a few studies have been carried out for Hg speciation 
(Coquery and Cossa  1995 , Baeyens and Leermakers  1998) . Both these studies 
include measurements of DGM in the surface water and estimation of the flux from 
the area. Coquery and Cossa  (1995)  carried out measurements within the North 
Sea, both offshore and at coastal stations. The average DGM concentration for the 
entire study was 52 ± 22 pg L -1 , however the concentrations measured at the off-
shore sites were in the range from undetectable to 70 pg L -1 . Most samples demon-
strated that the water was super-saturated with respect to mercury, giving a net 
evasion of mercury from the sea surface of 0.9 - 1.8 ng m -2  h -1 . Baeyens and 
Leermakers  (1998)  carried out measurements of mercury at off shore station and 
costal stations. The concentration measured at the off shore station was 12 pg L -1 . 
This concentration corresponds to a net evasion to the atmosphere of 0.5 ng m -2  h -1 . 
The authors concluded that the evasion was in the same range as the deposition of 
mercury to this area.  

  11.3.4.3 Baltic Sea 

 Six expeditions have been carried out in the Baltic Sea. Wangberg et al.  (2001b)  
conducted two expeditions in summer 1997 and late winter 1998, in the south 
Baltic Sea. During both expeditions similar DGM concentrations were observed; 
17.6 and 17.4 pg L -1  respectively. The flux was calculated using the flux model 
developed by Wanninkhof  (1992) . Higher flux was observed during the summer, 
1.6 ng m -2  h -1 , than the winter, 0.8 ng m -2  h -1  (see Table  11.18 ).  

 Kuss and Schneider  (2007)  carried out measurements in the south of the Baltic 
Sea during all seasons in 2006, with continuous measurements of 7 to 10 days each 
time. The lowest DGM concentrations were measured during winter, 10 - 17 pg L -1 , 
and autumn, 11 - 14 pg L -1 . In the summer, the highest DGM concentrations were 
observed, 19 - 32 pg L -1  and during the spring a DGM concentration range of 15 - 20 
pg L -1  was measured. Fluxes were calculated using the flux model developed for the 
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Baltic Sea by Weiss et al.  (2007) . The lowest flux was observed during the winter 
season, when deposition of Hg was observed, -0.2 to 0.2 ng m -2  h -1 . During the 
spring and autumn expeditions similar fluxes were calculated, 1.0 - 2.1 and 0.8 - 2.1 
ng m -2  h -1  respectively. The highest flux was calculated for the summer expedition, 
3.1- 6.2 ng m -2  h -1  (Table  18 ). The authors state that the annual evasion calculated 
for the Baltic Sea cannot be compensated by deposition of mercury.    

  11.4 Surface and Deep Sea Water Mercury Measurements  

 The chemical form of Hg in aquatic systems is strongly influenced by redox and 
pH conditions, as well as the concentrations of inorganic and organic complexing 
agents. The proportion of Hg (II)  bound to humic substances is lower in seawater than 
in freshwater environments, due to chloride ion competition. In coastal environments, 
however, a substantial portion of traditionally defined dissolved Hg is composed of 
Hg bound to organic colloids (Mason et al.,  1993 ; Leermakers et al.,  1995 ; Stordal 
et al.,  1996) . The methylation of Hg in the marine environment is usually lower 
than in freshwater environments (Compeau and Bartha,  1987) , which has generally 
been attributed to salinity effects and the presence of sulphide and chloride 
complexes. It has been demonstrated that uncharged HgCl 

2
  is more bio-available 

than the negatively charged HgCl 
4
  2- , because the negative charge may reduce the 

availability for methylating bacteria (Barkayet al., 1997). 
 Reducing conditions and high salinity promote demethylation processes of 

MeHg (Hines et al.,  2000 ;  2001) . Other sea-salts may also effect Hg speciation, i.e. 
bicarbonate has a negative influence on Hg methylation under aerobic and anaerobic 
conditions (Campeau and Bartha, 1987). MeHg is kinetically inert towards decom-
position (Stumm and Morgan,  1996) ; however, it might be efficiently degraded by 
photochemical and/or microbial actions (Whalin et al.,  2007) . But, methylation in 
the ocean is not confined to low oxygen zones, which indicates that there must be 
additional mechanisms for methylation/demethylation processes. Seasonal variations 
of Hg speciation in oceanic waters are relatedto temperature, redox conditions, as 
well as to seasonal changes in productivity and the bio-availability of nutrients. 
Me 

2
 Hg has been reported as the dominant methylated species in deep ocean waters 

(Mason and Fitzgerald,  1990 ; Cossa et al.,  1994 ; Mason et al.,  1995a,   1995b) , 
where the governing process for its production is not very clear. In surface oceanic 
waters no Me 

2
 Hg has been detected, this might be due to that Me 

2
 Hg is readily lost 

  Table 11.18    Measurements conducted in the Baltic Sea    

 Season  DGM ( pg L   -1   )   Flux ( ng m   -2   h   -1   )   Reference 

 Summer  18  1.6  Wangberg et al.  (2001b)  
 Winter  18  0.8  Wangberg et al.  (2001b)  
 Winter  10-17  -02-0.2  Kuss and Schneider  (2007)  
 Spring  15-20  1.0-2.1  Kuss and Schneider  (2007)  
 Summer  19-32  3.1-6.2  Kuss and Schneider  (2007)  
 Autumn  11-14  0.8-2.1  Kuss and Schneider  (2007)  
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from the aquatic surface by evaporation and/or photolytic degradation and it is 
therefore not considered to be available for accumulation in aquatic organisms 
(Morel et al.,  1998) . DGM consists mostly of Hg 0  with a small percentage of 
Me 

2
 Hg in the surface water (Mason and Fitzgerald,  1991) . The production of DGM 

is considered to be a function of abiotic and biotic processes. The potential ability 
of humic substances and the importance of solar radiation in the reduction of Hg (II)  
to Hg 0  in aquatic systems has been proven (Allard and Arsenie,  1991) . One of the 
main mechanisms of Hg 0  production involves the Hg (II)  complexing capacity of the 
dissolved organic matter (DOM) and the electron transfer from DOM to Hg (II)  after 
absorbing a photon produced via solar radiation (Nriagu,  1994) . Microorganisms 
and phytoplankton may also play a role in the reactions mechanisms of DGM 
production (Mason et al.,  1995b) . In the water column Hg 0  formation, is a conse-
quence of the reduction of reactive forms of mercury, which in turns reduces the 
pool of Hg (II) , leading to the species no longer being available for methylation. 

  11.4.1 Atlantic Ocean 

 Dalziel and Yeats  (1985)  carried out deep profile measurements of reactive Hg in 
the waters near the Mid Atlantic Ridge south of the Azores in July 1982, and in 
the Sargasso Sea in April 1983. The concentration profile for the station near the 
Mid Atlantic Ridge varied between 0.28 to 0.72 ng L -1  with a mean of 0.52 ± 0.12 
ng L -1 . Measurements were also carried in bottom water, averaging at 0.58 ± 0.2 ng L -1 . 
In the Sargasso Sea concentrations in the same range were measured 0.26 to 0.7 ng L -1  
with an average of 0.44 ± 0.12 ng L -1 . Dalziel  (1992)  carried out measurements of 
reactive Hg on the Scotian Shelf and in the northwest Atlantic Ocean. Concentrations 
ranged from 0.24 to 0.68 ng L -1  at the two stations on the Scotian Shelf. For both 
stations similar average values were observed, 0.46 ± 0.16 ng L -1  and 0.38 ± 0.12 
ng L -1 . For the two offshore stations the concentration ranged from 0.18 to 0.76 ng L -1 , 
with averages of 0.48 ± 0.16 ng L -1  and 0.46 ± 0.16 ng L -1 . The measurements 
carried out by Dalziel and Yeats  (1985)  and Dalziel  (1992)  were treated with acid 
prior to the analysis, therefore these measurements are more likely to be comparable 
to the measurements carried out for total Hg in more recent papers. Gill and 
Fitzgerald  (1988)  carried out measurements of deep profiles at two locations in the 
Sargasso Sea. The total Hg concentration and the distribution at both stations 
were similar, with surface water concentration of 0.8 ng L -1  and a maximum of 2 
ng L -1  just below the main thermocline, and lower concentrations of Hg were 
detected in the underlying water. 

 Cossa et al.  (1992)  carried out measurements at the ICES (International Council 
for the Exploration of the Sea) reference station in the eastern North Atlantic; one 
deep profile was carried out at 14 depths. The total Hg concentration ranged from 
0.08 to 2 ng L -1 . The authors suggested that the shape of the profile, with a broad 
peak between 150 and 1500m, could be a result of remobilisation of Hg during 
mineralization of organic material combined with scavenging in deeper waters. 
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 Cossa et al.  (1994)  carried out measurements of Me 
2
 Hg at three stations in the 

Alboran Sea and the Strait of Gibraltar in February 1992. The concentrations 
ranged from the detection limit (6 pg L -1 ) up to 58 pg L -1 . the highest concentration 
was detected in the deep water at the station in the eastern part of the Alboran Sea, 
the concentration than decreased towards the west, with the lowest concentrations 
observed in the Atlantic Ocean. 

 Mason et al.  (1995)  presented the preliminary results from an expedition in the 
North Atlantic Ocean conducted in August 1993; further details were then described 
in Mason et al.  (1998) . During the expedition several mercury species were meas-
ured, i.e. total Hg, reactive Hg, DGM, Me 

2
 Hg and MeHg. The reactive mercury 

concentration ranged from the detection limit (70 pg L -1 ) to 410 pg L -1  (uncorrected 
for DGM). All the profiles for reactive Hg were consistent with each other, the 
authors suggested that there were measurable differences between different water 
masses and that each had a signature of their source region and/or any mercury input 
due to mineralization. The fraction of DGM in the reactive mercury changed with 
depth, with the highest fraction observed in the surface water and then decreasing 
downwards. However, the concentration of DGM was similar throughout the water 
column. Me 

2
 Hg increased downwards, with almost no detectable Me 

2
 Hg in the sur-

face waters. This was explained, by the authors, as Me 
2
 Hg being unstable in the 

warm surface water, but building up to steady concentrations with time in the deeper 
waters. The MeHg concentrations observed were low, around the detection limit (0.1 
ng L -1 ) in the surface waters and then increased in the intermediate and deep waters, 
varying from 0.1 to 0.36 ng L -1 . The average total mercury concentration was 0.48 
± 0.32 ng L -1 , there was a concentration difference of less then 2 for the measured 
average concentration between different locations. Mason et al.  (1995)  suggest that 
there was a trend of higher total mercury in the “younger water”. 

 Mason and Sullivan  (1999)  carried out deep profile measurements in the South 
and Equatorial Atlantic Ocean, for Me 

2
 Hg, MeHg, DGM and total Hg. The Me 

2
 Hg 

for the top 1500 m could be correlated to the apparent oxygen utilization implying 
that microbial processes were the primary factors controlling its formation. The 
concentration ranged from 2 to 22 pg L -1  at the stations measured. For MeHg in the 
deep water the observed concentration were at the detection limit (10 pg L -1 ) or 
lower. The total mercury concentration was similar through out the water column 
and the different stations had average concentrations ranging from 0.16 to 0.48 ng L -1 . 
The authors concluded that the mercury in the deep waters of the South Atlantic Hg 
primary consists of DGM with a small fraction present as methylated species.  

  11.4.2 Pacific Ocean 

 Measurements of reactive Hg were made in the North Pacific on various cruises 
and at various locations in the early 1980’s by Fitzgerald’s research group (Gill 
and Fitzgerald,  1987 ;  1988) . No strong offshore gradients were found and the 
authors concluded that riverine inputs were not important sources, as more recent 
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data, mass balances and modeling have confirmed (Mason et al.,  1994 ; Sunderland 
and Mason,  2007) . These early studies set the baseline for the concentration and 
distribution of Hg in these waters and were mostly of the same order, but lower, 
than those of the Atlantic Ocean (Fitzgerald.  1989) . Most measurements prior to 
1980 must be discarded due to contamination either during sampling, storage or 
analysis. The earlier studies have been summarized in a number of reviews and 
papers and will not be detailed here. Overall, concentrations range from 0.64 ± 0.26 
pM for the North Pacific to somewhat higher values in the equatorial regions 
(1 - 2 pM) and 1.2 ± 0.3 pM for the deep Pacific (Mason and Fitzgerald,  1990 ; 
 1993 ; Gill and Fitzgerald,  1988 ; Laurier et al.,  2004) . These measurements reflect 
the different sources of Hg to the various Pacific Ocean regions. 

 The earliest measurements of DGM were made on these cruises, and mostly in 
the equatorial Pacific Ocean (Kim and Fitzgerald,  1986 ;  1988 ; Fitzgerald et al., 
 1984) . Studies focused on the equatorial Pacific Ocean in the late 1980’s/early 90’s 
as it was found that elevated concentrations of methylated Hg species, principally 
Me 

2
 Hg, but also MeHg, were present in the suboxic low oxygen waters of the equa-

torial Pacific (Kim and Fitzgerald,  1986 ; Mason et al.,  1990 ;  1991) . Both MeHg 
and Me 

2
 Hg were identified in these waters and it was shown that the highest con-

centrations were found in the sub-thermocline, sub-oxic waters of the equatorial 
region, and the concentration and distribution reflected to some degree surface 
ocean productivity and the apparent oxygen utilization in these sub-thermocline 
waters – higher methylated Hg concentrations in the most oxygen depleted waters 
(Mason and Fitzgerald,  1990 ;  1993) . Similar distributions of the methylated Hg 
species were found during a cruise in the South and equatorial Atlantic Ocean, sug-
gesting formation by similar mechanisms (Mason and Sullivan,  1999) . 

 Recently, there was an assessment to compare the concentration and distribution 
of Hg in North and central Pacific Ocean over time through the examination of the 
data collected during a cruise in 2002 with measurements of 20 years earlier 
(Laurier et al.,  2004 ; Figure  11.14 ). Vertical Hg distributions, for 3 different cruises 
(N. Pacific (1980), VERTEX (1986-87) and IOC (2002)) show similar values 
(Laurier et al.,  2004  and references therein). During the 2002 cruise, total Hg averaged 
1.15 ± 0.86 pM with the highest concentrations found in Japanese coastal waters. 
The overall upper-water Hg concentration average for this study (0.64 ± 0.26 pM) 
was similar to the earlier VERTEX cruise (0.58 ± 0.37 pM) but was lower com-
pared to the North Pacific cruise (1.40 ± 0.34). Variance in Hg concentrations in the 
upper water, generally within or close to the main thermocline, was observed 
among several stations, and for both VERTEX and IOC campaigns. Factors that can 
account for the observed distribution of Hg in the upper water include horizontal 
advection of water along isopycnals, vertical mixing, ventilation, the presence of a 
thermocline and the associated remobilization of Hg as a result of remineralization 
of settling particles, and the influence of diagenetic processes from continental 
margin sediments and seasonal stratification of the euphotic zone. Seasonal impacts 
on the upper water column concentration are shown by data collected over a season 
at one of the VERTEX sites (Figure  11.15 ).   

 The higher summer concentrations are likely reflective of inputs from rainfall 
during this period coupled to the strong seasonal thermocline in the region (Laurier 
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et al.,  2004) . Winter overturning and deep water mixing due to high winter winds 
and storms erases this temporary upper ocean signal. Thus, comparison between 
collections must take such variability into account and multiple measurements are 
required to ascertain a clear signal in changing concentration over time. The deep 
and bottom waters of the North Pacific Ocean averaged 1.10 ± 0.31 pM and were 
characterized by comparable Hg concentrations among the different cruises. These 
data reinforce the homogeneous characteristics of these water masses, and suggest 
that their concentration has changed little in the last 20 years. In addition, a com-
parison between deep water in the Atlantic and the Pacific shows that Hg concen-
trations in the North Pacific are three to six times lower than in the deep Atlantic 
(Laurier et al.,  2004) . Even for the upper waters, there is little clear evidence for a 
substantial increase in Hg concentration over time.  

  11.4.3 Mediterranean Sea 

 The circulation and hydrography of the Mediterranean Sea waters are driven by the 
net fresh water loss and heat loss to the atmosphere and the exchange of salinity 
and heat through the Strait of Gibraltar. The loss by evaporation exceeds the input 
by precipitation, the river runoff and Black Sea exchange. The Mediterranean Sea 
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  Figure 11.14    Concentrations of total mercury (reactive mercury for the earlier studies) measured 
on the three cruises discussed in the text: the 1980 North Pacific cruise, the VERTEX cruise data 
and the 2002 IOC cruise. Taken from Laurier et al.  (2004)        
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water circulation has been the subject of numerous studies and is relatively well 
understood and modeled (e.g. Katz,  1972 ; Zavatarelli and Mellor,  1995 ; Gvirtzman 
et al.,  2001 ; Horvat et al.,  2003) . 

 An interesting feature of Hg biogeochemistry in the Mediterranean Sea is that in 
several fish species higher concentrations of Hg in their tissues have been observed, 
compared to the same species in the Atlantic Ocean (FAO,  1986) , although the 
concentrations of Hg in the open waters of both oceans are in the same range 
(Cossa et al.,  1997 ; Mason and Sullivan,  1999 ; Mason et al.,  1998,   2001) . It has 
been suggested that the higher Hg levels noted in many larger pelagic fish species 
in the Mediterranean Sea are not related to anthropogenic inputs, but rather due to 
the higher average of natural environmental levels of the metal, originating from the 
Mediterranean Hg anomaly. Although this was an interesting hypothesis, it con-
flicts with certain facts relating to the levels and distribution of Hg in the 
Mediterranean Sea. Elevated Hg levels have been noted in environmental matrices, 
from the Mediterranean regions, adjacent to known mercury anomalies. The data 
do not clearly indicate that the effects of these anomalies have been transmitted to 
open waters or to lower trophic level species living in these waters. Cossa and 
Martin (1991) presented a vertical profile of Hg concentrations for the Gulf of 
Lyons waters, which is similar to the Atlantic Ocean profiles (Cossa et al.,  1992 ; 
Mason et al.,  1995a,   1995b) . Cossa et al.,  (1997)  observed the distribution and 
cycling of Hg in the Western Mediterranean Sea and calculated a mass balance. 
While the total Hg exchanges at the straits are not balanced, Hg enters the western 
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Mediterranean as inorganic Hg and is exported to the Atlantic partially as methyl-
ated species. At the Strait of Sicily the Hg budget is balanced (Cossa et al.,  1997) . 

 A summary of data recently obtained for Hg speciation (reactive Hg, total Hg, 
MeHg), dissolved gaseous mercury (DGM) and Me 

2
 Hg in open and coastal waters 

of the Mediterranean Sea was compiled by Horvat et al.  (2003) . The majority of the 
results were obtained during an oceanographic cruise aboard the research vessel 
 Urania  from July 14 to August 9, 2000, as part of the MED-OCEANOR Project, 
funded by the National Research Council of Italy. 

 The results are compared to the results obtained in contaminated coastal envi-
ronments of the Adriatic Sea (The Gulf of Trieste and Kastela Bay) and uncontami-
nated coastal waters of the eastern Adriatic coast in 1998. A summary of the results 
for Hg and its species, temperature, salinity and oxygen in surface water samples 
during the  Urania  research cruise is given in Table  11.19 . In addition, Tables  11.20  
and  11.21  summarize data for the eastern Adriatic Sea and other oceanic waters. In the 
Hg contaminated coastal environment of the Gulf of Trieste, total Hg and total 
MeHg values were much higher than at other stations within the Adriatic Sea, due 
to the influence of the drainage area of the Hg mine, at Idrija in Slovenia, and due 
to the chloralkali industry in the area. During the study carried out in 1995 by Cossa 
et al.  (1997)  in the western part of the Mediterranean Sea values observed for total 
Hg were, on average, significantly higher than those observed by Horvat et al., 
 2003 . A direct comparison between the mentioned studies is not really possible, 
because of differences in sampling time and location. The only stations that could 
be compared directly were the ones in the Strait of Sicily. Cossa et al.  (1997)  
observed concentrations of total Hg in the range between 1.2 and 2.5 pM as compared 
to 0.42 and 0.30 pM found by Horvat et al.  (2003) . Westward from the isles of 
Sardinia and Corsica, Cossa et al.  (1997)  reported a value of 3.4 pM compared to 
0.27 – 0.30pM observed by Horvat  (2003) . One possible explanation for the dif-
ferences in the data sets obtained from the studies above, could be due to differ-
ences in the sampling period; Horvat et al.,  (2003)  performed measurements during 
the summer season characterized by low productivity and low precipitation; this 
results in a loss of Hg from warm surface waters either due to evaporation and/or 
scavenging of Hg bound to particulate matter. The concentration of total Hg 
observed by Horvat et al.,  (2003)  were lower than the observations made in the 
Atlantic and Pacific Oceans (Mason et al.,  1998 ; Mason and Sullivan,  1999 ; Mason 
and Fitzgerald,  1990,   1993) . Reactive Hg data observed by Horvat et al.  (2003)  for 
the western part of the Mediterranean Sea were higher than those obtained for the 
same area by Cossa et al.  (1997) , but were in good agreement with data obtained 
for the Atlantic Ocean (Mason et al.,  1998 ; Dalziel,  1995)  and higher values were 
obtained in the South and equatorial Pacific (Mason and Sullivan,  1999) . Hg depth 
profiles were also performed by Horvat et al.,  (2003)  during the MED-OCEANOR 
cruise campaign in summer 2000 in the eastern Mediterranean to a maximum depth 
of about 2500 m and in the western part. In the western part a constant increase of 
DGM with depth until about 1000 m was observed and then the concentration 
remained at approximately the same level. Significantly higher values of DGM 
were obtained with depth in the western part (up 0.44 pM) as compared to the 
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  Table 11.20    Summary table for mercury analysis and speciation in surface water samples during 
the Urania cruise (results are expressed in  pM  concentrations of Hg).    Source:  Horvat et al., 
 (2003)    

 Reactive 
Hg 

 Total 
Hg 

 Dissolved 
Hg 

 Total 
MeHg 

 Dissolved 
MeHg  DGM 

 Eastern Basin  Min. Value  0.46  1.07  0.50  0.19  0.15  0.07 
 (n = 11)  Max. Value  1.91  2.33  1.98  0.33  0.20  0.52 

 Mean  0.78  1.67  1.13  0.25  0.17  0.22 
 St. dev.  0.42  0.40  0.45  0.05  0.02  0.12 
 Median  0.66  1.54  1.15  0.26  0.16  0.21 

 Western Basin  Min. Value  0.45  0.81  0.57  0.26  0.16  0.02 
 (n = 12)  Max. Value  1.11  2.06  1.93  0.39  0.26  0.21 

 Mean  0.83  1.26  1.03  0.31  0.20  0.09 
 St. dev.  0.20  0.33  0.44  0.04  0.02  0.06 
 Median  0.85  1.22  0.89  0.30  0.20  0.07 

 All results  Min. Value  0.45  0.81  0.50  0.19  0.15  0.02 
 (n = 12)  Max. Value  1.91  2.33  1.98  0.39  0.26  0.52 

 Mean  0.81  1.46  1.08  0.28  0.18  0.15 
 St. dev.  0.32  0.41  0.44  0.05  0.03  0.11 
 Median  0.74  1.35  0.97  0.27  0.19  0.14 

  Table 11.21    Comparison of results for mercury speciation in surface ocean waters (Results are 
expressed in pM concentrations of Hg).    Source:  Horvat et al.,  (2003)     

 Study area/reference  Total Hg 
 Reactive 
Hg 

 DGM 
 (Hg   0   )  

 MeHg 
 (n.f.w.)   MeHg  

diss
  

 Mediterranean Sea  1.46 ± 0.41  0.81 ± 0.32  0.15 ± 0.12  0.28 ± 0.05  0.19 ± 0.03 
 2000 surface water (Horvat 

et al.,  2003)  
 (0.81-2.33)  (0.45-1.91)  (0.020-

0.518) 
 (0.19-0.39)  (0.15-0.26) 

 Western Mediterranean 
(Cossa et al.,  1997)  

 2.54 ± 1.25 
(0.8-6.4) 

 0.38 (0.02-
0.97) 

 <LOD-39  <0.15  n.d. 

 North Atlantic (Mason 
et al.,  1998)  

 2.4 ± 1.6  0.80±0.44  0.48 ± 0.31  1.04 ± 1.08  n.d. 

 South and Equatorial 
Atlantic (Mason and 
Sullivan,  1999)  

 2.9 ± 1.2  1.7±1.2  1.2 ± 0.8  <0.05  n.d. 

 North Atlantic and Antarctic 
bottom water 

 n.d  0.48-1.34  n.d.  n.d.  n.d. 

 Mediterranean outflow 
water (Dalziel,  1995)  

 0.67-1.25 
0.86-1.06 

 Equatorial Pacific (Mason 
and Fitzgerald, 
 1990,  1993)  

 n.d.  0.47-1.85  0.04-0.325  <LOD-0.28  n.d. 

   n.d.: not determined; n.f.w.: non filtered water  

eastern Mediterranean (up to 0.28 pM). The profiles for DGM and Me 
2
 Hg were 

found to be similar, but differing in the concentration levels. The concentrations of 
Me 

2
 Hg were very low in the profiles performed. In general, the values are of the 

same order of magnitude as found at some stations in the western Mediterranean 
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(Cossa et al.,  1997) , but are significantly lower compared to data reported for the 
Pacific and Atlantic Oceans (Mason and Fitzgerald,  1990,   1993) .    

 The major sources of DGM in the Mediterranean may be due to biological 
processes in deep and surface waters, as well as due to tectonic activity at the sea 
bottom of the Mediterranean (Horvat et al.,  2003) . In surface waters photo reduction 
and photo oxidation are two important driving forces for the presence of net DGM 
concentrations (mainly Hg 0 ). The sharp decrease of DGM in the surface waters of 
the open Mediterranean may also be due to oxidation of Hg 0  due to a strong oxi-
dizing environment at the surface (e.g. the presence of chlorine/bromine and UV 
light). This hypothesis is further supported by the presence of highly reactive Hg in 
surface waters. The profile of Hg distribution with depth is related to various 
processes. At the surface biological and photochemical transformation processes 
seem to be the most important driving forces, while at depth biologically mediated 
transformation mechanisms are possible, but in addition, other factors such as 
hydrodynamic movement of oceanic waters and their mixing as well as tectonic 
activities should be considered (Gvirtzman and Nur,  2001 ; Kahle and Mueller, 
 1998) . The differences that are observed may also be explained by several factors, 
among which differences in biogeochemical behaviour and Hg source terms are 
the most important. One should also not forget the intensive tectonic characteris-
tics of the seafloor, in particular, in the western leg of the  Urania  cruise, which 
maybe the major supply of DGM from the depths as evidenced by higher concen-
trations in deep waters. The decrease of DGM in the surface layer may be a result 
of photochemical oxidation of DGM diffusing from the depths. 

 Mercury speciation and its distribution in surface and deep waters of the 
Mediterranean Sea were also studied during two oceanographic cruises on board 
the Italian research vessel  Urania  in summer 2003 and spring 2004 as part of the 
MED-OCEANOR and MERCYMS projects. The study is presented in Kotnik et al., 
 (2007)  and includes deep water profiles of dissolved gaseous Hg (DGM), reactive Hg 
(RHg), total Hg (THg), monomethyl Hg (MeHg) and dimethyl Hg (Me 

2
 Hg) in open 

ocean waters. The data obtained by Kotnik et al.,  2007  complement the measure-
ment campaigns performed in 1995 by Cossa et al.  (1997) , in 2000 by Horvat et al. 
 (2003) , and by Cossa and Coquery  (2005)  adding more data on Hg speciation profiles 
in deep and surface Mediterranean waters. The results obtained by Kotnik et al., 
 2007  were in good agreement with the results measured in a previous study performed 
in the Western and Eastern Mediterranean Sea (Horvat et al.,  2003) . A slight 
differences in the data could reflect the fact that sampling was performed during 
different seasons and at different sampling locations. Total Hg concentrations were 
relatively low during both cruises, with average values of 1.46 ± 0.62 and 1.21 ± 0.32 
pM in summer and spring, respectively. Spatial and temporal distribution of reactive 
Hg in the Mediterranean Sea was dependent on the presence of volcanic and 
geotectonic activity such as demonstrated by the higher values found in the Strait 
of Sicily and in the Tyrrhenian Sea, and seasonal changes, such as demonstrated by 
high values during The biologically active spring period. 

 The data obtained for reactive Hg are in agreement with data reported by Cossa 
et al.  (1997)  for The Western Mediterranean and slightly lower than those reported 
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by Horvat et al.  (2003)  for west and east Mediterranean and for the Atlantic Ocean 
(Mason et al.,  1998 ; Dalziel,  1995) . Much higher values were found for the south 
and equatorial Pacific Ocean (Mason and Sullivan,  1999) . Since no significant 
dimethyl Hg (Me 

2 
Hg) was found in surface water it was assumed that at the surface 

the value for DGM mostly represents the dissolved Hg 0  concentration, whereas 
towards the bottom a significant fraction of Me 

2 
Hg can be found in the lower oxygen 

zone, representing up to 5% of DGM in deeper layers, as found in other studies 
(Cossa et al.,  1997 ; Tessier et al.,  2004) . 

 In the summer 2003 cruise Me 
2
 Hg was found in measurable concentrations at 

only two locations (south western Mediterranean and the Strait of Gibraltar). The 
relatively high concentrations and fractions of DGM and MeHg indicate high 
reactivity of Hg in open marine waters. The MeHg summer values obtained are in 
agreement with those reported by Horvat et al.  (2003)  for the Eastern and Western 
Mediterranean and by Mason and Fitzgerald  (1990,   1993)  for the Equatorial 
Pacific, but significantly higher than those reported by Cossa et al.  (1997)  for the 
western Mediterranean and those reported by Mason and Sullivan  (1999)  for the 
South and Equatorial Atlantic. In the vertical profile, the observed increase of 
MeHg towards the bottom could be the consequence of photochemical degradation 
and/or microbial action in surface waters and microbiologically mediated methylation 
in deeper waters. Particulate scavenging also removes MeHg from surface waters. 
In deeper waters particulate dissolution releases MeHg and inorganic Hg into solution 
(Cossa et al.,  1997) . However, there must be additional mechanisms for methyla-
tion and demethylation processes since methylation in the ocean is not confined to 
the low oxygen zone. Methylating and demethylating processes were also studied 
in the MERCYMS project and are presented in more detail elsewhere (Monperrous 
et al., 2007). 

 Vertical profiles also show that DGM generally increases with depth, suggesting 
the presence of a source of volatile Hg in deeper waters. One possible source of 
DGM in deeper and bottom waters could be the intensive tectonic activity of the 
seafloor, as indicated by higher concentrations and fractions of DGM near the bottom 
at locations with strong tectonic activity (Alboran Sea, Strait of Sicily, Tyrrhenian 
Sea, Ionian Sea). Rajar et al.  (2007)  calculated total natural underwater emission of 
Hg in the Mediterranean Sea to be 11 to 20 Mg y −1  with a mean estimate of 15 tons 
per year. In order to test this hypothesis measurements of radon were carried out 
(Vaupoti et al.,  2007) , confirming the emission of this gas at tectonically more active 
areas. A second possible source could be bacterial activity that might produce DGM 
(Ramamoorthy et al.,  1983 ; Ferrara et al.,  2003) . From certain profiles the increase 
of DGM corresponds to a decrease in dissolved oxygen levels, suggesting that 
bacteria produce DGM in the oxygen minimum zone, confirming the findings of 
Kim and Fitzgerald  (1988)  for the tropical Pacific Ocean and Ferrara et al.  (2003)  
for the Western Mediterranean. Loss of DGM in surface waters could be due to its 
emission to the atmosphere (Ferrara et al.,  2000 ; Gardfeldt et al.,  2003 ; Ferara et al., 
 2003)  and/or oxidation of DGM due to strong UV irradiation (Hedgecock et al., 
 2005)  and the presence of chlorine and/or bromine (Horvat et al.,  2003)  and photo-
lytically produced hydroxyl radicals (Gårdfeldt et al.,  2001b ; Mason et al.,  2001) .       
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   Chapter 12   
 Monitoring and Modeling the Fate of Mercury 
Species in Japan       

     Noriyuki   Suzuki   ,    Yasuyuki   Shibata   , and    Koyo   Ogasawara      

  Summary   Japan has started a monitoring program that will provide background 
air monitoring data of mercury and other heavy metals to contribute to the under-
standing of their atmospheric long-range transport. For this purpose, Japan started 
a pilot project in 2007 to monitor levels of mercury and obtain information on the 
long range transport of mercury and other heavy metals in the Asia-Pacific region, 
and to develop monitoring methodologies and contribute to international efforts 
in ambient atmospheric monitoring. The project will also develop fate modelling 
methodology that helps understand the global cycling of mercury in the atmosphere 
and environment, by expanding the information from the monitoring outputs. Pilot 
monitoring is conducted at the “Cape Hedo Atmosphere and Aerosol Monitoring 
Station” operated by the National Institute for Environment Studies, in Okinawa. 
Mercury speciation such as gaseous elemental mercury (Hg 0 ), divalent reactive 
gaseous mercury (RGM), and particulate mercury (PM) are continuously measured 
with a Tekran mercury speciation system. Hazardous heavy metals in particles 
and in precipitation are also measured. Japan will continue the monitoring at Cape 
Hedo station to understand the background levels of mercury and other toxic sub-
stances and contribute to the better understanding of the current status of mercury 
in the environment by joining in the international efforts in ambient atmospheric 
monitoring. In addition to the monitoring program, fate analysis using modelling 
methodology is also studied in the project framework.    

  12.1 Introduction  

 During the high economic growth period in Japan, Minamata disease, caused by 
toxic organic mercury effluent, inflicted serious damage to human health and the 
environment. In addition, Minamata disease has imposed considerable damage for 
the whole community of the region. To never repeat such a tragedy, Japan continues 
to convey and share the experiences of Minamata disease both at home and abroad. 
Furthermore, by using the lessons learned, the Japanese government is making 
many efforts to prevent human health hazards from toxic chemicals in order to 
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establish a society in which people can safely live and protect the environment. 
From this point of view, Japan has made considerable efforts to reduce mercury 
releases to the environment. 

 Japan started a monitoring program that will provide background air monitoring 
data of mercury and other heavy metals to contribute to the understanding of their 
atmospheric long-range transport. In this chapter, firstly we address Japan’s current 
effort to monitor the background levels of mercury and other heavy metals at the 
remote background area in Okinawa. Some preliminary measurement results of 
mercury are reported. Secondly the comprehensive fate model of mercury species 
in a multimedia environment is presented. Some progress in development and veri-
fication of the model is reported.  

  12.2  Monitoring Project for Ambient Atmospheric Mercury and 
Other Heavy Metals in a Remote Background Location  

 The Ministry of the Environment started a pilot project at a emote background location 
in Okinawa in 2007. The objectives of the pilot project are to:

  •  Monitor current levels of mercury and other heavy metals in air, airborne 
particles, and precipitation and obtain information to assess the long-range 
transportation of hazardous trace elements in the Asia-Pacific region;  

 •  Develop monitoring methodologies and contribute to the international efforts in 
ambient atmospheric monitoring.    

  12.2.1 Project Site for the Field Measurement 

 Pilot monitoring is conducted at the Cape Hedo Atmosphere and Aerosol 
Monitoring Station (CHAAMS) operated by the National Institute for Environment 
Studies, in Okinawa. Cape Hedo is located on the north end of the island of 
Okinawa as shown in Figure  12.1 . The Cape Hedo Station has been used for many 
years to study the outflow of pollution from East Asia and the Asian continent and 
was assigned as one of the major sites in Japan for the UNEP/ABC (Atmospheric 
Brown Clouds) project. Therefore the data for the assessment of background levels 
of toxic trace elements across Japan, including the contribution from the Asian 
continent and other sources, are most likely to be obtained.   

  12.2.2 Methods of Sampling and Analysis 

 Mercury speciation such as gaseous elemental mercury (Hg 0 ), divalent reactive 
gaseous mercury (RGM), and particulate mercury (PM) are continuously measured 
with Tekran’s mercury speciation system coupled to a cold vapor atomic fluores-
cence spectroscopy (CVAFS) detector. Airborne particles are collected on a 
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polytetrafluoroethylene filter using a low-volume sampler. Sampling is performed 
at a flow rate of twenty liters per minute for seven days, and measurement is con-
ducted once a week. Heavy metals including Pb, Cd, Cu, Zn, As, Cr, V, Ni, etc. in 
particles are analyzed with an inductively-coupled plasma mass spectrometer 
(ICP/MS) (ME,  2008) . Precipitation samples are collected using an automatic wet-
only sampler for a month, and heavy metals are measured every month. Heavy 
metals and their analytical methods are the same as those of particulates (ME, 
 2008)  other than Hg. The concentration of total mercury is determined by following 
EPA method 1631 (EPA,  2002) . Measurement items, methods of sampling and 
analysis are summarized in Table  12.1 .   

  12.2.3 Measurement Results 

 Measurements of mercury species and other heavy metals started in February 2007. 
Figure  12.2  shows the preliminary measurement results of gaseous elementary mercury 
(Hg 0 ) from 16 October 2007 to 31 January 2008. Table  12.2  shows the statistical 

110
50

45

40

35

30

25

20
110 115 120 125 130 135 140 145 150

20

25

Cape Hedo Atmosphere and
Aerosol Monitoring Station

30

35

40

45

50
115 120 125 130 135 140 145 150

  Figure 12.1    Project site: Cape Hedo Atmosphere and Aerosol Monitoring Station (CHAAMS) 
in Okinawa       
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  Table 12.1    Measurement items, sampling, and analytical methods

 Component  Measurement items  Sampling and analytical methods 

 Atmosphere  Mercury  Mercury speciation 
(Hg 0 , RGM, TPM) 
Hg 0  

 Continuous measurement with Tekran 
mercury speciation system 24 hours 
continuous sampling by gold trap 
amalgamation method and analysis 
by ICP/MS 

 Precipitation  Particulate 
matter 
Hg and 
the same 

 Pb, Cd, Cu, Zn, As, Cr, 
V, Ni, Se, Sb, Ba, 
Co, Mn, Sn, Te, Tl, 
Be, Al, Fe, Ca, Na, 
K items as particu-
late matters 

 Seven days continuous sampling by the 
low-volume sampler and analysis by 
ICP/MS 1)  Sampling by the automatic 
wet-only sampler and analysis of heavy 
metals by ICP/MS, Hg by gold trap 
amalgamation 2)  

  Table 12.2    Monthly statistics of gaseous elementary mercury at CHAAMS from 
October 2007 to January 2008, compared with Jaffe et al.  (2005)

 Hg 0  (ng m   -3   )  
  October 
2007   a   

  November 
2007  

  December 
2007  

  January 
2008  

  23 Mar-2 
May 2004  

 Mean  1.3  1.4  1.5  1.7  2.04 
 Median  1.2  1.3  1.5  1.5  1.99 
 Min  1.0  0.8  1.1  1.4  1.37 
 Max  1.8  2.6  1.3  4.0  4.74 

  a. Average concentrations of October were calculated based on the data from 16 th  to 31 st  

information of Hg 0  at Cape Hedo station. Previous observation from 23 March to 2 
May 2004, reported by Jaffe et al.  (2005) , are also summarized in Table  12.2 . 
Monthly mean concentrations of Hg 0  from October 2007 to January 2008 were 
approximately 1.3 to 1.7 ng m -3 , which were slightly lower than the spring observation 
in 2004. Measurement data of RGM and PM are now under careful data quality 
consideration. The occasions where the values of Hg 0  exceeded 2.0 ng m -3  appear 
to indicate significant events.   

 From Figure  12.2 , we are able to identify nine substantial peaks of Hg 0  concentra-
tion which exceeded 2.0 ng m -3 , at around 16 - 19 Nov. (#1), 3 - 4 Dec. (#2), 7 - 8 
Dec. (#3), 12 - 14 Dec. (#4), 22 - 23 Dec.(#5), 28 - 31 Dec. (#6), 6 - 15 Jan.(#7), 
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2008       



12 Monitoring and Modeling the Fate of Mercury 385

21 - 26 Jan. (#8), 29 - 31 Jan. (#9). The average Hg 0  concentration is generally con-
stant around 1.3 ng m -3 . Using the NOAA HYSPLIT model, we conducted the back-
ward trajectory analysis to overview the most likely source regions of the nine 
episodes (#1 to #9). 
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  Figure 12.4    NOAA HYSPLIT backward trajectory for Episode #3 Japanese Standard Time 
(JST) = Coordinate Universal Time (UTC) + 9 hours       

 For example, Figure  12.3  shows the trajectories for Episode #2 from just before 
the beginning of the peak at 09:00 JST on 12 December 2007 to the end of the peak 
at 09:00 JST 14 December 2007. The peak Hg 0  concentration of 3.3 ng m -3  was 
observed at 14:00 JST on 13 December 2007 and its trajectory is shown in Figure 
 12.3(c) . Also Figure  12.4  shows the trajectories for Episode #3 from the beginning 
of the peak at 09:00 JST on 28 December 2007 to the end of the peak at 09:00 JST 
30 December 2007.   
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 The peak of Hg 0  concentration of 3.1 ng m -3  was observed at 20:00 JST on 30 
December 2007 as shown in Figure  12.4 (c) . According to these trajectories, in both 
cases, before the beginning of the increase of Hg 0  concentration, the air mass came 
from various regions other than the Asian continent. However, the trajectories for 
the hour of the Hg 0  peak indicate that the air mass flow is from the Asian continent 
and East Asia region. 

 Monthly changes in precipitation, wet deposition flux and concentration of total 
mercury at Cape Hedo Station in 2007 are shown in Figure  12.5 . Total mercury 
concentration in precipitation was approximately 1 to 5 ng L -1  and wet deposition 
flux was approximately 100 to 500 ng m -2  per month in 2007. The highest wet 
deposition fluxes were observed in February, April, November and December. 
These data are under examination by experts to understand their relation to meteoro-
logical conditions and the outflow from the Asian continent.    

  12.3  Fate Analysis of Mercury Species for the Monitoring Data 
Using a Multimedia Environmental Fate Model  

 Long-range transport of mercury species has been simulated by a number of atmos-
pheric transport and chemistry modeling frameworks. Although atmospheric trans-
port and resultant deposition are believed to be the major source of entry into the 
surface environment, inter-media exchange processes between air and surface 
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  Figure 12.5    Monthly mercury wet deposition flux, concentration and precipitation observed at 
CHAAMS in 2007. (Data of July was unobtainable due to the typhoon)       
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media including water, soil etc. may not necessarily be sufficiently well described 
in an existing modelling framework. 

 The National Institute for Environmental Studies has developed a multimedia-modelling 
framework to assess the inter-media transport of mercury species through media-
boundaries based on the multimedia-modelling framework for organic chemicals, which 
mainly focuses on transport across media boundaries explicitly. By combining existing 
chemical/transport atmospheric modelling experience with the inter-media transport 
simulation, a more comprehensive fate modelling, including both air and terrestrial/
aquatic environments, would be possible for more integrated assessment purposes. 

 The objective of the pilot project is to develop inter-media transport schemes and 
process descriptions for mercury species by expanding the multimedia modeling 
frameworks from the monitoring outputs. The multimedia fate model G-CIEMS 
(Suzuki et al.,,  2004)  is used as the basis of the study, which is under the POP model 
inter-comparison study by MSC-E/EMEP. Hg 0 , RGM, Particulate and MeHg are 
the first set of target chemicals for the study. Results of the existing and our new 
atmospheric monitoring information are to be considered in the process description 
and validation of simulation results. 

  12.3.1 Outline of the Model 

 The study is based on the multimedia fate model G-CIEMS (Suzuki et al.,  2004)  which 
describes the inter-media transport of contaminants among air, water (river and ocean), 
sediments and soil including several sub-compartments within each main compartment. 
Transport in air and water compartments are also described in the model. The model 
consists of compartments including air (vapor/particulate and wet/dry depositions), 
water (soluble/particulate and sedimentation), soil (several land-cover information and 
leaf part of forests, for both river and oceanic regions) and sediment (beneath all 
aquatic environments). The detailed scheme of the model is described in the literature 
(Suzuki et al.,  2004) . This model for organic chemicals is applied for the simulation of 
mercury species by introducing newly developed mercury modules. 

 Hg 0 , RGM, particulate and MeHg are considered as the target species and trans-
formations between species are formulated as shown in Figure  12.6 . Although part 
of the parameters are established based on the case study of PCB (polychlorinated 
biphenyl), many of the chemical-specific or related parameters are now being 
tentatively assigned for mercury and its species. The domain of the model is global 
with 2.5 by 2.5 degree resolution.   

  12.3.2 Results and Comparison to the Monitoring Outputs 

 Results of the simulation of the atmosphere are shown in Figure  12.7 . The air concen-
tration at the Cape Hedo location is roughly within the order of magnitude compared 
to our monitoring data, although the RGM from the model is substantially lower than 
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  Figure 12.6    Transformation scheme of mercury species in the modeling study       
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the measured levels. This shows the need of the further development of the model. 
However, on the other hand, the model can be considered to represent the general fate 
processes in the air and related compartments. As the modelling is currently at a pre-
liminary stage, the model development and validation studies are necessary for further 
analysis of the environmental fate of mercury in the air and related compartments.    

  12.4 Future Directions  

 Monitoring results at Cape Hedo station are now under analysis in terms of meas-
urement, levels, composition of mercury species, temporal trend and fluctuations, 
and relation to the deposition and other fate mechanisms and events that may con-
trol the characteristics of the measured status in the East Pacific region, including 
the detailed comparison to existing measurements and prior studies (Jaffe et al., 
 2005 ; Selin et al.,  2007 ; Friedli et al.,  2004)  and fate analysis. 

 The Ministry of the Environment will continue the monitoring at Cape Hedo 
Station (CHAAMS), within a budget, to understand the background levels of mercury 
and other heavy metals and contribute to the better understanding of the current 
status of mercury in the environment by joining the international efforts in ambient 
atmospheric monitoring.      
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   Chapter 13   
 The Need for a Coordinated Global Mercury 
Monitoring Network for Global and Regional 
Models Validations       

     Gerald J.   Keeler   ,    Nicola   Pirrone   ,    Russel   Bullock   , and    Sanford   Sillman      

  Summary   Currently, there is not a coordinated observational network for mercury 
(Hg) that could be used by the modelling community or for establishing recom-
mendations for protecting human and environmental health on a global scale. 
Current national networks are inadequate as they lack (1) observations of all forms 
of Hg in the ambient air and in both wet and dry deposition; (2) long-term meas-
urements of Hg and other air pollutants; (3) comprehensive monitoring sites in the 
free-troposphere; and (4) measurement sites that permit a careful investigation of 
inter-hemispheric transport and trends in background concentrations. Programs 
such as the World Meteorological Organization’s Global Atmosphere Watch have 
made substantial efforts to establish data centers and quality control programs 
to enhance integration of air quality measurements from different national 
and regional networks, and to establish observational sites in under-sampled, 
remote regions around the world. Similarly, the International Global Atmospheric 
Chemistry project (of the International Geosphere-Biosphere Programme) has 
strongly endorsed the need for international exchange of calibration standards and 
has helped coordinate multinational field campaigns to address a variety of impor-
tant issues related to global air quality. Following the lead of these programs and 
incorporation of a well-defined Hg monitoring component into the existing network 
sites would be the most expeditious and efficient approach. Close coordination of 
the global modelling community with the global measurement community would 
lead to major advances in the global models and advance our understanding of the 
Hg science while decreasing the uncertainties in global assessments for Hg.    

  13.1 Introduction  

 Mercury in the atmosphere exists in both gaseous phase and particulate phase with 
three possible oxidation states: zero oxidation state, also called elemental Hg (Hg 0 ); 
monovalent state (Hg I ), which is not found in the atmosphere; and divalent state 
(Hg (II) ) (Schroeder and Munthe,  1998 ; Lin and Pehkonen,  1999) . For operational 
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reasons, based on methods of quantification, atmospheric Hg is classified as Hg 0 , 
gaseous Hg (II)  or reactive (divalent) gaseous Hg (RGM), and particulate mercury 
(PM). Particulate mercury consists of Hg 0  and Hg (II)  that are associated with atmos-
pheric particulates. Mercury in the atmosphere is dominated ( ~ 98%) by Hg 0  
(Schroeder and Munthe,  1998)  which is relatively insoluble in water and unreactive, 
and its atmospheric lifetime (>30 d) allows for global-scale transport. In contrast, 
RGM in the atmosphere is water-soluble and is efficiently removed through both wet 
and dry deposition processes. Elevated levels of RGM are typically associated with 
direct emissions from localized anthropogenic sources, but can also be produced by 
photochemical conversion from Hg 0  (e.g. Laurier and Mason, 2007). The impor-
tance of the atmosphere in the global redistribution of Hg is well-known. Over the 
last two decades a significant effort has been made to understand the atmospheric 
transport, transformation and deposition processes of Hg around the globe. 

 More recently, developments in measurement and analytical techniques for Hg 
have led to a much improved understanding of the sources and cycling of Hg in the 
environment. However, there are many atmospheric chemical and physical proc-
esses involving Hg that are still not well understood (see Chapters 14 & 15). For 
example, Bergan and Rodhe  (2001)  noted that an important step in our ability to 
model the global redistribution of Hg involves reducing the uncertainty in our 
understanding of the removal of gaseous Hg 0  from the atmosphere via deposition 
and atmospheric chemical transformation (Schroeder and Munthe,  1998 ; Selin et al., 
 2007) . Measurements of the key Hg species are critical in our developing a better 
understanding of these processes, and how they may have changed over time. 

 It has been suggested that due to intensified anthropogenic release of Hg into the 
atmosphere, the global pool of Hg has increased in the past 150 years (Mason and 
Sheu,  2002) . Evidence of long-term changes in the atmospheric Hg burden can be 
derived from a variety of methods including chemical analysis of lake sediments, 
ice cores and peat deposits (Fitzgerald et al.,  2007 ; Krabbenhoft et al., 2007). 
Measurements from both hemispheres demonstrate at least a threefold increase of 
Hg deposition since pre-industrial times (mason et al.,  1994 ; Lamborg et al.,  2002 ; 
Fitzgerald et al.,  2007) . An increase in the global atmospheric pool should also be 
reflected in the background Hg concentration. However, to date, it has been 
extremely difficult to derive a multi-decadal global trend estimate based on the existing 
spatially and temporally uncoordinated air concentration data sets (e.g. Slemr et al., 
 2003) . The estimated large increases in Hg emissions in China (see Chapters 2 & 3) 
over the last decade are not currently reflected in the long-term measurement of total 
gaseous Hg at Mace Head, Ireland between 1996 to 2006, nor in the precipitation 
data of the North American Mercury Deposition Network (MDN), as noted in 
Chapter 9. Total gaseous Hg (TGM) measurements performed in the Southern 
Hemisphere also do not suggest that a significant change in TGM levels in the global 
remote atmosphere over the past two or three decades (Slemr et al.,  2003) . 

 Given these observations, and the apparent contradictions, it has become clear 
that there is a need for global mercury monitoring network incorporating existing 
long-term atmospheric Hg monitoring stations, such as Mace Head, but with the 
incorporation of a number of additional sites to obtain a globally representative 
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picture of atmospheric Hg in the troposphere. While atmospheric Hg models 
have had some success in predicting the levels and trends in ambient Hg levels, the 
scarcity of global measurement data available for the comparisons make the exer-
cise and results less significant. Efforts to improve our understanding of atmos-
pheric Hg chemistry and inter-hemispheric transport will require a comprehensive 
research framework that integrates observations covering a wide range of temporal 
and spatial scales with modeling and process studies. Hence, there is a critical need 
for a coordinated global Hg monitoring network designed to support the develop-
ment of global and regional scale Hg models relied upon in the policy making 
process. A well-planned international network is required to provide a consistent, 
standardized set of long-term data on the concentrations and deposition of atmos-
pheric Hg in its various forms, together with trace gases, particles, and physical 
parameters at strategic sites that are globally distributed. 

 Such a global Hg network should leverage its efforts by collocating with other 
existing monitoring programs such as the World Meteorological Organization’s 
Global Atmosphere Watch sites, US and Canadian Monitoring sites, and UN-ECE’s 
European Monitoring and Evaluation Programme (EMEP) sites. In addition, as 
noted in Chapter 9, there are already aspects of such a monitoring program in 
Europe, Canada and the USA. In the USA, there has been a recent concerted effort 
to develop and design a monitoring network that would be able to evaluate the 
ecosystem response to changing concentrations of Hg in the atmosphere and in 
deposition, and to examine how this impacts levels of methylmercury (MeHg) in 
fish (Mason et al.,  2005 ; Harris et al., 2007). While this program focuses on all 
aspects of Hg biogeochemical cycling, the conclusions of Driscoll et al. (2007) 
have relevance to the approach to designing a global Hg monitoring network. These 
authors suggest that a successful network would consist of a relative small number 
of “intensive” sites, where the full range of measurements are made (e.g. atmos-
pheric Hg speciation and dry deposition estimation, event-based wet deposition and 
flux, and the measurement of required ancillary parameters and detailed meteorology), 
and a larger number of “cluster” sites where only weekly wet deposition is collected. 
The cluster sites would allow for integration between the intensive sites, and examine 
the effects of local and regional conditions, while the intensive sites would provide 
the detailed information needed to calibrate and test global and regional Hg models 
(Driscoll et al., 2007; Saltman et al., 2007). This approach is one model of how 
such a network would be constructed. 

 Clearly, the over-arching benefit of a coordinated global Hg monitoring network 
(CGMMN) would be the universal availability of high-quality measurement data 
that are desperately needed to develop, refine, and validate models on different 
spatial and temporal scales. The data from the set of coordinated monitoring sites 
would support the evaluation and ground truthing of models as research and man-
agement tools to evaluate our understanding of the global cycling of Hg and deposi-
tion to sensitive ecosystems. This chapter will specifically highlight the need for 
a global Hg monitoring designed to support the development of global and regional 
scale Hg models that should be considered as the scientific basis of the policy 
making process. 
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 To reiterate, the principal goals of a global Hg monitoring network are:

  •  To study the temporal and spatial variability of atmospheric Hg and atmospheric 
composition;  

 •  To provide long-term monitoring of changes in the physical and chemical state 
of Hg in the lower atmosphere; in particular to provide the means to discern 
andunderstand the causes of such changes;  

 •  To establish the links between changes in atmospheric Hg, tropospheric chemistry 
and climate;  

 •  To support intensive field campaigns focusing on specific Hg processes occurring 
at various latitudes and seasons, and in highly sensitive ecosystems;  

 •  To produce verified data sets for testing and improving global and regional 
models for atmospheric Hg and those coupled to aquatic and terrestrial ecosystem 
models.     

  13.2 Existing Global Monitoring Programs  

 Currently a global monitoring network for Hg does not exist. There are a number 
of state and national programs that are collecting atmospheric Hg data but the 
parameters monitored, the locations of the monitoring sites, and the methods 
employed may prohibit their utility in assessing global trends and changes. In spite 
of this, there is a great deal of recent information available on the levels of Hg in 
the atmosphere around the globe. Chapters 9-12 of this book provide a detailed 
compilation of the available atmospheric Hg data in the literature. Many of the 
issues discussed in these chapters, regarding data quality and the need for Hg 
speciation data at background and source impacted areas, are relevant to the devel-
opment of a global network as well. It is important to stress that the measurement 
of Hg by itself is not sufficient for us to improve our understanding of Hg sources 
and impacts. Measurements of other key atmospheric constituents at the global 
monitoring sites are necessary for us to develop a better understanding of the global 
redistribution of Hg and to further refine our model parameterizations of the key 
processes. The co-location of Hg measurements with ongoing global programs is 
the most efficient approach to initiating this coordinated monitoring network. 

  13.2.1 Ambient Measurements 

 Current air monitoring programs for air pollutants such as ozone, sulfur dioxide, 
and nitrogen compounds include regulatory monitoring networks that report daily 
air quality changes at sites located primarily in urban or populated areas; global and 
regional networks designed to measure background atmospheric composition at 
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selected remote sites or at regionally representative sites; remote-sensing (satellite) 
instruments that provide global-scale observations of selected atmospheric species; 
and a variety of radiosonde and aircraft based instrument programs focused on 
specialized measurement campaigns. These different observational approaches 
vary widely in their scope and degree of analytical quality. Initial efforts are under-
way to develop such monitoring capabilities for Hg in the Northern Hemisphere, as 
detailed in earlier chapters. In the USA, there is currently an effort underway to 
expand the MDN network to include measurements of Hg speciation in air, and for 
estimating dry deposition (  http://nadp.sws.uiuc.edu/mdn/    ). Coordination of such 
efforts globally will help advance the development of the CGMMN. 

 Programs such as the World Meteorological Organization’s Global Atmosphere 
Watch (GAW) have established data centers and quality control programs to push for 
the integration of air quality measurements from different national and regional 
networks, and to establish observational sites in data spare and remote regions of the 
globe. The International Global Atmospheric Chemistry project (of the International 
Geosphere-Biosphere Programme) has strongly endorsed the need for international 
exchange of calibration standards and has helped coordinate multinational field 
campaigns to address a variety of important issues related to global air quality.  

  13.2.2 Mercury Measurements at Altitude 

 Most air quality monitoring networks rely entirely upon ground-based sites that 
sample within the boundary layer (the lowest portion of atmosphere in contact with 
the surface). Addressing global air quality problems such as Hg contamination, 
however, will require observations that are made at higher altitudes above the 
boundary layer. Studies have shown that transport of pollution including Hg 
between Asia and the United States occurs primarily through the middle and upper 
troposphere, and because of the highly episodic nature of this transport, there can 
be significant inhomogeneity in the air masses reaching the continental United 
States Thus, networks that only sample air masses within the boundary layer would 
not allow a quantitative determination of long-range pollutant fluxes. While sampling 
with aircraft can provide detailed information about Hg in the upper atmosphere 
(Banic et al.,  2003 ; Ebinghaus et al.,  2000 ; Friedli et al.,  2004 ; Swartzendruber et 
al.,  2008 ; Talbot et al.,  2007) , in terms of long-term monitoring, the use of aircraft 
ahs obvious limitations. The preferred approach it to use mountain-top monitoring 
sites, that are frequently in the free-troposphere, and which located around the 
globe are essential to understanding the global transport of Hg and other pollutants 
(Jaffe et al.  2003) . Currently, there are a number of such sites in existence, including 
Mt. Batchelor in the western USA (Jaffe et al.,  2003) , Mona Loa in Hawaii (Landis 
et al., 2005), Wank Mt. in Germany (Slemr et al.,  2003) , and the Lulin station in 
Taiwan (Sheu et al., 2007).  
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  13.2.3 Episode-based Measurement Intensives 

 In addition to long-term monitoring efforts, investigations of both ozone and aerosols 
have included numerous measurement intensives. These have typically featured 
measurements of a more extensive range of species that are related to photochem-
istry, including radicals such as OH and HO 

2
  (e.g. Ren et al., 2006). Intensive field 

campaigns have occurred in urban, rural and remote locations and have frequently 
included both surface-based and aircraft measurements (e.g. Daum et al., 2004, Lei 
et al., 2007). Such intensives have also occurred for Hg (see Chapters 9-12) but in 
many cases have not included sufficient ancillary information that the details of the 
formation and removal of various Hg species can be determined in detail (See 
Chapters 14 & 15).  

  13.2.4 Meteorological Measurements 

 Meteorological processes operating over a wide range of spatial scales play a central 
role in the air quality and deposition of all atmospheric pollutants including Hg. 
The emissions, chemical transformations, deposition, and re-emission of Hg are 
strongly affected by meteorological parameters such as temperature, cloud cover, 
humidity, mixing height, and wind speed and direction. In addition, dynamical 
forces related to vertical temperature profiles control the dispersion of pollution 
within the urban/local boundary layer and the release of pollutants from the boundary 
layer into the free troposphere. Finally, the long-range transport of pollutants is 
influenced by atmospheric high- and low-pressure systems occurring on synoptic 
scales (100s to 1000s km). Thus, the meteorological context of atmospheric chemical 
measurements must be established in order to accurately assess impacts of Hg loadings 
and to develop the models used for studying long-range Hg transport and climate-Hg 
interactions.  

  13.2.5 Atmospheric Deposition 

 The atmosphere provides the main environmental pathway for redistribution of Hg 
around the globe, and therefore, quantifying the transfer of Hg from the air to the 
earth’s surface via wet and dry deposition is critically important. Like ambient Hg, 
there is currently not a globally coordinated network of atmospheric Hg deposition 
sites. However, there are currently a few coordinated networks in certain regions of 
the world including: North American Mercury Deposition Network (MDN) that 
was initiated in the early 1990s as part of the National Atmospheric Deposition 
Program (NADP); EMEP in Europe; and networks in Japan as well as other parts 
of Asia. Coordination of the national networks in the various regions and formation 
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of a standard set of measurement objectives and techniques will be important at the 
onset of the project. While wet deposition networks are currently in-place for Hg, 
the measurements challenges involved in quantifying Hg dry deposition have thus 
far prevented these measurements from becoming routine. Dry deposition measure-
ment techniques have been developed using both surrogate surface approaches 
(Keeler and Dvonch, 2005), and using inferential techniques that measure the vari-
ous forms of Hg in the atmosphere as well as meteorological parameters to model 
the dry deposition flux at the measurement site (as discussed in Driscoll et al., 
2007). Inferential methods have been used in both US EPA and Environment 
Canada Networks for acid rain species and may hold the most promise for the global 
network as well. They key to estimating the dry deposition flux will be the accurate 
measurement of atmospheric Hg in the gaseous forms and on size-fractionated 
particulate matter. There is evidence that particulate Hg is bimodal in the atmos-
phere and undergoes reversible gas-particle partitioning during transport from 
source to receptor.   

  13.3 Measurements and Model Development  

 Models for chemistry and transport of atmospheric species are based on input with 
a significant range of uncertainty. This is especially true for models for Hg, because 
essential features of atmospheric cycling and photochemical transformation of Hg 
involve more uncertainty relative to other atmospheric species. The major role of 
measurements in model development is to provide a basis for evaluating the model 
accuracy in simulating ambient conditions. Comparisons between predicted and 
observed ambient values are the central test for establishing the accuracy of models 
(e.g. Selin et al.,  2007 ; Strode et al., 2008; Hedgecock et al., 2006). When model 
predictions show significant differences from measured values, this is frequently 
regarded as evidence of errors in the models, and prompts investigation and modifi-
cation of model input assumptions or spatial resolution. As such, ensembles of 
measured values provide a basis for constraining the assumptions used by models. 
Chemistry/transport models also use ambient meteorological measurements as 
direct input. Meteorological input is typically provided by prognostic models with 
assimilated data in order to generate simulations for specific time periods. The methods 
of prognostic meteorological modeling and data assimilation have been studied 
extensively and are used in chemistry/transport models for all atmospheric species. 
Here we will describe the role of ambient measurements that are used for model 
evaluation, through comparison with model predicted values, rather than as a source 
of model input. This type of model evaluation is an essential part of the model devel-
opment process. Model-measurement comparisons provide a basis for constraining 
the range of assumptions used by models, especially with regard to emission rates 
and photochemical reaction sequences. Model-measurement comparisons can also 
be used to provide evidence on issues that are relevant to policy concerns. 
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  13.3.1  General Evaluation of Model Transport 
and Photochemistry 

 Chemistry transport models for ozone and its precursors and for sulfate and nitrate 
aerosols have been the subject of extensive evaluation over the past 20 years at both 
the urban/regional and global scales (e.g. TF-HTAP, 2007). Many of the approaches 
used to evaluate these models are applicable to Hg as well, and thus Hg has been 
included under the umbrella of HTAP, and many existing models for atmospheric 
species (e.g. Geos-Chem) have been adapted to include Hg. As with ozone, initial 
model evaluations must focus on model accuracy and the ability of the model to 
reproduce peak concentrations and diurnal variations (especially for urban/regional 
models) and on the vertical distribution throughout the troposphere (for global models) 
(e.g. Logan, 1999, Oltmans, 2006). As with models for sulfate and nitrate aerosols, 
many Hg models have focused initially on reproducing the observed wet deposition 
of the MDN and other networks. As model evaluation continues, there will be an 
increased emphasis on comparing measurements of a wider variety of species and 
evaluations that could be used to test the accuracy of specific model components. 
Efforts for reactive species and Hg have included the following: 1) Correlations with 
CO as a basis for identifying transport from polluted regions (e.g. Parrish, et al., 1993, 
Weiss-Penzias et al., 2006; 2007; Jaffe et al., 2005); 2) Correlations between O 

3
  and 

NO 
x
  reaction products (HNO 

3
 , various organic nitrates) as a basis for providing 

constraints on the ratio between the rates of production of O 
3
  and other species and 

evaluating chemistry (e.g. Trainer et al., 1993; Sillman et al., 1998; Roberts et al., 
2004; Horowitz et al., 2007; Hynes et al., 2008 chapter 14)); 3) Direct measurement 
of OH and HO 

2
  radicals as a basis for evaluating model chemistry (e.g. Ren et al., 

2006, Olson et al., 2006, Lei et al., 2007); 4) A combination of episodic and long-term 
measurements designed to measure continental outflow and intercontinental transport 
for O 

3
  and aerosols (e.g. Prospero et al., 2003, Savoie et al., 2002), and Hg (e.g. Jaffe 

et al., 2005); and 5) Model evaluations based on a wide range of primary and secondary 
organic species and reactive nitrogen (e.g. Lei et al., 2007; Bey et al., 2001). 

 As noted, the evaluation of models for Hg has initially focused on two bench-
marks: ambient TGM and the observed wet deposition of total Hg. There have also 
been limited comparisons with ambient RGM (Selin et al.,  2007 ; Strode et al., 2008). 
Wet deposition is of interest in particular because it is linked to policy concerns. 
In addition, the spatial variation of wet deposition within the U.S. provides a basis 
for evaluating the ability of models to represent the variety of factors (including 
emissions, transport and chemistry) that affect deposition rates. Comparisons with 
the observed wet deposition have been a common basis for model evaluation 
(Figure  13.1 ) (see Chapter 16). However, although wet deposition will likely 
remain the most important basis for evaluating model performance, it also has 
significant drawbacks. Wet deposition alone does not provide sufficient information 
for evaluating the impact of local versus global emission sources. It also does not 
provide a basis for identifying photochemical transformations that affect Hg. 
Significant improvements in model accuracy may be obtained by an expanded 
range of model-measurement comparisons. Figure  13.2  illustrates the large differences 
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  Figure 13.2    Simulated annual surface-level Hg 0  ( ng m  -3 ) from three regional-scale models 
(CMAQ, REMSAD, TEAM) for North America using results from three different global models 
(CTM, GEOS-CHEM and GRAHM) as boundary conditions. From Bullock  et al.  (2007)       

  Figure 13.1    Annual mercury wet deposition fluxes over the United States for 2003–2004. 
Observations from the Mercury Deposition Network (circles) are compared to model results 
(background). From Selin et al.  (2007)        
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in ambient Hg 0  and RGM predicted by different regional and global-scale models. 
The size of these differences identifies the importance of model intercomparisons 
as a basis for identifying the effects of differing model assumptions. Networks of 
measurements should provide information for resolving these differences.  

  13.3.2  Source-receptor Relationships: Long-range Transport 
Versus Local Sources 

 The relative impact of local emissions and long-range transport is important 
because it determines the effectiveness of proposed control strategies for Hg wet 
deposition. It is especially important to develop methods for testing the accuracy of 
model predictions in this area and revising models in response to results. Evidence 
for episodic transport of Hg from Asia to the U.S. has been provided through meas-
urements at sites in the western U.S. (Weiss-Penzias et al., 2006).     

 As shown in Figure  13.4 , measurements showed episodes with elevated ambient 
TGM, O 

3
 , particulates and CO coinciding with circulation that suggested possible 

transport from Asia. Because CO has a lifetime of >2 months it is viewed as a 
marker for long-range transport and for anthropogenic origin. The observed ratio 
between CO, and TGM provides a basis for evaluating the accuracy of model rep-
resentations of emissions and transport. Weiss-Penzias et al. (2007) report values 
for DTGM/DCO plumes of Asian origin as opposed to North American origin and 
found significant differences (0.0045-0.0048 ng m -3  ppb -1  in Asian plumes vs. 
0.0013 ng m -3  ppb -1  for North American sources). Models should reproduce these 
ratios. Recent modeling efforts suggest that the agreement is better when non-point 
source emissions in Asia are accounted for (Strode et al., 2008). Evidence for local 
emission sources of Hg have largely been based on statistical correlations or rela-
tionships between deposited Hg and trace elements or stable isotopic ratios, e.g. Pb 
206/204 in rainwater or aerosols (Dvonch et al. 2005; Fitzgerald et al.,  2007)  
(Figure  13.3 ). This relationship between trace metals and Hg has not been tested 
yet in comparison with deterministic models. Because the statistical correlation 
between Hg and trace metals is closely associated with emission sources, this ratio 
provides a basis for evaluating the accuracy of model representations of local and 
regional sources. 

 Model results have suggested that correlations between ambient RGM and Hg 0 , 
or the lack of such correlations, may also provide evidence for the relative impact 
of local emissions versus long-range transport. Model results predict that RGM and 
Hg 0  anticorrelate in situations where RGM has been produced photochemically 
from the global pool of Hg 0  (e.g. Jaffe et al., 2005) (Figure  13.4 ), while directly 
emitted RGM is predicted to positively correlate with Hg 0  (Sillman et al., 2007) 
(Figure  13.5 ). More extensive measurements of these species would allow an evalu-
ation of the predicted versus measured correlation, which would provide an indirect 
evaluation of model representations of local versus global sources.   



13 The Need for a Coordinated Global Mercury Monitoring Network for Global 401

The
Everglades

Atlantic
Ocean

Biscayne
Bay

BCN

FLG

Fort
Lauderdale

Broward
Country

Dade
County

Homestead

SBI

IND NVR

PTI
MNS

Miami

SOT

JHL

BCS

CGT

ADK
15 km

Coastal Sites
VWM

Urban Sites
VWM

Sampling Site

Mun. Waste Incin.

Med. Waste Incin.

Cement Kiln

Oil-Fired Utility
V
Ni
Pb
Sb
Hg

V
Ni
Pb
Sb
Hg

0.87
0.20
0.19
0.04
12.2

2.14
0.81
0.76
0.10
31.5

  Figure 13.3    Volume-weighted mean concentrations of V, Ni, Pb, and Sb ( µg L  -1 ) and Hg ( ng L  -1 ) 
in precipitation arriving from the east at SoFAMMS urban (BCN, BCS, FLG, IND, MNS, NVR, 
PTI, SBI, and SOT) and coastal (ADK, CGT, and JHL) sites. (After Dvonch et al. 2005).       

  13.3.3 Evaluation of Photochemical Processes 

 The photochemical transformation between Hg 0 , RGM and PM represents one of the 
major uncertainties in the current understanding of the cycle of atmospheric Hg. Hg 0  
is converted to RGM through gas-phase reaction with OH and O 

3
 , and through reac-

tions with reactive halogen species, but the rates of those reactions are uncertain (see 
Chapter 14). RGM may be converted to Hg 0  through aqueous reaction with HO 

2
 , 
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  Figure 13.5    Model correlation between Hg 0  and RGM in  pg m  -3  for Florida (circles), the northeast 
corridor(X’s) and Great Lakes (squares). Negative correlations identify photochemical production 
of RGM from global background Hg 0 . Positive correlations identify directly emitted RGM and 
Hg 0 . (Source: Sillman et al., (2007)       

  Figure 13.4    Measured O 
3
 , CO, particulate scattering ( s  

sp
 ) and total gaseous mercury (TGM) 

during a pollution transport event at Mt. Bachelor, Oregon. Simultaneous elevated concentra-
tions is interpreted as evidence of transport, most likely from Asia. (From Weiss-Penzias et al., 
2006)       
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but this reaction is also uncertain (Gartfeldt and Jonnson, 2003). Other mechanisms 
for the reduction of RGM have also been proposed. Lin et al.  (2006 ;  2007)  and 
Pongprueksa et al. (2007) tested the viability of these proposed reactions and reaction 
rates in a regional-scale simulation. They used measured wet deposition rates and 
ambient Hg 0  as constraining factors, proposing in effect that an ensemble of photo-
chemical reaction rates must result in Hg 0  and wet deposition that is consistent with 
measurements. Pongprueksa et al. (2007) reported that the agreement between model 
and measured wet deposition is improved somewhat if a reduction reaction between 
RGM and CO is used in place of aqueous reduction via HO 

2
 . This type of investigation 

might be improved if measured ambient RGM were more widely available. 
 Another approach to evaluating photochemistry is to use correlations between 

ambient RGM and O 
3
 . Model results predict a strong correlation between RGM and 

O 
3
 , due to enhanced photochemical activity during pollution events with high O 

3
  

(Sillman et al., 2007). Measurements also indicate a correlation between RGM and 
O 

3
  (Keeler and Dvonch, 2005). Evaluation of this correlation can also provide an 

indirect evaluation of model photochemistry. Selin et al.  (2007)  used the diurnal vari-
ation of RGM as a basis for proposing rapid uptake of RGM by sea-salt aerosols.  

  13.3.4 Evaluation of Gas-particle Partitioning 

 Studies have shown that PM is primarily from combustion processes and is found 
mainly in fine fraction particles with aerodynamic diameters below 2.5  m m (Keeler 
et al., 1995; Pirrone et al., 1996). PM associated with coarse particles (> 2.5  m m) 
were also observed in studies conducted in urban/industrial areas (e.g. Keeler et al., 
1995). These coarse fractions PM were thought to be formed through near source 
adsorption of the two gaseous Hg species (Hg 0  and RGM) into the existing aerosols 
in the air. Since PM has a greater solubility and reactivity, but lower volatility, than 
Hg 0 , PM produced through adsorption is more likely to be derived from RGM than 
Hg 0  (Pleijel and Munthe, 1995; EC, 2001). The lifetime of PM in the atmosphere 
depends on aerosol characteristics such as particle size and the ability of aerosols 
to be scavenged by precipitation and clouds (Schroeder and Munthe,  1998) . 

 Coarse particles settle more rapidly than fine particles and may play a dominant 
role in atmospheric dry deposition, especially near the sources; while fine particles 
can distribute uniformly in the air during their longer atmospheric residence time 
and contribute substantially to the total atmospheric dry deposition on a larger spatial 
area (Keeler et al., 1995). In the absence of precipitation, PM has a lower removal rate 
and longer residence time (days to months) than RGM (hours to days) (Schroeder 
and Munthe,  1998) . Like RGM, high concentrations of PM are often found near 
emission sources (Keeler et al., 1995). While RGM and PM constitute a small 
percentage of the total atmospheric Hg, they contribute a significant portion of the 
deposition of this toxic metal. Studies conducted in the U.S. and in Europe have 
also shown observing significant spatial gradients in Hg deposition near urban/
industrial areas where large anthropogenic Hg sources are located, pointing to the 



404 G.J. Keeler et al.

importance of local anthropogenic influences (Dvonch et al., 1998; Schroeder and 
Munthe,  1998 ; Landis and Keeler, 2002; Keeler and Dvonch,  2005) . Measurements 
are needed that can help to validate the model parameterizations used in current Hg 
models that incorporate gas-particle partitioning which may play an important role 
in the deposition and transport of PM on global scales. This is particularly impor-
tant in the upper troposphere where elevated RGM levels would likely result in 
elevated PM levels at altitude as well.  

  13.3.5 Evaluation of Emission Inventories 

 Emission inventories represent a major source of uncertainty in models for Hg, 
especially on the global scale. Errors and emissions in emission inventories can 
sometimes be suggested by a careful comparison between model TGM an ensem-
bles of measured values (Selin et al.,  2007) . Indeed, recent estimates in south Africa 
suggest that previous inventories are substantially higher than is supported by data 
and modeling (Chapter 5; Dabrowski et al., 2008; Selin et al.,  2008) . Evaluations of 
emission inventories based on ambient measurements have been made based on 
inverse modeling techniques (Bergamaschi et al., 2000). These approaches have 
frequently used satellite measurements and have been used to derive emission estimates 
for CO (e.g. Bergamaschi et al., 2000; Streets et al., 2006), NO 

x
  (Müller and 

Stavrakou, 2005) and biogenics (Fu et al., 2007). A summary of these studies can be 
found in TF-HTAP (2007). Although this type of evaluation typically requires satellite 
measurements that are not available for Hg, it is possible to derive estimates by using 
ratios of measured TGM to CO (Weiss-Penzias et al., 2006; 2007). Constraints on 
the emission rates for CO can be used to develop constraints for Hg emissions.  

  13.3.6  Evaluation of Past/future Changes 
and Effectiveness of Control Strategies 

 Evaluation of past changes in pollutant levels based on a historical record of meas-
urements provides a strong basis for evaluating processes related to pollution control. 
The historical record can identify changes in emission rates and global ambient 
concentrations that might otherwise be overlooked. A comparison between model 
and measured ambient concentrations and/or wet deposition for a historical period 
(e.g. Selin et al.,  2008 ; Sunderland and Mason, 2007) also provides a direct evaluation 
of changes in response to control strategies, and an evaluation of the model accurately 
in representing the change. 

 Significant information has been obtained from the historical record for pollutants 
other than Hg. Measurements in remote locations suggest a significant increase in the 
global background O 

3
  in the Pacific (Jaffe et al.,  2003 ; Parrish et al., 2004) (see Figure 

 13.6 ), and possibly in the Atlantic (Simmonds et al., 2004; Derwent et al., 2007). 
The observed increase has amounted to 6 ppb (20%) over a 15-year period (Jaffe 
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et al.,  2003)  and may have a significant impact on air quality in the USA. It is uncertain 
whether models can identify the reason for the observed increase. Current research 
also proposes to use measurements and models to evaluate reductions in NO 

x
  emis-

sions in the USA between 2000 and 2004 and their effect on ambient O 
3
  (Frost et al., 

2006). This type of historical evaluation requires sets of measurements that extend 
over time periods of 10 years or more. Such measurements are rarely available for 
Hg, especially in terms of its atmospheric chemistry.   

  13.3.7 Proposed Measurements to Enhance Model Development 

 A consistent set of measurements made on a global scale would dramatically 
improve our ability to test and validate global and regional scale atmospheric Hg 
models. The models would benefit from measurements at surface based sites 
performed as part of the coordinated network but would also benefit from closely 
linked intensive aircraft studies. Below is a brief list of some of the most critical 
measurement needs for model development:

  Figure 13.6    Spring mean mixing ratio ±1 standard deviation for background O 
3
  at 5 sites repre-

senting the marine boundary layer along the U.S. Pacific coast, with linear regression lines. The 
linear fit to the data from the 4 sea level sites (solid line), yields a slope and year 2000 O 

3
  mixing 

ratio (with 95% confidence intervals) of 0.50 ± 0.36 ppbv/year, 39.9 ± 3.3 ppbv, and an r 2  of 0.44. 
If the higher altitude and latitude Cheeka Peak site is included (dashed line), the calculated slope 
and year 2000 mixing ratio become 0.78 ± 0.28 ppbv/yr -1 , 42.9 ± 2.4 ppbv, and the r 2  is 0.68. (Jaffe 
et al.,  2003)        
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   1.    A network for monitoring Hg wet deposition at global background sites far from 
anthropogenic sources as well as sites strategically located in/downwind of various 
source areas.  

   2.    Surface sites for continuous monitoring of Hg 0 , RGM and PM, along with 
fundamental gas-phase species: CO, O 

3
 , particulate and possibly reactive nitrogen 

and sulfate. Sites should include the following:

   a.    Remote locations for tropospheric background condition (e.g. Mt. Bachelor)  
   b.    Locations suitable for measuring Asian outflow  
   c.    Locations in the USA subject to influence from local sources  
   d.    Locations that can examine the reactions in the MBL and the reactions 

occurring in polar regions, where oxidation of Hg 0  is enhanced      

   3.    Aircraft-based studies to identify the vertical distribution of Hg and correlations 
between Hg and other atmospheric species (CO, O 

3
 , aerosols).  

   4.    Aircraft-based studies to evaluate the evolution of Hg 0 , RGM and Hg(p) in 
plumes downwind of major emission sources, in combination with measure-
ments of gas-phase species (O 

3
 , CO, NO 

x
 , SO 

x
 ). Such measurements can be used 

to resolve the rate of oxidation of Hg 0  through reaction with O 
3
  and OH, and 

evidence for reduction of RGM through reaction with CO or photolysis.  
   5.    Aircraft-based studies to evaluate the effect of cloud processing on ambient Hg, as 

a basis for assessing the possible reduction of RGM through aqueous reactions.       

  13.4  Establishment of the Coordinated Global 
Mercury Monitoring Network (CGMMN)  

  13.4.1 Key Components of a Coordinated Long-term Network 

 All global networks must document quality and consistency of routine operations 
and data treatment through development of protocols for primary and auxiliary 
measurements, data processing, instrument comparisons, analysis, and data validation. 
Establishment of a coordinated global Hg monitoring network would benefit 
greatly from the experience and lessons learned from other global measurement 
networks, and from the on-going design of regional and national Hg networks (see 
Chapter 9 and Driscoll et al., 2007). Additionally, climate change research and 
studies of atmospheric CO 

2
  and carbon cycling have taught us valuable lessons 

about what is needed to initiate and maintain effective, reliable networks for 
observing the chemical state of the atmosphere. As suggested by Driscoll et al. 
(2007), some of the keys in establishing a successful global network include:

   1.    Commitment to long-term Hg data collection. Maintaining high-quality, long-
term measurement programs for atmospheric Hg requires vision, governmental 
and international support. There is a need to ensure that the support of observations 
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is adequate to prevent breaks in the data record. Similarly, mechanisms are 
needed to provide support for development and validation of new instrumentation 
and its deployment in the field, which can often take many years.  

   2.    Calibration. Inadequate calibration of instruments in a measurement program 
limits the value of observations for understanding global atmospheric changes. 
Absolute calibration is critical for calculating the budgets and lifetimes of different 
chemical species. Relative calibration is essential in applications that require the 
use of observations from multiple measurement stations or networks. The goal 
should be to calibrate each species with an absolute accuracy approaching the 
analytical precision of the measurement technique.  

   3.    Measurement/Analytical Quality Control/Quality Assurance. If a quality assurance/
quality control structure has not been established or is inadequately funded for a 
particular measurement program, then the uncertainties associated with the measure-
ments may render them unusable for trend analysis and model evaluation, and thus the 
collection efforts are wasted. Standardized quality assurance criteria are especially 
important in efforts to integrate data from multiple observational programs.  

   4.    Collaboration among researchers with different missions but similar data needs. 
Each type of measurement has limitations and is most useful when it can be 
meaningfully combined with other types of data. Effective coordination among 
programs with related observational needs can avoid redundant data collection 
efforts or data gaps that occur when individual programs lack the resources to 
adequately support continued observational efforts. For example, coordination 
of ambient Hg measurements with plant uptake or terrestrial cycling can aid both 
the air quality and biological cycling research communities.  

   5.    Institutional and Personnel Requirements. Experience has shown that maintaining 
and advancing long-term observational science in atmospheric chemistry depends 
primarily on highly qualified and dedicated individuals. Attracting such individuals 
requires strong educational programs and promising career opportunities. 
Having more than one laboratory striving for the same goal is all the most effective 
way to assure that the highest quality observations will be made (i.e., all key 
species should be measured by more than one research group). The complexity 
in making speciated Hg measurements mandates that well-trained operators be 
identified for this task.      

  13.4.2 Mercury Measurement Methods 

 There are a relatively small number of reliable methods that have been developed 
for the measurement of atmospheric Hg in its various forms. Examples of the sampling 
and analysis approaches for total gaseous Hg and particulate bound Hg can be 
found in the literature (e.g. Keeler et al.  1995 ; Landis et al.  2002) . These manual 
approaches give reliable Hg data but require more operational time and laboratory 
analysis. More recent advancements have led to the development of field instru-
ments that sample and analyze the concentration of Hg in the gaseous phase and 
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that fraction associated with fine particulate material. These methods, while not 
quite at the stage of being routine field instruments, have added greatly to our 
fundamental knowledge of the behavior of Hg species and its deposition. A brief 
description of various measurement and analytical methods can be found in Driscoll 
et al. 2007. Here, a brief description of the type of the ambient Hg instrumentation 
that would be needed for a global Hg network is described. Continuous instruments 
that provide equivalent information on the time-scale of minutes to hours are 
important for a detailed study of Hg transport and chemistry. 

 Simultaneous measurements of Hg 0 , RGM and PM (2.5  m m) can be performed 
using a Tekran® 2537A/1130/1135 automated Hg measurement system (Tekran 
Inc., Ontario, Canada). Studies have reported that this system provides reliable data 
in several intercomparison studies on Hg measurements (Munthe et al., 2001; Landis 
et al.,  2002) . The Tekran system measures all three Hg species in a semi-continuous 
fashion with a total of 12 sample cycles performed within a 24-hour period. Each 
complete single sample cycle consists of a 1-hour sampling period and a 1-hour 
desorbing period. The four major parts of the system: Model 2537A analyzer, Model 
1130 pump module, Model 1130 denuder module, and Model 1135 particulate module, 
work in concert through a program installed in the Model 1130 controller. 

 During sampling, ambient air drawn at a flow rate of 10 liters per minute (L min -1 ) 
first passes through a denuder housed in the Model 1130 denuder module. RGM in 
the air stream is collected by the potassium chloride (KCl) coating of the denuder 
with a diffusion coefficient > 0.1 cm 2  s -1 (Poissant et al., 2005). The air stream con-
tinuously travels to a regenerable particulate filter (RPF) assembly located within the 
Model 1135. Particulate Hg (2.5 µm) in the air stream is captured by a unique quartz 
filter disk, which resides in the RPF assembly. Any Hg 0  left in the air stream is then 
directed into the Model 2537A analyzer at a rate of 1 L min -1 , while the remaining 
9 L min -1  is vented out through the Model 1130 pump module. 

 The Model 2537A is equipped with a pair of gold cartridges which allow alternate 
sampling and detection of Hg using Cold Vapor Atomic Florescence Spectrometry 
(CVAFS) at a wavelength of 253.7 nm. During the sampling period, Hg 0  is measured 
and detected every five minutes while RGM and PM are only collected but not 
measured. A total of twelve readings of Hg 0  concentrations are made in the sampling 
hour. During the desorbing period, PM was detected in three consecutive 5-minute 
intervals. The sum of these three 5-minute readings is the total PM collected during 
the sampling hour. Similarly, the sum of the three 5-minute readings during the 
denuder heating is the total RGM collected during the sampling hour. 

 The 10 L min -1  flow rate at the inlet corresponding to a standard temperature 
(0 °C) and pressure of 1 atmosphere (STP) was drawn together by the Model 
2537A (1 L min -1 ) and the Model 1130 denuder pump module (9 L min -1 ). The flow 
rate and the design of the inlet insure that only particles with aerodynamic diam-
eters 2.5  m m continue to the next stage of the sample system, while the coarse 
fraction (>2.5  m m) of the particles are removed by aerodynamic impaction onto 
a glass impactor plate housed inside the inlet glass-ware (Landis et al.,  2002) . 
A heating boot wrapped around the inlet keeps the inlet at 50 °C during the sampling 
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period and at 65 °C during the desorbing period to prevent condensation problems. 
The RPF-assembly and the denuder are both kept at 50 °C during the sampling 
period, and are heated to 800 °C and 500 °C during the desorbing period, respec-
tively. Throughout the whole 2-hour sample cycle, the sample air line and the zero 
air line are kept at 50 °C, while the case of Model 1130 denuder module and 
Model 1135 module are kept at 35 °C. 

 The measurement of Hg associated with coarse fraction (>2.5 m) particles has 
been performed to date only using manual methods and over longer time intervals 
than that available using a system such as the Tekran speciation system. In source 
regions and in coastal regions the measurement of size-segregated particulate eg is 
critical to understanding the loading of Hg to terrestrial and coastal ecosystems. 
Since the deposition velocities of the larger fraction Hg are an order of magnitude 
greater than the fine fraction Hg, the dry deposition of these large particles is likely 
to dominate the Hg flux to the surface. More research and development is required 
before a continuous approach for coarse particle Hg could be deployed in monitoring 
network. Initially, it is recommended that manual approaches be employed to 
develop the first order estimate of the importance of the coarse particles in the 
chemistry and deposition of Hg at different sites around the globe.   

  13.5 Coordinated Monitoring and Modelling  

 Integrated measurement programs form the core component of the overall research 
framework needed for the study of global air quality change. Models also represent 
a key component of a global research framework, as they are able to play many 
important roles such as: helping to determine the optimal locations for long-term 
observational sites and short-term process studies, in order to maximize the useful-
ness of the data collected; assimilating the observational data acquired from different 
monitoring systems and helping to place isolated measurements in a larger context; 
and providing simulations of future Hg trends, fluxes, and coupling with water quality 
changes. Careful integration of various types of models, modeling tools, and obser-
vations will be extremely important in the future. Atmospheric process models can 
be incorporated into regional-scale models to provide detailed representation of criti-
cal chemical and surface processes. Similarly, regional models are embedded in 
global models to increase the spatial and temporal resolution in areas with sensitive 
watersheds. Chapter 16 addresses some of these issues in more detail. 

 Coordinating measurements among various networks, with airborne platforms, 
and into other special studies, and integrating these measurements with detailed 
modeling studies presents an immensely complex research challenge. The CGMMN 
must go beyond model evaluation via comparison with observations/measurements. 
Model-observation comparisons can elucidate which models might be in error but 
do not provide information on which model processes are causing the error in large 
scale simulations. In addition, uncertainties in current Hg measurements can some-
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times make results inconclusive. Therefore a comprehensive comparison to multiple 
types of observations/measurements is needed, and these comparisons should be 
defined a priori to provide information about the performance of processes in models. 
This is often difficult as the modeling community often may not understand the 
technical details of the Hg monitoring and analysis, or what data quality entails and 
uncertainties actually mean. 

 Currently, there is a lack of a centralized, standardized observational database 
that includes information on Hg data quality, data uncertainties and other measure-
ment details. Matching the spatial and temporal scales of atmospheric model estimates 
to the measurements will ensure that meaningful comparisons can be performed. 
Coordination of the monitoring network with the global and regional modeling community 
can help to enhance the model-measurement comparisons and help identify key 
parameters that need to be measured in the network and at what spatial scales. 

  13.5.1 Importance of Establishing Boundary Conditions 

 The North American Mercury Model Intercomparison Study (NAMMIS) was con-
ducted to provide guidance to the research community regarding which scientific 
process uncertainties are contributing most to the observed discrepancies in model 
simulations of Hg deposition. As a starting point each regional-scale model used 
the same inputs for initial (IC) and boundary conditions (BC), meteorology and 
emissions. The three IC/BC data sets were each developed from simulations of one 
of three global-scale atmospheric Hg models, the Chemical Transport Model 
(CTM) adapted for Hg (Shia et al.,  1999 ; Seigneur et al.,  2001) , the GEOS-Chem 
model adapted for Hg (Yantosca,  2005 ; Selin et al.,  2007) , or the Global-Regional 
Atmospheric Heavy Metal (GRAHM) model (Dastoor and Larocque;  2004 ; Ariya 
et al.,  2004) . In addition, each regional-scale model uses the same horizontal 
modeling domain. 

 The study was conducted to, in part, separate the effects of input data and scientific 
process treatments within each model so they can be better understood. The model 
intercomparison showed that the models were sensitive to changes in Hg species 
concentrations at the boundary of the grid, and the lack of observations of Hg species 
severely limits our ability to evaluate the accuracy of the global model estimates for 
the boundary conditions, which varied significantly from one model to another. The 
observed model sensitivity also clearly suggests that global-scale transport is critical 
in regional-scale assessments. However, the magnitudes on the estimated wet depo-
sition across North America varied significantly using the boundary conditions 
estimated using the three different models. It was clear from the study (see Figure  13.7 ) 
observations of Hg 0 , RGM and Hg(p) are needed at all levels of the troposphere, 
especially along the western boundary of the North American continent. The model 
evaluations performed were thought to be largely subjective due to the lack of 
observation of the Hg species, especially aloft (Bullock,  2007) .   
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  13.5.2  Identification of Key Measurements 
Parameters and Species 

 Reliably modeling the transport, transformation, and deposition of atmospheric Hg 
and elucidating the importance of local, regional, and global emission sources is 
currently limited because of uncertainties in its atmospheric chemistry (Sillman 
et al.  2007 ; Chapter 14). While Hg in the atmosphere is dominated by Hg 0  
(Schroeder and Munthe,  1998) , it is the RGM which is thought to be most important 
for wet and dry deposition. Elevated levels of RGM are typically associated with 
direct emissions from localized anthropogenic sources, but can also be produced by 
photochemical conversion from Hg 0  (Liu et al.  2007) . 

 Ambient gaseous Hg species are affected by gas phase and aqueous photochemical 
reactions that involve a wide range of species (O 

3
 , OH, Cl, Br and sulfates). 

Modeling the transport and transformation of Hg in the atmosphere is a challenge 
because it involves processes on widely different spatial and temporal scales. 
Deposition of Hg is affected by localized convective events, and processing by 
small-scale convective clouds can also affect photochemistry. Photochemical con-
version from Hg 0  to RGM also results in the formation of TPM, which frequently 
occurs as part of multi-species conglomerates. Particulate bound Hg in the atmos-
phere has a bi-modal distribution with a significant fraction of the mass in the >2.5 
 m m size range (Keeler et al.  1995)   

  13.5.3 Four-D Data Assimilation 

 Development must continue on data assimilation methods for weather and climate 
prediction. They have led to remarkable progress in estimating global water and 
energy fluxes. Applying the same techniques to biogeochemistry can yield quanti-
tative data for variables that have heretofore been unavailable. Significant progress 
has been made in validating physical models and in analyzing how calibration can 
improve their performance. Improvements in modeling have also been directed to 
problems of water management (e.g., Wood et al.,  1993) . 

 Air quality monitoring networks provide extensive ambient measurements of 
gaseous and particulate pollutant species. Most air quality monitoring sites are sited 
in populated areas, and are designed to determine whether or not the area is in 
compliance with national ambient air quality standards. There has been a lack of air 
monitoring sites across the globe that allow detailed investigation of long-range 
transport or that provide trends in background concentrations. Trends in pollutants 
such as ozone in particular are difficult to assess because changes due to anthropogenic 
forcing are often confounded by natural variations. 

 Figures 13.8 show comparison between model ambient RGM and measured values 
from the aircraft flights described in section 2.6. Figure  13.8  shows the variation of 
RGM with altitude in the model for the 5 d that correspond with measurements 
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(9, 12, 14, 25 and 26 June, always at 1700 LT). Figure  13.8  also shows measured 
RGM versus altitude for the full ensemble of measurements during June 2000, 
including days not represented by the model.  

 The full set of measurements is included here in order to show a complete picture 
of the observed variation with height. Results show that the model is consistent 
with measurements in many aspects, although there are also significant discrepan-
cies. RGM increases with altitude from 0 to 3 km in both the model and in the 
measured ensemble. The rate of increase versus altitude is steeper for the ensemble 
of measurements than for the model, but the comparison is not extensive enough to 
show whether this is a consistent trend. Individual vertical profiles of RGM in the 
model sometimes show a complex layered pattern, reflecting cloud layers at various 
elevations, but the measurements represent flight path averages and cannot show 
this type of detail.  

  13.5.4  Observation-based Apportionment Methods for Emission 
Inventory Reconciliation 

 Table  13.1  presents data from the U.S. EPA emissions inventory for point sources 
within the SoFAMMS study domain developed from a national Hg emissions data-
base (USEPA, 1998). Municipal waste incineration was estimated to be the largest 
Hg emission source type in south Florida. Municipal waste incineration was found 
to be the dominant source of Hg wet deposited to Everglades sites during the intensive 
study. An evaluation of the robustness of the Hg source apportionment was reported 
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  Figure 13.8    Measured RGM ( pg/m  3 ) versus altitude ( km ) from aircraft measurements over the 
Atlantic Ocean off the coast of south Florida during June 2000 (points). The line represents model 
RGM versus altitude, based on an average of model results during the afternoon on the 5 d (9, 12, 
14, 25 and 26 June) that coincide with measurements (After Sillman et al.  2007)        



414 G.J. Keeler et al.

  Table 13.1   Mercury emissions inventory for Broward and Dade County, Florida USA   

 U.S. EPA 
estimated 
Hg emission 
 (kg yr   -1   )  

 Revised Hg 
emission (from 
this study)  
(kg yr   -1   )  

 Receptor model 
Hg source 
apportionment 
 (% of total)  

 Municipal waste  Dade  1176.35 
 Broward  1125.64 
 total  2301.99  508 ± 101  57 ± 7 

 Medical waste  Dade  22.62 
 Broward  2.08 
 total  24.70  268 ± 127  30 ± 14 a  

 Utility  Dade  3.25 
 Broward  7.36 
 total  10.61 

 Boilers  Dade  67.50 
 Broward  43.70 
 Total  111.20  130 ± 43 b   14 ± 5 b  

    a  Determined from emissions reconciliation
   b  Includes contributions from utility, industrial, and residential oil boilers.  

after a detailed reconciliation between the source based emission inventory, the 
SoFAMMS stack testing data, and the receptor modeling results.  

 Stack testing was performed at a municipal waste incinerator in Dade County and 
this incinerator was estimated by the U.S. EPA to account for 50% of total Hg emis-
sions from all municipal waste incinerators in Dade and Broward Counties (USEPA, 
1998). Source testing performed during SoFAMMS indicated that emissions of 
Hg from this facility may have been overestimated in the U.S. EPA emissions inventory 
by a factor of 4. Although it was estimated in the emission inventory that 1156.1 kg 
yr -1  Hg were emitted from this municipal waste incinerator, source measurements 
determined this value to be much lower at 255.0 (50.5 kg yr–1 (Stevens et al. 1996)). 
As a means of re-assessing emissions from all municipal waste incinerators in Dade 
and Broward Counties, the factor of four over-estimation was assumed to be consistent 
for the source category. This factor was applied to all four municipal waste incinerators 
in Dade and Broward Counties, which lowered the total estimate for municipal 
waste Hg emissions from 2302 to 508 (101 kg yr -1 ). 

 Stack emissions testing was performed at the largest medical waste incinerator 
in Dade County which accounted for 37% of total Hg emissions from all medical 
waste incinerators in Dade and Broward Counties. Stack testing indicated that emis-
sions of Hg from this facility was likely underestimated in the U.S. EPA emissions 
inventory by a factor of 10 for this category in south Florida. Although it was esti-
mated in the emission inventory that 9.2 kg yr -1  Hg were emitted from this medical 
waste incinerator, source measurements determined this value to be much higher at 
100.4 (47.6 kg yr -1 ) (Stevens et al.  1996) . Again, assuming this factor to be consistent 
for the source category, this underestimation factor was applied to all 12 medical 
waste incinerators in Dade and Broward Counties. This brought the total estimate 
for medical waste Hg emissions up from 25 to 268 (127 kg yr -1 ). 
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 The use of observations by Dvonch et al. 1999 revealed that 57% of the Hg wet 
deposited at the Everglades sites was accounted for by municipal waste incineration. 
Since nearly all of the Hg emitted from waste incineration sources was measured 
during the study in a highly soluble RGM form, these emissions should be directly 
proportional to the measured wet deposition. Therefore, the 57% Hg contribution 
from municipal waste incineration emissions would correspond to the 508 kg yr -1  
Hg estimated to be emitted from municipal waste incinerators within the SoFAMMS 
study domain. Using this approach, the 268 kg yr -1  Hg estimated to be emitted from 
medical waste emissions would correspond to a 30 (14%) contribution of Hg wet 
deposited at the Everglades sites (with the uncertainty estimate derived from the 
variability in the SoFAMMS medical waste incinerator stack data). It was previ-
ously determined that 29% of the Hg measured at the Everglades sites was left 
unaccounted for by the PCA/MLR receptor modeling approach. Therefore, from 
the previous analysis, it was estimated that Hg emissions from medical waste incin-
eration sources within the SoFAMMS study domain may account for the 29% of 
Hg wet deposition at the Everglades sites that was previously left unexplained. 

 As evidenced by the large degree of uncertainty associated with the apportionment 
of Hg to medical waste incineration, it was acknowledged that additional sources 
within the study domain as well as regional sources associated with long-range 
transport may have contributed to the Hg deposited and could be responsible for 
a portion of the deposition unaccounted for by the PCA/MLR model. Although 
the multivariate model did not identify any additional significant source(s) of the 
remaining (29%) Hg, a number of smaller sources that did not significantly add to 
the variance in the data set may have contributed to the measured deposition. 
However, like the medical waste incinerators, they were not traceable using the 
methods employed in this study. 

 Mercury stack testing was not performed at oil combustion sources during 
SoFAMMS. However, the emission/deposition relationship established above was 
also used to predict Hg emissions from utility, industrial, and residential boilers 
within the SoFAMMS domain. The 14% of Hg in precipitation at Everglades sites 
determined from PCA/MLR analysis to be contributed from oil combustion sources 
would equate to an emission of 130 (43 kg yr -1 ) Hg from oil boilers. This estimated 
value of Hg emitted is in agreement with the 122 kg yr -1  Hg that was calculated by 
the U.S. EPA to be emitted from oil combustion associated with utility, industrial, 
and residential boilers within the SoFAMMS study domain. However, since previous 
source tests of fossil fuel combustion sources within the United States have indi-
cated the ratio of Hg (II) /Hg(total) in emissions to be much less than 0.5, these source 
reconciliation results suggest that either the oil combustion sources in south Florida 
are emitting a much greater amount of total Hg or that they are simply emitting a 
much higher percentage of Hg (II)  than previous estimates suggested. Lastly, it was 
estimated that 1.8 kg day -1  Hg, on average, is wet deposited to the Florida Everglades 
during the spring and summer seasons. The revised Hg emissions inventory, calcu-
lated using the actual emissions measured at sources in south Florida during 
SoFAMMS, indicated that 2.5 (0.5 kg day -1 ) Hg was emitted from municipal waste, 
medical waste, and oil combustion sources in Dade and Broward Counties alone. 
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Therefore, enough Hg was emitted in these two counties alone, which was measured 
during the study in a soluble Hg (II)  form that is easily incorporated into cloud droplets, 
to account for the Hg wet deposited to the entire Florida Everglades.  

  13.5.5  Case Study of Coordinated Measurement/Modeling 
in the Mediterranean 

 Both box model and regional model studies have been carried out for the 
Mediterranean region to study the Hg cycle between the sea surface and the atmos-
phere. The models were used to elucidate the chemical mechanisms which oxidise 
Hg in the marine boundary layer (MBL) and to estimate both Hg deposition and 
re-emission. These modeling studies made use of data obtained during measurement 
campaigns performed as part of three EU funded projects (MAMCS, MOE and 
MERCYMS). The measurement campaigns of two and four weeks were performed 
in each project (one each season). This relatively sparse database of measurements 
was supplemented by both atmospheric and aquatic measurements performed 
aboard the Italian CNR  R.V.  Urania. More recently two monitoring stations, one in 
the Calabria mountains, and the other on the Tyrrhenian coast of Calabria, have come 
on-line and provide continuous measurement data for Hg and ancillary pollutants. 
Using the MECAWEx model (Hedgecock, et al.  2006)  the twelve-month period 
during which the four MAMCS measurement campaigns (one each season) were 
performed was simulated. The simulation results were in reasonable to good agreement 

  Figure 13.9    Calculated monthly total deposition and evasion of mercury (1 ton=1Mg) to and from 
the surface of the Mediterranean Sea during the MAMCS campaign (Hedgecock et al.  2006)        
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with the total Hg observed at the five measurement sites, and allowed estimates to 
made of the annual deposition to and emission from the surface of the Mediterranean 
Sea (Figures  13.9  and  13.10 ).   

 Further studies were performed comparing MECAWEx output with the results 
obtained from research cruises aboard the R.V.  Urania , (the Med-Oceanor cam-
paigns) which added another dimension to the quality of the comparison between 
model and measurements because Hg 0  

(g)
 , RGM and TPM were measured. The other 

benefit that ship board measurements have is that the measurements are performed 
in what in the model is the first layer of the atmosphere and that which is directly 
influenced by the parametrisation employed to calculate the evasive flux from the 
sea surface, Figure  13.11 .   

  The only measured data available for Hg deposition within the modelling 
domain at present is from some of the EMEP stations in northern Europe. These 
data, which are mostly available as monthly totals, were used to validate the model 
results, Figure  13.12 . It would be extremely useful however for modellers to have 
Hg in precipitation data available on an event basis as this really would illustrate 
the model’s skill in reproducing Hg deposition fields. 

  The results from the oceanographic cruises were also studied using a photo-
chemical box model, which uses a much more complex chemical scheme than 
MECAWEx, including as it does both sea salt and non-sea-salt sulphate aerosol 
phases in order to simulate the release of reactive halogen containing compounds 
from aerosol particles, (Hedgecock, et al.  2005) . The studies suggested that the 
cycling of Hg emitted from the sea surface could be quite rapid given the appropriate 
meteorological conditions. 

  Figure 13.10    Calculated monthly dry and wet deposition (1 ton=1Mg) to the surface of the 
Mediterranean Sea during the MAMCS campaign (Hedgecock et al.  2006)        
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 However, notwithstanding the progress made in the understanding of Hg cycling 
in the MBL and the ability to reproduce reasonably TGM values over a region as 
large as the Mediterranean, there remain some uncertainties which cannot be 
addressed using a measurement campaign approach. The hourly, daily and monthly 
variation in TGM does not actually cover a very wide range of values; this makes 
it difficult not only to be certain that the model is reproducing atmospheric transport 
and transformation phenomena accurately, but it also makes statistical analyses of 

  Figure 13.12    Comparison of monthly average Hg concentration in rain for the EMEP site at 
Rorvik during 2000 (Pirrone et al., 2008)       

  Figure 13.11    The measured and calculated Hg 0  
(g)

  concentration during the Med-Oceanor 2004 
oceanographic campaign (Hedgecock et al.  2006)        
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the simulated vs. observed results less easy to interpret. As regional Hg models 
have improved over the years it has become clear that global models are required 
to provide time-dependent boundary conditions, as discussed earlier in this chapter. 
The results obtained with MECAWEx showed that, even over a domain which covers 
Europe, the whole of the Mediterranean Sea and a substantial part of N. Africa, the 
simulated concentration fields at the centre of the domain can still be sensitive to 
the boundary conditions when transport into the model domain is relatively rapid, 
for example when there are strong westerlies. During typical Mediterranean anticy-
clonic summer conditions the boundary conditions play a less significant role due 
to restricted transport. 

 Estimating annual deposition and emission fluxes in the case of the Mediterranean 
is also fraught with uncertainty for two fundamental reasons. Firstly, the model vali-
dation over the long term was based on the results from four two week measurement 
campaigns which measured TGM and not speciated Hg concentrations. Admittedly 
this situation was improved by the results obtained from the cruises, but the second 
point of uncertainty is that there are no measurements of deposition fluxes for the 
Mediterranean region, neither wet nor dry. Dry deposition of Hg is extremely difficult 
to quantify but Hg in precipitation is regularly measured in some parts of the world. 

 A majority of the problems discussed above could be resolved by the establishment 
of a monitoring network, with some monitoring stations measuring speciated Hg 
compounds and Hg in precipitation. If this were to be done, then with the computing 
power which is currently available it would be possible to use models much more 
extensively. Combining models and monitoring data it would provide a more solid 
base than currently exists for assessing the reliability of emission inventories, assessing 
atmospheric chemistry parameterisations, quantifying the influence of regional and 
global sources and therefore also for evaluating the effectiveness of pollution 
control initiatives and strategies on both local and global scales in combating the 
impact on ecosystems of Hg deposition.       
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      Chapter 14
 Our Current Understanding of Major 
Chemical and Physical Processes Affecting 
Mercury Dynamics in the Atmosphere 
and At the Air-Water/Terrestrial Interfaces       

     Anthony J.   Hynes   ,    Deanna L.   Donohoue   , 
   Michael E.   Goodsite   , and    Ian M.   Hedgecock            

  Summary   The predictions of atmospheric chemical models are limited by the 
accuracy of our understanding of the basic physical and chemical processes that 
underlie the models. In this work we review the current state of our knowledge of 
the chemical processes that transform atmospheric mercury species via gas and 
aqueous phase reactions and the physical processes of deposition. We concur with 
the conclusions of other recent reviews that our understanding of the basic chemistry 
that controls mercury is incomplete and the experimental data either limited or non-
existent. In spite of this recent experimental and theoretical studies of mercury reac-
tion kinetics have clarified some issues. Observations in Polar Regions suggest that 
Hg 0  can undergo fast oxidation in the presence of elevated levels of bromine com-
pounds. Both experimental and theoretical studies suggest that the recombination 
of Hg 0  with Br atoms is sufficiently fast to initiate this oxidation process. However 
there is a large uncertainty in the value of the rate coefficient for this recombination 
reaction and in the fate of the reaction product, HgBr. Most global mercury models 
incorporate reactions of Hg 0  with OH and O 

3
 . Based on the most recent high level 

ab-initio calculations of the stability of HgO it appears that neither of these reac-
tions is likely to play a significant role in mercury oxidation. The most important 
aqueous oxidation for Hg 0  appears to be reaction with O 

3
  however that there has 

only been one determination of the Hg + O 
3
  reaction rate constant in the aqueous 

phase. Aqueous phase reduction of oxidized mercury via reaction with HO 
2
  is the 

only significant reduction reaction in current models but now seems unlikely to be 
significant. Again this suggests that the chemistry controlling mercury transforma-
tion in current models requires significant modification.    

  14.1 Introduction  

 Over the past decade our understanding of the chemical cycling of mercury has been 
changed, particularly by the recognition that homogeneous gas phase chemistry may 
play a significantly more important role in this cycling than was previously recognized. 
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In this chapter we have attempted to review the current state of mercury science 
with regard to the important chemical and physical processes that affect the 
 atmospheric transformation of mercury and its rate of deposition. If we view the 
progress that has been made in our overall understanding of chemical cycling in the 
troposphere and stratosphere we see iterative interactions between three branches 
of atmospheric chemistry. The three branches are typically compartmentalized 
between modeling, field measurements and laboratory measurements. Laboratory 
measurements include both experimental and theoretical studies of the elementary 
processes that are important in atmospheric transformation and include both 
 measurements and calculations of reaction rate coefficients, thermodynamics and 
spectroscopic properties of atmospheric species. These processes form the basic 
input to atmospheric models that are then used to predict the spatial and temporal 
distributions of atmospheric species. The output from models is then compared 
with field measurements and gives a measure of our detailed understanding of the 
processes that are taking place. We consider separately homogeneous gas phase 
transformation, liquid phase transformation and atmospheric deposition processes.  

  14.2 Homogeneous Gas Phase Transformation  

 Our understanding of the importance of gas phase chemistry in the biogeochemical 
cycling of mercury has gone through a complete transformation over the past decade. 
This has been driven by atmospheric observations and we briefly review these in 
the context of our overall understanding of tropospheric chemical cycling. 

  14.2.1 Field Observations 

 The seminal observation that led to a reassessment of mercury chemistry was pro-
vided by Schroeder and coworkers during a study of polar ozone depletion events 
(Schroeder et al.,  1998) . Observations of springtime ozone depletion have been 
known for over two decades and are linked to halogen chemistry, with bromine 
containing radicals thought to be the most important species. In 1998 Schroeder et al. 
reported the results of 1995 field observations at Alert, Canada that showed that 
for three months following polar sunrise there were frequent episodic depletions 
of gaseous elemental mercury which correlated strongly with depletions of ozone. 
Subsequently Lindberg et al.  (2002)  published a series of observations from 
Barrow, Alaska demonstrating the same phenomenon. They also incorporated 
measurements of RGM using a newly developed denuder technique. Again they 
observed a strong correlation between mercury and ozone depletion events and 
found that the depletion events were correlated with high column densities of BrO 
as measured by the GOME satellite. They also found that that RGM showed a 
strong diurnal profile indicating photochemical production of the species responsible 
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for Hg 0  oxidation. They proposed an oxidation mechanism based on Hg 0  reaction 
with bromine and chlorine atoms and the halogen monoxides. Subsequently these 
AMDEs (Atmospheric Mercury Depletion Events) have been observed by several 
groups in the springtime in both the Arctic and Antarctic. 

 Recently Peleg et al.  (2007)  reported the observation of diurnal cycles of mercury, 
ozone, and BrO behavior based on short-time resolution measurements near the 
Dead Sea, Israel, in Summer 2006. The results showed that mercury depletion 
events occurred almost daily, accompanied always by the presence of BrO and 
concurrent ozone destruction. The intensity of the MDE corresponded to increasing 
BrO levels. Mercury depletions of more than 40% were observed when BrO levels 
rose above 60 - 70 ppt. 

 In addition to mercury transformation that is clearly consistent with a halogen 
mediated oxidation mechanism a number of observations have suggested that 
elevated levels of RGM are present in the upper troposphere. Landis et al.  (2005)  
monitored both Hg 0  and RGM in a series of flights in southern Florida in June 
2000. During the flights, they monitored Hg 0  and RGM between 0.06 and 3.5 km 
and observed a small negative trend with altitude in Hg 0  and a more pronounced 
positive trend between RGM and increasing altitude. They observed RGM concen-
trations of 100 pg m -3  at the highest altitudes. The Landis et al. data set is the only 
aircraft data that has monitored both Hg 0  and RGM. Murphy and coworkers have 
obtained and analyzed the mass spectra of individual particles using a Particle 
Analysis by Laser Mass Spectroscopy (PALMS) instrument (Murphy et al.,  2006a, 
  2006b) . The extensive PALMS data set revealed that at the tropopause a large 
fraction of the observed particles in both the tropics and mid-latitudes contain Hg. 
In addition a single sample was collected in the lower stratosphere for analysis by 
Scanning Transmission Electron Microscopy. The distribution of Hg onto up to 
70% of sampled particles, even small (20nm) particles is indicative of a local Hg(p) 
source rather than transport of Hg-rich aerosols from surface sites. The peak in 
aerosols containing Hg is centered at the tropopause with almost none of the parti-
cles sampled below 5 km containing Hg. This rapid decline could be due the 
re-volatilization of Hg or RGM from the aerosol once in the warmer troposphere or 
the rapid washout of Hg(p) and RGM during precipitation events. As the PALMS 
instrument measures both positive and negative ions it is of interest that Hg ions 
and Br -  follow a similar profile, indicating that they are present in the same aerosol 
species even if they are not chemical bound to each other. 

 A limited number of observations at elevated sampling sites at Mona Loa, 
Hawaii (Landis et al.,  2005) , and Mount Batchelor, Oregon (Swartzendruber et al., 
 2006)  also show evidence for elevated RGM in the free and upper troposphere. 
Swartzendruber et al.  (2006)  saw elevated levels of RGM of up to 500 pg m -3  in 
subsiding air at Mount Batchelor. These air masses contained decreased levels of 
elemental gaseous mercury suggesting that total mercury was conserved and the 
RGM was a result of local conversion of Hg 0  to RGM in the upper troposphere. 

 These observations are clearly indicative of relatively rapid transformation of 
Hg 0  to RGM and suggest that gas phase chemistry is responsible. The observations 
of mercury depletion in polar regions and the Dead Sea are accompanied by 
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ozone depletion and elevated levels of bromine radicals and are clearly suggestive of 
halogen chemistry. Transformation in the upper troposphere carries no “chemical 
signature” which is suggestive of the chemical mechanism and oxidation via reac-
tion with ozone, OH and Br atoms have all been considered as possible mechanisms. 
We now consider the potential oxidation chemistry that might be responsible for this 
transformation.  

  14.2.2 Kinetic of Homogeneous Gas Phase Reactions 

 In spite of the clear evidence for rapid, homogeneous gas chemistry involving reac-
tion of gas phase elemental mercury with other atmospheric reactants, the identifi-
cation of the specific chemistry remains elusive. As we review the limited amount 
of experimental and theoretical data available we try and apply two criteria 1) are 
the observations consistent with our understanding of basic physical chemistry and 2) 
are they consistent with field observations. As we discuss below recent calculations 
on the stability of diatomic gas phase HgO suggest that homogeneous gas phase 
oxidation of Hg 0  by O 

3
  is not a viable atmospheric oxidation pathway for Hg 0 . Both 

calculations and observations suggest that weakly bound complexes of mercury 
may play a significant role, at least in laboratory experiments. Since an understand-
ing of the kinetics, particularly of weakly bound complexes, can be difficult and 
may not be treated clearly in the mercury literature, we provide some background 
on basic kinetics, thermochemistry and atmospheric chemistry. 

  14.2.2.1 Terminology 

 We briefly review some of the basic terminology associated with this chemistry 
giving examples from tropospheric chemistry and some mercury specific examples. 
The bimolecular rate coefficient for the reaction of two species A and B to give 
products C and D:

  A + B®C + D   

 is defined as 

  - d[A]/dt = - d[B]/dt = d[C]/dt = d[D]/dt = k[A][B]   

 where k is the rate coefficient. The rate coefficient is sometimes referred to as a 
“rate constant” but k will typically vary as a function of temperature and sometimes 
as pressure and hence rate coefficient is a preferred term. For the simplest type of 
bimolecular chemical reaction involving an abstraction reaction, k is typically inde-
pendent of pressure and has a positive activation energy, E 

a
 , as defined by the 

Arrhenius equation.
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  k (T) = A exp (- E
a
/RT)   

 where A is the pre-exponential factor. 
 The major oxidant in the troposphere is the hydroxyl radical and one of its major sinks 
is reaction with atmospheric methane. This is a simple H atom abstraction reaction 
to form water and methyl radicals.

  CH 
4 
 + OH ® CH 

3 
 - H 

2 
O D H   0 = -57.8 kJ • mol -1    

 The rate coefficient is well described by an Arrhenius expression 1.85×10 -12  
exp(-1690/ T ) cm 3  molecule -1  s -1  over the temperature range 200-300 K, which gives 
a room temperature rate coefficient of  k  = 6.4×10 -15  cm 3  molecule -1  s -1  at 298 K 
(Sander et al.,  2006 , Atkinson et al.,  2006) . Because this is a simple abstraction 
reaction this rate coefficient shows no dependence on pressure or bath gas composi-
tion. If this rate coefficient is measured at one atmosphere in air, or one Torr in He, 
by either relative or absolute methods, the same result should be obtained. 

 The rate coefficient can exhibit more complicated pressure and temperature 
dependencies for unimolecular and termolecular reactions and particularly complex 
behavior if reaction proceeds via formation of a weakly bound addition complex. 
Since it appears likely that HgO may form this type of a complex we describe an exam-
ple of such a reaction and the type of behavior observed. Both carbon disulfide and the 
alkyl sulfides react with OH via the formation of weakly bound addition complexes 
that undergo further reaction with molecular oxygen (Hynes et al.,  1988 , Williams et. 
al.,  2007) . In the case of the alkyl sulfides this addition process proceeds in parallel 
with an abstraction channel, but for CS 

2
  reaction proceeds only via addition so this 

case will be identical to behavior we might expect from Hg 0 . The reaction of CS 
2
  with 

OH is described by the following sequence of reactions (Hynes et al.,  1988) .

   OH + CS 
2 
 + M « OHCS + M   (2, -2)  

   OHCS 
2 
 + O 

2 
 ® products   (3)   

 In such a system the results of an experimental investigation of the rate coefficient 
at any particular temperature will produce results that depend on the pressure, bath 
gas composition  and the temporal resolution of the experiment  !! If we attempt to 
measure the rate coefficient for this reaction in the absence of O 

2
  in an experiment 

with sub-microsecond time resolution or via a relative rate technique we will see no 
evidence for chemical reaction. If we measure using a direct technique with fast tem-
poral resolution we can directly observe the equilibration (2,-2) (Hynes et al.,  1988)  
and by analyzing the observed biexponential decays we can measure the rate coeffi-
cients for reactions 2 and -2 and hence the equilibrium constant. By measuring the 
equilibrium constant as a function of temperature we can the obtain the bond energy 
of the adduct. If we perform the same experiments in the presence of O 

2
  under conditions 

in which the concentration of the adduct is much smaller than that of OH we will 
observe a net loss of OH. If reaction is performed with the concentration of CS 

2
  in 
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large excess with respect to OH then we will see pseudo-first order decays of OH and 
we can define an “effective rate coefficient”, k 

obs
  which is given by:

3 2 2 2
obs

3 2 2]

(k / k )*k *[O ]
k

1 (k / k )*[O−

=
+

     

 The key point here is that k 
obs

  is not a true elementary rate coefficient but rather 
a composite which is a function of the three elementary rate coefficients, the total 
pressure and the specific O 

2
  concentration. Since the three elementary rate coeffi-

cients show very different temperature dependencies the overall temperature 
dependence is complex, but, at least for CS 

2
  and the alkyl sulfides, is dominated by 

k 
-2
 . As the temperature decreases k 

-2
  decreases rapidly, hence for any particular 

conditions of total pressure and O 
2
  concentration, the effective rate coefficient 

increases rapidly as the temperature decreases! As we noted above, if we perform 
experiments at 298 K we will obtain a different value of k 

obs
  each time we change 

the pressure or O 
2
  concentration. However if we are working under conditions in 

which the OH radical concentration is much greater than that of the adduct, conditions 
which apply in the real atmosphere, we will obtain the same value of k 

obs
 , irrespective 

of how we actually perform the measurement, i.e. direct and relative rate techniques 
will give exactly the same result. This, of course, assumes that there are no artifacts 
due to secondary chemistry or other systematic errors.  

  14.2.2.2 Thermodynamics 

 The overall rate of a reaction is governed by an interaction between kinetics, a rate 
process, and thermodynamics, which considers the energetics of a process. Processes 
that are exothermic and increase the entropy of the system favor reaction. The balance 
between enthalpy, ΔH, and entropy, ΔS, is given by the Gibbs Free Energy.

  ΔG = ΔH − TΔS   

 If Gibbs Free Energy is negative a reaction will proceed spontaneously from a ther-
modynamic perspective and we can calculate the equilibrium constant, K 

p
  from: 

  ln (K
p
) = − ΔG 0 /RT   

 and the ratio of the forward and reverse rate coefficients from: 

  K
c
 = k 

f 
/k 

r 
   

 In many cases a reaction that is thermodynamically favorable will not proceed at 
a measurable rate because a large endothermic barrier to reaction exists. In attempting 
to evaluate the available kinetic data on mercury chemistry it is useful to place this 
in the context of kinetic data evaluation. Typical models of atmospheric chemistry 
contain hundreds of chemical reactions and for the most critical reactions there will 
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be many independent determinations of the rate coefficients by multiple experimental 
techniques. Even though these experiments may have been published in the peer 
reviewed literature the rate coefficients that have been obtained can differ signifi-
cantly and, as a consequence, two independent review panels were established to 
evaluate the published literature and recommend the value of the rate coefficient 
that would be appropriate for use in models together with an estimate of the uncer-
tainty associated with the recommendation (Sander et al.  2006 , Atkinson et al.  2006) . 
In this context, for the most important reactions the range of uncertainty is less than 
a factor of two, based on multiple independent determinations by a variety of 
different experimental techniques. In contrast there are very few independent deter-
minations of any reactions of Hg 0  and in most cases very large discrepancies exist 
in the published data. At the moment neither of the two international data panels 
includes mercury chemistry in their evaluations.  

  14.2.2.3 Experimental Approaches 

 Experimental approaches to the study of mercury kinetics can be broadly divided 
between absolute and relative rate methods. In direct measurements the rate of loss 
one reactant is monitored in the presence of a large excess of a second reactant. For 
very slow reactions, such as the reaction of mercury with ozone, chemistry can be 
initiated by physical mixing. For fast reactions, photolysis, using a laser or flash 
lamp is used. In relative rate methods the loss of mercury is measured relative to 
that of a reference compound. The rate coefficient for the reaction of the reference 
compound with the reactant of interest should be well known.  

  14.2.2.4 Ab-Initio Thermochemistry 

 The challenges with using ab-initio quantum mechanics to calculate the thermo-
chemistry of mercury compounds has been discussed by Ariya and Peterson  (2005) . 
They note, in particular, the challenge in dealing with relativistic effects for a large 
element like mercury with eighty electrons, a result of the large nuclear charge. The 
ability of such calculations to calculate thermodynamic properties with “chemical 
accuracy” normally implies an uncertainty of  ±  1 kcal mol -1 , the accuracy required 
to calculate rate coefficients within a factor of two or three of the actual rate. At this 
point it appears that Peterson and coworkers have been able to achieve something 
that certainly approaches “chemical accuracy” and, as we discuss below, this has 
profound implications for our evaluation of potential mercury oxidation reactions.    

  14.3 Specific Reaction Systems  

 Ariya and Peterson  (2005)  reviewed the kinetic data on mercury reactions and discussed 
some of the problems associated with measurements. In this review we have 
focused on a limited number of reactions that are currently used in models of mercury 
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oxidation or which may be of importance. In each case we detail our best estimate 
of the thermo-chemistry if such an estimate is feasible. 

  14.3.1 Hg 0  + O 
3
  

    Hg 0  + O 
3  
® HgO + O 

2 
      ΔH=93 kJ mol-1   (4a)  

   Hg 0  + O 
3  
+ M ® HgO 

3 
 + M   (4b)   

 There have been three recently published studies of this reaction. Hall  (1995)  
studied the reaction of Hg 0  with O 

3
  as a function of temperature in a static configu-

ration in Teflon reactors. He also investigated the effects of changes in the surface 
to volume (s/v) ratio and the effects of sunlight. Experiments were performed at 
atmospheric pressure in a gas mixture that was composed of N 

2
 , with 2-10 % O 

2
 , 

and with trace levels of Hg 0  and O 
3
  (20-1500 ppm). The decrease of Hg 0  and the 

formation of Hg (II)  on the walls were monitored. Monitoring Hg 0  loss in an excess 
of O 

3
 , i.e. under essentially pseudo first order conditions, the Hg 0  decays showed 

good pseudo first order behavior. Essentially quantitative conversion of Hg 0  to Hg (II)  
was observed and calculated rate coefficients were based on an assumed mechanism 
that included gas phase and wall reaction. Based on the change in rate coefficient 
observed when the s/v was changed Hall concluded that reaction was occurring in 
both the gas phase and on the reactor walls and a gas phase rate coefficient of 
3±2×10 -20  cm 3  molecule -1  s -1  was derived. However the pseudo-first order rates did 
not depend linearly on [O 

3
 ] and gave a reaction order of 0.8 with respect to O 

3
 . 

Experiments were performed at two elevated temperatures and the rate coefficient 
was found to increase with temperature. Expressing the data in Arrhenius form 
gave an A factor of 2.1×10 -18  cm 3  molecule -1  s -1  and an activation energy of 10 kJ 
mol -1 , however the large uncertainty in the value of the heterogeneous component of 
the rate produces a very large uncertainty in these values which is not discussed in 
the paper. The rate coefficient showed no dependence on relative humidity but it 
was found to increase in the presence of sunlight, a result that might be due to either 
gas phase or surface reactions. No in-situ diagnostics were employed to confirm 
that reaction products were being formed in the gas phase. 

 Pal and Ariya  (2004)  used both relative and absolute measurement approaches 
to study this reaction. They noted that the kinetics appeared to be very sensitive to 
the nature of the wall and coated their reaction vessels with halocarbon wax to 
minimize surface chemistry. The relative rate studies monitored the decay of Hg 0  
relative to that of propone or 1-butene in an excess of N 

2
  buffer gas at 750 Torr total 

pressure. They reported five rate coefficients between 15 and 7×10 -19  cm 3  molecule -1  
s -1  and concluded that the reactions of the reference molecules with O 

3
  produced 

OH radicals that initiated secondary chemistry. In two experiments trimethylbenzene 
was added to reaction mixtures to scavenge the OH radicals giving rate coefficients 
of 7×10 -19  cm 3  molecule -1  s -1 . In the absolute measurements Hg 0  decays were monitored 
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in an excess of O 
3
  at several surface to volume ratios. The decays showed a complex 

behavior and the authors attributed the initial component of the decays to a simple 
gas phase reaction, the second component to a surface enhanced reaction and they 
obtained a rate coefficient of (7.5±0.9) ×10 -19  cm 3  molecule -1  s -1 . No in-situ diagnos-
tics were employed to confirm that reaction products were being formed in the gas 
phase. Analysis of volatile surface reactants, using chemical ionization mass spec-
troscopy, produced evidence for a HgO containing species. As we discuss below 
Tossell  (2003)  has reported calculations that suggest that oligomers of HgO are 
much more strongly bound than the diatomic molecule. Such oligomers would be 
stable in the gas phase and would likely react in a chemical ionization experiment 
to form HgOH + . A less extensive absolute rate study of the reaction has also been 
reported by Sumner et al.  (2005)  who monitored Hg 0  removal in excess O 

3
 . They 

estimated that 30-40% of the reacted Hg 0  was deposited to the wall and obtained a 
rate coefficient of 6.4±2.3×10 -19  cm 3  molecule -1  s -1 . 

 Accurate thermochemistry is critical in assessing this reaction and its potential role 
in atmospheric transformation of mercury. Hall reported a large negative free energy 
change for this reaction based on JANAF thermochemistry that assumes that HgO is 
bound by 268 kJ mol -1  and this thermochemistry is also cited by Pal and Ariya. 
However recent calculations on the electronic structure of HgO suggest that in fact it 
is a very weakly bound molecule. Tossell  (2003)  reported calculations on a series of 
possible reactions of HgO and found that HgO was unbound with respect to reactants 
while Shepler and Peterson  (2003)  reported that HgO was bound by approxinately17 
kJ mol -1 . Shepler and Peterson discuss the prior experimental and theoretical calcula-
tions and make a convincing argument that the prior experimental evidence for a 
strongly bound diatomic HgO molecule is unconvincing. Using this new thermo-
chemistry the atom transfer reaction (4a) becomes endothermic by approximately 90 
kJ mole -1  with a large positive free energy for any reasonable standard entropy of 
HgO. We can consider the implications by calculating the free energy change and 
equilibrium constant based on the new thermochemistry. Using an HgO bond dis-
tance of 1.91Å we calculate a standard entropy of S 0  = 239.0 J K -1  mol -1  for HgO 
which is close to the JANAF value of 239.3 J K -1  mol -1 . We can use these values to 
calculate the free energy change and equilibrium constant for reaction (4a).

   ΔG 0  = ΔH 0  − TΔS 0    

 Using ΔH 0  = 93 kJ mol -1  and ΔS 0  = 30 J K -1  mol -1  we obtain ΔG 0  = 84 kJ mol -1 

   K= exp (−ΔG 0 /RT) = 2.4 ́  10 −15  at 300 K    

 Using the principle of detailed balance we can calculate the rate coefficient for 
reaction (-4a) as follows assuming the rate coefficient reported by Pal and Ariya 
 (2004)  is correct.

  k 
r 
 = k 

f 
    /K = 7.5 ´10 −19 /2.4 ´ 10 −15  = 3.1 ´ 10 −4  cm3 molecule -1  s -1 
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 This is at least six orders of magnitude faster than any physically reasonable rate 
coefficient, hence it is very unlikely that the oxidation of Hg by O 

3
  proceeds as a 

homogeneous gas phase reaction. Indeed HgO would have to be bound by at least 
50 kJ mol -1  for the above rate coefficient to be consistent with a physically realistic 
value for reaction (-4a). There is some level of uncertainty associated with the quan-
tum mechanical calculations because of the large number of electrons and the issue 
of incorporating relativistic effects, nevertheless it seems inconceivable that the 
error could be large enough to make the O atom transfer energetically favorable. 
Calvert and Lindberg  (2005)  suggest that reaction might proceed via an addition 
reaction to produce a weakly bound molecule with a binding energy of  ~ 16 kJ mole -
1 . Such an addition complex would have no exothermic dissociation routes but it 
might diffuse to the reaction walls. In more recent work Tossell  (2006)  has shown 
that, in contrast to the monomer, ring-type oligomers, i.e. (HgO) 

n
 , are stable and 

their formation on surfaces should be facile. Tossell  (2006)  states that a stable van 
der Waals complex of Hg and O 

3
  exists but gives no value for a binding energy and 

also notes that the isomerization of this species to OHgO 
2
 , as suggested by Calvert 

and Lindberg (2003), is unlikely since it is endothermic but again quantitative ther-
modynamic data is not provided. If the reaction does proceed in the gas phase it must 
be via the formation of a weakly bound complex that is likely reversible since no 
exothermic decomposition pathways are accessible. In the laboratory experiments 
such a complex could diffuse to the reactor surface to form solid mercuric monox-
ide, possibly via oligomer formation. Such a process would be energetically favora-
ble because of the exothermicity of oligomer formation and the lattice energy 
associated with the formation of the solid. If the concentration of the complex were 
sufficiently high it might also undergo self-reaction in the gas phase to form (HgO) 

2
  

and higher oligomers but this is unlikely if the complex is bound by less than 20 kJ 
mol -1 . The overall loss kinetics initiated by such a reversible addition process are 
analogous to those described above for the reaction of OH with CS 

2
  and will be 

extremely complex since the observed rate coefficient will be a composite of the 
elementary rate coefficients involved in the formation and decomposition of the 
adduct and other irreversible loss processes which in this case is most likely surface 
loss. If reaction is initiated by a reversible addition process it appears that the adduct 
does not react with water molecules since the rate coefficient showed no dependence 
on relative humidity in the study by Hall. The combination of complex gas phase 
kinetics coupled with contributions from heterogeneous reactions could certainly 
explain the very large differences in the rate coefficients obtained in the recent stud-
ies of this reaction. However oxidation based on such a mechanism is unlikely to be 
of any significance in the atmosphere. At typical atmospheric concentrations a very 
small fraction of the Hg 0  would be present as adduct and the chances of heterogene-
ous removal would not be significant. If we assume that quantum calculations are 
not correct and the rate coefficient measured by Pal and Ariya  (2004)  does produce 
HgO it has significant implications for global models and would imply that ozone is 
the main oxidant of Hg 0  in the atmosphere. We can calculate the rate of transforma-
tion of Hg 0  by O 

3
  in the following manner: If we take the rate coefficient measured 

by Pal and Ariya  (2004) , 7.5×10 -19  cm 3  molecule -1  s -1 , we require concentrations of 
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both Hg 0  and O 
3
  in molecule cm -3 . Ozone concentrations are typically given as a mix-

ing ratio in ppb (parts per billion), with a typical value of 40 ppb at sea level over 
much of the continental US. At one atmosphere pressure and 300 K, 40 ppb corre-
sponds to an absolute concentration of approximately 10 12  molecules cm -3 . Hg 0  
concentrations are typically quoted as absolute values, but in ng m -3 , a unit that is 
not typically used by atmospheric chemists to designate trace gas concentrations. An 
Hg 0  concentration of 2 ng m -3  corresponds to approximately 6 × 10 6  molecules cm -3 . 
The ozone concentration is much larger than the Hg 0  concentration and the reaction 
will not perturb the O 

3
  concentration. We can define an Hg 0  “half life”, t 

1/2
 , with 

respect to reaction with O 
3
 , which is the time required to reduce Hg 0  to 50% of its 

original concentration. This is given by ln(2)/(k*[O 
3
 ]) = ln(2)/(7.5×10 -19  × 1×10 12 ) = 

9.2×10 5  s, or approximately 10.6 days. It should be noticed that this number does not 
depend on the Hg 0  concentration so the time required to reduce the concentration to 
25% of its original concentration is 2 t 

1/2
 . Although photochemically active, ozone 

does not have a strong diurnal variation as is observed with the production of, for 
example, OH. However the limited observations of RGM with hourly temporal reso-
lution suggest that its production shows a strong diurnal variation. Several recent 
global modeling studies have concluded that field observations are inconsistent with 
this reaction being the major oxidant of Hg 0 . Bergan and Rohde  (2001)  used a global 
model to examine the sensitivity of global mercury concentrations and their seasonal 
variation to changes in the rate coefficient for this reaction. They concluded that the 
rate coefficient of Hall  (1995)  is too slow to explain observed atmospheric concen-
trations of Hg 0 . They also examined the effect of using a faster rate coefficient and 
making O 

3
  the sole oxidant of Hg 0 . Using a rate coefficient that produced realistic 

Hg 0  concentrations they found latitudinal and seasonal variations that were not con-
sistent with observations. More recently Seigneur et al.  (2006)  examined the effect 
of using the Pal and Ariya  (2004)  rate coefficient in their global model and found 
that it gave surface concentrations that ranged from 0.3 to 1.2 ng m -3 . The half-life 
of Hg 0  was reduced from 9 months to approximately 11 days which appears unreal-
istic unless there are competing reactions which reduce Hg (II)  compounds in the 
atmosphere, which are as yet unidentified.  

  14.3.2 Hg 0  + OH 

 Again our evaluation of potential pathways for this reaction is dependent on the 
thermodynamics of the HgO molecule. A direct atom transfer is endothermic using 
either the old or new binding energy of HgO.

     Hg + OH → HgO + H   DH 0  = 415 kJ mol −1    (5a)

     Hg + OH + M « HgOH + M   DH 0  = −40 kJ mol −1 (5b)    

 However it does appear that HgOH is weakly bound, with both Tossell 
 (2003)  and Goodsite et al.  (2004)  calculating binding energies of  ~ 30 and 
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40 kJ mole -1  respectively and, if so, it will rapidly redissociate to reactants at 
atmospheric temperatures. Goodsite et al.  (2004)  calculate a forward addition 
rate of 3.2 × 10 -13  cm 3  molecule -1  s -1  and a dissociation rate of  ~ 3200 s -1  at 300 
K. Again the kinetic situation is similar to that of the reaction of CS 

2
  with OH 

where both the forward and reverse rate coefficients are about a factor of ten 
larger than those calculated for HgOH but the equilibrium constant is almost 
the same. Hence, in the absence of further reaction of HgOH, we expect the 
reactants and products will form an equilibrium mixture with no permanent 
removal of reactants. 

 Using the old (Chase,  1998)  binding energy for HgO  , reaction with O 
2
  would be 

energetically favorable generating HgO and HO 
2
 .

   HgOH + O 
2 
 → HgO + HO 

2 
   DH 0  = 210 kJ mol -1     

 However, using the more recent binding energies of Shepler and Peterson 
 (2003)  or Tossell  (2006) , this reaction becomes strongly endothermic, with 
DH = 210 kJ mol -1  based on the binding energy of Shepler and Peterson  (2003) . 

 There have been three experimental studies of this reaction utilizing both abso-
lute and relative rate approaches. Sommar et al.  (2001)  used a relative rate tech-
nique monitoring the loss of Hg 0  relative to cyclohexane in the presence of OH 
generated by the photolysis of methyl nitrate. They reported four experiments in 
which mercury consumption was 3 to 5% of the starting concentration and 
reported a rate coefficient of (8.7± 2.8) × 10 -14  cm 3  molecule -1  s -1 . Bauer et al. 
 (2003)  used a pulsed laser photolysis - pulsed laser induced fluorescence 
approach to monitor the decay of OH in a pseudo-first order excess of Hg 0  at 
room temperature and atmospheric pressure in both air and He buffer gases. They 
saw no evidence for reaction and reported an upper limit of (1.2) × 10 -13  cm 3  
molecule -1  s -1 . These experiments have the time resolution to directly observe an 
equilibrium formation of HgOH and based on their failure to observe such an 
equilibrium they concluded that the equilibrium constant, K 

c
 , for this reaction 

must be less than 5 × 10 -16  cm 3  molecule -1 . 
 Pal and Ariya  (2004)  used a relative rate technique generating OH by photolysis 

of isopropyl nitrate and monitoring the loss of mercury relative to five reference 
compounds. Measurements relative to cyclohexane, n-butane and 2-methylcyclo-
propane gave rate coefficients of approximately 13 × 10 -14  cm 3  molecule -1  s -1 , while 
experiments relative to ethane and cyclopropane gave rate coefficients of approxi-
mately 9.5 × 10 -14  cm 3  molecule -1  s -1 . The authors suggest that the lower values are 
appropriate because the rate coefficients of the unknown and reference compounds 
are of similar magnitude. This should improve the precision of the measurements 
since the consumption of mercury is larger, however it cannot explain the difference 
between the sets of measurements, such differences may well be indicative of 
kinetic complications. Pal and Ariya  (2004)  made product measurements that were 
similar to those employed in their study of the reaction of ozone with Hg 0  and 
observed HgOH +  in chemical ionization experiments. 
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 As we have noted, thermodynamic considerations suggest this reaction must 
proceed via a complex mechanism involving reversible addition and unless the 
weakly bound HgOH reacts to form stable products then no reaction will be 
observed.

   HgOH  + X → products    

 Since reaction with O 
2
  to form HgO is highly endothermic loss might occur 

via reaction with another radical species or wall loss. Sommar et al.,  (2001)  
suggest that “X” is O 

2
  and cite an endothermicity of  ~  30 kJ mol -1 , they suggest 

that the forward rate is measurable because of the low ratio of [HO 
2
 ] / [O 

2
 ], 

however this estimate of the endothermicity appears unrealistic. Pal and Ariya 
 (2004)  suggest that “X” may be O 

2
  or OH but do not discuss the implications 

of an addition mechanism for their measurements. Goodsite et al.  (2004)  have 
calculated rates for the forward and reverse reactions based on a binding energy 
of 39 kJ mol -1 . Calvert and Lindberg  (2005)  have discussed the measurements 
of Pal and Ariya  (2004)  and Sommar et al.  (2001)  and suggest that “X” is the 
sum of the potential reactants, {X = OH, HO 

2
 , RO, RO 

2
 , NO, NO 

2
 } in the 

experiments. They assign a rate coefficient of 2.5 × 10 -10  cm 3  molecule -1  s -1  to 
reaction, however in their simulations X is primarily the sum of [NO] plus 
[NO 

2
 ] which build up to significant concentrations and there is no experimental 

evidence or theoretical calculations to support such a rate or indeed to show that 
NOHgOH or NO 

2
 HgOH are stable molecules. Calvert and Lindberg  (2005)  

conclude that this reaction is probably unimportant in the actual atmosphere 
because the concentration of reactants that can remove HgOH will be low, mak-
ing this an ineffective loss pathway. 

 Bergan and Rodhe (2001) used the rate coefficient reported by Sommar et al. 
 (2001)  as the sole oxidant for Hg 0  in their global model and concluded that it was 
a factor of three too large to be consistent with observations. However Seigneur 
et al.  (2006)  note that this model did not contain the aqueous phase reduction of 
Hg (II)  by HO 

2
  and conclude that observations are consistent with a faster OH rate 

coefficient if the reduction path is occurring. Selin et al.  (2007)  also use the faster 
rate coefficient in their global model and conclude that this reaction is the dominant 
sink for Hg 0 . None of these models incorporated bromine chemistry. 

 This reaction is the major route for the oxidation of Hg 0  in most current models 
so developing a clear understanding of the detailed mechanism of this reaction is 
critical. It seems clear that neither a direct atom transfer, nor an addition followed 
by reaction with O 

2
  would be energetically feasible. However, if the Goodsite et al. (2004)  

dissociation rate for HgOH is correct it has a lifetime of less than 1 ms at room 
temperature and reaction with O 

2
  would be the only feasible route for permanent 

loss of HgOH. It should be recognized that no reasonable, i.e. consistent with 
known thermochemistry, chemical mechanism has been proposed for the OH initiated 
oxidation of Hg 0  and it seems unlikely that this reaction contributes to the oxidation 
of Hg 0  in the atmosphere. Direct observation of the equilibration process and 
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 measurements of the reactivity of HgOH are key in resolving the importance of this 
reaction. Relative rate studies using an OH source that is less susceptible to secondary 
chemistry and does not generate NO 

x
  would also be very useful.  

  14.3.3 Halogen Reactions 

  14.3.3.1 Hg 0  + Cl 

      Hg 0  + Cl + M → HgCl + M (6)   

 This reaction involves the three-body recombination of Hg 0  and Cl atoms and 
the rate coefficient would be expected to be pressure dependent and to exhibit a 
negative activation energy if expressed in Arrhenius form. This type of atom recom-
bination involves the formation of an energized HgCl* molecule which, in the 
absence of collisions will redissociate to reactants. If the energized molecule undergoes 
a collision which removes enough energy to give a molecule below the dissociation 
threshold it will thermalize forming a stable HgCl molecule.

   Hg + Cl « HgCl* 

 HgCl* + M → HgCl + M    

 This reaction mechanism predicts that the reaction will show a distinct pressure 
dependence with an effective rate coefficient which is third order at low pressures, 
i.e. -d[Cl]/dt = k[Hg][Cl][M] and becomes pressure independent at high pressures. 
The transition from third to second order behavior is known as the fall-off region. 
For a typical atom-atom recombination we expect the reaction to be in the low 
pressure, third order regime at atmospheric pressure and below. The effective rate 
coefficient also depends on the identity of the “third body”, M, as different sizes of 
M will differ in their efficiency in deactivating HgCl*. We expect atoms to be least 
efficient, and then deactivation efficiency to increase as we move from diatomic to 
more complex polyatomic molecules. Since the effective rate of reaction depends 
on the rate of deactivation we expect that the rate coefficient will increase as the 
temperature is lowered. As we lower the temperature the energy associated with 
translational motion of the reactants decreases hence less energy has to be removed 
from HgCl* to bring it below the dissociation threshold. 

 There have been three recent experimental studies of this reaction. Ariya et al. 
 (2002)  reported a relative rate study of this reaction. In initial experiments Cl atoms 
were produced by photolysis of trichloroacetylchloride in air. Five different reference 
molecules were used obtaining results, which differed by a factor of 270 in the 
measured relative rates together with a strong non-linearity of the relative rate plot. 
They concluded that the variation was caused by the presence of a secondary reaction 
between the reference molecules and OH. The buffer gas was switched from air to 
nitrogen to eliminate oxygen chemistry, giving an overall reduction in the observed 
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rate. However, the variation in the measured relative rate between the reference 
molecules was still a factor of 30 and the non-linearity remained. Ultimately, a 
series of 8 measurements were made using 1,3-dichloropropane as the reference 
molecule with the addition of 835 ppm of benzene as an OH scavenger. The 
reported rate coefficient, (1.0 ± 0.2) × 10 -11  cm 3  molecules -1  s -1 , was determined 
from this sub-set of the data. 

 Spicer et al.  (2002)  reported a relative rate study utilizing the photolysis of Cl 
2
  

as a source of Cl atoms. They attempted to use both toluene and dimethyl sulfide 
as reference molecules but obtained inconsistent results with toluene. The experi-
ments were performed in air containing 29 ppbv NO. The reason for the addition 
of NO was not specified. They derived a rate coefficient of 6.4 ×10 -11  cm 3  molecules -1  
s -1 . These experiments were performed in air and, as we discuss below, reaction of 
Cl atoms with O 

2
  could cause kinetic complications. 

 Donohoue et al.  (2005)  used a pulsed laser photolysis-pulsed laser induced fluo-
rescence approach to measure the rate coefficient over a wide range of temperature 
and pressure. This type of system has been used extensively for the measurement of 
elementary rate coefficients that are important in atmospheric and combustion systems. 
Such experiments are typically performed under pseudo-first order conditions that 
require that one reactant is present in at least a factor of 10 excess in concentration relative 
to the other reactant. Normally the stable reactant in a radical molecule reaction is 
in excess. In such a configuration only the absolute concentration of the reactant that 
is present in excess is required to obtain a rate coefficient. The relative change in the 
concentration of the minor reactant is then monitored as a function of time to obtain 
the rate coefficient. The configuration of choice would be to monitor the variation in 
Cl atom as a function of time in an excess of mercury. The mercury concentration 
can be monitored photometrically with high precision and the variation in the Cl atom 
concentration can be monitored using laser-induced fluorescence. Using this 
approach Donohoue et al.  (2005)  were unable to see any evidence for reaction at 
room temperature. The low vapor pressure of mercury limits such an approach to 
fast reactions and the problem is exacerbated for studies that are attempting to measure 
the rate coefficient at low temperature. As an alternative approach, Donohoue et al. 
 (2005)  generated a large excess of Cl atoms by photolysis and monitored the decay of 
Hg 0 . This approach makes the experiments more difficult to implement and complicates 
the data analysis. Since Cl atoms react via a recombination reaction it requires the 
temporal profile of both species to be monitored using LIF. Since the Cl atom con-
centration is changing as a function of time, the Hg 0  profiles do not show a simple 
exponential decay and rate coefficients are obtained by numerical integration to fit the 
observed Hg 0  temporal profiles. In addition the approach requires that the absolute 
concentration of Cl atoms is known accurately. This cannot be measured directly and 
has to be calculated from the concentration of Cl 

2
  and the photolysis laser flux. The 

advantage of this approach is that it allows the rate coefficient to be measured over 
a large temperature and pressure range and the effect of a change in the bath gas can 
be tested. In this case the results were consistent with expectations and the observed 
second order rate coefficients showed a linear dependence on pressure, a slightly 
negative temperature dependence and a significant difference in deactivation efficiency 
with N 

2
  and He as third bodies. Donohoue et al.  (2005)  give an expression that can 
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be used to calculate the recombination rate at any temperature and pressure in the 
troposphere. Their expression gives a rate coefficient of 5.4 ×10 -13  cm 3  molecule -1  s -1  
at 298 K and one atmosphere pressure in air. 

 The main uncertainty in this approach is the calculation of the absolute [Cl] and 
the authors discuss this in detail. One potential complication that Donohoue et al. 
 (2005)  did not discuss relates to the potential reaction of the HgCl product of the 
reaction with excess Cl atoms. They assumed this reaction proceeds via another 
three body recombination to form HgCl 

2
 . Balabanov et al.  (2005)  have suggested 

that the analogous Br reaction can proceed via an alternative bimolecular route 
reforming Hg 0  atoms. For Cl this reaction would be:

     HgCl + Cl → HgCl 
2   
 (7a)

      → Hg + Cl 
2 
    (7b)

 If reaction (7b) were significant then Hg 0  atoms would be regenerated and the 
experiments which monitored Hg 0  loss would underestimate the rate coefficient. 
Such a channel would not impact the experiments which were performed with Hg 0  
in excess and this suggests (7b) is not significant. 

 Donohoue et al.  (2005)  discuss an additional issue that is relevant when these 
experiments are performed in air. Cl reacts with molecular oxygen to form a weakly 
bound adduct, ClO 

2
 . This produces potential complications due to the reaction of Cl 

atoms with ClO 
2
 . Donohoue et al.  (2005)  saw a large increase in the rate of loss of 

Cl atoms in the presence of O 
2
  that was consistent with the following chemistry.

   Cl + O 
2 
 + M « ClO 

2 
 + M 

 Cl + ClO 
2 
 → Cl 

2 
 + O 

2 
  

 → 2ClO    

 A significant enhancement in the apparent recombination rate coefficient of 
mercury and chlorine atoms was also observed in the presence of air. If this loss 
were solely due to the mercury chlorine recombination reaction it would have 
resulted in an increase in the recombination rate coefficient by a factor of 4 relative 
to the rate coefficient obtained in N 

2
 . Again this is not consistent with the expected 

relative three body efficiencies of nitrogen and oxygen and they chose not to report 
a recombination rate coefficient for M = O 

2
 . This observation suggests an additional 

loss of mercury atoms due to the secondary chemistry described above. Based on 
this chemistry the only plausible candidates are ClO or ClO 

2
 . The most likely can-

didate is reaction with ClO 
2
 .

   Hg + ClO 
2 
 → HgCl + O 

2 
    

 This reaction requires further investigation since the reaction is endothermic and, 
unlike the recombination reaction, no third body is required to stabilize the HgCl 
product. 
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 Khalizov et al.  (2003)  calculated the recombination rate coefficient. They used 
electronic structure calculations to obtain both molecular parameters and the capture 
rate or high-pressure limit. They determined a pressure dependent rate coefficient 
by assuming strong collisional deactivation. This, typically unrealistic, assumption 
should produce the maximum possible recombination rate coefficient at any par-
ticular pressure. The value they obtained, 2.8 × 10 -12  cm 3  molecule -1  s -1  at 298 K, 
760 Torr, is a factor of three smaller than the rate coefficient reported by Ariya et 
al.,  (2002)  a factor of twenty smaller than that reported by Spicer et al.  (2002)  and 
a factor of five faster that the rate coefficient reported by Donohoue et al.  (2005) . 
In the atmosphere chlorine atoms react rapidly with methane which limits their 
concentration. As a consequence concentrations are much lower than those of bromine 
atoms and this reaction is not significant in global models. Based on current models 
it also appears to be unimportant in polar mercury depletion events, but it may be 
a source of RGM in the marine boundary layer. An accurate determination of this 
rate is required for modeling purposes and the discrepancies in the experimental 
database need resolution. In addition the potential role of ClO 

2
  should be resolved 

as this could dramatically enhance the effective rate of the Cl reaction, especially 
at low temperatures where the stability of ClO 

2
  increases.  

  14.3.3.2 Hg 0  + Br 

      Hg 0  + Br + M → HgBr + M    (8)

 This reaction has been studied in three recent experimental systems using both 
direct and relative rate techniques. As with the Cl atom reaction this is a standard 
three body recombination reaction. Ariya et al.  (2002)  performed a relative rate 
study using a single reference reaction, Hg 0  with 1- butene, to measure the relative 
rate of reaction. They obtained a rate coefficient of 3.2 × 10 -12  cm 3  molecules -1  s -1  
Kinetic studies on the reaction of Hg 0  and 1-butene are limited, with only one study 
referenced. This study was also a relative rate study and the observed rate coefficient 
depended on the O 

2
  partial pressure, indicating a complex reaction mechanism. 

In the Ariya et al.  (2002)  study the rate observed depended on the concentration of 
the reference molecule, the concentration of the OH scavenger, and the identity of the 
buffer gas. The observed rate coefficient for reaction varied by a factor of 3 as the buffer 
gas was varied between nitrogen and air. In order to obtain linear relative rate plots 
they added large amounts of an OH scavenger (cyclohexane) leading to an enhance-
ment in the absorption of reactant on the cell walls. Ariya et al.  (2002)  reported that 
the primary complication to their system was enhanced removal of the reference 
compound by reaction with OH or loss on the cell walls. 

 Spicer et al.  (2002)  report a relative rate study monitoring Hg 0  loss relative to 
DMS and propene. They obtained rate coefficients of 3 × 10 -13  cm 3  molecule -1  s -1  
relative to DMS and 9 × 10 -13  cm 3  molecule -1  s -1  relative to propene with the latter 
considered more reliable. 

 Donohoue et al.  (2006)  used a pulsed laser photolysis-pulsed laser induced fluo-
rescence approach to measure the rate coefficient as a function of temperature and 
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pressure. As described above for their Cl atom study, they generated a large excess 
of Br atoms by photolysis and monitored the decay of Hg 0  and the same complications 
ensue. Both Br and Hg 0  profiles were monitored using LIF and rate coefficients 
were obtained by numerical integration to fit the observed Hg 0  temporal profiles. 
Again the approach requires that the absolute concentration of Br atoms is known 
accurately. The rate coefficient was measured over a large temperature and pressure 
range and the effect of a change in the bath gas was measured. The observed second 
order rate coefficients showed a linear dependence on pressure, a slightly negative 
temperature dependence and a significant difference in deactivation efficiency with 
N 

2
  and He as third bodies. Donohoue et al.  (2006)  give an expression that can be 

used to calculate the recombination rate at any temperature and pressure in the 
troposphere. Their expression gives a rate coefficient of 3.6 × 10 -13  cm 3  molecule -1  
s -1  at 298 K and one atmosphere pressure in air. As noted above, a significant reaction 
between HgBr and Br to regenerate Hg 0  could produce an underestimation of the 
rate coefficient in these experiments. 

 There have been three computational studies of this reaction, Khalizov et al. 
 (2003)  calculated the collision frequency or “capture rate” to form an energized 
HgBr* and assumed that every collision stabilizes the molecule forming HgBr. This 
“strong collision” assumption should give an upper limit to the rate coefficient 
since, in practice, not every collision will remove enough energy to deactivate 
HgBr*. They obtained a rate coefficient of 2.07 × 10 -12  cm 3  molecule -1  s -1  at 298 K, 
760 Torr. Goodsite et al.  (2004)  performed a more physically realistic calculation 
and obtained a rate coefficient of 1.1 × 10 -12  cm 3  molecule -1  s -1  at 298 K, 760 Torr. 
They used a master equation approach and assumed an average energy transfer per 
collision of 400 cm -1 . However this energy transfer parameter is an estimate and is 
not based on experiment or a detailed calculation of the HgBr-N 

2
  potential. Shepler 

et al.  (2007)  used high level calculations to construct a global potential energy 
surface for HgBr + Ar and calculated the collisional dissociation rate using quasi-
classical trajectories. The HgBr recombination rate was then calculated from 
detailed balance and they obtained a rate coefficient of 9.8 × 10 -13  cm 3  molecule -1  s -1  
at 298 K in 760 Torr of Ar buffer. 

 There have been  two  modeling studies that have examined the impact of the 
inclusion of this model in studies. Holmes et al.  (2006)  used kinetic data from 
Donohoue et al.  (2006)  and Goodsite et al.  (2004)  together with the global Br con-
centrations from the model of Yang et al.  (2005)  to model the global mean atmospheric 
lifetime of Hg 0 . They concluded that reaction with Br atoms is a major and possibly 
the dominant global sink for Hg 0 , with most of the oxidation taking place in the 
middle and upper troposphere. They also that noted that lack of kinetic data on the 
fate of HgBr is a major source of uncertainty in the model. 

 It is likely that this is a key reaction both in polar mercury depletion events and 
in the global Hg 0  oxidation cycle. Overall we see that the level of uncertainty is high 
relative to a typical atmospheric reaction but two very different experimental 
approaches and theoretical calculations give results that span less than an order of 
magnitude. For the purposes of atmospheric modeling we would suggest that 
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 values between 1 × 10 -12  and 3 × 10 -13  are used to examine the effects of the uncer-
tainty in this rate coefficient on model predictions. Additional studies are needed to 
reduce the uncertainty in this rate coefficient and to characterize the fate of HgBr, 
another key parameter in models.  

  14.3.3.3 Hg + BrO 

      Hg + BrO → HgBr + O DH 0  = 166 kJ mol -1    (9a)

      → HgO + Br DH 0  = 219 kJ mol -1 (9b)    

There have been two experimental determinations of the rate coefficient using 
relative rate techniques. Spicer et al. (2002) used photolysis of Br

2
 in the presence 

of O
3
 to produce BrO and monitored the loss of Hg0 relative to the loss of dimethyl 

sulfide. They reported the results of three experiments which ranged from 3.0 - 6.4 
×10-14 cm3 molecule-1 s-1. Raofie and Ariya (2003) also report a relative rate meas-
urement using photolysis of bromine and dibromomethane in the presence of O

3
 to 

produce BrO. The monitored Hg0 loss relative to three reference molecules, pro-
pane, butane and DMS and reported upper and lower limits of 1 × 10-13 and 1 × 10-15 
cm3 molecule-1 s-1 for the rate coefficient. They also performed a product study 
again using photolysis of bromine and dibromomethane in the presence of O

3
 to 

produce BrO (Raofie and Ariya, 2004). They reported observation of HgBr, HgO, 
and HgOBr / HgBrO. In all of these experiments BrO would be photolyzed and 
there would be a steady state concentration of Br atoms which would react with 
Hg0. Calculation of the Br atom concentration requires a knowledge of the photoly-
sis rate but this is a potential source of secondary chemistry in these studies. It is 
clear that the thermodynamics of this reaction are not consistent with an abstraction 
reaction to form HgBr or HgO, however calculations suggest that the addition 
complex HgBrO is bound by 84 kJ mol-1. It seems unlikely that this reaction can 
play a role in mercuy transformation via reactions 9a or 9b. Studies on the stability 
of the addition complex and its potential reactions are necessary to assess the 
importance of this channel. 

  14.3.3.4 Hg 0  + NO 3  

      Hg + NO 
3  
→ HgO + NO 

2 
   ΔH 0  = 195 kJ mol   -1 (10)

 There has been a single reported measurement of this reaction by Sommar et al. 
 (1997)  using a discharge flow technique. The authors report an exothermicity of -12 
kJ mol -1  for this reaction based on the old HgO thermochemistry. Again the new 
thermochemistry makes this reaction sufficiently endoergic that the possibility of 
the atom transfer can be dismissed. The reported experiments measured a heterogeneous 
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wall reaction at two surface-to-volume (S/V) ratio’s, 7.6 and 4.0 × 10 -14  cm 3  molecule -1  
s -1  and then extrapolated to S/V = 0 to extract a gas phase component of 4.0 ×10 -15  
cm 3  molecule -1  s -1 , a factor of ten slower than the slowest measured rate coefficient. 
They acknowledged that “In practice, the stated rate coefficient should be taken as 
an upper limit for the reaction between Hg and NO 

3
 ”. The endothermicity of this 

reaction is such that it cannot proceed at a measurable rate in the gas phase and it 
will not be significant in the atmosphere, even at night in polluted atmospheres.    

  14.4 Gas Phase Oxidation: Issues and Uncertainties  

 It is clear that that the limited amount of laboratory data on mercury reaction kinetics 
makes it difficult to provide a definitive evaluation of published rate coefficients. 
No data exists on reaction with I or IO although again the calculations of Goodsite 
et al.  (2004)  suggest that HgI is weakly bound and will rapidly dissociate to Hg 0  
and I. Based on this evaluation of the laboratory data, thermodynamics and models 
we would suggest that reaction of Hg 0  with Br and possibly BrO are likely to 
explain both the localized dramatic loss of Hg 0  during mercury depletion events and 
the global oxidation of Hg 0  in the troposphere. Currently there are no published 
data on the reactions of HgBr and this is a key uncertainty. To constrain models 
independent measurements of key rates that agree within a factor of two or better 
are required. In addition field measurements showing the vertical profiles of both 
Hg 0  and RGM together with speciated measurements of RGM would do much to 
resolve these issues.  

  14.5 Mercury Chemistry in the Atmospheric Aqueous Phase  

 The aqueous phase chemistry of Hg in the atmosphere involves redox reactions, 
complexation and phase exchange equilibria and while occurring mostly in cloud 
droplets, can also take place in deliquesced aerosols. In terms of the amount of 
water present (atmospheric liquid water content) the most important atmospheric 
aqueous phase is cloud water. The liquid water content associated with deliquesced 
aerosol particles is orders of magnitude lower, but their specific chemical composition 
and the high concentrations of some chemical species make them relevant in terms 
of the atmospheric aqueous phase chemistry of Hg. 

  14.5.1 Redox reactions 

 Elemental mercury is not highly soluble it has a Henry’s Law constant of 1.1 ×10 -1  
M atm -1  (Sanemasa,  1975)  and its concentration in the atmospheric aqueous phase 
reaches a stable value in a matter of minutes. Once in the aqueous phase Hg can be 
oxidized by a number of compounds present in the droplet. The most important of 
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these in cloud water is ozone (Munthe,  1992 ; Iverfeldt and Lindqvist,  1986)  on 
account of its relative abundance and the rate constant for the Hg 0  

(aq)
  + O 

3(aq)
  reaction. 

Other aqueous phase reactions which oxidize Hg 0  are those with the hydroxyl radical 
(OH), (Lin and Pehkonen,  1997 ; Gardfeldt et al., 2001), HOCl/OCl -  (Lin and 
Pehkonen,  1998) , and the most recently identified, the reaction with Br 

2
 /HOBr/

OBr -  (Wang and Pehkonen,  2004) . The aqueous phase reactions of Hg which have 
been studied to date are shown in Table  14.1 .  

 The reduction of oxidized Hg compounds (Hg (II) ) depends on the complex which 
Hg has formed in solution. Munthe et al.  (1991)  first investigated the reduction of 
Hg via complexation with the sulphite ion, SO 

3
  2- , and obtained a first order rate 

constant of 0.6 s -1 . This reaction was studied again by van Loon et al.  (2000) , who 
found a rate constant more than an order of magnitude slower, 0.0106 s -1 . Photolytic 

  Table 14.1    Aqueous phase reactions of Hg    

 Mercury Reactions and Equilibria  k or K (298K)  Reference 

 Hg 0  
(aq)

  + O 
3(aq)

  → HgO 
(aq)

   4.7×10 7  M -1  s  -1   Munthe  (1992)  
 HgO 

(aq)
  + H +  

(aq)
  → Hg ++  

(aq)
  + OH -  

(aq)
   1×10 10  M -1  s  -1   Pleijel and Munthe  (1995)  

 Hg ++  
(aq)

  + OH -  
(aq)

  « HgOH +  
(aq)

   3.9×10 10  M -1   Pleijel and Munthe  (1995)  
 HgOH +  

(aq)
  + OH -  

(aq)
  « Hg(OH) 

2(aq)
   1.6×10 11  M -1   Pleijel and Munthe  (1995)  

 HgOH +  
(aq)

  + Cl -  
(aq)

  « HgOHCl 
(aq)

   2.7× 10 7  M -1   Pleijel and Munthe  (1995)  
 Hg ++  

(aq)
  + Cl -  

(aq)
  « HgCl +  

(aq)
   5.8 × 10 6  M -1   Pleijel and Munthe  (1995)  

 HgCl +  
(aq)

  + Cl -  
(aq)

  « HgCl 
2(aq)

   2.5 × 10 6  M -1   Pleijel and Munthe  (1995)  
 HgCl 

2(aq)
  + Cl -  

(aq)
  « HgCl 

3
  -  
(aq)

   6.7 M -1   Clever et al.  (1985)  
 HgCl 

3
  -  
(aq)

  + Cl -  
(aq)

  « HgCl 
4
  --  

(aq)
   13 M -1   Clever et al.  (1985)  

 Hg ++  
(aq)

  + Br -  
(aq)

  « HgBr +  
(aq)

   1.1 × 10 9  M -1   Clever et al.  (1985)  
 HgBr +  

(aq)
  + Br -  

(aq)
  « HgBr 

2(aq)
   2.5 × 10 8  M -1   Clever et al.  (1985)  

 HgBr 
2(aq)

  + Br -  
(aq)

  « HgBr 
3
  -  
(aq)

   1.5 ×10 2  M -1   Clever et al.  (1985)  
 HgBr 

3
  -  
(aq)

  + Br -  
(aq)

  « HgBr 
4
  --  

(aq)
   23 M -1   Clever et al.  (1985)  

 Hg ++  
(aq)

  + SO 
3
  --  

(aq)
  « HgSO 

3(aq)
   2.1 × 10 13  M -1   Van Loon et al.  (2001)  

 HgSO 
3(aq)

  + SO 
3
  --  

(aq)
  « Hg(SO 

3
 ) 

2
  --  

(aq)
   1.0 × 10 10  M -1   Van Loon et al.  (2001)  

 HgSO 
3(aq)

  « Hg 0  
(aq)

  + products  T×exp((31.971×T)-
12595)  /T s-1 

 Van Loon et al.  (2001)  

 Hg 0  
(aq)

  + OH 
(aq)

  → Hg +  
(aq)

  + OH -  
(aq)

   2.0 × 10 9  M -1  s -1   Lin and Pehkonen  (1997)  
 Hg +  

(aq)
  + OH 

(aq)
  → Hg ++  

(aq)
  + OH -  

(aq)
   1.0 × 10 10  M -1  s -1   Lin and Pehkonen  (1997)  

 Hg II  
(aq)

  + O 
2
  -  
(aq)

  → Hg +  
(aq)

  + O 
2(aq)

   1.1× 10 4  M -1  s -1   Pehkonen and Lin  (1997)  
 Hg II  

(aq)
  + HO 

2(aq)
  → Hg +  

(aq)
  + O 

2(aq)
  + H +  

(aq)
   1.1 × 10 4  M -1  s -1   Pehkonen and Lin  (1997)  

 Hg +  
(aq)

  + O 
2
  -  
(aq)

  → Hg 
(aq)

  + O 
2(aq)

   fast  Pehkonen and Lin  (1997)  
 Hg +  

(aq)
  + HO 

2(aq)
  → Hg 0  

(aq)
  + O 

2(aq)
  + H +  

(aq)
   fast  Pehkonen and Lin  (1997)  

 Hg II  
(aq)

  + O 
2
  -  
(aq)

  → Hg +  
(aq)

  + O 
2(aq)

   0  Gårdfeldt, and Jonsson  (2003)  
 Hg II  

(aq)
  + HO 

2(aq)
  → Hg +  

(aq)
  + O 

2(aq)
  + H +  

(aq)
   0  Gårdfeldt, and Jonsson  (2003)  

 Hg 
(aq)

  + HOCl 
(aq)

  → Hg ++  
(aq)

  + Cl -  
(aq)

  + OH -  
(aq)

   2.09 × 10 6  M -1  s -1   Lin and Pehkonen  (1999)  
 Hg 

(aq)
  + ClO -  

(aq)
  → Hg ++  

(aq)
  + Cl -  

(aq)
  + OH -  

(aq)
   1.99 ×10 6  M -1  s -1   Lin and Pehkonen  (1999)  

 Hg 
(aq)

  + HOBr 
(aq)

  → Hg ++  
(aq)

  + Br -  
(aq)

  + OH -  
(aq)

   0.279 M -1  s -1   Wang and Pehkonen  (2004)  
 Hg 

(aq)
  + OBr -  

(aq)
  → Hg ++  

(aq)
  + Br -  

(aq)
  + OH -  

(aq)
   0.273 M -1  s -1   Wang and Pehkonen  (2004)  

 Hg 
(aq)

  + Br 
2(aq)

  → Hg ++  
(aq)

  + 2Br -  
(aq)

  + OH -  
(aq)

   0.196 M -1  s -1   Wang and Pehkonen  (2004)  
 Hg 0  

(g)
  «Hg 0  

(aq)
   0.13 M atm -1   Schroeder and Munthe  (1998)  

 HgO 
(g)

  « HgO 
(aq)

   2.69 × 10 12  M atm -1   Schroeder and Munthe  (1998)  
 HgCl 

2(g)
  « HgCl 

2(aq)
   2.75 × 10 6  M atm -1   Schroeder and Munthe  (1998)  

 HgBr 
2(g)

  « HgBr 
2(aq)

   2.75 × 10 6  M atm -1   Schroeder and Munthe  (1998)  



448 A.J. Hynes et al.

reduction of Hg(OH) 
2
  also occurs in solution, but not at a rate which is important 

in the atmospheric aqueous phase, (Xiao et al.,  1994 ; Lin and Pehkonen,  1998b) . 
The reduction of Hg (II)  (independent of speciation) via a two step mechanism 
involving HO 

2
  was proposed by Pehkonen and Lin  (1998) , with the first reduction 

step to Hg I  having a rate constant of 1.1 × 10 4  M -1  s -1 , in the presence of chloride 
ions (otherwise 1.7 × 10 4  M -1  s -1  ). However, whether this mechanism can occur in 
the atmosphere was called into question by Gardfeldt and Jonsson  (2003) , who sug-
gested that the Hg I  formed in the first step of the reduction mechanism would be 
rapidly oxidized by dissolved O 

2
  (k >>10 9  M -1  s -1 ) before the second reduction step to 

elemental Hg could take place. This question is discussed more fully below.  

  14.5.2 Does Reduction Actually Occur in the Aqueous Phase? 

 The reaction between Hg (I)  and dissolved O 
2
  (Nazhat and Asmus,  1973)  is the reaction 

which is missing in the vast majority of atmospheric Hg models. It is potentially 
fundamental for two reasons: firstly if the oxidation of Hg 0  by OH proceeds as a 
two step reaction, as proposed by Pehkonen and Lin  (1998) , then there is no need 
to consider the second step as a rapid reaction between Hg (I)  and OH, because long 
before Hg (I)  encounters a second OH radical it will have already been oxidized by 
O 

2
 . In fact in some reaction schemes this reaction is considered as Hg 0  + OH leading 

directly to Hg (II) , see Lin et al.  (2006) , which would appear to be a reasonable 
approximation. Secondly, the proposed reduction of all Hg (II)  complexes by HO 

2
  

proceeds via the formation of Hg (I)  (Pehkonen and Lin,  1998) , which then needs to 
react again with yet another HO 

2
  radical in order to be further reduced to Hg 0. . If this 

is the case then the reaction is of absolutely no relevance whatsoever under atmos-
pheric conditions because the chances of Hg (I)  encountering a second HO 

2
  before it 

encounters a dissolved O 
2
  molecule are so small as to be irrelevant. Having said 

this, for the most part Hg models, from zero dimensional box models, to regional 
and global models include the reduction of Hg (II)  by HO 

2
  in their reaction mechanisms 

without including the oxidation of Hg (I)  by O 
2
 . In many cases the reaction is 

assumed to proceed very rapidly after the initial reduction to Hg (I) , so that some 
reaction schemes include this reaction as a direct reduction of Hg (II)  to Hg 0 , which, 
apart from being kinetically inaccurate leads to an overestimation of the reduction 
rate. If the reaction between Hg (I)  and O 

2
  is included then the Hg (II)  + HO 

2
  reduction 

reaction becomes redundant in reaction schemes because the amount of Hg (II)  
reduced by sequential reactions with HO 

2
  is negligible.  

  14.5.3 Speciation 

 Hg (II)  in solution can form complexes with a large number of ligands present in the 
atmospheric aqueous phase. The equilibrium constants for complex formation are 
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shown in table  14.1 , which complexes will actually be present in solution depends on 
the abundance of the appropriate ligands and the pH of the droplets. The composition 
of droplets has been studied using both kinetic (where the equilibria are represented 
as forward and backward reactions) and equilibrium models, (Lin and Pehkonen, 
 1997 ;  1998 ; Pirrone et al.  2000) . It is generally agreed that organic ligands are in too 
short supply to have any influence, and that in the presence of chloride the major part 
of the Hg (II)  present in droplets is present as HgCl 

2
 . Some concentrated solutions, such 

as occur when soluble atmospheric aerosols reach deliquescence may not follow this 
generalization, however they represent a very small proportion of the atmosphere’s 
liquid water content. The marine sea salt aerosol is however potentially important in 
the atmospheric Hg cycle and is discussed separately below.  

  14.5.4  Is Aqueous Phase Chemistry Important Compared 
to Gas Phase Oxidation? 

 Measurements of Hg in precipitation have made it clear that wet deposition is in 
many areas the most important route by which atmospheric Hg enters terrestrial 
and aquatic ecosystems. It is also well known that Hg once oxidized in the gas 
phase is readily scavenged by cloud droplets, because the two compounds which 
are usually assumed to be formed, HgO and HgCl 

2
  are much more readily soluble 

that elemental Hg, the Henry’s Law constant for HgCl 
2
  is 1.4 × 10 6  M atm -1  

(Lindqvist and Rodhe,  1985) , and that of HgO 2.75 × 10 6  M atm -1  (Schroeder and 
Munthe,  1998) . The exception to this are the Marine Boundary Layer (MBL) and 
Arctic / Antarctic mercury depletion events, where a significant part of the oxi-
dized Hg in the gas phase probably contains Br. Whether the oxidized Hg present 
in rain and cloud water is predominantly due to gas phase oxidation followed by 
scavenging or to Hg oxidation in the aqueous phase can be evaluated using pho-
tochemical box models. 

 The AMCOTS box model (Hedgecock et al.,  2005)  has been used to investigate 
the proportion of gas phase to aqueous phase oxidation of Hg in clouds. The model, 
which has been used up to now to study the influence of non-sea-salt sulphate and 
sea salt aerosol on Hg chemistry in the MBL has been adapted to include just one 
atmospheric aqueous phase, the cloud droplets, and the definition of the aqueous 
phase in terms of liquid water content, droplet radius and droplet number density 
changed to reflect the properties of different types of clouds. Simulating clean and 
polluted continental cumulus and marine stratus and cumulostratus clouds it was 
found that aqueous phase oxidation accounted for between 2 and 30% of all Hg 
oxidation. The major factors which influenced the proportion of Hg oxidized in the 
droplets are temperature, droplet number, cloud optical depth and time of day. The 
lower the temperature the higher the solubility of the gas phase species and there-
fore higher concentrations of reactants are found in the drops. The influence of 
droplet number was shown by comparison of polluted continental cumulus and 
maritime stratus clouds, in both cases a liquid water content of 0.3 g m -3  was used. 
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The maritime cloud has fewer and larger droplets (ND = 80) compared to the con-
tinental cloud (ND = 1300), the percentage of total oxidation which took place in 
cloud water was almost double in the continental cloud. The period during which 
aqueous phase oxidation is found to be most important is the night, and when the 
optical depth of the cloud is such that O 

3
  photolysis is severely reduced restricting 

the production of OH. Photolytically produced OH is responsible for a large part of 
the total oxidation during the day, but clearly has little influence during the hours 
of darkness. Simulating a polluted continental cumulus cloud ozone accounted for 
65% of all the oxidation occuring, 35% of the total occuring in the gas phase and 
30% in the aqueous phase. 

 Clearly then Hg chemistry in clouds is important and oxidized Hg compounds 
in rain come from both scavenging of RGM and in-droplet oxidation. Interestingly 
the proportion of in-droplet oxidation due to the reaction with O 

3
  never dropped 

below 95% in these simulations, and was usually between 98 and 99.9%. It 
would be worth investigating this finding further in regional models as the 
simplification of the aqueous phase reaction scheme could lead to savings in 
calculation times.  

  14.5.5 The Sea Salt Aerosol 

 Marine aerosols have been studied primarily because as they become acidified by 
the uptake of acidic gases they can release reactive halogen containing compounds 
to the atmosphere. This process is of interest to atmospheric chemists in general, 
particularly due to these halogen compounds potential for reaction with ozone and 
volatile organic compounds. It is also of potential significance in the cycling of Hg 
in the atmosphere as this process in a sense mimics the ‘bromine explosion’ seen 
in the Arctic at polar dawn. The concentrations of reactive halogens in the MBL 
does not reach the levels seen in the Arctic, but given that two thirds of the Earth’s 
surface is water the spatial scale of this phenomena is important. Reactive halogen 
compounds, particularly those containing Br readily oxidize Hg, see above, and as 
oxidized Hg compounds are scavenged by droplets there is potential for the sea salt 
aerosol to contain relatively high concentrations of Hg. On top of this there is the 
composition of the aerosol themselves to be considered, the very high concentra-
tions of chloride allow Hg to form complexes which are not formed in other atmos-
pheric aqueous phases, such as HgCl 

3
  -  and HgCl 

4
  2-  (Hedgecock and Pirrone,  2001 ; 

 2004) . The ability of the aerosol to ‘carry’ Hg increases dramatically as its chloride 
content increases (Pirrone et al.,  2000) . Modeling studies have also shown that the 
aerosol could process Hg which has been oxidized by O 

3
  or OH to give HgO. HgO 

is very readily scavenged and once in the aqueous phase reacts with H +  to give an 
Hg (II)  ion which in turn complexes with available ligands. The concentration of the 
chloride ion is such that the concentration of HgCl 

2
  in solution can increase until it 

is no longer in equilibrium with the concentration of HgCl 
2
  in the gas phase and 

therefore outgases from the aerosol.   
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  14.6  The Uncertainty due to Hg Chemistry 
in Atmospheric Models  

 The uncertainty which results from the atmospheric processes which are included 
in atmospheric Hg modeling studies has been studied by Lin et al.  (2006) . Their 
article discusses the uncertainties relating to gas and aqueous phase chemistry as 
well as the other important factors such as emission speciation and dry and wet 
deposition parameterizations. They conclude that:

  “Of the greatest importance for reducing model uncertainties is the accurate quantification 
of the reaction kinetics of mercury transformation mechanisms in both gas and aqueous 
phases. Thecurrent understanding of atmospheric mercury chemistry and related kinetics 
are based on the extrapolation of limited laboratory investigations. The appropriateness of 
such extrapolation has been questioned (e.g., Calvert and Lindberg,  2005 , Gardfeldt and 
Jonsson,  2003) . In addition, some of the reaction kinetics and products are not clearly 
defined. Since chemistry is the most important driving force for mercury deposition in 
regions away from the anthropogenic sources, further experimental investigations address-
ing these kinetic and product uncertainties will greatly improvemodel performance in 
predicting both dry and wet depositions.”   

 They continue, mentioning the lack of data relating to adsorption isotherms for 
Hg and its compounds both for particulate matter in the gas phase and that included 
in cloud and rain droplets. 

 It is probably safe to say that the uncertainty in Hg chemistry lies less with the 
aqueous phase than with the gas phase and the adsorption of Hg and its com-
pounds to solid particulates, especially in light of the box modeling tests 
mentioned above, from which it appears that by far the most important aqueous 
oxidant is O 

3
 . 

 It must be pointed out however that there has only been one determination of the 
Hg + O 

3
  reaction rate constant in the aqueous phase and that the reduction reaction 

generally considered to be the most important might not actually occur at all. The 
last point raises a number of difficulties because observations quite clearly indicate 
a relatively long lifetime for atmospheric elemental Hg, but if indeed the reduction 
of Hg (II)  by HO 

2
  is not pertinent to atmospheric aqueous phase chemistry there are 

no known reactions which reduce Hg (II)  in the atmosphere at a rate which could 
offset all the oxidation which is believed to be occurring, so that the observed 
lifetime of Hg is essentially unexplainable in terms of the known reactions which 
occur in the atmosphere.  

  14.7 Deposition Processes  

 After emission mercury is subject to physical and chemical processes in the atmos-
phere which may lead to conversion into the RGM form which is more soluble, 
adsorption to particles or ultimately some type of deposition, where its low volatility 
can lead to re-emission. The enhanced solubility of RGM compared to GEM will 
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lead to relatively quicker deposition, generally closer to sources, whereas GEM 
may be transported globally with a lifetime of approximately 1 year on average. 
GEM, RGM and TPM are eventually deposited by wet or dry deposition. What is 
known with relative certainty is that divalent mercury is much efficiently removed 
from the troposphere via wet deposition than elemental mercury due to its solubility. 
Gaseous and particulate forms of mercury are much more likely removed via dry 
deposition processes. 

 The deposition of RGM and GEM have been measured over various surfaces 
with chamber and micrometeorological techniques (Edwards, et al.,  2001 ; Skov et al., 
 2006 ; Cobbett and Van Heyst,  2007)  with varying results. Deposition has also been 
modeled (Steffen et al.,  2007) . Cobbett et al.  (2007) , summarize their own flux 
measurements of GEM, RGM and TPM over an arctic sampling site and review the 
published flux data for the ten years previous to their study. None of the studies 
have yet documented the causal effect that the observations of mercury deposited 
end up in the Arctic food chain. Though a reasonable hypothesis, observational data 
shows that under proper conditions, the mercury could be reemitted to the 
atmosphere. More studies are needed to ultimately describe the mass balance and 
fate of mercury in the Arctic. 

 Is it possible to identify regions that are most sensitive? Mercury has been 
investigated in all regions of the world, see previous chapters. There is general 
agreement in the literature that similar trends are noted in the northern hemisphere. 
Data from the southern hemisphere is more limited but note similar depositional 
trends and similar preanthropogenic natural background levels when compared to 
the northern hemisphere (Steffen et al.,  2007) . 

 Peatlands under the proper conditions can be used to investigate the environmen-
tal record of mercury deposition (Madsen,  1981) . In general, the “natural” or pre 
anthropogenic rate of deposition for mercury, based on a rough approximation of 
all various environmental archives for example: ice cores, lake and marine sediments 
and peat sediments is on the order of 2 µg m −2  per yr −1 , depending on the archive 
and site (Givelet et al.,  2003) . This amount generally increases with a factor of three 
to ten through the anthropogenic peak, and has been falling since then. The peak 
has been seen in the 1990s or in the 1950s. What will happen to the mercury in 
the peatlands with increased warming and the hydrological changes with 
accompanying biological activity this will entail is pure conjecture. Never the less, 
peatlands represent significant natural sinks of mercury that could be mobilized in 
the next 50 years. 

 Swain et al.  (1992)  investigated whole-basin mercury fluxes, determined from 
lake-wide arrays of dated sediment cores. The analyses indicated that the annual 
deposition of atmospheric mercury increased from 3.7 to 12.5 µg m −2   (1990) since 
1850, with the last decades showing a decline. 25 percent of atmospheric mercury 
deposition to the terrestrial catchment was exported to the lake. The deposition 
increase was similar among sites, implying regional or global sources for the mer-
cury entering these lakes. 

 Peat records from the Faroe Islands in the North Atlantic had average rate of 
atmospheric Hg accumulation from 1520 BC to AD 1385 of 1.27 ± 0.38 µg m −2  yr −1 . 
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Br and Se concentrations and the background Hg/Br and Hg/Se ratios were used to 
calculate the average rate of  natural  Hg accumulation for the same period of 1.32 ± 
0.36 µg m −2  yr −1  and 1.34 ± 0.29 µg m −2  yr −1 , respectively (Shotyk et al.,  2005) . 

 The total mercury fluxes were similar to the preanthropogenic rates obtained 
using peat cores from Switzerland, southern Greenland, southern Ontario, Canada, 
and the northeastern United States (Givelet et al.,  2003 ;  2004 ; Shotyk et al.,  2003 ; 
 2005 ; Roos-Barraclough and Shotyk,  2003 ; Roos-Barraclough et al.,  2006) . Values 
on the Faroe Islands were representative of those measures at other sites on the 
northern hemisphere in similar studies. On the Faroe Islands, the maximum rate of 
Hg accumulation was 34 µg m −2  yr −1 . The greatest fluxes of anthropogenic Hg 
accumulation calculated using Br and Se, respectively, were 26 and 31 µg m −2  yr −1 . 
The rate of atmospheric Hg accumulation in 1998 of 16 µg m −2  yr −1  was comparable 
to the values recently obtained by atmospheric transport modeling for Denmark, the 
Faroe Islands, and Greenland (Shotyk et al.,  2005) . 

 Environmental archives in the above studies already show a decreasing load of 
mercury in the past decade, likely due to reductions in emissions from the power 
industry (due to better emission controls for many other types of pollutants that 
likely inhibit much of the emission of mercury), though many more experiments are 
needed in this area as well, and fall in post eastern block industrial activity 
decreased emissions. The actual reduction in loadings have not been calculated or 
modelled as it is not a simple linear relationship, since warming climate will likely 
increase mercury emissions from previously deposited mercury. 

 Although many archives have been investigated, there is still poor geographic 
resolution in both hemispheres. The transfer functions which describe the mass 
transfer between the atmosphere and the surface of the archive needs to be further 
studied for all archives as do possible physical, chemical and biological perturba-
tions which might be affecting the accuracy of the records. The records of mercury 
deposition are only as good as their chronology and advances in high resolution 
dating should continue to be made. Archives that have been investigated for mercury 
should be reanalyzed to establish a climate proxy and these records should be 
compared, as relatively few records exist that both contain historical mercury and 
climate proxy records.      
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   Chapter 15   
 Mercury Chemical Transformation in the Gas, 
Aqueous and Heterogeneous Phases: 
State-of-the-art Science and Uncertainties       

     Parisa A.   Ariya   ,    Kirk   Peterson   ,    Graydon   Snider   , and    Marc   Amyot      

  Summary   Mercury is a persistent, toxic and bio-accumulative pollutant of global 
interest. This element is assumed to exist predominantly in the atmosphere, as 
elemental mercury, undergoing chemical reactions in the presence of atmospheric 
oxidants. The oxidized mercury can further deposit on the Earth’s surface and may 
potentially be bioaccumulative in the aquatic food chain, through complex, but not 
yet well understood, mechanisms. Since the atmosphere plays a significant role as 
a medium for chemical and physical transformation, it is imperative to understand 
the fundamentals of the kinetics and thermodynamics of the elementary and complex 
reactions of Hg0

(g)
 and oxidized mercury not only in the atmosphere as gas phase, 

but also the reactions in the aqueous and heterogeneous phases at atmospheric 
interfaces such as aerosols, fogs, clouds, and snow-water-air interfaces. In this 
chapter, we compile a comprehensive set of theoretical, laboratory and field obser-
vations involving mercury species in the course of homogeneous and heterogeneous 
reactions. We herein describe the state-of-the-knowledge in this domain and put 
forward the open questions and future direction of research.    

15.1 Introduction

Atmospheric chemical processes of mercury promoted by interfaces have been 
largely overlooked until recently, although heterogeneously-catalyzed chemical 
reactions in the stratosphere have been well established for several decades. As a 
fluid metal, mercury is a liquid at room temperature and has the lowest known critical 
temperature of any metal (c.a., 1478 °C) Although the dominant form of atmos-
pheric mercury is gaseous elemental mercury (Hg0

(g)
), traces of oxidized mercury 

in aquatic and heterogeneous systems are expected (Seiler et al., 1980; Slemr 
et al.,1985; Lindqvist et al., 1985). Figure 15.1 illustrates a simplified schematic of 
mercury transformation in the atmosphere and at atmospheric interfaces.
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Elemental mercury (Hg 0 ) exists in ambient air, both in the vapour and particle 
phase associated with aerosols. As pointed out in the earlier chapters, mercury in 
the atmosphere is predominantly anthropogenic in origin, such as fuel and coal 
combustion and waste incineration. Natural emissions, including those from 
volcanic eruptions, soils, lakes, open water and forest fires, contribute less signifi-
cantly than anthropogenic sources (c.a. 40%). However, there are significant 
uncertainties on natural emission inventories (Mason et al., 1994; Gardfeldt and 
Jonsson, 2003). Atmospheric chemical transformations of mercury can indeed play 
an important role in the global cycling of this toxic element, as the atmosphere is 
the fastest moving fluid in the Earth’s ecosystem. A major interest in the under-
standing of atmospheric transformation stems from its potential impact on mercury 
bioaccumulation. Mercury speciation in the atmosphere has a significant influence 
on its deposition on environmental surfaces. Solubility and deposition of elemental 
mercury is quite distinct from Hg (II)  (Ariya and Peterson, 2005), and thus deposition 
rates on the Earth’s surface vary substantially. Amongst all mercury species, methyl 
mercury has been considered to be bio-magnified in fish. The extent of methylation 
depends on a constant supply of inorganic mercury from the atmosphere (Mason and 
Sheu, 2002). Indeed, atmospheric deposition is considered to be a major source of 
mercury in most remote aquatic systems (Mason et al., 1994; Nriagu, 1994 ). It is 
noteworthy that the chemical-biological processes that dictate the bioaccumulation 
of mercury in the food chain have yet to be fully characterized (Morel, 1998). 
Consequently, the extent of incorporation of oxidized mercury produced via 

Figure 15.1 A simplified schematic of mercury transformation in the Earth’s environment 
(inspired by Ariya, et al., 2004; Macdonald et al., 2005; Lindberg et al., 2007)
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atmospheric chemical reactions into the food chain has yet to be evaluated. Figure 
15.1 depicts a simplified schematic of mercury cycling in the Earth’s ecosystem in 
atmosphere and at environmental interfaces.

Hg species are removed from atmosphere through dry and wet deposition processes 
(Lindqvist and Rodhe, 1985). Interestingly, in the high-Arctic region (Schroeder 
et al., 2002), Arctic (Lindberg et al., 1998), and sub-Arctic, the rapid depletion of 
mercury has been observed. Nearly complete depletions of ozone in the boundary 
layer occurred over large areas, and evidence of reactive halogens have been 
observed during most mercury depletion events (MDEs) (Ariya et al., 1998; 1999). 
Upon reaction with atmospheric oxidants, elemental mercury can be transformed to 
its oxidized forms, which are also more bio-accumulative than elemental mercury 
(Gardfeldt et al., 2001). Observed ozone depletion events at the ground are 
suggested to be driven by sunlight and bromine atoms derived from reactions of 
atmospheric reactive halogens with marine sea salt in surface snow and ice (Ariya 
et al., 1998; 1999; Gardfeldt et al., 2001). Soon after, mercury depletion was found 
to be wide spread. Such depletion events have also been observed in the Antarctic 
(Ebinghaus et al., 2002), where they are influenced by the photochemical oxidation 
of elemental mercury in the troposphere involving sea salt on snow/icepack or aerosols 
(Schroeder and Munthe, 1998).

The mechanism of the volatilization of gaseous elemental mercury from surfaces, 
chemical transformation in gas and condensed phases (liquid/solid/ heterogeneous), 
and deposition mechanisms are not well-defined processes. For instance, not much 
is known about chemical reactions occurring in the snow, especially catalytic and 
heterogeneous reactions occurring at the surface of snow grains and removal of 
Hg0

(g)
 over fly ash, but field observations support the importance of such surfaces 

in mercury cycling (Dommergue et al., 2007; Pavlish et al., 2003). Pure gaseous 
oxidation of mercury is mechanistically difficult to explain as well, and in some 
cases can be explained via heterogeneous phase chemistry (Raofie and Ariya, 
2003). Inconsistencies between kinetic and thermodynamic data describing the 
homogeneous gas phase oxidation of mercury such as in case of one of the most 
predominant atmospheric oxidant, ozone or its well reactions (Calvert and Lindberg, 
2005, Hall et al., 1995). Attempts to more clearly understand reduction of 
Hg(II)

(s, aq)
 to Hg0

(g)
 (or the reverse oxidation) are motivated by uncertainties in the 

Hg chemistry of the Arctic and in finding suitable surface catalysts for Hg0
(g)

 emis-
sion reduction in coal fire combustion. Noting the lack of detailed mechanistic 
understanding of mercury redox reactions, we herein strive to examine what 
changes alter surface reactivity, including the presence of water, various trace surface 
impurities, photochemistry, temperature, or other competing reactions. Surfaces 
can act as reactive sites for chemical reactions, active sites for catalysis, and as a 
platform for exchange between different planetary ecosystem compartments such 
as air-snow, air-water (lake/ocean), vegetation-air, water-soil and air-soil. However, 
due to the complexity of the nature of surfaces, its variability, its sensitivity towards 
environmental variables, its temporal and spatial heterogeneity, environmental surfaces 
studies are one of the major scientific domain of uncertainty that will face 
environmental scientists in this new century.
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A significant part of the deposited mercury is photo-reduced and re-emitted as 
GEM (Ferrari et al., 2003; 2004; Brooks et al., 2006; Aspmo et al., 2006). There 
have been several excellent review articles on mercury transformation in atmos-
phere (Schroeder, 1991; Lin and Pehkonen, 1999; Steffen, et al., 2007), particularly 
on its properties, sources, sinks, and fluxes of mercury. As such, in the light of 
recent laboratory and computational studies, we will attempt to focus instead on a 
comprehensive review of the kinetic, product studies and thermochemical calcula-
tions of mercury redox reactions in the homogeneous and heterogeneous phases. 
We will discuss the importance of environmental interfaces and environmentally 
relevant (or potentially relevant) carbon surfaces (such as fly ash, charcoal). We 
will outline major gaps and some future research directions.

  15.2 Atmospheric Oxidation and Reductions  

 Most atmospheric oxidation reactions are likely to react via multi-step reaction 
mechanisms.  Tables 15.1 - 15.3  illustrate the detailed kinetic and theoretical studies, 
as well as estimation from field studies on various atmospheric reactions in gaseous and 
aqueous phases as well as reactions on surfaces i.e., heterogeneous phases. To be 
concise, we only focus on a few reactions of significant atmospheric relevance in 
the text, as the Tables are very detailed and full of information on conditions where 
these data were taken. Please note that in calculation of atmospheric lifetime for 
mercury, in contrast with many other chemical in the atmosphere that they can be 
irreversibly transformed to products, mercury can be oxidized, and oxidized mercury 
can be reduced by various atmospheric reductants in aerosols, fog, clouds and inter-
faces (see Tables  15.1  and 15.2). Hence, the oxidation alone represents merely one 
aspect of its transformation, can not yield to proper calculation of the lifetime.   

 15.2.1 Kinetic and Product Studies 

 The rate of the atmospheric chemical transformation of elemental mercury towards 
a given oxidant is dependent on two factors. The first factor is the reactivity of 
mercury toward a given oxidant at environmentally relevant conditions, such as 
temperature, pressure, oxygen concentration, and relative humidity. Since in our 
previous book chapter in 2004 edition (Ariya and Peterson,  2005) , we have 
described in detail, the techniques used, as well as the importance of environmental 
condition, we will herein not describe them again. The second factor is the concen-
tration (or mixing ratio) of the oxidant. The existing laboratory studies of mercury 
kinetic reactions have been obtained using steady state reaction chamber or fast 
flow tubes and a single study has been carried on the analysis on field data. Both 
relative and absolute techniques were used in these studies. Both absolute and relative 
techniques have advantages and disadvantages. 
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 The disadvantage of the relative rate is that the calculated reaction rate constant 
is only as good as the original value of the reaction rate constant for the reference 
molecule used, and this why most detailed relative rate studies include several reference 
molecules to overcome this challenge. Another disadvantage is the complexity of 
the reactants and enhanced potential for side reactions. This challenge can be overcome 
with careful experimental setups and additional targeted experiments to minimize 
and characterize the extent of undesired reactions. An advantage of a detailed relative 
study is that one can readily perform the experiments under simulated tropospheric 
conditions, and also the reaction chambers can be coupled several state-of-the-art 
instruments for simultaneous analysis which allows detailed product analysis as 
well as kinetic determinations. 

  15.2.2 Hg 0  + O 
3
  and Hg 0  + HO 

 The advantage of the absolute method is clearly the fact that there is no need for 
incorporation of errors due to the reference molecules. However, in many absolute 
studies, one can follow merely one or two reactants, and considering the complexity 
of mercury reactions, and the extent of secondary reactions, the calculated values may 
be affected. Another challenge is some absolute studies are performed at lower pres-
sure than tropospheric boundary layer pressure ( ∼  740 Torr) and concentrations 
orders of magnitude higher than tropospheric levels. Hence the data obtained under 
such conditions must be properly corrected for the ambient tropospheric situation, 
particularly in the case of complex mercury adduct reaction, and given the lack of 
detailed product analysis, and different carrier gases, this is not trivial. However, as it 
shown in Pal and Ariya  (2004) , both relative and absolute studies of the same reaction 
can yield the same values of rate constants within the experimental uncertainties and 
thus increase the confidence in the overall result. Ozone is an important atmospheric 
constituent and due to its atmospheric abundance, O 

3
  + Hg 0  has been a target of sev-

eral laboratory studies. We have previously studied ozone-addition with elemental 
mercury under dry conditions (Pal and Ariya,  2004) . The net reaction is written: 

   ( ) 3(g) net (s) 2(g)gHg + O  HgO + Ok
����

 (1)     

 Calvert and Lindberg  (2005)  suggest reaction (1) could be proceed by an addition 
of ozone, followed by a re-arrangement into the linear species OHgOO:

   

Hg
O

O
O

Hg
O

O
O

Hg(g)+O3(g) OHgOO(g)+

 (2)     

 The reaction may be followed by dissociation into O 
2
  and HgO 

(g)
 , the latter 

precipitating immediately to HgO 
(s)

 .
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   (g) (g) (s) 2(g)OHgOO HgO ( HgO ) O→ +→
   (3)   

 The dissociation and precipitation are essentially irreversible steps. As 
shown in Table  15.1 , the apparent rate constant,  k  

net
 , reaction (1), was previ-

ously found by our group (Pal and Ariya,  2004)  to be (7.5 ± 0.9) × 10 -19  cm 3  
molecule -1  s -1 , in good agreement with Sumner et al.  (2005) : (6.4 ± 2.3) × 10 -19  
cm 3  molecule -1  s -1  (performed in a much larger 17 m 3  chamber where the hetero-
geneous reactions were significantly reduced by direct increase in surface-to-
volume ratios). Our rate constant was found to be larger than an earlier study 
by Hall  (1995)  (0.3 ± 0.2) × 10 -19  cm 3  molecule -1  s -1 , and smaller than both 
Schroeder et al.’s  (1991)  value 49 × 10 -19  cm 3  molecule -1  s -1  (no error reported), 
and Iverfeldt and Lindqvist’s  (1986)  value, 20 × 10 -19  cm 3  molecule -1  s -1  (no 
error reported). In a new study by our group (Snider et al.,  2008) , for the first 
time, we have examined the effects of two atmospherically relevant polar com-
pounds, H 

2
 O 

(g) 
 and CO 

(g) 
, on the absolute observed rate coefficients of the O 

3
 -

initiated oxidation rate of Hg 0  
(g) 

, at 296 ± 2 K using gas chromatography 
coupled to mass spectrometry (GC-MS). In CO-added experiments, we 
observed a significant increase in the reaction rate that could be explained by 
pure gas-phase chemistry. In contrast, we found the apparent rate constant,  k  

net
 , 

varied with the surface-to-volume ratio (0.6 to 5.5 L flasks) in water-added 
experiments. We have observed small increases in  k  

net
  for nonzero relative 

humidity, RH < 100%, but substantial increase at RH  <  100%. Product studies 
were performed using mass spectrometry and high resolution transmission elec-
tron microscopy coupled to an electron dispersive spectrometer (HRTEM-
EDS). A water/surface/ozone independent ozone oxidation rate was estimated 
to be (6.2 ± (1.1;  t  σ /√ n ) × 10 -19  cm 3  molecule -1  s -1 . There is furthermore ± 20% 
accumulated uncertainties associated with the ensemble of the experimental 
setup used in this study. 

In our previous study by Pal and Ariya  (2004) , we have observed HgO from 
gas-phase aerosols and as deposits using mass spectrometry techniques. Please note 
that our methodology could not allow us to evaluate the phase of the HgO at that 
stage. Most products were obtained as condensed matter deposited on the reaction 
walls, and with some aerosols identified on 2 micron filters. We had also obtained 
a very minor amount of mercury containing compounds from the gas phase (includ-
ing suspended matter, i.e. aerosols that were not collected on 2 micron filter which 
included finer particles). We could not then identify the phase of these identified 
mercury compounds assumed to be HgO. Please also note that in chemical kinetics 
for gas phase oxidation reaction, we use terminologies such as “products observed 
in the course of gas-phase reaction of …”, it does not refer to the product as a gas, 
it just refers to the fact shat the initial “reactants” were in the gas phase. In our 
recent study, as depicted in Figure  15.2 , using high-resolution microscopy tech-
nique, we confirmed that HgO product is indeed solid (HgO 

(s) 
). Our results gave 

evidence for enhanced chain growth of HgO 
(s) 

 on a carbon grid at RH = 50%. 
Clearly, due to importance of this reaction, further laboratory kinetic and mechanis-
tic studies are desired.   
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 Hydroxyl radical (HO) is considered to be the dominant daytime cleanser of the 
atmosphere. The major formation pathway in the troposphere is considered to 
involve photolysis of ozone followed by the reaction with water vapour:

   1
3 2O + h (predominantly 320nm) O D + O( )υ →λ ≤  (4)    

 O(1D) + H
2
O → 2 HO   (5)     

 In addition to the photolysis pathway, there are some dark reactions (ozonolysis) 
that have been proposed to be of significance at night or during the winter (Ariya 
et al.,  2000) . Typical background concentrations of ozone range from 20-30 ppbv 
(1 ppbv = 2.45 × 10 10  cm -3 ), and can peak to a few hundred ppb during smog situ-
ations (Finlayson-Pitts and Pitts,  1999) . 

 To date, there is very limited kinetic data on HO + Hg 0  
(g)

  as shown in Table  15.1 . 
The results of (Sommar et al.,  2001)  are in excellent agreement with the recent 
results (Ariya et al.,  2004) . These reported values are both lower than Bauer et al. 
upper limit evaluations for HO initiated oxidation reaction. Again HgO was 
observed as product, and we can now confirm that it is HgO 

(s)
  (Figure  15.2 ). Further 

kinetic and mechanistic studies of this reaction are desirable.  

  15.2.3 NO 
3
  + Hg 0  

(g)
  

 The nitrate radical, NO 
3
 , is an important intermediate in the night time chemis-

try of the atmosphere. Upon sunrise, nitrate ions undergo photolysis to NO 
2
  or 

NO (Finlayson-Pitts and Pitts,  1999) . Temperature dependence kinetics of ele-
mental mercury, as well as dimethyl mercury, with NO 

3
  have been studied 

(Table  15.1 ). Sommar et al.  (1997)  employed a fast flow-discharge technique to 
study these reactions and obtained a second order rate constant value of 4 × 10 
 -15  cm 3  molec -1  s -1 .  

  15.2.4 X 
2
   /X/XO (X = Cl, Br, and I) + Hg 0  

(g)
  

 Mercury and halogen interaction has been experimentally studied under atmos-
pheric conditions as summarized below. 

 Methyl iodide was shown to be non-reactive toward Hg 0  under atmospheric 
conditions ( k  < 1 × 10 -21  cm 3  molecules -1  s -1 ) (Tokos et al.,  1998) . 

 The first study of Hg 0  and chorine atoms was published in 1968 (Horne et al., 
 1968) . HgCl was measured by time resolved absorption spectroscopy in the tem-
perature range 383 – 443 K
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 Hg+CL → HgCL   (6)     

 The rate constant,  k  
1
  for the reaction of mercury with chlorine atoms was then 

derived to be 5.0 × 10 -11  cm 3  molecules -1  s -1  in 720 Torr CF 
3
 Cl and 1.5 × 10 -11  cm 3  

molecules -1  s -1  in 10 Torr CF 
3
 Cl + 710 Torr Ar. The authors (Horne et al.,  1968)  

mentioned that  k  
1
  has an uncertainty of a factor of three because of the accumulation 

of experimental errors in evaluating the separate terms and the rate constant can be 
considered to be more accurate than the order of magnitude when the results is 
transferred to atmospheric conditions. 

 Molecular chlorine was suggested to have a relatively modest reaction rate, 
4 × 10 -16  cm 3  molecules -1  s -1  (Schroeder et al,  1991 ; Menke and Wallis,  1980 ; 
Medhekar et al.,  1979 ; Skare and Johansson,  1992 ; Seigneur et al,  1994)  though 

  Figure 15.2     a)  Energy dispersive spectroscopy (EDS) image of HgO  b)  Comparative HRTEM 
image of HgO deposit at RH = 0% and 50%, and  c)  CI of HgO product at RH = 0% and 50%. 
From Snider et al.,  2008        



15 Major Chemical and Physical Processes of Mercury Dynamics 479

the reaction was found to be strongly surface catalysed, (Medhekar et al.,  1979 ; 
Skare and Johansson,  1992)  and the experimental value should be considered as 
an upper limit. 

 In 2002, extensive kinetic and product studies on the reactions of gaseous Hg 0  with 
molecular and atomic halogens (X/X 

2
  where X = Cl, Br) have been performed at 

atmospheric pressure (750 ± 1 Torr) and room temperature (298 ± 1 K) in air and N 
2
  

and published (Ariya et al.,  2002) . Kinetics of the reactions with X/X 
2
  were studied 

using both relative and absolute techniques. Cold vapour atomic absorption spectros-
copy (CVAAS) and gas chromatography with mass spectroscopic detection (GC-MS) 
were the analytical methods applied. The measured rate constants for the reactions of Hg 0  
with Cl 

2
 , Cl, Br 

2
 , and Br were (2.6 ± 0.2) × 10 -18 , (1.0 ± 0.2) × 10 -11 , < (0.9 ± 0.2) × 10 -16 , 

and (3.2 ± 0.3) × 10 -12  cm 3  molecule -1  s -1 , respectively. Thus Cl 
2
  and Br 

2
  are not important 

reactants in the troposphere for the Cl 
2
  and Br 

2
  concentrations reported in literature. 

Please note that in the case Br reactions, in our laboratory, due to the existing experi-
mental conditions, we only could deploy one reference molecules for the relative rate 
studies. As explained above, in relative studies the evaluation of the rate constants is 
very much dependant on the accuracy of the values of that the reference reactions. 
Hence, any challenge with the values of the reference reaction significantly affects the 
value of the reaction of interest, in this case, Br + Hg 0 . At this stage, in our laborato-
ries, we have acquired additional the state-of-the-art facilities to revisit the Br-atom 
reactions using both absolute and relative techniques. 

 Chlorine and bromine atoms were generated using UV and visible photolysis of 
molecular chlorine and bromine, respectively, in addition to UV (300  £   λ   £  400 nm) 
photolyis of chloroacetyl chloride and dibromomethane. The reaction products 
were analyzed in the gas-phase, in the suspended aerosols and on the wall of the 
reactor using MS, GC-MS and inductively coupled plasma mass spectrometry 
(ICP-MS). The major products identified were HgCl 

2
  and HgBr 

2
  adsorbed on the 

wall. Suspended aerosols, collected on the micron filters, contributed to less than 
0.5% of the reaction products under the experimental conditions. Studies by 
Sumner et al.  (2005)  revisited both reactions using a 17.3 m 3  environmental cham-
bers equipped with fluorescent lamps and sun lamps to mimic environmental reac-
tions, and evaluated the rate constants to be in the order of 10 -12  cm 3  molecule -1  s -1  
and 10 -11  cm 3  molecule -1  s -1  for reactions of Br and Cl, respectively. Another 
research group (Donahue et al. 2005, 2006)) has reported two other kinetic data sets 
for Cl and Br reactions using a pulsed laser photolysis-pulsed laser induced fluo-
rescence spectroscopy (Table  15.1 ). These data sets are obtained using pseudo-first 
order conditions with respect to halogens or mercury. The authors of these studies 
indicate an uncertainty estimation of ±50% in the rate coefficients due to the deter-
mination of absolute concentrations of chlorine and Br atoms. These reactions are 
reported slower (factors of 9-15) that the other laboratory studies. Hence, further 
studies of these reactions are strongly desired. 

 Reactions of mercury with halogen oxide radicals drew major attention in the light 
of satellite BrO column measurements as well as simultaneous mercury and ozone 
depletion in the planetary boundary layer (Richter et al.,  1998 ;  2002 , Muller et al., 
 2002 ; Van Roozendael et al.,  2002 ; Goddsite et al., 2004). Experimental  studies of XO 
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reactions are very scarce. To our knowledge there is only one published laboratory 
kinetic study on the reaction of BrO with elemental mercury (Raofie and Ariya,  2003)  
during which, using the relative rate methods, the room temperature bimolecular rate 
constant for BrO + Hg 0  

(g)
  was estimated to lie within the range 10 -15  < k < 10 -13  cm 3  

molecule -  1  s -1 . The faster end of this range makes BrO a significant potential contribu-
tor to mercury depletion events in the Arctic. This is however in contradiction with 
theoretical calculations, see next section. A report was published on the first experi-
mental product study of BrO-initiated oxidation of elemental mercury at atmospheric 
pressure of  ∼  740 Torr and T = 296 ± 2 K (Raofie and Ariya,  2004) . The authors used 
chemical ionization and electron impact mass spectrometry, gas chromatography cou-
pled to a mass spectrometer, a MALDI-TOF mass spectrometer, a cold vapour atomic 
fluorescence spectrometer, and high-resolution transmission electron microscopy cou-
pled to energy dispersive spectrometry. BrO radicals were formed using visible and 
UV photolysis of Br 

2
  and CH 

2
 Br 

2
  in the presence of ozone. They analyzed the products 

in the gas phase, on suspended aerosols and on wall deposits, and identified HgBr, 
HgOBr or HgBrO, and HgO as reaction products. Experimentally, they were unable to 
distinguish between HgBrO and HgOBr. The existence of stable Hg (I)  in form of HgBr, 
along with Hg (II)  upon BrO-initiated oxidation of Hg 0 , suggests that in field studies it 
is fundamental to selectively quantify various mercury species in mercury aerosols and 
deposits. The majority of mercury containing products were identified as deposits, 
however, aerosols accounted for a substantial portion of products. It is noteworthy that 
we anticipate the possibility of transformation of Hg (I)  to Hg (II)  at high humidity levels 
though care must be taken as previously mentioned to extrapolate the results to ambi-
ent concentration levels of the reactants. No definite conclusions on the potential pri-
mary or secondary reactions of BrO, can be made at this stage. Even considering one 
order of magnitude uncertainties in the existing kinetic data, Br reactions make it the 
likely radical to explain elemental mercury depletion in the Arctic. Two independent 
studies (Ariya et al.,  2004 ; Goodsite et al.,  2004)  confirm this conclusion. The existing 
kinetic results indicate that the direct BrO impact is less important than Br, but further 
studies are required to examine this conclusion. For example, A Saiz-Lopez et al. 
 (2007)  have discovered via long path DOAS measurements, significant amounts of 
iodine oxide (IO) above the Antarctic ice, and that bromine persists there for several 
months throughout the summer, thus giving rise to a greater oxidizing effect than for-
merly though possible, given observations in the Arctic. However, there is a recent 
product studies on iodine compounds with elemental mercury, which are very much 
similar to those reported by Br counterparts (Snider et al.,  2008) . The reactions of 
molecular iodine are shown to be very slow to be significant in the atmosphere. Further 
kinetic studies on I and IO are desired.   

  15.3 Theoretical Evaluation of Kinetic Data  

 The possibility of theoretically predicting the thermochemistry of mercury-containing 
species of atmospheric interest is of strong importance due to the paucity of accurate 
experimental information. They also serve fundamentally to further  comprehend 
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the complex reaction mechanisms. Accurate ab initio studies for measurements 
such as heats of formation, reaction enthalpies, and activation energies are particu-
larly challenging, particularly in light of the large nuclear charge (80) and large 
number of electrons intrinsic to mercury. There is a detailed review on ab-initio 
thermochemical and kinetic studies on mercury reactions (Ariya and Peterson, 
 2005)  and hence we discuss previous studies only in relation to experimental 
results. The existing theoretical kinetic data are also shown in Table  15.1 . Ab initio 
calculations have to include e.g., careful choice of electron correlation method, 
treatment of relativistic effects, basis set truncation errors, etc., in order to obtain 
accurate kinetic data. The latter depends intimately on the underlying potential 
energy surface. A rigorous calculation of the rate coefficient for a given reaction 
generally involves either quantum scattering or classical trajectory calculations, 
which in turn require a global or semi-global potential energy surface (PES) calcu-
lated by ab initio methods. While these treatments are feasible for relatively small 
systems depending on the required accuracy of the underlying PES, most studies 
employ more approximate treatments of the reaction dynamics, e.g., transition state 
theory (TST) or RRKM theory (Rice-Ramsberger-Kassel-Marcus theory). 

 To the knowledge of the authors there are three studies by Goodsite et al, Khalizov 
et al, and Tossell (Goodsite et al.,  2004 , Khalizov et al.,  2003 , Tossell,  2003) . The 
three groups looked on the reaction system of reactions:

 Hg + X → HgX   (7)    

   HgX → Hg + X (-7)    

 HgX + X → HgXr
2
    (8)    

   Hg + XO → HgO + X (9)     

 where X is either Cl, Br or I. 
 Goodsite et al.  (2004)  and Khalizov et al.  (2003)  used the Gaussian 98 suite of 

programmes and the RRKM method. Goodsite et al.  (2004)  used the Steven Basch 
Kraus triple spilt CEP-121G basis set that account for some relativistic effects in 
the inner electrons of Hg. Khalizov et al.  (2003)  used two different basis sets. The 
first basis set was LanL2DZ which inner electrons substituted by effective core 
potentials and double- quality valence function for the heavier elements. The 
second basis set employs the ECP60MWB pseudo potential. Tossel used GAMESS, 
Gaussian 94 and Gaussian 98 software for the calculations also including 
relativistic effects. 

 Reaction 9 was investigated for X=Br to be endothermic and most probably 
without any importance in the atmosphere whereas reaction 2 is exothermic 
(Goodsite et al.,  2004 , Khalizov et al.,  2003 , Tossell,  2003) . At room temperature 
Reaction 9 in all the studies was calculated to be exothermic. Khalizov et al. (2003) 
concluded that Hg + Br might be the dominant processes for atmospheric mercury 
depletion episodes (AMDE) occurring during Arctic Spring. This conclusion is 
further supported by Goodsite et al., (2004) that studied the temperature 
dependence of the reaction and showed that the HgBr intermediate is stabilised 
towards uni-molecular degradation at low temperatures which permits the addition 
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of another Br (reaction 3) and thus HgBr 
2
  is a possible candidate for the formation 

of the otherwise unknown RGM. 
 From the standpoint of theoretical quantum chemistry, accurate calculations on 

molecular species involving mercury are particularly challenging in comparison to 
light, main group elements. In part this is due to its large number of electrons like 
any late transition metal atom, but the main difficulties lie in the treatment of its 
strong relativistic effects that to a large degree dictate its chemistry. Fortunately one 
can account for these effects very conveniently and accurately by use of modern 
relativistic pseudopotentials (PPs), which are also referred to as effective core 
potentials (ECPs). Nearly all ab initio calculations involving mercury employ the 
PP approximation to recover both scalar and vector relativistic effects. The former 
includes the mass-velocity and Darwin terms of the relativistic Hamiltonian while 
the latter is dominated by the spin-orbit interaction. By using relativistic PPs, much 
of the machinery of state-of-the-art quantum chemistry that has been so successful 
for lighter elements can be utilized with only few modifications for mercury-containing 
species. In regards to prediction of accurate molecular structures (better than 0.01 
Å in bond lengths) and thermochemistry (accuracies at or below 4 kJ/mol), the 
strategy can be generalized as outlined below. 

  (i) The most accurate PP parameters available for mercury and perhaps other 
heavy atoms in the system of interest should be used. Those recently developed 
by the Stuttgart group (Figgen et al.,  2005 , Peterson,  2003)  have been 
adjusted to multiconfigurational Dirac-Hartree-Fock calculations and 
appear to be the best choice at the present time for mercury and heavy main 
group elements, e.g., Br, I, Pb, etc. 

  (ii) Gaussian basis sets that have been matched to the PP(s) being used in the 
calculation should be chosen carefully. For the newer Stuttgart PPs mentioned 
above, full series of correlation consistent basis sets, e.g., cc-pV n Z-PP ( n =D, 
T, Q, 5), are now available (Ariya and Peterson,  2005 , Balabanov and 
Peterson,  2003)  and should be used if at all possible. These have the unique 
property of systematically converging computed quantities to the complete 
basis set limit as successive members of the series are used. This effectively 
removes this source of error in the calculation and is essential for accurate 
error estimates and eliminating fortuitous error cancellations that can lead to 
inaccurate predictions. 

 (iii) In terms of the choice of electron correlation method, for thermochemistry and 
equilibrium structures the coupled cluster method, CCSD(T), has been shown 
to provide very accurate results for mercury species. For large scale potential 
energy surfaces or excited electronic states, multireference configuration interac-
tion (MRCI) approaches must generally be used. Recent examples involving 
Hg include the low-lying electronic states of HgO and HgS, (Cressiot et al., 
 2007 ; Peterson et al.,  2007 ; Shepler and Peterson,  2003)  a quasiclassical trajec-
tory study of the Hg+Br recombination reaction (Shepler et al.,  2007) , and a 
global potential energy surface for HgBr 

2 
 (Shepler et al.,  2005) . While density 

functional theory (DFT) is a very popular approach in quantum chemistry due 
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to its low scaling in terms of computational cost, it has not been shown to yield 
particularly accurate results for mercury-containing species. For example, pre-
vious large basis set DFT results (Khalizov et al.,  2003)  for the reaction 
enthalpies of Hg+Br 

2 
 and Hg+Br differed by nearly a factor of two from the 

analogous (presumably accurate) CCSD(T) values. 
 (iv) While the relativistic PP will automatically account for scalar relativistic effects, 

some additional calculations incorporating spin-orbit coupling are generally 
warranted for mercury-containing systems. There are several avenues available for 
these calculations, but this remains one of the greater challenges for the accurate 
treatment of heavy-atom molecules and is not as amenable to the non-expert user. 
The reader is referred to Shepler and Peterson  (2003)  and Shepler et al.,  (2005)  for 
some representative applications to mercury-containing systems. 

 Accurate quantum chemistry calculations using the methods briefly outlined above 
have played an important role in our current understanding of the oxidation of gas 
phase mercury in the atmosphere. High level ab initio calculations (Peterson et al., 
 2007 ; Shepler and Peterson,  2003)  have conclusively demonstrated that HgO 

(g) 
 was 

not sufficiently stable to facilitate the reaction of Hg with the BrO radical. Before 
these calculations, oxidation of mercury by BrO was thought to be strongly exo-
thermic since the experimental bond dissociation energy of Hg 0  was estimated to be 
near 50 kcal/mol instead of the value of about 4 kcal/mol conclusively obtained by 
theory. State-of-the-art quantum chemical calculations on a variety of mercury-
halogen species (Goodsite et al.,  2004 ; Khalizov et al.,  2003 ; Tossell,  2003 ; 
Balabanov and Peterson,  2003 ; Shepler et al.,  2005,   2007)  led to the mechanism 
whereby the formation of the HgBr radical by atom-atom recombination is the rate 
determining step in the gas phase oxidation of mercury in the troposphere. Recently 
the quasiclassical trajectory approach has been used on an accurate HgBr-Ar poten-
tial energy surface (Shepler et al.,  2007)  to determine thermal rate coefficients for 
the recombination reaction over a wide range of temperatures. The results were in 
excellent agreement with recent laboratory measurements. Analogous calculations 
have also been carried out recently for the Hg+Br 

2 
 and HgBr + Br reactions on an 

accurate global HgBr2 potential energy surface (Shepler et al.,  2005) . The latter 
surface exhibited a large barrier to insertion of Hg into the Br 

2 
 bond, which pro-

vided a rationale for the very slow rate measured experimentally for that reaction. 
Reliable rate coefficient calculations for Hg + Br and HgBr + Br have also been 
carried out using RRKM methods (Goodsite et al.,  2004) . 

 In addition to the determination of thermal rate coefficients, one of the main 
contributions of quantum chemistry is the prediction and subsequent characterization 
of new products and intermediates from proposed mercury oxidation mechanisms. 
Since high accuracy methods can predict heats of formation and bond dissociation 
energies to better than 4 kJ/mol accuracy even for mercury compounds, this is more 
than sufficient to determine the stability of novel mercury species. One such study, 
which is ongoing in one of our research groups, is the characterization of the mercury 
hypohalite species, e.g., HgBrOBr, which have been proposed (Calvert and Lindberg, 
 2003)  to be formed by the reaction of HgBr with halogen monoxides but have not 
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yet been observed by experiment. Our initial investigations find that they are 
thermodynamically very stable species.  

  15.4 Reactions at Interfaces: Heterogeneous Reactions  

 One of the first steps for mercury to undergo in a surface reaction is adsorption. There 
are two principal modes of adsorption of mercury molecules on any surface. The 
basis of distinction is the nature of the bonding between the molecule and the surface. 
In physical adsorption (physi-sorption), the bonding is by weak Van der Waals - type 
forces. There is no significant redistribution of electron density in either the molecule 
or at the substrate surface. In a chemisorption process a chemical bond, involving 
substantial rearrangement of electron density, is formed between the adsorbate and 
substrate. The nature of this bond may lie anywhere between the extremes of virtually 
complete ionic or complete covalent character, and hence it is significantly stronger 
than physical adsorption (40-800 kJ/mol in comparison to 5-40 kJ/mol) (Atkins and 
de Paula,  2002) . There are a few ways to distinguish physisorption and chemisorp-
tion. The temperature over which chemisorption occurs can be only over a small 
surface, but is almost unlimited. However, for physisorption the temperature range is 
around condensation point of a gas such as Hg 0 . Physisorption is generally reversible, 
non-dissociative, potentially multilayer and fast, whereas chemisorption is dissocia-
tive and often include an activated process with wide range kinetic desorption and 
limited to monolayers. To distinguish the type of adsorption, one can evaluate the 
vibrational frequency of substrate-adsorbate bond, or shift in energy or intensity of 
the valence orbitals in the substrate and adsorbate surface. For most mercury environ-
mental surface studies shown in Table  15.1 , the fundamental difference between 
chemi- and physi-sorption are not yet evaluated, and should be studied in future. 

 Environmental interfaces are very dynamic with respect to Hg cycling. The main 
surfaces interacting with the air compartment are soil, vegetation, snow, ocean and 
lake surfaces. These interfaces are sites of redox reactions and Hg exchange with 
the atmosphere. We here present an overview of Hg behavior at these interfaces, 
with respect to its reactivity and evasional flux. 

  15.4.1 Lake Surface 

 Lake surfaces represent about 1% of landmass surfaces, and are therefore not major 
players in controlling global fluxes (Mason and Sheu,  2002) . However, evasion of 
Hg 0  from surfaces can significantly alter the Hg budget in these systems, with a potential 
impact on the contamination of fish. Results from a whole-ecosystem loading experiment 
(METAALICUS, Mercury Experiment to Assess Atmospheric Loading in Canada 
and the United States) have established that 45% of newly deposited Hg could be 
transformed near the water/air interface of a small boreal lake and returned to the 
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atmosphere (Amyot et al.,  2004 ; Southworth et al.,  2007) . For one of the greatest 
freshwater systems, Lake Superior, Rolfhus et al.,  (2003)  estimated that Hg evasion 
from the lake surface completely counterbalanced atmospheric Hg deposition. 

 Mercury transformations at the air/lake interface are usually dominated by the 
photoreduction of Hg (II)  to Hg 0  (Amyot et al.,  1994) . This production of Hg 0  typi-
cally displays both diel and seasonal patterns with maxima under sunlit and warm 
conditions (Zhang,  2006) . Photoreduction of Hg (II)  can be induced by UV and, to a 
lesser extent, by visible radiation. The fact that visible radiation can induce this 
reduction suggests that DOC chromophores may be involved (Fitzgerald et al., 
 2007) . Filtration experiments have shown that this photoreduction can be homoge-
neous. It can be mediated by iron(III) (Zhang and Lindberg,  2001)  and humic acids 
(Allard and Arsenie,  1991) . However, it can also be biologically-mediated (Siciliano 
et al.,  2002) . The relative importance of these mechanisms will differ with pH, light 
attenuation and DOC levels at the surface. An in-depth review on this topic is pre-
sented in Zhang and Wong,  2007 . 

 Of lesser importance in lakes, (photo)oxidation of Hg 0  to Hg (II)  has been observed 
and also follows a diel cycle (Garcia et al.,  2005) . This oxidation is mainly pro-
moted by the UV-A waveband and can be driven by the formation of strong Hg 
oxidizing agents (e.g. OH radicals) or be indirectly caused by the photoproduction 
of hydrogen peroxide which, in turn, regulates microbial oxidation processes 
(Siciliano et al.,  2002) . 

 Current models do not predict well the formation of Hg 0  and its evasion from 
lake surfaces. Processes occurring in the surface microlayer need to be better assess 
in order to establish the actual Hg 0  gradient at all water/air interfaces (for lakes, 
oceans and estuaries).  

  15.4.2 Surface of Oceans 

 Oceanic surfaces are a major site of Hg exchange at the global scale, with evasional 
fluxes accounting for about 39% of global Hg emissions (Mason and Sheu,  2002) . 
Hg at this interface undergoes similar transformations to those described for lakes. 
Rolfhus and Fitzgerald  (2004)  estimated that about 70% of volatile Hg formed in 
coastal seawaters was of photochemical origin, 20% came from bacterial processes, 
and 10% from uncharacterized dark reduction. 

 In addition, two major differences can be highlighted between freshwater and 
saltwater interfaces. First, in addition to Hg 0 , ocean waters also contain significant 
concentrations of another highly volatile species, dimethylHg. This species formed 
at depth can be brought up to the air/seawater interface by upwelling currents in 
coastal areas. Second, oxidation of Hg 0  to Hg (II)  is far more prevalent in saltwaters 
and will hamper the evasional fluxes of Hg 0 . This oxidation is photo-induced and 
promoted by halogen chemistry both above and below the water/air interface (Sheu 
and Mason;  2004 , Lalonde et al.,  2001) . In Sheu and Mason  (2004) , aqueous NaCl/
NaBr salts were photolyzed in the presence of Hg 0  

(g) 
. It was discovered that Hg 0 (g), 
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in the presence of water, salt, and under a Xe-lamp, the oxidation rate constant 
increased 100-fold compared with irradiated salt-free water. Work was done at 
ambient temperatures in a quartz container. Mechanisms proposed involved vola-
tilization of halogen species, which then react with mercury. Many secondary reac-
tions of mercury were also considered (i.e. those with OH, BrO, ClO, and O 

3
 ), 

generally initiated by the presence of salt and light energy. Sheu and Mason  (2004)  
also note reactions of Hg + Br were 25 faster than with Cl radicals. 

 Accidental Hg reduction by marine microorganisms has been proposed as a 
significant source of Hg 0  in the mixing layer for a long time (Mason et al.,  1995) . 
There is evidence the bacterial mercuric reductase enzyme (MerA) will reduce 
MeHg and inorganic Hg (II)  species to Hg 0 (g) in Arctic coastal and marine environ-
ments (Poulain et al.,  2007) . It is noted this reduction is an apparently deliberate 
self-preservation of certain biota against methylmercury contamination in water. In 
addition to photoreduction recycling mercury, bacteria are capable of re-volatilizing 
the metal at comparable levels even with only 1% of cells active. 

 As mentioned for lakes, very few studies have focus on the sea surface microlayer, 
even though microscale processes in this layer may have an important impact on 
evasional fluxes. 

 Using  ab-initio  chemistry, Shepler et al.,  (2007 b) noted water microsolvation (using 
1-3 water molecules) favored the oxidation of mercury in the presence of bromine. 

 Hg Br HgBr+ →    (10)    

 2HgBr Br HgBr+ →    (11)    

 2HgBr Br Hg Br+ → +    (12)     

 Reactions (10) and (11) were found more favorable in the presence of water, 
whereas reaction (12) was less favorable when solvated. They conclude it is prob-
able the effects of ice, snow, and water surfaces enhance the scavenging of mercury 
by halogens.  

  15.4.3 Snow Surface 

 The role of the snow surface on the reactivity of Hg and its release to the 
atmosphere has been discussed for polar regions in Chapter 9 of Steffen et al.  (2007) . 
It has been demonstrated that in suburban and remote temperate areas, about 50% 
of newly deposited Hg is returned back to the atmosphere within 24 to 48 hours 
(Lalonde et al.,  2002) . This release results from the photoreduction of Hg (II)  to Hg 0  
in the snowpack, mostly induced by UV-B radiation (Lalonde et al.,  2003) . The 
processes leading to this reduction have not been elucidated. 
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 In forested areas, the canopy has a significant impact on the behavior of Hg in 
the underlying snowpack (Poulain et al.,  2007b) . Snow under canopy has typically 
higher Hg levels than snow from open areas (e.g. frozen lake surfaces); photoreduction 
of Hg (II)  followed by evasion is less efficient in forested areas because of light 
attenuation by the canopy. Poulain et al.  (2007c)  calculated net winter gain of Hg 
in snow under canopies dominated by conifers whereas, under a deciduous canopy, 
the pool of Hg stored at the end of the winter was comparable to that of wet deposition. 
Coniferous trees were both a source of Hg to the forest floor (via throughfall) and 
an obstacle to Hg photoreduction in underlying snow. Snow over lakes acted as a 
winter source of Hg to the atmosphere. Whereas most Hg deposited by snow on 
lakes is lost before snowmelt, Hg deposited on the forested watershed is largely 
retained in snowpacks. 

 Snow can house a number of different Hg (II)  species, i.e. HgC 
2
 O 

4
 , Hg(OH) 

2
 , 

HgOHCl, HgO (Ferrari et al.,  2002) , and possibly others. It is clear from experiments 
that Hg (II)  on snowpacks is photo-reduced by natural sunlight (Dommergue et al., 
 2007) . Mercury over snow originates from atmospheric Hg 0  

(g) 
 through dry deposition 

(Schroeder et al.,  1998)  and oxidation mainly via O 
3
 , BrO, and Br (Ariya et al., 

 2004) . Concentrations of arctic mercury on snowpacks are guided by incoming and 
outgoing fluxes, which depend on light intensity and oxidant concentration, respec-
tively. Oxidation of mercury over snowpacks is part of a dynamic system of ice, 
snow, ozone, UV-Vis light, Cl, and Br radicals (see Lindberg et al.,  2002) . It is 
believed that aerosol ice surfaces catalyze oxidation of Hg 0  

(g) 
 to HgO or HgBr 

2
 /Cl 

2
  

during the Arctic spring (Lindberg et al.,  2002) . Oxidation is aided by the destruction 
ozone by Br over ice and formation of Hg 0  oxidants (Ariya et al.,  2004 ; Oltmans 
et al.,  1989) . 

 Methylmercury (MeHg (I) ) has been observed in Arctic snowpacks (St. Louis, 
et al.,  2007) . The origins of MeHg (I)  are aqueous (oceans, lakes), however its vola-
tility is low: K 

p
  = [HgMe 

(g) 
]/[HgMe 

(aq) 
] = 2 × 10 -5 , at 298 K (Schluter, 2000). By 

contrast, volatility of dimethylmercury (Me 
2
 Hg) is much higher: K 

p
  = 0.31 

(Schluter, 2000). St Louis et al.,  (2007)  hypothesize MeHg originates from nearby 
ocean sources as MeHg 

2
 , then converts to MeHgCl in the salty snow. They note 

there is a positive correlation between total mercury and Cl concentrations over 
snowpacks. The salinity of Arctic snow can range anywhere between 20 – 2000 mg l -1  
(Ariya et al.,  2004) . 

 Snow spiked with hydrogen peroxide was observed to enhance Hg (II)  deposition 
five-fold under natural Arctic springtime sunlight (Lahoutifard et al.,  2006) . The 
mechanism of oxidation is not known, though it is suggested equilibrium can be 
formed with chlorine in acidic conditions: 

 + −+ + + ↔ +0
2 2 2 2H O 2H Hg 2Cl 2H O HgCl    (13)     

 Samples were spiked with 50  μ M H 
2
 O 

2
 , similar to natural concentrations (30 

 μ M). Hence H 
2
 O 

2
  was suggested to play a significant role in Hg 0  oxidation under 

UV light hat should be further confirmed. Bromine, as well as Cl, can oxidize Hg 0  
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in snow. Fain et al.  (2006)  calculated from field samples a mercury + bromine oxidation 
rate constant very similar to lab studies; 2 × 10 -11  cm 3  molecule  -1  s -1  at -10  o C. 

 Poulain et al.,  (2007)  observe 100-fold higher concentrations of total mercury in 
snow found near Arctic sea/ice boundaries than inland. They note melting of the 
snow/ice during springtime further enhances mercury deposition (until enhanced 
light intensity of the spring re-volatilizes condensed mercury). Douglas et al., 
 (2008)  observe various crystalline morphologies of snow will exhibit varying 
degrees of Hg 0  

(g) 
 scavenging, with up to an order of magnitude difference in depos-

ited concentrations. Heterogeneous mercury reactions evidently depend on surface 
morphology in addition to surface species present. Aspmo et al.,  (2006)  observed 
Hg 0 

(g)
 concentrations over sea ice, noting some increase in concentration (1.82 ng m -3 ) 

compared with background north Atlantic ocean levels (1.53 ng m -3 ). Analyses 
were done in the summer and spring, leading to the possibility of re-emission of 
Hg (II)  over ice and snow. Depth profiles of mercury concentration over snow show 
generally higher levels than atmospheric background levels. Despite observed rapid 
mercury depletion events in the polar regions (Schroeder et al.,  1998 ; Ebinghaus 
et al.,  2002) , but the over all fate is an subject of debate (Steffen et al.,  2002) . The 
total volume of mercury entering the Arctic circle is calculated to be about 300 Mg 
per year, via global model simulation (Ariya et al.,  2004) . This influx is largely 
scavenged over ice, snow, and water via bromine explosions (Tackett et al.,  2007) . 
However, this deposition in part is rapidly reduced to Hg 0  

(g) 
 later during Arctic 

springtime (Steffen et al.,  2002) . 
 Frost flowers have been a known source of halogen from sea ice for several years 

(Kaleschke et al.,  2004) . Now it is possible these ice crystals provide via high surface 
areas a scavenging of mercury (Douglas et al.,  2008)  It was found crystals formed 
in the vapour phase have higher mercury concentrations (2-10 times as much) than 
snow deposits. The only difference between frost flowers and snow deposits would 
appear to be their morphology; hence the surface design (diamond dust, surface 
hoar, blowing snow, glass trays) may also affect kinetics of Hg(II/I). A previous 
study already supposed Br radicals are released from the sea ice crystals (Gauchard 
et al.,  2005) , implying heterogeneous reactions are responsible in part for mercury 
oxidation. However, we point out that the Br/BrO + Hg 0  oxidation itself is gaseous. 
Trace species affecting Hg reduction/oxidation in snow include, but are not limited 
to, Br - , Cl - , microbes, and ice/snow morphology.  

  15.4.4 Soil Surface 

 Mercury air-soil exchange is an important component of the Hg cycle at regional 
and global scales (Grigal,  2002) . Hg 0  volatilization from soils has been correlated 
to soil Hg concentration (Gustin et al.,  1999) , soil moisture (Gustin and Lindberg, 
 2005) , atmospheric oxidants (Gustin et al.,  2005) , meteorological conditions (barometric 
pressure, temperature, wind speed and turbulence, and solar radiation). 



15 Major Chemical and Physical Processes of Mercury Dynamics 489

 Under low atmospheric Hg concentrations, barren soils can act as Hg sources to 
the atmosphere during the day or sinks of Hg at night (Xin and Gustin,  2007) . 
Photochemical processes are likely the main driver of Hg 0  formation and evasion 
when the substrate is moist or after rain events (Edwards et al.,  2001) , whereas 
solar-induced thermodesorption of Hg 0  is probably more important under dry 
conditions (Poissant et al.,  2004) . The sorption properties of soils will be dictated 
by the mineralogical composition. For instance, the presence of kaolinite, montmo-
rillonite, and goethite in soils has been shown to enhance the sorptive capacity of 
soils (Edwards et al.,  2001) . 

 Since soils can significantly differ in their sorption capacity and their reactivity, 
and current evasional estimates are site-specific, the overall global fluxes associated 
with soils are still poorly constrained and need further assessment.  

  15.4.5 Vegetation Surface 

 Vegetated areas are key players in global Hg cycling. According to Mason and Sheu 
 (2002) , net Hg evasion from land is 8 Mmol yr -1 ; emissions from vegetated areas 
(forest, prairies and farmland) are estimated at 9 Mmol yr -1  and uptake of Hg 0  by 
plant drives a depositional flux of -7 Mmol yr -1 . Because of the magnitude of these 
vegetation fluxes, a far better understanding of these surfaces is needed to constrain 
flux estimates. 

 The plant/air interface is a site of both passive and active exchange of Hg (II)  and 
Hg 0 . For example, atmospheric particulate Hg and reactive gaseous Hg can be 
absorbed on leaf surfaces after dry deposition (Hanson et al.,  1995) . Stomata can 
actively take up atmospheric Hg 0  (Lee et al.,  2000) . This assimilated Hg can come 
either from passing air masses or from soil Hg emissions below the canopy; in the 
latter case, this uptake results in a fast cycling of Hg within the forest. In contami-
nated sites, plants can translocate Hg from soils to leaves, with some Hg being 
released through stomata or through litterfall. The leaf surface has also been shown 
to be a site of photochemical transformations of deposited Hg (II)  to Hg 0 , followed 
by its evasion to the atmosphere. The UV band was shown to be the most efficient 
radiation in this reduction.  

  15.4.6 Carbon (Fly Ash, Charcoal) 

 Knowledge that coal combustion is a source for mercury dates back over 35 years 
(Joensuu,  1971) . Residues of coal combustion in industrial power plants generate 
fly ash, composing mostly of SiO 

2
  and Al 

2
 O 

3
 . Fly ash composition and morphology 

make it suitable for zeolite synthesis (Querol et al.,  1997) . Flue gas may be comprised 
of CO 

2
 , O 

2
 , CO, NO, NO 

2
 , SO 

2
 , H 

2
 S, HCl, NH 

3
 , N 

2
 O, and Hg (Hall et al.,  1995) . 

Incomplete combustion (T < 400  o C) leads to carbon in fly ash, usually enhancing 
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mercury adsorption (Pavlish et al.,  2003) . Presence of carbon also leads to high “Loss 
on ignition” (LOI), which is defined in the context of coal combustion as the fly ash 
weight loss at a given (elevated) temperature. Thus the carbon content may be 
expelled when sufficiently heated, possibly taking absorbed mercury with it. Presence 
of carbon was found to increase the BET surface area of fly ash, enhancing adsorption 
(Hower et al.,  2000) . Surface area per unit mass, and per unit area in the flue, is sig-
nificant in describing adsorption. Carbon content ranges from 6 to 850 m 2  g −1 , with 
 ∼ 70 m 2  g −1  in charcoal (Chen,  2007) . The BET surface area of iron oxide is 62 m 2  g −1  
(Wu et al.,  2006) . Soot/fly ash may disperse globally; fly ash has been shown to be a 
component of Arctic aerosols (Daisey et al.,  1981) . It is possible carbon in aerosols 
will affect mercury oxidation rates under environmental conditions. 

 Presto and Granite  (2006)  have efficiently summarized the significant contributions 
carbon, metal, metal oxide, and other surfaces in simulated and experimental 
coal-combustion conditions. We attempt to avoid duplication of their review material 
by further updating this subject, though some reference material of theirs is necessarily 
highlighted. We also refer the reader to Pavlish et al.,  (2003)  for an earlier review 
of mercury capture in power plants. 

 Activated carbon can absorb mercury in aqueous solutions as well gaseous sys-
tems (Namasivayam and Kadirvelu,  1999 ; Ranganathan, 2002; Yardim et al.,  2003) . 
Sen and De  (1987)  found that aqueous Hg(NO 

3
 ) 

2
  was readily adsorbed by fly ash at 

a pH = 3.5 – 4.5. At a pH of 5, Hg (II)  was hypothesized to transform into Hg(OH) 
2
  

over the carbon (Namasivayam and Kadirvelu,  1999) . Chen  (2007)  noted that H 
2
 O 

(g) 
 

did not affect mercury oxidation. Some experiments have noted humidity negatively 
affecting oxidation (Menke and Wallis,  1980 ; Seigneur et al.,  1994) . 

 It is clear that many factors affect the adsorption - hence redox - reactions of 
mercury over fly ash. The most important trace elements affecting the oxidation 
rate are HCl, ClO, and Cl 

2
 . Mechanistically, we suspect that the majority of oxidation 

in the presence of fly ash or carbon is heterogeneous based on the evidence of 
Presto and Granite  (2006) . Temperature is a significant factor in oxidation rate; 
optimal values must be achieved to balance reaction efficiency and total adsorption. 
Hall et al.,  (1995)  discovered a mixture of oxygen and mercury at 100-300  o C 
would react in the presence of fly ash or carbon. There was a measurable oxidation 
rate constant of  ∼ 10 -4  s -1 . Surface kinetics have been postulated to obey a Langmuir - 
Hinshelwood mechanism, where both mercury and oxygen adsorb onto the carbon 
surface before reacting. A temperature of about 200  o C was found optimal. Xu et 
al.,  (2008)  (see also Change and Offen,  1995)  compared mercury oxidation by dif-
ferent pathways using a combination of kinetic modeling and  ab initio  chemistry 
over a carbon surface. They conclude that Hg 0  + ClO reactions may be more sig-
nificant at T > 130 o C than mercury reactions with either Cl 

2
  or HCl. 

 We conclude this section by stating the use of fly ash or charcoal in removing 
mercury is not cost-effective (Change and Offen,  1995) , varying between 
14,000 – 38,000 USD/lb Hg. The useful temperature range is not wide for 
carbon; the peak efficiency temperature is  ∼ 200  o C (Hall et al.,  1995) . Carbon 
is not effective at high temperatures (> 400  o C) due to its LOI. Some studies 
find temperature to be inversely proportional to Hg 0  removal (Dunham et al., 
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 2003) ; it is found that carbon at 20  o C absorbs Hg 0  better than at 40  o C (Hwang 
et al.,  2002) . Fly ash is stable at high temperatures, however efficiency also 
decreases with increasing temperature. Fly ash also does not efficiently oxidize 
mercury unless other additives (HCl,H 

2
 S) are present. Although carbon/fly ash 

injection is a very natural method to removing Hg 0  
(g) 

, it remains the engineers’ 
and physical chemists’ goal to achieve improved mercury absorbency by more 
robust and cheaper adsorbents.   

  15.5 Open Questions and Future Directions  

 The lack of knowledge in the gas phase and liquid phase looks insignificant in 
comparison to the lack of knowledge at the interfaces, and thus heterogeneous reac-
tions. The knowledge of mercury chemical, physical and biological interactions at 
environmental surfaces is scarce at best. It is now evident that the existence of the 
surfaces, different types of surfaces, and different environmental conditions can 
alter the transformation of mercury in pure gas phase or aqueous phase. However, 
the quantification of the impact of surfaces is yet to be understood. The challenges 
facing surface chemistry includes:

   1.    As far as the theoretical calculations are concerned, one of the major challenges 
is the accurate inclusion of spin-orbit coupling effects, particularly for large 
molecules and clusters. Advances are currently being made in the area of two-
component DFT theory and this may very well be a promising avenue for incor-
porating these effects. Of course the methods outlined above are also mostly 
limited to gas phase calculations. Accurate theoretical treatment of condensed 
phase system continues to be a great challenge. Both cluster models and ab initio 
molecular dynamics methods will certainly play a large role in future studies of 
the heterogeneous reactivity of mercury.  

   2.    Despite the novel positive acquisitions of knowledge from experimental and 
theoretical studies of gas-phase elemental mercury chemistry there are still 
large gaps before a complete understanding of the fate of mercury in the atmos-
phere is obtained. It is essential to provide kinetic data, information about 
formed products.  

   3.    There are some limited studies on the kinetics of gas-phase elemental mercury 
oxidation on surfaces (e.g., Lee et al,  2004 ; Flora et al.,  1998 ; Vidic et al.,  1998) . 
However, experimental studies on uptake or kinetics of heterogeneous reactions 
of mercury on various environmentally relevant surfaces such as ice, snow, and 
aerosols and biomaterials, are needed.  

   4.    Lack of knowledge of detailed mercury chemical speciation in the field studies. 
Currently, the existing techniques are quite poor in providing detailed chemical 
structure of mercury compounds at the environmental interfaces as at the matter

  of fact even in atmosphere, water and snow. The operational definitions are used 
to discern amongst different functional groups, however, as they are not based 
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on fundamental understanding of physical and chemical structures of molecules, 
it is very difficult to use them adequately for proper understanding of surface 
chemistry and physics of mercury. Further development of targeted techniques 
for detailed mercury analysis is essential.  

    5.    Currently, the knowledge of chemical reactions involving mercury compounds 
in aerosols and clouds is limited, and sometimes contradictory, liquid phase 
chemistry kinetic data. However, there is an urgency of for research on hetero-
geneous mercury reactions at fundamental theoretical, kinetic and dynamic 
studies, as well as proper incorporation in atmospheric modeling.  

    6.    Fundamental surface sciences during the last several decades have achieved 
break through understanding of interfaces at molecular and cluster levels. It is 
wise for mercury scientists to take advantage of this existing body of knowledge 
including techniques such as various types of electron microscopy (e.g. trans-
mission to electron force) to further understand the physical property of the 
surfaces, and the nature of the bonds between substrate and surface, as well as 
substrate-substrate configuration changes upon interactions with surfaces. This 
case is particularly valid for surfaces such as snow, as well as aerosols and cloud 
droplets. It is of outmost interest to understand the mechanism(s) on or wihin 
these surface reactions.  

    7.    The nature of diffusion of mercury species in surfaces and interfaces (e.g., 
snow/ice) should be characterized.  

    8.    The importance of so-called “micro-layer” within the interface in relation to the 
entire surface should be studied.  

    9.    There is an amazing range of biological surfaces available for mercury transfor-
mation. Reactions are shown to occur on the surfaces or be altered within the 
biological bodies. The detailed chemical transformation of such reactions impli-
cating biological transformation of mercury and its impact on physical and 
chemical characteristics of mercury compounds in environment is a fascinating 
field of studies that should be attempted from nano to macro scales.  

   10.    We know presently full well that to grasp the mercury transformation on this 
planet, the knowledge of pure gas, or condensed-phase physics and chemistry 
will not suffice. The feedbacks of gas phase on surfaces or liquid/solid/hetero-
geneous phase on environmental surfaces are ought to be characterized. The 
impact of heterogeneity on surfaces in local, regional and global scales is ought 
to be understood.  

   11.    Anthropogenic activities in the domains of new materials and nanotechnology, 
has produces novel surfaces as product of by-product of such activities. These 
molecules are in addition to oxidized transition metals (Fe, Mn, V, Cu, Ti), 
noble metals (Au, Pd, Ag, Cu) and metal oxides, glass type structures that are 
known to be involved in mercury transformations or its removal. There is not 
much known on the interactions of human-made novel surfaces with mercury 
compounds. As anthropogenic activities currently represent the major mercury 
emission in the atmosphere, the importance of these surfaces on Hg transforma-
tion should be understood.          
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   Chapter 16   
 Importance of a Global Scale Approach 
to using Regional Models in the Assessment 
of Source-Receptor Relationships for Mercury       

     O. Russell   Bullock   Jr.    and    Lyatt   Jaeglé      

  Summary   Regional atmospheric models simulate their pertinent processes over 
a limited portion of the global atmosphere. This portion of the atmosphere can be 
a large fraction, as in the case of continental-scale modeling, or a small fraction, 
as in the case of urban-scale modeling. Regional modeling of any air pollutant 
requires that the meteorological and chemical conditions at the boundaries of the 
model domain be taken into account, especially if the pollutants are long-lived. 
It was once a common practice for the boundary concentrations of mercury and 
its reactants to be specified using time-constant values based on limited histori-
cal observation. These values were often invariant in the horizontal and vertical 
dimensions too. This relatively simple procedure for establishing boundary con-
centrations could be justified based on the previous notion that mercury was a 
rather inert and long-lasting air pollutant. However, with the subsequent discov-
ery of rapid physical and chemical transformations of atmospheric mercury and 
significant concentrations of oxidized mercury far removed from known emission 
sources, the presumption of mercury as an inert substance has generally disap-
peared. The effect of intercontinental transport is now treated with greater concern 
in regional atmospheric mercury modeling. Global mercury models are now com-
monly used to define boundary values for regional mercury modeling. However, 
the global and regional models must use consistent information for emissions, 
surface physiology and meteorology to achieve consistent simulation results and 
associated source-receptor relationships. There is certainly a need for interna-
tional cooperation on field research and numerical model development to supply 
the tools needed for confident assessment of source-receptor relationships for 
mercury on both global and regional scales.    

  16.1 Introduction  

 Regional models are typically used for atmospheric modeling when fine spatial 
detail is desired over a specific area of interest and there is insufficient computing 
power available to calculate the model over the entire global extent of the atmosphere. 
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Regional models are also used when there is a lack of necessary information 
outside of the region of interest. Regardless of motivation, regional models have 
been used to identify and assess the sources responsible for a variety of atmospheric 
contaminants including mercury. However, regional models typically require a 
specification of conditions at the lateral boundaries of their model domains. When 
these lateral boundary conditions are found to be important to the simulation of 
conditions within the model domain, a compromise must be made between model 
fidelity and model practicality. In order to make the simulations more realistic and 
credible, the model domain must be expanded to the largest extent possible while 
still allowing the necessary model calculations to be perfomed. 

 Some examples of regional models that have been used to simulate atmospheric 
Hg are the Acid Deposition and Oxidant Model (ADOM) (Petersen et al.,  2001) , the 
Community Multiscale Air Quality model (CMAQ) (Bullock and Brehme,  2002) , 
the Danish Eulerian Hemispheric Model (DEHM) (Christensen,  1997) , the Eulerian 
Model for Air Pollution (EMAP) (Syrakov, 1995; Ilyin et al.,  2002) , the Regional 
Modeling System for Aerosols and Deposition (REMSAD) (ICF,  2005) , the Trace 
Element Analysis Model (TEAM) (Pai et al.,  1997)  and the Hybrid Single Particle 
Lagrangian Integrated Trajectory model (HYSPLIT) (Cohen et al.,  2004) . However, 
the HYSPLIT model uses a Lagrangian modeling framework to track pollutant 
emissions from within its modeling domain and does not treat boundary fluxes of 
mercury. The following discussion deals only with models using Eulerian frameworks 
where boundary fluxes are considered in the treatment of global transport. 

 Mercury (Hg) is known to be a global pollutant due to the long atmospheric 
lifetime of gaseous elemental Hg (GEM). As a global pollutant, trans-boundary 
flows of Hg into regional modeling domains are an obvious concern. The mean 
atmospheric lifetime of GEM is believed to be on the order of months or longer. 
This long lifetime implies slow deposition where only a small fraction of the 
GEM transported into a regional model domain is likely to deposit before it is 
eventually transported out. For this reason, some early modeling assessments of 
source attribution and trans-national-boundary flux were conducted using rather 
simple estimates of the boundary concentrations of GEM based on the assumption that 
they have little effect on the simulated deposition and source-receptor relationships 
of Hg (US EPA,  1997 ; Bullock,  2000) . However, two additional Hg species are 
measurable in ambient air, namely reactive gaseous Hg (RGM) and particulate Hg 
Hg(p), and both are known to deposit from the atmosphere at a significant rate. 
Boundary values for RGM and Hg(p) concentrations have been a concern since 
the early days of atmospheric mercury modeling, but they were often assumed to 
be negligible at regional boundaries far removed from industrial sources. Since 
then, rapid atmospheric conversion of GEM to oxidized forms was first reported by 
(Schroeder et al.,  1998)  and has been reported subsequently at a number of other 
polar and circumpolar locations. Evidence of significant concentrations of Hg(p) at high 
altitude has also been reported (Murphy et al.,  2006) . Because of these recently 
discovered opportunities for the creation and long-range transport of oxidized forms 
of Hg, boundary concentrations for all three measurable Hg species have become a 
greater concern for regional modeling of atmospheric Hg. 
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 To address these concerns, global modeling with relatively coarse spatial reso-
lution has been used as a preliminary step to define lateral boundary conditions for 
fine-resolution regional Hg modeling (Seigneur et al.,  2001 ; Seigneur et al.,  2004 ; 
US EPA,  2005) . This technique can provide more realistic, time-resolved boundary 
information to regional models. Of course, global models are subject to the same 
uncertainties regarding their simulation of emission, transformation and deposition 
of Hg as are regional models. 

 Basic scientific uncertainties about the true behavior of atmospheric Hg are 
discussed in previous chapters of this volume. As discussed below, boundary 
concentrations derived from global models can differ significantly, as can the responses 
of the regional model when exposed to these differing boundary conditions.  

  16.2 Previous Testing and Application  

 Results from a study of atmospheric Hg models conducted by the Meteorological 
Synthesizing Centre - East (MSC-E) from 2000 to 2005 provide a good example of 
how regional modeling can be used to assess source-receptor relationships 
(Ryaboshapko et al.,  2007) . Three individual countries roughly equal in size but 
located in different parts of Europe were selected by MSC-E for source-receptor 
calculations: the UK, Poland and Italy. 

 Figure  16.1  (from Ryaboshapko et al.,  2007)  shows the range of model simula-
tion results for total Hg deposition to these three countries during February 1999, 
August 1999 and for the entire year of 1999. The regional model simulations 
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were also used to calculate four parameters: (NAS) deposition caused by National 
Anthropogenic emission Sources of a given country; (EAS) deposition caused by 
all European Anthropogenic emission Sources except the anthropogenic sources of 
a given country; (GNR) deposition caused by Global anthropogenic sources (excluding 
European sources), Natural sources and Re-emission; and (ROF) Relative Out-
Flow determined as a fraction of national anthropogenic emissions transported outside 
a given country. Two models (ADOM and CMAQ) stored their output data in such a 
way that EAS and GNR could not be calculated separately and had to be combined 
into a single parameter. These source-receptor parameters as calculated for Poland 
are shown in Figure  16.2  (from Ryaboshapko et al.,  2007).  

The range of results shown here for Poland is typical of those found for the U.K. 
and Italy. The differences in the simulated monthly and annual deposition amounts 
to each of the three countries are certainly significant, as are the differences in source 
attribution and relative outflow parameters. Because the regional models applied in this 
first Hg model intercomparison study were free to use different data for meteorology, 
boundary concentrations, and concentrations of Hg reactants within their individual 
modeling domains, it was not possible to determine if the simulation differences were 
primarily due to variations in basic process modeling or if they were simply due to 
the use of different boundary concentrations or other types of input data.   
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  16.2.1  Introduction of Dynamic Global Modeling 
for Boundary Conditions 

 Concurrently with the MSC-E study, researchers at Atmospheric and Environ-
mental Research, Inc., (AER) developed a model nesting approach for Hg using a 
global chemical transport model (CTM-Hg) and an imbedded regional model 
covering North America (Seigneur et al.,  2001) . The global CTM-Hg described in 
Shia et al.  (1999)  provided a horizontal resolution of 8° latitude and 10° longitude 
and a vertical resolution of 7 layers between the Earth’s surface and  ~ 12 km altitude 
and 2 layers between  ~ 12 km and 30 km altitude. The regional model employed 
was the Trace Element Analysis Model (TEAM) described in Pai et al.  (1997) . It 
provided a horizontal resolution of 100 km and a vertical resolution of 6 layers 
between the Earth’s surface and 6 km altitude. Both models were used to simulate 
the year of 1998. Figure  16.3  (from Seigneur et al.,  2001)  shows a comparison 
of annual average total gaseous Hg (TGM) as simulated by the TEAM along with 
available measurements for 6 U.S. states.  

 Because TGM includes both Hg 0  and RGM, knowledge about its concentration 
in air provides only limited guidance for estimating Hg deposition flux. Atmospheric 
concentrations of RGM are usually a small but highly variable fraction (0.1-10%) of 
the TGM concentration and RGM is much more readily deposited than Hg 0 . Figure  16.4  
(from Seigneur et al.,  2001)  shows a comparison of simulated and observed annual 
wet deposition fluxes of Hg for 12 U.S. states. The observations were obtained 
from the Mercury Deposition Network (MDN) described by (Vermette et al.,  1995) . 

  Figure 16.3    Comparison of simulated annual-average gas-phase mercury concentrations ( ng m   -3  ) 
with measured data for 1998       
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The observed values shown are the average of all MDN observations for each state 
where 8 of the 12 states had 2 or more MDN observations. These results certainly 
demonstrated some modeling skill for Hg wet deposition. However, as discussed in 
Seigneur et al.  (2001) , a number of uncertainties affected these modeling results. 
Some of those uncertainties had to do with global “background” emissions and 
atmospheric transformations of Hg during intercontinental transport. The lack of 
information about dry deposition of the Hg species simulated was also identified as 
a source of uncertainty. Nonetheless, this first integration of regional and global 
modeling was hailed as an advance towards a better modeling approach for 
atmospheric Hg. However, the models themselves were recognized to be deficient 
with regard to scientific process information for Hg and this deficiency remains an 
issue in atmospheric Hg modeling today.  

 Another example of using global models to provide boundary data for regional 
modeling of atmospheric mercury is modeling performed by the U.S. EPA to 
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 investigate proposed reductions in mercury emissions from coal-fired electric gen-
erating units (EGUs) within the U.S. For this analysis, the CMAQ model was used to 
simulated the year 2001 with and without future Hg emission reductions. Input data for 
initial and boundary concentrations of Hg and other pertinent air pollutants were 
derived from the global GEOS-Chem model (Selin et al.,  2007) . This approach has 
now been adopted by the U.S. EPA and it represents an advance from earlier CMAQ 
modeling of Hg where time-invariant boundary values were used (Bullock and 
Brehme,  2002) . 

 To evaluate the accuracy of the CMAQ 2001 simulation, results for annual wet 
deposition of total Hg were compared to observations from the MDN in much the 
same way as Seigneur et al.  (2001)  had done for the TEAM model. However, many 
more MDN observations were available for the 2001 time frame of the US EPA 
study. Also, each individual observation was compared to its corresponding model 
result without any state-by-state averaging. The results of this comparison are shown 
in Figure  16.5 . Discounting one comparison for the MDN station in British Columbia 
(BC) where the model input data for precipitation were found to be grossly inaccurate, 
the CMAQ base-case simulation resolved about 60% of the observed variance in annual 
Hg wet deposition. Figure  16.6  shows the simulated reduction in Hg deposition 
from all Hg emission controls expected to be in force by 2020. Significant reductions 
in Hg deposition are confined to a rather small fraction of the continental U.S. This 
suggests that much of the Hg deposition in the relatively unaffected areas might be 
attributable to Hg transported into the modeling domain. The following section 

  Figure 16.5    Comparison of CMAQ-simulated total Hg wet deposition for 2001 to observations 
from the Mercury Deposition Network (MDN). The result for the MDN monitor in British 
Columbia (B.C.) is discounted in the calculation of the least-squares linear fit and the R 2  statistic 
because of errors in the precipitation input data for that location       
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discusses an investigation of the importance of boundary fluxes of Hg to simulations 
with the CMAQ model and two other regional models.     

  16.3 Testing Model Sensitivities to Intercontinental Transport  

 The North American Mercury Model Intercomparison Study (NAMMIS) was 
organized by the US EPA to apply regional-scale atmospheric Hg models in a 
tightly constrained testing environment with a modeling domain in North America 
where standardized measurements of Hg wet deposition are available (Bullock et al., 
 2008a ;  2008b) . The intent was to have all regional models in the study use exactly 
the same input data for initial and boundary conditions, meteorology and emissions, 
and to have all models applied to exactly the same horizontal modeling domain so 
that the effects of differing input data could be reduced, thus allowing the effects of 
differing scientific process treatments to be better understood. The ultimate goal was 
to determine which scientific process uncertainties are contributing most to observed 
discrepancies in model simulations of Hg deposition. Three regional atmospheric 
Hg models were applied: CMAQ, REMSAD, and TEAM. Each was applied to simulate 
the entire year of 2001 using three different initial condition and boundary condition 
(IC/BC) data sets, each developed from a different global model. The global models 
used were the CTM-Hg and the GEOS-Chem models (both described above) and the 
Global/Regional Atmospheric Heavy Metals (GRAHM) model described in Dastoor 
and Larocque  (2004) . All regional modeling results were compared to observed Hg 

  Figure 16.6    CMAQ-simulated results for the percent reduction in mercury deposition by 2020 
when proposed regulations are fully implemented       
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wet deposition data from the MDN and special event-based monitoring at the Proctor 
Maple Research Center (PMRC) near Underhill, VT (Keeler et al.,  2005) . 

 The global models were not the primary subjects of the study, but they did 
exhibit significant differences in their simulated air concentrations of Hg 0 , RGM 
and particulate Hg at the lateral boundaries of the regional modeling domain for 
the NAMMIS. Thus, the three IC/BC data sets provided an opportunity to investigate 
the effect of uncertainty regarding intercontinental transport of Hg species. 
Figure  16.7  shows the annual average air concentrations of Hg 0 , RGM and particulate 
Hg across the western boundary of the regional domain as determined from the 
CTM, GEOS-Chem and GRAHM global simulations. While the patterns of Hg 0  air 
concentration are somewhat different, it is unlikely that these differences would 
affect the resulting deposition pattern for total Hg across the regional model domain 
since Hg 0  is deposited quite slowly under most conditions. However, the differences 
in RGM and particulate Hg concentration patterns may very well affect the total-Hg 
deposition pattern and the modeling accuracy as compared to observations. Figure  16.8  
shows the resulting R 2  correlation statistic for simulated annual Hg wet deposition 
compared to observed values for each of the regional model simulations conducted 
in the NAMMIS. Figure  16.9  shows the mean fractional bias for each simulation 
while Figure  16.10  shows the mean fractional error. In addition to model-to-model 
differences in these statistics, these figures also show a considerable sensitivity of 
all three models to the IC/BC data sets used.     

 The US EPA has performed additional qualitative analysis of the CMAQ modeling 
results for Hg wet deposition obtained from the three IC/BC data sets from the 
NAMMIS (Bullock,  2008) . This analysis looked at the concentration patterns of 
Hg 0 , RGM and particulate Hg along all four lateral boundaries for each IC/BC set. 
It was shown that Hg 0  concentrations at the boundaries had a slight and somewhat 
negative correlation to the magnitude of the wet deposition flux, both at locations 
near the boundaries and within the interior of the modeling domain. 

 This is because the lower Hg 0  concentrations simulated by the global models 
were associated with higher RGM and particulate Hg concentrations as a product 
of simulated oxidation of Hg 0  to gaseous and aerosol Hg (II)  forms. Indeed, the analysis 
of CMAQ sensitivity to RGM at the boundaries showed obvious positive correlations 
with simulated Hg wet deposition, especially near the boundaries. The CMAQ showed 
less sensitivity to particulate Hg concentrations at the boundaries as compared to 
RGM, but positive correlations with total-Hg wet deposition were noted. 

 In general, the NAMMIS and follow-on studies have shown that RGM concen-
trations specified at the lateral boundaries of regional modeling domains can have 
a significant effect on the intensity of Hg wet deposition simulated, not only near the 
boundary but also in interior regions of the domain. Lateral boundary concentrations 
specified for other mercury species may also impact simulations of wet deposition. 
It is difficult to draw firm conclusions about the effect of Hg 0  boundary concentrations 
brought about by simulated or actual intercontinental transport without also considering 
the effect of boundary fluxes of important oxidants of mercury (e.g., ozone, hydroxyl 
radical, halogens).  
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  Figure  16.8    R 2  correlation statistics for simulated annual Hg wet deposition compared to 
observed values for each of the regional model simulations conducted in the North American 
Mercury Model Intercomparison Study       
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  Figure 16.9    Mean fractional bias (percent) for simulated annual Hg wet deposition compared to 
observed values for each of the regional model simulations conducted in the North American 
Mercury Model Intercomparison Study       
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  16.4 Future Research and Policy Implications  

 Numerical simulation modeling has played a critical role in the advancement of our 
scientific understanding of many environmental and ecological issues. As we make 
new observations and gain knowledge about specific aspects of atmospheric 
mercury behavior, that knowledge is incorporated into numerical models by adding 
to or modifying its formulations. These new formulations are tested when model 
simulations are compared to new independent observations. This iterative process 
of observation and model development has provided us with the models we have 
today. Certainly, there remain some serious gaps in our understanding of atmospheric 
mercury emission, transformation and deposition. Scientific uncertainty affects all 
atmospheric mercury models, both regional and global. Whether current models are 
good enough to be used as a basis for environmental protection policy is as much a 
political question as a scientific one. It is interesting to note that, for the regional 
models applied in the NAMMIS, the lowest mean fractional error for annual Hg 
wet deposition was around 30%, which is comparable to the inter-annual variability 
seen in Mercury Deposition Network observations over the past few years (see 
  http://nadp.sws.uiuc.edu/mdn/maps/    ). This suggests that the modeling error from 
the best models currently available introduces a similar level of uncertainty as does 
the choice of the particular annual period to be simulated. 

 Gaps in our understanding of chemical and physical processes are discussed in 
the previous chapter. Here we have shown that regional model simulations of 
atmospheric mercury are sensitive to the boundary concentrations of Hg specified as 

80.0

70.0

60.0

50.0

40.0

30.0

20.0

10.0

0.0

CAM
AQ/A

ER C
TM

CAM
AQ/G

EOS-C
he

m

CAM
AQ/G

RAHM

REM
SAD/A

ER C
TM

REM
SAD/G

EOS-C
he

m

REM
SAD/G

RAHM

TEAM
/A

ER C
TM

TEAM
/G

EOS-C
he

m

TEAM
/G

RAHM

  Figure 16.10    Mean fractional error (percent) for simulated annual Hg wet deposition compared 
to observed values for each of the regional model simulations conducted in the North American 
Mercury Model Intercomparison Study       
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input data. Global models do not require spatial boundary information by nature of 
their definition. During the last few years, it has become common practice for regional 
models to be supplied their necessary boundary information based on global model 
simulations. However, we have shown here that current global models do not agree 
on the Hg concentrations that the regional models are sensitive to. There is an obvious 
need for a globally common framework for observation and modeling and a unified 
assessment of global-scale mercury transport. 

 In the past 10 years, new and improved information on sources and behaviour 
of atmospheric mercury has certainly improved our basic scientific understanding. 
For example, the discovery of gaseous mercury depletion events in circum-polar 
locations and the subsequent determination that halogens from sea water were 
chemically oxidizing elemental mercury to forms that rapidly deposited to the 
local snowpack. High altitude measurements of discrete mercury species have 
found that elemental mercury air concentrations tend to decrease with height, and 
that the concentrations of oxidized forms of Hg tend to increase with height, 
suggesting that significant oxidation of Hg is taking place in the middle and/or 
upper levels of the troposphere. Laboratory experiments have been used to estimate 
kinetic rate constants that all models need for their simulations of chemical transfor-
mations. Increases in computing speeds and memory capacity have allowed the 
application of fine-scale modeling over larger spatial and temporal domains. 
However, we still cannot simulate global scale atmospheric mercury at the fine spatial 
resolution required for environmental assessment of specific water bodies where Hg 
contamination is a problem. 

 One aspect of using global models to provide boundary information for regional 
models deserves special attention for future development. Global and regional 
models need to use consistent meteorological data in their respective simulations. 
For example, all models simulate higher concentrations of RGM in air masses that 
have not been subject to wet deposition over a long period of time. If a global model 
simulates no precipitation and high RGM concentrations at a regional model boundary 
where the regional model simulates some precipitation, the regional model will show 
excessively large wet deposition fluxes near that boundary. In reality, truly dry air 
masses do not develop precipitation instantaneously. Instead, cloud water droplets 
are gradually formed where significant quantities of RGM could be dissolved, 
chemically reduced to Hg 0  and released back to the air before precipitation and wet 
deposition could occur. Wind flow patterns also need to be consistent between the 
global and regional models. The global model might simulate wind flow from an 
area of concentrated emissions within the regional model domain towards the 
boundary while the regional model instead simulates wind flow in the opposite 
direction. This results in the regional model simulating in-flow and deposition of 
Hg from internal sources. In the opposite case, where the regional model simulates 
out-flow, the boundary concentrations from the global model are of no consequence 
at all. So the average effect of inconsistent wind flow between the global and 
regional models is an artificial recirculation of emissions from within the regional 
domain. This problem of inconsistent meteorological data can be avoided through 
the use of nested-grid meteorological modeling where the global model and the 
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regional model are essentially the same model being applied with the same 
meteorological information on two different domains with different spatial 
resolutions within those domains. 

 Obviously, source-receptor relationships simulated by regional models are influ-
enced by the boundary air concentrations specified for all pertinent pollutants. 
Regional models may be able to provide useful information about the relative 
importance of the Hg emission sources within their modeling domains without 
detailed and accurate boundary flux information. However, the importance of Hg 
emission sources located outside these domains cannot be assessed with any confi-
dence without accurate boundary concentration data for all Hg species and their 
reactants. The fact that global models do not agree in their simulated concentrations 
for pertinent species is certainly cause for concern. We must develop standardized 
ambient sampling techniques for atmospheric Hg that can be deployed all around 
the globe and at all levels of the atmosphere, not just at the surface. Then we must 
actually deploy them with a consistent and continuous coverage of Earth’s atmosphere 
in order to know if any global model is capable of providing realistic boundary data 
to regional models.      
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   Chapter 17   
 Global Mercury Modelling 
at Environment Canada       

     Ashu P.   Dastoor    and    Didier   Davignon      

  Summary   We describe the recent developments of Environment Canada’s 
atmospheric mercury model (GRAHM) and its application to the intercontinental 
source-receptor relationships of mercury. The model includes 2188 Mg yr -1  global 
anthropogenic emissions, 1600 Mg yr -1  terrestrial emissions and 2600 Mg yr -1  oce-
anic emissions). Transport, chemical transformation and deposition of Hg 0 , Hg (II)  
and Hg(p) are simulated in GRAHM within a meteorological assimilation and fore-
casting system. Current version of the GRAHM includes GEM oxidation by ozone 
in the troposphere and halogen oxidation in the Polar and the marine boundary lay-
ers. It also includes dynamic exchange of mercury fluxes at air-snow/ice interface. 
The model simulates springtime atmospheric mercury depletion events (AMDEs) 
and the net accumulation of mercury in snow in the Polar Regions. We performed 
one reference simulation with emissions as above and four perturbation simulations 
with 20% reduced anthropogenic emissions over East Asia, South Asia, Europe and 
North Africa and North America. 20% reduction in anthropogenic emissions of 
mercury over East Asia, South Asia, Europe and North Africa and North America 
represent 7.7%, 1.6%, 2.5% and 1.3% reduction in global anthropogenic emissions 
respectively. The deposition over East Asia, South Asia, Europe and North America 
are reduced by 13.5%, 7.9%, 8.3% and 4.3% due to the emission reductions within 
the same regions. Deposition in North America is found to be most affected by the 
emission reductions in other regions and the deposition in East Asia is least affected 
by outside reductions. The deposition in the Arctic is nearly equally sensitive to the 
unit emission reductions in Europe and East Asia and is most sensitive in springtime 
due to the high deposition related to AMDEs.    

  17.1 Introduction  

 Hg is on the priority list of a large number of international agreements, conventions 
and national advisories aimed at the protection of the environment including all 
compartments, human health and wildlife (e.g. CLRTAP, AMAP, UN-ECE, 
HELCOM, OSPAR and many more). The mercury methylation process is shown to 
be strongly correlated with loadings of inorganic mercury to the aquatic system 
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from the atmosphere (Hammerschmidt et al.,  2004) . Ambient measurements of 
mercury reveal a vast global pool of mercury in the atmosphere up to the tropo-
pause revealing its global nature and yet at the same time, atmospheric measure-
ments of mercury in polar regions, in marine boundary layer and in the upper 
troposphere have shown that elemental mercury can be rapidly oxidized to more 
hygroscopic forms and deposited at much shorter time scales. In the atmosphere, 
mercury is mainly present as gaseous elemental mercury (GEM), reactive gaseous 
mercury (RGM) and particulate mercury (Hg(p)). GEM is the most dominant form 
of mercury in the atmosphere with the longest life time (0.5 – 2 yr) and RGM and 
Hg(p) have a significantly shorter lifetime (few days - week) and are deposited 
rapidly via dry and wet deposition (Lin et al.,  2006) . Emissions of mercury from 
natural as well as anthropogenic sources, multiple time scales of mercury in the 
atmosphere and photochemically and biologically driven revolatilization of mer-
cury at the surface render understanding of global cycling of mercury a challenging 
subject. The impact of confounding factors such as climate change and changes in 
other pollutants in the atmosphere add to the complexity of determining the impact 
of reducing emissions of mercury on deposition. 

 In this chapter, we briefly describe the Environment Canada’s global mercury 
model GRAHM and provide results on model simulations to assess the impact of 
reduced anthropogenic emissions from four main source regions of mercury in 
Northern Hemisphere.  

  17.2 Model Description  

 The Global/Regional Atmospheric Heavy Metals Model ( GRAHM ) is an Eulerian, 
multi-scale meterological and mercury simulation model which is developed by 
including atmospheric mercury dynamical, physical and chemical processes on-line 
into Canadian operational weather forecasting and data assimilation model  GEM  
(Global Environmental Multiscale Model). Details of the model GRAHM are 
described in Dastoor and Larocque  (2004) , Ariya et al.  (2004)  and Dastoor et al. 
 (2008) . Transport, transformation and surface exchange of three mercury species, 
namely, gaseous elemental mercury (GEM), gaseous divalent mercury (RGM) and 
particulate mercury (Hg(p)) are simulated in the model. For this study, the anthro-
pogenic mercury emissions were updated to year 2000 (Pacyna et al.,  2006) . 
Terrestrial and oceanic emissions of GEM from direct natural sources and from 
previously deposited mercury were introduced based on the global mercury budget 
study by Mason and Sheu  (2002) . Land based natural emissions were spatially 
distributed according to the natural enrichment of mercury and re-emissions were 
distributed according to the distribution of total deposition of mercury for historic 
years. Oceanic emissions in the model are spatially distributed according to the 
deposition and primary production distribution. Seasonal and diurnal dependence 
is added to both land and oceanic emissions as a function of solar irradiance. 
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 Following the discussion in Calvert et al.  (2005)  and the observational con-
straints of mercury measurements on global scale, we have included slow oxidation 
of GEM by O 

3
  reported in Hall,  (1995)  as the primary oxidation of GEM in the gas 

phase. Monthly averaged and diurnally varying concentrations of O 
3
  are specified 

from a detailed tropospheric chemistry model MOZART (Horowitz et al.,  2003) . 
The oxidation product is equally partitioned between RGM and Hg(p). Oxidation 
of GEM by O 

3
 , OH and reactive chlorine and reduction of RGM by S(IV) and via 

photolysis of Hg(OH) 
2
  are part of the aqueous phase redox chemistry in the model. 

Sorption of aqueous mercury species to elemental carbon aerosols is also included 
in the model. GEM is dry deposited only over forest regions due to its low solubility 
and it is modelled using a seasonally dependent constant dry deposition velocity in 
the range of 0.001-0.03 cm s -1 . Dry deposition of RGM is parameterized utilizing 
the multiple resistance analogy. Dry deposition velocity for Hg(p) is parameterized 
as a function of particle size and density. Both gaseous and particle dry deposition 
velocities are functions of micro-meteorological conditions, land-use types, surface 
wetness, snow/ice and surface roughness characteristics. GRAHM, being an on-
line model, has the advantage of using detailed cloud micro-physical parameters 
which are simulated at each time step by the model cloud parameterization schemes 
which are used for the formation of wet deposition in the model. Mercury removal 
through the conversion of hydrometeors to precipitation as well as through below 
cloud scavenging are included in the model. 

 At polar sunrise, gaseous elemental mercury (GEM) undergoes an exceptional 
dynamic exchange in the air and at the snow surface, during which GEM can be 
rapidly removed from the atmosphere (the so called atmospheric mercury depletion 
events (AMDEs), as well as re-emitted from the snow within a few hours to days 
in the Polar Regions. During AMDEs, gaseous elemental mercury is converted to 
hygroscopic mercury species (reactive gaseous mercury and total particulate mer-
cury). Experimental and theoretical studies demonstrate that reactions of GEM with 
BrO and Br are the most likely mechanism of AMDEs in the Polar Regions (Steffen 
et al.,  2008) . Similar to the Polar Regions, diurnally varying elevated concentra-
tions of RGM are also observed in remote marine boundary layer (MBL) suggest-
ing RGM production photochemically by reactions with halogens liberated from 
sea-salt particles (Laurier et al.,  2003) . Halogen oxidation of mercury over oceans 
and the Polar Regions can potentially alter the life time of GEM in the atmosphere 
and its intercontinental long-range transport. GRAHM includes GEM oxidation by 
halogen species in the Polar Regions and the MBL. We have included GEM reac-
tions with BrO, Br 

2
 , Br, Cl 

2
  and Cl using reaction rate coefficients from Ariya et al. 

 (2004) . Reported Hg 0 -Br reaction rate coefficients range from 1.1 × 10 -12  to 3.6 × 
10 -13  cm 3  molecules -1  s -1   ( Donohoue et al.,  2006) . Our choice of Hg 0 -Br reaction rate 
coefficient (Ariya et al.,  2004 ) is based on the best correlation estimates between 
model simulated AMDEs and observed AMDEs at Alert, Canada for multiple years. 
We have assumed part of the oxidation product of mercury reactions by halogens as 
RGM and partly as TPM in the absence of full understanding of the heterogeneous 
chemistry of mercury. Since the dry deposition velocities of RGM and TPM are 
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much larger compared to GEM, and both, RGM and TPM, are readily deposited to 
snow, lack of accuracy in partitioning between RGM and TPM is expected to have 
small impact on the deposition estimates of mercury to the snow. 

 Sources and processes responsible for bromine liberation in the Arctic boundary 
layer are not fully understood. Sea-salt aerosols, sea-salt deposits on snow, new 
sea-ice surfaces and frost flowers have been suggested as sources. In the absence of 
a complete understanding of these processes, the model includes GOME (Global 
Ozone Monitoring Experiment) satellite derived monthly average Br/BrO concen-
trations into the boundary layer of the model. A strong photo-reduction and evasion 
of mercury deposited to the snowpacks following AMDEs has been observed to 
reduce significantly the accumulation of mercury of in snowpacks (Poulain et al. 
 2004 ; Kirk et al.  2006 ). Poulain et al.  (2004)  also found evidence for re-oxidation 
of reduced GEM in the high Arctic snowpacks due to the presence of oxidative 
molecules (organic and halides) in the marine/coastal polar surface snow during 
springtime. Present knowledge on the Hg (photo) redox chemistry in the snow is 
very limited for model parameterization. We have included evasion of mercury 
from the snowpacks as a function of solar radiation reaching the surface including 
the influence of clouds and surface temperature with an assumption that it occurs 
near the surface from the newly deposited mercury.  

  17.3 Results and Discussion  

 The model resolution for this study was 2 °  × 2 °  in the horizontal and 28 levels up to 
10 hPa in the vertical with higher resolution in the boundary layer. Model simula-
tions were performed for the years 2001 with an initial spin-up for three years with 
the above configuration. The model was evaluated against the globally observed 
data. The mercury budgets in various compartments in the model were found to be 
well balanced. The model simulated yearly average of surface air GEM concentra-
tion is 1.8 ng m -3  in Northern Hemisphere and 1.3 ng m -3  in Southern Hemisphere 
which are within the range of measured concentrations. North to South gradient of 
ambient GEM concentrations over the Atlantic and Pacific oceans simulated by the 
model and its comparison with the observations is shown in Figure  17.1 . It was 
found to be improved in this version of the model compared to the previous version 
as a result of the addition of halogen mercury chemistry in the MBL.  

 Figure  17.2  shows seasonal average surface air GEM concentrations and 
observed and model simulated time series of GEM at Alert, Canada Highest GEM 
concentrations above 2.4 ng m -3  are found over East Asia. The GEM concentrations 
are highest in wintertime over Europe and North America. Enhanced Northward 
transport of mercury from Europe in winter and from East Asia in spring is evident 
in the seasonal average concentrations. Most dramatic seasonal cycle is simulated 
over the Arctic. In the springtime when AMDEs are active the GEM concentrations 
are lowest and recover to the background values in fall.  
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 Atmospheric mercury measurements have been conducted in the Arctic at Alert, 
Barrow, Amderma, Ny-Alesund, and Station Nord (Steffen et al.,  2008) . Longest 
record of GEM measurements in the Arctic is available at Alert, Nunavut, which 
has been continuous since 1995. Rapid exchange of mercury related to AMDEs in 
springtime is seen in the model simulation and in the observation (Figure  17.1 ). 
Strong re-emission events are also observed and simulated in the late spring related 
to the higher surface temperatures. Br and BrO concentrations used in the model 
are climatological averages with dependence on the solar influx, boundary layer 
height and surface temperature. However, despite these limitations, the model cap-
tures 1-2 weeks AMDE cycles and the interannual variability in GEM concentra-
tions. These results suggest significant role of meteorological processes such as 
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  Figure 17.1    Inter-hemispheric gradient of TGM from observations (top) (from Lamborg et al., 
2002) and GRAHM model simulation (bottom)       
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transport, boundary layer height, solar radiation reaching ground, clouds, tempera-
ture inversion and surface temperature in establishing AMDEs. Measured median 
concentrations of GEM at Alert are 1.61 ng m -3  in winter, 1.34 ng m -3  in spring, 1.78 
ng m -3  in summer and 1.53 ng m -3  in fall. Model simulated average median surface 
air concentrations of GEM at Alert are 1.51 ng m -3  in winter, 1.35 ng m -3  in spring, 
1.75 ng m -3  in summer and 1.52 ng m -3  in fall. Model simulated GEM and RGM air 
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  Figure 17.2    GRAHM simulated average surface air Hg 0  concentrations ( ng standard m   -3  ) for 
(a) winter, (b) spring, (c) summer and (d) fall and ( e ) observed and model simulated time series 
of surface air Hg 0  concentrations at Alert, Canada for 2002       
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concentrations at other locations are found to be in the same range as reported in 
the limited measurements reported in the literature (Steffen et al.,  2008) . 

 In addition to the above reference simulation, we conducted four perturbation 
experiments with 20% reduction in anthropogenic emissions in four major source 
regions as defined by The Task Force on Hemispheric Transport of Air Pollution. 
These regions are: East Asia (EA: 15-50N; 95-160E), Europe and North Africa 
(EU: 25-65N; 10W-50E), South Asia (SA: 5-35N; 50-95E), and North America 
(NA: 15-55N; 125-60W). Each of these regions represent 841 Mg, 276 Mg, 179 Mg 
and 143 Mg of total anthropogenic mercury emissions annually respectively. The 
annual total deposition of mercury from all mercury emissions and the reduction in 
total deposition of mercury for the four perturbation experiments are illustrated in 
Figure  17.3 .  

 The wet and dry depositions account for 45% and 55% of total deposition over 
land and 64% and 36% of total deposition over ocean respectively. Deposition is 
seen to be high over the mercury source regions and the Polar Regions. The annual 
total deposition in the four source regions of the perturbation experiments are 593 
Mg for East Asia, 232 Mg for Europe and North Africa, 191 Mg for South Asia and 
281 Mg for North America. 
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  Figure 17.3    Total mercury deposition for year 2001 from reference simulation (top) and reduction 
in deposition due to 20% reduction in anthropogenic emissions (scaled to 100% in the figure) from 
North America (middle left), Europe and North Africa (middle right), South Asia (bottom left) 
and East Asia (bottom right)       
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 The deposition over the Polar Regions is enhanced by the springtime AMDEs. 
The model estimates deposition of 243 Mg yr -1 , and evasion of 145 Mg yr -1  resulting 
in net atmospheric flux of 98 Mg yr -1  to the Arctic Ocean (Outridge et al.  2008) . 
The wet deposition simulated by the model is in the range of measured deposition 
data for North America and Europe. The deposition reduction due to 20% reduction 
of anthropogenic emissions is seen maximum over the source regions and the 
regions of high precipitation. 

 The deposition reductions in the four regions due to reductions in anthropogenic 
emissions in each of the four regions are summarized in Table  17.1 . Wet and dry 
deposition of mercury mainly occurs as RGM and Hg(p). RGM and Hg(p) emitted 
in each of the four regions (East Asia: 43%, Europe: 41%, South Asia: 47% and 
North America: 41%) is mostly deposited regionally due to its short life time of the 
order of days. Long range transport of elemental mercury to the receptor regions 
and its oxidation leads to the deposition contribution from intercontinental sources.  

 Figure  17.4  presents the sensitivities of the surface air GEM concentrations and 
column GEM burden at receptor regions including the Arctic to unit emissions in 
each of the four source regions averaged for the four seasons. Surface air is seen to 
be most sensitive to regional emissions whereas column mercury is most sensitive 
to the long range transport from East Asia for most regions. The East Asian emis-
sions are located on the eastern seaboard of Asia in the region of mid-latitude 
cyclones which can facilitate lifting of the pollution to the free troposphere from 
the boundary layer where it can be transported efficiently.  

 Surface air in the Arctic region is most sensitive to long range transport in winter 
from all source regions. The deposition sensitivities to the unit emissions in source 
regions and the percentage deposition reduction at receptor regions and the Arctic 
due to emission reductions in each of the four source regions are shown is Figure  17.5 . 
The depositions in all regions are most sensitive to regional emissions. Arctic 
region is most sensitive to emissions from Europe, East Asia and North America in 
the springtime.  

 The AMDEs related high deposition in the Arctic is responsible for high sensi-
tivity during spring. The impact of emission reduction in remote regions to local 
deposition is maximum for North America where deposition is reduced by 2.8% 
due to 20% emission reduction in East Asia. Outside impact is minimum for East 

  Table 17.1   Reduction in mercury deposition ( Mg yr-1 ) over four receptor regions and the Arctic 
due to 20% reduction in emissions from four source regions. First column shows the reduction in 
emissions for the four source regions   

 Receptors 
  Sources 

 Emission 
reduction  South Africa  East Asia  Europe  North America  Arctic 

 South Asia  35.7  15.1  2.3  0.7  1.0  0.9 
 East Asia  168.2  3.6  80.0  4.2  7.1  8.0 
 Europe  55.1  1.8  1.8  19.2  1.7  2.7 
 N. America  28.6  0.4  0.8  0.8  12.2  1.2 
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  Figure 17.4    The surface air GEM concentration (top) and column GEM burden (bottom) sensi-
tivities at receptor regions (x axis) and the Arctic to unit emission reductions from the source 
regions defined as South Asia (SA), East Asia (EA), Europe and North Africa (EU) and North 
America (NA)       

Asia where 71% of deposition comes from local sources. The maximum deposition 
reduction to the Arctic comes from the reductions in East Asian emissions because 
of its highest emissions. 
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  Figure 17.5    Mercury deposition sensitivities at receptor regions and the Arctic to unit emission 
reductions from the source regions defined as South Asia (SA), East Asia (EA), Europe and North 
Africa (EU) and North America (NA) (top). Percentage change in mercury deposition at receptor 
regions and the Arctic from 20% reduction in emissions at the source regions defined as above 
(the values are scaled to 100% reduction in the figure)       
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 Numerous experimental and modelling studies have demonstrated the transpa-
cific transport of air pollutant from East Asia to North America. The main mecha-
nism for the rapid transport of Asian pollution is considered to be the lifting of 
boundary layer pollution into the free troposphere by mid-latitude cyclones. Once 
in the free troposphere over the western Pacific, Asian pollution can be transported 
undiluted to the northeastern Pacific in westerlies within 5 - 10 days. The subsiding 
air in anticyclones can bring the pollution to the lower levels affecting western 
North America and the Arctic. Convection and orographic lifting are also important 
mechanism in transporting Asian pollution. The transport across the Pacific is com-
plex and usually involves several mid-latitude cyclones and associated warm con-
veyor belts. Springtime is found to be the most active period for episodic transport 
of Asian pollution to North America. East Asian mercury emissions are roughly 
half of the anthropogenic emissions globally. 

 The deposition contribution from East Asia to North America is estimated to be 
 ~ 14% in this study. Jaffe et al.,  (2005)  identified several Asian outflow of mercury 
at Hedo Station, Okinawa, Japan and the Mt. Bachelor Observatory in central 
Oregon, USA during spring 2004. They observed mean GEM concentrations of 
2.04 ng m -3  at Hedo Station which is higher than the Northern Hemispheric back-
ground value of 1.8 ng m -3  due to the impact of Asian ouflow. They identified 
several long-range transport episodes at Mt. Bachelor. One large episode was 
observed around 25 April where the peak total Hg concentrations reached  ~ 2.5 ng 
m -3  which is 0.7 ng m -3  above the background value. They found GEM/CO ratio at 
Mt. Bachelor to be very similar to the GEM/CO ratio found at Hedo Station. Using 
GEM/CO ratio and CO emissions, they estimated mercury emissions from Asia 
two times higher than the Asian mercury emissions estimates by Pacyna et al. 
 (2006) . In order to investigate the origin of high concentrations of mercury at Mt. 
Bachelor and the transport mechanism during the episode of April 25, 2004, we 
performed a series of GRAHM simulations at various resolutions. We found that 
the model simulated the observed episode best at resolution 0.25° × 0.25° lat-long 
(Figure  17.6 ).  

 We performed simulations with all global emissions, only Asian anthropogenic 
emissions and other anthropogenic emissions. The top panel in the figure shows 
GEM mixing ratios at 500 hPa from all emissions on April 25, 2004. The bottom 
panel shows GEM mixing ratios at 500 hPa from only Asian emissions. Transpacific 
transport of mercury and significantly high concentrations of GEM along western 
coast of North America on April 25 are well simulated by the model. The model 
simulation with only Asian emissions reproduces the episodic transpacific transport 
of mercury from East Asia to North America and high concentrations of mercury 
around Oregon on April 25 suggesting East Asia to be the origin of this episode. 
Although, the depth of the peak in mercury concentrations at Mt. Bachelor is 
reproduced in all emissions simulation, it is underpredicted in only Asian 
emissions. Comparison of the two simulations suggests significant contribution of 
re-emissions and/or natural emissions in addition to the contribution from direct 
anthropogenic emissions from Asia.  
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  17.4 Uncertainties and Future Research  

 Deposition of mercury to a region from remote sources involves long range trans-
port of GEM and its conversion to hygroscopic mercury species (RGM and Hg(p)). 
Current understanding of atmospheric chemistry and kinetics are based on limited 
laboratory and theoretical studies. Some of the reactions are not clearly defined and 

  Figure 17.6    GRAHM air concentrations of mercury ( ng standard m   -3  ) on 18 April 25, 2004 at 
500 mb showing episode of Asian outflow of mercury reaching N. America which was observed 
at Mt. Bachelor in central Oregon. The top anthropogenic panel shows simulation from all emis-
sions and the bottom panel shows simulation from anthropogenic Asian emissions       



17 Global Mercury Modelling at Environment Canada 531

reaction products are not well understood. Although, several gas phase oxidation 
pathways including O 

3
 , OH and Br have been suggested for removal of GEM in the 

troposphere by the laboratory studies, their relative importance in establishing the 
observed tropospheric life time of GEM is not clear. Fast oxidation rates measured 
for some of these reactions suggest presence of significant reduction processes of 
mercury in the atmosphere which are yet to be identified. Comprehensive under-
standing of the mercury chemistry and adequate measurements of mercury species 
in free troposphere are required for improving the mercury chemical mechanism in 
the model. We have included the halogen mercury chemistry in the MBL and the 
Polar boundary layer which relies on halogen concentration estimates from obser-
vations. Model development will be continued to include representation of halogen 
liberation mechanism and halogen chemistry in the model. Accurate understanding 
and modelling of mercury exchange at the land/ocean/air interface is required to 
improve the characterization of long range transport of mercury for better attribu-
tion of sources of mercury in deposition. Presently, GRAHM includes dynamic 
exchange of mercury between snow and air, whereas land and ocean are assumed 
to have longer response time compared to the simulation period. We are investigat-
ing coupling of GRAHM with terrestrial and ocean models to improve the surface 
interactions in the model. The dry deposition of mercury to different surfaces and 
wet deposition over the oceans are not constrained by observations in the model due 
to the lack of such measurement data. Poor speciation of anthropogenic emissions 
is another source of uncertainty in attributing the emission sources to the deposition 
in the model.      
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   Chapter 18   
 The Geos-Chem Model       

     Lyatt   Jaeglé   ,    Sarah A.   Strode   ,    Noelle E.   Selin   , and    Daniel J.   Jacob      

  Summary   We examine the response of deposition to decreases in anthropogenic 
emissions using the GEOS-Chem global atmosphere-ocean-land mercury simula-
tion. Total global mercury sources in the model are 9230 Mg yr -1  (3400 Mg yr -1  
anthropogenic, 650 Mg yr -1  biomass burning, 2180 Mg yr -1  land emissions, 3000 
Mg yr -1  ocean emissions). Our atmospheric simulation describes the cycling of 
mercury through the surface ocean and land reservoirs. The model includes atmos-
pheric oxidation of Hg 0  by OH and O 

3
 , and in-cloud reduction of Hg (II) . Wet and dry 

deposition account for 32% and 68% of the global sink, respectively. The lifetime 
of mercury against deposition is 0.6 years. We conduct four sensitivity simula-
tions where anthropogenic emissions are reduced by 20% over East Asia, Europe, 
South Asia, and North America, leading to decreases in global deposition of -3.5, 
-0.9, -0.8, and -0.5% respectively. One third of the deposition decrease occurs in 
the source regions, and the rest is distributed globally due to decreased long-range 
transport of Hg 0  and subsequent oxidation to Hg (II) . Regional decreases in deposi-
tion within the source regions range from -12% for East Asia (60% of depositions 
due to local emissions) to -3% for North America (where only 15% of deposition 
is due to local emissions). When normalized by total emissions, we find that Hg 
deposition in the Arctic is more sensitive to decreases in European emissions com-
pared to decreases in East Asian, North American, or South Asian emissions. Our 
estimates of the distribution of deposition and its response to decreases in anthro-
pogenic emissions are limited by uncertainties in the speciation of anthropogenic 
emissions, redox chemistry of atmospheric mercury, the role of dry deposition, and 
the cycling efficiency of mercury in the ocean and land reservoirs.    

  18.1 Introduction  

 The dual character of mercury as a local and global pollutant makes it difficult to 
assess the relative contributions of regional and global sources to deposition. 
Anthropogenic emissions of mercury as short-lived reactive gaseous (Hg(II)) and 
particulate (Hg(p)) mercury forms lead to rapid deposition near source regions. 
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If mercury is emitted in its long-lived elemental form (Hg0), it can be transported 
on global scales, oxidized to Hg(II), and then deposited far from source regions. 
In addition, dry deposition of Hg0 itself can affect receptor regions. Cycling of 
anthropogenic mercury through land and ocean surfaces further complicates source 
attribution of mercury. 

 In this chapter, we use the GEOS-Chem global mercury simulation to examine 
the response of deposition to decreased anthropogenic emissions for four regions in 
the Northern Hemisphere. We examine source-receptor relationships from regional 
to global scales, and assess the role of cycling of anthropogenic mercury in the 
surface ocean and land reservoirs.  

  18.2 Model Description  

 The GEOS-Chem chemical transport model (Bey et al.,  2001)  simulates mercury in 
the atmosphere-ocean-land system. We use here model version 7.04 (  http://www.
harvard.as.edu/chemistry/trop/geos    ). The atmospheric mercury simulation is 
described in Selin et al.  (2007)  and has a horizontal resolution of 4 degrees latitude 
by 5 degrees longitude and 30 vertical levels. It is driven by assimilated meteoro-
logical observations from the NASA Goddard Earth Observing System (GEOS-4). 
Three atmospheric mercury species are simulated: elemental mercury (Hg0), oxi-
dized mercury (Hg(II)), and refractory particulate mercury (Hg(p)). 

 Emissions are shown in Table  18.1  and Figure  18.1  and described in Selin et al. 
 (2007) . Anthropogenic emissions are based on the Pacyna et al.  (2006)  inventory 
for year 2000, with updates described in Selin et al.  (2008) : 50% increase in Asia, 
consistent with estimates of Jaffe et al.  (2005)  and Strode et al.  (2008) , and a 30% 

Table 18.1 Budget of mercury in the GEOS-Chem model for the globe and the four HTAP 
regions

Global East Asia Europe South Asia N. America

Total Sources (Mg yr -1) 9230 1980 720 680 780
Anthropogenic 3400 1340 380 300 190
Biomass Burning 650 70 10 70 30
Land1 1700 290 230 110 320
Prompt Land recycling 480 80 60 60 50
Ocean2 3000 200 40 140 190
Total Sinks (Mg yr -1) 9230 1080 560 630 900
Dry Deposition3 6300 750 470 410 590
Wet Deposition 2930 340 90 220 310
Mercury burden (Mg) 5600
Mercury burden (yr) 0.6
1 The land source includes geogenic, evapotranspiration, and soil emissions.
2 The ocean source listed in the table is the net ocean evasion via gas exchange.
3  Dry deposition does not include the dry deposition of Hg 0 over the ocean, which is treated as 
part of the ocean term.
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increase in the rest of the world in order to obtain an unbiased simulation. These 
modifications add 760 Mg yr -1 to the 2190 Mg yr -1 Pacyna et al.,  (2006)  inven-
tory. Our inventory also includes a 450 Mg yr -1 source of Hg0 from artisanal 
mining, resulting in global anthropogenic emissions of 3400 Mg yr -1 (2215 Mg 
yr -1 Hg0, 935 Mg yr -1 Hg(II), and 250 Mg yr -1 Hg(p)). Biomass burning emissions 
account for 650 Mg yr -1, and are based on a monthly climatological biomass 
burning CO inventory (Duncan et al.,  2003)  scaled with a 2.1 × 10-7 Hg0/CO emis-
sion ratio.   

 The atmospheric model is fully coupled with a mixed-layer slab ocean model 
described in Strode et al.  (2007) . The ocean model includes interactions of the 
mixed layer with the atmosphere and deep ocean, as well as conversion of 
among elemental, divalent, and nonreactive aqueous mercury species. The 
model is constrained to reproduce mean observed aqueous concentrations. We 
find a net Hg0 global net ocean evasion flux of 3000 Mg yr -1 Hg0. Re-emission 
of previously deposited mercury accounts for 89% of our ocean emissions, with 
the remaining fraction coming from upwelling of mercury from below the 
mixed layer. 

 The atmospheric model is fully coupled with a mixed-layer slab ocean model 
described in Strode et al.  (2007) . The ocean model includes interactions of the 
mixed layer with the atmosphere and deep ocean, as well as conversion of among 
elemental, divalent, and nonreactive aqueous mercury species. The model is con-
strained to reproduce mean observed aqueous concentrations. We find a net Hg0 
global net ocean evasion flux of 3000 Mg yr -1 Hg0. Re-emission of previously 

  Figure 18.1    Global distribution of annual emissions ( μ  g   m  -2  yr   -1 ) in the GEOS-Chem model: A) 
Anthropogenic, B) biomass burning, C) land, and D) ocean emissions. The domains for the four 
HTAP regions are indicated on panel a)       
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deposited mercury accounts for 89% of our ocean emissions, with the remaining 
fraction coming from upwelling of mercury from below the mixed layer. 

 Land-atmosphere exchange of mercury is mechanistically parameterised, result-
ing in a net Hg0 land source of 2180 Mg yr -1 (Selin et al.,  2008) . Land emissions 
include soil volatilisation, evapotranspiration, and a geogenic source, which 
together account for 1700 Mg yr -1. In addition, the land source includes partial 
recycling of recently deposited mercury (480 Mg yr -1). For this recycling compo-
nent, we assume that 20% of Hg(II) and Hg(p) deposited to land immediately returns 
to the atmosphere as Hg0 (this number is increased to 60% for snow-covered 
surfaces). 

 In the atmosphere Hg0 is oxidized by OH and O
3
, while in clouds Hg(II) is pho-

tochemically reduced to Hg0. Hg(II) and Hg(p) are removed by wet deposition, with 
Hg(p) scavenged as a water soluble aerosol, and Hg(II) scavenged as a highly water 
soluble gas (Selin et al.,  2007) . Dry deposition to land of all three species is based 
on a resistance in series scheme. The model also includes dry deposition of Hg(II) 
over the oceans by loss on sea-salt aerosols. Dry deposition of Hg0 to the ocean is 
included in the gas exchange ocean parameterisation. 

 In the simulations presented here, we use meteorological observations for the 
year 2001, with a 5-year spin-up period (repeating the year 2001) for the reference 
simulation. In addition, we conduct four perturbation experiments where primary 
anthropogenic emissions are reduced by 20% for each of the following regions: 
East Asia (EA: 15-50º N; 95-160º E), Europe and North Africa (EU: 25-65º N; 10º 
W-50º E), South Asia (SA: 5-35º N; 50-95º E), and North America (NA: 15-55º N; 
125-60º W). The definition of these regions follows the guidelines of the Task Force 
on Hemispheric Transport of Air Pollution (TF HTAP) perturbation experiments 
(  http://aqm.jrc.it/HTAP/    ). For each 20% perturbation experiment, we run the model 
for 5 additional years and present the results for the last year.  

  18.3 Results/Discussion  

 In this section, we briefly present results from our reference simulation (section 
18.3.1), and then discuss the results of the perturbation experiments, focusing on 
the response of Hg deposition rates to emission reductions (section 18.3.2) and on 
the effects on land and ocean cycling (section 18.3.3). 

  18.3.1 Reference Simulation 

 Annual mean distributions of surface concentrations of Hg0 and Hg(II) + Hg(p) are 
presented in Figure  18.2  (top panels). In the model, globally averaged surface con-
centrations of total mercury are 1.5 ng m-3, with Hg(II) + Hg(p) accounting for 0.03 
ng m-3. Enhanced concentrations of Hg0 are found over industrial regions, reaching 
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>2.4 ng m-3 over East Asia (Figure  18.2 ), which accounts for 39% of global anthro-
pogenic emissions (see Table  18.1 ). Hg(II) and Hg(p) are emitted by anthropogenic 
sources and elevated concentrations are generally located over industrial regions. 
Elevated Hg(II) levels also occur over mountains and deserts, where enhanced mix-
ing of free tropospheric air brings down high Hg(II). Over deserts, weak wet deposi-
tion of Hg(II) further contributes to the enhancement. Concentrations of Hg(II) 
increase with altitude in the model because of the source from oxidation of the 
global Hg0 pool and longer lifetime of Hg(II), consistent with observations 
(Swartzendruber et al.,  2006) . Low Hg(II) concentrations occur over oceans, where 
loss on sea-salt aerosols dominates dry deposition.  

 Selin et al.  (2007)  have conducted detailed comparisons of the model to surface 
observations of Hg 0 , Hg (II) , and Hg(p) and find reasonable agreement. The model 
reproduces mean annual concentrations total gaseous mercury (TGM = Hg 0  + Hg (II) ) 
concentrations at land sites, but underestimates cruise observations in the North 
Atlantic and North Pacific by 25%. The model interhemispheric gradient for TGM 
is 1.2, consistent with land-based observations, but lower than the 1.5 gradient 
inferred from cruise observations. The reason for the discrepancy is unclear. The 
model captures the observed seasonal cycle of TGM at surface sites in the northern 
hemisphere. 

 Globally, wet deposition results in a 2930 Mg yr -1 sink of mercury (93% as Hg(II) 
and the rest as Hg(p)), while dry deposition yields a 6300 Mg yr -1 sink (26% Hg0, 
73% Hg(II), 1% Hg(p)). The overall lifetime of mercury in the model against deposi-
tion is 0.6 years (Table  18.1 ). The spatial distribution of deposition is shown on the 
bottom panels of Figure  18.2 . The model reproduces the observed spatial and tem-
poral distribution of wet deposition over the U.S. (Selin and Jacob,  2008) .  

  Figure 18.2    Annual mean distribution of surface concentrations of a) Hg 0 ( ng m   -3  ) and b) Hg (II)  + 
Hg(p) ( pg m   -3  ). The bottom three figures show the annual mean distribution of deposition fluxes 
(  m g m   -2   yr   -1  ): c) Dry deposition, d) Wet deposition, and e) Total deposition       



538 L. Jaeglé et al.

  18.3.2  Response of Deposition to Anthropogenic 
Emission Reductions 

 Together, the four regions where the perturbation experiments are conducted com-
prise 65% of global anthropogenic emissions, with EA alone accounting for 39% 
(1340 Mg yr -1) of global anthropogenic emissions, while NA accounts for only 6% 
(190 Mg yr -1) (Table  18.1 ). 

 Table  18.2  summarizes the global annual changes in emissions and deposition 
for the 20% anthropogenic perturbation experiments. The magnitude of the 
decrease in global deposition is proportional to the magnitude of the initial reduc-
tion in anthropogenic sources. Thus EA has the largest effect both globally and 
locally, and NA has the smallest effect. We find that the decrease in global deposi-
tion is 25-30% larger than the initial decrease in anthropogenic emissions. This 
amplification is due to response of the surface land and ocean reservoirs, and is 
discussed in more detail in section  3.3 .  

 Table  18.3  summarizes the absolute changes in deposition over land for each 
pair of source-receptors and for the globe. For a given region, Hg deposition is due 

  Table 18.2    Global annual change in sources and sinks for the four perturbation simulations   

 DEast Asia  DEurope  DSouth Asia  DNorth America 

 Change in emissions ( Mg yr    -1  )  -326  -85.4  -71.8  -46.6 
 Anthropogenic (-20%)  -262  -69  -56.5  -37.3 
 Land 1    -20  -6.9  -5.2  -3.7 
 Ocean 1    -44  -9.5  -10.1  -5.6 
 Change in deposition ( Mg yr    -1  )  -323  -84.7  -71.3  -46.2 
 Dry Deposition  -220  -59.5  -45.8  -30.5 
 Wet Deposition  -103  -25.2  -25.5  -15.7 

 Amplification factor  
Δ

Δ Anthropogenic

Deposition  1.23  1.23  1.26  1.24 

  1 The change in ocean and land emissions is calculated interactively in response to the 20% 
reduction in anthropogenic emissions for each region. 

 2  The last row shows the amplification factor, which we define as the change in deposition 
divided by the change in anthropogenic emissions.  

  Table 18.3    Absolute change (in Mg yr -1) in deposition over land for each pair of source-receptor 
regions and for the globe.   

 Receptors Sources  EastAsia  Europe 
 South 
Asia  N. America 

 Global 
(land only) 

 Global 
(all) 

 East Asia  -76  -13   -9.9  -15  -167  -323 
 Europe   -2.7  -23   -3.3  -3.6   -48   -85 
 South Asia   -2.4   -3.4  -18  -2.6   -36   -71 
 North America   -1.1   -2.1   -1.2  -14   -25   -46 

  Each line corresponds to the results of a perturbation experiment, while the columns show the 
response in the receptor regions. The last 2 columns show the global decrease in deposition over 
land only and everywhere.  
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to a combination of deposition of local anthropogenic emissions of Hg(II) and HgP 
and of oxidation of the global Hg0 pool to Hg(II). Because of their short lifetimes, 
most of the anthropogenic Hg(II) and Hg(p) emissions are deposited near sources, 
while the anthropogenic Hg0 can be transported globally and contribute to the 
 global Hg0 pool.  

 Overall, we find that 24-31% of the total change in deposition occurs over the 
land in the source regions (Table  18.3 ), another 5-10% occurs over the oceans in 
source regions. The remaining change in deposition is distributed globally as a 
result of the decrease in the global Hg0 pool. 

 Figure  18.3  show the global distribution in the deposition decrease (in percent) for 
each perturbation experiment relative to the reference simulation, while Figure  18.4  
zooms in on the deposition decrease over emission regions.   

 The percentage decreases in deposition over land are also summarized in Table  18.4 . 
This percentage decrease in deposition over source regions reflects the relative con-
tribution from local anthropogenic Hg emissions and from the global Hg 0  pool. 
Thus, if local deposition were solely controlled by anthropogenic emissions within 
the region, we would expect a 20% decrease in anthropogenic emissions to result in 
a 20% decrease in deposition in that region. Instead, we find decreases ranging from 
-12% to -3%. The EA region displays the largest reduction in local deposition 

  Figure 18.3    Percentage change in annual surface concentrations of Hg 0  and Hg (II)  + Hg(p) (top 2 
rows) and in deposition (bottom row) for each perturbation simulation. The perturbation simula-
tions are shown from left to right: East Asia (EA), Europe and North Africa (EU), South Asia 
(SA), and North America (NA)       
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  Figure 18.4    Same as Figure  18.3 , but focusing on the source regions where anthropogenic 
emissions are reduced by 20%       

  Table 18.4    Mean relative change (%) in deposition over land for each pair of source-receptor 
regions and for the globe   

 Receptor: Source: 
 East 
Asia  Europe 

 South 
Asia  N.America 

 Global 
(land only) 

 Global 
(all) 

 East Asia  -12.3  -2.8  -2.7  -3.2  -4.0  -3.5 
 Europe  -0.43  -4.7  -0.88  -0.76  -1.2  -0.9 
 South Asia  -0.39  -0.7  -4.8  -0.55  -0.9  -0.8 
 North America  -0.18  -0.44  -0.33  -3.0  -0.6  -0.5 

Table 18.5 Relative change in Hg0, and Hg(II) + Hg(p) concentrations (%) for each pair of source-
receptor region

 Receptor: Source: 
 East 
Asia  Europe 

 South 
Asia  N. America  Global 

 East Asia  -7.6, -14  -3.2, -2.2  -3.1, -2.4  -3.5, -2.8  -3.1, -3.6 
 Europe  -0.8, -0.4  -2.5, -7.3  -0.9, -1  -0.9, -0.7  -1,    -1.4 
 South Asia  -0.5, -0.3  -0.6, -0.9  -2.1, -6.5  -0.5, -0.5  -0.6, -0.9 
 North America  -0.3, -0.2  -0.5, -0.3  -0.4, -0.3  -1.1, -5.8  -0.4, -0.6 
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(-12%), this implies that about 60% (obtained by dividing 12 by 20) of the deposi-
tion in EA is the result of local emissions. In contrast, for NA we only find a 3% 
decrease in deposition, thus about 15% of the deposition in that region is due to NA 
anthropogenic emissions. The rest comes from oxidation of the global Hg 0  pool. 
This is consistent with Selin and Jacob  (2008) , who found that a significant fraction 
of wet deposition over NA results from scavenging of Hg (II)  in the free troposphere 
above 850 hPa. For the EU and SA regions, we find local decreases in deposition of 
5%, implying that regional emissions account for  ~ 25% of local deposition.   

 Globally averaged, decreases in deposition range from 3.5% for a reduction in EA 
anthropogenic emissions, to less than 1% for reductions in the NA source (Table  18.4 ). 
Regions with low anthropogenic sources are the most affected by outside influence. For 
example, a 20% reduction in EA emissions leads to a larger decrease in NA (-3.2%) 
than a 20% reduction in local anthropogenic emissions in NA (-3%). 

 What is the relative efficiency of different regions in affecting deposition over 
remote regions? We assess this by normalizing the decreases in deposition to a 100 
Mg yr -1 decrease in anthropogenic emissions. We thus multiply the deposition 
decreases from Figure  18.3  by global scaling factors of 0.4, 1.4, 1.8, 2.7 for EA, 
EU, SA, and NA, respectively. This assumes a linear response of deposition to 
emission changes (we verified that it is a reasonable assumption by conducting 
perturbation experiments varying the decrease in emissions). The results are dis-
played in Figure  18.5 .  

 We see that a region of particular sensitivity to emission reductions is the Arctic 
(defined here as latitudes poleward of 65 N). Reductions in anthropogenic emis-
sions from EA, EU, SA, EA contributed to deposition decreases in the Arctic of 
-3.8%, -1.55%, -0.53%, -0.54%, respectively. When we normalize these numbers 
to 100 Mg/yr decrease in anthropogenic emissions, we obtain -1.4%, -2.2%, -0.9%, 
-1.4%. We thus find that European emissions lead to a deposition decrease that is 
60% larger than either EA or NA. Compared to SA, European emissions are a fac-
tor of 2.4 more effective. This is consistent with our general understanding of 
transport pathways to the Arctic (Stohl et al.,  2002 ; Travnikov,  2005) . Thus is 
would seem that decreases in European mercury emissions will be the most effec-
tive on a per Mg basis at reducing Hg contamination in the Arctic. However, anthro-
pogenic European emissions have already been strongly reduced over the past 
decades, and at present they are three times smaller than emissions from EA. Thus, 
EA emissions have the strongest influence on current Arctic deposition. Note that 

  Figure 18.5    Change in annual deposition. Same as bottom panel in Figure  18.3 , but scaled to a 
100 Mg yr -1 anthropogenic emission decrease for each region       
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we do not have a representation of fast oxidation of Hg0 during springtime mercury 
depletion events. This process is likely to enhance overall deposition, but should 
not affect the relative efficiency of source regions.  

  18.3.3 Response of Land and Ocean Emissions 

 Our coupled land-atmosphere-ocean mercury simulation allows us to examine how 
reduced anthropogenic emissions affect the rapid cycling of mercury in the land and 
ocean reservoirs. Atmospheric deposition is the main source of mercury to the surface 
ocean. Thus, a decrease in deposition of anthropogenic mercury leads to a decrease in 
the concentrations of mercury in the surface ocean, which in turn results in a decrease 
in the net ocean-atmosphere flux. Because of the rapid cycling of Hg between the 
atmosphere and surface ocean, a new steady-state is reached within 2-3 years in our 
perturbation simulations. Similarly, prompt recycling of land emissions responds rap-
idly through the recycling of deposited mercury, as we assume steady-state between 
local deposition and land recycling. Over longer timescales (decades to centuries) 
exchange of Hg with the thermocline, and land cycling through evapotranspiration and 
volatilization will also respond, but we do not take these changes into account here. 

 Table  18.2  summarizes the reduction in land and ocean emissions for each 
anthropogenic perturbation simulation. We find that the response of these reservoirs 
leads to a significant amplification of the initial reduction in primary anthropogenic 
emissions. For example, decreasing East Asian anthropogenic emissions by 20% 
(-262 Mg yr -1) leads to a 44 Mg yr -1 reduction in ocean emissions and a 20 Mg/yr 
reduction in land emissions. The resulting change in Hg cycling leads to an overall 
decrease in emissions (and thus deposition) that is 1.25 times larger than the initial 
change in anthropogenic emissions. Similar amplification factors (1.23-1.26) are 
found for the other sources regions. 

 The spatial distribution of the reduction in land and ocean emissions is shown in 
Figure  18.6 . We find that half of the reduction in land emissions occurs within the 
source region, in response to local decreases in deposition. The remaining 50% 
occurs outside these source regions, as a result of decreased long-range transport of 
Hg0 anthropogenic emissions, conversion to Hg(II), and deposition.  

 For ocean emissions, we see significant decreases in the coastal regions near 
sources (N. American East coast, Northwest Pacific, Mediterranean, Indian Sea), 
but the decreases are distributed more globally, with 75% of the reduced ocean 
emissions occurring outside the source regions (Figure  18.6 ). The areas with large 
decreases are concentrated in the Tropics, where high deposition rates and oceanic 
biological productivity lead to rapid reduction of deposited aqueous Hg(II) to aque-
ous Hg0, which is then released to the atmosphere. At high latitudes, the cold water 
is undersaturated in Hg0 and the ocean is a net sink for Hg0 (Figure  18.1 ). Thus, as 
atmospheric Hg0 decreases in our perturbation experiments, the ocean becomes less 
undersaturated, leading to a net increase in air-sea exchange in the high-latitude 
North Atlantic Ocean and Southern Ocean.   
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  18.4 Uncertainties in Model Results and Future Research  

 The distribution of deposition and its response to decreases in anthropogenic emis-
sions is affected by a number of key uncertainties: speciation of anthropogenic 
emissions, reduction-oxidation chemistry of mercury in the atmosphere and clouds, 
precipitation, dry deposition, and cycling in land and ocean reservoirs. We briefly 
discuss each of these uncertainties below and emphasize areas of future research. 

 The speciation of anthropogenic emissions as Hg0/Hg(II)/Hg(p) is poorly under-
stood, as few source test measurements exist. In our emission inventory, Hg(II) + 
Hg(p) account for 35% of global anthropogenic emissions. This number increases 
to 45% for regions dominated by coal combustion. If a higher fraction of Hg were 
to be emitted as reactive mercury, this would lead to an increase in local deposition 
of Hg(II) + Hg(p) and reduced long-range transport of Hg0. Assumptions about the 
redox chemistry of Hg in the atmosphere will also affect our results. Our chemistry 
scheme is very simple compared to other more complex model implementations 
(Ryaboshapko et al.,  2002) . Given the poor knowledge of rate constants, our 
approach has been to only implement two oxidation reactions (O

3
 and OH) and 

adjust the rate of in-cloud photochemical reduction to best reproduce observed 
global Hg concentrations and seasonal variation at Northern mid-latitudes. 
Currently, we do not take into account halogen oxidation of Hg0, which can be 
significant in polar regions, marine boundary layer, and upper troposphere (Holmes 
et al.,  2006) , but we will implement this in the future. 

 Dry deposition plays a dominant role in our simulated global deposition (Table  18.1 ). 
Few measurements of Hg dry deposition velocities exist. Our simulation of a large Hg0 
dry deposition over land and Hg(II) deposition over the oceans by sea-salt uptake, while 
consistent with the existing few measurements, is thus poorly constrained. 

  Figure 18.6    Distribution of absolute change ( m g m-2 yr -1) in annual mean ocean (top), and land 
(bottom) emissions for each perturbation simulation       
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 The fraction of newly deposited Hg that is available for cycling back to the 
atmosphere is assumed to be 20% for land surface, in the mid-range of cycling 
efficiencies inferred by isotopic observations (Amyot et al.,  2004;  Hintelmann 
et al.,  2002) . This cycling is likely to be a function of vegetation type and soil 
properties, which would induce variability that is not currently taken into account. 
Such prompt recycling is a small fraction of the total land source. The remaining, 
much larger, land sources will also respond to perturbations in deposition, but over 
a much longer time-scale, introducing a lag-time that is poorly constrained. 

 For the ocean emissions, we do not take into account horizontal transport of 
aqueous mercury and neglect riverine input of Hg. Both these factors could affect 
the spatial distribution of the air-sea flux of Hg0 and its response to reduced anthro-
pogenic emissions. In addition, exchange of mercury between the thermocline and 
the surface ocean will result in a response time of decades to centuries. 

 More generally, an increasing number of global mercury models have been 
developed over the past 5 years (as can be seen from the chapters in part III of this 
report), but the observational constraints on these models remain limited. In 
 particular very few measurements of speciated mercury in the free troposphere 
exist. Such measurements, conducted on aircraft over continental scales would help 
quantify the distribution and chemical transformation of mercury in the free tropo-
sphere and provide crucial validation for global and regional models.      
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   Chapter 19   
 The ECHMERIT Model       

     Gerlinde   Jung   ,    Ian M.   Hedgecock   , and    Nicola   Pirrone      

  Summary   A global atmospheric circulation model, ECHMERIT, with coupled 
meteorology and atmospheric chemistry including mercury has been developed. 
The model is designed to study in detail the atmospheric physical and chemical 
processes which influence the atmospheric lifetime of mercury, and therefore 
its global deposition patterns. ECHMERIT, based on the Global Circulation 
Model (GCM) ECHAM5 differs from most global mercury models in that the 
emissions, chemistry, transport and deposition are coupled on-line to the GCM. 
Many atmospheric chemistry models treat meteorological and chemical processes 
separately, in giving the meteorological conditions to the CTM in relatively coarse 
temporal resolutions. Their coupling in ECHMERIT avoids temporal and spatial 
interpolation, which permits more accurate representation of the interaction 
between chemical and meteorological phenomena, providing more highly resolved 
(temporal and spatial) meteorological fields. The coupling of the modules has been 
achieved in a modular way keeping the model as flexible as possible. This flexibility 
allows the model to be run with different levels of complexity. An example of a 
process for which a more detailed impact study could improve understanding of the 
atmospheric Hg cycle is biomass burning, which involves emission, reaction, gas-
particle partitioning and deposition of Hg. At present ECHMERIT is being used 
within the HTAP Task Force to contrast and compare the performance of different 
models in a series of passive tracer transport experiments. Modelling experiments 
with extensive Hg chemistry, with both wet and dry deposition included, to assess 
the consequences of emission scenario changes for different Hg source areas are 
being evaluated.    

  19.1 Introduction  

 The global extent of elemental Hg in the atmosphere is clear evidence for its long-
range transport and the relative stability of its concentration, particularly in back-
ground sites suggests that its atmospheric lifetime and/or the balance between 
deposition and re-emission processes are such that the atmospheric concentration is 
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maintained almost at a uniform level both spatially and temporally (chapter 9). 
Local variations in anthropogenic emissions, biomass burning and emissions from 
contaminated sites as well as variations in deposition rates, for example the extreme 
case of polar atmospheric mercury depletion events (AMDEs) produce spatial and 
temporal perturbations of average concentrations. However with the exception of 
major sources, this variability appears not to have a major effect on local average 
atmospheric Hg concentrations. Some meteorological influences, which affect 
atmospheric transport patterns, produce seasonal variations in Hg concentration in 
areas with very few or no local sources, but even these variations tend to be similar 
from year to year, bound to typical seasonal large-scale circulation patterns. With 
the exception of AMDEs the concentration of Hg remains within a narrow range of 
values in each hemisphere, the northern hemisphere having a higher average value 
(1.5-1.7 ng m - 3) than the southern (1.0-1.3 ng m - 3) (chapter 9, chapter 10), as a result 
of the majority of anthropogenic emission sources being located in the northern 
hemisphere and slow interhemispheric exchange. Additionally, possibly the atmos-
pheric lifetime of Hg in the southern hemisphere is smaller due to a higher concen-
tration of bromine following a higher sea-salt aerosol production in the southern 
hemisphere caused by higher wind speeds (Yang et al.,  2005) . Exactly how this 
consistancy arises is of interest because it would appear to suggest that Hg is rela-
tively unreactive in the atmosphere, whilst at the same time recent kinetics meas-
urements and also field measurements indicate that Hg can be oxidized really quite 
rapidly under certain conditions and oxidized Hg compounds are deposited far 
more rapidly than elemental Hg. As is described in other chapters of this report 
(chapter 16) when attempting to model Hg concentrations and deposition fluxes 
using regional transport models the model boundary conditions exert a profound 
influence over the results obtained. Therefore global Hg models also serve to pro-
vide boundary conditions for more highly resolved regional models. However, 
global models until now have had some difficulty in reproducing observed Hg con-
centrations (and therefore an estimate of the atmospheric Hg budget) for a number 
of reasons. The major uncertainties in global models are emission (and re-emission) 
inventories and atmospheric chemistry, both of which have been called into ques-
tioned in modelling studies (e.g. Lohman et al., 2008; Seigneur et al.,  2006) . 
Certainly changes in anthropogenic emissions, some of which have been rapid, 
especially in Asia make the problem more difficult. The presence of quite different 
rate constants for the same reaction in the peer reviewed literature compound the 
problem for modellers (chapter 14). ECHMERIT, being modular in design is easily 
configured to test individual processes, and different parameterizations of individ-
ual processes with varying levels of approximation so that not only the importance 
of a given process but also the way it is represented can be assessed globally, 
whether it is the gas phase chemistry, aqueous phase chemistry, deposition, interac-
tion of Hg with biomass burning plumes etc. In this way ECHMERIT will be able 
to provide feedback to experimentalists on the processes which are key to the 
atmospheric Hg cycle and require further study and also to regional modellers: 
providing insight of which processes may need particular attention (biomass burn-
ing, halogen production from sea salt aerosol, for example) in the specific region 
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being modelled, in order to obtain accurate concentration fields and deposition flux 
estimates for ecosystems to determine the impact of Hg pollution on a given area 
and its inhabitants.  

  19.2 Model Description  

 The new global chemistry and transport model  ECHMERIT  is a fully-coupled 
model, based on the Atmospheric General Circulation Model (AGCM)  ECH AM5, 
and a  MER cury chemistry module, developed at the Institute for Atmospheric 
Pollution of the National Research Council (CNR-IIA) of  It aly. 

 The atmospheric physics part of the global-scale model ECHMERIT is based on 
the fifth generation global climate model ECHAM5, developed and maintained at 
the MPI (Max-Planck Institute) in Hamburg. The performance of ECHAM5 has 
been tested extensively (Roeckner et al.,  2003) . It is a pseudo-spectral GCM, which 
has been widely used to investigate atmospheric responses to various greenhouse-
gas emission scenarios. The nudging routine implemented in ECHAM5 is used to 
relax ECHAM5 meteorology fields towards ECMWF reanalysis data, which is 
especially necessary if running longer-term model simulations for the reproduction 
of real meteorological conditions. The basic prognostic variables of the meteoro-
logical core of the model are vorticity, divergence, temperature, logarithm of sur-
face pressure and the mixing ratios of the various water species. Radiation includes 
an annual, as well as a diurnal cycle of solar forcing and is calculated with a 2 hour 
time step. Absorption due to water vapour, CO 

2
 , and O 

3
  are taken into account, as 

well as scattering by cloud water or ice in the cloudy part of the column and scat-
tering and absorption due to aerosols according to Mie-theory. 

 Gridscale cloud water content and cloud ice content are calculated from their 
respective budget equations, including transport of cloud water and a simplified 
representation of microphysical processes such as condensation, evaporation, 
formation of cloud droplets through coalescence, and sedimentation of ice crystals. 
Sub-gridscale cloud formation is also parameterized. A bulk mass flux scheme is 
used to represent convective precipitation processes. Deep, mid level and shallow 
convection are considered. Organized entrainment is calculated from buoyancy, 
organized detrainment is computed from a spectrum of clouds detraining at 
different heights. The soil and land surface model comprises the budgets of soil 
heat and water, snow cover and the heat budget of land ice. It takes into consideration 
the stomatal control of surface evapotranspiration through vegetation, interception, 
and the dependence of the sensible heat flux on snow coverage in a highly 
parameterized form. 

 In the current version of ECHMERIT a gas phase chemistry scheme based on 
the CBM-Z mechanism (Zaveri and Peters,  1999)  and including gas phase Hg 
chemistry is implemented, making use of the KPP (Kinetic Pre-Processor) 
(Damina-Iordache et al.,  2002)  to provide the source code necessary to solve the 
system of Ordinary Differential Equations (ODEs) representing the mechanism. 
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KPP is a useful for two important reasons. It is very simple to change the chemical 
scheme, re-run KPP and obtain the appropriate code to be linked to ECHMERIT, it 
also has a sparse Jacobian option which when used makes the code obtained faster 
to run. The chemical mechanism also includes aqueous phase chemistry (and gas-
aqueous phase exchange) to simulate the partitioning of atmospheric constituents 
between phases and their reactions in cloud droplets. Mass transfer to and from the 
aqueous phase is modelled as two distinct unidirectional reactions as described in 
Pirrone et al.  (2000) . Precipitation is in many regions the major deposition pathway 
for Hg, as not only is Hg oxidised within droplets, oxidised Hg compounds present 
in the atmosphere are also very readily scavenged by clouds and rain. The Hg 
chemistry in the model includes the gas phase oxidation of Hg by O 

3
 , OH and Cl, 

and aqueous phase oxidation by O 
3
 , OH and HOCl, as well as aqueous phase com-

plexation and the reduction of HgSO 
3
 . The entire mechanism now includes 121 

chemical species and represents gas, as well as aqueous-phase chemistry, with a 
total number of 288 chemical reactions. To solve the chemical ODE system the 
computationally efficient second order Rosenbrock solver was chosen. In order to 
save computational time and to avoid model instabilities for grid cells with a low 
water content ECHMERIT distinguishes between wet and dry chemistry. The wet 
chemistry module is only called in case of cloud water content exceeding a specific 
pre-defined threshold value. 

 Transport is calculated, using a flux-form semi-Lagrangian advection scheme, 
that is already implemented in ECHAM5 for passive tracer variables, as well as 
water vapour. It is a flux-form scheme and therefore mass conserving and it pre-
serves linear tracer correlations. The tracers are transported through advection, 
convection and vertical diffusion. The different transport processes are simulated 
separately using an operator splitting method (Aghedo et al.,  2008) . In ECHMERIT 
27 species are transported and deposited. 

 The dry deposition scheme, applied to the lowermost model layer, is based on 
the commonly applied multiple-resistance approach of Wesely and Hicks  (1977) . 
The deposition velocity is calculated as a function of aerodynamic resistance, 
boundary layer resistance and surface resistance. Within ECHMERIT an approach 
similar to that of Kerkweg et al.  (2006)  is used, which takes into consideration bulk 
properties of the respective surfaces, without accounting for removal processes 
occurring in different layers of the canopy. Deposition velocities are calculated 
from turbulent transfer, vegetation activity and uptake rates on soil, water and snow/
ice. Then a scaling of all species resistances to those of SO 

2
  and O 

3
  as in Wesely 

 (1989)  is applied. This makes the scheme easily extendible to other chemical spe-
cies. Basic resistances values for SO 

2
  and O 

3
  are taken from Kerkweg et al.  (2006) . 

The partitioning of land grid cells into fractions of snow/ice, bare soil, water/wet 
skin and vegetation, that is already implemented in ECHAM5 is taken into consid-
eration to account for subgridscale land-surface characteristics and their impacts on 
friction velocity, roughness length etc. Therefore grid-average deposition velocities 
are calculated as the area-weighted average of the deposition velocities for each 
subgrid fraction. Landuse dependent values such as LAI, roughness length, etc. are 
directly transferred from ECHAM5 to the deposition module. Aerosol dry deposition 
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velocities are calculated, considering both, dry deposition and gravitational settling 
as sedimentation, according to the approach of Slinn  (1982) . 

 A simple approach was chosen to calculate wet deposition of the transported 
chemical species. Below-cloud, as well as in-cloud scavenging are considered. The 
parameterization calculates the loss through wet deposition as proportional to the 
concentration of air pollutants. The factor of proportionality, that is the scavenging 
rate, depends on an assumed scavenging efficiency, the total rainfall intensity (grid-
scale and subgridscale), cloud water content and species solubility according to 
Henry’s law, a mean cloud or rain droplet radius and rain droplet fall velocity, 
according to the approach of Seinfeld and Pandis  (1998) . No wet deposition is 
calculated for species with low solubilities (expressed through a Henry’s law con-
stant of less than 100 M atm -1 ). 

 Emissions from emission inventories e.g. the POET emissions (Granier et al., 
 2005)  are included within a preprocessing step interpolated to the model grid, using 
the mass conserving remapping tool of the Climate Data Operators (CDO) 
(Schulzweida et al.,  2007)  and are subsequently added to the chemical species 
concentration with each advection time step. Anthropogenic emissions of mercury 
species for the year 2000 from Pacyna et al.  (2006)  are used, which are speciated 
as elementary, divalent and particulate mercury. Mercury emissions from soils 
depend on surface temperature. The approach for a simulation of mercury emis-
sions from the vegetation canopy depends on canopy evapotranspiration, which is 
calculated within the meteorology part of the model, and the mercury concentration 
in the surface soil waters, which is currently set to a constant value of 5 × 10 5  ng m - 3. 
Emissions from forest fires are included, in mapping an annual mean value of 650 
Mg yr -1  Hg (chapter 8) to the spatial and temporal distribution of CO biomass burn-
ing emissions from the POET emissions inventory (Granier et al.,  2005) . Ocean 
emissions are also mapped according to biogenic CO emissions from the ocean, 
assuming a global annual sum of 3000 Mg yr -1  of Hg to be emitted from the ocean. 
A certain fraction (20%) of wet and dry deposition of RGM, Hg (II)  and Hg(p) are 
assumed to be directly reemitted to the atmosphere over land areas. Re-emissions 
over the oceans are included within the global annual oceanic emissions. 

 As in the spectral transform model ECHAM5, the horizontal resolution can 
range from T21 (5.06 degrees) to T159 (0.75 degrees). In the vertical the model is 
discretized with a hybrid-sigma-pressure system with from 19 to 31 non-equidistant 
layers. The upper layer is at 10 hPa. Initial and lower boundary sea surface tempera-
tures (SST) are reanalysed monthly averaged observational SST data from the 
AMIP (Atmospheric Model Intercomparison Project). Land use characteristics, 
such as roughness length, leaf area index (LAI) etc. are directly derived from 
ECHAM5 

 For the present purpose of the HTAP model intercomparison, the meteorology-
chemistry model allows an almost direct comparison with other global models as 
the Hg chemistry included is similar. The model intercomparison will permit dif-
ferences arising from model formulation to be diagnosed. In the future however it 
will be necessary to review the Hg chemistry mechanism, especially in light of the 
conclusions from Chapter 14 of this report.  
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  19.3 Results/Discussion  

 Mercury concentrations are in the following given as ppq (parts per quadrillion), 
which is 1 × 10-6 ppb and under standard surface conditions 1 ng m - 3 equals 112 ppq. 

  19.3.1 Sensitivity Analysis of Chemical Mechanisms 

 When using global models the first priority is to ensure that the model gives results, 
such as atmospheric concentrations of important chemical species and deposition 
fluxes which are in line with observations. This may sound rather obvious but in 
reality it is not necessarily easy to achieve. While for some atmospheric constitu-
ents there are well known constraints in terms of emissions, reaction rate constants 
and a well organised observational network with high temporal and spatial resolu-
tion with which a model may be compared, ozone would be a good example, this 
is definitely not the case for mercury. The anthropogenic emissions of mercury are 
the cause of some debate and however much those who compile emission databases 
do their best to be up to date, the actual emissions are changing. Natural emissions 
and the re-emission of previously deposited Hg are even less well defined. There 
are a number of rate constant determinations for important atmospheric reactions 
(both in the gas and aqueous phases) which are not in agreement, and unfortunately 
the spatial and temporal range of measurements of Hg and its compounds in the 
atmosphere is seriously limited. Regional models, although now tending toward the 
use of output from global models for their boundary conditions, were previously 
constrained by unvarying boundary conditions which had a large and linear influ-
ence on the Hg concentrations within their modelling domain (Chapter 16). Global 
models cannot be constrained in the same way, and can, if the balance between 
emission, re-emission, atmospheric redox reactions and deposition is not appropri-
ate give atmospheric Hg concentration distributions which bear no resemblance to 
reality. During the development of ECHMERIT a number of variations of the Hg 
chemical mechanism were investigated and it was found that the use the different 
reaction rate constants published in the literature for the same reaction profoundly 
influenced the results of the simulations. 

 The reaction between ozone and elemental Hg is a key factor in determining the 
rate at which elemental Hg is removed from the atmosphere. Should it be shown, 
as has been suggested (Calvert & Lindberg,  2005) , that this reaction is not of par-
ticular relevance in the atmosphere then all global (and regional) mercury models 
presently in use would need to be rewritten! Assuming that it is important the reac-
tion rate used in models profoundly influences the distribution of Hg in model 
simulations. 

 The gas phase reaction between elemental Hg and OH which is used in atmos-
pheric Hg models has also been questioned in the literature (Calvert & Lindberg, 
 2005) , with some authors suggesting that it does not occur under atmospheric con-
ditions (Chapter 14). Using a chemical mechanism which does not include the 
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reaction between OH and elemental Hg and uses the reaction rate constant for the 
Hg + O 

3
  reaction published by Hall  (1995) , it is possible to obtain the homogeneous 

atmospheric elemental Hg distribution which the available measurements support. 
Using the same chemical mechanism, but including the OH reaction with Hg 0  leads 
to a pattern of concentration differences in elemental Hg, particularly noticeable in 
equatorial regions as illustrated in Figure  19.1 . Major decreases of Hg 0  are to be 
found in a zone around and south of the equator, corresponding to (for the simu-
lated month of January) the zone of elevated OH levels during the day. Replacing 
the Hg + O 

3
  reaction rate constant with that of Pal and Ariya  (2004)  and including 

the OH reaction as well gives a distribution of differences with respect to the run 
excluding OH and with the O 

3
  reaction rate constant of Hall  (1995) , which is illus-

trated in Figure  19.2 .   
 It is clear that there is a much lower concentration of elemental Hg in tropical 

regions and there also appears to be little evidence of intercontinental transport, 
which is to be expected if Hg is being rapidly oxidised and therefore more rapidly 
deposited. 

 The higher ozone levels over of the northern hemispheric warm current regions 
of the oceans (Figure  19.3 ) and in the tropics, as well as the higher temperatures in 
the tropics, given the temperature dependence of the Hg + O 

3
  rate constant (Pal and 

Ariya,  2004)  combine to produce a pronounced latitudinal gradient in the capacity 
of the troposphere to oxidise Hg which in the simulations corresponds to a latitudi-
nal gradient in the elemental Hg concentration in the lowest model layer; something 
which has never been observed (Figure  19.4 ). The possible effect of the gas phase 
reduction of RGM by CO (Pongprueksa et al.,  2008)  is currently being investigated.   

60�N

30�N

30�S

60�S

0� 30�E

−50 −45 −40 −35 −30 −25 −20 −15 −10 −5 0 5 10 15 20 25 30 35 40 45 50

60�E 90�E 120�E 150�E 180�E 150�E 120�E 90�W 60�W 30�W 0�

0�

  Figure 19.1    Difference (ppq) in Hg 0  concentrations between a run excluding and one including 
the reaction of OH with Hg 0 , both using the Hg + O 

3
  reaction rate constant of Hall  (1995)        
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  Figure 19.3    Monthly mean ozone concentration (ppb), January 2001       

 The other effect that the removal of the OH reaction from the mechanism has is 
to give RGM concentrations in the lowest model layer which show very little diurnal 
variation, even in the MBL where measurements show that in the absence of 
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precipitation RGM shows distinct variations with maxima towards midday and 
minima at midnight. It has been suggested that this is due to oxidation by halogens 
(particularly Br) which are released from sea salt aerosols. 

 It is now well established that halogen containing compounds oxidise Hg, during 
AMDEs the concentrations of O 

3
  and OH reach extremely low levels and yet ele-

mental Hg continues to be oxidised often leading to concentrations below the detec-
tion limit of the automatic instruments commonly used for atmospheric Hg 
sampling. The inclusion of Br in the chemical mechanism employed in global Hg 
models represents a major obstacle, because of the complexity of the chemical 
mechanism which would need to be used and the uncertainty in the magnitude of 
the sea salt source of bromine.  

  19.3.2 Model Evaluation 

 For a meaningful simulation of the oxidation of Hg to RGM in current atmospheric 
Hg chemistry schemes, one of the most important species is ozone, (in its own right 
and due to the the formation of OH) which therefore needs to be simulated with 
accuracy. Six hour simulated ozone concentrations for winter (February) and sum-
mer (June) of the year 2001 for the lowest model layer are compared to observa-
tional surface stations of the EMEP measurement network Figures  19.5  and  19.6 ). 
It is demonstrated, that the ozone levels are generally represented well. In particu-
lar, the influence of synoptic disturbances are represented within the model run, as 
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  Figure 19.4    Hg 0  concentration (ppq) using the Hg 0  + O 
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  reaction rate of Pal and Ariya  (2004)  

and including the Hg 0  + OH reaction       
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  Figure 19.5    Simulated O 
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can be seen by the good agreement of synoptic scale (days-week) variability of 
ozone concentrations. High frequency variability in the model is underestimated, 
especially in winter. In summer (Figure  19.6 ) a pronounced, photochemically 
dependent, daily cycle is simulated, with a good agreement of duration and fre-
quency of high ozone levels, but a slight underestimation in magnitude.   

 Partly this can be explained by the coarse resolution of a global model, where 
the grid box value represents the volume mean species concentration, which is then 
compared to an observed point value. Therefore observed daily minimum and 
maximum values will often not be reproduced, as they strongly depend on subgrid-
scale effects (e.g. induced through topography, land-sea contrasts). Similar behav-
iour was observed as well e.g. by Duncan et al.  (2008)  for the GMI CTM. Hence 
an additional validation on basis of ozone columns, daily, monthly and annual 
means is being performed as well. 
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 A first evaluation of simulated mercury concentrations was also performed. The 
model was therefore initialized with an assumed initial (background) concentration 
and allowed to spin-up for 1 month. In Figure  19.7  a comparison of simulated sur-
face mercury concentrations with observed concentrations of the EMEP network is 
demonstrated. Generally a quite good agreement is observed. The background con-
centration of TGM for the two background stations Spitsbergen (Norway) and 
Mace Head (Ireland) is underestimated, whereas the range of mercury concentra-
tions for the stations in Finland and Sweden, that have a stronger influence of 
continental European sources, is in better agreement with observations. This can be 
explained by the fact that a spin-up period of 1 month is possibly not enough to 
reproduce background concentrations at stations that are more influenced by air 
masses coming from North America, and the initial concentrations chosen for Hg 0  
are with 1.5 ng m -3  slightly lower than observed northern hemispheric background 
concentrations. Therefore a longer spin-up period, as is used in the HTAP full-
chemistry simulations is necessary.   

a bMaze Head, Ireland

c dPallas/Matarova, Finland Roervik, Sweden

IE31 - 25 m asl

FI36 - 340 m asl SE02 - 10 m asl

3.0

2.5

2.0

1.5

C
on

ce
nt

ra
tio

n 
[n

g
/m

3]

1.0

0.5

0.0

3.0

2.5

2.0

1.5

1.0

0.5

0.0

3.0

2.5

2.0

1.5

1.0

0.5

0.0

3.0

2.5

2.0

1.5

1.0

0.5

0.0

C
on

ce
nt

ra
tio

n 
[n

g
/m

3]

C
on

ce
nt

ra
tio

n 
[n

g
/m

3]
C

on
ce

nt
ra

tio
n 

[n
g

/m
3]

Feb 02Feb 07Feb 12Feb 17Feb 22Feb 27 Feb 02Feb 07Feb 12Feb 17Feb 22Feb 27

Feb 02Feb 07Feb 12Feb 17Feb 22Feb 27 Feb 02Feb 07Feb 12Feb 17Feb 22Feb 27

NO42 - 474 m asl
Spitsbergen, Norway

  Figure 19.7    Simulated TGM concentrations ( ng m   -3  ) versus observations, February 2001       



19 The ECHMERIT Model 559

  19.3.3 Tracer Transport Studies 

 Within the framework of the HTAP (Hemispheric Transport of Air Pollutants) 
model intercomparison study, passive tracer experiments were performed to iden-
tify source-receptor relationships for the northern hemisphere. Therefore four dif-
ferent source and receptor regions were defined, as demonstrated in Figure  19.8 . 
The regions are the following, EU for Europe, NA for North America, EA for East 
Asia and SA for South Asia (more or less restricted to the Indian subcontinent). 
As passive tracers different artificial tracers were defined, in order to represent 
certain chemical species. Amongst the predefined tracers a CO-like tracer with a 
lifetime of 50 days and 3 different Hg-like tracers were defined with lifetimes of 
180, 360 and 540 days. The destruction of the species was represented by a simple 
exponential decay with the respective lifetimes. No complex chemistry and neither wet 
nor dry deposition are included in this experiment. The simulations were performed 
with a spin-up period of 1 year for the CO-like tracers and a spin-up of 2 years for 
the Hg-like tracers. The simulation year (2001) was run, making use of the nudging 
routine of ECHAM5, for a relaxation of the simulated meteorology to ECMWF 
ERA40 reanalysis data. Monthly mean emission data are used for CO, whereas for 
the Hg-like tracers only annual means of anthropogenic emissions were available 
(Tables  19.1  and  19.2 ). Clearly the South and East Asian source regions show a 

60N

30N

EQ

30S

60S

180W 150W 120W 90W 60W 30W 0E

htap_regions

30E 60E 90E 120E 150E 180E
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  Table 19.1   Monthly mean emission of CO for source regions in total and as percentage of the 
global value   

 EA 
 (Tg)  

 EA 
(%)  

 SA 
(Tg)  

 SA 
 (%)  

 EU 
 (Tg)  

 EU 
(%)  

 NA  
(Tg)  

 NA  
(%)  

 Gobal  
(Tg)  

 Jan  14.99  14  11.95  11  6.48  6  6.37  6  109.20 
 Feb  13.26  16  10.21  12  5.80  7  5.97  7  85.10 
 Mar  14.01  18  19.12  25  6.66  9  7.21  9  77.24 
 Apr  13.41  16  23.73  28  6.94  8  8.96  11  83.97 
 May  9.68  14  6.48  9  6.74  10  9.29  13  69.19 
 Jun  7.72  11  4.63  7  6.17  9  8.23  12  67.70 
 Jul  6.80  8  3.81  5  6.85  8  8.05  10  83.03 
 Aug  8.09  8  5.04  5  7.65  7  8.64  8  105.34 
 Sep  9.58  11  6.52  7  7.14  8  8.48  9  90.23 
 Oct  11.98  16  8.35  11  7.08  9  8.67  12  75.14 
 Nov  12.94  17  9.88  13  6.82  9  7.66  10  77.29 
 Dec  14.60  15  11.62  12  6.73  7  6.63  7  96.30 

  Table 19.2   Annual mean anthropogenic emissions of Hg0 for source regions in total and as 
percentage of the global value   

 EA
   (Mg)  

 EA  
(%)  

 SA
   (Mg)  

 SA 
 (%)  

 EU   
(Mg)  

 EU 
 (%)  

 NA 
  (Mg)  

 NA  
(%)  

 Global 
 (Mg)  

 Annual  474.38  37  94.70  7  160.86  13  78.36  6  1276.72 

much higher intra-annual variability of CO emissions, than Europe and North 
America. This is mainly due to pronounced biomass burning during the dry season, 
with a strong maximum in April for South Asia. In the monsoon season CO emis-
sions from these two source regions are significantly lower. The high overall emis-
sions of CO in August are partly due to high levels of biomass burning in central 
Africa, which lies outside the defined source regions.    

 The anthropogenic mercury emissions used in the tracer experiment have no 
annual cycle. Table  19.2  shows that more than one third (37%) of global anthropo-
genic emissions of Hg occur within the East Asian source region. The second larg-
est source region is Europe which accounts for 13% of global emissions. The 
different lifetimes of the Hg-like tracers lead to distinctly different distributions and 
rates of mixing of the tracers in the atmosphere (compare Figure  19.9 ). The tracer 
concentrations of the Hg-like tracer with a 360 day lifetime, from the different 
source regions in the mid-troposphere ( ~ 500 hPa) and in the surface layer are illus-
trated in Figures  19.10  and  19.11 , respectively. Clearly the dominating contribution 
of Hg deriving from EA and EU on the globe can be evaluated.    

 The simulated contributions to the specific receptor regions from the defined 
source regions for CO as well as Hg-like tracers, are summarized in Table  19.3 . The 
values were calculated for the entire tropospheric column, excluding the lowermost 
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model level. The most pronounced differences for the different receptor regions 
between summer and winter, that can be found for the CO-like tracer are a higher 
contribution of the not specifically considered source regions (mostly in the south-
ern hemisphere). This can be partly traced back to the changed atmospheric circula-
tion patterns and a stronger inflow from the South to the receptor regions in the 
northern hemisphere. Furthermore in July a minor influence of east, as well as 

  Figure 19.9    Hg-like tracers with different lifetimes (days), concentration (ppq) in 500 hPa       

  Figure 19.10    Hg-like tracer (lifetime 360 days) for 4 different source regions, concentration (ppq) 
in 500 hPa, July 2001       



562 G. Jung et al.

  Figure 19.11    Hg-like tracer (lifetime 360 days) for 4 different source regions, concentration 
(ppq) in surface layer, July 2001       

  Table 19.3   Hg tracer experiment monthly percentages of tracer concentrations in the atmosphere 
above the receptor region deriving from a specific source region   

  CO  
Source 
Regions   Hg  

 EU  EA  SA  NA  EU  EA  SA  NA 

 Receptor Regions  SA  jan  6.3  15.5  32.1  5.5  8.6  27.5  9.7  4.6 

 feb  5.1  9.8  23.3  4.5  8.4  27.6  9.2  4.6 

 mar  5.2  9.9  21.2  5.4  8.3  27.6  8.1  4.7 

 apr  5.2  10.0  25.4  5.5  8.0  27.0  7.9  4.5 

 may  5.7  9.2  28.5  7.1  8.1  26.4  8.1  4.6 

 jun  10.5  9.8  24.8  8.7  9.4  26.3  9.2  4.4 

 jul  12.2  8.7  19.1  8.0  9.5  27.1  9.5  4.2 

 aug  10.1  6.9  19.0  6.7  8.5  26.6  9.6  4.1 

 sep  8.7  5.3  20.7  6.5  8.5  26.1  9.6  4.4 

 oct  5.6  4.2  25.4  5.3  7.7  24.6  9.6  4.3 

 nov  4.2  5.4  29.3  5.1  7.0  24.8  9.8  4.3 

 dec  3.6  6.3  25.7  4.5  6.9  25.1  8.7  4.3 

(continued)
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  CO  
Source 
Regions   Hg  

 EU  EA  SA  NA  EU  EA  SA  NA 

 EA  jan  8.2  35.1  16.7  8.0  8.5  40.7  5.7  4.6 

 feb  6.5  31.4  14.4  6.1  8.4  40.0  5.8  4.4 

 mar  6.5  28.5  18.6  5.5  8.6  39.1  5.6  4.4 

 apr  4.7  25.9  33.8  4.3  7.9  38.5  6.0  4.2 

 may  5.0  26.3  26.8  5.4  7.5  37.6  6.4  4.0 

 jun  5.4  30.4  17.4  6.0  6.9  39.8  5.8  3.7 

 jul  5.5  28.4  10.8  5.9  6.7  40.1  5.2  3.6 

 aug  4.4  28.5  7.7  5.5  6.2  40.9  4.8  3.7 

 sep  4.9  25.9  9.2  6.6  6.6  38.7  5.3  4.1 

 oct  5.7  30.3  13.2  7.1  7.0  39.2  5.6  4.2 

 nov  6.4  31.1  11.5  7.9  7.4  39.1  5.0  4.3 

 dec  6.8  31.7  12.4  7.4  7.7  39.0  5.0  4.4 

 EU  jan  24.1  21.4  14.0  17.8  15.3  37.5  5.3  6.4 

 feb  20.8  23.1  13.1  15.4  15.0  36.9  5.3  6.6 

 mar  19.3  22.3  13.3  15.2  14.4  36.9  5.3  6.5 

 apr  20.5  19.7  17.1  16.0  15.0  36.3  5.1  6.5 

 may  19.9  19.3  20.0  17.8  14.7  36.9  5.0  6.4 

 jun  21.1  17.1  13.3  21.9  13.9  36.2  5.0  6.4 

 jul  24.9  13.8  7.9  24.3  14.4  35.5  4.8  6.5 

 aug  25.8  11.5  4.4  23.8  14.3  35.6  4.5  6.6 

 sep  27.5  11.9  2.8  22.7  15.1  35.5  3.9  6.5 

 oct  24.3  16.1  4.0  23.3  13.8  36.2  4.0  6.6 

 nov  23.6  20.2  6.6  21.1  13.7  37.1  4.3  6.4 

 dec  24.9  21.4  8.8  17.3  14.7  35.7  4.5  6.2 

 NA  jan  7.2  26.1  16.0  19.8  8.3  38.6  5.6  7.2 

 feb  5.6  24.9  14.7  16.5  8.4  37.4  5.9  6.9 

 mar  4.6  24.0  17.1  16.6  8.2  37.6  5.8  6.9 

 apr  4.0  21.5  24.9  18.7  8.1  37.1  5.8  6.7 

 may  4.1  20.8  25.6  21.5  7.9  37.2  5.7  6.7 

 jun  4.5  20.3  14.9  27.3  7.6  36.9  5.3  6.9 

 jul  4.5  16.1  7.8  33.3  7.6  36.4  4.7  7.8 

 aug  5.0  13.5  4.1  32.1  7.9  35.9  4.3  7.7 

 sep  4.6  14.7  3.4  30.8  7.4  35.9  4.1  7.5 

 oct  5.4  19.2  5.8  27.9  7.5  37.2  4.3  7.1 

 nov  5.1  23.0  9.7  24.8  7.4  37.1  4.8  7.0 

 dec  4.7  25.2  11.8  19.6  7.2  36.6  5.0  6.6 

Table 19.3 (continued)
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south Asian sources to all receptor regions can be delineated (compare Figures 
 19.12  and  19.13 ). The North American and European contribution in contrast does 
not show a comparable large intra-annual variability, as do the emissions. One very 
clear signal of a breakdown of South Asian outflow can be observed from the 
month of July to December. This is to one part due to the strong decrease in CO 
emissions from biomass burning with the beginning of the monsoon season in June/
July. On the other hand, a change in the atmospheric circulation with the monsoon 
causes a change in transport pathways. Due to dominating westerly winds and also 
determined by the lifetime of CO, the fraction of CO arriving in Europe originating 
from North America is almost as large as that from East Asia.    

 Looking at the results for the mercury-like tracer (lifetime 360 days) in Figure  19.14  
draws a different picture. In almost all receptor regions, the largest contributions are 
due to only two source regions: Europe and East Asia. These are the regions with 
the largest annual emissions and additionally the longer lifetime of the Hg-like 
tracer with respect to the CO-like tracer leads to a better mixing and a longer range 
transport of this tracer. From Table  19.3  it becomes obvious, that also the intra-
annual differences are smaller. This effect can, to a large extent, be contributed to 
the missing annual cycle in the emission data, but is also due to the longer lifetimes 
and therefore better mixing of Hg in the atmosphere.   
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  Figure 19.12    CO-like tracer: contribution of source regions to receptor regions, January 2001       



January 2001, North America

January 2001, East Asia January 2001, South Asia

January 2001, Europe

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

  Figure 19.14    Hg-like tracer: contribution of source regions to receptor regions, January 2001       

July 2001, North America July 2001, Europe

July 2001, South AsiaJuly 2001, East Asia

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

Europe
East Asia
South Asia
North America
other

  Figure 19.13    CO-like tracer: contribution of source regions to receptor regions, July 2001       
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  19.3.4 Emission Reduction Experiment 

 ECHMERIT will also contribute to the HTAP model intercomparison with emis-
sion reduction experiments. To illustrate this modelling approach, short, prelimi-
nary runs of 3 months (January-March 2001) including the full chemistry and wet, 
as well as dry deposition mechanisms were performed. These runs were started 
with a globally uniform background Hg 0  concentration of 1.5 ng m -3  and a pre-run 
of one month. Therefore these experiments have to be seen as preliminary, example 
runs that serve to illustrate the capability of the model to be used for this kind of 
experiment. 

 A control simulation with unchanged emissions of mercury species was run, as 
well as a reduction experiment with a 20% reduction of anthropogenic emissions in 
all defined source regions (see Figure  19.8 ). 

 Figure  19.15  shows the change (control run minus reduced emissions) in Hg 0  
concentrations in the surface model layer due to a 20% emission reductions in all 
source regions. Clearly the largest decrease can be seen in the source regions 
themselves, but a signal is found over the entire northern hemisphere. In the 
southern hemisphere hardly any change is simulated, due to the fact that southern 
hemispheric emission were not changed and additionally because inter-hemispheric 
(global) mixing occurs on a time scale of about one year.  

 The impact of 20% emission reductions on the deposition of mercury species is 
demonstrated in an example, focusing on dry and wet deposition of RGM (compare 
Figure  19.16 ). It is illustrated, that both wet and dry deposition changes show the 
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  Figure 19.15    Changes (control run minus reduction experiment) in Hg 0  concentration (ppq) with 
a reduction of 20% in all 4 source regions, Jan-Mar 2001       
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  Figure 19.16    Changes (control run minus reduction experiment) in wet (below) and dry (up) 
deposition due to a 20% emission reduction in all 4 source regions, Jan-Mar 2001       
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strongest change near emission sources. Clearly wet deposition change (as well as 
wet deposition itself) is negligible in desert regions like the Sahara. For the three 
month period, a reduction in mercury emissions for all four source regions leads to 
a strong signal in dry deposition change over the regions of East Asia (-8.98%) 
and Europe (-4.86%) (compare Table  19.4 ). This reflects once more the importance 
of these two regions, and the fact that the largest emissions derive from there. 
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The percentage changes in wet deposition are comparably smaller than those in dry 
deposition. This is mostly due to the fact, that dry deposition of RGM occurs only 
in the surface layer and is therefore more directly influenced by the emissions in 
the source regions. Wet deposition in ECHMERIT includes in-cloud scavenging 
and is therefore determined to some extent also by mercury concentrations in 
higher model levels, up to 10-15 km height, which also reflect emission processes 
in other regions as well as transport processes.     

  19.4 Future Research and Policy Implications  

 Already from the passive tracer experiments it is obvious, that the influence of East 
Asian and European emission of mercury species are of major importance for the 
entire globe, compared to pollutants with a shorter lifetime. The full chemistry ver-
sion of ECHMERIT will in future studies be a useful tool to analyse emissions-
reduction scenarios as e.g. for the HTAP model intercomparison, to investigate the 
impact that emission abatement strategies can have on the global mercury cycle and 
transport patterns. For that purpose also a comparison with the tracer transport stud-
ies is foreseen, to investigate the importance of transport versus chemistry proc-
esses with respect to global atmospheric mercury pollution.      
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   Chapter 20   
 The EMEP/MSC-E Mercury Modeling System       

     Oleg   Travnikov    and    Ilia   Ilyin      

  Summary   The EMEP/MSC-E hemispheric chemical transport model (MSCE-
HM-Hem) and its regional version (MSCE-HM) are applied for operational calcula-
tions of mercury transboundary pollution within the European region and in the 
Northern Hemisphere. This chapter contains examples of the models application 
for assessment of mercury atmospheric dispersion and deposition both on hemispheric 
and regional scales. Model simulations of mercury atmospheric dispersion in the 
Northern Hemisphere have been performed for the period 1990-2004. Long-term 
changes of mercury deposition during this period have been evaluated for different 
continents and regions of the Northern Hemisphere. Obtained modelling results have 
been compared with long-term monitoring data from various national and international 
networks. Besides, intercontinental transport of mercury as well as sensitivity of mercury 
deposition in the Northern Hemisphere to emission reduction in different continents 
have been estimated.    

  20.1 Introduction  

 Mercury is among the priority pollutants considered under the Convention on 
Long-Range Transboundary Air Pollution (CLRTAP). Along with other heavy met-
als it was included into the Protocol on Heavy Metals – an international binding 
instrument under the Convention regulating atmospheric emissions of these pollut-
ants and aimed at reduction of their adverse effects on human health and the envi-
ronment. Scientific support of development and implementation of the Protocol is 
provided by the Cooperative Programme for Monitoring and Evaluation of the 
Long-range Transmission of Air Pollutants in Europe (EMEP). To meet require-
ments of the Protocol the Meteorological Synthesizing Centre - East of EMEP 
(EMEP/MSC-E) develops and applies appropriate chemical transport models to 
provide Parties to the Convention with information on transboundary fluxes and 
deposition of heavy metals in Europe including mercury. 

 This chapter contains examples of application of the EMEP/MSC-E chemical 
transport models for assessment of mercury atmospheric dispersion and deposition 
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both on hemispheric and regional scales. Particular attention is paid to evaluation 
of long-term changes of mercury deposition in different parts of the Northern 
Hemisphere and to estimates of relative importance of the intercontinental atmos-
pheric transport for mercury deposition and their sensitivity to emission reduction 
in various continents.  

  20.2 Model Description  

 The EMEP/MSC-E hemispheric chemical transport model (MSCE-HM-Hem) and 
its regional version (MSCE-HM) are applied for operational calculations of mer-
cury and other heavy metals transboundary pollution within the European region 
and in the Northern Hemisphere in connection with the EMEP programme and 
other activities relating to the CLRTAP. Detailed description of the models is avail-
able in (Travnikov and Ryaboshapko,  2002 ; Travnikov and Iliyn,  2005 ; Travnikov, 
 2005) . A brief overview of the model formulation is presented below. 

 The hemispheric MSCE-HM-Hem model is a three-dimensional Eulerian type 
chemical transport model driven by off-line meteorological data. The model 
domain covers the whole Northern Hemisphere with resolution 2.5° × 2.5° (Figure 
 20.1(a) ). The terrain-following pressure-based vertical coordinate consists of eight 
irregular layers up to the lower stratosphere. The model considers mercury emissions 
from anthropogenic and natural sources, transport in the atmosphere, chemical 
transformations both in gaseous and aqueous phases, and deposition to the ground. 
The regional version of the model (MSCE-HM) is formulated on the polar stereo-
graphic projection and covers the European region and surrounding areas by a regu-
lar grid with 50 × 50 km spatial resolution at 60°N (Figure  20.1b ). Both models have 
the same formulation of major physical and chemical processes and are coupled by 
the one-way nesting. Daily mean concentrations of three atmospheric mercury 
forms (Hg 0 , Hg (II)  

gas
 , Hg 

part
 ) pre-calculated with the hemispheric model are used for 

definition of initial and boundary conditions for the regional model.  

  Figure 20.1    Hemispheric (a) and the EMEP regional (b) grids of the MSCE-HM-Hem and 
MSCE-HM models       
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 The chemical scheme of mercury transformation in the atmosphere is based on the 
kinetic mechanism developed by Petersen et al.  (1998) . The original scheme was 
optimized in order to accelerate the model performance for operational calculations. 
For this purpose very slow reactions were neglected, whereas very fast ones were 
replaced by appropriate equilibriums. The model description of physical and chemical 
transformations of mercury in the atmosphere includes dissolution in cloud droplets, 
gas-phase and aqueous-phase oxidation by ozone, chlorine and hydroxyl radical, 
aqueous-phase reduction via decomposition of sulphite complexes, formation of 
chloride complexes, and adsorption by soot particles in cloud water. A summary of 
all chemical transformations included to the model is presented in Table  20.1 . 

 The monthly mean data on air concentration of chemical reactants involved in 
reactions with mercury are taken from Wang et al.  (1998)  for ozone, Chin et al. 
 (1996)  for sulphur dioxide, and Spivakovsky et al.  (2000)  for hydroxyl radical. The 
original data were interpolated to the model grid. In order to take into account the 
diurnal cycle of OH radical we assume zero concentration at night and concentra-
tions proportional to the cosine of the solar zenith angle during daytime. Besides, 
air concentrations of OH were decreased by a factor of 2 in the cloud environment 
and below clouds to account for reduction of photochemical activity (Seigneur et al., 
 2001) . Besides, following Seigneur et al.  (2001)  we adopt air concentration of 
molecular chlorine in the lowest model layer over the ocean to be 100 ppt at night 
and 10 ppt during daytime and zero concentration over land. Model description of 
removal processes includes dry deposition and wet scavenging. The dry deposition 
scheme is based on the resistance analogy approach (Wesely and Hicks,  2000)  and 
allows taking into account deposition to different land cover types (forests, grassland, 
water surface etc.). Dry deposition of particles to vegetation is described using the 
theoretical formulation by Slinn  (1982)  and fitted to experimental data (Ruijgrok 
et al.,  1997 ; Wesely et al.,  1985) .

The parameterization of dry deposition to water surfaces is based on the 
approach suggested by Williams  (1982)  taking into account the effects of wave 
breaking and aerosol washout by seawater spray. Parameters of dry deposition of 
gaseous oxidised mercury are chosen as for those of nitric acid (zero surface resist-
ance) because of similar solubility of these substances. Besides, dry deposition of 
gaseous elemental mercury to vegetation is considered. The deposition velocity of 
this form varies from 0 to 0.03 cm s-1 depending on surface temperature, solar radia-
tion and vegetation type. The model distinguishes in-cloud and sub-cloud wet 
scavenging of particulate species and highly soluble reactive gaseous mercury 
based on empirical data. Besides, the precipitation rate is scaled for convective 
precipitation according to Walton et al.  (1988)  to take into account fractional cover-
age of a grid cell with precipitating clouds.  

 The hemispheric MSCE-HM-Hem model is driven by off-line meteorological 
parameters supplied by the low atmosphere diagnostics system (SDA) developed in 
co-operation with Hydro-meteorological Centre of Russia (Rubinstein and Kiktev, 
 2000) . The system provides 6-hour weather prediction data along with estimates of 
the atmospheric boundary layer parameters and covers the Northern Hemisphere 
with the model spatial resolution. NCAR/NCEP re-analysis data is utilized as the 
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input information for the system. The regional MSCE-HM model is driven by mete-
orological data pre-processed by the MM5 - Fifth Generation Penn State/NCAR 
Mesoscale Model (Grell et al.,  1995) . The pre-processor utilizes the NCAR/NCEP 
re-analysis or ECMWF data as the input information and provides 6-hour weather 
prediction data with the same spatial resolution as that of the transport model. 

 Anthropogenic emissions data for long-term calculations during the period 
1990-2005 were prepared utilizing global mercury emission datasets available for 
the years 1990, 1995, and 2000 (CGEIC website; Pacyna et al.,  2003 ; Pacyna et al., 
 2006) . For other years of the period the linear interpolation was applied, except for 
emissions for years 2001-2004 which were taken equal to those in 2000 because of 
absence of more recent data. However, this assumption evidently does not allow 
taking into account significant growth of mercury emissions in China since 2000 
(see Chapters 2 and 3). Estimated long-term changes of total mercury anthropo-
genic emissions in the Northern Hemisphere and their spatial distribution in 2000 
are presented in Figure  20.2 .  

 As seen, relative contribution of European and North American sources to total 
hemispheric emission significantly decreased in the first half of the period while the 
contribution of Asian sources increased. Thus, the overall emission changed 
slightly between 1990 and 2004. 

 Natural emission and re-emission of mercury from soil and seawater was taken 
into account using global estimates by Lamborg et al.  (2002) . Spatially resolved 
emission flux was obtained by distribution of the global emission values over 
Earth’s surface depending on the soil temperature for emissions from land and 
proportional to the primary production of organic carbon for emissions from the 
oceans (Travnikov and Ryaboshapko,  2002) . It was expected that mercury is emitted 
from natural surfaces in elemental gaseous form. The temperature dependence of 
soil emission was described by an Arrhenius type equation with empirically derived 
activation energy about 20 kcal mol-1 (Kim et al.,  1995 ; Carpi and Lindberg,  1998 ; 

  Figure 20.2    Long-term changes of mercury anthropogenic emissions in the Northern Hemisphere 
( a ) and spatial distribution of Hg anthropogenic emissions in 2000 ( b ). Solid lines depict source 
regions selected for the analysis       
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Poissant and Casimir,  1998 ; Zhang et al.,  2001) . Evasion of Hg from geochemical 
mercuriferrous belts (Gustin et al.,  1999)  was assumed to be 10 times higher then 
that from background soils. Monthly mean satellite based data on the ocean primary 
production of carbon (Behrenfeld and Falkowski,  1997)  were utilized to distribute 
the natural mercury emission flux over the ocean. 

 Two-years model spin-up was performed to fill up the atmosphere with mercury. 
To take into account the inter-hemispheric transport of mercury a fixed gradient of 
elemental mercury concentration of 0.05 ng m -3  degree was set at the equator. This 
value was obtained from approximation of measurement data from the ocean 
cruises (Slemr,  1996) .  

  20.3 Results and Discussion  

 Model simulations of mercury atmospheric dispersion in the Northern Hemisphere 
were performed for the period 1990-2004. Long-term changes of mercury deposition 
during this period were evaluated for different continents and regions of the 
Northern Hemisphere. Obtained modelling results were compared with long-term 
monitoring data from various national and international networks (EMEP, NADP/
MDN, CAMnet etc.) Besides, intercontinental transport of mercury as well as sen-
sitivity of mercury deposition in the Northern Hemisphere to emission reduction in 
different continents were estimated. Major modelling results are discussed below.

 20.3.1 Spatial distribution and long-term trends 

 Spatial patterns of total mercury deposition in the Northern Hemisphere and, with 
higher resolution, in Europe are illustrated in Figure  20.3  for the year 2001. 

  Figure 20.3    Spatial distribution of total mercury deposition in the Northern Hemisphere and in 
Europe in 2001       
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In general, spatial distribution of deposition well corresponds to the emission field 
(Figure  20.2b ): Elevated deposition fluxes (more than 20 g km -2  yr –1) were in Europe, 
North America, Eastern and Southern Asia. Mercury deposition in these regions are 
defined to a greater extent by primary short-lived mercury forms (oxidized gaseous 
and particulate mercury) directly emitted to the atmosphere from local anthropo-
genic sources. On the other hand, deposition over remote regions depend on  in situ  
oxidation of elemental mercury transported from various continents.  

 Therefore, considerable deposition fluxes over some parts of the Atlantic and 
Pacific oceans (up to 12 g km -2  yr –1) are result of combination of two factors: rela-
tively high concentrations of the oxidants (tropospheric ozone first of all) and ele-
vated precipitation amount in these regions. Here we consider only long-term 
deposition of mercury to the surface and do not take into account its fast circulation 
between air and seawater in the marine boundary layer (e.g. Laurier et al.,  2003 ; 
Hedgecock and Pirrone,  2004) . The lowest deposition fluxes were predicted over 
desert regions in Africa and in some areas of the Arctic mostly because of small 
precipitation amount. However, it should be noted that chemical mechanism of 
mercury depletion events (MDEs) was not taken into account in this study. Thus, 
one can expect that mercury deposition in the Arctic is considerably higher, particu-
larly, in the coastal areas. 

 Estimates of long-term changes of mercury deposition to different continents 
and regions of the Northern Hemisphere are presented in Figure  20.4 . The most 
significant decrease of deposition during the considered period took place in 

  Figure 20.4    Long-term changes of mercury deposition flux in Europe ( a ), North America ( b ), 
Eastern and Southeastern Asia ( c ), and in the Arctic ( d ). Solid line presents average flux over the 
region; shaded area shows 90%-confidence interval of the flux variation over the region       
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Europe: the average deposition flux decreased by a factor of two, whereas the highest 
deposition fluxes decreased by a factor of three (Figure  20.4(a) ). The reason for that 
is considerable emission reduction in Europe in this period (see Figure  20.2a ). 
Changes of mercury deposition in North America (Figure  20.4(b) ) are less pro-
nounced because of smaller emission reduction and more essential contribution of 
mercury transport from other continents (in particular, from East Asia). In agreement 
with changes of anthropogenic emissions, deposition of mercury increased in 
Eastern and Southeastern Asia (Figure  20.4(c) ). However, the increase was 
smoothed by decrease of emissions in other parts of the Northern Hemisphere. In the 
beginning of the period deposition levels in Eastern and Southeastern Asia was 
comparable with those in Europe and almost twice higher than in North America, 
whereas by the end of the period deposition in Asia became the highest in the 
Northern Hemisphere. Estimated mercury deposition in the Arctic did not change 
significantly during the 15-years period (Figure  20.4(d) ) and they are several times 
lower than those in major industrialized continents. However, as it was mentioned 
above, these estimates do not take into account effect of the MDEs and, therefore, 
underestimate actual deposition in the Arctic. It should be also noted that some 
increase of mercury deposition estimated for last years of the period (2001-2004) 
was caused solely by changes of meteorological conditions since emissions were 
taken unchanged for these years.  

 Estimates performed by the regional version of the model with more detailed 
emissions for Europe ( WebDab ,  2006)  demonstrate continuous decrease of deposition 
in Europe during the whole period including the last years (Figure  20.5(a) ). In par-
ticular, Figure  20.5  shows trends of mercury deposition changes to different land use 
categories in Europe. As seen the largest deposition values and the most significant 
decrease are characteristic of urban areas. It is evident that they are located in the 

  Figure 20.5    Long-term changes of mercury deposition flux to different landuse categories in 
Europe ( a ) and comparison of calculated mercury deposition to forests with throughfall measurements 
at forest sites in Europe ( b )       
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immediate vicinity of main anthropogenic sources and reflect emission dynamics. 
On the other hand, changes of deposition to other sensitive land use categories (for-
est, wetland) are less pronounced because they are located more remotely from 
direct emission sources and more affected by transport form other continents and 
natural/re-emission sources. Another aspect of these estimates is connected with 
current understanding of mercury exchange with vegetation. Analysis of contempo-
rary models parameterization of mercury deposition to forest reveal that simulated 
total (wet and dry) deposition cannot explain overall input of mercury to the forested 
ecosystems (Munthe,  2005) . Particularly, Figure  20.5(b)  presents comparison of 
modelled deposition fluxes with measurements at several forested ecosystems in 
Europe (Schwesig et al.,  1999 ; Schwesig and Matzner,  2000 ; Porvari and Verta, 
 2003 ; Lee et al.,  2000 ; Munthe et al.,  1995) . As seen from the figure, the model suc-
cessfully reproduces throughfall deposition flux of mercury, however, it fails taking 
into account litterfall component of deposition, which is defined by mercury accu-
mulated in foliage. Thus, mercury deposition simulated by the model likely signifi-
cantly underestimate actual total input of mercury to forested ecosystems.  

  20.3.2 Evaluation of Modelling Results 

 In order to evaluate the modelling results calculated mercury concentrations in air and 
precipitation were compared with available measurements. For this purpose we used 
long-term observations from the EMEP monitoring network in Europe (Aas and 
Breivik,  2006)  as well as the NADP /MDN (  http://nadp.sws.     uiuc.edu/mdn/) and 
CAMNet (Kellerhals et al.,  2003)  networks in North America. Besides, measurements 
at the Arctic stations (Barrow, Alert, Amderma), data from the MAMCS project 
(Pirrone et al.,  2003)  and some measurements from Asia (Tan et al.,  2000 ; Kim et al., 
 2002)  were involved in the comparison. Location of monitoring sites used in the model 
evaluation is shown in Figure  20.6(a) . Results of the comparison of annual mean val-
ues for the period 1990-2004 are presented in Figures  20.6(b)  and  20.6(c) .  

 As seen, modelled concentrations of total gaseous mercury well agree with 
observed ones. Discrepancy between calculated and measured values does not 
exceed 20% with the exception of high values at Chinese and Korean sites which 
are somewhat underestimated by the model. On the other hand, the model tends to 
overestimate observed mercury concentration in precipitation. Besides, scattering 
of modelled and observed concentration in precipitation is more significant than in 
the case of air concentration. Nevertheless, difference between the calculated and 
measured values does not exceed a factor of two. 

 An example of comparison of measured and modelled long-term variation of 
mercury concentration in air and precipitation during the period 1990-2004 at some 
monitoring sites is shown in Figure  20.7 . Both model and observations demonstrate 
relatively low variation of total gaseous mercury concentration in air (Figures 
 20.7(a)  and  20.7(b) ).  

 The model somewhat overestimate relatively low concentrations (below 1.5 ng m -3 ) 
at station Pallas in Finland. Besides, it does not catch deep depressions of the concentration 
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during springtime because of MDEs at the Arctic station Zeppelin located at 
Spitsbergen. Both measurements and the model do not show significant changes of air 
concentrations between 1990 and 2004. The model successfully reproduces variation 
of mercury concentration in precipitation (Figures  20.7(c)  and  20.7(d) ). The variation 
exhibits pronounced seasonal cycle with maximum in summer and minimum in winter, 
which is defined by higher concentrations of photo oxidants during summertime.  

  20.3.3 Intercontinental Transport 

 As it was demonstrated above mercury deposition in many cases is significantly 
affected by transport from other continents (except areas located in the immediate 
vicinity of direct emissions). To evaluate the influence of intercontinental transport 

  Figure 20.6    Location of monitoring sites used in the model evaluation  (a) , calculated vs. meas-
ured values of mean annual concentration of total gaseous mercury ( b ) and mercury concentration 
in precipitation ( c ). Dashed lines depict two-fold difference interval       
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on mercury deposition in the Northern Hemisphere and its sensitivity to emission 
reduction in different continents we performed model runs with anthropogenic 
emissions decreased by 20% in four major source regions – Europe, North America, 
East Asia and South Asia (see Figure  20.2 (b) ) – with respect to the base case for 
the year 2001. 

 Figure  20.8  illustrates spatial patterns of simulated decrease mercury deposition 
in the Northern Hemisphere due to 20% emission reduction in the mentioned above 
regions. Mercury deposition in the Northern Hemisphere are the most sensitive to 
emission reduction in East Asia (Figure  20.8(a) ) because of large relative contribution 

  Figure 20.7    Modelled vs. measured long-term variation of monthly mean total gaseous mercury 
concentration in air ( a, b ) and total mercury concentration in precipitation ( c, d ) at some monitoring 
sites in Europe (Aas and Breivik,  2006)  and North America (  http://nadp.sws.uiuc.edu/mdn/    )       
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of sources located in this region to the global mercury emissions. Deposition of 
mercury decreases considerably not only in Eastern Asia but also over the North 
Pacific, North America and the Arctic. Emission reduction in Europe also results in 
considerable deposition decrease (apart from in Europe itself) in the North Atlantic, 
the Arctic and Northern Africa (Figure  20.8(b) ). Decrease of mercury emissions in 
North America partly affects deposition in the North Atlantic and the Arctic (Figure 
 20.8(c) ). Emission reduction in Southern Asia has the lowest effect on decrease of 
mercury deposition in the Northern Hemisphere (Figure  20.8(d) ). The probability 
distribution of the deposition decrease values over the Northern Hemisphere with 
respect to 20% emission reduction in four selected regions is characterized quanti-
tatively in Figure  20.9(a) . As seen from the figure the most probable values of the 

  Figure 20.8    Spatial distribution of relative decrease of mercury deposition due to 20% emission 
reduction in East Asia ( a ), Europe ( b ), North America ( c ), and South Asia ( d )       
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deposition decrease are 3.2%, 2.8%, 1.8%, and 0.4% for East Asia, Europe, North 
America and South Asia, respectively.

The relative contribution of different source regions to the deposition reduction 
of mercury over various receptor regions is illustrated in Figure  20.9(b) . As seen 
deposition in Europe is most sensitive to reduction of anthropogenic emissions 
from its own sources but also in Eastern Asia and North America. Deposition 
decrease in East and South Asia is also mostly defined by reduction of emissions 
from own sources. On the other hand, mercury deposition in North America only 

  Figure 20.9    Probability distribution of mercury deposition decrease over the Northern 
Hemisphere due to 20% emission reduction in the selected source regions ( a ) and contribution of 
the source regions to the deposition decrease in different receptor regions ( b )       
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partly depends on emissions from own sources but also to a great extent on those 
from East Asian and European sources. Deposition to the Arctic are almost equally 
sensitive to changes of emissions in East Asia and in Europe and also partly to those 
in North America. Total deposition decrease due to 20% emission reduction in all 
four regions varies from 8% in the Arctic to 15% in East Asia.      

  20.4 Uncertainty and Future Research  

 The analysis presented above analysis contains significant uncertainties. First of all, 
one of the most essential input data for mercury atmospheric dispersion modelling 
– anthropogenic emissions – remain incomplete and rather uncertain. The most 
resent global estimates of anthropogenic emissions relate to the year 2000 (Pacyna 
et al.,  2006)  and do not include some important parameters such as temporal variation 
of emissions. Therefore, further development of mercury atmospheric modelling 
requires update and improvement of global emissions data. Another important infor-
mation affecting quality of mercury modelling is data on natural emission and re-emission 
of mercury. According to available estimates (Mason and Sheu,  2002 ; Strode et al., 
 2007)  mercury evasion from land and the ocean significantly contributes to total 
mercury emission to the atmosphere and even likely exceeds the anthropogenic one. 
Therefore, reliable spatially and temporally resolved data on natural emission and 
re-emission are critical for estimates of realistic mercury deposition levels. A possible 
solution of this problem is development of a global multi-media modelling system 
taking into account mercury cycling in the environment and its accumulation in 
different environmental compartments. Among the most uncertain model processes 
one could select atmospheric chemistry and dry deposition (particularly, to vegetation). 
Additional studies are needed to refine chemical constants of the most important 
oxidation reactions with ozone, hydroxyl radical, halogens and improvement of 
model parameterisation of dry deposition of different mercury species. Available 
long-term measurement data do not allow complete evaluation of modelled mercury 
concentration and deposition levels because they are mostly located in North 
America and Europe. There are large territories in Africa and Asia not covered by 
observations at all and only episodic measurements are available from the oceans. 
Besides, very scarce measurement data is available on mercury dry deposition and 
speciated air concentrations. Development of a global monitoring network of long-
term observation including measurements of different mercury species could significantly 
improve evaluation of modelling results.      
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   Chapter 21   
 The AER/EPRI Global Chemical Transport 
Model for Mercury (CTM-HG)       

     Christian   Seigneur   ,    Krish   Vijayaraghavan   ,    Kristen   Lohman   , 
and    Leonard   Levin      

  Summary   Mercury (Hg) has an atmospheric residence time on the order of 1 year 
(Schroeder and Munthe,  1998) . Therefore, it can be transported over long distances 
and the development of source-receptor relationships requires modeling tools that 
are compatible with fate and transport processes at global scales. Furthermore, the 
assessment of the potential impact of mercury emission sources at regional scales 
requires knowledge of the upwind concentrations of mercury species because those 
upwind “background” concentrations are quite influential for modeling the atmos-
pheric fate and transport of mercury at continental and regional scales. Since there 
is a paucity of data to specify such boundary conditions, particularly aloft, it is 
more reliable to obtain such boundary conditions from a global simulation, contin-
gent upon satisfactory performance of the global model. To that end, the AER/EPRI 
global chemical transport model for mercury (CTM-Hg) was developed to simulate 
the global cycling of atmospheric mercury. We present first a general description of 
the model, followed by more detailed discussions of the chemical mechanism and 
emission inventory. Then, results of a performance evaluation with some available 
data are presented. Finally, we present results for the contribution of four source 
regions to atmospheric mercury deposition in those regions.    

  21.1 Description of the CTM-Hg  

 The global Hg model (Shia et al.,  1999 ; Seigneur et al.,  2001,   2004)  is based on the 
three-dimensional (3-D) CTM developed at the Goddard Institute for Space Studies 
(GISS), Harvard University, and the University of California at Irvine. The 3-D 
model provides a horizontal resolution of 8° latitude and 10° longitude and a verti-
cal resolution of nine layers ranging from the Earth’s surface to the lower strato-
sphere. Seven layers represent the troposphere (between the surface and  ~ 12 km 
altitude), and two layers the stratosphere (between  ~ 12 km and 30 km altitude). 
Transport processes are driven by the wind fields and convection statistics calculated 
every 4 hours (for 1 year) by the GISS general circulation model (Hansen et al.,  1983) . 
This 1-year data set is used repeatedly for multi-year simulations until steady state 
is achieved. Steady state is typically achieved after 17 years. 
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 The global mercury emission inventory used to drive the model is for a datum 
of 2000; it is described in detail below. The chemical kinetic mechanism represents 
the current state of the science (Ryaboshapko et al.,  2002 ; Seigneur et al.,  2006 ; 
Seigneur et al.,  2007) ; it is also described in detail below. Dry and wet deposition 
fluxes are simulated as follows (Seigneur et al.,  2004) . The dry deposition velocity 
of Hg (II)  is selected to be 0.25 cm s -1 . The dry deposition velocity of Hg 0  is 0.01 cm s -1  
over land and, because of its low solubility, 0 over the oceans. The Hg(p) deposition 
velocity is 0.1 cm s -1  over land and 0.01 cm s -1  over water. Wet deposition is calcu-
lated using the cloud droplet chemical concentrations and the precipitation patterns. 
For below-cloud scavenging, no scavenging of Hg 0 , 100% scavenging of Hg (II)  and 
50% scavenging of Hg(p) are assumed.  

  21.2 Emission Inventory  

 The base emission inventory is presented in Table  21.1  (Lohman et al.,  2008) . 
Anthropogenic emissions account for about one-third of the total emission rate of 
about 6,600 Mg yr -1  and are dominated by Asia (about half of the world anthropo-
genic emissions). Natural emissions account for about one-sixth of the total emis-
sions, which corresponds to a ratio of current to pre-industrial mercury emissions 
of about three, which is consistent with current estimates (Lindberg et al,  2007) . 
Emissions of previously deposited mercury accounts for half the total emission 
inventory, because it is assumed that, on average, 50% of deposited mercury can be 
emitted back to the atmosphere.  

 The impact of uncertainty in the global Hg emission inventory was investigated 
with the global CTM-Hg (Lohman et al.,  2008) . A base simulation was developed 
to reflect “best estimates”. Three sensitivity simulations reflecting uncertainty over 
different categories of emissions were conducted. In each sensitivity scenario, a 
change was made to the emission inventory, but all other parameters remained the 
same as in the base scenario. The first sensitivity scenario increased global natural 
emissions with a net increase in overall background emissions of 16%. The second 

Table 21.1 Global Mercury Emissions (Mg yr -1) for 2000 (Lohman et al., 2008)
Sources Emission rate

North America 138
South & Central America 92
Europe 239
Asia 1204
Africa 407
Oceania 125
Total direct anthropogenic 2205
Natural emissions (land and water) 1067
Emissions of previously deposited Hg 3272
Total 6544
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doubled anthropogenic emissions from China. The third included the increased 
background emissions from the first sensitivity simulation and also doubled all 
anthropogenic emissions. The base simulation and the first two sensitivity simula-
tions all produce results that are compatible with observations in terms of ambient 
Hg 0  concentrations at remote sites and the North-South total gaseous mercury 
(TGM) gradient in the Atlantic Ocean. On the other hand, the third sensitivity 
scenario demonstrates that increasing background emissions by 16% and doubling 
anthropogenic emissions produces unrealistic results: the North-South TGM gradient 
is not reproduced correctly and, when the modeled results are compared to meas-
urements at remote sites, the modeled results show a consistent over prediction by 
at least 0.4 ng m -3  in all regions. However, such a scenario cannot be ruled out 
because current uncertainties in the redox cycle of Hg (see discussion of mercury 
chemistry below) and in the potential for soils and vegetation to act as significant 
sinks can lead to a plausible scenario. 

 In summary, the uncertainty in Hg emissions at the global scale is estimated to 
be about a factor of two. Reducing those uncertainties will require more accurate 
emission inventories of anthropogenic sources, particularly for countries that have 
been identified as large Hg emitters (e.g., China) and for source categories that are 
not currently included in emission inventories but could be significant. In addition, 
better characterization of background emissions (i.e., both natural emissions and 
the emissions of previously deposited Hg) is needed.  

  21.3 Atmospheric Chemistry of Mercury  

 Table  21.2  presents the atmospheric transformations among inorganic mercury spe-
cies that are simulated in the model. They include the gas-phase oxidation of Hg 0  
to Hg (II) , the aqueous-phase oxidation of Hg 0  to Hg (II) , the aqueous-phase reduction 
of Hg (II)  to Hg 0 , various aqueous-phase equilibria of Hg (II)  species and the adsorption 
of Hg (II)  to PM. This atmospheric chemistry of mercury shows that aqueous-phase 
reactions (those that occur in clouds and fogs) can lead to either oxidation of Hg (0)  
to Hg (II)  or reduction of Hg (II)  to Hg 0 . Such reduction-oxidation cycles affect the 
overall atmospheric lifetime of mercury. The chemical atmospheric lifetime of Hg 0  
is currently believed to be three to four months (Radke et al.,  2007) . However, in 
non-precipitating clouds, Hg (II)  may be reduced back to Hg 0 , thereby extending the 
lifetime of mercury in the atmosphere. It is, therefore, important to differentiate 
between the chemical lifetime of a mercury species, which may range from several 
hours to several days for Hg (II)  and Hg(p) and is a few months for Hg 0 , and the 
overall atmospheric lifetime of mercury (that can cycle among the various species), 
presently estimated to be on the order of one year (1.2 years in the CTM-Hg).  

 The chemical species reacting with Hg are input to the model with a spatial resolution 
consistent with the model’s grid spacing and a monthly temporal resolution. Some 
species concentrations were obtained from previous model simulations whereas others 
were obtained from measurements reported in the literature. The concentrations of 
O 

3
 , SO 

2
 , and OH were obtained from Wang et al.  (1998) , Chin et al.  (1996)  and 
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Spivakovsky et al.  (1990) , respectively. The 3-D concentrations of HO 
2
  and H 

2
 O 

2
  

were obtained from C. Spivakovsky (private communication, 2001). These concen-
tration fields vary spatially and temporally with monthly mean values applied to the 
model’s 3-D grid. The aqueous concentrations of OH and HO 

2
  are calculated from 

the gas-phase concentrations using their temperature-dependent Henry’s law con-
stants (Jacobson,  1999) . The gas-phase concentrations of OH and HO 

2
  are reduced 

by factors of 2 and 10, respectively, in grid cells containing clouds to account for 
reduced photochemical activity and heterogeneous chemistry within clouds (Jacob, 
 2000 ; Jaeglé et al.,  2001) . The OH and HO 

2
  concentrations are assumed to be zero 

at night because they are produced primarily via photochemical reactions. The HCl 
concentration is assumed to be 1.2 × 10 10  molecules cm -3  at the surface decreasing 
to 10 8  molecules cm -3  at 10 km altitude (Graedel and Keene,  1995) . The Cl 

2
  concen-

tration is assumed to be zero over land, 100 ppt at the surface and 50 ppt aloft at 
night, and 10 ppt during the day over the oceans (Spicer et al.,  1998) . The BrO con-
centrations are obtained from satellite data (Burrows et al.,  1999)  with vertical 
profiles from a modeling study (Yang et al.,  2005) . The Br concentrations are 
assumed to be 1% of the BrO concentrations. The particulate matter concentration 
in cloud droplets is assumed to be 0.02 g L -1  (Seigneur et al.,  1998) . 

  Table 21.2    Equilibria and reactions of atmospheric mercury   

 Equilibrium Process or Chemical 
Reaction 

 Equilibrium or Rate 
Constant  Reference 

 Hg 0  (g) ↔ Hg 0  (aq)  0.11 M atm -1   Sanemasa,  1975 ; Clever 
et al.,  1985  

 HgCl 
2
  (g) ↔ HgCl 

2
  (aq)  1.4 × 10 6  M atm -1   Lindqvist and Rodhe,  1985  

 Hg(OH) 
2
  (g) ↔ Hg(OH) 

2
  (aq)  1.2 × 10 4  M atm -1   Lindqvist and Rodhe,  1985  

 HgCl 
2
  (aq) ↔ Hg 2+  + 2 Cl -   10 -14  M 2   Sillen and Martell,  1964  

 Hg(OH) 
2
  (aq) ↔ Hg 2+  + 2 OH -   10 -22  M 2   Sillen and Martell,  1964  

 Hg 2+  + SO 2-  
3
  ↔ HgSO 

3
   2.1 × 10 13  M -1   van Loon et al.,  2001  

 HgSO 
3
  + SO 2-  

3
  ↔ Hg(SO 2-  

3
 )  1.0 × 10 10  M -1   van Loon et al.,  2001  

 Hg (II)  (aq) ↔ Hg (II)  (p)  34 L g-1  Seigneur et al.,  1998  
 Hg 0  (g) + O 

3
  (g) ↔ Hg (II)  (g)  3 × 10 -20  cm 3  molec -1 s -1   Hall,  1995  

 Hg 0  (g) + HCl(g) → HgCl 
2
 (g)  10 -19  cm 3  molec -1  s -1   Hall and Bloom,  1993  

 Hg 0  (g) + H 
2
 O 

2
  (g) → Hg(OH) 

2
  (g)  8.5 × 10 -19  cm 3  molec -1 s -1   Tokos et al.,  1998  

 Hg 0  (g) + Cl 
2
 (g) → HgCl 

2
 (g)  2.6 × 10 -18  cm 3  molec -1 s -1   Ariya et al.,  2002  

 Hg 0  (g) + OH(g) → Hg(OH) 
2
 (g)  8.7 × 10 -14  cm 3  molec -1 s -1   Sommar et al.,  2001  

 Hg 0  + BrO → HgO + Br  1.5 × 10 -14  cm 3  molec -1 s -1   Raofie and Ariya,  2003  
 Hg 0  + Br → HgBr  3.6 × 10 -13  cm 3  molec -1 s -1   Donohoue et al.,  2006  
 HgBr → Hg 0  + Br  7.9 × 10 -3  s -1   Goodsite et al.,  2004  
 HgBr + Br → HgBr 

2
   2.5 × 10 -10  cm 3  molec -1 s -1   Goodsite et al.,  2004  

 HgBr + OH → HgBrOH  2.5 × 10 -10  cm 3  molec -1 s -1   Goodsite et al.,  2004  
 Hg 0  (aq) + O 

3
  (aq) → Hg 2+   4.7 × 10 7  M -1  s -1   Munthe,  1992  

 Hg 0  (aq) + OH (aq) → Hg 2+   2.0 × 10 9  M -1  s -1   Lin and Pehkonen,  1997  
 HgSO 

3
  (aq) → Hg 0  (aq)  0.0106 s -1   van Loon et al.,  2000  

 Hg (II)  (aq) + HO 
2
  (aq) → Hg 0  (aq)  1.7 × 10 4  M -1  s -1   Pehkonen and Lin,  1998  

 Hg 0  (aq) + HOCl (aq) → Hg 2+   2.09 × 10 6  M -1  s -1   Lin and Pehkonen,  1998  
 Hg 0  (aq) + OCl -  → Hg 2+   1.99 × 10 6  M -1  s -1   Lin and Pehkonen,  1998  
  Hg (II)  refers to divalent Hg species; see references for temperature and pressure dependence.  
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 The global CTM-Hg was used to investigate the effect on the global mercury 
cycle of several alternative reaction kinetics or reaction pathways (Seigneur et al., 
 2006) . These reactions included the gas-phase oxidation of Hg 0  by O 

3
 , the gas-phase 

oxidation of Hg 0  by OH, the aqueous-phase reduction of Hg (II)  by HO 
2
  radicals, a 

pseudo-first-order gas-phase reduction of Hg (II)  and the gas-phase reduction of Hg (II)  
by SO 

2
 . The global simulation results obtained with the current assumptions made 

regarding the emissions and removal rates of Hg species suggest the following. 
 The kinetics of the oxidation of Hg 0  by O 

3
  (Pal and Ariya,  2004)  is fast and 

would require a commensurate but yet unidentified reduction reaction to lead to 
realistic Hg concentrations. An increase in Hg emissions by a factor of two or three 
(i.e., within a plausible range of uncertainty) to compensate for the faster kinetics 
does not lead to realistic Hg 0  concentrations because the North/South Hg 0  concen-
tration gradient that has been observed over the Atlantic ocean is not reproduced. 
This kinetics may include both homogeneous and heterogeneous processes and 
should, therefore, be considered as an upper limit under atmospheric conditions. 

 The reduction of Hg (II)  by HO 
2
  in aqueous solution has been challenged by 

Gårdfeldt and Johnson  (2003) . However, a reduction reaction with an overall rate 
similar to that of the reduction of Hg (II)  by HO 

2
  is needed to balance the oxidation of 

Hg 0  by OH and O 
3
  currently used in models. Alternatively, if the gas-phase oxidation 

of Hg 0  by O 
3
  and OH is lower than currently assumed in models, as suggested by 

some theoretical considerations (Calvert and Lindberg,  2005) , then, the kinetics of 
the reduction of Hg (II)  should be decreased accordingly. For example, the reduction 
of Hg (II)  by HO 

2
  is not needed if the gas-phase oxidation of Hg 0  by OH is eliminated. 

However, eliminating the Hg 0  gas-phase oxidation by both O 
3
  and OH (or assuming 

that they both have a negligible contribution to Hg 0  oxidation overall) does not lead 
to realistic results. One can obtain Hg 0  concentrations that appear to have realistic 
levels overall by jointly eliminating the Hg (II)  + HO 

2
  reaction and increasing the Hg 0  

dry deposition velocity (within its plausible range of uncertainty); however, the 
simulation results do not reproduce the North/South Hg (0)  gradient observed over the 
Atlantic ocean. Therefore, some gas-phase oxidation of Hg 0  by oxidants such as O 

3
  

and OH is needed to obtain realistic Hg 0  concentrations. 
 The proposed reduction of Hg (II)  in power plant plumes can be represented by a 

reaction of Hg (II)  with SO 
2
  (Lohman et al.,  2006) ; this reaction does not affect the 

global cycling of Hg significantly and, consequently, it is not included in the base 
chemical kinetic mechanism of the CTM-Hg. 

 The kinetics of the OH and O 
3
  gas-phase reactions should continue to be inves-

tigated as they are potentially key reactions for Hg 0  oxidation. We also recommend 
that reactions that could reduce Hg (II)  continue to be investigated.  

  21.4 Model Performance Evaluation  

 Figure  21.1  presents surface concentrations of Hg 0  over the globe for our base 
simulation (Lohman et al.,  2008) . The surface Hg 0  concentrations display a strong 
latitudinal gradient with background concentrations mostly in the range of 1.2 to 
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1.6 ng m -3  in the southern hemisphere and mostly in the range of 1.6 to 1.8 ng m -3  
in the northern hemisphere. This latitudinal gradient is consistent with data from 
Temme et al.  (2003) . Concentrations above 1.9 ng m -3  are simulated over the large 
source areas of East Asia. In the southern hemisphere, South Africa shows up as a 
large source area with Hg 0  concentrations up to 1.7 ng m -3 .  

 The Hg (II)  concentrations (not shown) display stronger spatial variations than the 
Hg 0  concentrations due to their stronger correlations with source areas such as 
South Africa, North America, Europe and Asia. The highest Hg (II)  concentrations 
(in the range of 200 to 300 pg m -3 ) are simulated over eastern China, due to high 
anthropogenic emissions in Asia. The Hg(p) concentrations (not shown) are solely 
of anthropogenic origin in the model and, therefore, they provide footprints of the 
major source areas. Concentrations of Hg(p) in East Asia are in the range of 100 to 
200 pg m -3 . 

 Table  21.3  presents a comparison of simulated mercury concentrations with 
background concentrations measured at remote sites.  

 The model is within 0.1 ng m -3  (i.e., about 6%) of the measurements for the 
eastern North American sites. The model is also in good agreement at the western 
North American sites. The model underestimates at the Japanese site by 8%. At the 
northern European sites, the model is within 10% of the measurements at three sites 
but overestimates by 20% at the Finnish site. The model reproduces the measure-
ments well at the Arctic sites but overestimates by 20% at the Antarctic site. 

 Figure  21.2  presents mercury deposition in the base simulation over the globe in 
terms of dry deposition of Hg 0 , dry deposition of Hg (II)  and wet deposition of Hg (II)  
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  Figure 21.1    Modeled global Hg 0  concentrations ( ng m    -3   )       
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  Table 21.3   Comparison of measured and modeled concentrations of Hg 0  (ng adapted from 
Lohman et al.,  2008 ; see the source for the measurement references)  

 Site  Measurements  Base  Scenario 1  Scenario 2  Scenario 3 

 Eastern NA.  1.50 – 1.83  1.60 – 1.65  1.75 – 1.82  1.73 – 1.78  2.25 – 2.42 
 Western NA.  1.43 – 1.77  1.69 – 1.70  1.94 – 2.00  1.83 – 1.85  2.44 – 2.52 
 Western Europe  1.72 – 1.75  1.62  1.80  1.75  2.32 
 Northern Europe  1.35 – 1.76  1.61 – 1.64  1.78 – 1.95  1.74 – 1.76  2.33 – 2.38 
 Japan  2.04  1.87  2.09  2.14  2.92 
 Arctic  1.32 – 1.80  1.53 – 1.64  1.66 – 1.79  1.64 – 1.76  2.11 – 2.29 
 Antarctic  0.99  1.29  1.41  1.35  1.71 

  NA.: North America  

(wet deposition of Hg 0  is negligible and is not reported here). Dry deposition of Hg 0  
occurs over land as dry deposition of Hg 0  over water is assumed to be negligible due 
to its very low solubility in water. Dry deposition of Hg (II)  occurs also predominantly 
over land because Hg (II)  emission sources are land-based; the largest Hg (II)  dry depo-
sition fluxes are simulated over East Asia. Wet deposition of Hg occurs downwind 
of large anthropogenic source areas where there is significant precipitation; as a 
result, the largest Hg wet deposition fluxes are simulated over Southeast Asia.   

  21.5 Source/Receptor Relationships  

 The global CTM-Hg has been applied in combination with a regional mercury 
model, the Trace Element Analysis Model (TEAM), to estimate for the first time 
the contribution of various source categories to atmospheric mercury deposition in 
the United States (Seigneur et al.,  2004) . The source categories included anthropo-
genic emissions from each continent (Africa, Asia, Europe, North America, 
Oceania, and South and Central America) and natural emissions from oceans and 
land as a single source category. 

 These results are summarized in Table  21.4  for average mercury deposition over 
the contiguous United States. North American anthropogenic sources were esti-
mated to contribute only 30%. The largest contribution to mercury deposition in the 
United States was calculated to be natural sources with 33% (which is consistent 
with the assumption made in the model that current emissions are three times natural 
emissions).  

 Asian anthropogenic emissions were calculated to contribute 21% on average to 
U.S. mercury deposition; at specific receptors located throughout the United States, 
Asian emissions contributed from 5% (in the Northeast) to 36% (in the South). 
Since this modeling study was conducted, other modeling studies (Travnikov,  2005 ; 
Selin et al.,  2007)  and experimental studies (Jaffe et al.,  2005)  have confirmed the 
important contribution of Asian emissions to mercury concentrations and deposition 
in the United States. 
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  Figure 21.2    Atmospheric deposition of mercury (  m g m   -2   yr   -1  ) in the base simulation: (top) Hg 0  dry 
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 In this study, this global CTM-Hg was applied to simulate the contributions of 
anthropogenic emissions from four regions (South Asia, East Asia, Europe and 
North Africa, and North America; see Figure  21.3 ) to mercury deposition in those 
regions and over the entire globe. Four global simulations were conducted where 
the anthropogenic emissions of each region were reduced by 20%. In addition, a 
fifth simulation was conducted where the anthropogenic emissions of all four 
regions were reduced by 20% each.  

 The results are presented in Figure  21.4  for each of these five simulations (the 
effect of each emission reduction scenario is presented as the difference between 
the base simulation and the emission scenario simulation; therefore, the mercury 

  Table 21.4    Relative contributions of anthropogenic source areas and natural emissions to atmo-
spheric Hg deposition in the contiguous United States (adapted from Seigneur et al.,  2004) . (Totals 
may not add to 100% due to round-off.)   

 Source area  Hg Wet deposition  Hg Dry deposition  Hg Total deposition 

 North America  24%  43%  30% 
 South America  4%  2%  4% 
 Europe  8%  4%  7% 
 Asia  26%  11%  21% 
 Oceania  1%  0%  1% 
 Africa  5%  2%  4% 
 Natural  32%  36%  33% 

  Figure 21.3    UNEP source areas used in the global emission scenarios       
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total deposition fluxes correspond to the contribution of 20% of the anthropogenic 
emissions of the source region of interest). Table  21.5  summarizes the results for 
annual mercury deposition in each of those four regions, over all four regions 
together and over the entire globe. The effect of a 20% reduction in mercury anthro-
pogenic emissions in all four regions is equal to the sum of the four individual 
regional contributions because the mercury atmospheric system is linear.   

 Reduction of anthropogenic emissions in one region has the largest impact on 
mercury deposition in that region. Reduction of mercury emissions in East Asia has 
the largest effect because anthropogenic emissions in that region are the largest: a 
reduction of anthropogenic emissions by 20% in East Asia leads to a reduction in 
mercury deposition of 7% in that region and more than 2% reduction in mercury 
deposition in the other three regions. A reduction of 20% in anthropogenic emis-
sions from Europe and North Africa leads to nearly 4% reduction on average in 
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  Figure 21.4    Contribution of  20 % of anthropogenic emissions from a region to total atmospheric 
mercury deposition (µg m -2  yr  -1 ): (a) South Asia, (b) East Asia, (c) Europe and North Africa, (d) 
North America, ( e ) all four regions       
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mercury deposition in that region. A reduction of 20% in anthropogenic emissions 
from South Asia leads to more than 2% reduction on average in mercury deposition 
in that region. A reduction of 20% in anthropogenic emissions from North America 
leads to nearly less than 2% reduction on average in mercury deposition in North 
America. A 20% reduction in anthropogenic emissions from South Asia, Europe 
and North Africa, and North America leads to less than 1% reduction in mercury 
deposition in the other regions (i.e., outside the region where the emissions were 
reduced). These results highlight the importance of anthropogenic emissions from 
East Asia on mercury deposition in the northern hemisphere.  

  21.6 Conclusion  

 The AER/EPRI global chemical transport model for mercury (CTM-Hg) was 
developed to simulate the global cycling of atmospheric mercury. Because the 
atmospheric lifetime of mercury is so long (on the order of 1 yr) mercury is consid-
ered a global pollutant and thus emissions of mercury in one part of the globe may 
impact deposition at another. The uncertainties of the emission inventories and the 
chemical mechanisms will impact the reliability of the global modeling results, 
which will in turn impact the uncertainty of the ensuing regional modeling. The 
current uncertainty in total Hg emissions at the global scale is about a factor of two. 
Reducing those uncertainties will require refining the emission inventories of 
anthropogenic sources, in particular, emissions for countries that have been identi-
fied as large Hg emitters (e.g., China) and emissions from source categories that are 
not currently included in emission inventories but could be significant. Also, better 
characterization of both natural emissions and the emissions of previously deposited 
Hg is needed. In addition to refining the emission inventory, improvements in the 
understanding of the Hg atmospheric chemical cycle are key to improving the 
results of global Hg modeling. The OH, O 

3
  and bromine gas-phase Hg 0  oxidation 

reactions should continue to be investigated as well as the reactions that could 
reduce Hg (II) . 

  Table 21.5    Hg deposition fl uxes from the base simulation and reductions in deposition due to 
20% reductions in anthropogenic Hg emissions in the four UNEP regions   

 Reduction ( % ) 

 Region  Base ( % )  S. Asia  E. Asia 
 Europe+ 
N. Africa 

 N.
  America 

 All 
  areas 

 S. Asia  18.9  2.67  2.16  0.87  0.33  6.04 
 E. Asia  24.1  0.43  7.27  0.70  0.28  8.68 
 Europe + N. Africa  18.1  0.35  2.10  3.67  0.39  6.52 
 N. America  14.3  0.35  2.54  0.81  1.55  5.25 
 All 4 regions  18.5  0.65  4.02  1.57  0.64  6.89 
 World  11.1  0.40  2.40  0.86  0.38  4.04 
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 Global modeling provides insights into the sources that contribute to mercury 
deposited at a particular location. In particular, the modeling results presented here 
highlight the importance of anthropogenic emissions from East Asia to mercury 
deposition in the northern hemisphere.      
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