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Preface

This volume of Hydrobiologia and Developments
in Hydrobiology is dedicated to Prof. Dr. Picter
Hendrik Nienhuis. Piet Nienhuis worked for
almost 40 years in all aspects of aquatic ecology
and environmental sciences. He produced impor-
tant contributions to ecological research in rivers,
estuaries and coastal zones and he was a key player
in national and international scientific advisory
boards. On October 31, 2003 the Radboud
University Nijmegen organised a symposium in
honour of Piet Nienhuis, on the occasion of his
retirement. The proceedings of this symposium,
together with a number of complementary invited
papers, are presented in this volume.

The book starts with a paper that describes the
curriculum vitae and scientific career of Piet
Nienhuis and his contributions to estuarine ecol-
ogy and environmental science. Subsequently, the
following papers are organised into three sections:
(1) Functioning of river systems; (2) Rehabilitation
of riverine ecosystems; (3) Challenges and obsta-
cles to sustainable management. The issue ends
with a synthesis paper, which gives an overview of
the achievements, structured along the three sec-
tion themes and addresses trends and challenges in
river science and management.

Sustainable river management is one of the
leading principles in the European Water Frame-
work Directive. The evidence, however, to underpin
the full scope of ‘sustainability’ is rather scanty. In
this book a truly environmental sciences approach is
demonstrated, implying an integrative perspective
on trends and challenges in river science and man-
agement. The three pillars underneath sustainable
water management, ecology, economy and sociol-
ogy, are elaborated by experts in their fields.
A number of papers integrate the present knowl-
edge on ‘living rivers’. We included papers about
the structure, functioning and management of the
rivers Allier, Meuse, Rhine, Sava and Tagliamento
in Europe and the river Illinois in the USA.
Sustainable river management asks for unorthodox

rehabilitation programmes and ecosystem based
transboundary river basin management.

The organisation of the symposium and the
publication of this special issue were financially
supported by the Bargerveen Foundation, water
board Waterschap Brabantse Delta, European
Interreglllb ‘Freude am Fluss project’, and
Netherlands Institute of Ecology and Radboud
University Nijmegen (i.e. Faculty of Science,
Centre of Water and Society, Centre for Wetland
Ecology, Institute for Wetland and Water Re-
search, University Centre for Environmental Sci-
ences and Sustainable Development, Department
of Experimental Plant Ecology, Department of
Aquatic Ecology and Environmental Biology,
Department of Environmental Science and
Department of Animal Ecology and Ecophysio-
logy).

We like to thank 67 reviewers from 10 European
countries and from the United States of America,
for their thorough work, which certainly improved
the standard of this volume: B. Aarts M.Sc.
(Stichting Staring Advies, Zelhem), Dr. C. Ahn
(George Mason University, Fairfax), Prof. Dr. C.
Amoros (University Claude Bernard, Lyon, Vil-
leurbanne), Dr. J.M. Armitage (Stockholm Uni-
versity, Stockholm), Prof. Ir. E. van Beek
(WL|Delft Hydraulics, Delft), Prof. Dr. E.P.H.
Best (U.S. Army Engineer Research & Develop-
ment Center, Vicksburg), Dr. A.T. Blowers (Open
University, Milton Keynes), Dr. G. Bornette
(University Claude Bernard, Lyon, Villeurbanne),
Dr. F.W.B. van den Brink (Province of Limburg,
Maastricht), Dr. A.D. Buijse (RIZA — Institute for
Inland Water Management and Waste Water
Treatment, Lelystad), W. Bosman M.Sc. (RAVON —
Society for Reptiles, Amphibians and Fish Sur-
veys, Nijmegen), Dr. H. Coops (RIZA — Institute
for Inland Water Management and Waste Water
Treatment, Lelystad), Dr. I. Cousins (Stockholm
University, Stockholm), Dr. S. Declerck (Catholic
University, Leuven), Dr. J.T.A. Dick (Queens
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University Belfast, Belfast), N. Douben M.Sc.
(UNESCO-IHE Institute for Water Education,
Delft), Dr. I. Durance (Cardiff University, Cardiff;
University of Rouen, Rouen), Dr. D.J. Gilvear
(University of Stirling, Stirling), Dr. P. Goethals
(Ghent University, Ghent), Dr. R. Gulati (NIOO-
KNAW - Centre for Limnology, Nieuwersluis),
Prof. Dr. Ir. A.J. Hendriks (Radboud University
Nijmegen, Nijmegen), Dr. G. Huang (University of
Regina, Regina), Prof. Dr. C. den Hartog (emeritus
Radboud University Nijmegen, Nijmegen), Dr. D.
Hering (University of Duisburg-Essen, Essen),
Prof. Dr. V. de Jonge (University of Hull, Hull;
University of Groningen, Groningen), Dr. M.M.
van Katwijk (Radboud University Nijmegen, Nij-
megen), Prof. Dr. V. Kesminas (Vilnius University,
Vilnius), Dr. M. Knoester (Ministry of Public
Works, Traffic and Water Management, Middel-
burg), Dr. T. Koellner (ETH — Swiss Federal
Institute of Technology, Ziirich), Dr. Ir. L. Kooi-
stra (Wageningen University and Research — Al-
terra, Wageningen), Dr. E. Krywko (Catholic
University of Lublin, Lublin), Dr. J.J. de Lecuw
(Netherlands Institute for Fisheries Research,
Wageningen), Dr. H.J.R. Lenders (Radboud Uni-
versity Nijmegen, Nijmegen), Prof. Dr. Ir. W. van
Leussen (University of Twente, Enschede), Prof.
Dr. H.J. Maclsaac (University of Windsor, Wind-
sor), Dr. S. Meijerink (Radboud University
Nijmegen, Nijmegen), Ir. K.S. Meijer (WL|Delft
Hydraulics |/ Delft University of Technology,
Delft), Dr. H. Middelkoop (Utrecht University,
Utrecht), Prof. Dr. B. Mitchell (Waterloo Univer-
sity, Waterloo), Dr. N. Mount (University of
London, London), Prof. Dr. J. O’Keeffe (UNE-
SCO-IHE Institute for Water Education, Delft),
Dr. H. Olde Venterink (ETH - Geobotanical
Institute, Ziirich), Prof. Dr. S. Ormerod (Cardiff
University, Cardiff), Prof. Dr. L. O’Toole
(University of Twente, Enschede), C. van Overdijk
M.Sc. (Institute for Great Lakes Research, Wind-
sor), Prof. Dr. N. de Pauw (Ghent University,

Ghent), Dr. D.T. Patten (Montana State Univer-
sity, Bozeman), Dr. M. Pintar (University of
Ljubljana, Ljubljana), Dr. N.L. Poff (Colorado
State University, Fort Collins), Prof. Dr. M. Reich
(University of Hannover, Hannover), Dr. K. Reise
(Alfred Wegener Institute for Polar and Marine
Research, Sylt), Dr. L. Sandin (Swedish University
of Agricultural Sciences, Uppsala), Dr. M. Sche-
ringer (ETH — Swiss Federal Institute of Technol-
ogy, Ziirich), Prof. Dr. R.-W. Scholz (Swiss Federal
Institute of Technology — ETH, Ziirich), Dr. M.F.
Smith (Southern Illinois University, Edwardsville),
C. Storm M.Sc. (Ministry of Public Works, Traffic
and Water Management, Rotterdam), Dr. H.
Strijbosch (Radboud University Nijmegen, Nij-
megen), Dr. J.C. Stromberg (Arizona State
University, Tempe), Dr. R.M. Teeuw (University
of Portsmouth, Portsmouth), Dr. K. Tockner
(EAWAG/ETH - Swiss Federal Institute of
Technology, Duebendorf), Dr. A. bij de Vaate
(RIZA — Institute for Inland Water Management
and Waste Water Treatment, Lelystad), Dr. J. van
der Velden (Ministry of Public Works, Traffic and
Water Management, Rotterdam), Ir. J.M. Verhal-
len M.Sc. (Wageningen University and Research,
Wageningen), Dr. Ir. J.E. Vermaat (Free Univer-
sity, Amsterdam), Dr. C. Wolter (Leibniz-Institute
of Freshwater Ecology and Inland Fisheries,
Berlin), Dr. J.J.G. Zwolsman (Kiwa Water
Research, Nieuwegein),

Last, but not least, we wish to thank R.M.M.
Delmee and N.J. Ruitenbeek-Mohr (Department
of Environmental Science, Radboud University
Nijmegen) for secretarial support during the
organisation of the symposium and editing of the
book.

R.S.E.W. Leuven
A.M.J. Ragas
A.J.M. Smits
G. van der Velde
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Abstract

Prof. Dr. Pieter Hendrik (Piet) Nienhuis worked for almost 40 years in all aspects of aquatic ecology and
environmental science and retired on 31 October 2003. He can be characterised as a distinguished scientist,
shaped in an applied estuarine and aquatic research ambience of the former Delta Institute for Hydrobi-
ological Research (DIHO) in Yerseke in the Netherlands. His appointment as a full professor at the
Radboud University Nijmegen offered him a challenging step from monodisciplinarity in ecology, via
multidisciplinarity in the application of ecological knowledge in river science to interdisciplinarity in
environmental science and management. This paper describes his education, teaching activities, research,
scientific publications, science management, and significance for various scientific disciplines. He made
important contributions to biosystematics of angiosperms and algae, the ecology of seagrasses, nutrient
cycling and eutrophication in estuarine ecosystems, and the integrated modelling of the ecological func-
tioning of estuaries. Subsequently, he paid much attention to environmental problems in river basins,
ecological rehabilitation and sustainable development. His work influenced the view of ecologists, aquatic
scientists and water managers in the Netherlands as well as abroad, in particular regarding the drawbacks
of compartmentalization of the estuaries and the importance of connectivity and morphodynamics in river
systems. In hindsight, it appears as a logical line that he gradually moved from estuarine ecological research
that became increasingly driven by societal and environmental problems to the field of environmental
science and management.

Introduction birthday and retirement (Leuven et al., 2006). He

worked for almost 40 years in all aspects of
The special issue ‘Living rivers: trends and chal- aquatic ecology and environmental science and
lenges in science and management’ of Hydrobio- was one of the key players in the Dutch scientific
logia is dedicated to Prof. Dr. Pieter Hendrik (Piet) arena and international scientific boards for ecol-

Nienhuis (Fig. 1), on the occasion of his 65th ogy and management of rivers, their estuaries and



Figure 1. Prof. Dr. Pieter Hendrik Nienhuis.

coastal zones. On 31 October 2003 the Radboud
University Nijmegen organised a symposium in
honour of Piet Nienhuis, including his valedictory
lecture (Nienhuis, 2003, 2006). The special issue
presents the proceedings of this symposium,
together with a number of complementary invited
papers. The present paper briefly describes his
education and scientific career. It particularly
focuses on his major contributions to estuarine
ecology and environmental science and to the
education of undergraduates and PhD students.

Education and family circle

Piet Nienhuis was born on 29 October 1938 in
Groningen, a city in the north-eastern part of the
Netherlands. His love for biology was already
triggered at primary school, where an enthusiastic
schoolmaster took the class on excursions and
taught the pupils to identify wild flowers. He
became an active member of a youth society for
nature, and he prepared a detailed herbarium of
the flora around Groningen and a geological col-
lection of stones from glacial deposits in the

province of Drenthe. He developed a broad
interest in geology and palaecontology, but he
decided to choose biology and never regretted that
choice.

He passed high school (Christelijk Lyceum:
HBS-B) in Amsterdam. With his solid Calvinistic
background he struggled with problems of crea-
tion and evolution, and it was a matter of course
that he started his study in biology at the Free
University of Amsterdam. He carried out several
doctorate studies that comprised both theoretical
and practical work and he specialized in plant
ecology, plant physiology, animal ecology and
biogeography. He worked on the biosystematics
and ecology of the Sheep’s sorrel (Rumex aceto-
sella s.1.), in garden experiments and quantitative
field studies, demonstrating the phenotypic plas-
ticity of this complex of plant species. He studied
the feeding ecology of birds of prey, i.e. three
sympatric living Harrier species (Circus species) at
the island of Terschelling, during the breeding
season. The experimental life cycle studies of
freshwater algae of the wetland area Botshol have
eventually been decisive for his career as an
aquatic ecologist. In 1965 he received his ‘doctoral’
graduation in Biology (equivalent to Master of
Science).

During his study in Amsterdam he met his wife
Arine Snaterse and they married in 1964. Piet and
Arine have three children, Martine (1969), Picter
(1970) and Arjan (1976). Over the period 1966—
1994 the family lived in Goes, a city that is situated
in the delta of the rivers Rhine, Meuse and
Scheldt. In 1994 they moved to the town of Zalt-
bommel (and later on to the village Rossum) in the
scenic Rhine-Meuse river district in the central
part of the Netherlands.

A professional career affected by flooding disasters

As an undergraduate student Piet Nienhuis was
already employed as teacher biology at a
college for elementary school-masters ‘Christelijke
Kweekschool voor Onderwijzers’ in The Hague
(1962-1963) and he also was appointed as student-
assistant for plant taxonomy and plant ecology at
the Free University of Amsterdam (1963-1965).
In October 1965 he took service as biologist
(aquatic ecologist, phycologist) at the Department



of Aquatic Botany of the former Delta Institute
for Hydrobiological Research (DIHO) of the
Dutch Royal Academy of Sciences and Arts in
Yerseke (now Centre for Estuarine and Marine
Ecology of the Netherlands Institute of Ecology;
NIOO-CEME). The flooding disaster in the
Rhine-Meuse-Scheldt estuary (south-western part
of the Netherlands) of 1953, with more than 1835
human casualties and uncountable damage to
human goods and chattels (Nienhuis, 2006), had
led to the foundation of this research institute in
1957. The DIHO was founded to analyse the
ecological consequences of the execution of the
Delta Works, i.e. the construction of a system of
high-tech dams to close the mouths of the estuaries
of the rivers Rhine and Meuse, in order to prevent
future damage by storm surges from the North
Sea. Piet Nienhuis became head of the Department
Aquatic Botany and he was known in that group
as “‘Piet macrofiet” (Piet macrophyte). Over the
periods 1976-1994 and 1994-1998 he was
appointed as research group leader of the Centre
for Estuarine and Marine Ecology (NIOO-CEME)
in Yerseke and the Centre for Limnology of the
Netherlands Institute of Ecology (NIOO-CL) in
Nieuwersluis, respectively.

Over the period 1988-2001 he was appointed as
visiting professor in tropical marine ecology and
management at the Free University of Brussels
(VUB) in Belgium. From 1988 until 1994 he was
also connected to the University of Nijmegen (now
Radboud University Nijmegen), as part-time pro-
fessor Estuarine Ecology (Nienhuis, 1988). In 1994
he became full professor environmental science,
head of the Department of Environmental Science
of the Faculty of Science and chairman of the
University Centre for Environmental Sciences and
Sustainable Development (UCM-DO) of the
Radboud University Nijmegen. He joined a
motivated and ambitious group of young scien-
tists, executing mainly environmental education
and education-sustaining research on generic top-
ics, such as sustainability indicators, environmen-
tal utility space and environmental quality
standards (Anonymous, 1992). The Department of
Environmental Science was founded in 1991 and
had three main tasks: (1) to co-ordinate the
Undergraduate School of Environmental Science
(MSc school); (2) to perform scientific research; (3)
to provide services to society on environmental

3

science. The education of students predominantly
occupied his time. However, a considerable effort
was also invested in environmental research
focusing on the interaction between the natural
environment and the human society, both based
on funding by the university and by external
sources. Already in 1995 part of the work at the
department was focused on the ecological basis of
sustainable river management (Nienhuis, 1995).
This approach gained momentum owing to the
narrow escape from extremely high floods in the
rivers Rhine and Meuse in 1993 and 1995. In 1995
there was a real danger that the river dikes along
the rivers Rhine and Meuse should be overtopped
or should breach. As a precautionary measure
approximately 250,000 citizens, including the
family Nienhuis, were evacuated from the threa-
tened area. The threat of floods triggered the
development of a new water management strategy
in the Netherlands (Water Management in the 21st
century; Room for the Rivers) and an academic
focus on sustainable river basin management (e.g.
Van Stokkom et al., 2005; Wiering & Arts, 2006).
From 1995 onwards research activities of Piet
Nienhuis and his co-workers were concentrating
on river basin oriented research (Nienhuis, 1995;
Nienhuis et al., 1999).

In total Piet Nienhuis co-authored about 233
scientific publications, among which are 123
international journal papers, books and book
chapters (Appendix), and 110 professional and
other publications. He was invited speaker
and organiser of roughly 50 symposia and semi-
nars in foreign countries. After his retirement he
continued publishing activities. For instance, at
present he is writing a new book on the ecological
history of the lowland rivers in the Netherlands.
His motto is ““publish or perish”.

Significance for estuarine ecology

His PhD thesis was devoted to the biosystematics
and ecology of Rhizoclonium riparium, a complex
of filamentous green algae, and a number of other
estuarine algae occurring under the same envi-
ronmental conditions (Nienhuis, 1975). He showed
in field studies and laboratory experiments that
Rhizoclonium riparium is in fact a holeuryhaline
green alga, demonstrating an enormous
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phenotypic plasticity, occurring both under ex-
treme saltwater conditions as well as in eutrophic
freshwater stretches of rivers. Comparable strate-
gies could be demonstrated for other estuarine
algal species. He defended his thesis at the State
University of Groningen in 1975; his promotor
was Prof. Dr. C. van den Hoek.

Over the years 1975-1994 he acquired major
research grants (in total more than 10 million
Euros) from the European Commission and the
Netherlands Organisation for Scientific Research
(NWO), the Dutch Royal Academy of Sciences
and Arts, the Dutch ministries of Transport
and Public Works (Rijkswaterstaat) and of the
Housing, Physical Planning and Environment.
These grants were allotted to the Netherlands
Institute of Ecology. As research group leader of
this institute Piet Nienhuis was responsible for the
scientific management of a number of projects, ¢.g.
on the ecology of lake Grevelingen (ZOWEC), the
Oosterschelde (BALANS I and II, and EOS),
suspension feeders (FAR) and eutrophication and
primary producers (BEON-EUTRO). He coordi-
nated research programmes and carried out
research projects on sustainable management of
estuaries and coastal zones in the Netherlands and
several other western European countries, Central
Europe, USA, Indonesia and Mauritania (West
Africa). Most of these projects were carried out in
cooperation with staff members of the Dutch
ministry of Transport and Public Works. He also
was project leader and co-ordinator of a large
research contract on eutrophication and marine
macrophytes (EUMAC project) in the Fourth
Framework Programme Environment and Climate
of the European Commission (DGXII) and over
the period 1993-1996 he organised several
EUMAC-workshops in Paris, Thessaloniki, Ven-
ice and Séte.

He was an early adopter of systems ecology,
inspired by the brothers Odum and their col-
leagues in the USA (Nienhuis, 2006). Already in
the 1970’s, he enthused a group of colleagues at
the Netherlands Institute of Ecology in Yerseke,
WL | Delft Hydraulics, the Netherlands Institute
for Sea Research (NIOZ) and the Dutch ministry
of Transport and Public Works to join forces in
systems-oriented research of the major carbon and
nutrient fluxes in the estuaries under transition.
Although he was not a modeller himself, he

attached great importance to ecological simulation
modelling right from the start. The first big project
in a series was focused on lake Grevelingen, a
former estuary that was transformed into a saline
lake in the early 1970’s. In a comprehensive list of
studies, many of which were bundled in a 1984
issue of Netherlands Journal of Sea Research,
Nienhuis and colleagues investigated primary
production, nutrient exchanges (with special
emphasis on benthic processes) and benthic con-
sumption set in a hydrodynamically sound context
(Lambeck et al., 1984). His own original scientific
contributions already at that time focused on
eclgrass and macrophytes, and some of his best-
cited papers examine biomass production and
consumption processes of eelgrass in lake Greve-
lingen (Nienhuis & de Bree, 1977, 1980).

With the shift of the major Delta works to the
Oosterschelde, the BALANS projects in the 1980’s
extended the system-oriented approach to this
estuary in its original state. In the second half of
the 1980’s, the ecology of the Oosterschelde (EOS)
project evaluated the changes in the estuarine
system caused by the construction of a storm surge
barrier. Many results of these studies have been
bundled in a special issue of Hydrobiologia
(Nienhuis & Smaal, 1994), which still is a reference
publication for ecological processes and changes in
this estuary. The Oosterschelde studies were
multidisciplinary, encompassing approaches to
geomorphology, hydrodynamics, dynamics of salt
marshes, primary production by phytoplankton
and macrophytes, zooplankton, zoobenthos and
mussel fisheries. Again, mathematical modelling
was used as the unifying and co-ordinating vehicle
to streamline the diverse approaches. Nienhuis’
own contributions remained focused on macro-
phytes, and his major role as inspirator and
co-ordinator of a large and diverse research pro-
ject remains somewhat hidden in his publication
output. In so doing, however, he has given ample
opportunity to many young scientists to profile
themselves and to start their career in estuarine
ecology.

During the 1980’s, he continued in-depth
studies of eelgrass ecology in lake Grevelingen,
where at that time a spectacular blooming of
Zostera marina was observed, and he extended his
research to tropical areas. He took part of the
Snellius IT expedition and his first publications on



seagrasses in Indonesia appeared, and later he
participated in studies of the Banc d’Arguin in
Mauritania. At the European level, he started to
co-ordinate several projects on macrophytes (in
the context of eutrophication) and on the ecology
of benthic filter feeders.

In the early 1990s this diversification in study
systems, together with an increased focus on sea-
grasses and their fascinating ecology, became the
leading theme of his estuarine ecological research.
The increase in his publication output on sea-
grasses strangely coincided with dramatic changes
in the population density of seagrass in lake
Grevelingen and other estuaries in the south-wes-
tern part of the Netherlands. Figure 2 illustrates
how environmental problems have always been a
source of inspiration to direct his research. After
having studied mainly the effects of engineering
works on the functioning of estuarine ecosystems,
eutrophication became a major leading theme in
the European projects he co-ordinated. Eutrophi-
cation was also suspected to be a hidden cause
behind the disappearance of eelgrass in the south-
western part of Netherlands, although the relation
could never be proven and it appeared that changes
in salinity (caused by engineering works!) were
probably more important (Nienhuis, 2006).
Figure 3 visualises the changes in content of his
seagrass publications over the period 1974-1997.

He also made a contribution to invasion biol-
ogy as he discovered the Japanese brown alga
Sargassum muticum in the Netherlands. Because
fishermen suffered from contact dermatitis caused
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by this alga he published also a paper in a medical
journal (Van de Willigen et al., 1988). He was very
proud on his chapters in a book in Dutch entitled
‘De Nederlandse Delta’ in fact a bundle of scien-
tific popularized papers (Duursma et al., 1982).
This voluminous book on the ecology of the delta
and the influence of the delta works was widely
spread and was even available on the table of his
barber for reading by the waiting clients. The same
procedure was followed for a series of papers,
earlier published in the Dutch journal ‘Natuur &
Techniek’, on the transition of the lake Grevelin-
gen from an estuary to a saltwater lake (Nienhuis,
1985). These books present the work of the Delta
Institute for Hydrobiological Research for a wide
audience in the Netherlands, leading to a better
awareness of the impact of hydraulic works on the
ecosystem and an integration of these views in
present day management.

Contributions to environmental science

Owing to his teaching commitment as full profes-
sor, from 1995 onwards his disciplinary orienta-
tion was predominantly focused on environmental
science. Nienhuis and his co-workers choose to
concentrate on river basin-oriented research, thus
exploiting both the already existing research focal
points within the Radboud University Nijmegen
and the geographical position of the city of
Nijmegen in the Rhine-Meuse river district (Nien-
huis, 1995; Nienhuis et al., 1999). His research
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Figure 2. Effects of enclosure dams on surface area of seagrass in lake Grevelingen triggered much scientific research of Nienhuis and
co-workers, cumulating in 35 publications and 4 dissertations on seagrass in 1997.
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Figure 3. Changing content of seagrass publications of Nienhuis and co-workers (N: number of publications).

programme focused on ecological quality (i.e. wa-
ter- and sediment quality and habitat quality) and
ecological rehabilitation of river basins. Nienhuis
also introduced his tradition of tropical expertise in
river mouths and coastal areas into the research
programme of Department of Environmental Sci-
ence. The lessons learnt in European river basins
were applied in developing countries. Starting from
different types of human impact in the societal
domain, which influenced river ecosystem health,
problems were formulated in the domain of the
natural sciences, to be studied in a river ecosystem
model, including validation and uncertainty anal-
ysis. The results of these model exercises were used
to sustain policy and management options, again in
the domain of human society. So, his research
programme resulted in (1) integration of physical,
chemical and biological (mainly ecological and
toxicological) knowledge in validated (computer)
models that describe and predict the development
and rehabilitation of disturbed river ecosystems
(river ecosystem model), and (2) tools for man-
agement and policy purposes that balance and
integrate environmental (ecological) quality of
river systems with other functions (contributions to
river ecosystem health). An external assessment
committee of research quality stated that his
research programme had ‘““‘an important scientific
output and a potential for future expansion and
funding” (Anonymous, 2000). The research pro-
gramme as a whole remained very relevant both for
the theoretical advancement of science and for

policy, and this was reflected in the high relevance
score. The committee was pleased to read that the
Radboud University Nijmegen did make a com-
mitment that it will continue to support this pro-
gramme after his retirement, so that river research
will be kept as a central topic in environmental
science in the Netherlands.

Figure 4a shows the trends that can be
observed in the environmental science publications
of Nienhuis during his active career (1967-2004).
His move from Yerseke and Nieuwersluis to Ni-
jmegen in 1995 clearly triggered a change in his
main research topic: from the ecology of estuaries
towards the sustainable management of river ba-
sins. The change from the monodisciplinarity of
ecology to the interdisciplinarity of environmental
science seems quite abrupt, but already during his
period in Yerseke and Nieuwersluis he developed a
strong interest in management issues and he pub-
lished a considerable number of papers about
integrated assessments of human impacts on
estuaries. Over the period 1967-1995, the nature of
his publications changed from descriptive ecolo-
gical papers on the status of estuarine systems to
more prospective papers presenting management
alternatives to conserve and restore these valuable
ecosystems (Fig. 4b). His move to Nijmegen mat-
ches well with his evolving interest for conserva-
tion and management issues.

Although river basins became the main object
of research in Nijmegen, Nienhuis’ affinity for
estuaries never ceased to exist. He was a strong
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Figure 4. Characterization of Nienhuis’ publications in environmental science. Panel a: publications dealing with (1) estuaries, (2) river
basins and (3) general environmental science. Panel b: development in (1) prospective and (2) descriptive publications.

proponent of the river continuum concept (Van-
note et al., 1980) which considers the estuary to be
an integral part of the river basin. His key publi-
cations in this period concentrated on the impor-
tance of ecological concepts for rehabilitation and
sustainable management of river systems (Nienhuis
& Leuven, 1998a, 1998b; Nienhuis & Leuven, 2001;
Nienhuis et al., 2002). Nienhuis stressed that a
good understanding of human impacts on river
basins requires integral consideration of the entire
environmental impact chain and the river contin-
uum from source to estuary (Nienhuis & Leuven,
1998b). Although Nienhuis’ main topic was river
basins, he also contributed significantly to the
development of the environmental science in gen-
eral (Leroy & Nienhuis, 1997; Van den Heuvel
et al., 1997); and concepts such as sustainability
(Sprengers et al., 1996; Nienhuis & Leuven, 1997,
Nienhuis, 1998) and biodiversity (Aarts & Nien-
huis, 1999; Lenders et al., 2001). Noteworthy is a
joint paper with his colleague Leroy of the Nijme-
gen School of Management in which they accu-
rately  characterize  the development of
environmental science in the Netherlands from
holistic discipline to serial specialism (Leroy &
Nienhuis, 1997).

In the course of the years Piet Nienhuis
succeeded in integrating his research programme
in a number of national and international sci-
entific networks, guaranteeing long-term viability
of the Department of Environmental Science.
Important networks are the Netherlands Centre
for River Studies (NCR), the Netherlands Centre
for Nature Studies (NCN) and the research
school Socio-Economic and Natural Sciences of
the Environment (SENSE). The NCR is a good
example of a fruitful collaboration of major
developers and users of expertise on river science
and management (Leuven et al.,, 2003). The
NCN is an alliance of the Radboud University
Nijmegen, the Bargerveen Foundation, the
Dutch Centre for Field Ornithology (SOVON),
the Institute of Reptiles, Amphibians and Fish
Research in the Netherlands (RAVON) and the
Institute of Flora en Fauna Research (VOFF).
This alliance is active in the field of nature
conservation and policy. The SENSE Research
School is a joint venture of environmental re-
search institutes of eight Dutch universities. This
national PhD school is accredited by the Dutch
Royal Academy of Sciences. The scientific mis-
sion of SENSE is to develop and promote an



integrated understanding of environmental
change in terms of the mechanisms that cause it
and the consequences that result from it. To
fulfil this mission, the combined programmes of
research and education within SENSE are aimed
at the development and further improvement of
scientific concepts and methods that are required
for an effective disciplinary and multidisciplinary
understanding of environmental change, so as to
promote effective environmental management.
Piet Nienhuis was member of the General Board
and manager of the core programme Environ-
mental change and ecosystem dynamics of
SENSE.

Participation of the Department of Environ-
mental Science in the above-mentioned networks
gave rise to substantial external funding and
offered new opportunities for acquisition of large
multidisciplinary and interdisciplinary research
projects. For instance, the near flooding disasters
of 1993 and 1995 in the Rhine-Meuse river district,
triggered research on sustainable river basin
management and new approaches for river man-
agement (e.g. combining the reduction of flooding
risks with the conservation and rehabilitation of
biodiversity values and ecosystem functions). As a
member of the supervisory board of the NCR
(1998-2003), Piet Nienhuis played an important
role in the acquisition and the scientific advisory
board of the IRMA-SPONGE project (1999-
2002), a large research project on sustainable flood
risk management in the Rhine and Meuse river
basins financed by the European Commission
(Klijn et al., 2004). The NCN acquired several
integrated research projects, concerning the effects
of various harmful factors (e.g. acidification,
eutrophication and desiccation), ecological reha-
bilitation and management measures on biodiver-
sity and the functioning of species and ecological
communities (Nienhuis, 20006).

University Centre for Environmental Sciences
and Sustainable Development

Over the period 1994-2003 Piet Nienhuis was the
first official chairman of the Centre for Environ-
mental Sciences and Sustainable Development
(UCM-DO) at the Radboud University Nijmegen.
This interdisciplinary centre was already found in

1993 by his predecessor Dr. D.J.W. Schoof and
colleagues from several faculties. Originally, the
aim of the centre was to coordinate interdisci-
plinary environmental education and to stimulate
students of environmental sciences to look criti-
cally at the environment and environmental issues
from different scientific angles. The centre could
offer a comprehensive curriculum of widely vary-
ing courses and field-work on environmental sci-
ences. From its inception the centre also played a
coordinating role in environmental research at the
university. It served as intermediary for awarding
environmental research to the best-suited depart-
ment or research group.

Although Nienhuis was a genuine natural sci-
entist he was intrigued by the concept of
interdisciplinary sciences. The interdisciplinary
cooperation was sometimes frustrated by the
restructuring of environmental education and
faculties, but Nienhuis always found ways to reach
his goals or to find even better ways to cooperate.
A good example is the initiation of the “Middle
Waal project”, a project in which students of
several disciplines (i.e. natural sciences, social sci-
ences and law) are stimulated to work together in
research projects concerning the spatial and socio-
economic developments within the river district
between Nijmegen and Tiel.

When the Radboud University Nijmegen
became signatory to the so-called Copernicus
Charter for Sustainable Development at Univer-
sities, a covenant in which European universities
pledge to promote sustainable development at
their institutions, the implementation of the char-
ter was entrusted to the UCM-DO. This expanded
the centre’s original objectives and tasks to include
promotion and the staging of a host of activities
specifically related to sustainable development, e.g.
the development of several courses, the organisa-
tion of the ‘year of sustainability’ with several
conferences and colloquia, disciplinary reviews on
science for sustainable development (Van Heng-
stum, 2001) and the involvement of visual artists
to deepen the discussion on the role and respon-
sibilities of scientists to reach a sustainable world
(Dankelman et al., 2003).

Cooperation with the Wageningen University
and Research Centre was intensified. Together with
the Centre for Geo-information Science of this
University and the Institute for Environmental



Studies of the Free University of Amsterdam, the
Geo-information for integrating personal learning
environments by web and mobile information and
communication technology systems (GIPSY) pro-
ject was drafted and approved by the Dutch higher
education and research partnership organisation
for network services and information and com-
munication technology (SURF education). This
project aimed at the enhancement of GIS knowl-
edge at the three universities and strongly stimu-
lated the use of GIS tools in research and education
at the Radboud University.

Another task of the UCM-DO was to generate
discussion on environmental issues. For this pur-
pose several conferences on environmental issues,
such as the use of pesticides, water management,
environmental management and sustainable sci-
ence, were organised in cooperation with other
faculties of the university (e.g. Bauland et al.,
1995; UCM, 1997; Van den Heuvel et al., 1997;
De Jong et al., 1999).

In 1999 he also initiated the Victor Westhoff
lectures. The aim of these yearly lectures is to
stimulate the debate on nature development and
conservation in the Netherlands and abroad and
to offer a counterbalance to the dominant concern
for economic growth and the unshakable trust in
technological advancement. The lectures are pub-
lished in a book series and have become widely
known (e.g. McNeely, 2001).

Meanwhile, another university centre had been
set up for education and research related to inte-
grated water management and river basin man-
agement: the Centre for Water and Society (CWS).
Piet Nienhuis also became the first chairman of
this centre. The CWS coordinated its activities
closely with UCM-DO and expanded rapidly.
Keys to its success were, among others, its inter-
national orientation, its close collaboration with
universities, organisations, and authorities at
home and abroad, and its innovative and practical
approach of looking for solutions that are not only
scientifically sound but also socially acceptable.

Editor and science agent
Piet Nienhuis was a fair referee for many research

proposals of scientific programmes and projects of
the European Commission DGXII, the European
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Science Foundation, and the Netherlands Orga-
nisation for Scientific Research (NWO) and the
Dutch Technology Foundation (STW). His subtle
and constructive review activities were also highly
appreciated by the editorial boards of scientific
journals. He regularly reviewed manuscripts for
more than twenty five international journals,
among which Aquaculture, Aquatic Botany,
Aquatic Ecology, Estuaries, Journal of experi-
mental Marine Biology and Ecology, Marine
Ecology Progress Series and Oikos. He has been
appointed as editor of several journals and at
present he still is an active member of the editorial
boards of River Research and Applications, Web
Ecology and last but not least Hydrobiologia.

Writing and editing books was one of his pas-
sions. He edited several books of the Kluwer series
Developments in Hydrobiology about coastal sea
research in Mauritania (1993), ecological func-
tioning of the estuary Oosterschelde (1993) and
ecological restoration of aquatic and semi-aquatic
ecosystems (2002). He also (co)-edited a volume on
intertidal and littoral ecosystems of the Elsevier
series Ecosystems of the world (1991), a volume of
the renowned Springer series Ecological Studies on
effects of eutrophication on marine benthic vege-
tation (1996) and two books on new concepts and
approaches in river management in the Aquatic
Sciences  series of  Backhuys  Publishers
(1998, 2000). Due to his commitment to higher
education he also was editor of several Dutch
textbooks on ecology and nature management and
development.

Travelling around the world and participating
in meetings abroad, field trips and expeditions to
tropical ecosystems gave him much pleasure in his
scientific life. During his professional career he
visited symposia, workshops and seminars in more
than 25 countries of all continents. He also visited
several marine biological research institutes, e.g.
the ‘Station Biologique’ in Roscoff (1969), Woods
Hole Oceanographic Institute (1981) and Virginia
Institute of Marine Science in Gloucester Point
(1981). He organised the seagrass research of the
Snellius II expedition to Indonesia (1983-1984)
and co-organised an international expedition to
the Banc d’Arguin in Mauritania in West Africa
(1987-1988).

During his entire professional career he was an
active member of national and international
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learned societies, such as the Netherlands Society
for Aquatic Ecology (NVAE), Netherlands
Flemish Ecological Society (NEVECOL; secretary
over the period 1989-1994), European Ecological
Federation (EEF; president of the executive board
of the EEF over the period 1995-1999), Interna-
tional Ecological Society (INTECOL), British
Phycological Society, Netherlands Botanical
Society (KNBV), Netherlands Institute of Biolo-
gists (NIBI) and Dutch Society of Environmental
Scientists (VVM). He co-organised numerous sci-
entific meetings, workshops or other events of
these societies.

Piet Nienhuis was a sought-after advisor and
consultant for ecology, coastal, estuarine and river
management, nature management and environ-
mental sciences and fulfilled several positions in
national and international science management.
He chaired the Commission Tropical Marine
Biology (WOTRO) and the board of the Biological
Research section Aquatic Ecology of the Nether-
lands Organisation for Scientific Research (BION-
NWO) and was a board member of the NWO
Foundation for Marine Research. He also was a
member of the advisory board for research in
Indonesia of the Royal Netherlands Academy of
Sciences, the National Coordination Group Pol-
icy-Oriented Ecological Research in Dutch
Coastal Waters (BEON), the Belgian—Dutch
board of the International Scheldt Faculty and the
IGBP-LOICZ Core Office Implementation Com-
mission. Over the period 1989-1993 he was
chairman of the BRIDGE-COST 48 programme
on European Co-operation in the field of Scientific
and Technical Research and organized workshops
and seminars on the use of primary marine bio-
mass such as macro-algae, e.g. in La Rochelle
(1987), Thessaloniki (1987), Brussels (1991), St.
Malo (1991), Sardinia (1991) and Vienna (1991).
As vice-president of the Scientific Council of the
International Centre of Ecology of the Polish
Academy of Sciences (1998-2003) he was involved
in the initiation of this institute in Warsaw.

Separated from his professional career, he
developed broad experience in Dutch national
governing boards and executive councils, being
chairman or board member of a considerable
number of public and private organisations, viz.
school boards, ecclesiastical councils, public
health organisations, organisations for water

management and nature conservation in the
Netherlands (e.g. chairman of Bargerveen Foun-
dation, Secretary Board of Zeeland Landscape
Foundation and board member of Gelderland
Landscape Foundation). His publications, lectures
and advises strongly influenced the view of aquatic
scientists and water managers in the Netherlands
as well as abroad, in particular regarding the
effects of human activities on rivers and their
estuaries and the opportunities and constraints for
habilitation of aquatic ecosystems.

Inspiring lecturer, supervisor and colleague

During his entire professional career Piet Nienhuis
was frequently invited for lectures at many uni-
versities and research institutes in the Netherlands
and abroad. For instance, in 1981 he gave several
lectures in seminars at universities and institutes in
the USA (e.g. the University of Durham, Woods
Hole Oceanographic Institute and Virginia Insti-
tute of Marine Science in Gloucester Point) and
over the period 1986-1994 he organised several
seminars for Indonesian students at universities in
Jakarta and Sulawesi. As visiting professor at the
Free University of Brussels (1988-2001) he lec-
tured on coral reef ecology, a course in the pro-
gramme Fundamental and Applied Marine
Ecology (FAME) for MSc students from tropical
countries.

As extraordinary professor at Radboud Uni-
versity Nijmegen (1988-1994), he organised
advanced courses for undergraduates that were
focussed on estuarine ecology and coastal zone
management. As full professor of environmental
science at Radboud University Nijmegen (1994—
2003) he was responsible for environmental edu-
cation and supervision of many Dutch and foreign
undergraduates and graduates (MSc and PhD
students). He fulfilled management functions
within the educational institutes of the university
(director of the Undergraduate School for Envi-
ronmental Science and chairman of the Examina-
tion Committee Environmental Science and the
Board of Social Environmental Science) and was
board member of the Division Interuniversi-
ty Coordination Environmental Science of the
Society for University Cooperation in the Neth-
erlands (ICM-VSNU). The environmental science



curriculum at Radboud University Nijmegen
already started in 1990 and over the period 1990-
1995 it evolved into a full educational programme
for advanced undergraduate students in beta-ori-
ented environmental science. He particularly
improved the mutual relation between environ-
mental education and academic research, the
international orientation of the curriculum and the
incorporation in networks such as the Association
of University Departments of Environmental Sci-
ences in Europe (AUDES), Environmental Sci-
ences Strengthened in Europe by Networking,
Conferences and Education (ESSENCE) and the
European Thematic Network on Education and

Table 1. Supervised PhD projects
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Training (ETNET Environment—Water). External
education-quality audits held in 1996 and 2002
judged the environmental science curriculum as
‘good’ (Anonymous, 1996, 2002). In comparison
with other Dutch universities, the environmental
education at Radboud University Nijmegen yiel-
ded highest marks for the educational approach
(e.g. development of a learnable curriculum),
international orientation of the programme,
quality of graduates and relations with external
institutes.

Piet Nienhuis was an inspiring supervisor of 16
PhD projects (Table 1). The PhD dissertations
describe the structure and functioning of seagrass

Title thesis Author Year
Growth and production of tropical seagrasses: nutrient dynamics Erftemeijer, P.L.A. 1993
in Indonesian seagrass beds

Intraspecific variability of Zostera marina L. in the Van Lent, F. 1995
Southwestern Netherlands

Bivalve grazing, nutrient cycling and phytoplankton dynamics Prins, T.C. 1996
in an estuarine ecosystem

Plant-herbivore interactions between seagrasses and dugongs De longh, H.H. 1996
in a tropical small island ecosystem

Distribution, year-round primary production and decomposition Brouwer, P.E.M. 1997
of Antarctic macroalgae

Nutrient dynamics in Indonesian seagrass beds: factors determining Stapel, J. 1997
conservation and loss of nitrogen and phosphorus

Growth and photosynthesis of eukaryotic microalgae in fluctuating Flameling, .A. 1998
light conditions, induced by vertical mixing

Macroalgal mats in a eutrophic lagoon: dynamics and Malta, E.-j. 2000
control mechanisms

Importance of shallow-water bay biotopes as nurseries Nagelkerken, 1. 2000
for Caribbean reef fishes

Uncertainty in environmental quality standards Ragas, A.M.J. 2000
Post-settlement life cycle migrations of fish in the Cocheret de la Moriniére, E. 2002
mangrove-seagrass-coral reef continuum

Environmental rehabilitation of the river landscape Lenders, H.J.R. 2003
in the Netherlands. A blend of five dimensions

Incorporating spatial variability in ecological risk assessment Kooistra, L. 2004
of contaminated river floodplains

Integrating ecological knowledge and legal instruments De Nooij, R.J.W. 2006
for biodiversity conservation in river management

Ecological restoration of raised bogs Van Duinen, G.A. 2006
Nitrogen conservation in marine macrophyte communities Vonk, J.A. 2007

of oligotrophic coastal seas in Indonesia
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and macroalgae dominated ecosystems and the
rehabilitation and management of river basins
(including their estuaries and coastal zones). He
was also frequently asked as opponent or member
of PhD refereeing committees at several Dutch
universities, the State University Gent (Belgium)
and the University of Gothenburg (Sweden).
Recently, the PhD Award 2005 of the national
research school SENSE has been awarded to his
PhD student L. Kooistra. The jury was highly
impressed by the innovative character of the re-
search and the interdisciplinary approach for
incorporating spatial variability in ecological risk
assessment of contaminated river floodplains.

For his PhD students and co-workers he always
was a friendly and fatherly man, concerned with
the main lines, and stressing the importance of
keeping it simple and straight to the point
(Anonymous, 2003). He always gave them access
to his personal library and scientific network. He
knows how to enthuse PhD students to write pa-
pers and has the ability to transform the wildest
ideas to more realistic dimensions, and turn them
into publishable results. His skeptical questions
triggered stimulating discussions and finally im-
proved the quality of work. He often accompanied
his PhD students and co-workers during field trips.
He always said: ‘“‘environmental scientists can’t
describe and model ecosystems without personal
observations of the real world” and “good desk
studies always start with field visits”.
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Abstract

Multimedia fate models have proven to be very useful tools in chemical risk assessment and management.
This paper presents BasinBox, a newly developed steady-state generic multimedia fate model for evaluating
risks of new and existing chemicals in river basins. The model concepts, as well as the intermedia processes
quantified in the model, are outlined, and an overview of the required input parameters is given. To test the
BasinBox model, calculations were carried out for predicting the fate of chemicals in the river Rhine basin.
This was done for a set of 3175 hypothetical chemicals and three emission scenarios to air, river water and
cropland soils. For each of these hypothetical chemicals and emission scenarios the concentration ratio
between the downstream area and the upstream area was calculated for all compartments. From these
calculations it appeared that BasinBox predicts significant concentration differences between upstream and
downstream areas of the Rhine river basin for certain types of chemicals and emission scenarios. There is a
clear trend of increasing chemical concentrations in downstream direction of the river basin. The calcu-
lations show that taking into account spatial variability between upstream, midstream and downstream
areas of large river basins can be useful in the predictions of environmental concentrations by multimedia
fate models.

Introduction

For more than 20 years now, multimedia fate
models have been used for the prediction of chem-
ical fate and exposure in the environment. Baugh-
man & Lassiter (1978) and Mackay & Paterson
(1981) first introduced this kind of models, the so-
called ‘fugacity models’ or ‘box models’, in which
the fate of chemicals in different environmental
media was calculated based on physical-chemical
properties of the compound, environmental char-
acteristics and emission data. The first models, e.g.
Mackay’s unit world model (Mackay & Paterson,
1981; Mackay et al., 1983), were relatively simple in
structure and detail, but over time the models

became more complex and sophisticated. Different
types of compartments were added to the models,
i.e. vegetation compartments (Trapp & Matthies,
1996; Severinsen & Jager, 1998; Cousins & Mackay,
2001), and organic film-compartments coating
impervious surfaces (Diamond et al., 2001). Nested,
dynamic and GIS-based models were developed
(Brandes et al., 1996; Woodfine et al., 2001; Suzuki
et al., 2004), models with layered air and soil com-
partments arose (McKone, 1993; Toose et al.,
2004), and models for multi-species chemicals were
introduced (Fenner et al., 2000; Cahill & Mackay,
2003).

Multimedia fate models have proven to be very
useful tools in chemical risk assessment and
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management. Their multimedia character and rel-
atively low complexity make them particularly
useful to evaluate the fate of new and existing
chemicals. In the European Union the EUSES
model (Vermeire et al., 1997; Vermeire et al., 2005)
is currently being used for risk assessment and
management purposes, while in the USA, the To-
tal Risk Integrated Methodology (TRIM.FaTE;
US-EPA, 2002) is typically applied. Most multi-
media fate models used in the risk assessment of
chemicals are based on a geo-political parameter-
ization, e.g. per country or province, and originate
from a generic environmental approach, as for
example described in the EU Technical Guidance
Documents (ECB, 2003). For water quality man-
agement purposes in the European Union, how-
ever, the regulatory concept is shifting more and
more towards an environmentally specific ap-
proach. This regulatory concept is described in the
European Water Framework Directive (EC, 2000),
in which the European Union defined ecological
and chemical water standards at a catchment scale.
This catchment approach could also be very
advantageous for the risk assessment policy of new
and existing chemicals, since river basins form
more clearly defined physical entities than political
regions. Except for air-borne transport, transport
of chemicals occurs only within the basin, which
facilitates the description of transport flows in the
model. Moreover, in the case of river basin mod-
elling, floodplain areas, which are being regarded
as valuable areas for nature conservation, can be
modelled separately. It will therefore be useful to
implement the concept of catchment based mod-
elling in the process of risk management of
chemicals.

Very few multimedia fate models have been
developed using river catchments as the basic
environmental unit, since chemical modelling in
catchments usually focuses on in-stream water
quality only. This, for example, is the case in the
Great-ER model (Feijtel et al., 1997) and the LOIS
model (Boorman, 2003). Coulibaly et al. (2004) did
develop a multimedia catchment model for the
Passaic River Watershed in the USA, and Suzuki
et al. (2004) described a multimedia model built up
from 38,000 river catchments in Japan (G-CIEMYS),
but both are very site-specific GIS-based models of
relatively small basins (up to 200 km?) that cannot
be easily applied to other river catchments.

The goal of this study is to develop a generic
steady-state multimedia fate model to evaluate
risks of new and existing chemicals in river basins.
Here, this model, called BasinBox, is presented.
The model concept, as well as the environmental
processes considered in the model are outlined,
and an overview of the required input parameters
is given. Furthermore, the model is applied in a
case study on the river Rhine basin area for a set of
3175 hypothetical chemicals, representing the
whole range of chemical property combinations, to
test whether the catchment approach applied in
BasinBox yields valuable insights in the context of
multimedia fate modelling. For that purpose,
concentration ratios between the upstream area
and the downstream area are analysed for various
compartments and emission scenarios.

Materials and methods
Model description

In the BasinBox model, the river basin is subdi-
vided into an upstream, midstream and down-
stream area, following Schumm’s (1977) idealized
scheme of a river basin consisting of three zones
arranged in downstream sequence. Since many
environmental parameters and process intensities
vary between the different zones of a river basin,
this subdivision allows the modeller to incorporate
basic spatial variability into the model. The three
model areas are interconnected by single-direction
river flows and two-direction air flows. Figure la
gives a schematic representation of the three
sequential areas and the connections between these
areas.

Each of the upstream, midstream and down-
stream areas consists of 21 compartments, repre-
senting different environmental media. Nine of
these compartments belong to the floodplain zone
and 11 compartments belong to the catchment
zone. One single air compartment covers both the
floodplain and the catchment zone. The floodplain
zone is defined as the area of the river basin that
consists of the river or its main tributaries and the
land that is being flooded temporally each year.
We chose to make the distinction between the
floodplain and the catchment zone since some
processes, like sedimentation and groundwater
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Figure 1. Schematic representation of the BasinBox model. (a) Schematic representation of the three sequential areas (up-, mid- and
downstream) and the connections between these areas. (b) Schematic representation of the compartmental construction and the

transport routes between the compartments.

flow, proceed differently in these two zones.
Moreover, floodplain areas are regarded as valu-
able habitats for nature conservation and devel-
opment (Nienhuis et al., 2002; ECNC, 2004; De
Nooijj et al., 2006). In the floodplain zone, a river
and a sediment compartment, three unsaturated
soil compartments (pasture-, cropland- and natu-
ral soil), saturated soil, and three vegetation
compartments (pasture-, cropland-, and natural
vegetation) have been distinguished. In the catch-
ment zone one can find compartments for primary
waters, secondary/tertiary waters and sediment,
three unsaturated soil compartments (pasture-,
cropland- and other soil), saturated soil, and three
vegetation compartments (pasture-, cropland-, and
natural vegetation). A schematic representation of
the compartmental construction and the transport
routes between the compartments is given in
Figure 1b.

The concentrations calculated by BasinBox are
affected by emissions, degradation processes and
processes that cause chemical mass flows to and
from the compartments. Mass balance equations
can be written for all compartments, having the
following general format:

oC; .
V;* — = Emission; + Import; — Export;

ot
— Degradation; + Advection;;

+ Diffusion;

with V; being the volume of compartment i (m?)
and C; being the chemical concentration in that
compartment (mol m™). Emission;, and Degra-
dation; represent emission to, and degradation
from compartment i, respectively. Import; is the
mass flow to compartment i from outside the basin
area, while Export; stands for the mass flow from i
out of the basin area. Advection;; and Diffusion;
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are the gross advective and diffusive mass flows
between compartments i and j within the river
basin.

At steady state, the mass flows balance. The set
of mass balances is solved using a matrix inversion
routine. BasinBox calculates concentrations of
chemicals in each of the compartments, using
Microsoft Excel® software in combination with
the Poptools-extension (CSIRO, 1994).

Since BasinBox is a steady state model, it is
assumed that the environmental properties of and
emissions to the compartments do not change over
time. It is also assumed that equilibrium exists
between the different phases within each com-
partment (e.g. gas, water and solids in soil).
Moreover, each compartment is assumed to be
completely mixed, which implies that all environ-
mental properties and concentrations are equal
throughout a compartment. Exceptions to this are
the unsaturated soil compartments, where depth-
dependent concentration differences in soil can
significantly affect substance flows (e.g. volatilisa-
tion, leaching) throughout the soil profile. To
overcome this problem, the theoretical principle of
exponentially declining soil concentrations with
depth of McKone & Bennett (2003), as imple-
mented in multimedia models by Hollander et al.
(2004), was introduced in the BasinBox model.
This method applies correction factors that ac-
count for the deviation of depth-dependent soil
concentrations from depth-averaged concentra-
tions.

Model processes

All intermedia mass flows affecting the concen-
tration of a chemical in a compartment (in
mol s™') can be described as the product of a
transport coefficient (in m® s™') and the concen-
tration (in mol m™>) in the compartment from
which the mass flow originates. The transport
coefficient is calculated as the product of a mass
transfer coefficient (in m s™!) and the interfacial
area (in m?). We distinguish diffusive and advec-
tive mass flows and transport coefficients. A dif-
fusive mass flow is treated as a process driven by
differences in the chemical potentials in the two
media. Advective mass flows proceed by a carrier
that physically flows from one compartment to

another, e.g. by air or water. The amount of
advective mass transport depends on the rate of
the carrier flow and the concentration of the
compound in the carrier.

Air and water transport flows

In the BasinBox model, air and water are
regarded as the main carriers for advective mass
flows. Air transport within the modelled river
basin as well as into and out of it is dependent
on the wind direction and the geometric orien-
tation of the areas in the river basin, e.g. the
position of the upstream area with regard to the
midstream area, and the position of the mid-
stream area with regard to the downstream area.
To calculate the source of imported air, and
subsequently, the chemical concentration in the
air imported to the area, for each of the possible
combinations of wind directions and orientations
of the river basin, an air-inflow scenario was
formulated for the upstream, midstream and
downstream area. This generic calculation meth-
od enables the user to enter all possible orien-
tations of a river basin to calculate the source of
airflows into and out of the upstream, midstream
and downstream area. As constant atmospheric
pressure is assumed, the amount of imported air
equals the amount of exported air. This amount
is estimated based on the residence time of air in
the upstream, midstream and downstream area,
calculated using the annual average wind speed,
the distance across the area in each of the eight
compass directions, and the frequencies of wind
directions, following the method described by
Webster et al. (2004).

Since there is no water flow over the borders of
a river catchment, it is possible to accurately
construct a water balance, describing all relevant
water transport processes within a river basin
(Fig. 2). Figure 2a shows the water transport
routes between air and soil, air and water, soil and
water and soil and vegetation. Water enters the
model as precipitation, of which a certain fraction
evaporates. A fraction of the water runs off over
the soil surface to one of the surface water com-
partments. Another fraction is discharged as sub-
surface flow at the mechanical reworking depth,
and a third fraction is drained by tube drainage
(except in natural soils where no tube drainage is
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between the different surface water compartments.

assumed). The remaining water percolates to the
saturated soil compartments. In the catchment
zone of the model, it is assumed that a certain
amount of groundwater is exported from the sat-
urated soil zone to deeper aquifers and thus ex-
ported from the system. The remainder is
transported from the saturated soil zone to the
surface water compartments. In the floodplain
zone all groundwater is assumed to recharge to the
surface water compartment, since no groundwater
export takes place at a location so close to the
drainage base of the system. Figure 2b shows the
water transport routes between the different sur-
face water compartments. The primary water
compartments (ditches, pools) of the up-, mid- and
downstream areas discharge to the secondary and
tertiary water compartments (canals, brooks, small
rivers) of these areas and those again discharge to
their river water compartments. In the river com-
partments, water is being discharged in a down-
stream direction. A constant volume of the surface
water compartment is assumed; this means that all
surplus water is being transported following the
routes described in Figure 2b. From the down-
stream area river compartment, water is exported
from the system at the river mouth.

Intermedia chemical transport processes

Air—surface area exchange

Advective air—unsaturated soil and air-water
transport occurs by wet and dry deposition. For
the calculation of the dry deposition chemical mass
flow, the dry deposition velocity of aerosol parti-
cles and the fraction of chemicals associated with
aerosol in the atmosphere are used (Brandes et al.,
1996). An interception fraction for dry aerosol
interception by vegetation is introduced. Wet
deposition is divided into gas washout and aerosol
washout processes, both dependent on rain inten-
sity and the fraction of gas and aecrosols in the
atmosphere. Gas washout is calculated using the
dimensionless air-water partition coefficient (Den
Hollander & Van de Meent, 2004), while aerosol
washout is calculated based on the aerosol collec-
tion efficiency (Mackay, 1991). For aerosol wash-
out an interception fraction for vegetation is
inserted. It is assumed that vegetation causes no
interception in the case of gas washout.

Diffusive air—water, air—soil and air—vegetation
transport occurs by gas absorption and volatili-
sation. These processes are calculated using the
classic two-film resistance model (Schwarzenbach
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etal., 1993). For the soil-air mass flows a correction
factor accounting for the deviation of the concen-
tration at the top of the soil compartment from the
average soil concentration (Hollander et al., 2004)
is inserted. Diffusive air to vegetation transport
vice versa is estimated from the overall mass
transfer coefficient at the air—plant interface for
natural and agricultural vegetation, following the
description of Severinsen & Jager (1998).

Water—sediment exchange and sediment burial

Advective transport between the water and the
sediment compartments occurs by sedimentation
and resuspension. Gross sedimentation rates are
calculated from the settling velocity of suspended
particles and the concentration of suspended mat-
ter in the water compartments following the
method of Brandes et al. (1996). Net sedimentation
rates in the up-, mid- and downstream areas were
derived from literature (Schwarzenbach et al.,
1993; Trapp, 1996; Hofstee & Leenaers, 2002).
Resuspension rates equal the difference between
the gross sedimentation rates and the net sedi-
mentation rates. Diffusive exchange proceeds by
adsorption and desorption processes, based on the
partial mass transfer coefficients at the water and
the sediment side of the water—sediment interface.
In the BasinBox model, the sediment compart-
ments are modelled with a fixed depth. Therefore, a
sediment burial flow is introduced, the burial mass
transfer coefficient being equal to the product of
the net sedimentation rate and the interfacial area.

Unsaturated soil-vegetation exchange

Chemical transport from unsaturated soil to veg-
etation proceeds by an advective transpiration
flow. Severinsen & Jager (1998) described the
method used here, using a transpiration stream
concentration factor (Briggs et al., 1982). Litter
flow causes chemical transport from the vegetation
compartments to the unsaturated soil compart-
ments, of which the amount is derived from the
growth rate of vegetation, and the harvesting effi-
ciency (Severinsen & Jager, 1998).

Unsaturated soil-saturated soil-surface water
exchange

Several advective water-bound soil to water pro-
cesses are modelled. On agricultural pasture and
cropland soils, one water flow occurs at the soil

surface (surface runoff), one at the mechanical
reworking depth (subsurface flow), and one at the
typical depth of drainage tubes (tube drainage).
For natural soils, only surface runoff and subsur-
face flow processes are modelled. The principle of
depth-dependent chemical concentrations is used
for calculating the amount of chemicals involved
in the different processes. For the surface runoff
calculation, both the process of solute transport in
runoff water and erosion (Asselman, 1997) are
modelled.

The fraction of precipitation that does not flow
from the unsaturated soil compartments to the
surface water compartments percolates to the
saturated soil zone. The chemical amount that is
transported from the saturated soil zone to deeper
aquifers is determined by an export fraction derived
from literature (De Wit, 1999), the remainder is
recharged to the surface water compartments.

Degradation

All chemical degradation is assumed to obey
(pseudo) first order kinetics, following from a
degradation rate constant, the volume of the
compartment and the concentration. Following
the method of Den Hollander & Van de Meent
(2004), the degradation rate constant in air is
estimated from the fraction of the chemical in air
that is associated with aerosol particles, and the
OH-radical concentration in air. Values for the
degradation rate constants in water, sediments and
soils are calculated using the degradation rate
constant in the dissolved phase, the bulk degra-
dation rate constant in sediments and in soils
respectively, corrected for the actual temperature.
The chemical degradation constants in vegetation
are assumed to be ten times higher than those in
soil (Brandes et al., 1996).

Model parameterization

The input for BasinBox consists of physical-
chemical properties of the compound studied,
environmental characteristics and emission data,
the latter two being user-defined. Required physi-
cal-chemical properties of the compound are its
molecular weight, octanol-water partition coeffi-
cient (K,), vapour pressure, solubility, melting



point, and degradation rate constants for bulk
sediment, bulk soil, and the gas phase. The vapour
pressure, the solubility and the degradation rates
of a chemical are modelled as temperature
dependent variables. Using the physical-chemical
data the model estimates intermedia partition
coefficients. The air-water partition coefficient
(K.w) 1s estimated from the ratio of the vapour
pressure and the water solubility of the compound.
The air—aerosol partitioning is determined on the
basis of the chemical’s vapour pressure, according
to Junge (1977). The solids—water partition coef-
ficient is calculated based on the relationship with
K, and the organic carbon content of the soil
proposed by DiToro et al. (1991). The biocon-
centration factor is estimated from the K., and the
fat content of the biota. For vegetation, the con-
centration ratio between plant tissue and water in
thermodynamic equilibrium is estimated from the
water and lipid contents of the plant tissue (Se-
verinsen & Jager, 1998).

Values for the environmental parameters and
the emission rates are, dependent on the model
scenario, to be defined by the user. The environ-
mental parameters that need to be entered in the
BasinBox model are listed in Table 1. Emissions in
the model can take place to the air compartment,
the water compartments and the different soil
compartments.

Case study for the river Rhine basin
Model area

To test the BasinBox model, example calculations
were carried out for predicting the fate of chemi-
cals in the river Rhine basin. Environmental input
parameters for BasinBox were collected for the
upstream, midstream, and downstream areas of
the Rhine basin (Table 1). The geometrical orien-
tation of the upstream area with regard to the
midstream area of the Rhine basin is South, while
the orientation of the midstream area with regard
to the downstream area is Southeast. Based on this
orientation, together with information on the
percentages of wind flowing in from the different
compass directions, the chemical concentration in
the inflowing air in the different areas of the river
Rhine basin was calculated (Fig. 3). Figure 3a and
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Table 1 show the percentage of wind directions
occurring in the river Rhine basin. For each of the
wind directions, the model estimates the fraction
of inflowing air occurring from outside the river
basin as well as the fraction of inflowing air taking
place from the other areas within the basin. Fig-
ure 3b shows the total amounts of inflowing and
outflowing air in the different areas of the Rhine
basin, calculated using the wind directions of
Figure 3a and the residence times of air in the
different areas.

In BasinBox it is possible to model periodical
inundations of the floodplain zone of the river
basin. For the Rhine basin, a yearly inundation of
four weeks is assumed in the downstream area of
the basin (Hofstee & Leenaers, 2002). During this
period gross and net sedimentation rates from the
river water to the inundated floodplain soil are
assumed to equal those rates from the river water
to the sediment compartment. For the upstream
and midstream areas of the Rhine basin, no peri-
odical flooding was assumed in this case study.

Set of hypothetical chemicals

For the example calculations, a set of 3175 hypo-
thetical chemicals was used, covering the entire
space of plausible chemical partitioning properties
and half-lives. The advantage of using this set in-
stead of real chemical data is that even a set of
hundreds of real chemicals does not densely cover
the space of possible chemical property combina-
tions (Fenner et al., 2005). The set of hypothetical
chemicals used here includes all possible combi-
nations of integer values of log K, from —11 to 2
and log K, from —1 to 8 with the restriction that
-1 < (log Koy — log K,y) < 15 (Fenner et al.,
2005). For the degradation half-lives, all possible
combinations of half-lives in air of 4, 24, 168, 1000,
and 8760 h with half-lives in water of 24, 168, 1000,
8760 and 87,600 h were used. The half-life in soil
and in sediment was set to twice the half-life in
water, in order to limit the chemical properties that
were varied to four (Stroebe et al., 2004).

Emission scenarios
With the whole set of hypothetical chemicals, the

BasinBox model was run for three emissions,
towards air, river water and cropland soils.
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Table 1. Environmental input parameters for the BasinBox model in the case study for the river Rhine catchment

Environmental parameter Unit Value Value Value Reference
upstream midstream downstream
Total area [m?] 6.17E+10 6.17E+10 6.17E+10 -
Area fraction river [ 1.00E-03 1.62E-03 1.88E-03 a
Area fraction pasture soil floodplain [] 1.52E-03 1.29E-03 2.15E-03 a
Area fraction cropland soil floodplain [ 4.40E-04 1.38E-03 1.05SE-03 a
Area fraction other soil floodplain [ 2.05E-03 1.64E-03 5.65E-04 a
Area fraction pasture soil catchment [ 3.64E-01 2.92E-01 4.68E-01 a
Area fraction cropland soil catchment [ 1.06E-01 3.12E-03 2.30E-01 a
Area fraction other soil catchment [ 4.89E-01 3.70E-03 1.23E-01 a
Area fraction primary waters catchment [ 2.59E-02 4.72E-04 8.71E-02 a
Area fraction secondary waters catchment -] 1.00E-02 1.99E-02 8.71E-02 a
Mixed height air compartment [m] 1.00E+ 03 1.00E+03 1.00E+03 b
Depth river compartment [m] 3.00E+00 3.00E+00 5.00E +00 c
Depth sediment compartments [m] 3.00E-03 3.00E-03 3.00E-03 b
Depth primary waters compartment [m] 1.00E + 00 1.00E + 00 1.00E + 00 d
Depth secondary waters compartment [m] 2.00E+00 2.00E+00 2.00E+ 00 -
Depth unsaturated soil compartments [m] 1.00E + 00 1.00E + 00 1.00E + 00 e
Depth saturated soil compartments [m] 2.00E+ 00 2.00E+00 2.00E+ 00 -
Solid phase advection velocity soil ms™] 6.34E-12 6.34E—-12 6.34E—-12 b
Solid phase turbation coefficient soil [m s 6.37E-12 6.37E-12 6.37E—-12 b
Volume fraction solids soil [ 6.00E-01 6.00E-01 6.00E-01 -
Volume fraction water unsaturated soil ] 2.00E-01 2.00E-01 2.00E-01 -
Volume fraction air unsaturated soil [ 2.00E-01 2.00E-01 2.00E-01 -
Volume fraction water saturated soil [ 4.00E-01 4.00E-01 4.00E-01 -
Volume fraction water sediment = 8.00E-01 8.00E-01 8.00E-01 f
Volume fraction solids sediment = 2.00E-01 2.00E-01 2.00E-01 f
Volume fraction water vegetation -] 8.00E-01 8.00E-01 8.00E-01 b
Mass fraction lipids vegetation [ 1.50E-02 1.50E-02 1.50E-02 b
Leaf area index pasture vegetation [m? m™? 5.06E +00 5.06E +00 5.06E +00 g
Leaf area index cropland vegetation [m? m™? 1.71E+00 1.71E+00 1.71E+ 00 g
Leaf area index natural vegetation [m? m™? 3.62E+00 3.62E+00 3.62E+00 g
Vegetation cover pasture vegetation [ 7.10E-01 7.10E-01 7.10E-01 h
Vegetation cover cropland vegetation ] 8.60E-01 8.60E-01 8.60E-01 h
Vegetation cover natural vegetation [] 9.00E-01 9.00E-01 9.00E-01 h
Vegetation mass pasture vegetation [kg m™? 1.20E+ 00 1.20E+00 1.20E+ 00 i
Vegetation mass cropland vegetation [kg m™? 1.80E+ 00 1.80E+00 1.80E+ 00 i
Vegetation mass other vegetation [kg m™2 2.40E+00 2.40E +00 2.40E+ 00 i
Wet density of vegetation [kg m~3] 9.00E+ 02 9.00E +02 9.00E+ 02 i
Average wind speed ms™] 2.90E+ 00 2.90E + 00 2.90E+ 00 j
Fraction of wind from direction north [ 9.00E-02 9.00E-02 9.00E-02 ]
Fraction of wind from direction north-east [ 1.00E-01 1.00E-01 1.00E-01 ]
Fraction of wind from direction south-east [ 1.20E-01 1.20E-01 1.20E-01 ]
Fraction of wind from direction south [ 1.50E-01 1.50E-01 1.50E-01 ]
Fraction of wind from direction south-west [ 2.00E-01 2.00E-01 2.00E-01 j
Fraction of wind from direction west [ 1.60E-01 1.60E-01 1.60E-01 ]
Fraction of wind from direction north-west [ 1.00E-01 1.00E-01 1.00E-01 ]

Continued on p. 29
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Environmental parameter Unit Value Value Value Reference
upstream midstream downstream
Orientation of the up- with regard [-] S S S -
to the midstream area
Orientation of the mid- with regard ] SE SE SE -
to the downstream area
Rain intensity [ms™] 1.10E+03 8.23E+02 9.21E+02 k,v,j
Infiltration fraction in floodplain soil -] 8.50E-01 9.00E-01 8.50E-01 e
Infiltration fraction in catchment soil [-] 7.50E-01 8.50E-01 8.50E-01 e
Fraction of rainwater as subsurface flow soil [ 3.60E-02 3.60E-02 3.60E-02 -
Fraction of rainwater as tube flow cropland soil ] 2.50E-01 2.50E-01 2.50E-01 e
Fraction of rainwater as tube flow pasture soil ] 2.50E-01 2.50E-01 2.50E-01 e
Fraction of rainwater exported [-] 0.00E + 00 0.00E+00 0.00E + 00 -
to deep aquifers floodplain
Fraction of rain water exported [ 1.70E-01 1.70E-01 1.70E-01 1
to deep aquifers catchment
Fraction of soil water discharging [-] 5.00E-01 5.00E-01 5.00E-01 -
to primary waters
Fraction of soil water discharging [-] 5.00E-01 5.00E-01 5.00E-01 -
to secondary waters
Temperature [°C] 8.20E+ 00 9.90E-00 9.70E+ 00 k,v,j
Specific aerosol surface [m?> m~3 1.50E—04 1.50E—04 1.50E-04 b
Mass fraction organic carbon in suspended matter ] 2.00E-01 2.00E-01 2.00E-01 m
Fat content of fresh water fish -] 5.00E-02 5.00E-02 5.00E-02 b
Concentration biota in fresh water [mg 7] 1.00E + 00 1.00E +00 1.00E + 00 b
Concentration suspended matter [mg 7] 1.50E+01 2.90E+01 3.50E+01 n,w,y
in river water
Concentration suspended matter [mg 7] 5.00E+00 5.00E+00 5.00E +00 -
in primary waters
Concentration suspended matter [mg 7] 1.50E+01 2.90E+01 3.50E+01 n, w,y
in secondary waters
Mass fraction organic carbon in sediment [ 2.00E-02 2.00E-02 2.00E-02 o
Mass fraction organic carbon in unsaturated soil ] 2.00E-02 2.00E-02 2.00E-02 b
Mass fraction organic carbon in saturated soil ] 6.00E-03 6.00E-03 6.00E-03 [
Deposition velocity of aerosol [ms™] 5.31E-04 5.31E-04 5.31E-04 p
particles agricultural soil
Deposition velocity of aerosol [ms™] 7.30E-03 7.30E-03 7.30E-03 q
particles natural soil
Aerosol collection efficiency -] 2.00E+05 2.00E+05 2.00E+05 r
Interception of dry aerosol deposition vegetation -] 4.40E-01 4.40E-01 4.40E-01 s
Interception of wet aerosol deposition vegetation [-] 1.40E-01 1.40E-01 1.40E-01 t
Growth rate constant natural vegetation 571 2.88E-08 2.88E—-08 2.88E-08 i
Growth rate constant agricultural vegetation s 1.27E-07 1.27E-07 1.27E-07 i
Harvesting efficiency natural vegetation [-] 0.00E + 00 0.00E + 00 0.00E+ 00 b
Harvesting efficiency agricultural vegetation [-] 5.90E-01 5.90E-01 5.90E-01 b
Water uptake rate natural vegetation [ms™] 8.40E-09 8.40E-09 8.40E—-09 i
Water uptake rate agricultural vegetation [ms™] 9.32E-09 9.32E-09 9.32E-09 i

Continued on p. 30
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Table 1. (Continued)

Environmental parameter Unit Value Value Value Reference
upstream midstream downstream
Settling velocity of suspended particles m s 2.89E-05 2.89E-05 2.89E-05 b
Autochthonous production of suspended [em2y™] 1.00E+01 1.00E+01 1.00E+01 b
matter in water
Net sediment accumulation rate in water [m s7'] 2.36E-11 3.17E-11 4.44E-11 u, X, y
Erosion in floodplain zone [ms™'] 6.00E-02 1.00E-02 1.00E-04 n
Erosion in catchment zone m s 9.00E-02 3.00E-02 1.00E-03 n
Escape rate constant of air to the stratosphere s 3.66E-10 3.66E-10 3.66E-10 b
Regional OH-radical concentration [em™] 5.00E+05 5.00E+05 5.00E +05 b
Mechanical reworking depth agricultural soils [m] 2.00E-01 2.00E-01 2.00E-01 b
Tube drainage depth [m] 1.00E+ 00 1.00E + 00 1.00E + 00 e
Depth of transpiration flow pasture vegetation [m] 2.00E-01 2.00E-01 2.00E-01 z
Depth of transpiration flow cropland vegetation [m] 2.00E-01 2.00E-01 2.00E-01 z
Depth of transpiration flow natural vegetation [m] 8.00E-01 8.00E-01 8.00E-01 z
Population density [km™] 1.99E + 02 2.34E+02 3.89E+02 a
Emission dose [kg km™] 3.17E+00 2.60E + 00 8.27E+00 aa

References: a = Nationmaster (2005), b = Den Hollander & Van de Meent (2004), ¢ = McKone (1993), d = CLM (2004),

e = Tiktak et al. (2002), f = Paterson & Mackay (1994), g =
(1998), j = KNMI (2004), k = MeteoSchweiz (2004), | =
o = McKone et al. (2001), p = McLachlan et al. (2002), q = Horstmann & McLachlan (1998), r =
berlain (1967), t = Scheringer et al., (2000), u = Schwarzenbach et al. (1993), v =
x = Trapp (1996), y = Hofstee & Leenaers (2002), z = Jackson (1996), aa =

S =South, SE = Southeast
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Figure 3. Schematic representation of the calculation of the chemical concentration in the inflowing air in the different areas of the
river Rhine basin. (a) The percentage of each of the wind directions occurring in the river Rhine basin (KNMI, 2004). (b) Total
amounts of inflowing and outflowing air in the different areas of the Rhine basin.



Emission input towards air and river water was
estimated using population density numbers, fol-
lowing Prevedouros et al. (2004). This method
assumes that chemicals emitted to air and river
water are mainly released from densely populated
urban areas. Based on population density numbers
in the Rhine basin area (Table 1), air and river
water emissions take place in a ratio of 1:1.2:2
between the upstream, midstream and downstream
areas (Nationmaster, 2005). Diffuse emissions to
cropland soils will typically be pesticides, so input
to cropland soils was estimated based on differ-
ences in cropland area between the upstream,
midstream and downstream areas as well as on
differences in the typical pesticide emission dose
between the different areas (Table 1). According to
this method, the emission ratio between the up-
stream, midstream and downstream areas in the
Rhine basin area is 1:2.6:6.3 for the floodplain soil
compartment, and 1:1.9:4.5 for the catchment soil
compartment (FAO, 2001; Nationmaster, 2005).
Since we were interested in concentration differ-
ences between the upstream, midstream and
downstream areas, rather than in absolute con-
centrations, only relative emission rates were re-
quired for the calculations.

Concentration ratios

For all hypothetical chemicals, the concentration
ratio between the upstream area and the down-
stream area was calculated for each emission sce-
nario and for all compartment types. These results
were analysed in order to select all combinations
of chemical properties for which the concentration
ratio between the downstream and upstream areas
is larger than 100, respectively 10 or smaller than
0.01, respectively 0.1. This was done to select those
chemicals for which predicting concentrations
within the river Rhine area for the upstream,
midstream and downstream area separately can be
relevant. For all combinations of emission sce-
nario and compartment type at which concentra-
tion ratios >100 or <0.01 occur, series of chemical
space plots were created. In these chemical space
plots, the concentration ratio between downstream
and upstream areas is plotted against K.y, and K,
for a certain value of the chemical degradation
half-lives in air and water (and soil). Since the
calculations were performed for five values of the
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degradation half-life in water and five values of the
degradation half-life in air, for each combination
of emission scenario and compartment 25 plots
can be made. It appeared that the degradation rate
of compounds in air hardly influenced the
concentration ratios in our calculations, so plots
were created for only one value of the degradation
half-life in air. We used the median of the mod-
elled values of the half-life in air (168 h). The plots
provide a clear overview of chemical property
combinations causing large spatial variation in the
predictions of BasinBox.

Results and discussion

Table 2 shows for all combinations of emission
scenario and compartment type the percentage of
hypothetical chemicals for which the predicted
concentrations of BasinBox in the upstream and
downstream areas differ more than a factor of 10
and 100, respectively. In more than 95% of all
cases, downstream concentrations are higher than
upstream concentrations, implying that there is a
clear trend of increasing chemical concentrations
in downstream direction of the Rhine basin area.
This is mainly caused by differences in emissions
between the upstream and downstream area. Since
the upstream area of the Rhine basin is less densely
populated and contains less agricultural soils,
emissions to air, river water as well as cropland
soils are lower than in the downstream area.
Furthermore, water based transport of chemicals,
which occurs in downward direction of the river
basin, causes variation in chemical concentrations
between the upstream and downstream areas. For
the river and floodplain compartments, the influ-
ence of downward transport can account for up to
60% of the concentration variance between the
upstream and downstream areas, particularly
when emissions occur to water. For the catchment
compartments this downward chemical transport
is only of minor influence.

For 13 combinations of emission scenario
and compartment type concentration ratios >100
appeared. For all these scenarios, series of
chemical space plots were created, consisting of
five separate plots for all five modelled values
of the degradation half-life in water (and soil).
Two series of chemical space plots are given in



32

%00 %00 %00 %00 %00 %01 %l'1 %61 %00 %9°C %9'1 [1oS

%00 %00 %00 %00 %00 %00 %00 %00 %00 %00 %00 R |

%00 %00 %00 %00 %00 %00 %00 %00 %00 %00 %0°0 1y

JUDWIPaS I1)em SIo)eM  JUSWIIPIS IdJBM  SIdJeM [10s  uone}agoa [10s  uoneagoa [los  uone}agoA [1os

A1BpUO029S  ATRPU0IAS Arewmg  Arewld — pajeInjes [eImyeN remjeN  pueidor) puepdor) amjsed oaInjsed uoIssiwyg (0] < oney
sjuaunreduwos juawydIe)

%0°0 %I1°C %91 %l1T %00 %1'T %9°1 %00 %00 %CT [1oS

%00 %00 %00 %00 %61 %00 %91 %00 %00 %00 ATy

%00 %00 %00 %00 %00 %00 %00 %00 %00 %00 1y

[1os uorneagoa [1os  uone}agoA [10s  uone}agaA [10S  JUAWIPas

pajeInjes [ermeN [emieN  pueidor)  pueidor) aImjsed Imised IoATy JoATY Iy uorssiuyg (0] < oney
syuaunyredwod urejdpoojq

%00 %00 %9°L %09 %S0 Y%yl %079 %161 %00 %S8C  %9'LI oS

%00 %00 aa %¢0 %00 %00 %9°01 %00 %00 %00 %00 R |

%00 %00 %L'T %90 %00 %00 %CS %00 %00 %00 %00 1y

JUDWIPaS I1)em SIoJeM  JUSWIIPIS I9JBM  SIdJeM [10s  uone}agoA [10s  uoneagoa [los  uone}asoA [1os

AIBpUO029S  ATRPU0IAS Arewmg  Arewld — pajeInjes [eImyeN remjeN  pueidor) puepdor) amjsed oInjsed uoIisstwyg (] < oney
sjuounreduwos juawydIe)

%C'L %1°0C %S'61 %T'81 %00 %¥'0C %561 %00 %00 %9'1C [1os

%S0 %00 %S'8 %00 %7C91 %00 %S91 %00 %00 %00 R |

%00 %00 %00 %00 %00 %00 %00 %00 %00 %00 ny

[1os uornedsaa [10s  uone}agaA [10s  uone}agaA [I0S  JUAWIPAs

pajeInies [eameN  [eimjeN  pueidor)  pueidor) amjsed amised IoATY JoATY ny uorssiyg ([ < oney

oLreuads uolssrud Jad ‘ad4) juounsedwos 1od ‘001 pue (o] uey} I93IE] ONBI UONBIIUIIUOD

sjuowtedwods urejdpoor

© MOUS 1Y) S[eorwayd [eonaylodAy [[e jo 98ejued1dd 'z aquf



Figure 4, while the full set of plots (in colour) can
be downloaded from http://www.ru.nl/environ-
mentalscience/research/rivers/basinbox.

River water emission scenario

In case of emissions towards river water, relatively
large spatial differences (ratio > 100) are found
for about 60 chemical property combinations in
cropland soils and pasture soils in the floodplain.
Figure 4a shows the chemical space plots for the
cropland soil compartment in the floodplain. The
main transport routes responsible for the concen-
tration differences are (1) downward transport of
chemicals by river water and (2) temporal inun-
dation of downstream floodplain soils and sub-
sequent sedimentation of chemicals onto these
soils. Beside that, variations in emission densities
between the upstream and downstream areas ac-
count for concentration differences. For the nat-
ural soil compartments in the floodplain,
concentration ratios are somewhat lower, but still
larger than 10 for 8.5% of the chemicals. As a
result of high concentration ratios in the flood-
plain soils, also the saturated soil zone in the
floodplain shows concentration ratios >10 for
some compounds.

In floodplain pasture and cropland soils,
chemical property combinations for which the
concentration ratio is larger than 100 range be-
tween a log K, of 0 to 2 with a log K, of 8. These
chemicals have a high volatilisation potential from
water to air on the one hand, and tend to bind to
organic material on the other hand. So, when
sedimentation in the floodplain occurs, a large part
of these chemicals will settle down to the flood-
plain soils. Only compounds with a relatively high
half-life in water (8760 to 87,600 h) and soil
(17,520 to 175,200 h) will show relatively large
concentration differences between the upstream
and the downstream areas. The degradation half-
life of chemicals in air does not largely influence
the fate of chemicals. Not many chemicals exist for
which the above-mentioned property combina-
tions apply, but octachloro—2-pinene (cas # 25267-
15-6; pesticide; PAN, 2005) and 1-iodohexadecane
(cas # 544-77-4; pesticide; PAN, 2005) are known
compounds in this range. For cropland soils in
floodplains, the same applies as for pasture soils,
but the range of chemicals for which large
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concentration ratios occur is somewhat broader.
Chemicals with a log K, of =7, a log K, of 8 and
a water degradation half-life of 8760 h, as well as
chemicals with a log K, of =5, a log K, of 7 and
a water degradation half-life of 24 h show con-
centration ratios >100. Examples of chemicals
that have the above-mentioned chemical property
combinations are monomethyl ester (cas # 6983-
79-5; pesticide; PAN, 2005) and isodecyl-diphenyl
phosphate (cas # 29761-21-5; plasticizer/flame
retardant; Chemicalland21, 2005), respectively.

Cropland soil emission scenario

For the emission scenario to cropland soils, 11
compartment types show a concentration ratio
between the downstream and upstream areas lar-
ger than 100 for a number of hypothetical chemi-
cals. This is the case for the air compartment, all
soil and vegetation compartments in the floodplain
zone, pasture soils and natural soils in the catch-
ment zone and pasture, cropland and natural
vegetation in the catchment zone. The large ratios
are mainly caused by differences in emission den-
sities, followed by differences in the volatilisation
of chemicals from soil and vegetation to the air. In
the saturated soil and in primary waters, concen-
tration differences larger than a factor of 10 occur.
These differences are a direct consequence of
concentration differences in the soil compart-
ments, which results in different chemical amounts
leaching to the saturated soil zone and draining to
the surface water compartments.

The series of chemical space plots for the nat-
ural soil compartment in the catchment for the soil
emission scenario is shown in Figure 4b, but this
situation applies approximately for all compart-
ments with emissions to soils and concentration
ratios >100. Chemicals with a log K,, ranging
from —6 to —3 and a log K, from 5 or 6-8 show
the largest concentration ratios. These compounds
tend to bind to organic material on the one hand
and are not very volatile on the other hand. Large
concentration ratios are only found for chemicals
with degradation half-lives in water of 24 or 168 h.
This is caused by differences in the soil penetration
depth of the chemicals, which is low for
compounds with low degradation half-lives in
water and soil. As a result, the process of volatil-
isation becomes relatively important for those
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compounds, so in case of emissions taking place to
the cropland soil compartments, the differences in
emission densities between the upstream and
downstream areas are being strengthened by this
volatilisation flow. Therefore, large concentration
differences arise in the upstream and downstream
areas. In cropland soils their selves, the concen-
tration ratio is not so large, since for those com-
partments the emission process is much more
important than the volatilisation flow. Conse-
quently, the concentration ratio in the cropland
soil compartments equals more or less the soil
emission ratio. As is the case by emissions to river
water, the degradation half-life of chemicals in air
does hardly influence their fate. Examples of real
chemicals having the property combinations that
result in large concentration differences between
the upstream and downstream areas are tributyltin
adipate (cas # 7437-35-6; pesticide; PAN, 2005),
oleic acid (cas # 112-80-1; high production volume
chemical, used in consumer products, building
materials and pesticides; Scorecard, 2005), di-
cyclohexyl phtalate (cas # 84-61-7; high produc-
tion volume chemical, used as plasticizer;
Scorecard, 2005), and tetradecanol (cas # 112-72-
I; high production volume chemical, used in con-
sumer products, building materials and pesticides;
Scorecard, 2005).

Air emission scenario

In case of emissions occurring towards the air
compartments, none of the compartment types
shows a concentration ratio between the upstream
and downstream areas larger than 100, and only a
few compartment types show a ratio larger than
10. Due to rapid mixing of chemicals in the
atmosphere and because air-based chemical
transport takes place both in upstream and in
downstream directions, the concentration differ-
ences between the downstream area and the up-
stream area remain relatively low.

Uncertainty

From these calculations it becomes clear, that for
certain types of chemicals large concentration
differences can exist within one river basin. One
remark should be made on the model results for
the compounds with low degradation half-lives in
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air, water and soil and with a high K, (half-life in
water of 24 h, log K, from 7 to 8). Although these
compounds have a low soil penetration depth in
reality, predicted soil penetration depths are even
considerably lower. The algorithm of the soil
penetration depth in BasinBox was primarily de-
signed for compounds with less extreme property
combinations, and it is not possible to extrapolate
it directly to all chemicals. Therefore, the concept
of the soil penetration depth in BasinBox does not
apply very well on extreme hydrophobic and
rapidly degrading compounds. Since the soil pen-
etration depth largely influences the concentration
ratios, especially when emissions take place to the
soil, for these compounds the model results are not
very reliable. However, for the other compounds
the model relations do apply and compounds
showing large concentration ratios still exist.

The relevance of the BasinBox model not only
depends on relative differences that are found be-
tween the upstream, midstream and downstream
areas of a river basin, but also on the absolute
concentration differences. When concentration
differences are large, but absolute chemical con-
centrations are very low, knowledge about the
concentration differences is not very relevant.
Since the example calculations were based on
relative emissions, the model predicts only relative
concentrations. To get an idea about absolute
concentrations anyhow, we compared the rela-
tive concentrations in cropland soils and in natural
soils after emission of chemicals to cropland soils.
We assumed that if natural soil concentrations are
less than six orders of magnitude lower than
cropland soil concentrations (after cropland soil
emission), these concentrations might be of serious
concern. This appeared to be the case for §89% of
the hypothetical chemicals, and for 76% of the
chemicals that show concentration ratios >100
between downstream and upstream areas. For
10% of all chemicals the natural soil concentra-
tions are even less than three orders of magnitude
lower than cropland concentrations. These num-
bers indicate that for a large number of chemicals
relevant concentrations may be found, in any case
in natural soils. For these chemicals also knowl-
edge about concentration variances will be rele-
vant.

Although it is quite difficult to validate this
type of generic models with such a large amount of
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compartments, a validation study has to be carried
out to judge whether the spatial variation in
predicted concentrations in BasinBox agrees with
actual concentration differences throughout a river
basin. In a next step in research we will perform a
validation study for the BasinBox model using real
chemical data in different river catchments, based
on real emission scenarios.

Conclusion

BasinBox is a new generic multimedia fate model
that predicts environmental concentrations of
chemicals in large river basins. It distinguishes an
upstream, midstream, and downstream area with
different environmental characteristics. Water
transport is modelled in a downward direction,
and floodplain inundations are taken into account.
It appears that BasinBox predicts significant con-
centration differences between upstream and
downstream areas of the river Rhine basin for
different types of chemicals and different emission
scenarios. There is a clear trend of increasing
chemical concentrations in the downstream direc-
tion of the river basin. This case study shows that
taking into account spatial variability between
upstream, midstream and downstream areas of
large river basins can be important in the predic-
tions of environmental concentrations by multi-
media fate models.

References

Asselman, N. E. M., 1997. Suspended Sediment in the River
Rhine. The Impact of Climate Change on Erosion, Trans-
port and Deposition. PhD-thesis, Department of Physical
Geography, Utrecht University, Utrecht.

Baughman, G. L. & R. R. Lassiter, 1978. Prediction of envi-
ronmental pollutant concentration. In Cairns, J., D. L.
Dickson & A.W. Maki (eds), Estimating the Hazard of
Chemical Substances to Aquatic Life. American Society for
Testing Materials (ASTM) 657: 34-54.

Boorman, D. B., 2003. LOIS in-stream water quality modelling.
Part 1: catchments and methods. Science of the Total
Environment 314: 379-395.

Brandes, L. J., H. den Hollander & D. van de Meent, 1996.
SimpleBox 2.0: A Nested Multimedia Fate Model for
Evaluating the Environmental Fate of Chemicals. RIVM,
Bilthoven.

Briggs, C. G., R. H. Bromilov & A. A. Evans, 1982.
Relationships between lipophilicity and root uptake and

translocation of non-ionised chemicals by barley. Pesticide
Science 13: 495-504.

Cahill, T. M. & D. Mackay, 2003. A high-resolution model for
estimating the environmental fate of multi-species chemicals:
application to malathion and pentachlorophenol. Chemo-
sphere 53: 571-581.

Chamberlain, A.C., 1967. Transport of lycopodium spores and
other small particles to rough surfaces. Proceedings of the
Royal Society of London A296: 45-70.

Centrum voor Landbouw en Milieu (CLM), 2004. Werken aan
duurzame landbouw en een aantrekkelijk platteland.
www.clm.nl (in Dutch).

Chemicalland21, 2005. www.chemicalland21.com.

Commonwealth Scientific and Industrial Research Organiza-
tion (CSIRO), 1994. CSIRO sustainable ecosystems — Soft-
ware and resources. http://www.cse.csiro.au/poptools/.

Coulibaly, L., M. E. Labib & R. Hazen, 2004. A GIS-based
multimedia watershed model: development and application.
Chemosphere 55: 1067-1080.

Cousins, I. T. & D. Mackay, 2001. Strategies for including
vegetation compartments in multimedia models. Chemo-
sphere 44: 643-654.

De Nooij, R.J. W., W. C. E. P. Verberk, H. J. R. Lenders, R. S.
E. W. Leuven & P. H. Nienhuis, 2006. The importance of
hydrodynamics for protected and endangered biodiversity of
lowland rivers. Hydrobiologia 565: 153-162.

De Wit, M. J. M., 1999. Nutrient fluxes in the Rhine and Elbe
basins. Ph.D. thesis. Department of Physical Geography,
Utrecht University, Utrecht.

Den Hollander, H. & D. van de Meent, 2004. SimpleBox 3.0: A
Multimedia Fate Model for Evaluating Environmental
Behaviour of Chemicals. RIVM, Bilthoven.

Diamond, M. L., D. A. Priemer & N. L. Law, 2001. Developing
a multimedia model of chemical dynamics in an urban area.
Chemosphere 44: 1655-1667.

DiToro, D. M., C. S. Zarba, D. J. Hansen, W. J. Berry, R. C.
Swartz, C. E. Cowan, S. P. Pavlou, H. E. Allen, N. A.
Thomas & P. R. Paquin, 1991. Technical basis for
establishing sediment quality criteria for nonionic organic-
chemicals using equilibrium partitioning. Environmental
Toxicology and Chemistry 10: 1541-1583.

Deutscher Wetterdienst (DWD), 2004. www.dwd.de.

EC, 2000. Water Framework Directive. European Commission,
Brussels.

ECB, 2003. Technical Guidance Document on Risk Assess-
ment. JRC-Ispra, Italy.

ECNC, 2004. European Centre for Nature Conservation.
http://www.ecnc.nl/.

FAO, 2001. Food and Agriculture Organization of the United
Nations. http://faostat.fao.org/.

Feijtel, T., G. Boeije, M. Matthies, A. Young, G. Morris,
C. Gandolfi, B. Hansen, K. Fox, M. Holt, V. Koch, R.
Schroder, G. Cassani, D. Schowanek, J. Rosenblom & H.
Niessen, 1997. Development of a geography-referenced re-
gional exposure assessment tool for European rivers —
GREAT-ER contribution to GREAT-ER #1. Chemosphere
34: 2351-2373.

Fenner, K., M. Scheringer & K. Hungerbiihler, 2000. Persis-
tence of parent compounds and transformation products in a



level IV multimedia model. Environmental Science and
Technology 34: 3809-3817.

Fenner, K., M. Scheringer, M. MacLeod, M. Matthies,
T. McKone, M. Stroebe, A. Beyer, M. Bonnell, A. C. Le
Gall, J. Klasmeier, D. Mackay, D. van de Meent, D. Pen-
nington, B. Scharenberg, N. Suzuki & F. Wania, 2005.
Comparing estimates of persistence and long-range transport
potential among multimedia models. Environmental Science
and Technology 39: 1932-1942.

Hofstee, C. & H. Leenaers, 2002. Actief beheer van de
waterbodem in landelijk perspectief. TNO-NITG, Utrecht
(in Dutch).

Hollander, A., L. K. Hessels, P. de Voogt & D. van de Meent,
2004. Implementation of depth-dependent soil concentra-
tions in multimedia mass balance models. SAR and QSAR
in Environmental Research 15: 457-468.

Horstmann, M. & M. S. McLachlan, 1998. Atmospheric
deposition of semivolatile organic compounds to two forest
canopies. Atmospheric Environment 32: 1799-1809.

Jackson, R., 1996. A global analysis of root distributions for
terrestrial biomes. Oecologia 108: 389-411.

Junge, C. E., 1977. Basic considerations about trace constituent
in the atmosphere related to the fate of global pollutants. In
Suffet, I. H. (ed.), Fate of Pollutants in the Air and Water
Environment. Wiley—Interscience: 7-25.

Koninklijk Nederlands Meteorologisch Instituut (KNMI),
2004. Klimaat en klimaatverandering: klimatologische in-
formatie. www.knmi.nl/voorl/weer/ (in Dutch).

Mackay, D., 1991. Multimedia Environmental Models. Lewis,
Chelsea.

Mackay, D. & S. Paterson, 1981. Calculating fugacity. Envi-
ronmental Science and Technology 15: 1006-1014.

Mackay, D., S. Paterson & M. Joy, 1983. Application of
fugacity models to the estimation of chemical-distribution
and persistence in the environment. ACS Symposium Series
225: 175-196.

McKone, T. E., 1993. CalTOX, A Multimedia Total-exposure
Model for Hazardous-wastes Sites. Part 1: Executive Summary.
Lawrence Livermore National Laboratory, Livermore.

McKone, T. E. & D. H. Bennett, 2003. Chemical-specific rep-
resentation of air—soil exchange and soil penetration in
regional multimedia models. Environmental Science and
Technology 37: 3123-3132.

McKone, T. E., A. B. Bodnar & E. G. Hertwich, 2001.
Development and Evaluation of State-specific Landscape
Data Sets for Multimedia Source-to-dose Models. School of
Public Health, University of California, Berkeley.

McLachlan, M. S., G. Czub & F. Wania, 2002. The influence of
vertical sorbed phase transport on the fate of organic
chemicals in surface soils. Environmental Science and
Technology 36: 4860-4867.

MeteoSchweiz, 2004. www.meteoschweiz.ch.

Meybeck, M., L. Laroche, H. H. Durr & J. P. M. Syvitski,
2003. Global variability of daily total suspended solids
and their fluxes in rivers. Global and Planetary Change 39:
65-93.

Nationmaster, 2005. http://www.nationmaster.com.

Nienhuis, P. H., A. D. Buijse, R. S. E. W. Leuven, A. J. M.
Smits, R. J. W. de Nooij & E. M. Samborska, 2002.

37

Ecological rehabilitation of the lowland basin of the river
Rhine (NW Europe). Hydrobiologia 478: 53-72.

PAN, 2005. Pesticides database. http://www.pesticideinfo.org/
List_ChemicalsAlpha.jsp.

Paterson, S. & D. Mackay, 1994. Interpreting chemical parti-
tioning in a soil-plant-air system with a fugacity model. In
Trapp, S. & C. McFarlane (eds), Plant Contamination,
Modeling and Simulation of Organic Chemical Processes.
Lewis Publishers/CRC Press: 191-214.

Prevedouros, K., K. C. Jones & A. J. Sweetman, 2004. Euro-
pean-scale modeling of concentrations and distribution of
polybrominated diphenyl ethers in the pentabromodiphenyl
ether product. Environmental Science and Technology 38:
5993-6001.

Scheringer, M., F. Wegmann, K. Fenner & K. Hungerbuhler,
2000. Investigation of the cold condensation of persistent
organic pollutants with a global multimedia fate model.
Environmental Science and Technology 34: 1842-1850.

Schumm, S. A., 1977. The Fluvial System. Wiley—Interscience,
New York.

Schwarzenbach, R. P., P. M. Gschwend & D. M. Imboden,
1993. Environmental Organic Chemistry. John Wiley &
Sons, New York.

Scorecard, 2005. The pollution information site. www. score-
card.org.

Scurlock, J. M. O., G. P. Asner & S. T. Gower, 2001. World-
wide Historical Estimates of Leaf Area Index, 1932-2000.
Oak Ridge National Laboratory, Oak Ridge.

Severinsen, M. & T. Jager, 1998. Modelling the influence of
terrestrial vegetation on the environmental fate of xenobi-
otics. Chemosphere 37: 41-62.

Stroebe, M., M. Scheringer & K. Hungerbiihler, 2004. Mea-
sures of overall persistence and the temporal remote state.
Environmental Science and Technology 38: 5665-5673.

Suzuki, N., K. Murasawa, T. Sakurai, K. Nansai, K.
Matsuhashi, Y. Moriguchi, K. Tanabe, O. Nakasugi &
M. Morita, 2004. Geo-referenced multimedia environmental
fate model (G-CIEMS): model formulation and comparison
to the generic model and monitoring approaches. Environ-
mental Science and Technology 38: 5682-5693.

Tiktak, A., D. de Nie, T. van der Linden & R. Kruijne, 2002.
Modelling the leaching and drainage of pesticides in the
Netherlands: the GeoPEARL model. Agronomie 22: 373-387.

Toose, L., D. G. Woodfine, M. MacLeod, D. Mackay &
J. Gouin, 2004. BETR-World: a geographically explicit
model of chemical fate: application to transport of alpha-
HCH to the Arctic. Environmental Pollution 128: 223-240.

Trapp, S., 1996. Querprofile, WQ-, QW-, WB- und Wu-Regres-
sionen, Einleiterstandorte fiir den Rhein. Universitit Os-
nabriick, Institut fiir Umweltsystemforschung, Osnabriick.

Trapp, S. & M. Matthies, 1996. Generic one compartment
model for uptake of organic chemicals by foliar vegetation.
Environmental Science and Technology 30: 360.

US-EPA., 2002. TRIM.FaTE Technical Support Document.
Volume 1: Description of Module. US-Environmental Pro-
tection Agency, North Carolina.

Vermeire, T. G., D. T. Jager, B. Bussian, J. Devillers, K. den
Haan, B. Hansen, 1. Lundberg, H. Niessen, S. Robertson,
H. Tyle & P. T. J. van der Zandt, 1997. European Union



38

System for the Evaluation of Substances (EUSES). Princi-
ples and structure. Chemosphere 34: 1823-1836.

Vermeire, T., M. Rikken, L. Attias, P. Boccardi, G. Boeije,
D. Brooke, J. de Bruijn, M. Comber, B. Dolan, S. Fischer,
G. Heinemeyer, V. Koch, J. Lijzen, B. Miiller, R. Murray-
Smith & J. Tadeo, 2005. European union system for the
evaluation of substances: the second version. Chemosphere
59: 473-485.

Webster, E., D. Mackay, A. Di Guardo, D. Kane &
D. Woodfine, 2004. Regional differences in chemical fate
model outcome. Chemosphere 55: 1361-1376.

Woodfine, D. G., M. MacLeod, D. Mackay & J. R. Brima-
combe, 2001. Development of continental scale multimedia

contaminant fate models: integrating GIS. Environmental
Science and Pollution Research 8: 164-172.

Zeng, X. B., R. E. Dickinson, A. Walker, M. Shaikh, R. S.
DeFries & J. G. Qi, 2000. Derivation and evaluation of
global 1-km fractional vegetation cover data for land mod-
eling. Journal of Applied Meteorology 39: 826-839.

Zhang, Q. O., J. C. Crittenden, D. Shonnard & J. R. Mihelcic,
2003. Development and evaluation of an environmental
multimedia fate model CHEMGL for the Great Lakes
region. Chemosphere 50: 1377-1397.



Hydrobiologia (2006) 565:39-58 © Springer 2006
R.S.E.W. Leuven, A.M.J. Ragas, A.J.M. Smits & G. van der Velde (eds), Living Rivers: Trends and Challenges in Science and Management
DOI 10.1007/s10750-005-1904-8

Trophic relationships in the Rhine food web during invasion and after
establishment of the Ponto-Caspian invader Dikerogammarus villosus

M.C. van Riel'*, G. van der Velde'**, S. Rajagopal'*, S. Marguillier”, F. Dehairs?

& A. bij de Vaate®*

"Department of Animal Ecology and Ecophysiology, Section Aquatic Animal Ecology, Institute for Wetland and Water
Research, Radboud University Nijmegen, Toernooiveld 1, 6525 ED Nijmegen, The Netherlands

2Department of Analytical Chemistry, Vrije Universiteit Brussel, Pleinlaan 2, 1050 Brussels, Belgium

3Ministry of Transport, Public Works and Water Management, Institute for Inland Water Management and Waste Water
Treatment, P.O. Box 17, 8200 AA Lelystad, The Netherlands

*Member of Netherlands Centre for River Studies, P.O. Box 177, 2600 MH Delft, The Netherlands

(*Author for correspondence: E-mail: G.vandervelde@science.ru.nl)

Key words: macroinvertebrates, invaders, ecotopes, food web, trophic relations, stable isotopes, Rhine

Abstract

The Rhine ecosystem is highly influenced by anthropogenic stresses from pollution, intensive shipping and
increased connectivity with other large European rivers. Canalization of the Rhine resulted in a reduction
of heterogeneity to two main biotopes: sandy streambeds and riverbanks consisting of groyne stones. Both
biotopes are heavily subjected to biological invasions, affecting the rivers food web structure. The Ponto-
Caspian amphipods, Chelicorophium curvispinum and Dikerogammarus villosus, have exerted the highest
impact on this food web. The filterfeeding C. curvispinum dominated the Rhine food web on the stones in
1998, swamping the stone substrata with mud. However, in 2001 it decreased in numbers, most likely due to
top-down regulation caused by increased parasitic and predatory pressure of other more recently invaded
Ponto-Caspian species. D. villosus showed a fast population increase after its invasion and particularly
influenced the macroinvertebrate community on the stones by predaceous omnivory. This species seemed to
have maintained its predatory level after its population established. Effects of these mass invaders on the
macroinvertebrate community of sandy streambeds in the Rhine are unclear. Here, low densities of
macroinvertebrates were observed with the Asiatic clam, Corbicula fluminea, as most abundant species.
Stable isotope values of food webs from the stones and sand in 2001 were similar. Aquatic macrophytes are
nearly absent and the food web is fuelled by phytoplankton and particulate organic matter, originating
from riparian vegetation as indicated by similar 8'°C values. Omnivores, filter-, deposit-, and detritus-
feeders are the primary and secondary macroinvertebrate consumers and function as keystone species in
transferring energy to higher trophic levels. Invaders comprise 90% of the macroinvertebrate numbers, and
can be considered ecosystem engineers determining the functional diversity and food web structure of the
Rhine by either bottom-up or top-down regulation.

Introduction

The Rhine is an example of a river ecosystem
under anthropogenic stress. Dikes reduce its
floodplain and the main channel is canalized,
reducing its heterogeneity to two main biotopes.

The first biotope harbours the river bottom habi-
tats, which are dominated by wave-exposed sand
and gravel. The navigation channel itself is dis-
turbed by intensive shipping whirling up the sand
sediment, making it unsuitable for zoobenthos.
The second biotope is stony substrate found at the
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riverbanks as riprap or basalt stone groynes (Ad-
miraal et al., 1993). Discharges from potassium
mines in France and brown coal mining in Ger-
many salinated the water. Till the 1970s, pollution
from municipal and industrial wastewater such as
organic loads, heavy metals and pesticides caused
a loss of native macrozoobenthos and fish (Van
der Velde et al., 1990; Admiraal et al., 1993; Bij de
Vaate et al., 2006). When water quality improved
by sanitation, recolonization of native macroin-
vertebrate species and appearance of exotic species
was observed in the main channel until the chem-
ical spill of Sandoz in 1986 killed nearly all species
living in the Rhine over a stretch of hundreds of
kilometres (Den Hartog et al., 1992). Lifting bio-
geographical barriers by creating canals between
large European rivers increased connectivity be-
tween the biota of river catchments (Bij de Vaate
et al., 2002) and intensified shipping, enabling
invasive species to enter the Rhine and to occupy
its empty niches. These biological invasions led to
interactions between species that had never met
before and may have a profound effect on the food
web structure of the invaded ecosystem (Dick
et al., 1993; Nichols & Hopkins, 1993; Fahnenstiel
et al., 1995). Currently, the macroinvertebrate
communities of the River Rhine are numerically
dominated by exotic species (Van der Velde et al.,
2002). Aquatic macrophytes are nearly absent in
the Rhine; so particulate organic matter (POM)
originating from riparian vegetation and phyto-
plankton can be considered fuel for the Rhine food
web in which macroinvertebrates play a key role
transferring energy to higher levels within the food
web.

Marguillier et al. (1998) described the Rhine
food web between 1996-1998, which harboured
successful invaders like the zebra mussel Dreis-
sena polymorpha (first observed in 1826), the
East-European pikeperch  Sander lucioperca
(1888), the Southern-European freshwater shrimp
Atyaephyra desmarestii (1915), the Chinese mit-
tencrab Eriocheir sinensis (1929), the American
crayfish Orconectes limosus (1975), the North-
American gammarid Gammarus tigrinus (1982),
the Asiatic clams Corbicula fluminea (1988) and
Corbicula fluminalis (1988), the Ponto-Caspian
hydroid Cordylophora caspia (1874), and the
Ponto-Caspian amphipods Chelicorophium
curvispinum  (1987),  Echinogammarus  ischnus

(1989) and Dikerogammarus villosus (1995)
(Nijssen & De Groot, 1987; Van der Velde et al.,
2000, 2002). C. curvispinum dominated the Rhine
food web, increasing exponentially in numbers
since its first colonization in 1987 to densities of
hundreds of thousands of specimens per square
metre in 1990 (Van den Brink etal., 1991;
Rajagopal et al., 1999). This filter-feeder builds
housing tubes of mud, changing the stone
substrata in the River Rhine to a muddy
environment making settling on these substrates
difficult for other lithophylic macroinvertebrates.
D. polymorpha used to be the most dominant
species in the Rhine, but was negatively affected
by the high densities of C. curvispinum (Van den
Brink et al., 1991; Jantz, 1996; Van der Velde
et al., 1998).

When the Ponto-Caspian invader D. villosus
entered the Rhine food web in 1995 (Bij de Vaate
& Klink, 1995), C. curvispinum decreased in
numbers (Van der Velde et al., 2000), resulting in a
reduction of mud on the stone substrate, leading to
an increased diversity of other macroinvertebrates
(Haas et al., 2002; Van der Velde et al., 2002).
D. villosus manifested in the food web as a pred-
ator (Van der Velde et al., 2000; Dick et al., 2002),
and increased in densities up to 10,000 individuals
per square metre of stone substrate. Currently,
D. villosus and C. curvispinum dominate the Rhine
food web on this substrate, whereas C. fluminea
dominates the sandy riverbed in number and
biomass.

Since Marguillier et al. (1998) studied the Rhine
food web several new invasive Ponto-Caspian
species entered the Rhine, such as the triclad flat-
worm Dendrocoelum romanodanubiale (1999), the
leech Caspiobdella fadejewi (1999), the halacarid
Caspihalacarus hyrcanus (2000), the isopod Jaera
istri (1997), the mysids Hemimysis anomala (1997)
and Limnomysis benedeni (1997), and the tubenose
goby Proterorhinus semilunaris (2002); all of which
entered through the Main-Danube Canal opened
in 1992 (Bij de Vaate & Swarte, 2001; Van der
Velde et al. 2002; Bij de Vaate, 2003). D. villosus is
assumed to have had the strongest influence on the
Rhine food web since its successful invasion. At the
time of Marguilliers study, D. villosus had just
recently invaded the Rhine and possible effects of
D. villosus had just been noticed in the food web,
which was strongly dominated by C. curvispinum.



This paper compares the food web of the main
channel of the Rhine 1-3 years after the invasion
(1996-1998) of D. villosus, (Marguillier, 1998) to
the food web 6-8 years after its invasion (2001-
2003), using macroinvertebrate monitoring data
from stone substrates and stable isotope values
(8'3C, 8"°N). Isotope signatures of organisms are
based on actual food assimilation, providing
information about the long-term diet of the species
(Tieszen et al., 1983; Hobson et al., 1996, 1997)
and reveal the direct relationship between the
carbon and nitrogen ratios of animals and those of
their diets (DeNiro & Epstein, 1978, 1981; Peter-
son & Fry, 1987). Within a food chain, animals are
usually enriched by 1-59,, (3.4%, on average) in
8'°N compared to their diet and would allow the
determination of trophic position (TP) of the
species, whereas 8'°C (19, enrichment on average)
provides information about the original source of
organic matter to the food web (Hobson & Welch,
1992).

By comparing the Rhine food web at different
stages of invasion by Ponto-Caspian species we
may explain; (1) whether macroinvertebrate com-
munities in the Rhine are changed by invasions (2)
the position of successful invaders in the food web,
(3) source fuels for the food web and (4) changes to
the major trophic pattern of the food web after
invasion.

Material and methods
Sampling sites

Food web items were collected from the main
distributaries of the Rhine in the Netherlands
(river Waal; 5° 48" E; 51° 51’ N) in the vicinity of
Nijmegen during July—September 1996, August
1997 and August 1998. Samples were taken from
the main channel of the river Waal from the
groyne stone riverbanks, from the sandy stream-
beds and from cooling water intake sieves of an
adjacent electric power plant. Sampling of food
web items was repeated in the summers between
April 2001 and April 2003. Macroinvertebrate
species on the stone substrate and the sandy river
bottom were sampled and surveyed monthly at the
same site during June—September 1998 and June—
September 2001.
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Field collection and analysis of macroinvertebrate
communities

Groyne stones were sampled at a water depth of
2 m by means of a polyp-grab operated with a
hydraulic crane from a ship. Six stones were
sampled monthly during June—September 1998
and June—September 2001. Macroinvertebrates
were carefully brushed off the stones, collected and
preserved in 70% ethanol, sorted by species, and
counted in the laboratory using a stereomicro-
scope. The total surface area of the stones was
measured in order to quantify the densities of
macroinvertebrate species per square metre sub-
strate.

Macroinvertebrates inhabiting the sandy bot-
tom in between the groynes were sampled using a
hydraulic grab (0.475 % 0.335 m spread, 0.15 m
height), which sampled a surface area of 0.159 m?.
Large macroinvertebrates were first sieved out
using a coarse sieve (5 mm mesh), and the smaller
macroinvertebrates present in the sand samples
were collected by subsequently whirling up the
sand in water and sieving out the macroinverte-
brates. Five sand bottom samples were taken each
month.

A microcosm experiment was carried out to
investigate the predatory impact of D. villosus on
C. curvispinum. Fifty plastic cups were filled with
tap water, provided with five individuals of
C. curvispinum each and placed in a climate room;
25 cups at 15 °C and 25 cups at 25 °C with a 9/
15 h dark/light regime. To 15 cups of each series
one individual of D. villosus was added. The sur-
vival of C. curvispinum in absence and presence of
D. villosus was observed every day. Dead C. cur-
vispinum present in the cups with D. villosus were
replaced. Consumed C. curvispinum were counted.

Field collection and laboratory treatments of food
web items

Food web items were collected from the shore,
water layer, stone substrate and sandy bottom of
the river Waal. Samples were sorted by species,
washed with distilled water and dried for 48 h at
70 °C after which specimens were ground to a fine
powder using a mortar with pestle and liquid
nitrogen. Due to low individual weight of some
macroinvertebrate species and juvenile fish, a
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composite tissue sample was prepared by pooling a
number of whole specimens. Shells of molluscs
were removed before grinding. For adult fish and
larger crustaceans, muscle tissue was used because
of its slow turnover rate and would provide a
history of food assimilation over periods of
months and exclude short-term variability (Gear-
ing, 1991).

Samples measured during the summers of 1996
and 1997 were treated as follows (see Marguillier,
1998). For dissolved inorganic carbon (DIC=X
CO,=[COs,q] +[HCO3]+[CO3]), S50ml of
water was collected in serum vials kept airtight
after 1 ml of saturated HgCl, solution was added
to stop bacterial activity. DIC extraction followed
procedures by Kroopnick (1974). POM was col-
lected by filtering 1 1 of water using Whatman GF/
C filters (1.2 um pore size), dried at 60 °C for 24 h
and stored in clean petri dishes until isotopic ratio
analysis. The latter was preceded by a hydrochlo-
ric acid vapour treatment under vacuum in order
to remove calcium carbonate. Zooplankton was
collected using a light trap. Silt material fixed on
groyne stones of the breakwater was scraped off
and macroinvertebrates present in the silt were
collected. The 8'°C value for phytoplankton was

6.34

between two successive trophic levels (Minagawa
& Wada, 1984), from the mean 8'5N of all filter-,
deposit- and detritus-feeders (13.969,).

Isotope analysis

Carbon and nitrogen stable isotope compositions
were measured with a Carlo Erba NA 1500
elemental analyser coupled online via a Finnigan
Conflo IIT interface with a ThermoFinnigan Del-
taPlus mass-spectrometer. Carbon and nitrogen
isotope ratios are expressed in delta notation
(8"3C, 8'°N) relative to Vienna PDB and
atmospheric nitrogen.

For comparing macroinvertebrate isotope
compositions between the food web between 1996
and 1998 and that between 2001 and 2003, baseline
variation was corrected for (Cabana & Rasmussen,
1996) by adding 4.39%, (i.e. the mean decrease in
8'°N values of the primary consumers D. poly-
morpha, C. fluminea and C. fluminalis) to the mean
8"°N value measured in 2001-2003 for each species.

Trophic levels were estimated according to the
method of Vander Zanden & Rasmussen (1999)
based on the following overall 8'"°N-8'3C rela-
tionship:

15
0 Ne,primaryconsumer =

derived from the 8'*C values of POM and DIC
because isolation of phytoplankton from other
suspended material was not possible and precluded
direct measurement. According to Mook & Tan
(1991), the average carbon isotope fractionation
value of POM derived from primary production is
-23%, relative to DIC. Addition of this value with

: 15 15
residual = 0 Nm,primaryconsumer -0 Ne‘ primaryconsumer

the DIC value obtained in this study (—9.65%,) was
considered to give a reasonable idea of phyto-
plankton 8'C value (-32%,). The 8'°N value
(10.56%,) for phytoplankton was estimated by
subtracting the value of 3.49,, set as the difference

1 + exp[967 + (0356 * 513Cm,primaryconsumer)]

(1)

In which 8'°N, is the estimated 3'°N value for a
species, calculated from the measured 8'°C value
(8'3C,,) for that species in the food web studied
using the overall 8'"N-8'C relationship (1). The
food web specific deviation from the general
baseline curve was calculated for every primary
consumer in the Rhine food web as follows:

(2)

In which 8'°N,, is the 5'°N value measured for the
species in the food web studied. The residual value
can be calculated for every primary consumer in
the food web studied (2). Subsequently, the mean
residual value (Ul egiquar) Of all primary consumers



from the food web can be calculated. The TP of
each consumer in the food web can be estimated
by combining the general baseline curve (1) with
the mean residual value of the Rhine food web:

6.34

15
0 Ncorrected =

where 8"*Neorrected 1 the food web-corrected base-
line 8'°N value. Equation (3) produces an appro-
priate baseline 8'°N value for each species based on
the 8'°C signature of the species, the general 8'°N—
8'°C relationship and the food web specific devia-
tion (Uyesiquar)- Finally, the TP of the species in the
food web (consumer X) is estimated as follows:

TP(:onsumerx = ((515Nconsumerx - 515Ncorrected)/3-4) + 2

where 3.4=one trophic level increment (mean
enrichment) in 8'°N.

Cluster analysis and statistical analysis

Cluster analysis was performed on the stable iso-
tope values for food web items in 1996-1998
(Fig. 4) and 2001-2003 (Fig. 5), using euclidean
distances and complete linkage (Statistica 4.5) and
was used for interpretation of the food web, not
for statistical proof. Differences in 8'°N between
different life stages and sexes of D. villosus (Fig. 6),
and differences in densities of macroinvertebrate
species and taxa (Fig. 2) between June—September
1998 and June—September 2001 were tested for
each species using a r-test (SPSS 11.5) for inde-
pendent samples.

Results

Changes in the macroinvertebrate community
of the Rhine

Macroinvertebrate communities on groyne stones
changed during the invasion and population in-
crease of D. villosus (Fig. 1). Between June and

1+ eXp[967 + (0.356 * 513Cc0nsumerX)]
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September 1998, C. curvispinum dominated the
macroinvertebrate community during the summer
with population peaks in June and July (Fig. 1a)
and decreased during August and September.

+ Uresidual (3)

Between June and September 2001, population
densities of C. curvispinum had strongly decreased
and peaked in August (Fig. 1b), and other macro-
invertebrate species also became abundant. Over-
all changes in densities of the most dominant
macroinvertebrates on stone substrate between
both years are shown in Figure 2a. The increase of

(4)

D. villosus (p=0.005) coincides with a significant
increase of D. polymorpha (p=0.005) and Ancylus
fuviatilis (p=0.02) and a highly significant de-
crease of C. curvispinum (p=0.001). Populations of
Hypania invalida, D. romanodanubiale (p=0.012)
and Gastropoda (p=0.003) other than A. fluvia-
tilis, showed a smaller, significant decrease in
density. Laboratory experiments confirmed that
D. villosus could negatively affect populations of
C. curvispinum (Fig. 8). Survival of C. curvispinum
(Fig. 8) was higher at a high temperature (25 °C)
than at a lower temperature (15 °C). At high
temperature survival of C. curvispinum was
strongly reduced in presence of D. villosus due to
predation.

On the sandy bottom, C. fluminea dominated
macroinvertebrate communities during the sum-
mer of 1998, with the highest densities observed in
July. Oligochaetes and Chironomidae were also
relatively abundant, but overall densities were low
(Fig. 1c). During 2001, densities of macroinverte-
brates were higher than observed in 1998 and
biodiversity had increased. C. fluminea dominated
the community during August and September
(Fig. 1d). A comparison of the densities of various
taxa in both years shows most taxa had increased
in number on the sand bottom (Fig. 2b).
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Figure 2. Changes in densities of the total numbers of D. villosus (shaded columns) and other macroinvertebrate species and taxa (black columns) on the stone substrate (a) and

on the sandy bottom (b) in the Waal in the period 1998-2001. Significance levels: ***p <0.001, **p <0.01, *p <0.05.
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Figure 3. Distributions of 3'C and 5'°N values in the food web of the two different Rhine biotopes viz. stones and sand in 1998 and
2001. The isotopic values of the dominant species in the biotopes are indicated by enlarged symbols and are coded: Cfa: Corbicula
fluminea, Ceu: Chelicorophium curvispinum, Dv: Dikerogammarus villosus, Ji: Jaera istri and C: Chironomidae, Lf: Lampetra fluviatilis

larvae.

Food web studies by stable isotopes

Macroinvertebrate food webs of the different
biotopes, groyne stones and sandy bottom

Mean values of 8'*C of the food web on the stones
in 1998 were comparable to those observed in 2001
and ranged from -29.519%, (D. polymorpha) to
—27.34 is.0. =27.83%, (A. fluviatilis) and from
-29.76%, (Bivalvia) to -26.61%, (Annelida),
respectively (Fig. 3). However, mean values of
3'°N of the food web on the sand bottom as well
as the stones differed between 1998 and 2001. The
mean 8'°N values of the groyne stone food web
ranged from 13.78%, (D. polymorpha) to 15.04%,
(Insecta) in 1998 and from 9.68%, (D. polymorpha)
to 12.329%, (A. fluviatilis) in 2001. Mean values of
3'3C of species on the sandy bottom food web in
1998 and 2001 ranged from -29.519%, (D. poly-
morpha) to =22.53%, (Lampetra fluviatilis larvae)
and from —30.64%, (Chironomidae) to —26.049,
(E. ischnus), respectively (Fig. 3), and are compa-
rable to 8'°C values of the food web on stones. The
mean 8'°N values of species in the sand food web
ranged from 9.31%, (L. fluviatilis larvae) to 15.049,
(Insecta) in 1998 and from 9.619, (L. fluviatilis
larvae) to 12.70%, (D. romanodanubiale) in 2001.

Mean 8'°N values have decreased since 1998 for
most species in the food webs of both biotopes.

Total food web of the Rhine

Three trophic levels can be distinguished in the
food web between 1996 and 1998 (Fig. 4).
The primary level is based on POM (cluster 1) or
suspended organic matter and phytoplankton
(cluster 2). The second level harboured most spe-
cies and consisted of primary and secondary con-
sumers (cluster 3), mainly macroinvertebrates
inhabiting the stone substrate. The third level
consists of top predators (cluster 4). The mean
carbon and nitrogen isotope ratios (5'*C, 8'°N) of
items occurring in the Rhine food web for the
period of 1996-1998 ranged from -31.149,
(Plumatella repens) to —22.53%, (Lampetra fluvia-
tilis larvae) for 8'3C and from 9.08%, (Plumatella
fungosa) to 17.75%, (Sander lucioperca) for 5'°N
(Fig. 4, Table 1).

Two clusters formed the base of the food web,
the first cluster consisting of POM (containing
both phytoplankton and organic detrital material
(Marguillier, 1998)), Cladophora glomerata and L.
fluviatilis larvae, and the second cluster containing
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Figure 4. Stable isotopic values of organisms in the River Rhine food web for the period of 1996-1998 according to Marguillier et al.
(1998). Mean values are given in the figure, corresponding standard deviations, standard errors of the mean and full names of the
abbreviations are shown in Table 1. The circles 1-4 indicate the different clusters of trophic groups (obtained using Statistica 4.5).

phytoplankton, silt, housing tubes of C. curvispi-
num and both Plumatella species. The larvae of the
river lamprey L. fluviatilis showed isotopic values
distinct to that of the parasitic adults. Values of
8'3C for muddy housing tubes of C. curvispinum
are similar to that of silt material. Isotopic carbon
composition of DIC from the Waal was —9.659%,,,
which suggests phytoplankton in the river to have
a mean 8"°C value of —32.00%,.

The second level of the food web consisted of
primary consumers, filter, deposit and detritus
feeders, with 8'°N values ranging from 13.149%,
(copepods) to 14.65%, (D. villosus). The 8'°C values
from these primary consumers and omnivores
ranged from -24.829, C. carpio to —=31.97 (A.
desmaresti). These values show considerable
depletion in *C relative to the 3'°C value of POM.
Palaemon longirostris and Orconectes limosus are
on average comparable in isotopic level, indicating
a similar feeding preference.

Mean isotopic values of zoobenthivorous and/
or zooplankton feeding fish like bream (Abramis
brama), eel (A. anguilla) and roach (Rutilus rutilus)
are comparable to the group of primary and sec-
ondary consumers mentioned and are clustered

together with secondary consumers as well as with
zoobenthivorous fish, functioning as transitive
species from the second to the third trophic level of
the Rhine food web. Zoobenthivorous fish as
Blicca bjoerkna, Gymnocephalus cernuus and
piscivorous fish Perca fluviatilis and S. lucioperca
represent the highest predatory level in the Waal
food web.

In the food web between 2001 and 2003, three
trophic levels similar to those of the food web
between 1996 and 1998 could be distinguished
(Fig. 5) extended by a cluster of riparian plant
species. The mean carbon and nitrogen isotope
ratios (8'°C, 8'°N) of items occurring in the Rhine
food web for the period of 2001-2003 ranged
between —33.849, (the moss Cinclidotus spec.) and
-16.23%, (green algae) for &'°C and 1.869%,
(detritus) and 16.27%, (L. fluviatilis, adults) for
3"°N (Fig. 5, Table 2).

Riparian plants and Cinclidotus spec. were
clustered together (cluster 1), showing the lowest
8'°N values in distance from the aquatic consumer
food web. The mean §'°C values of these plants
were similar to those of primary and secondary
consumers and ranged from -27.06 (Lythrum
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Figure 5. Stable isotopic values of organisms in the River Rhine food web for the period of 2001-2003. Mean values are given in the
figure, corresponding standard deviations, standard errors of the mean and full names of the abbreviations are shown in Table 2. The
circles 1-5 indicate the different clusters of trophic groups (obtained using Statistica 4.5).

salicaria) to —33.84 (Cinclidotus spec.). The second
cluster at the first trophic level consisted of green
algae, mud, plant matter and housing tubes of
C. curvispinum. Green algae and decomposing
plant matter in the Waal show a scattered pattern
of 8"*C values with no clear enrichment in §'*C
compared to detritus and silt.

The 3'3C values from the primary consumers
(cluster 3), filter, deposit and detritus feeders and
omnivores ranged from -26.04 (E. ischnus) to
—30.64 (chironomids), showing less depletion in
3'3C relative to detrital organic matter (difference
—1.08 to —3.52%,) than in the food web between
1996 and 1998. Isotopic values of the Asian clams
C. fluminalis and C. fluminea, the American
gammarid G. tigrinus, the Ponto-Caspian amphi-
pods C. curvispinum, E. ischnus and D. villosus and
the isopod Jaera istri are within the range of other
filter, deposit and detritus feeders and omnivores.
Among these groups, the amphipods C. curvispi-
num and D. villosus have the highest 8'°N value
(10.74+0.90%, and 10.64 £1.219,).

Fish species (cluster 4) show &'°C values
(=29.10£1.72%, to —24.94+5.05%,) similar to
those of most macroinvertebrate species. Their
8'°N values, however, indicate a higher trophic
level of feeding, similar to the level of Palaemon

longirostris, and Eriocheir sinensis, all clustered
with the highest 8'°N values, and are the top-
predators of the food web. P. longirostris and O.
limosus are less comparable in isotopic level in the
food web between 2001 and 2003, indicating a less
similar feeding preference during this period.
Isotopic nitrogen values of the organisms in the
food web between 2001 and 2003 were lower than
of those of the food web between 1996 and 1998
for almost all species, whereas the isotopic carbon
values were similar (Figs. 3-5). Piscivorous fish
(cluster 4 and 5) are the top predators in the Rhine
food web.

Comparison of the isotope signatures of the
most abundant macroinvertebrate species from
both food webs after correction of the differences
in baseline 8'°N values (Fig. 6) shows compara-
ble isotope values for most macroinvertebrate
species for both food webs. Lower mean &'°C
values for D. villosus and G. tigrinus and a dif-
ferently related position of C. curvispinum to D.
villosus for the different periods are remarkable.
During 1996-1998, isotopic values of D. villosus
related to those of other macroinvertebrates
indicated chironomids and C. curvispinum as
potential prey items (Figs. 6 and 8) whereas these
values were less related in 2001-2003. Standard
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Figure 6. Mean stable isotope values of macroinvertebrate species from both food webs after correction for the nitrogen depletion in
the river system after 1998. Standard deviations are shown for the species C. curvispinum and D. villosus.

trophic level in '01-'03

2

3
trophic level in '96-'98

Figure 7. Trophic position of Rhine food web species during invasion and after establishment of D. villosus. Codes indicate the species
according to the codes given in Table 1 and 2. The trend line compares the TP of the same species between the two different time

periods.



54

deviations of D. villosus however still overlap
those of C. curvispinum, indicating that D. villosus
with the highest 8'°N values (i.e. bigger adults)
would probably still prey on C. curvispinum, as is
demonstrated in the laboratory experiment
(Fig. 8). Differences in 8'°N between different life
stages of D. villosus were however not significant
(»>0.05).

The food web between 2001 and 2003 shows
higher trophic levels for most of the primary and
secondary consumers (Fig. 7, Tables 1 and 2) than
the food web between 1996 and 1998. The TP of
D. villosus shifted proportionally to changes in the
trophic level of most of the species in the food web.

Discussion

The Ponto-Caspian amphipods C. curvispinum and
D. villosus have had a huge impact on the Rhine
food web as they represent 80-90% of its macro-
invertebrate community in number and biomass.
C. curvispinum dominated the food web on groyne
stones in 1998 and kept its dominance in 2001 next
to D. villosus, although population densities of
C. curvispinum had drastically been reduced. Var-
ious factors that generate bottom-up or top-down
regulation of macroinvertebrate communities
could be responsible for this decrease. As abiotic

80 -

60 -

40 -

survival C. curvispinum (%)

20

factors on which C. curvispinum depends, i.e.
temperature and chlorophyll-a (Rajagopal et al.,
1999), did not inhibit its development as the mean
water temperature was somewhat higher in 2001
(13.2 °C in 1998, 13.9 °C in 2001), mean nitrogen
concentration decreased from 4.33 g 17! in 1998 to
2.23 g 1”1 in 2001 and mean chlorophyll-a densities
increased from 4 ug ™' in 1998 to 10 ugI"! in
2001, its population reduction is not likely caused
by low resource availability or by altered abiotic
factors. Top-down control by predation by
D. villosus or by various top-predators (Kelleher
et al., 1998) combined with increased predation or
parasitic pressure from the triclad D. romanodan-
ubiale, the halacarid Caspihalacarus hyrcanus and
the acanthocephalan Pomphorhynchus spec. (Van
Riel et al., 2003) could more evidently have caused
this decline.

Most of the changes in the higher trophic levels
of the Rhine food web between 1998 and 2001 are
ascribed to Ponto-Caspian invasions. High num-
bers of C. curvispinum as food item could pave the
pathway of invasions of predators and parasites
like E. ischnus, D. villosus, Jaera istri, the
mentioned predators and parasites as well as the
gobies P. semilunaris and Neogobius melanostomus,
causing an invasional meltdown of Ponto-Caspian
species in the river Rhine (Ricciardi, 2001; Van der
Velde et al., 2002, 2006).

---a--- 15°C without DV
---a--- 15°C with DV
—2—25°C without DV
—a— 25°C with DV

0 1 2 3 4 5

6 7 8 9 10 11 12 13 14 15 16
time (days)

Figure 8. Effect of predation by D. villosus (DV) on survival of C. curvispinum at two water temperatures in a laboratory experiment.

Bars indicate standard error of the mean.



Macroinvertebrate communities on these stone
substrata have shown the largest changes in
structure due to the subsequent success of various
invaders competing for space, refuges and re-
sources. It is assumed that the rapid increase of the
omnivorous D. villosus that proved to be a strong
competitor (Wijnhoven et al., 2003; Van Riel
et al., 2004) determined the structure of the
macroinvertebrate community on stones in 2001.

On the sand substrate, little has changed since
the invasion of C. curvispinum and D. villosus. The
Asiatic clam C. fluminea has been dominating the
sandy streambeds since 1988 and densities of other
macroinvertebrates remained low, probably due to
high disturbance of the biotope by waves and
shipping whirling up the sediment and to high
predation pressure in this open environment. Pon-
to-Caspian amphipods were present in very low
numbers and most individuals found were juveniles.
However, the density and diversity of the macro-
invertebrate community on the sand substrate in-
creased between 1998 and 2001. Especially, C.
fluminea and in September also C. fluminalis con-
tributed to this increase perhaps related to much
higher chlorophyll-a values in 2001.

Successful invaders in the Rhine food web are
mainly present as primary consumers (e.g.
C. curvispinum, D. polymorpha, J. istri). The more
predaceous omnivorous Ponto-Caspian gammar-
ids such as D. villosus are secondary consumers
preying on macroinvertebrates as well as scaveng-
ing on carcasses and feeding on algae and phyto-
plankton. D. villosus shows high 8'°N values in
comparison to other amphipod species, indicating
a higher predatory level for this gammarid. Primary
consumers invading the Waal did not change their
food source years after invasion, but predatory,
omnivorous invaders seem to be able to shift their
diet, which could be affected by changes in prey
species availability as densities of C. curvispinum,
their most abundant presumed prey species in the
period 1996-1998, decreased in the period 1998-
2001. The 8"°N values of individual D. villosus did
not significantly depend on body length and life
stage, but adults with body lengths larger than
1.2 cm exceeded the values of the smaller ones,
indicating a slightly higher trophic level.

The composition of the food web between 2001
and 2003 is comparable to that of the food web
between 1996 and 1998. Input of terrestrial plant
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material, phytoplankton, benthic algae and POM
fuel both food webs. Terrestrial plants seem to fuel
the aquatic web, as they show comparable §'*C
values. Input of aquatic macrophytes is of minor
influence, as their abundance in the main channel
of the Rhine is negligible. The second trophic level
is formed by primary consumers, consisting of
filter-, detritus- and deposit-feeder and omnivores,
of which most are invasive macroinvertebrate
species. The most important source of food for this
group is probably phytoplankton and suspended
organic matter. The zoobenthic-zooplanktivorous
and piscivorous fish occupy the highest trophic
level of the food web. The isotopic composition of
the larvae and adults of L. fluviatilis are distinct
from other organisms in the Rhine food web and
from each other, due to different feeding patterns.
Larvae probably feed on benthic algae and
microorganisms present in the sand bottom, but as
adult become ectoparasitic on fish.

The overall 3'°N values of the Rhine food web
decreased in isotopic nitrogen ratio indicating a
lower anthropogenic nitrogen input (Cabana &
Rasmussen, 1996; Hansson et al., 1997; McClel-
land et al., 1997) into the river Rhine. From 1998
to 2001, the nitrogen content of the water layer at
Lobith, The Netherlands, diminished from 4.33 to
2.23+0.21 g 17", Carbon isotopic values appeared
to be unaltered. Trophic levels in both food webs
can be compared after correcting for the variation
in baseline 8'°N (Cabana & Rasmussen, 1996;
Vander Zanden & Rasmussen, 1999), according to
the overall 3'°’N-8'3C relationship described by
Vander Zanden & Rasmussen (1999). After this
correction, the trophic level of most invertebrate
species does not seem to have altered much.
D. villosus continues the high predatory level it
showed at the beginning of its invasion, but
probably extended its diet as 8'°C shifted to more
enriched values, likely to be related to changes in
prey species availability.

Summarizing the characteristics of the Rhine
food web, roughly three trophic levels can be
distinguished. The food web is fuelled by POM,
mostly originating from riparian plants, and
phytoplankton (Admiraal et al., 1994), which
makes the Rhine food web comparable to other
large river food webs depending on riparian
input (Thorp et al., 1998; Huryn et al., 2002).
Macroinvertebrate species are keystone species,
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transferring food from phytoplankton and POM
to higher trophic levels and eventually top-
predators. As most of these keystone primary
consumers in the Rhine are invaders, mostly
crustaceans and bivalves, these invaders could be
considered ecosystem engineers affecting func-
tional diversity and food web structure of the
community at the expense of insects (Vitousek,
1990; Crooks, 2002; Van der Velde et al., 2006).
This engineering becomes more evident as num-
bers of a high impact invader increase and can
result in bottom-up regulation, as C. curvispinum
showed by swamping the ecosystem with muddy
tubes, or top-down regulation by means of pre-
dation and competition as is observed for D.
villosus.

Acknowledgements

The authors would like to thank J. Eygensteyn for
stable istotope analysis, F. Cluitmans and
B. Kelleher for collecting samples, M.J.E. Orbons,
M.G. Versteeg, A. ten Brinke, the staff of the
Conrad (RIZA) and the staff of the Schollevaer
(OVB) for their assistance and support during
fieldwork, and A.D. Buijse, R.S.E.W. Leuven, P.H.
Nienhuis, A.M.J. Ragas and anonymous referees
for their comments on the manuscript. This project
was partly financed by the Institute for Inland
Water Management and Waste Water Treatment
(RIZA), Lelystad. This is CWE publication no. 398.

References

Admiraal, W., G. van der Velde, H. Smit & W. G. Cazemier,
1993. The rivers Rhine and Meuse in the Netherlands:
present state and signs of ecological recovery. Hydrobiologia
265: 97-128.

Admiraal, W., L. Breebaart, G. M. J. Tubbing, B. van Zanten,
E. D. de Ruijter van Steveninck & R. Bijkerk, 1994. Seasonal
variation in composition and production of planktonic
communities in the Lower River Rhine. Freshwater Biology
32: 519-531.

Bij de Vaate, A. & A. Klink, 1995. Dikerogammarus villosus
Sowinsky (Crustacea: Gammaridae), a new immigrant in the
Dutch part of the Lower Rhine. Lauterbornia 20: 51-54.

Bij de Vaate, A. & M. B. A. Swarte, 2001. Dendrocoelum ro-
manodanubiale in the Rhine delta: first records from The
Netherlands. Lauterbornia 40: 53-56.

Bij de Vaate, A., K. Jazdzewski, H. A. M. Ketelaars, S. Gol-
lasch & G. van der Velde, 2002. Geographical patterns in

range extension of Ponto-Caspian macroinvertebrate species
in Europe. Canadian Journal of Fisheries and Aquatic Sci-
ences 59: 1159-1174.

Bij de Vaate, A. 2003. Degradation and Recovery of the Fresh-
water Fauna in the Lower Sections of the Rivers Rhine and
Meuse. PhD Thesis, University of Wageningen, Wageningen.

Bij de Vaate, A., R. Breukel & G. van der Velde, 2006. Long-
term developments in ecological rehabilitation of the main
distributaries in the Rhine Delta: fish and macro-
invertebrates. Hydrobiologia 565: 229-242.

Cabana, G. & J. B. Rasmussen, 1996. Comparison of aquatic
food chains using nitrogen isotopes. Ecology 93: 10844—
10847.

Crooks, J. A., 2002. Characterizing ecosystem-level conse-
quences of biological invasions: the role of ecosystem engi-
neers. Oikos 97: 153-166.

Den Hartog, C., F. W. B. van den Brink & G. van der Velde,
1992. Why was the invasion of Corophium curvispinum and
Corbicula species so successful? Journal of Natural History
26: 1121-1129.

DeNiro, M. J. & S. Epstein, 1978. Influence of the diet on the
distribution of the carbon isotopes in animals. Geochimica et
Cosmochimica Acta 42: 495-506.

DeNiro, M. J. & S. Epstein, 1981. Influence of the diet on the
distribution of the nitrogen isotopes in animals. Geochimica
et Cosmochimica Acta 45: 341-351.

Dick, J. T. A., I. Montgomery & R. W. Elwood, 1993.
Replacement of the indigenous amphipod Gammarus duebeni
celticus by the introduced G. pulex: differential cannibalism
and mutual predation. Journal of Animal Ecology 62: 79-88.

Dick, J. T. A., D. Platvoet & D. W. Kelly, 2002. Predatory
impact of the freshwater invader Dikerogammarus villosus
(Crustacea: Amphipoda). Canadian Journal of Fisheries and
Aquatic Sciences 59: 1078—-1084.

Fahnenstiel, G. L., T. L. Lang, G. A. Bridgeman,
M. J. McCormick & T. F. Nalepa, 1995. Phytoplankton
productivity in Saginaw Bay, Lake Huron: effects of zebra
mussel (Dreissena polymorpha) colonization. Journal of
Great Lakes Research 21: 465-475.

Gearing, J. N., 1991. The study of diet and trophic relationships
through natural abundance '*C. In Coleman, D. C. & B.
Fry, (eds), Carbon Isotope Techniques. Academic Press,
San Diego, 201-218.

Haas, G., M. Brunke & B. Streit, 2002. Fast turnover in
dominance of exotic species in the Rhine River determines
biodiversity and ecosystem function: an affair between am-
phipods and mussels. In Leppékoski, E., S. S. Gollasch & S.
Olenin (eds), Invasive Aquatic Species of Europe: Distribu-
tion, Impacts and Management. Kluwer Academic
Publishers, Dordrecht: 426-432.

Hansson, S., J. E. Hobbie, R. Elmgren, U. Larsson, B. Fry & S.
Hohansson, 1997. The stable nitrogen ratio as a marker of
food-web interactions and fish migration. Ecology 78: 2249—
2257.

Hobson, K. A. & H. E. Welch, 1992. Determination of trophic
relationships within a high arctic food web using 8'*C and
35N analysis. Marine Ecology Progress Series 84: 9-18.

Hobson, K. A., D. Schell, D. Renouf & E. Noseworthy, 1996.
Stable-carbon and nitrogen isotopic fractionation between



diet and tissues of captive seals: implications for
dietary reconstructions involving marine mammals.
Canadian Journal of Fisheries and Aquatic Sciences 53:
528-533.

Hobson, K. A., J. L. Sease, R. L. Merrick & J. F. Piatt, 1997.
Investigating trophic relationships of Pinnipeds in Alaska
and Washington using stable isotope ratios of nitrogen and
carbon. Marine Mammal Sciences 13: 114-132.

Huryn, A. D., R. H. Riley, R. G. Young, C. J. Arbuckle &
K. Peacock, 2002. Natural-abundance stable C and N
isotopes indicate weak upstream-downstream linkage of
food webs in a grassland river. Archiv fiir Hydrobiologie
153: 177-196.

Jantz B., 1996. Wachstum, Reproduction, Populationsent-
wicklung und Beeintrichtigung der Zebramuschel (Dreissena
polymorpha) in einem grossen Fliessgewdsser, dem Rhein.
PhD Thesis, University of Kdln, Koln.

Kelleher, B., P. J. M. Bergers, F. W. B. van den Brink, P. S.
Giller, G. van der Velde & A. bij de Vaate, 1998. Effects of
exotic amphipod invasions on fish diet in the Lower Rhine.
Archiv fiir Hydrobiologie 143: 363-382.

Kroopnick, P., 1974. The dissolved 0,~CO,-'*C system in
the eastern equatorial Pacific. Deep Sea Research 21: 211-
227.

Marguillier S., 1998. Stable Isotopes Ratios and Food Web
Structure of Aquatic Ecosystems. PhD Thesis, Vrije Uni-
versiteit Brussel, Brussels.

Marguillier, S., F. Dehairs, G. van der Velde, B. Kelleher &
S. Rajagopal, 1998. Initial results on the trophic relation-
ships based on Corophium curvispinum in the Rhine traced by
stable isotopes. In Nienhuis, P. H., R. S. W. E. Leuven &
A. M. J. Ragas (eds), New Concepts for Sustainable
Management of River Basins. Backhuys Publishers, Leiden:
171-177.

McClelland, J. W., 1. Valiela & R. H. Michener, 1997. Nitro-
gen-stable isotope signatures in estuarine food webs: a record
of increasing urbanization in coastal watersheds. Limnology
and Oceanography 42: 930-937.

Minagawa, M. & E. Wada, 1984. Stepwise enrichment of >N
along food chains: further evidence and the relation between
8'°N and animal age. Geochimica et Cosmochimica Acta 48:
1135-1140.

Mook, W. G. & F. C. Tan, 1991. Stable carbon isotopes in
rivers and estuaries. In Degens, E. T., S. Kempe & J. E.
Richey (eds), Biochemistry of Major World Rivers. J. Wiley
and Sons Ltd, Chicester: 245-264.

Nichols, K. H. & G. J. Hopkins, 1993. Recent changes in Lake
Erie (north shore) phytoplankton: cumulative effects of
phosphorus loading reductions and the zebra mussel intro-
duction. Journal of Great Lakes Research 19: 637-646.

Nijssen, H. & S. J. De Groot, 1987. De vissen van Nederland.
Natuurhistorische bibliotheek 43. Koninklijke Nederlandse
Natuurhistorische Vereniging, Hoogwoud (in Dutch).

Peterson, B. J. & B. Fry, 1987. Stable isotopes in ecosystem
studies. Annual Review of Ecology and Systematics 18: 293—
320.

Rajagopal, S., G. van der Velde, B. G. P. Paffen, F. W. B. van
den Brink & A. de bij Vaate, 1999. Life history and repro-
ductive biology of the invasive amphipod Corophium

57

curvispinum (Crustacea: Amphipoda) in the Lower Rhine.
Archiv fiir Hydrobiologie 144: 305-325.

Ricciardi, A., 2001. Facilitate interactions among aquatic
invaders: is an “invasional meltdown” occurring in the Great
Lakes? Canadian Journal of Fisheries and Aquatic Siences
58: 2513-2525.

Thorp, J. H., M. D. Delong, K. Greenwood & A. F. Casper,
1998. Isotopic analysis of three food web theories in con-
stricted and floodplain regions of a large river. Oecologia
117: 551-563.

Tieszen, L., T. W. Boutton, K. G. Tesdahl & N. H. Slade, 1983.
Fractionation and turnover of stable carbon isotopes in
animal tissues: implications for '*C analysis of diet. Oeco-
logia 57: 32-37.

Van den Brink, F. W. B., G. van der Velde & A. bij de Vaate,
1991. Amphipod invasion on the Rhine. Nature 352: 576.
Van Riel, M. C., G. van der Velde & A. de bij Vaate, 2003.
Pomphorhynchus spec. (Acanthocephala) uses the invasive
amphipod Chelicorophium curvispinum (G. O. Sars, (1895) as
an intermediate host in the River Rhine. Crustaceana 76:

241-247.

Van Riel, M.C., G. van der Velde & A. bij de Vaate, 2004. Alien
amphipod invasions in the river Rhine due to river connec-
tivity: a case of competition and mutual predation. In
Douben, N. & A. G. Van Os (eds), Proceedings NCR-days
(2003); Dealing With Floods Within Constraints. NCR-
publication 24-(2004). Netherlands Centre for River Studies,
Delft: 51-53.

Van der Velde, G., G. van Urk, F. W. B. van den Brink, F.
Colijn, W. A. Bruggeman & R. S. E. W. Leuven, 1990. Rein
Rijnwater, een sleutelfactor in chemisch oecosysteemherstel.
In Hekstra, G. P. & F. J. M. van Linden (eds), Flora en
Fauna Chemisch Onder Druk. Pudoc, Wageningen: 231—
266 .

Van der Velde, G., S. Rajagopal, F. W. B. van den Brink, B.
Kelleher, B. G. P. Paffen, A. J. Kempers & A. bij de Vaate,
1998. Ecological impact of an exotic amphipod invasion in
the River Rhine. In Nienhuis, P. H., R. S. E. W. Leuven &
A. M. J. Ragas (eds), New Concepts for Sustainable Man-
agement of River Basins. Backhuys Publishers, Leiden: 159—
169.

Van der Velde, G., S. Rajagopal, B. Kelleher, I. B. Musko & A.
bij de Vaate, 2000. Ecological impact of crustacean invaders:
general considerations and examples from the Rhine River.
Crustacean Issues 12: 3-33.

Van der Velde, G., I. Nagelkerken, S. Rajagopal & A. bij de
Vaate, 2002. Invasions by alien species in inland freshwater
bodies in Western Europe: The Rhine Delta. In Leppékoski,
E., S. Gollasch & S. Olenin (eds), Invasive Aquatic Species
of Europe: Distribution, Impacts and Management. Kluwer
Academic Publishers, Dordrecht: 360-372.

Van der Velde G., S. Rajagopal, M. Kuyper-Kollenaar, A. bij de
Vaate, D. W. Thieltges & H. J. Maclsaac, 2006. Biological
invasions — concepts to understand and predict a global
threat. In Bobbink R., B. Beltman, J. T. A. Verhoeven &
D. F. Whigham (eds), Wetlands as a natural resource. Volume
2. Wetlands: Functioning, Biodiversity, Conservation
and Restoration. Ecological Studies 191. Springer Verlag
Dordrecht (in press).



58

Vander Zanden, M. J. & J. B. Rasmussen, 1999. Primary
consumer 8'*C and 8'°N and the trophic position of aquatic
consumers. Ecology 80: 1395-1404.

Vitousek, P. M., 1990. Biological invasions and ecosystem
processes: towards an integration of population biology and
ecosystem studies. Oikos 57: 7-13.

Wijnhoven, S., M. C. van Riel & G. van der Velde, 2003. Exotic
and indigenous freshwater gammarid species: physiological
tolerance to water temperature in relation to ionic content of
the water. Aquatic Ecology 37: 151-158.



Hydrobiologia (2006) 565:59-69 © Springer 2006
R.S.E.W. Leuven, A.M.J. Ragas, A.J.M. Smits & G. van der Velde (eds), Living Rivers: Trends and Challenges in Science and Management
DOI 10.1007/s10750-005-1905-7

Seasonal dependent effects of flooding on plant species survival and
zonation: a comparative study of 10 terrestrial grassland species

W.H.J.M. van Eck, J.P.M. Lenssen, H.M. van de Steeg, C.W.P.M. Blom & H. de Kroon*
Department of Experimental Plant Ecology, Institute for Wetland and Water Research, Radboud University Nijmegen,
Toernooiveld, 6525 ED Nijmegen, The Netherlands

(*Author for correspondence: Tel.: + 31-24-365-3380,; Fax: + 31-24-365-2409,; E-mail: h.dekroon@science.ru.nl)

Key words: floodplain, plants, riparian grassland, river Rhine, season, species distribution, summer flood, winter flood

Abstract

Past research has provided compelling evidence that variation in flooding duration is the predominant
factor underlying plant species distribution along elevation gradients in river floodplains. The role of
seasonal variation in flooding, however, is far from clear. We addressed this seasonal effect for 10 grassland
species by testing the hypothesis that all species can survive longer when flooded in winter than when
flooded in summer. We carried out an inundation experiment under simulated conditions of summer and
winter flooding in the greenhouse. The results showed that all species survived longer under winter floods
than under summer floods. However, responses upon flooding were species-specific. All summer flood-
tolerant species had high tolerance for winter floods as well, but summer flood sensitive species survived
either a little longer, or dramatically longer when flooded under simulated winter conditions. Next, we
examined whether winter or summer survival best predicted the lower distribution limits of the species as
measured in a natural flooding gradient after an extremely long winter flood. We found a strong significant
relationship between the lower distribution limits of species in the field and their tolerance to summer
floods, although we measured the lower limits 14 years after the latest major summer flood. In contrast, no
such significant relationship existed with species tolerance to winter floods. Some relatively intolerant
species occurred at much higher floodplain elevations as was expected from their tolerance to winter
inundation in the experiments. This suggests that zonation patterns as created by occasional summer floods
may be maintained for a long time, probably due to the limited ability of species to re-colonise lower
positions in the floodplain.

Introduction lower, frequently flooded positions, whereas intol-
erant species are restricted to the highest elevations

Flooding is the predominant environmental factor of the floodplain (Squires & Van der Valk, 1992;

determining plant distribution in river floodplains. Carter & Grace, 1990; Sand-Jensen & Frost-
It indirectly determines soil composition through Christensen, 1999; He et al., 1999; Vervuren et al.,
erosion and sedimentation (Day et al., 1988; Henry 2003; Van Eck et al., 2004). This tight correlation
et al., 1996) and directly affects plant growth by between flooding tolerance and elevational posi-
reducing oxygen and light availability (Setter et al., tion indicates that tolerance may be an important
1997). Tolerance to the direct effects of flooding tool to predict species responses to changes in river
strongly differs among species and these differences flooding regimes as a consequence of global
are reflected by species zonation along elevation warming, canalization or floodplain excavation.

gradients in river floodplains (Lenssen & de Kroon, However, before accurate predictions can be

2005). Here, the most tolerant species dominate the made it may be necessary to gain further
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understanding of how various components of the
flooding regime affect a species tolerance and how
this in turn determines a species elevational dis-
tribution in floodplains. For instance, it has clearly
been shown that sediment load of the flood water
decreases plant survival by reducing light avail-
ability of submerged plants (Vervuren et al., 2003;
Mommer et al., 2005). Season may be an equally
important component of flooding regime, partic-
ularly in temperate zones where seasonal variation
has a profound impact on water temperature and
annual plant growth cycles.

Field observations and experiments indicate
dramatic impacts of floods during the growing
season (hereafter referred to as summer) on spe-
cies’ lower distribution limits, i.e. species’ lowest
position along the flooding gradient (Sykora
et al., 1988; Vervuren et al., 2003; Van Eck et al.,
2004). Winter floods have always been assumed
to exert little direct effects, either because plants
may be metabolically inactive during winter
(Klimesova, 1994; Siebel, 1998), the low water
temperature reduces respiration (Van Eck et al.,
2005a) or because of relatively high oxygen con-
centration in cold water (Pedersen et al., 1998).
Accordingly, the few available experiments have
demonstrated a mild impact of winter floods,
although these studies were limited to three spe-
cies at most (Klimesova, 1994; Siebel, 1998; Van
Eck et al., 2005a). A broader interspecific com-
parison of summer and winter floods has thus far
been lacking. Such experiments, however, are
required to evaluate the importance of the sea-
sonal component of flooding regime, because
observations have indicated that some summer
flood-intolerant species are also sensitive to win-
ter floods (Studer-Ehrensberger et al., 1993;
Crawford et al., 2003; Crawford, 2003). More-
over, winter floods may be more important for
field distribution because, at least in most rivers
of the temperate zone, these will be more fre-
quent and of longer duration due to excess
rainfall and melting snow during winter and early
spring (Day et al., 1988; Breen et al., 1988;
Nilsson et al., 1991; Vervuren et al., 2003).

To gain further understanding of the role of
the seasonal component of a river’s flooding
regime we extended the comparison of summer
and winter flooding to 10 grassland species. We
first tested the hypothesis that all species are less

tolerant to summer flooding and that flooding
during winter will enhance tolerance for all spe-
cies with a similar magnitude, i.e. that the effect of
season on tolerance is not species specific. Next,
we tested the hypothesis that field distribution
of floodplain species after a relatively extreme
winter flooding would reflect their tolerance to
winter floods. We tested these hypotheses because
we assumed that the seasonal component of
flooding regime would only be important if it
changes the hierarchy of species tolerances. Only
then may winter floods be expected to produce a
different zonation pattern than summer floods. As
a measure of flood tolerance we estimated LTs,
the flooding duration (Lethal Time) after which
50% of the plants had died (Vervuren et al.,
2003). Earlier work has shown that LTs, is the
measure of flood tolerance that best predicts ele-
vational distribution in floodplains (Van Eck
et al., 2004).

Materials and methods
Plant material and pre-treatments

The impact of simulated summer and winter floods
on species survival was investigated for 10 grass-
land species that inhabit different floodplain ele-
vation ranges along the lower Rhine. The
following species were selected: Alopecurus prat-
ensis L., Arrhenatherum elatius (L.) J. and C. Presl,
Daucus carota L., Elytrigia repens (L.) Nevski,
Festuca rubra L., Medicago falcata L., Plantago
lanceolata L., Rumex acetosa L., Rumex crispus L.
and Rumex thyrsiflorus Fingerh. All species are
relatively long-lived (hemi cryptophytes with win-
ter buds just below the soil surface) and therefore
likely to encounter flooding during the winter as
adults. Seeds were collected in 1996 and 1998 from
single populations in floodplain grasslands along
the river Waal, the main and free flowing branch
of the river Rhine in the Netherlands, and stored
at room temperature under dry and dark condi-
tions.

Seeds were germinated on moist filter paper in
petri dishes and placed in a growth cabinet
(12h 25 yumol m™s™' PPFR (Philips TL33),
25 °C; 12 h dark, 10 °C). In October 1999, ger-
minated seeds were individually transferred into



800 ml pots on a mixture of sand and clay (1:1 v/v)
and placed in a cold greenhouse. Light and tem-
perature in this greenhouse followed outdoor
conditions because lamps and heating system were
switched off. In April 2000, the plants were placed
outside the greenhouse for the summer and
autumn period. Plants were watered with tap wa-
ter when necessary and fertilized four times during
the growth period with half strength modified
Hoagland nutrient solution (Johnson et al., 1957).

Seasonal simulation

Winter and summer flooding were simulated with
respect to both phenological stage and water
temperature. To simulate winter and summer
season as closely as possible, plants assigned to the
summer flooding were placed inside the green-
house (minimum temperature 20 °C, 16 h daylight
of at least 100 yumol m™2 s™! as provided by addi-
tional light from growing lamps) in September
2000, 6 weeks before the start of the experiment to
allow acclimation to summer conditions. To allow
gradual acclimation to winter conditions, plants
assigned to the winter flooding were left outdoors
from September 2000—-November 2000.

To estimate LTs,, we measured survival after
different flood durations in simulated winter and
summer conditions. In November 2000, the plants
were placed in basins (diameter 1.8 m; depth
1.0 m) in the greenhouse and completely sub-
merged in tap water of either about 20 °C (mea-
sured range 18-20 °C) or about 8 °C (measured
range 5-10 °C) hereafter referred to as summer
and winter treatment, respectively. Minimum and
maximum water temperatures were measured
weekly in each basin, using standard thermome-
ters. There were 10 (species) x 3 (replicates) x 8
(sampling dates) = 240 plants in each basin. This
resulted in a density that was low enough to pre-
vent mutual shading. As each plant was also
growing in an individual pot any form of below-
ground competition can be ruled out.

The basins consisted of metal rings coated with
pond-foil at the inner side. The water level was
fixed at 80 cm above the soil surface in the pots, to
avoid restoration of leaf—-air contact due to shoot
elongation or leaf floating of some species. All
basins were provided with a thermo-stated electric
heating system at the bottom underneath the foil.
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Temperatures of the summer basins were kept at
20 °C. Temperature in the winter basins followed
the temperatures outside the basins. Only if the
temperatures in the winter basins dropped below
0 °C, it was warmed up to a maximum tempera-
ture of 6 °C. To prevent the establishment of
temperature gradients in all basins a pump gently
circulated the water. The basins were covered with
a shade cloth to simulate the high sediment load
that accompanies floods in river areas and that
strongly diminishes light transmission at even a
few centimetres of water depth (Vervuren et al.,
2003).

Light quantities were measured weekly in each
basin at the water surface and at plant level using a
LI-COR (Lincoln, Nebraska) photometer (model
LI-18513) with an underwater quantum sensor
(LI-192SB). Average light attenuation in the water
fluctuated during the experimental period between
80 and 95% of incident radiation. In the summer
flooding treatment no additional light was sup-
plemented to the basins. Therefore, tolerance to
simulated summer flooding may be slightly
underestimated, especially in flood-tolerant spe-
cies. Relatively flood-sensitive species may be less
affected since those species hardly benefit from
high irradiances when submerged (Vervuren et al.,
1999).

Plants were taken out of the basins at intervals
that would allow a reliable fit of survival against
flooding duration (Vervuren et al., 2003). There-
fore, we used shorter time intervals initially so that
survival of intolerant species could be accurately
determined.

Simulated winter and summer treatments were
each replicated in four basins. After 7, 14, 21, 28,
42, 63, 84 and 104 days of submergence three
plants per species and seasonal status were taken
out of each basin (in total 12 plants per species and
seasonal treatment at each sampling date). A plant
was considered to have survived if re-growth was
noticeable within a maximum period of 1 month
after emergence. To provide optimal conditions
for recovery the plants were placed in a heated
greenhouse (minimum air temperature 20 °C).

Field data

To test our second hypothesis, stating that species
elevational distribution after an extreme winter
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flooding reflects the species tolerance to winter
flooding, we collected field data in July and August
of 2001 at two floodplain locations along the river
Waal: Ewijkse Waard (51° 58° N 5° 45 E) and
Klompenwaard (51° 53’ N 6° 01 E). In the winter
of 2000/2001 flooding was relatively severe. For
instance at 11.50 m above sea level, the lower limit
of perennial grassland, flooding lasted for 7 weeks,
whereas the average winter floods during the pre-
ceding 30 years lasted for 5.3 weeks. At this posi-
tion, summer floods are usually absent (Vervuren
et al., 2003); the last flooding events occurred in
June and August 1987 and these lasted for 37 and
10 days, respectively.

At both floodplain sites grasslands were present
with extensive grazing by cattle and horses. At
Ewijkse Waard five transects were placed and at
Klompenwaard one, perpendicular to the water
line. In each transect vegetation data were
recorded by determining the presence or absence
of the selected species in sample plots of
0.45x0.45 m that were established on contour
lines at 0.10 m elevation intervals along the tran-
sect. Each contour line contained 10-sample plots
except one transect at Ewijkse Waard that
encompassed five sample plots. Distance between
the plots on a contour line was at least 2 m. Dis-
tance between transects in Ewijkse Waard was at
least 50 m. The elevations of the contour lines
were determined with a surveyor’s level. To allow
comparison between the different sites and tran-
sects, all elevations mentioned in this paper refer
to elevations above sea level as standardized to
Lobith gauge station. Contour lines ranged from
approximately 10-14 m above sea level.

Statistical analysis

Plant survival under water was analyzed using the
SAS procedure LIFEREG (SAS Institute, 2001)
with the Weibull model as the baseline function
(Vervuren et al., 2003) and block (nested within
season), season, species and interactions as
covariates. We then calculated ratios of mean
deviance changes, which approximately followed
the F-distribution (McCullagh & Nelder, 1991)
and will hereafter be referred to as Quasi F-values.
Mean deviances allowed us to test differences be-
tween simulated seasons against variation among
blocks and to treat species and block as random

factors and season as a fixed factor. For each
species and seasonal treatment, we subsequently
estimated flooding tolerance by computing the
median lethal time (LTsq; the flooding duration) at
which 50% of the plant individuals from a given
species had died) on the basis of Weibull equation
parameters (Vervuren et al., 2003).

The lower field distribution limits of species
along the flooding gradient were expressed as 10th
percentile values based on species’ frequency in the
transects. For these analyses all species were
included as far as sufficient field distribution data
were available. At least five points are required to
compute 10th percentile values (SPSS version
10.1). Since Medicago falcata, Daucus carota and
Rumex acetosa were not present or only present in
a few sample plots they were excluded from the
analysis.

Relations between species’ distribution and the
experimentally obtained values for LTs, in simu-
lated winter and summer floods were determined
by correlation analysis (SPSS version 10.1).

Results

All species survived longer in the simulated winter
floods than in the simulated summer floods
(Fig. 1). However, the magnitude of the effect of
the simulated flooding season was strongly species-
dependent as indicated by the SpeciesxSeason
interaction (Table 1). Some species survived only a
little longer in the simulated winter flood than in
the simulated summer flood (i.e. Medicago falcata,
Plantago lanceolata, Arrhenatherum elatius and
Daucus carota), but for others with relatively low
tolerance to summer floods, survival was dramat-
ically increased (i.e. Rumex acetosa, Alopecurus
pratensis, Rumex thyrsiflorus and Festuca rubra)
(Fig. 1). Survival of summer flood-tolerant species
(i.e. Elytrigia repens and Rumex crispus) was also
extended under winter floods.

The distributions of the species along the
flooding gradient differed widely (Fig. 2). Like-
wise, the lower limits (10th percentile values)
depended on the species and ranged from 11.35 to
13.27 m. For some species the lower limits
were situated at relatively high elevations corre-
sponding with relatively low flood durations (e.g.
Arrhenatherum elatius), whereas others occurred at
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Figure 1. Relationship between flooding duration and survival (based on 12 replicate plants per flooding duration) of 10 river
floodplain grassland species in simulated winter (closed symbols) and simulated summer floods (open symbols).
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Table 1. Analysis of deviance for survival time under influence of species, simulated flooding season and block (season)

Source of variation df (effect, error)

Mean deviance Quasi F-value

Block(season) 6, 1895
Season 1,6
Species 9, 54
Season x Species 9, 54
Species x Block(season) 54, 1895
Residual 1895

0.09 0.12
0.00 0.00
4.27 21.68%**
1.16 5.90%**
0.20 0.25
0.77

Mean deviance, Quasi F-values and significance levels are presented; df, degrees of freedom (effect, error); ***, p < 0.001.

much lower elevations corresponding with longer
flood durations (e.g. Rumex crispus). Elytrigia
repens was present at relatively high frequencies
along the whole flooding gradient. There was a
highly significant negative correlation between
species tolerance to summer flooding and the lower
distribution limits along the flooding gradient
(Fig. 3a) indicating that summer flood intolerant
species were restricted to higher elevations in the
floodplain (e.g. Arrhenatherum elatius) while more

summer flood tolerant species (e.g. Elytrigia repens
and Rumex crispus) occurred at lower elevations.
Species with intermediate tolerances to summer
floods occurred at elevations in the mid-range of
the flooding gradient (e.g. Alopecurus pratensis).
In contrast, the correlation between species’
tolerance to winter floods and their lower distri-
bution limits along the flooding gradient was not
significant (Fig. 3b). The lower distribution limits
of a number of winter flood tolerant species ranged
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Figure 2. Species distribution along the flooding gradient based on six transects at two floodplain sites along the river Rhine in the
Netherlands after the winter flood of 2000/2001. The end of the boxes defines the 25th and 75th percentiles, with a line at the median
and error bars defining the 10th and 90th percentiles. Circles define data points beyond the 10th and 90th percentiles. For Medicago
falcata and Daucus carota there were less than the minimum required number of data points (indicated by open circles) to compute a
reliable set of percentiles and therefore excluded from analysis. Rumex acetosa was not observed within the sample plots along the
transects. Species abbreviations: alopra = Alopecurus pratensis, arrela = Arrhenatherum elatius, daucar = Daucus carota, elyrep =
Elytrigia repens, fesrub = Festuca rubra, medfal = Medicago falcata, plalan = Plantago lanceolata, rumcri = Rumex crispus and
rumthy = Rumex thyrsiflorus. Letters above the species names denote the Tukey-grouping after one-way ANOVA; species with the same
letter have the same distribution along the flooding gradient (p < 0.05).
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Figure 3. Relationship between species’ lower distribution limits along the flooding gradient of the river Rhine in 2001 and the
experimentally obtained values for flooding tolerance (LTs) in (a) simulated summer floods and (b) simulated winter floods. For

species abbreviations see Figure 2.

from low to high floodplain elevations whereas
two very intolerant species (Arrhenatherum elatius
and Plantago lanceolata) occurred only relatively
high on the gradient.

We translated the species’ lower distribution
limits to the flooding durations in the winter of
2000/2001 and the summer of 1987 and correlated

these flooding durations with their tolerance to
simulated winter and summer floods, respectively.
The flooding durations in the summer of 1987 and
the winter of 2000/2001 were strongly correlated
(" = 0.89, p < 0.001) due to the strong rela-
tionship between flooding duration and elevation
along the flooding gradient. Species’ tolerance to
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simulated summer floods was highly correlated
with the flooding durations at the lower
distribution limits in the summer of 1987, the last
severe summer flood in the study area (Fig. 4a).
The flooding duration during the winter of 2000/
2001 at species’ lower distribution limits was not
significantly correlated with their tolerance to
simulated winter floods (Fig. 4b). Not all species

occurred at elevations that were expected on the
basis of their tolerance to simulated winter floods.
Most striking was that some species that appeared
to be tolerant to simulated winter floods (Festuca
rubra, Alopecurus pratensis and Rumex thyrsiflo-
rus) had their lower limits at positions that were
only shortly flooded in the winter of 2000/2001
(Fig. 4b). On the other hand, Plantago lanceolata
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Figure 4. Relationship between flooding duration at species’ lower distribution limits along the flooding gradient of the river Rhine in
(a) the summer of 1987 and their flooding tolerance (LTsp) in simulated summer floods and (b) the flooding duration in the winter of
2000/2001 and their flooding tolerance in simulated winter floods. For species abbreviations see Figure 2.



occurred under longer flooding durations than was
expected on the basis of its poor tolerance to
winter floods. The very intolerant Arrhenatherum
elatius only occurred under very short winter
flooding durations, and its distribution seems to be
limited by summer as well as winter flooding.

Discussion

The tolerance of plant species to complete sub-
mergence strongly depended on the simulated
season of flooding. In accordance with our first
hypothesis, all 10 species survived longer under the
simulated winter flood than under the simulated
summer flood. Our results thus corroborate those
of Klimesova (1994) and Siebel (1998) who dem-
onstrated that floods during the winter have a
lower impact on survival of Urtica dioica plants
than floods during the growing season. However,
in contrast to our first hypothesis, the magnitude
by which winter flooding enhanced tolerance was
species-specific (Table 1). The specific response to
flooding season may be related to interspecific
differences in the use of stored carbohydrates
during submergence, rather than to mitigating
effects of higher oxygen concentrations in cold
water (Van Eck et al., 2005a). Stored carbohy-
drates may prolong survival when submerged
(Setter et al., 1997; Laan & Blom, 1990; Crawford,
2003; Nabben, 2001). Van Eck et al. (2005a)
demonstrated that Rumex crispus had a conser-
vative carbohydrate use at both low and high
water temperatures. Rumex acetosa, although able
to access its reserves in the roots, had a high rate of
carbohydrate respiration in warm water but this
rate slowed down at lower temperatures. This de-
creased rate of carbohydrate depletion probably
explains why this species, like Alopecurus pratensis,
Festuca rubra and Rumex thyrsiflorus, was able to
extend its survival dramatically in simulated winter
flood compared to summer floods in the present
experiment. Accordingly, Daucus carota was not
able to access its belowground carbohydrate re-
serves (Van Eck et al., 2005a) and its tolerance was
also little enhanced in simulated winter floods.
Hence, the findings of Van Eck et al. (2005a) to-
gether with the results presented here suggest that
only species with an ability to mobilize and respire
carbohydrates when submerged are able to prolong
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survival of flooding outside the growing season.
Species that are intolerant to flooding regardless
of season, such as Arrhenatherum elatius, Daucus
carota, Medicago falcata and Plantago lanceolata,
probably lack a physiological mechanism for
accessing carbohydrate reserves when submerged.

Because seasonal effects of flooding are species-
specific it may be expected that winter floods
produce a different zonation in floodplain grass-
lands than summer floods. Accordingly, we found
that species’ lower limits were not equally well
correlated with tolerance to summer and winter
flooding. Surprisingly, however, it was the toler-
ance to summer floods that best explained lower
distribution limits although the last summer flood
in our study area occurred more than 14 years
before our field data were collected. Moreover, a
severe winter flood occurred immediately before
the year in which field data were recorded but, in
contrast to our second hypothesis, we found no
significant correlation between species’ distribu-
tion and tolerance to winter floods.

Our results further suggest that only the field
distribution of Arrhenatherum elatius, the most
intolerant species, was limited by winter flooding.
Based on their tolerance to winter floods, species
such as Rumex thyrsiflorus, Alopecurus pratensis
and Festuca rubra could have occurred at much
lower elevations than actually found. The poor
correlation between flooding tolerance and lower
limits suggests that other factors than flooding
tolerance may be involved in determining lower
distribution limits of these species in periods
without severe summer floods (Van Eck et al.,
2005b). Traits determining colonization ability may
control the speed of migration down the flooding
gradient as other studies indicate a strong relation-
ship between colonization ability and abundance in
disturbed habitats (Van der Sman et al., 1993;
Collins et al., 1995; Henry et al., 1996; Burke &
Grime, 1996). Plantago lanceolata, although very
sensitive to winter flooding, did occur at relatively
low floodplain elevations, suggesting that this
species may rapidly colonise empty microsites
created by winter floods. In addition to dispersal,
winter floods may indirectly, through erosion and
sedimentation, prevent successful establishment at
lower positions (Van Eck et al., 2005b).

In conclusion, we have shown that species may
either be tolerant to both winter and summer
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flooding, considerably more tolerant to winter
flooding, or intolerant to flooding regardless of
season. The species-specific tolerance to winter
flooding suggests that these floods may also affect
species distribution along elevation gradients in
river floodplains. However, as shown here for
grasslands along the river Rhine, the actual
zonation may bear the signature of summer floods,
because these floods, although less frequent, have
a more dramatic impact on plant survival.
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Abstract

The spatio-temporal heterogeneity of a meandering part of the Allier river was studied by analysing ecotope
composition and dynamics using a series of aerial images covering a period of 46 years (1954-2000). The
ecotope dynamics was exemplified by two time series showing rejuvenating hydro-geomorphological pro-
cesses, i.e., meander progression, meander cut-off and channel shift. The mean rejuvenation rate was
33.8 ha per 5 years for the 5.5 km long study area. The ecotope transition rates varied from 18% surface
area change per 5 years to 58.7% surface area change per 5 years for pioneer vegetation. The combination
of hydro-geomorphological processes and ecological succession resulted in a temporal diversity of the
riparian area. In the year 2000 half of the total riparian landscape was 14 years or younger and 23% was
not rejuvenated in 46 years. Eighty percent of the pioneer vegetation was found on young soils (<14 years)
while more than 50% of the surface area of low dynamic ecotopes like bush and side channels was located
on parts, which were stable for more than 46 years. Examining the relation between river stretch size and
ecotope diversity showed that the ecotope diversity remained stable above a stretch size of 1.5 meander
lengths for the years 1978, 1985 and 2000. The spatial and temporal analysis of the study area showed
evidence supporting the steady state or meta-climax hypotheses, but influences of long-term processes on
landscape composition were also found. Some implications for floodplain management are discussed.

Introduction interventions to increase the discharge capacity
and to create semi-natural floodplains by stimu-

Since the late 80s, floodplains of highly regulated lating natural processes like spontaneous succes-

rivers are being reconstructed to increase flood sion, sedimentation, and to a lesser extent, erosion

protection and to follow society’s call for (Amoros, 2001; Prach & Pysek, 2001; Vulink,

strengthening riverine nature (Nienhuis & Leuven, 2001; Wolfert, 2001).

2001; Wolfert, 2001; Nienhuis et al.,, 2002; The landscape unit pattern in natural river

Lenders, 2003; Buijse et al., 2005; Van Stokkom systems is shaped by a combination of two main
et al., 2005). Plans involve geo-morphological driving forces: succession and rejuvenation.
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Succession is the local transition of a landscape
unit to another by changing species composition
(Forman & Godron, 1986), while erosion in outer
river bends and sedimentation in inner bends
rejuvenates the vegetation types to a previous
stage. In natural systems, the continuous distur-
bance of succession by rejuvenation processes re-
sults in a diverse landscape pattern with a high
biodiversity (Amoros & Wade, 1996). However,
semi-natural floodplains in regulated rivers gener-
ally lack natural rejuvenation mechanisms. This
may result in a landscape pattern dominated by
climax succession stages, which has a relatively low
biodiversity and high hydraulic resistance (Bra-
vard et al., 1986; Amoros & Wade, 1996; Baptist
et al.,, 2004). This explains why river managers
want to incorporate artificial rejuvenation mea-
sures in their management strategies (Smits
et al., 2000). It is anticipated that clever appli-
cation of artificial rejuvenation measures may
increase biodiversity and safeguard flood pro-
tection goals (Buijse et al., 2005). However, to
sensibly embed rejuvenation measures in river
management, knowledge of the dynamics and the
spatio-temporal heterogeneity of natural river
systems is required (Ward et al.,, 2001). The
present paper analyses succession and rejuvena-
tion processes in a freely meandering river
stretch in order to obtain information relevant
for river management.

In a meandering system, the hydro-geomor-
phological processes associated with river chan-
nel migration rejuvenate the units that comprise
the riparian landscape. Existing landscape units
are rejuvenated while pioneer landscape units
arise and go into succession. Landscape units are
continuously present but shift in space, creating
a spatio-temporally heterogeneous landscape
pattern. If the system is in process equilibrium,
the overall landscape unit dynamics must be
stable at a certain scale level. This concept is
called the steady-state mosaic (Forman & Go-
dron, 1986) or meta-climax concept (Amoros &
Wade, 1996). The dynamics and scale of the
steady-state mosaic are largely controlled by flow
and sediment regimes and the geological, cli-
matic and biogeographical character of the river
sector. For example, process equilibrium of a
braided alpine river could be manifest within
years in contrast with decades or more for a low

gradient meandering channel (Van der Nat et al.,
2003).

The aim of this paper is to determine the
dynamics of landscape units in a freely mean-
dering stretch of the river Allier (France) and the
consequences for the spatio-temporal constitution
of its riparian landscape. A time series of aerial
photographs spanning 46 years was analysed to
answer the following questions: 1. What are the
transition rates of the different landscape units? 2.
What is the spatio-temporal distribution of reju-
venation? 3. What is the surface area covered by
the landscape units and how does it vary over
time? 4. Can a river stretch size be determined, on
which the landscape unit distribution is stable in
all years?

Material and methods
Study site

The study site is a 6 km stretch of the river
Allier, south of Moulins (France, Fig. 1). This is
a meandering gravel river with lateral erosion in
the outer bends and gravel point bars in the
inner bends. Local sources state that before the
transition to a nature area in the 1990s, the
floodplains were subject to extensive grazing. It
comprises about 500 ha of natural floodplain
along a bit more than three meander lengths.
The river is not used for navigation and the
main channel in the research area is not regu-
lated or excavated. These characteristics make it
an interesting site to study meander processes in
relation to riparian landscape composition and
dynamics.

The Allier river’s source is Lozere (1500 m
altitude) located in the French ‘Massif Centrale’
(Wilbers, 1997). After 410 km, the river converges
with the Loire river at Bec-d’Allier (186 m alti-
tude). The Allier is a rain fed river with an
unpredictable discharge course. The mean annual
discharge is 160 m® s™' over the period 1850-1980
at Moulins (Gautier et al., 2000). Normally, peak
discharges up to 1200 m®s™' (occurrence once
every 10 years at Moulins) occur in winter and
spring while the discharges are generally low in the
summer with a minimum of 12 m®s™ (Gautier
et al., 2000; Fig. 2).
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Preparing GIS maps

Based on a set of aerial photographs, maps were
produced to analyse the landscape changes in the
research area using GIS (Miller et al.,, 1995;
Muller, 1997; Green & Hartley, 2000; Mendonca-
Santos & Claramunt, 2001). The photographic
material consisted of stercographic coverage of
aerial images of the years 1954, 1960, 1967, 1978,
1985, 2000 and a non-stereographic set of 1992
(Photothéque-Nationale, 2003). The photographic
scale varied between 1:25 000 and 1:14 500 and all
images were taken in the summer (July/August).
For the years 1954-1992 black and white photo-
graphs were available; the photographs of the year
2000 were true-colour. The 1992 photograph set
was not mapped and only used to determine a
sinuosity value.

Through a combination of field knowledge
and expert knowledge on the interpretability of
the available aerial image time series, a set of
ecotope types was defined to classify landscape
Figure 1. Location of the river Allier in Europe. The research units (Table 1). A distinction is made between
area is located just south of Moulins. The north-west corner of cultivated ecotopes (cultivated forest and agri-
.the research area is (675.330,2170300) apd the sopth-east corner culture) and natural ecotopes formed by river
is (678400, 2164550) in French national grid coordinates . . . .

(Lambert zone I1). d}{namlcs. An ecotope is a spatial unit of a cer-
tain extension (usually 0.25-1.5 ha), which is
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Figure 2. Minimum, mean and peak discharges of the river Allier at Moulins accumulated over the period 1968-2000. Peak discharges
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Table 1. The mapped ecotopes (landscape units)

Ecotope (landscape unit)

Horizontal density

Human influence

Forest

Agriculture

Water, main channel

Bare soil (pointbar)

Pioneer vegetation

Grassland vegetation
Herbaceous vegetation

Bush (shrubs and trees <5 m)

Closed canopy (>60% coverage)

Forest (>5 m)

Closed canopy (>60% coverage)

Water, (closed) side channel

Open canopy (20-60% coverage)

Open canopy (20-60% coverage)

z 2222222722722z 0O0

C, Cultivated landscape; N, Natural landscape.

homogenous as to vegetation structure and the
main abiotic factors on site (Forman & Godron,
1986; Klijn & Udo de Haes, 1994; Lenders et al.,
2001).

The aerial photographs were scanned and geo-
referenced to a 1:25 000 topographical base map
yielding rectified images of all years with a
resolution between 2.1 and 2.5 m (IGN, 1990;
Erdas, 1999; Mount et al., 2002). The maximum
geo-reference error found relatively within the time
series was about 10 m. In digitising ecotopes using
aerial images two kinds of errors can be made:
errors in outlining the ecotopes and errors in
ecotope identification (Kiichler & Zonneveld,
1988; ESRI, 2000).

First, the minimal mapping unit was defined as
40 x 40 m, i.e., 0.16 ha. The outline of the eco-
topes was identified using colour, texture and
vertical structure (explored using a stereoscope on
the original images). ArcGIS 8.3 was used to
manually digitise the outlines applying a fixed on-
screen scale of 1:7500 (ESRI, 2000). To minimise
overlay errors in the analysis phase, the 2000 map
was produced first and used as a basis for the older
maps. Only borders of polygons that shifted more
than the relative geo-reference error of 10 m were
considered ecotope outline changes and the
polygons were redrawn.

For ecotope identification and evaluation of the
digitised ecotope outlines, the stereoscope was used
to exploit the original quality and vertical

information of the aerial photos. For this, the
arcGIS polyline maps were printed on transparen-
cies and were placed on top of the original aerial
images under a stereoscope (Topcon Model 3). This
process resulted in ecotope maps for the years 1954—
2000, which were subsequently used for the analysis.

GIS methods

All GIS analyses were performed using ArcGIS 8.3
and ArcGIS 9.0. For the raster calculations, the
vector maps were rasterised to a 5 x 5 m grid.

To derive ecotope transition rates from the
ecotope maps, transition matrices were pro-
duced of each map transition, e.g., 1954-1960,
1960-1967, and so on (Forman & Godron, 1986;
Miller et al., 1995; Van der Nat et al., 2003; Na-
rumalani et al., 2004). Transition matrices show to
which new ecotopes an ecotope is transformed
during the time span between two successive
photographs. To be able to compare transition
rates between all the maps, the percentage change
of each ecotope was computed and standardised to
a S5-year period to compensate for the variety in
years between maps. In this analysis, the main
channel and the adjacent pointbars (bare soil) were
grouped because fluctuations in water level influ-
enced their relative surface areas.

To visualise ecotope dynamics, a general eco-
tope succession scheme was developed, based on
the transition matrices and field expertise (Fig. 3;
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Figure 3. The succession scheme of the ecotopes along the river
Allier.

Van den Berg & Balyuk, 2004). The ecotope
transition matrices were simplified by classifying
every possible ecotope transition into three cate-
gories: succession, rejuvenation or stability. The
classification was based on the direction of change
in the succession scheme (Fig. 3). Per ecotope the
percentage area in succession, rejuvenation or
remaining stable was computed for all transition
periods. These percentages were visualised in tri-
angular ternary plots. These plots are widely used
in (soil) chemistry, to illustrate the composition of
a three compound chemical mixture. In this paper,
the axes show the area (as a percentage of the
entire ecotope area) being stable, in succession,
and in rejuvenation.

To investigate the age distribution of the eco-
topes in the year 2000, a map was constructed
showing the year of last rejuvenation since 1954 by
combining the ecotope types main channel and
bare soil (pointbars) of the years 1954-2000. This
floodplain age map was overlaid with the ecotope
map of the year 2000 to determine the age distri-
bution of each ecotope type in 2000. Parts of the
floodplain, which were not rejuvenated within the
time span of the photographic survey, were as-
sumed to be in succession for more than 46 years.

To investigate scale in relation to ecotope
diversity, a method was developed analogous to
determining the minimum area size of vegetation
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quadrats in field vegetation surveys. Here, the
quadrat size is increased until the species compo-
sition becomes constant; this is the minimum
quadrat size (Kent & Coker, 1994). To accomplish
this with ecotope maps, the maps were cut into
regular stretches perpendicular to the meandering
direction of the river. The Shannon Index (SI) was
used as landscape diversity measure, because it
relates to the relative ecotope surface area distri-
bution (McGarigal & Marks, 1995). The SI is high
when all ecotope types occupy a similar area and
decreases when this ecotope area distribution
becomes more uneven. Starting upstream, the SI
was calculated for the first 600 m stretch of the
mapped area. Subsequently, the area was stepwise
enlarged in downstream direction and the SI was
repeatedly calculated yielding SI values for a
growing area until the area covered the complete
map surface. Fragstats 3.3 was used to calculate
the SI (McGarigal & Marks, 1995).

Results
Ecotope maps

Figure 4 presents a time series demonstrating
ecotope succession and rejuvenation caused by the
hydro-geomorphological processes. The meander
grew and moved northward in the years 1954,
1960, 1967. Between 1967 and 1978 a bridge was
constructed on the downstream border of the re-
search area which probably caused or facilitated
the cut-off shown in the 1978 excerpt, and so cre-
ating a side channel. The cut-off resulted in a peak
in the rejuvenation activity (Table 2) and a drop in
sinuosity (Table 3), but as the meandering process
continued, sinuosity reached its former values
again in 1992-2000. The mean rejuvenation rate
within the 5.5 km straight (3 meanders long)
research area is 33.8 ha every 5 years (Table 2).
Figure 5 illustrates the influence of hydro-geo-
morphological processes on the spatial distribution
of ecotopes, in this case the formation of a black
poplar (Populus nigra) niche by a shift of the river
channel in 1967 and 1978. The main channel shift
left a depression in the landscape and simulta-
neously rejuvenated older succession stages across
the stream. Subsequently, the depression (i.c., the
former river channel) functioned as an
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Figure 4. Meander progression in a part of the research area over the period 1954-2000. The river flows from South to North. From
1954 to 1967 a meander progression is visible. In the period 1967-1978 the meander was cut-off. The meandering process is restored in
1985 and 2000.

Table 2. Total rejuvenation in the research area

Time span (years) 54-60 60-67 67-78 78-85 85-00 Mean
Rejuvenation (ha) 31.5 57.8 68.9 72.9 80.1
Rejuvenation (ha/S year) 26.3 41.3 31.3 52.1 26.7 338

Table 3. Sinuosity of the studied river stretch .
environment for the settlement of black poplar.

Year Sinuosity The small poplars grew from ecotope type bush to
forest between the years 1985 and 2000.

1954 135
1960 1.41 )
1967 1.45 Ecotope dynamics
1978 1.24 o )

An example of the ecotope transition matrices that
1985 1.27 . I
1992 1.42 were produced is shown in Table 4. The rows show
2000 1' 47 to what extent (percentage area) the 1967 ecotopes

(row headers) developed into different ecotopes in
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Ecotope maps
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Figure 5. Meander shift rejuvenates ecotopes and creates niches for forest development over the period 1967-2000. The 1967-1978
shift rejuvenates ecotopes and creates niches for forest settlement in the former channels. In 1985 these channels are colonised by bush
that grow to forest in the 1985-2000 period.

Table 4. Example of change matrix for one transition between the years 1967 and 1978, expressed as the percentage surface area
change per ecotope type and total area for 1967

Fcult Ag G Fecl Bel BS Fo Bo P H MC SC Area (ha)
Fcult 3698  47.11 0.53 1.43 6.90 0.00  0.00 0.00 0.05  6.99 0.00  0.00 51.59
Ag 1.18  97.28 0.86 0.18 0.27 0.02  0.02 0.00 0.02 0.12 0.04  0.01 954.96
G 0.00 1.39 62.20 0.88 2.17 19.99 0.44 2.92 3.50 0.85 5.30 0.36 148.72
Fel 0.33 2.41 8.890  56.64  15.46 479  4.87 1.80 0.75  2.35 .72 0.00 49.25
Bel 0.00 0.60 18.30 10.63  45.79 1.41  0.10 13.20 0.56  2.16 7.20  0.05 59.56
BS 0.11 8.84  18.26 2.24 442 3255  0.66 2.23 335 0.89 2635 0.10 148.48
Fo 0.00 0.00  30.21 16.23 1429 10.73 277 1398 11.17  0.62 0.00  0.00 5.69
Bo 0.00 0.02 55.08 343 2.39 1.43 1.45 20.05 0.89 9.61 5.66 0.00 13.48
P 0.00 8.96 9.22 0.00 0.00 41.07 0.00 0.09 4.34 0.28 36.05 0.00 8.82
H 3.94 18.53 13.59 11.02 10.26 18.53 0.00 3.38 0.00 1.43 19.30 0.02 24.87
MC 0.08 8.43  23.64 2.04 6.86 21.65 0.49 1.91 3.53 005 31.10 0.21 57.45
SC 0.64  66.19 0.70 0.81 0.03 10.73  0.00 0.02 0.00 0.00 1795 292 16.07

Fcult, Cultivated Forest; Ag, Agriculture; W & BS, Water and Bare soil; P, Pioneer vegetation; G, Grassland; H, Herbaceous
vegetation; Bo, Open Bush; Fo, Open Forest; Fcl, Closed forest; Bcl, Closed bush; SC, Side channel.

1978 (column headers). Table 5 shows the ecotope with more than 50% change per 5 years were
transition rates for all time steps and standardised to open forest, open bush, pioneer vegetation, and
a 5-year period. The four most dynamic ecotopes herbaceous vegetation. Next to the surrounding
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Table 5. Ecotope transition rates: percentage change to another ecotope for every map transition and standardised to a 5-year period.
The data is numerically arranged based on the mean ecotope transition rate

Ecotope Time span (years) Mean SD
54-60 60-67 67-78 78-85 85-00
Agriculture and cultivated forest 1.4 29 1.7 0.9 0.5 1.5 0.9
Main channel & bare soil 13.8 19.9 16.7 253 14.5 18.0 4.7
Forest (closed) 12.8 35.1 18.3 39.7 16.2 244 12.2
Grassland vegetation 47.3 13.5 20.7 40.9 19.3 28.3 14.8
Side channel 64.2 21.2 29.5 25.1 13.2 30.6 19.7
Bush (closed) 58.4 37.5 24.1 39.2 18.6 35.6 15.5
Bush (open) 58.3 46.5 39.7 56.6 29.6 46.1 12.0
Herbaceous vegetation 82.8 37.6 44.1 71.4 30.0 53.2 22.7
Forest (open) 81.1 71.4 44.0 52.4 31.9 56.1 20.0
Pioneer vegetation 71.5 68.0 44.2 70.6 33.3 58.7 18.9

SD, Standard deviation.

cultivated area, the main channel and point bar
showed the lowest percentage of change and vari-
ability. Transition rates between the years 1954—
1960 and 1978-1985 were higher than for other
time spans.

The results of the visualisation of ecotope
dynamics in ternary plots are presented in Fig. 6.
Each data point represents the change of an
ecotope in the period that lies between two suc-
cessive maps. The most apparent example is the
cultivated area, of which >95% of the surface area
remained stable for each successive time span; all
data of this ecotope type clearly show in the top
corner of the ternary plot. The main channel and
closed forest are opposites; their values lie,
respectively on the succession axis and on the
rejuvenation axis. Grassland and closed bush had
a relatively low tendency for succession (<30%).

(a) 0 100

(b) 0 100

Agriculture
Forest (closed)
Bush sclosed)
Grasslal
Forest (open)

[o]
o
mJ<«o0e®

10

100 0
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Succession

They remained stable (>40%) or rejuvenated
(>30%). The open bush ecotope varied in stability
and succession, but rejuvenation remained
constant around 40%. The open forest type, the
pioneer vegetation and herbaceous vegetation
showed low stability (<10%) and similar tenden-
cies for succession and rejuvenation. The most
diverse type in terms of succession, rejuvenation
and stability was the side channel ecotope.

Floodplain and ecotope age

Figure 7 shows the year of last rejuvenation of the
riparian area since 1954. Figure 8 shows the age
distribution of the total floodplain area and of each
ecotope in the year 2000. The age class
>46 years consisted of the natural floodplain area
that was not rejuvenated within the 46-year period

Pioneer vegetation
Herbaceous vegetation
Side channel

Main channel

Bush (open)
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Figure 6. Ternary plots of ecotope stability, rejuvenation and succession.
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Figure 7. The floodplain age map illustrates the hydro-geomorphological activity of the research area by overlays of the ecotopes
active main channel and bare soil (point bars) of 1954 to the year 2000. As background, the ecotope map of the year 2000 is used.

of the map series. Half of the natural floodplain
consists of ecotopes of 15 years and younger and
about 24% of the surface area is older than 46 years.
Viewed per ecotope type, the age distribution is
different when compared to the age distribution
of the entire area. The youngest ecotope type is
pioneer vegetation; more than 80% of its area is
younger than 15 years. Grassland, herbaceous
vegetation and open bush form an intermediate
group with 50-60% of their area younger than

22 years. Side channel and closed bush are the
oldest ecotopes with about half their area older
than 46 years.

Ecotope areas over time

The temporal variation in the surface area coverage
of different ecotope types is shown in Figure 9 and
Table 6. The surface arca of natural ecotopes
(Table 1) vs. the surface area of -cultivated
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Figure 8. Floodplain and age distribution of natural ecotope types: W & BS, Water and Bare soil; P, Pioneer vegetation; G, Grassland;
H, Herbaceous vegetation; Bo, Open bush; Fo, Open forest; Fcl, Closed forest; Bcl, Closed bush; SC, Side channel.

ecotopes changes on the local scale (Figs. 4 and
5) but fluctuates during the years at the river
stretch scale only within a 10% range around a
mean of 507 ha (see totals of Table 6). Grass-
lands and bare soil are the most variable,

250.00

especially in the years 1954, 1960 and 1967, while
for example the surface area of side channels is
relatively stable. A decrease of open vegetation
types like pioneer vegetation, grassland, herba-
ceous vegetation in favour of the closed types like
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Figure 9. Total ecotope surface area (ha) over the period 1954-2000.
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Table 6. The surface area of natural ecotopes and total natural floodplain (ha)

Ecotope 1954 1960 1967 1978 1985 2000

Forest (closed) 17.44 52.52 46.73 49.25 42.67 67.28
Bush (closed) 59.65 44.84 58.45 59.47 59.34 75.60
Forest (open) 12.20 3.63 491 5.67 9.12 10.62
Bush (open) 25.35 31.09 21.89 13.51 31.99 18.31
Herbaceous vegetation 11.91 1.94 11.50 24.89 18.08 24.56
Grassland vegetation 212.70 125.40 170.50 148.82 111.70 97.46
Pioneer vegetation 16.78 8.25 14.32 8.82 12.76 15.83
Side channel 1.58 0.61 1.39 16.05 18.45 11.86
Main channel and bare soil 191.80 208.25 186.50 205.91 184.27 158.78
Total 549.40 476.53 516.19 532.38 488.37 480.30

bush and forest is visible. In 1954, 79% of the
research area was open, in 1978 76% and 64% in
2000. The drop in area of grassland vegetation
between 1954 and 1960 was caused mainly by
transition to agricultural area (34.5%, data not
shown, but see Table 2 for years 1954 and 1960).

Ecotope diversity and scale

Figure 10 shows the landscape diversity of the
study area, expressed as Shannon Index (SI), as a
function of scale. The variation in SI values de-
creases when sliding from ecotope to river stretch
scale. For the year 2000, the ecotope diversity re-
mained stable if the floodplain surface area was

about 250 ha, i.e., about 1.5 meander lengths. This
seems to hold for the 1985 and 1978 results, but
the 1954, 1960 and 1967 show an upward trend of
SI values within the research area and no real
stabilisation. An overall temporal trend of the SI
values is also clearly visible, in time the overall
landscape diversity is increasing.

Discussion
Mapping and GIS-analyses
The spatio-temporal heterogeneity of a meander-

ing part of the Allier river was studied by analysing
ecotope composition and dynamics using a series
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Figure 10. Landscape diversity in relation to the surface area of the river stretch that was used for calculation.
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of aerial images covering a period of 46 years.
Ecotopes were mapped starting with the aerial
photograph of 2000 and retracing the changes in
ecotope borders through time. This procedure
worked well to overcome small geo-rectification
differences of the different aerial photograph years.
The overall quality of the aerial images was good
but the quality and interpretability of early photos
(1954, 1960) determined to some extent the reso-
lution of the ecotope classification system.

The digitising process was optimised by a
combination of digitising on screen and stereo-
scopic verification. In previous methods, the aerial
images were viewed with a sterecoscope and the
ecotopes were traced on overlaid transparencies.
Consequently, the minimal mapping unit
depended on the trace-pen width. Subsequently
the transparencies had to be scanned, geo-refer-
enced and vectorised. Furthermore, before poly-
gon vectorisation could start, the scan had to be
checked and corrected manually for unclosed
polygons using a drawing programme such as
photoshop. This whole process was rather labori-
ous and was shortened by digitising on screen. The
verification and labelling of the on-screen digitis-
ing result was done by overlaying the digitised
polygons (printed on transparencies) on top of the
original aerial images under a stereoscope. In this
way, the advantage of stereoscopic interpretation
was kept.

Ecotope maps

The local dynamics are influenced by the succes-
sion speed of a particular ecotope and the
local acting hydro-geomorphological processes.
Figures 4 and 5 show the processes at work in the
evolution of two small parts of the research area:
rejuvenation of older succession stages by lateral
erosion of outside bends, formation of new suc-
cession stages, formation of a side channel, and
colonisation by vegetation of former channels.
Figure 5 is a good example of the expansion and
contraction events that steer riverine landscape
heterogeneity (Tockner et al., 2000). The retract-
ing water level followed the former channels in the
point bar while seed dispersal took place and so
steered the spatial distribution of vegetation
settlement.

Ecotope dynamics

The mean ecotope transition rates (Table 5) follow
the succession scheme illustrated in Figure 3 with
dynamic ecotopes close to the main channel and
less dynamic ecotopes to the climax stages, i.e.,
pioneer with the highest mean transition rate and
closed forest with a relatively low mean transition
rate. Two exceptions are grassland vegetation and
open forest. Grassland is less dynamic than eco-
tope bush ecotope, probably because in the past
the grasslands in the floodplains were used for
grazing, so succession to open bush or open forest
was inhibited. The open forest is relatively dy-
namic because in effect it is a mixed ecotope. Close
to the river the ecotope type open forest consists of
dynamic patches of young pioneer forest, so called
softwood forest, and on well developed older
stages it consists of low dynamic patches in suc-
cession to hardwood forest.

The ecotope transition rates in this study vary
between 18 and 59% per 5 years. The mean reju-
venation rate is 33.8 ha per 5 years along the
5.5 km stretch of the study area. Studies present-
ing comparable values are scarce. As can be ex-
pected, the ecotope dynamics are lower when
compared to dynamics in a braided alpine river
where 80% of major landscape elements are reju-
venated within 3 years (Ward et al., 2001). A study
on the river Ain (France) along a 40 km stretch of
this river showed that rejuvenation rates decreased
from about 100 ha per 10 years per 40 kms in the
period 1945-1965 to 30 ha per 10 years per 40 kms
in the period 1985-1991 (Marston et al., 1995).
This river has a slightly lower mean annual dis-
charge (130 m’ s™') than the Allier. Between 1945
and 1991, the river dynamics decreased resulting in
a single thread meandering river.

The transition rates of 1954-1960 and 1978—
1985 transition are relatively high compared to the
other years. In the period 1954-1960 the river
channel was very active in the northern half of the
research area. The limited availability of data on
external pressures and influences that may explain
this increase in activity, impede a satisfactory
explanation. Possible explanations are listed
below.

(1) A peak flow could be the cause, but discharge
data on this period is not available for this



study, although in the Ubaye river in the
Southern Alps about 400-500 km from the
Allier catchment, a millennium flood is re-
corded in 1957 (Piégay & Salvador, 1997).

(2) An important factor is the sediment balance
in the system; it can affect meander progres-
sion (Kondolf et al., 2002; Millar, 2005).

(3) The high activity could be a downstream
geomorphological effect of the main channel
running into a natural fixed bank and slowly
passing this point in 1954-1967 (Fig. 4).

(4) The meander progression is increased when
river banks consist of agricultural grounds
(Micheli et al., 2004). The meander, shown in
Figure 4, flows past agricultural area in the
outer bend.

The increased dynamics in the 1978-1985 pe-
riod can be attributed to the bridge effect
(discussed later) and to the accumulation of major
flood events in the early 80s (Fig. 2: January and
December 1981; January and October 1982; April
and May 1983; May 1985).

Floodplain and ecotope age

As a consequence of the spatial distribution of
rejuvenation in the floodplain as shown in
Figure 7, the ecotopes present are spatio-tempo-
rally distributed (Fig. 8). This spatio-temporal
distribution is a characteristic of the steady-state
mosaic or meta-climax. Figure 7 also shows the
separate and combined effect of rejuvenation and
succession. The floodplain age shows the age dis-
tribution caused by hydro-geomorphological pro-
cesses and without ecotope succession. Due to
ecotope succession the ecotope-age distribution of
separate ecotopes is different as compared to total
floodplain age composition. For example, half of
the total riparian area is younger than 15 years;
the ecotope closed-forest is almost for 90% situ-
ated on parts older than 15 years.

In Figure 8 the order of the succession scheme
(Figs. 3 and 6) can be identified. Generally, the
ecotopes having lower transition rates are rela-
tively abundant on the older floodplain parts.
Interesting is the ecotope-age distribution of open
forest, which was classified as a dynamic ecotope
with low stability based on the transition rates.
However, seemingly contradicting the dynamic
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nature of this ecotope, more than 40% of the
ecotope is found on older grounds. But, on older
parts, the ecotope is a recent development because
the older areas are being colonised by trees, i.e., in
succession to (hardwood) forest stages via the
open forest stage. Unfortunately, photo interpre-
tation did not permit recognition of different types
of open forest.

Ecotope areas over time

As shown on the local scale, ecotopes are dynamic
(Table 4, Fig. 6), shifting in space through time
(Figs. 4, 5 and 7). Within the river stretch or
functional sector the overall ecotope distribution is
less dynamic (Fig. 9), as assumed by the steady-
state mosaic or meta-climax hypotheses (Forman
& Godron, 1986; Amoros & Wade, 1996).

A true (theoretical) steady state (or meta-
climax) within a stretch homogeneous in processes
and environment would show as a stable ecotope
distribution time series. However, our study shows
a general trend in decrease of the proportion of
open, low structure ecotopes towards an increase
of structure rich ecotopes, such as forest and bush
(Fig. 9). This trend in the ecotope distribution is
caused by long-term changes of acting processes.
Most probably a decrease of the grazing intensi-
ties. The area became a nature reserve in the 1994
and all grazing was phased out.

Another bias is the construction of the bridge
near Chemilly, just south to the research area.
Although the meander pattern recovered
(Figure 4, Table 3), the exact influence of the
bridge near Chemilly is not known. It can be hy-
pothesised that what the shift accomplished is
similar to a major flood event, though now in-
duced by human intervention of narrowing the
channel downstream by building a bridge and
short cutting the first meander (Wilbers, personal
communication) and simultaneously a flood
occurrence in 1976 (1,020 m*s™"). This channel
shift created niches for various vegetation types,
e.g., a poplar settlement. Together with lower
grazing intensities, this can explain the increase in
bush ecotope in 1985 and in 2000 the increase in
forest ecotope (poplar becoming higher than 5 m)
found in Figure 9.

In general, over medium time scales (10—
100 years) most river systems can be viewed as
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quasi-equilibrium states (Petts & Amoros, 1996)
but the (theoretical) steady state (or meta-climax)
is in populated areas likely to be biased by either
human interventions or land wuse change.
Furthermore, the larger the time scale of the
steady-state dynamics of a particular system, like a
continental scale river, the more influence can be
expected of long-term processes like climate
change or geological change which affect dis-
charge, sediment regimes and rates of succession.

Ecotope diversity and scale

When sliding from ecotope scale to river stretch
scale; the surface area proportion of each ecotope
will change. However, will it change indefinitely?
Under similar hydro-geomorphological conditions
along the stretch, i.e., a steady-state situation, it
should stabilise at a certain river stretch size.
Therefore, the question isif this ‘steady-state unit’ in
which the relative ecotope diversity is at a constant
level over time, can be determined in space.

Our results indicate that the steady-state unit
size has been decreasing over the years. It was
smallest but stable for 1985 and 2000 at about one
and a half meander length (Fig. 10). However, a
spatially consistent area containing a steady state
or stable meta-climax ‘unit’ is not found because
the area should be the same through all the years.
Similar to the trend found in Figure 9, these
results again point to an underlying long-term
process of change, like diminishing grazing inten-
sities. This is also consistent with the rising SI
values over the years (Fig. 10), indicating a trend
towards a more heterogeneous landscape.

In this study, the sliding scale approach is used
to investigate the scale on which landscape diver-
sity stabilises. When focussed on changes in the SI
curve, the approach could facilitate locating tran-
sitions in landscapes, indicating a change in acting
processes.

Implications for floodplain management

In regulated systems, the hydro-geomorphological
processes are restricted because the main (naviga-
tion) channel is fixed. Therefore, rejuvenation
processes such as lateral erosion are inhibited. As
succession of ecotopes still proceeds, the imitation
of rejuvenation processes in regulated river sys-

tems has two main advantages. First, the absence
of rejuvenation mechanisms in regulated systems
causes the gradual disappearance of ecotopes with
high turnover, leading to a lower biological
diversity (Bravard et al., 1986; Amoros & Wade,
1996; Gilvear et al., 2000). The introduction of
rejuvenation can increase biological diversity.
Secondly, rejuvenating hydraulically rough vege-
tation, often the older climax stages, helps to
maintain the discharge capacity, a major concern
of the river manager (Smits et al., 2000; Baptist
et al., 2004).

The combined effect of succession and reju-
venation brings about unique spatio-temporal
patterns for different streams and rivers. The
ecological successions vary with the biogeo-
graphical region and rejuvenation is connected to
the fluvial setting. A high dynamic braided alpine
river, constrained geologically, will give rise to a
landscape with young ecotopes with high turn-
over rates, and few older elements like trees (or
forests) will survive. In rivers with moderate
dynamics, like the Allier or ever larger rivers,
turnover rates drop, ecotope succession may
reach climax stages and consequently the tem-
poral pattern changes (Marston et al., 1995; Petts
& Amoros, 1996; Ward et al., 2001; Van der Nat
et al., 2003). It would be interesting to compare
different rivers of various sizes on their landscape
dynamics, but comparative material was hardly
found in literature. The combined knowledge on
succession and rejuvenation processes of natural
rivers and knowledge of the former river
dynamics of the managed river gives the river
manager insight in possible management options
(Buijse et al., 2005).

Important in sound ecological management is
the spatio-temporal context on which the riparian
landscape has to be viewed (Bravard et al., 1986;
Ward et al., 2001). Therefore, the river and nature
manager has to have knowledge on direction of
change and information on the present day
diversity in space and succession stage (time) be-
fore management options can be evaluated.

Conclusions

The results show that a freely meandering system
generates a spatially and temporally diverse land-



scape. On the ecotope level, the dynamics are
higher than on the river stretch. On the river
stretch, the ecotope distribution was relatively
stable, but showed long-term trends, generally
changing towards a more closed and structure rich
heterogeneous landscape.

The river Allier shows characteristics of a sys-
tem in a steady-state mosaic or meta-climax but
this equilibrium is influenced by long-term changes
in processes affecting landscape composition.

Riparian landscapes have to be viewed in their
spatio-temporal context. Process knowledge is
important to be able to anticipate on riverine
landscape changes and to make ecologically sound
management choices. Therefore, reference studies
of non-regulated rivers can provide a guideline for
ecological management of regulated systems.
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Abstract

Monitoring of three-dimensional floodplain vegetation structure is essential for ecological studies, as well as
for hydrodynamic modelling of rivers. Height and density of submerged vegetation and density of emergent
vegetation are the key characteristics from which roughness parameters in hydraulic models are derived.
Airborne laser scanning is a technique with broad applications in vegetation structure mapping, which
therefore may be a promising tool in monitoring floodplain vegetation for river management applications.
This paper first provides an introduction to the laser scanning technique, and reviews previous studies on
the extraction of vegetation height and density of forests, low vegetation and meadows or unvegetated
areas. Reliable predictions using laser scan data have been reported for forest height (R*=0.64-0.98),
parameters related to forest density, such as stem number, stem diameter, biomass, timber volume or basal
area (R?=0.42-0.93), and herbaceous vegetation height (summer condition; R*=0.75-0.89). No empirical
relations have been reported on density of herbaceous vegetation. Laser data of meadows and unvegetated
areas show too much noise to predict vegetation structure correctly. In a case study for the lower Rhine
river, the potential of laser scan mapping of vegetation structure was further explored for winter conditions.
Three laser-derived metrics that are often reported in the literature have been applied to characterize local
vertical distributions of laser reflections. The laser data clearly show the large structural differences both
between and within vegetation units that currently are the basis of floodplain vegetation and roughness
mapping. The results indicate that airborne laser scanning is a promising technique for extraction of 3D-
structure of floodplain vegetation in winter, except for meadows and unvegetated areas.

Introduction

In the forthcoming decennia, the landscape of the
lower Rhine and Meuse floodplains in the Neth-
erlands may undergo major changes. The near-
flooding events of 1993 and 1995 combined with
the anticipated increase in peak flows due to cli-
mate change (Shabalova et al., 2003) have raised
the awareness that the discharge capacity of the
high-water bed of the rivers should be increased.
While in previous decennia this has been done by
raising the river dikes, a new flood management
strategy has been adopted in recent years in the
Netherlands, which involves accommodating more

room for the river by lowering the floodplain
surface, digging side channels, removing small
embankments, and various other landscaping
measures (Silva et al., 2001; Van Stokkom et al.,
2005). At the same time, river management aims at
ecological rehabilitation of the floodplains, which
involves the restoration of various natural flood-
plain habitats, thereby enhancing natural biodi-
versity (Ward & Tockner, 2001; Nienhuis et al.,
2002). To achieve these objectives — with safety as
the primary boundary condition — a strategy of
dynamic floodplain management is advocated
(Nienhuis & Leuven, 2001). Accordingly, flood
reduction measures will be carried out as an arti-
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ficial form of floodplain rejuvenation, followed by
a period of renewed sedimentation and vegetation
development (Baptist et al., 2004). Over the years,
this will lead to a higher floodplain level, as well as
to an increase of hydrodynamic roughness exerted
by the denser vegetation. By the time this would
cause excessively high flood water levels, artificial
rejuvenation of the floodplain will be undertaken
again.

This management practice will lead to a high
spatio-temporal variability of floodplain habitats,
vegetation structure and related roughness, and
demands adequate monitoring techniques. Spatial
distribution of vegetation structure is also needed
as input for ecological habitat modelling; for
example, tree height and the full three dimensional
structure of the forest are important parameters
for bird habitat modelling (MacArthur & Mac-
Arthur, 1961). Detailed information of vegetation
structure is needed to estimate the changes in
hydrodynamic roughness of the floodplain. Fur-
thermore, hydrodynamic roughness is a key vari-
able required for modelling deposition of
suspended sediment and associated contaminants
within the floodplain.

Currently, vegetation mapping of the lower
Rhine and Meuse floodplains is based on ecotopes.
Ecotopes are ‘spatial landscape units that are
homogeneous as to vegetation structure, succes-
sion stage and the main abiotic factors that are
relevant to plant growth’ (Leuven et al., 2002).
Mapping of ecotopes within the lower Rhine
floodplain is based on visual interpretation and
manual classification of vegetation units from
aerial photographs, scale 1:10,000 (Jansen &
Backx, 1998). Ecotopes are then linked to vegeta-
tion structural characteristics related to roughness
using a lookup table (Van Velzen et al., 2003). This
method, however, may become inadequate to
monitor the spatio-temporal dynamics of vegeta-
tion roughness, since the procedures are time
consuming and do not allow documentation of
within-ecotope variation of vegetation roughness.

There is clearly a need for a more automated
approach to assess hydrodynamic roughness of
vegetated floodplain surfaces. Airborne remote
sensing is regarded a useful technique for survey-
ing and mapping floodplain vegetation. While
successful attempts have been reported to map
wetland  vegetation using (hyper-) spectral

remote sensing data (Thompson et al., 1998;
Schmidt & Skidmore, 2003; Van der Sande et al.,
2003), airborne laser scanning may provide a
useful technique to map 3D vegetation structure as
a measure of hydrodynamic roughness. Airborne
laser scanning is an active remote sensing tech-
nique that involves high-resolution elevation
measurement by means of laser pulses. Over the
past years airborne laser scanning has become a
widely used technique in the generation of digital
elevation models (Oude Elberink et al., 2003) and
in forest structure mapping, while experiments on
mapping of shrub and herb vegetation have
been reported as well. A few recent examples have
reported on the application of laser scan data in
lowland floodplains to map topography (Marks &
Bates, 2000) and roughness, for use as input of
hydrodynamic models (Cobby et al., 2001).

The objective of this paper is to review the
potential of airborne laser scanning data as a tool
for quantitative assessment of floodplain vegeta-
tion roughness, which is related to vegetation
height and density. First we will introduce the
parameters needed for hydrodynamic vegetation
roughness. Secondly, we introduce the laser scan-
ning method and review current applications
related to vegetation structure, where we will make
a distinction between (1) forest, (2) shrubs and
herbaceous vegetation and (3) meadows and
unvegetated areas. Finally, we present a case study
of laser scanning of floodplain vegetation.

Hydrodynamic vegetation roughness

Hydrodynamic vegetation roughness refers to the
resistance force exerted by vegetation on water
flowing over or through it. Rough vegetation
reduces water flow velocity and leads to higher
water levels and thus increases flood risks. A
meadow is hydrodynamically smooth, forests and
dense shrubs are hydrodynamically rough (Chow,
1959). Two types of vegetation are distinguished
with respect to roughness modelling; emergent and
submerged. The parameter describing emergent
vegetation, such as forest, is vegetation density
(Petryk & Bosmajian, 1975). Hydrodynamic veg-
etation density is the sum of the projected plant
areas (A4) in the direction of the flow (F) per unit
volume (cube) (Fig. 1). The unit is m*> m~>, which



reduces to m~'. Under the assumption that vege-

tation consists of cylindrical elements, vegetation
density is calculated as the product of number of
stems per square metre and stem diameter, which
also reduces to m~'. The parameters describing
submerged vegetation, such as grassland, reed, or
herbs are vegetation height and density (Carollo
et al., 2002). The spatial distribution of these
vegetation characteristics is an essential input for
hydrodynamic models. Therefore, the challenge is
to estimate vegetation density for emergent vege-
tation and vegetation height and density for sub-
merged vegetation from laser scanning data.

Airborne laser scanning technique

All airborne laser systems have three components
in common (Wehr & Lohr, 1999; Fig. 2):

1. Differential Global Positioning
(dGPS) to locate the aircraft in space;

2. Inertial Navigation System (INS) to deter-
mine the orientation of the aircraft;

3. Laser Range Finder (LRF) to determine the
distance between the aircraft and objects
below.

System

Differential GPS consists of 2 components; a
base station and a mobile GPS receiver. GPS is a
satellite positioning system. The base station

3

Figure 1. Hydrodynamic vegetation density in m? m™: the sum
of projected plant areas (A) in the direction of the water flow
(F) per unit volume (cube).

89

remains immobile, hence the positioning error can
be calculated, which enables correction of the
positioning error of the aircraft. The INS measures
acceleration of the aircraft along three orthogonal
axes enabling the computation of the pitch, yawn
and roll. Data of all three components are syn-
chronized to enable the determination of the
location and elevation of the measured object in a
local coordinate system.

Two types of LRF exist: (1) Continuous wave
(CW) ranging, in which the distance to the target is
determined from the phase difference of the return
pulse of a continuously emitted laser signal. Since
this technique is not widely applied (Baltsavias,
1999b) it will not be discussed here. (2) Pulse LRF
that fires discrete laser pulses of a few nanoseconds
to the earth. The distance is calculated from the
pulse travel time between emission and return of the
pulse. The laser pulse typically has a wavelength in
the near infrared (i.e. 1064 nm; Baltsavias, 1999a).
Pulse frequencies range from 0.1 to 100 kHz.

The horizontal distribution of the laser hits on
the ground depends on the scan pattern of the
LRF. Early LRF systems used vertical profiling
lasers, resulting in closely spaced points under-
neath the aircraft only. Modern systems deflect the
laser pulses across track, resulting in a wider dis-
tribution of points below the aircraft. The scan
pattern depends on the motion of the deflection
device and aircraft speed (Wehr & Lohr, 1999).
Figure 2 shows a saw-tooth scan pattern. The
footprint size refers to the area on the surface that
is illuminated by a single laser pulse: a larger
footprint increases the chance of hitting more than
one object with a single pulse.

The return signal can be recorded in different
ways (Fig. 3): (1) waveform digitizing (Blair et al.,
1999; Means et al., 1999; Wagner et al., 2004) and
(2) discrete return (Baltsavias, 1999b). A wave-
form-digitizing scanner records the full reflection
profile of the returned laser pulse in a series of
equally spaced time bins. Conversely, a discrete
return system records only discrete levels in the
vertical profile. Typically, discrete return laser
scanners record first pulse (FP) and last pulse (LP),
but some systems are able to record up to 6
intermediate pulses (IMP). Last pulse is more
likely to represent the ground surface, first and
intermediate pulse will be reflected from the can-
opy. However, a minimum vertical object separa-
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W = 2h tan(a)

Laser scanner

GPS
Base station

Figure 2. Components of an airborne laser scanning system: (1) GPS for positioning in space plus a base station for error correction,
(2) INS, Inertial Navigation System, for recording the orientation of the aircraft in space, (3) Laser scanner for measuring the distance
between the aircraft and the objects below it. When combined, a 3D point cloud of laser hits is generated.

tion of about 1.5 m is needed to register first and
last pulse separately, otherwise these two pulses
will merge into one (Baltsavias, 1999a). Echo
detection refers to the reflection intensity at which
a pulse is registered. This determines which height
of the returned waveform is recorded (Katzen-
beisser, 2003; Fig. 3). The reflection intensity for
herbs in winter is slowly increasing towards the
ground surface. The exact height recorded by the
laser scanner depends on the detection threshold
that is used. Varying this threshold may cause
large differences in detected vegetation height.
Waveform digitizing scanners often use large
footprints, typically with 10-25 m diameters (Blair
et al., 1999; Lefsky et al., 1999a). In recent years,
little waveform-digitizing data was available.
NASA deployed such scanners in preparation for
the space borne Vegetation Canopy Lidar (VCL),
but they were not commercially available (Balt-

savias, 1999b). Recently, a commercial waveform-
digitizing scanner has become operational (Hug
et al., 2004), which opens up new possibilities
in vegetation mapping. Blair & Hofton (1999)
successfully modelled large-footprint waveforms
using small-footprint first pulse data that indicates
that no major differences exist between the two
types of scanners.

The minimum detectable object size is of spe-
cific importance when measuring senescent her-
baceous vegetation. Ritchie et al. (1993) estimated
the minimum detectable vegetation element, leaves
in their case, to be 2-3 cm, which is still larger than
the stalk diameter of herbs in winter. Baltsavias
(1999a) listed a number of parameters influencing
the minimum object size that can be detected:
these include reflectivity, laser power, detector
sensitivity and laser wavelength. Flying height also
determines the minimum detectable object size.
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Abbreviations:

FP First pulse

IMP Intermediate pulse
LP Last pulse

PD Penetration distance
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Figure 3. Seasonal effects on laser reflection from trees (left panel) and herbaceous vegetation (right panel). Reflection intensity is
higher and penetration depth into the canopy is smaller in summer for both forests and herbaceous vegetation.

Due to beam divergence, the footprint will increase
with flying altitude, while the energy per unit area
will decrease. Nevertheless, Nasset (2004) found
no significant difference in forest canopy height
estimation when flying altitude varied by 60%,
while using the same laser scanner. Conversely, Yu
et al. (2004) did report that tree height was pro-
gressively under-estimated when the flying altitude
increased by a factor 2 to 4.75. Water reflects little
energy in the near-infrared (Lillesand & Kiefer,
1994). This usually leads to large errors in the
height measurement of vegetation emerging above
a water body because the water level is not
detected properly and the water depth is unknown
(Hopkinson et al., 2004a). This is particularly
important for aquatic vegetation such as reed.
However, also using the traditional methods the
correct water depth will be difficult to predict.
Laser scanning monitoring of floodplain vege-
tation should be carried out in the period with the
highest chance of flooding, which is winter in the
Netherlands, but the floodplain should not be
inundated during data acquisition, nor should the

floodplains be snow-covered as this will cover part
of the vegetation. The presence of leaves may
strongly affect the laser return signal (Fig. 3).
Leafs increase the echo intensity and limit the
penetration distance into the vegetation before a
significant return is generated. Although the effects
of seasonal variations in foliage on the represen-
tation of the three-dimensional vegetation struc-
ture by laser scanning are widely known, still little
efforts have been undertaken to quantify the con-
sequences for the shape of the returned waveform
or the vertical point distribution.

Review: airborne laser scanning of vegetation

The literature review is focused on the prediction
of vegetation height and density of three main
structural vegetation types in floodplains: (1) for-
est, (2) herbaceous vegetation and shrubs and (3)
meadows and unvegetated arecas. However, the
first step is ground surface reconstruction to
enable the calculation of the point distribution
relative to the ground surface.
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Calculation of relative vertical point distribution

The calculation of the vertical point distribution
above the ground surface requires a Digital Ter-
rain Model (DTM) describing the ground surface
elevation. To determine the surface elevation using
laser scanning, the laser data reflected from the
ground surface must be separated from the laser
data reflected from vegetation or other objects
above the ground surface (Kilian et al., 1996;
Kraus & Pfeifer, 1998; Vosselman, 2000). Sithole
& Vosselman (2004) compared eight different
algorithms used to segment the laser point cloud in
ground surface and non-ground surface points.
Most filter algorithms calculate a measure of dis-
continuity based on a local neighbourhood. They
conclude that all methods perform well in smooth
landscapes, but produce errors in rough terrain
with dense vegetation. Still, vegetation in smooth
terrain can deteriorate the quality of the resulting
DTM (Pfeifer et al., 2004). Hodgson & Bresnahan
(2004) report absolute errors in the DTM under
various vegetation types of less than 20 cm. Since
floodplain topography is relatively smooth, except
ditches, embankments and eroding shorelines, it is
expected that laser-based DTMs of the floodplain
surface will be sufficiently accurate as a basis for
vegetation height determination.

Once a DTM is derived from the laser data, the
height above the ground surface can be calculated
for each individual point. The result is a three-
dimensional point cloud representing heights
above ground level. This can be converted to a
vertical point height distribution characterized by
various statistics such as percentiles, measures of
central tendency and shape. These statistics are
subsequently related to vegetation structure char-
acteristics, which are determined by field reference
data (Lefsky et al., 1999a; Nasset, 2002).

Forest vegetation structure

Over the last 20 years many papers — mostly origi-
nating from forestry research — have reported on
extracting forest properties, such as stand height,
biomass, timber volume, stem number and stem
diameter, from airborne laser scanning data. Lefsky
et al. (2002) and Lim et al. (2003) provide reviews
on this subject. Forest stand characteristics have
been successfully extracted from laser data over a

wide range of forest types and climate zones, from
the tropics (Drake et al., 2002) and temperate zone
(Ritchie et al., 1993; Means et al., 1999; Lefsky
et al., 1999a, b) to the boreal zone (Nilsson, 1996;
Nesset, 1997a, b; Magnussen & Boudewyn, 1998;
Nesset, 2002; Morsdorfet al., 2004). Initial interest
was in forest stand characteristics, but recently
single tree mapping and tree species identification
are topics of research (Brandtberg et al., 2003;
Holmgren & Persson 2004). Most studies consid-
ered forest under leaf-on conditions.

Since the hydrodynamic roughness of forest is
high, extracting floodplain forest stand character-
istics from laser scanning data is highly relevant
for river management. We will focus on those
characteristics of forests that relate to hydrody-
namic vegetation density.

Forest height
Estimates of forest height are mostly derived from
percentiles of the laser data. It is then assumed that
the vertical leaf area distribution in forests is the
same as the vertical distribution of laser points
(Magnussen & Boudewyn, 1998). Consequently,
the n-percentile of the laser vertical point distri-
bution would correspond to the height above the
ground below which n percent of the leaf area
occurs. The good correspondence between leaf
area percentiles and laser data percentiles has been
confirmed by various field sampling studies where
height distributions were measured for a range of
canopy types (Ritchie et al., 1993; Nasset, 1997a;
Means et al., 1999; Nesset & Gkland, 2002). Laser
estimates were less than 6% different from field
and laser estimates of canopy height. Table 1
shows explained variances based on regression
analyses from research on forest height prediction.
Forest height can be expressed by different
properties, including (1) mean tree height, (2)
dominant height, i.e. the arithmetic mean of the
100 largest trees, (3) maximum tree height in a
limited sized plot, or (4) Lorey’s mean tree height,
which is the weighted mean of the canopy height
based on the basal area of individual trees, and is
used to account for the influence of larger trees on
the mean canopy height. The latter three param-
eters focus on harvestable timber and ignore small
trees. The quality of the prediction of forest stand
height depends on the way tree height is expressed,
as well as on the percentiles used for prediction.
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Table 1. Overview of explained variances obtained in the prediction of forest canopy height using various laser-derived statistics as
independent variable and field canopy heights as dependent variable

Reference Footprint size (m) Height (R Number of reference data Remarks
Ritchie et al. (1993) small 0.98 8 laser profiler
Nesset (1997a) 0.13-0.17 0.94 36 laser scanner
Magnussen & Boudewyn (1998) small 0.64 36 laser scanner
Means et al. (1999) 10.4 0.95 24 laser scanner
Lefsky et al. (1999a) 10.4 0.78 48 laser scanner
Nesset & Bjerknes (2001) 0.21 0.83 39 laser scanner
Nesset (2002) 0.21 0.74-0.95 144 laser scanner
Neasset & Gkland (2002) 0.18 0.91 37 laser scanner
Hopkinson et al. (2004b) small 0.86 54 laser scanner
Persson et al. (2002) 0.3-3.7 0.99 135 individual trees
Brandtberg et al. (2003) 0.1 0.68 48 individual trees
Morsdorf et al. (2004) 0.30 0.92 918 individual trees

Regression models obtained in a number of studies
explain on average more than 80% of the variation
in tree height measured in the field (Table 1).
The studies do not agree on a single laser-derived
statistic to predict forest height. Moreover, the
correlation between mean tree height and laser
derived statistics becomes weaker when the higher
trees intercept most of the laser pulses, so that the
smaller trees are not detected by laser scanning
(Popescu et al., 2002). Nasset (2002), Neasset &
Qkland (2002) and Holmgren & Jonsson (2004)
demonstrated that the overall quality of laser
scanning prediction of forest height is better than
conventional methods, such as manual interpre-
tation of aerial stereo photos.

Individual tree height estimation has recently
become topic of research. Persson et al. (2002)
delineated individual coniferous trees using local
maxima in a smoothed canopy model. Brandtberg
et al. (2003) studied deciduous trees in leaf-off
condition and used a scale-space technique which
smoothes the canopy model at various scales. By
identifying height clusters at various scales, the
image was segmented to identify individual trees.
Morsdorf et al. (2004) identified coniferous trees
using cluster analyses on the raw 3D laser scanning
data.

Forest vegetation density
Several characteristics of forest stands relate to
vegetation density, such as stem number, stem

diameter, basal area, biomass, or timber volume.
Table 2 gives an overview of the prediction results
for these characteristics using laser-derived
parameters based on the vertical distribution of
laser points as independent variables. Dependent
variable was always field reference data. Number
of stems can also be determined using the methods
discussed in the section on individual tree delin-
eation. This is likely to give a minimum value for
the stem number, because overtopped trees and
undergrowth vegetation are difficult to detect
(Maltamo et al., 2004). Vegetation density should
be computed over the lower part of the vegetation
that will be inundated by the water. Hence,
information is needed on specific height incre-
ments as provided by Lefsky et al. (1999b) and
Nesset (2002).

Lefsky et al. (1999b) reconstructed the canopy
height profile (CHP) from large footprint, wave-
form digitizing, laser-scanning data. The CHP is
the ‘surface area of all canopy material, woody
and foliage, as a function of height’. CHP is based
on method of MacArthur & Horn (1969) who
assumed that the intensity of light, which travels
through a forest canopy, shows an extinction curve
depending on the occlusions from the vegetation.
This was validated by Aber (1979). Their method
computes the leaf area index (LAI) over a specified
height interval. For laser scanning data the fol-
lowing formula can be used to compute the LAI
between heights 41 and /2:
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Table 2. Overview of hydrodynamic vegetation density and related forest stand properties based on linear regression analyses

Reference FP size* (m) D (R?) N (R?) D* (R BA® (R?) B/TV* (R%) Np*
Nilsson (1996) 0.75-3.0 - - - 0.78 27
Nesset (1997b) 0.13-0.16 - - - 0.46-0.89 36
Means et al. (1999) 10.4 - - 0.88 0.96 24
Lefsky et al. (1999a) 10.4 0.85 0.61 0.87 0.91 22
Lefsky et al. (1999b) 10.4 - - 0.69 0.81 48
Neasset & Bjerknes (2001) 0.21 0.42 - - - 39
Nasset (2002) 0.21 0.5-0.7 0.39-0.78 0.69-0.89 0.8-0.93 144
Drake et al. (2002) 25 - 0.93 0.72 0.93 25
Asselman (2002) 0.17 0.6 30
Holmgren et al. (2003) Small 0.82-0.9 ?

Independent variable was a laser-derived parameter based on the vertical distribution of laser points.
4FP size=laser footprint size, D,=hydrodynamic vegetation density, N=stem number, D=stem diameter, BA=basal area,

B/TV =biomass/timber volume, Np =number of plots.

th)
LAl _;p =1In
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in which Nj,; and N, are the number of points
below heights 41 and h2. Lefsky et al. (1999b)
found excellent agreement between ground and
laser measurements of the CHP. Estimates of CHP
and LAI are however vertically oriented descrip-
tors, while hydrodynamic vegetation density is a
measure of horizontal obstruction. Nasset (2002),
using small footprint data, used canopy density
statistics based on the vertical point distribution.
In this case canopy densities are ‘the proportions
of the laser hits above the 0, 10, ... ,90 percentiles
of the height distributions to the total number of
pulses’. These statistics proved useful in predicting
mean diameter by basal area, stem number, basal
area and volume. A combination of two canopy
densities, one at ground level and the second at the
height of maximum water level during flood, might
be strongly correlated to the hydrodynamic vege-
tation density. However, this method does not
compensate for occlusions from the top of the
canopy.

The methods and results reported from these
forestry studies, however, do not explicitly relate
to hydrodynamic vegetation density, as this was
not the focus of these studies. Extraction of vege-
tation density associated to hydraulic roughness of
vegetation from laser-scanning data has been
reported only by Asselman (2002). She found the
90-percentile to be negatively correlated with
floodplain vegetation density that included forest,

reeds and shrubs. Apparently, tall trees more effi-
ciently shade the ground layer and limit under-
story growth. However, tree height alone cannot
explain all variation in vegetation density as
understory vegetation does occur when the canopy
is not closed. In conclusion we could say that laser
scanning is a promising technique to map vegeta-
tion density because many related parameters have
been predicted accurately. However many predic-
tion methods remain to be tested for this applica-
tion: LAI based on MacArthur & Horn (1969),
canopy density based on Nasset (2002) and indi-
vidual tree delineation.

Structure of herbaceous vegetation and shrubs

Compared to forestry research, few studies have
been reported on the extraction of vegetation
structure of low vegetation such as reed, natural
grassland, herbaceous vegetation or low shrubs.
Again we will discuss vegetation height and den-
sity as the hydraulically important variables to
extract from the laser data.

Height of herbaceous vegetation

Vegetation height is the primary structural char-
acteristic that determines the hydraulic roughness
of submerged vegetation. Table 3 gives an over-
view of research on low vegetation types, in which
empirical relations were established to predict
vegetation height from laser-scanning data.
Ritchie et al. (1993) studied low (0.1-0.3 m) desert
shrubs using a laser profiler. In a similar approach
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Table 3. Overview of papers on vegetation height of low vegetation with regression equations

Reference Footprint Height Number of Vegetation type Height range
size (m) (R plots in the field (m)

Ritchie et al. (1993) small 0.75 7 Desert shrubs 0.13-0.27

Davenport et al. (2000) 0.15-0.23 0.89 18 crops h<1m 0-0.9

Cobby et al. (2001) 0.2 0.8 55 grassland and crops 0-1.2

Hopkinson et al. (2004b) small 0.77 14 aquatic, grass, herbs, 0-1.25

low shrubs

as used for forested areas, they established
empirical relations between percentiles of laser
data and vegetation height measured in the field.
The 95 percentile of the vertical distribution of the
laser points explained 75% of the variation of the
vegetation height. Weltz et al. (1994) and Ritchie
et al. (1996) compared the vertical point distribu-
tion of laser data with the vertical distribution of
vegetation height measured in field plots, and
found good agreement between the histograms of
the laser data and vegetation height distributions.

Various studies used the standard deviation of
the laser data in a local window as a predictor for
vegetation height. Davenport et al. (2000), and
Cobby et al. (2001) used this statistic for grass-
lands and agricultural crops, Hopkinson et al.
(2004b) for shrubs, aquatic marshland vegetation,
grassland and herbs. The regression equations
established in these studies varied greatly. Cobby
et al. (2001) used a log-linear regression, which did
not give satisfactory results on the data of Hop-
kinson et al. (2004b). Moreover, the slope of the
regression equation of Hopkinson et al. (2004a)
was three times higher than the one from Daven-
port et al. (2000). The high regression slope
reported by Davenport et al. (2000) might be due
to higher density of the crops when compared to
the natural vegetation studied by Hopkinson
(2004b). Dense crops create a continuous canopy
cover and most laser pulses will reflect of the top of
the canopy thereby limiting the variation in the
vertical distribution. In a comparative study,
Hopkinson et al. (2004a) concluded that vegeta-
tion height estimation of aquatic vegetation is
associated with the largest errors. This is due to the
low reflectivity of the water, preventing accurate
determination of the ground surface elevation;
hence this vegetation height should be regarded as

a minimum value. These results indicate that, for
individual laser data sets, the explained variance is
high. However, the empirical relations differ
greatly and therefore must be determined for each
survey using ground reference data.

Asselman (2002) estimated vegetation height
of meadows and herbaceous vegetation in a
floodplain area under winter conditions from laser
data with a point density of 10 points m 2. She
calculated laser-derived vegetation height as
the difference between the actual point height and
the minimum value in a local 1 m x 1 m window.
She recommended using the median value of the
laser data height distribution as predictor of veg-
etation height for meadows and herbaceous vege-
tation. However, large scatter was present and no
regression analyses were carried out.

When compared to forestry studies (Table 1),
results on low vegetation in summer (Table 3) are
of slightly lower predictive quality. This, however,
is a major achievement given that the range of
vegetation heights that are predicted is much
smaller. Estimating herb vegetation height under
winter conditions remains a challenge.

Vegetation density and coverage of herbaceous
vegetation

To date, little progress has been reported on the
estimation of density of low vegetation using air-
borne laser scanning data. Asselman (2002) found
only very poor relations between height distribu-
tion of laser scan data and the vegetation density
of low floodplain vegetation. Therefore she
established a lookup table to assign vegetation
density values to areas with a specific vegetation
height range to enable roughness computation.
Mason et al. (2003) got around this problem by
using vegetation height only as input for their
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hydrodynamic model. Vegetation coverage can be
seen as a parameter that is related sideways to
vegetation density, as correct estimation of vege-
tation coverage is a prerequisite for vegetation
density prediction. Weltz et al. (1994) concluded
for arid and semi-arid vegetation that laser altim-
etry data consistently overestimated coverage of
vegetation lower than 0.3 m and underestimated
vegetation cover of vegetation higher than 0.5 m,
due to noise in the laser signal and an inaccurate
estimation of higher vegetation. Ritchie et al.
(1993) concluded that laser estimates of vegetation
coverage for vegetation higher than 1 m were
consistent with field reports. However, while veg-
etation cover can be predicted accurately using
laser data, predictive models for vegetation density
still have not yet been established. Vegetation
density determination from laser scanning data
thus remains a challenge.

Meadows and unvegetated areas

Meadows and unvegetated areas are both consid-
ered as the same land cover type in most papers
reporting on laser scanning. The vertical precision
of the laser height measurements, expressed as the
standard deviation of unvegetated flat terrain,
varies between 0.04 m (Davenport et al., 2000)
and 0.07 m (Hopkinson et al., 2004a). The accu-
racy of laser-derived DTMs of unvegetated areas is
10-20 cm according to theoretical considerations
(Huising & Gomes Perreira, 1998), later confirmed
by empirical analysis (Hodgson & Bresnahan,
2004). The resulting height range in laser scan
data of flat, unvegetated areas will be thus in the
order of 20 cm. With this precision, accurate esti-
mation of vegetation height and density for
meadows is unlikely using discrete return laser
systems. No studies have reported on the use of
waveform digitizing laser scanners to estimate very
short vegetation or unvegetated areas. Large
footprint waveform digitizing lasers are also not
suitable for this task, as it will be impossible to
distinguish between small irregularities in the
ground surface elevation and the vegetation.
However, small footprint waveform digitizing
laser scanners might improve the vegetation height
estimates of low vegetation because ground ele-
vation differences can be ignored over such small
areas in case of relatively flat floodplains. More-

over, the errors from GPS and INS do not affect
the digitized waveform.

Discussion and conclusion of the review

Airborne laser scanning is an emerging technique
with broad applications in vegetation struc-
ture mapping. Vegetation height of forests and
herbaceous vegetation in summer can be mea-
sured reliably. Parameters related to vegetation
density have been studied by many studies in
forestry, and can be determined almost equally
accurately well as forest height. Still, different
laser-derived statistics are used to predict the
same forest characteristic, and when the same
statistic is used in different areas, regression
coefficients with vegetation height and density
vary a lot. The same holds for the vegetation
height of low vegetation. Extraction of vegeta-
tion height and density of herbaceous vegetation
under winter conditions still remains to be
investigated. This indicates that in the near fu-
ture field data will remain necessary to establish
regression models to predict vegetation structure
using airborne laser data. The reasons for this
are all the parameters which influence the mini-
mum detectable object as listed in section 3. A
solution could be a physically based model in
which ray tracing of laser pulses is combined
with a 3D vegetation model (Kay & Kajiya,
1986). However, such a physically based model
would not be trivial as many parameters should
be taken into account like: flying height, scan
pattern and angle, beam divergence, laser
power, detection threshold of the receiver, 3D
structure and reflectivity of woody vegetation,
reflectivity and orientation of leaves, soil reflec-
tivity and multipath effects of the laser pulse in
the vegetation.

Case study: vegetation mapping of Dutch
floodplains

As a first assessment of applicability of laser
scanning data for prediction of floodplain vegeta-
tion structure in winter conditions, we evaluated
different statistics of laser data of a floodplain
along the Lower Rhine in the Netherlands.



The ‘Duursche Waarden’ floodplain study area

The ‘Duursche Waarden’ floodplain (Fig. 4) along
the IJssel river, the smallest distributary of the
river Rhine in the Netherlands, was used as test
area for vegetation mapping using airborne laser
altimetry. The floodplain consists of a large
meander along the concave bank of the main
channel, and includes two man-made side chan-
nels, and a small river dune. The area is partly
used as meadow and arable land, while large areas
have become nature area. The vegetation comprises
(Koppejan, 1998): (1) softwood forest willow,
(Salix alba, Salix viminalis), poplar (Populus nigra,
Populus x canadensis), (2) hardwood forest with
oak (Quercus robur), ash (Fraxinus excelsior) and a
small pine stand (Pinus sylvestris) on a river
dune, together with (3) reed marshes (Phragmites
australis), and (4) herbaceous vegetation with
sedge (Carex hirta), sorrel (Rumex obtusifolius),
nettle (Urtica dioica), thistle (Cirsium arvense) and
clover (Trifolium repens). Within the floodplain,
some gravel and clay pits occur. At the upstream
side the floodplain is protected from low-magni-
tude floods by a minor dike. Inundation of the
floodplain usually occurs in winter, so surveys
of vegetation structure related to hydrodynamic
roughness were also undertaken during the
winter season.

(a) (b) Roughness
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Data collection

The laser data was collected in winter (March 11,
2001). First pulse, small footprint data was col-
lected from low flying heights (~80 m). Point
densities varied between 5 and 12 points m™2. The
right panel in Figure 4 shows height differences in
the laser data within moving window with a 1 m
circular radius. Simultaneously with the laser data,
vegetation height and density were measured in the
field on 39 plots of size 200 m* or larger in the
same floodplain (Fig. 4c). Vegetation density was
determined from the product of number of stalks
or stems per unit area and the average stalk or
stem diameter. The average stem diameter for each
plot was based on 30 individual measurements
using a sliding gauge. Vegetation height was based
on 30 individual measurements using a measuring
rod. Vegetation height of forests was not measured
as the trees reach above the maximum flood water
levels.

Vegetation structure in laser data

Figure 4c shows the height differences in moving
local circular window with a 1 m radius, which is
based on the unsegmented laser scanning point
cloud. Obvious similarities are present in the dis-
tribution of forest ecotopes and high values in the

High : 41.7

Low : D.OI

hrubs

Figure 4. ‘Duursche Waarden’ floodplain. (a) location, (b) roughness map based on ecotopes, (c) local height differences from laser
scanning data, black dots show the locations of the field data. The black rectangle indicates the location of Figure 5.
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laser image. Shrubs and young forests show
intermediate values and grasslands are character-
ized by small local height differences. However,
when zooming in, both field and laser data show
large variation within specific ecotopes. Table 4
compares the vegetation structural characteristics
based on the lookup table of Van Velzen et al.
(2003), which are used in hydrodynamic model-
ling, with the range of field values of vegetation
height and density and the range of three selected
laser-derived parameters. Both laser and field data
show variation of more than one order of magni-
tude within a specific ecotope. An example of this
difference is given in Figure 5, where the ecotope
‘forest wetland’ is classified as having a vegetation
density of 0.023 m? m ™, but includes areas of high
and low vegetation with a vegetation density in the
field ranging between 0.019 and 0.19 m* m™>.
Figure 6 shows laser point clouds and local
histograms of field plots with variable size. Four
typical types of vegetation within the floodplain
are depicted. Maximum inundation depth during
flooding is 5 m at these locations. The difference

between open (Fig. 6a) and dense (Fig. 6b) forests
is clearly visible in the laser point cloud (middle
column) and the resulting histogram (right). Also
the LAI values, computed over the 0.5-2.5m
height range, increase with increasing vegetation
density. LAI is 0.015 for open forest and 0.028
for dense forest. The ground surface is also
clearly recognizable. Laser scanning also detected
herbaceous vegetation in winter (Fig. 6¢). Here,
point density progressively decreases with height
above the ground, which indicates that stalks are
recognizable. Most laser returns (up to 90%)
represent the ground surface. Therefore, the med-
ian value of a laser point cloud is not a good
parameter to predict vegetation height. The grad-
ual decrease in point density with height indicates
that it is difficult to separate laser points reflected
from the ground surface from points reflected
from vegetation. The point cloud and resulting
histogram of a meadow is indicated in Figure 6d.
The histogram shows an almost perfect Gaussian
error distribution. Standard deviation is 4 cm and
the range is 30 cm.

Table 4. Comparison of model input to observed values of vegetation height and density and laser-derived parameters

Hydrodynamic model input

Range of field values

Range of selected laser-derived parameters

Ecotope type®

Height (m)°® Density (m™2/m™)® Height (m) Density (m~2/m™>) Std Dev. (m) D5

LAI¢ 1072 (m™)

Hardwood forest — 0.023 -
Softwood forest — 0.023 -
Softwood shrubs 6 0.13 5-7
Natural grassland 0.1 12 0.1-0.7
Meadow 0.06 45 0.02-0.07

0.005-0.056 1.8-5.5 10.3-22.4 0.3-3.8
0.015-0.19 4.4-8.5 54-279 1.4-19
0.08-0.11 0.7-2.3 2.7-1.3 920

0.0003-0.065 0.03-0.11 0.16-0.38 1.3-16

0.015-0.035 0.13-0.20 0.7-3.2

aBased on Jansen & Backx (1998), ®Based on Van Velzen et al. (2003), °95 percentile of the relative height distribution, %leaf area index.

Laser height (m) ’x
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[ herbaceous grassland
[/ forested wetland

Figure 5. Detail of the Duursche Waarden floodplain: laser image (left) and ecotope map (right). The laser image shows much more

detail than the ecotope map.
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Figure 6. Examples of the influence of vegetation characteristics on the vertical point distribution. Open forest (a) shows less laser hits
just above the ground surface than dense forest (b). Herb stalks are detectable (c). Meadows show a Gaussian error distribution (d).
Dv =vegetation density, Hv = vegetation height, Z(m) =height above local zero plane (m), X(m)=Ilocal easting (m), LAI=Leaf Area

Index (m™).

Prospects: the future of airborne laser scanning
in floodplain management

Floodplain vegetation structure is spatially heter-
ogeneous, and will vary in time due to vegetation
succession (Baptist et al., 2004; Jesse, 2004). Air-
borne laser scanning is a promising tool to extract

vegetation structural characteristics. Typical dif-
ferences in forest structure within floodplains are
easily recognizable from local differences in the
laser point cloud, but also the ability to determine
vegetation density of forests seems likely. How-
ever, a first step in data processing should be the
classification of vegetation types, because the
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empirical relations are vegetation-type specific.
Forest, shrubs and herbaceous vegetation are dis-
cernable from vegetation heights derived from
laser data, but meadows and agricultural lands are
not. Therefore, boundaries between vegetation
types should be generated using an object-based
classification algorithm based on spectral and laser
data, for example as in Hay et al. (2003).
Vegetation density of floodplain forests could
be predicted using the LAI method of MacArthur
& Horn (1969), a canopy density based on Nasset
(2002) or individual tree delineation. Herbaceous
vegetation in winter can be detected by laser
scanning. Since previous studies focused on crops
and grasslands in summer condition, research of
floodplain vegetation roughness should focus on
detailed investigation of the relation between the
laser scanning data and field measurements of
vegetation height and density of herbaceous veg-
etation under winter conditions. Special attention
should be paid to the reconstruction of DTMs
under these vegetation types, since a large pro-
portion of the laser points are reflected from the
ground surface. Due to the noise in the currently
available laser scanning data, it seems impossible
to determine vegetation height of floodplain
meadows. Full waveform digitizing data may
improve these estimates. Thus, from the literature
review and the first field assessment for the lower
Rhine floodplain airborne laser scanning data
seems a promising tool for hydrodynamic rough-
ness determination for vegetation types other than
meadows. Compared to spectral data, laser scan-
ning offers the ability to map the 3D structure of
vegetation, avoiding the use of lookup tables with
their inherent data loss. Combining laser scanner
data with spectral data may provide an adequate
solution to classify unvegetated areas and mead-
ows. In this case, a lookup table still needs to be
used to convert land cover to roughness values.
Management of floodplains involves compar-
ing costs of different techniques. Laser scanning
mapping of vegetation structure is more expensive
than traditional airborne photography. Hartmann
et al. (2004) conclude that a combination of mul-
tispectral remote sensing and laser scanning is five
times more expensive for roughness determination
than the traditional method. Increased scan fre-
quency of the laser system would allow acquisition
of the laser data from higher altitudes, covering

larger areas in a single flight strip while preserving
the required point density. In the future, such
technical developments may reduce acquisition
cost. Laser altimetry data provides useful infor-
mation for various other applications like flood-
plain morphology, 3D shape of groynes, location
of shorelines and break lines (Bollweg et al., 2004).
For example, for groyne monitoring and flood-
plain DTM generation, laser scanning is cheaper
than conventional methods like terrestrial height
measurements or analytic photogrammetry. This
indicates that laser scanning is particularly suitable
for floodplain management if multiple end prod-
ucts are derived from the laser data.
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Abstract

Many European rivers are characterized by a canalized main channel, steep stony embankments, the
absence of aquatic vegetation, regulated flow dynamics, reduced hydrological connectivity to the
floodplains and a lack of spawning and nursery areas for many fish species. In such regulated rivers,
tributaries may be particularly important for recruitment of fish populations in the main channel. This
paper describes the reproduction, growth and migration of fishes in the Everlose Beek, a regulated
lowland tributary stream of the river Meuse (The Netherlands), using bi-weekly sampling from January
to December 2002. A total of 8615 fishes were caught, belonging to 13 different species. The fish species
were classified into three groups, viz., residents, migrants and transients, based on the presence of
various life-stages in the tributary. Size-frequency data suggest that each group uses the Everlose Beek
differently: (i) Stone loach (Barbatula barbatula), Gudgeon (Gobio gobio) and Three-spined stickleback
(Gasterosteus aculeatus) were resident species using the tributary as a spawning, nursery and adult
habitat; (ii) Bream (Abramis brama), Roach (Rutilus rutilus), Rudd (R. erythrophthalmus), Tench (Tinca
tinca), and Pike (Esox lucius) were migratory species, using the tributary as a spawning area, as well as
a nursery habitat during their first year of growth, but migrating towards the river Meuse typically at a
length of 5-15 cm; and (iii) Bleak (Alburnus alburnus), Sunbleak (Leucaspius delineatus), Carp (Cyprinus
carpio), Crucian carp (Carassius carassius), and Perch (Perca fluviatilis) were transient species, char-
acterized by an absence of reproduction, "and the occurrence in very low densities of >age-1 juveniles
and adults only. Lowland tributaries, such as the Everlose Beek, can contribute to the recruitment of
particularly migrant species, hence contributing to fish populations of the regulated river Meuse.

Introduction corridor (River Continuum Concept; Vannote
et al., 1980) and transversal linkages to floodplain
Natural river systems consist of a main (braided) water bodies (Flood Pulse Concept; Junk et al.,

channel, providing longitudinal linkage within the 1989). Along the longitudinal axis, however, the
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canalization of many north-west European low-
land rivers has resulted in a severe loss of habitat
heterogeneity. Since spatial and temporal variation
in structural habitat complexity is one of the most
important conditions for the existence of well
balanced aquatic riverine communities, this has
generally resulted in impoverished communities in
the main channel (Gorman & Karr, 1978; Schlosser,
1991; Jungwirth et al., 1993; Townsend & Hil-
drew, 1994; Jurajda, 1995; Nilsson et al., 1997;
Ward et al., 2002; Aarts & Nienhuis, 2003).
Moreover, European large rivers have an impor-
tant transport function. The intense shipping
traffic has, both directly and indirectly, detrimental
impacts on the fish fauna. The continuous wave
action has a direct negative impact on the survival
of fish eggs and larvae (Arlinghaus et al., 2002;
Wolter & Arlinghaus, 2003). Indirectly, the wave
action and heavy eutrophication together with the
resulting turbidity of the water column, prevent
the establishment of aquatic vegetation in the main
channel (Admiraal et al., 1993). Since, macrophyte
beds serve as obligate spawning substrates for
phytophilic species, as shelter for juveniles and as
rich foraging habitats for adults, shipping traffic
also (indirectly) exerts an effect on the fish fauna
by rendering the main channel unsuitable for
many fish species (Arlinghaus et al., 2002; Wolter
& Arlinghaus, 2003). Along the transversal axis of
the main river channel, the physical and ecological
interactions (Schiemer, 1985; Ward, 1989; Calow
& Petts, 1994; Van den Brink, 1994; Allan, 1995;
Welcomme, 1995; Petts & Amoros, 1996; Ward
et al., 2002) have become disrupted by the place-
ment of dikes, dams and weirs (Dynesius &
Nilsson, 1994). This regulation of flow has led to a
decline in natural water level variations. As a
consequence, floodplain lakes and other off-chan-
nel water bodies have effectively become isolated
from the main channel and the ecological func-
tioning has become disrupted (Bain et al., 1988;
Ward & Stanford, 1995; Van den Brink et al.,
1996; Aarts et al., 2004). The reduced habitat
heterogeneity, the intense shipping traffic and the
disrupted ecological function of floodplains have
had severe adverse consequences for the avail-
ability of spawning and nursery habitats for many
fish species in large rivers (Jungwirth et al., 1993;
Vriese et al., 1994; Jurajda, 1995; Copp, 1997;
Jurajda, 1999).

When studying fish ecology in regulated riv-
ers, the importance of lowland tributaries is
commonly overlooked, as attention is focused on
the main channel and its immediate off-channel
habitats, such as flood-plains or man-made sec-
ondary side channels (Simons et al., 2001; Buijse
et al., 2002; Grift et al.,, 2003). However, in
regulated rivers with reduced availability of
spawning and nursery habitats, potential
recruitment from tributaries may be particularly
important. Unfortunately, natural free-flowing
lowland tributaries are hardly found anymore in
the Netherlands (Verdonschot & Nijboer, 2002)
and other Western European countries (Wolter,
2001, Verdonschot & Nijboer, 2002; Nienhuis
et al., 200b). Nevertheless, although most low-
land tributaries are regulated (Verdonschot &
Nijboer, 2002), they are often characterized by
abundant aquatic vegetation and extensive or even
no shipping traffic. As a result, regulated lowland
tributaries often harbour a diverse fish fauna
(Delmastro, 1982; Steinberg, 1992; Vandelannoote
et al.,, 1998; Crombaghs et al., 2000), from
which fishes can be recruited for populations in
the main river, either through drift of larvae
(Robinson et al., 1998; De Graaf et al., 1999;
Reichard et al., 2002) or through migration of
juveniles (Borcherding et al., 2002). Surpris-
ingly, however, although most lowland streams
have been influenced by man, little is known
about the ecological function of such regulated
stream ecosystems. Very few studies have fo-
cused on the ecology of fishes in regulated
lowland streams, and quantitative data
describing ecological links between regulated
tributaries and the main channel are largely
lacking.

To gain a better insight into the ecology of
fishes in regulated tributaries and their links to
the main river channel, size-frequency data were
collected from the fish fauna of the Everlose
Beek, a regulated lowland tributary of the
river Meuse (the Netherlands), during January—
December 2002, using a single standardized
sampling technique. The first objective of the
present study was to determine whether, and if,
which species use the lowland stream as (i) a
reproduction habitat, (ii) a nursery area for lar-
val and juvenile 0+ stages, and (iii) as an adult
habitat. Since, recruitment of fishes is largely



determined by survival and growth over the first
year (Kirjasniemi & Valtonen, 1997), our second
objective was to study the growth of 0+ fishes in
the Everlose Beek. We furthermore hypothesized,
that due to the shallow nature of the Everlose
Beek, it would not necessarily provide a suitable
habitat for larger (adult) individuals. Therefore,
as a third objective, we assessed whether certain
species display ontogenetic migration, from the
tributary stream towards the river Meuse.

107
Materials and methods
Study area

The western bank of the river Meuse, in the prov-
ince of Limburg (The Netherlands), features many
regulated lowland tributary streams, with a total
estimated length of >500 km, which discharge
into the river (Fig. 1). The tributaries are charac-
terized by an unnatural hydrology because they are

(b)

Figure 1. (a) The river Meuse, flowing through France, Belgium and the Netherlands, where it discharges into the North Sea. (b) Map
of the river Meuse in the Province of Limburg (The Netherlands), showing the lowland tributary streams on its western bank. These
lowland streams are supplied by water originally deriving from the river Meuse. The black arrows indicate the flow direction and the

hatched out area indicates the study area, the Everlose Beek.
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indirectly supplied with water from the river Meuse
itself, via canals. Water enters the Zuid-Will-
emsvaart canal near Maastricht, which in turn
supplies water to the tributaries, ultimately dis-
charging back into the Meuse further downstream
(Fig. 1). Fishes can only access these streams from
upstream reaches near Maastricht, whereas move-
ment in the tributaries is restricted to unidirectional
migration in a downstream direction, due to the
presence of a large number of weirs.

The Everlose Beek was chosen because it is a
typical regulated lowland tributary of the Meuse,
closely resembling other lowland streams in the
Province of Limburg (Fig. 1) in terms of mor-
phology, hydrology, vegetation, and fish fauna
(Crombaghs et al., 2000). It is characterized by a
shallow water depth (0.1-0.6 m), low stream
velocities (0.1-0.5 m s™'), a width of 1-10 m, a
variety of substrates (silt, mud, sand, and stony
bottoms), and locally dense vegetation (featuring,
e.g. Potamogeton perfoliatus, P. natans, Myrio-
phyllum spicatum, Ceratophyllum demersum, Elo-
dea canadensis, Ranunculus circinatus, Sparganium
emersum, Sagittaria sagttifolia, Sium latifolium,
Glyceria maxima, Mentha aquatica, and Myosotis
scorpioides).

Sampling procedure

Due to the shallowness of the tributary, fishes are
most effectively sampled with hand nets
(Crombaghs et al., 2000). Sampling gear consisted
of a small round dip net (diameter 17.5 cm; mesh
size 1.0x 1.0 mm?) for collecting fish embryos and
larvae, and two types of D-shaped landing nets
(60x40 cm?* mesh sizes 1.0x1.0 mm> and
70x50 cm?; 3.0x3.0 mm?) for collecting larvae,
juveniles, and adults. During 2002, fishes were
sampled weekly to biweekly (a total of 36 sampling
days). On each sampling day, several river stretches
(mean £ SE of 4.5+ 0.3 locations per sampling day)
were sampled according to the following stan-
dardized procedure. Two fishermen were positioned
in the stream, facing upstream, holding the straight
side of the D-shaped nets on the bottom. A third
person waded towards them from an upstream
position, while holding the D-shaped net on the
bottom. This allowed mobile fish species that nor-
mally swim away at the first sign of danger (typically
in a downstream direction), to be captured. Next,

the three fishermen walked the same stretch again in
the upstream direction, specifically sampling the
more structurally complex habitats, such as dense
vegetation, overhanging tree roots and stony bot-
toms (using their feet to turn over the stones, while
keeping the mouth of the net behind the stones
facing upstream). This allowed them to capture the
remaining fish species, which utilize complex habi-
tats for shelter rather than escaping by swimming
away quickly. Embryos, larvae and small juveniles
were taken to the laboratory for identification,
using the key by Pinder (2001). Larger juveniles
(>4 cm) and adults were identified and measured in
the field, and subsequently released. Fork length
was measured to the nearest mm for fishes smaller
than 20 cm and to the nearest cm for larger fish.
Fish densities were expressed as numbers of fish
collected per 100 m? of sampled area.

Growth model

The growth of 0+ fish was followed by regularly
sampling the fish fauna from the Everlose Beek.
Observed lengths were plotted against sampling
date, showing the length increase over time. The
average growth of 0+ fishes in a population was
described by the Gompertz equation (Molls, 1997;
Gamito,1998):

Ly =Kx e
In this equation, L(¢) represents the length of the
fish at time ¢ (=0 being the time of first appear-
ance of larvae), K the upper asymptotic growth, M
the time of maximum growth and r a growth
related parameter. For each sampling date, the
average length was calculated and regressed
against predicted values of the Gompertz equa-
tion, by means of nonlinear regression using
STATISTICA version 6.0 (StatSoft Inc., Tulsa,
Oklahoma, U.S.A.). The program uses a least
squares estimation procedure (Levenberg—Mar-
quardt) to minimize the sum of squared deviations
of the observed values from those predicted by the
model (StatSoft Inc., Tulsa, Oklahoma, U.S.A.).

Classification

Fish species were classified into different groups,
based on the absence or presence of different



life-stages. The analysis was based on a distinction
between five different life-stages (Table 1): (i) larval
stage, defined as length at birth up to the length at
ontogenetic transition to the juvenile stage, (ii) 0+
juvenile stage, defined as the length at ontogenetic
transition to the juvenile stage up to the average
length attained after one year, (iii) >1+ juvenile
stage, defined as the average length attained after
one year up to the length at sexual maturity, (iv)
small adults and (v) large adults. Length ranges of
these life-stages for each species were mainly based
on ranges found in the Netherlands (Table 1). Spe-
cies were grouped by means of cluster analysis,
using Bio Diversity Professional Beta 1 (McAleece,
1997). The classification, based on presence—ab-
sence data of the different life-stages (Table 1), was
performed by calculating Jaccard coefficients. The
complete linkage algorithm was used, as this algo-
rithm is most suitable for the derivation of discrete
groups (Jongman et al., 1995).

Results
Seasonal dynamics

A total of 8615 fishes belonging to 13 different spe-
cies were caught in the Everlose Beek. Monthly
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length-frequency distribution data for the eight
dominant species are presented in Fig. 2, showing
seasonal variation in fish densities and length clas-
ses. These eight species, i.e. Three-spined stickle-
back, Stone loach, Gudgeon, Roach, Bream, Tench,
Rudd, and Pike, showed fish densities that were high
during the summer and low during the winter, pri-
marily caused by a sudden increase in the number of
larvae during spring and summer. Juveniles and
adults of Three-spined stickleback, Stone loach, and
Gudgeon were present throughout the year. Roach,
Bream, Tench, Rudd, and Pike were mainly repre-
sented by larvae and juveniles. Small adults were
occasionally captured, typically in spring and in low
densities, whereas larger adults were notably absent
throughout the year (Fig. 2). The remaining five
species that were caught in the Everlose Beek, i.e.
Bleak, Sunbleak, Carp, Crucian carp, and Perch,
were rarely captured (not shown in Fig. 2), and the
absence of larvae and juveniles suggests that these
species did not reproduce in the tributary. For these
species, no seasonal trend in either densities or size
classes could be inferred.

Reproduction and growth

Larvae and 0+ juveniles were observed for eight of
the 13 species. The presence of recently hatched

Table 1. Size-classes (in cm) representing the five life-stages for each species, used for the Jaccard clustering

Species Life Stages

I 11 111 v \%
Stone loach (Barbatula barbatula) 0.35-1.8 1.9-4.5 4.6-5.5 5.6-8.0 8.1-10.0
Gudgeon (Gobio gobio) 0.5-1.3 1.4-5.0 5.1-8.0 8.1-10.0 10.1-14.0
Three-spined stickleback (Gasterosteus aculeatus) 0.4-1.5 1.6-4.0 * 4.1-5.0 5.1-6.0
Bream (Abramis brama) 0.45-1.9 2.0-4.5 4.6-15.0 15.1-40.0 40.1-85.0
Pike (Esox lucius) 0.9-2.6 2.7-20.0 20.1-35.0 35.1-60.0 60.1-120.0
Tench (Tinca tinca) 0.35-1.9 2.0-4.5 4.6-17.0° 17.1-45.0 45.0-70.0
Roach (Rutilus rutilus) 0.6-1.7 1.8-6.0 6.1-17.0 17.1-30.0 30.1-40.0
Rudd (Rutilus erythrophthalmus) 0.45-1.7 1.7-6.0 6.1-15.0 15.1-30.0. 30.1-45.0
Bleak (Alburnus alburnus) 0.5-1.4 1.5-5.5 5.6-8.5 8.6-15.0 15.1-25.0
Sunbleak (Leucaspius delineatus) 0.45-1.5 1.6-2.0° 2.1-5.0 5.1-7.5 7.5-10.0
Carp (Cyprinus carpio) 0.5-1.7 1.8-10.0 10.1-40.07 40.1-70.0 80.1-100.0
Crucian carp (Carassius carassius) 0.5-1.7 1.8-4.0 4.1-15.0 15.1-35.0 35.1-50.0
Perch (Perca fluviatilis) 0.5-2.1 2.2-7.0 7.1-15.0 15.1-30.0 30.1-45.0

*Three-spined stickleback attained sexual maturity in its first year. Life-stages: 1. Larval stage'; 1. 0+ juveniles’% III.> 1+ juve-
niles®** TV. Small adults®* V. Large adults®* (length ranges are based on: 'Pinder (2001), *Pollux et al. (2004), *De Nie (1996),
4Crombaghs et al. (2000), *Brylifiska et al. (1999), °Gozlan et al. (2003) and "Barus et al. (2002)).



v oo
TR i S T
[SRTI-R XY AR S

(W) yibuaT

o
ileovogromno
o

hid
SodYohd LML

0z-GL

€T
L
-0

Lo

oL

0oL

0001

Lo

ol

0oL

ooolL

Lo

ol
0oL

0001

0ol

000l

ol

0oL
0001

| | el
e
= =
R )
s B
g

L0
L
oL

0ol

000l

Lo

L
|

0oL

: 000l

Ll ol

0001

Lo
L
oL

0ol

0001

oL

0ol

000l

L0

ol

ool

0001

R

EREFFER B

il

& =
"EEEEN
B | B
—_—
. | .

[X]

(o]

0oL

0001

110

yous|

UleelelY

paulds-eaiy]

JODO| 8UOJS

08(

AON

20

desg

BNy

nr

unpe

ADIN

ION

SF

uor

(,w 001 Jed siequunN) Alsueq



111

Pl
<«

Figure 2. Monthly size-frequency distributions of Stone loach (Barbatula barbatula), Three-spined stickleback (Gasterosteus aculea-
tus), Gudgeon (Gobio gobio), Roach (Rutilus rutilus), Rudd (Rutilus erythrophthalmus), Tench (Tinca tinca), Pike (Esox lucius) and
Bream (Abramis brama) from the Everlose Beek in 2002. Fork length on the x-axis (only observed size classes are presented) and

numbers of fish per 100 m? on the y-axis (note the log-scale).

larvae (Fig. 3a), suggests that reproduction oc-
curred in the Everlose Beek (cf. Nunn et al., 2002).
Plots of observed lengths against sampling dates
(Fig. 3a) show differences between species with
respect to the beginning and duration of larval
occurrences. Larvae of Pike were observed earliest
(from April), those of Rudd last (until September).
Stone loach had the longest period in which larvae
were found (during May—July). Average growth
curves and Gompertz growth equations are pre-
sented in Figure 3b. The consistent growth pat-
terns, derived from regularly sampling larvae and
juveniles, indicate that the eight species use the
Everlose Beek as a nursery area during their first
year.

Classification and migration

The cluster analysis, based on the presence of life-
stages in the Everlose Beek (Table 1) revealed
three different groups (Fig. 4). Group 1 consists
of the three smallest species (maximum lengths
ranging from 5 to 15 cm), for which all life-stages
(from larvae to adults) were found in the tribu-
tary (Fig. 5). This group represents the numeri-
cally dominant species, accounting for 69% of all
collected fishes in this study (Fig. 6¢). The species
in Group 2 are characterized by the predominant
presence of larvae and juveniles (Fig. 5), sug-
gesting that when they reach a certain size these
species leave the tributary and migrate to the
main river channel. The cut-off lengths at the
x-axis (indicated by a black arrow) give an
approximate indication of the size at migration
(Cocheret de la Moriniére et al., 2002): 5-15 cm
for Bream, Tench, Rudd and Roach (coinciding
with the size at sexual maturity) and 20-60 cm
for Pike (Fig. 5). This group accounts for 30% of

all collected fishes in this study (Fig. 6¢). Group 3
consists of species of which predominantly larger
juveniles and adults were captured in the tribu-
tary (Fig. 5). Here, the absence of larvae and
small juveniles suggests that these species origi-
nate from upstream areas. This group represents
the numerically rare species, accounting for less
than 1% of all collected fishes in this study
(Fig. 6c).

Discussion

Fish species can use tributaries during different
life-stages (as larvae, juveniles, adults) for different
reasons (e.g. reproduction, growth, food, shelter)
and at different periods (e.g. different secasons).
The results of the present study show that the fish
species of the Everlose Beek can be roughly clas-
sified into three groups, viz. residents, migrants
and transients, each group using the tributary in a
different way (Fig. 6).

Residents (Group 1)

Residents are species that complete their whole life
cycle in the tributary, using it as a spawning,
nursery and adult habitat (Fig. 6a). They are
among the most abundant species (comprising
69% of the total catch in the Everlose Beek
(Fig. 6¢)). The results show that Stone loach,
Gudgeon and Three-spined stickleback in the
Everlose Beek are resident species. Although it
cannot be excluded that some individuals in the
Everlose Beek move downstream, either by drift or
migration, the monthly size-frequency distribu-
tions show that fish densities of residents remain
stable throughout the year, though gradually

»

>

Figure 3. Growth of Stone loach (Barbatula barbatula), Three-spined stickleback (Gasterosteus aculeatus), Gudgeon (Gobio gobio),
Roach (Rutilus rutilus), Bream (Abramis brama), Rudd (Rutilus erythrophthalmus), Tench (Tinca tinca), and Pike (Esox lucius): (a) 0-
age fishes captured in the Everlose Beek during January—December 2002. Each black dot represents one or more 0-age fishes, the gray
dots on the x-axis indicate the sampling dates, the dashed lines indicate length at hatching (Pinder, 2001), the continuous lines indicate
length at transition from larval to juvenile stage (Pinder, 2001) and N signifies the total number of 0-age fishes that were captured. Note
the different scales on the y-axis for each species. (b) Average 0-age growth curves calculated by regressing average fish length at each
collection date (black dots) against predicted values of the Gompertz growth function.
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Figure 4. Complete linkage of presence—absence data for the different life-stages (Table 1), using Jaccard coefficients.

decreasing somewhat during fall and winter, indi-
cating winter mortality rather than migration.
Other studies have reported that resident species,
such as Gudgeon, occupy a ‘home range’ (Gerking,
1953) and exhibit only restricted movements over
small geographical distances, although a relatively
small part of the population may sometimes dis-
play more migratory behaviour (Stott, 1961, 1967;
Banarescu,1999). In the Everlose Beek, residents
are species which find suitable spawning and nurs-
ery habitats in the slow-flowing and densely vege-
tated lowland streams (i.e.  phytophilic,
phytolithophylic or psammophilic species accord-
ing to Balon, 1975, 1981). Moreover, they will most
likely be small species (with a maximum size range
of approximately 5-15 cm), enabling them to find
sufficient food and wintering habitats in the shallow
streams (see below). Apart from the Stone loach,
Gudgeon and Three-spined stickleback found in the
Everlose Beek (in the present study) this group may
also include species like Nine-spined stickleback
(Pungitius pungitius), Spined loach (Cobitis taenia),
and Eastern mudminnow (Umbra pygmaea), which
have not been observed in the Everlose Beek but
have been found in some of the other tributaries
shown in Fig. 1 (Crombaghs et al., 2000).

Migrants (Group II)

Migrant species are characterized by the absence
of larger adult size-classes (Fig. 5). Although it is

known that the sampling technique, deployed in
this study, tends to underestimate the presence of
larger size-classes, compared to e.g. electro-fishing
(Dorenbosch et al., 2000), it is unlikely that the
absence of adult migrant individuals >15 cm is
solely due to sampling selectivity. The capture of
large adult individuals of highly mobile transient
species, such as Carp (~30—40 cm), Crucian carp
(~35 cm) and Perch (~20—40 cm) argues against
this. Moreover, the capture of a specific size-class
of Bream (~30—40 cm; Fig. 5), during a restricted
period of the year (i.e., spring Fig. 2), strongly
suggests that Bream >15cm are simply absent
during most of the year. Therefore, it is suggested
that the absence of individuals >15 cm is not due
to sampling selectivity, but the result of ontoge-
netic migration. Larvae and juveniles of migrant
species use the tributary as nursery habitat, how-
ever, at some moment during their life cycle, typ-
ically as juveniles or small adults, they leave the
tributary and migrate to the River Meuse
(Fig. 6a), resulting in a low abundance or even
absence of adults in the tributary during most of
the year (Fig. 6d). The results suggest, that this
ontogenetic migration occurs at a length of
approximately 5-15 cm for Bream, Roach, Rudd
and Tench, and around 25 cm for Pike.
Ontogenetic migration is generally associated
with (i) ontogenetic changes in resource use (i.e.
diet shifts), (ii) reduced protection from pisci-
vores due to increased body size (i.e. the aquatic
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Figure 5. Relative abundance (%) of size-classes found in the Everlose Beek during 2002. The x-axes give the length ranges found in
the Netherlands (based on De Nie, 1996; Crombaghs et al., 2000). The vertical dashed lines represent the borders of the different life-
stages (see Table 1). The black arrows in Group 2 indicate the approximate length at ontogenetic migration from the tributary to the

River Meuse.

vegetation no longer provides sufficient protection)
or (iii) avoidance of intra-specific competition
(Persson & Crowder, 1998; Cocheret de la Mori-
niére et al., 2003). The ontogenetic migration from

the tributaries to the main river is most likely ini-
tiated by seasonal environmental changes in the
tributaries. During summer, the lowland tributar-
ies on the western bank of the river Meuse are (like
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Figure 6. Schematic representation of the way in which resident, migrant, and transient fish species utilize the lowland tributary
streams on the western bank of the river Meuse. (a) Residents complete their entire life-cycle in the tributary streams, migrants are born
in the tributary streams but display ontogenetic migration towards the river Meuse and transients merely pass through the systems of
canals and tributary streams without reproducing within the streams. (b) Adult migrant and transient fishes originate from upstream
areas (i.e., the Zuid-Willemsvaart or Noordervaart canals), migrate towards the Everlose Beek and ultimately migrate farther
downstream towards the river Meuse, displaying only unidirectional migration due to the presence of weirs. (c) Total catch (%) of
resident, migrant and transient species in the Everlose Beek. (d) Composition (%) of life-stages (i.e. larvae, juveniles and adults)
throughout the year (note the absence of adults for migrant species and the absence of larvae for transient species).

many lowland streams in north-west Europe)
characterized by abundant aquatic vegetation,
which provides structurally complex habitats
offering refuge and rich foraging areas for small
fishes (Rozas & Odum, 1988; Diehl & Koinijow,
1998; Grenouillet & Pont, 2001; Grenouillet et al.,
2001). However, during the late fall and winter, the
aboveground macrophyte biomass rapidly disap-
pears, reducing refuge potential for fishes. In
addition, flow velocity increases and water tem-
peratures display larger and more rapid fluctua-
tions, causing severe metabolic stress in fishes
(Schlosser, 1991). Consequently, fishes (particu-
larly larger >1+ individuals) migrate from the
shallow tributaries in the fall and move to deeper
water in the main channel which has a lower flow
velocity and shows smaller temperature fluctua-
tions (Nikolsky, 1963; Northcote 1978; Schlosser,
1991). Smaller individuals, up to a size of 15 cm,
survive the winter (just like residents) in small

coves in the riverbank, depressions in the riverbed,
among overhanging tree roots or, like Tench and
Rudd, under leaves or in mud.

Transients (Group 11I)

Transients are characterized by very low densities
(Fig. 6¢) and the absence of larvae in the tributary
(Fig. 6d). Transient species most likely originate
from upstream areas, i.e. the Zuid-Willemsvaart or
Noordervaart canals (Fig. 6b), and do not use the
Everlose Beek for their reproduction (Fig. 6a).
They may dwell in the tributary for a while but
ultimately migrate further downstream towards
the Meuse, most likely during late fall and winter,
when conditions in the tributaries change rapidly
and densities of these species are lowest.

The results suggest that Bleak, Sunbleak,
Perch, Carp, and Crucian carp can be considered
to be transient species. These transients are species



for which the shallow, slow-flowing, lowland
tributaries do not provide suitable spawning and
nursery habitats or optimal adult habitats. Carp
and Crucian carp prefer stagnant water bodies,
such as isolated floodplain lakes, both for their
reproduction and as adult habitats (Barus et al.,
2002), while adult Perch and Bleak prefer the
deeper and more open waters of the main channel
of the river Meuse (Lelek & Buhse, 1992), where
they find ample spawning and nursery habitats
(Vriese et al., 1994). The Sunbleak constitutes a
notable exception, finding its optimal habitat in
slow-flowing, densely vegetated ditches, canals and
narrow streams (Lelek & Buhse, 1992). The
Everlose Beek therefore provides a very suitable
habitat for this species. In the present study, very
few Sunbleak were caught and reproduction was
not observed. An earlier study by Akkermans
(1996), however, found a large number of Sun-
bleak during fish sampling (using the same stan-
dardized methodology), including larvae and small
juveniles (Akkermans, pers. comm.). Populations
of Sunbleak are known to show extreme fluctua-
tions in size across years, with densities varying
from sporadic in one year to explosively abundant
in another (Lelek & Buhse, 1992; Crombaghs
et al., 2000). Therefore, despite the absence of
larvae in 2002, the Sunbleak is more likely to be a
resident species, since it is able to reproduce in the
Everlose Beek, has a small adult size (<10 cm)
enabling it to survive the winter in the shallow
tributaries, and is also known elsewhere, as a non-
migratory species (http://www.fishbase.org).

Potential recruitment from lowland tributaries

During the last two centuries, modifications to the
geomorphology of the large lowland rivers Rhine
and Meuse have resulted in steep and fortified
stony embankments and a severe lack of aquatic
vegetation in the main channel (Nienhuis et al.,
1998; Rant, 2001; Nienhuis et al.,, 2002a, b),
leading to a greatly reduced or even absent
recruitment potential for limnophilic and rheo-
philic species (Vriese et al., 1994). In addition,
former floodplain areas directly adjacent to regu-
lated rivers have been turned into agricultural
land, greatly reducing the total floodplain area
along large rivers (Nienhuis et al., 2002a, b; Buijse
et al., 2002) agree with the change. Simulta-
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neously, flow regulation by means of dams and
weirs has led to a decline in natural water level
variations effectively leading to the isolation of the
remaining floodplain water bodies (Bain et al.,
1988; Dynesius & Nilsson, 1994; Ward & Stan-
ford, 1995; Aarts et al., 2004). The few remaining
floodplain lakes often have a depaupered fish
fauna, dominated by a few eurytopic species, such
as Bream, White bream and Roach (Van den
Brink et al., 1996; Grift et al., 2001; Buijse et al.,
2002). Newly created man-made habitats, such as
gavel-pit lakes and excavated secondary side-
channels connected to the main river, are mainly
used by eurytopic species, to a lesser degree by
rheophilic species, yet rarely by limnophilic species
(Neumann et al., 1994; Staas & Neumann, 1994,
1996; Simons et al., 2001; Grift et al., 2003). Not
surprisingly, the fish fauna of the large lowland
rivers Rhine and Meuse in the Netherlands is
currently dominated by eurytopic species (Van der
Velde et al., 1990; Admiraal et al., 1993; Van den
Brink et al., 1996; Raat, 2001).

What is surprising, however, is that despite the
apparent lack of spawning and nursery areas for
limnophilic species in the main channel, floodplain
lakes, gravel-pit lakes and secondary side-chan-
nels, a few limnophilic species, particularly Pike,
Tench and Rudd are still found in the river Meuse,
and although they are generally found in small
numbers, their occurrences have been quantified as
common to locally common by Admiraal et al.
(1993) and Crombaghs et al. (2000), respectively.
This has given rise to the hypothesis that the
recruitment sources for these predominantly
phytophylic spawners are situated elsewhere in the
river basin. The results of the present study suggest
that regulated lowland tributaries may act as such
recruitment sources, preventing the total extinc-
tion of these species in the River Meuse.

In the Netherlands, the Meuse is connected to
over a 100 lowland streams (Maris et al., 2003). The
lowland streams on the western bank of the Meuse
in the Province of Limburg (Fig. 1) alone already
have an estimated total length of over 500 km, with
an average width of approximately 5-10 m (the
eastern bank of the river Meuse also features
a number of tributary streams, not shown in
Fig. 1). Although most of these lowland streams
are to some degree regulated (natural free flowing
lowland rivers and streams can hardly be found in
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the Netherlands anymore; Verdonschot & Nijboer,
2002), they comprise an area of considerable size
consisting of slow-flowing, shallow-water habitats
with locally abundant vegetation, hence providing
suitable spawning and nursery habitats for many
species. The present study shows that phytophylic
(e.g. Rudd, Tench, Pike, and Three-spined stickle-
back), psammophilic (Stone loach and Gudgeon),
and polyphilic (Roach and Bream) spawners can
reproduce in these regulated streams. A few species
spend their entire lives in the shallow streams (the
residents), but other species display ontogenetic
migration to the river Meuse (the migrants). We
suggest that regulated lowland tributaries, such as
the Everlose Beek, may function as important
recruitment sources for many limnophilic species in
large rivers. We further suggest that the persistence
of the severely reduced populations of limnophilic
species in heavily modified rivers in north-western
Europe, such as the river Meuse, may be attributed
to recruitment from regulated lowland tributary
streams.
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Abstract

Amphibian distribution and assemblage structure were investigated along the last morphologically intact
river corridor in Central Europe (Tagliamento). Thirteen taxa were identified with Rana latastei and Bufo
bufo being the predominant species. In the main study reach, a 2 km? dynamic island-braided floodplain in
the middle section of the river, 130 water bodies were delineated that were situated either in the active
floodplain (82 sites) or in the adjacent riparian forest (48 sites). Results demonstrated that the active
floodplain increased appreciably the available habitat for amphibians, despite frequent disturbances by
floods or droughts. Amphibian richness within a given habitat was significantly correlated with distance
from vegetated islands, fish density, and water temperature. In the active floodplain, species distribution
was highly predictable, exhibiting nearly perfect nestedness, suggesting that selective colonisation and
extinction processes predominated. The degree of nestedness was much higher than in the adjacent riparian
forest or in regulated floodplains in Central Europe. Results clearly emphasise that amphibians can exploit
the entire hydrodynamic gradient, except the main channel. In the active floodplain, vegetated islands and
large woody debris are important, directly and indirectly, in maintaining both habitat and amphibian
diversity and density in this gravel-bed river.

landscape-corridor function place floodplains high
on the conservation agenda (Ward et al., 1999a;
Hughes & Rood, 2001; Tockner & Stanford,
2002). However, today they are among the most
endangered ecosystems worldwide. In Europe, for

Introduction

Globally, amphibian populations have declined
over the past several decades and continue to do so
(Houlahan et al., 2000; Stuart et al., 2004). Possi-

ble underlying causes of the decline are changes in
climate, increased exposure to UV-B radiation,
increased prevalence of diseases, acidification,
water pollution, habitat fragmentation, and habi-
tat loss (Leuven et al., 1986; Alford & Richards,
1999; Kiesecker et al., 2001). Therefore, many
amphibian species are listed as threatened or
endangered, regionally and globally (Beebee, 1996;
Nollert & Nollert, 1992).

Natural floodplains are highly dynamic envi-
ronments with floods as the primary agent of dis-
turbance. Their high species diversity and

example, more than 90% of the former floodplains
either disappeared or they are functionally extinct
(Tockner et al., 2006). Amphibians are generally
considered as ‘indicators’ of stable floodplain
ponds with a low degree of hydrological connec-
tivity, or as indicators of temporary waters lacking
fish predators (e.g., Waringer-Léschenkohl &
Waringer, 1990; Joly & Morand, 1994; Morand &
Joly, 1995; Wellborn et al., 1996; Skelly, 1997;
Tockner et al., 1999; Kuhn et al., 2001). Limited
information is available, however, about amphib-
ian populations in dynamic gravel-bed rivers, since
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such rivers were never the main focus of amphib-
ian research (e.g., Beebee, 1996). One reason was
that nearly all formerly dynamic floodplain rivers
in developed countries were regulated during the
last two centuries (Petts et al., 1989; Nilsson et al.,
2005; Tockner & Stanford, 2002). Further, flood
prone gravel-bed rivers were not expected to pro-
vide hospitable habitats for amphibians. Kuhn
(1993), however, demonstrated that species such as
Bufo bufo exhibited a pronounced reproduction
plasticity that allowed this species to exploit
dynamic and ephemeral habitats in gravel-bed rivers.

Understanding patterns and processes in natu-
ral river corridors is a prerequisite for a sustainable
conservation and management of their biodiversity
(e.g., Ward & Tockner, 2001). The Tagliamento
River in NE-Italy, the last morphologically intact
river corridor in the Alps, offered the rare oppor-
tunity to investigate amphibian populations under
natural environmental conditions. In the main
investigation area, an island-braided floodplain, we
compared amphibian population density, diversity
and nestedness in the active floodplain (area that
extends laterally to the lower limit of persistent
vegetation and is frequently modified by floods)
and the adjacent riparian forest (periodically
inundated by the river). In the present paper, we
link habitat heterogeneity with the composition
and distribution of amphibians and identify indi-
cator species for different floodplain habitats. In
addition, we present an empirical example of
nestedness in the dynamic floodplain system and
compare it with more regulated riverine flood-
plains. Measure of nestedness provides a quanti-
tative indicator of the degree of community ‘order’
in fragmented systems (e.g., Atmar & Patterson,
1993; Patterson & Atmar, 2000).

Materials and methods
The Fiume Tagliamento

The Fiume Tagliamento in NE-Italy (46° N,
12° 30" E; Fig. 1) is the last large gravel-bed river
in the Alps that has escaped intensive river man-
agement (Miiller, 1995; Ward et al.,, 1999b;
Tockner et al., 2003). More than 70% of the
catchment area (2580 km?) is located within the
southern fringe of the Alps, with Mt. Coglians as
the highest peak (2781 m a.s.l.). The Tagliamento

is a 7th order river, characterised by a flashy
hydrological regime, with highest discharges dur-
ing spring and autumn. The main-stem corridor
covers about 150 km?. The corridor is character-
ised by a high number of vegetated islands within
the active zone (652 islands >0.01 ha), numerous
gravel bars (952), a considerable habitat diversity
and a continuous riparian woodland along the
margins of the active channel (Tockner & Ward,
1999). For a complete description of the catchment
and longitudinal geomorphic features see Ward
et al. (1999b), Arscott et al. (2000, 2002), Gurnell
et al. (2001), and Tockner et al. (2003).

We investigated the amphibian fauna in
six geomorphic reaches along the entire corridor,
with detailed studies in an island-braided reach
in the middle section of the river. The six
geomorphic reaches are: constrained headwater
streams (Reach I, 1005-1200 m a.s.l.), headwater
island-braided floodplain (Reach II, 705 m a.s.l.),
bar-braided floodplain (Reach III, 200 m a.s.l.),
island-braided lowland reach (Reach IV, 180 m
a.s.l.), braided-to-meandering transitional flood-
plain (Reach V, 19 m a.s.l) and meandering
floodplain (Reach VI, 5 m a.s.l.).

The main investigation focused on a 2 km?
island-braided floodplain in Reach IV (river-km
80; Figs 1 & 2). There, the floodplain was separated
into the active area frequently inundated and
reworked by floods and the adjacent riparian forest
only inundated during annual floods. Along the left
bank, hillslope forests of Monte Ragogna bordered
the active floodplain. Along the right bank, the
riparian forest extends laterally to a distance of
about 0.5-1 km. Bare gravel, aquatic habitats and
vegetated islands were the main landscape elements
of the active floodplain. The Tagliamento is char-
acterised by a dynamic flood regime, with turnover
rates of aquatic habitats in Reach IV as high as 50
% during a single flood season (Arscott et al.,
2002; Van der Nat et al., 2003).

Sampling methods and data analyses

Along the mainstem corridor, all water bodies in
the six reaches were sampled in March, May, and
July 2000, periods without severe floods. In the
detailed investigation of the floodplain in Reach
IV, the exact location and area of aquatic habitats
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Figure 1. Tagliamento catchment, locations of study reaches I-VI, and map of the main study area (Reach IV; mapping date: May
2000). Most ponds investigated are too small to be shown at this scale. The river flows from right to left.
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Figure 2. The main investigation area in the mid-section of
Reach IV. Active floodplain width is up to 900 m (Photo:
D. Arscott, May 2000).

within the active floodplain and the adjacent
riparian forest were measured using a differential-
GPS (Global Positioning System). Individual
water bodies were marked (130 in all) and
numbered in the field. Between 7 March and 15
July 2000 all water bodies were repeatedly (totally
eight times) visited throughout the amphibian
breeding period. This sampling period included the
larval period of all amphibians known to use
Central European floodplains as spawning sites
(Nollert & Nollert, 1992). Further, adjacent
uplands were occasionally investigated for species
not typical for floodplains. Species presence was
based on eggs or larvae encountered in a specific
water body. Egg masses of brown frogs (Rana
dalmatina, R. latastei, and R. temporaria) and
common toad (Bufo bufo) were quantified for each
water body. Since it was difficult at the beginning
to separate egg clutches of R. dalmatina and
R. latastei, density data of brown frogs were
lumped in the analyses. The number of egg strings
of B. bufo has to be considered as an approximate
value since egg strings from several females are
sometimes inextricably entangled on the same
spawning support or have been broken. Densities
were standardised for both aquatic area and ter-
restrial habitat area (riparian forest and vegetated
islands; egg masses per ha). The riparian forest
extended laterally over a distance of ca. 500 m
from the active floodplain to a main road and a
railway that follow the course of the river. For
brown frogs and the common toad a lateral ter-
restrial breeding migration distance of 500 m was
considered as appropriate, although migration

distance can be up to 1500 m (C. Baumgartner,
unpubl. data).

Because it was not possible to distinguish the
forms of green frogs expected for the Tagliamento
corridor (Rana lessonae, R. klepton esculenta;
Gilinther & Plottner, 1994, Lapini et al., 1999)
from eggs or larvae, they were grouped as a single
taxon in all analyses. Maximum water depth (m),
specific conductance (uS; portable meter), water
temperature (°C) and the presence of fish (four
abundance classes based on visual examinations:
absent, rare, abundant, dominant) were recorded
during each field campaign. Oxygen (% satura-
tion), sediment composition (relative proportion
of silt, sand, fine and coarse gravel, coarse partic-
ulate organic matter), density of riparian vegeta-
tion (four cover classes: <10%, 10-25%, 25-75%
and >75%), macrophyte cover (four classes as for
riparian vegetation), accumulations of large woody
debris (LWD) (four cover classes as for riparian
vegetation), and actual surface area (m?) were
estimated every second visit (four times totally).
Rank-correlation analyses (Spearman-rank test)
were used to test the relationship between envi-
ronmental factors (average values), taxa richness
and egg mass density as a surrogate for adult
female population size.

Two-Way  INdicator  SPecies  ANalysis
(TWINSPAN), a complex clustering method
(Hill, 1979), was used to identify indicator species
characterising individual sampling sites (based on
presence/absence). Samples were ordinated using
reciprocal averaging and clusters were arranged
subsequently in a hierarchical procedure. The
habitat association between species was also cal-
culated. For each pair of species the contingency
table of presence/absence was used to calculate a
Chi-squared value.

The presence of nested distributions was
estimated using the ‘nestedness calculator’
(Atmar & Patterson, 1995). Its metric, ‘system
temperature’ (7), reflects the extent of order in
a presence-absence species matrix. Perfectly
nested communities have a 7=0, and maximally
disordered ones a 7=100. Analyses were carried
out on presence/absence matrices that have been
packed into a state of minimum unexpectedness.
The characteristic ‘7” of randomised matrices
was calculated through Monte Carlo simulations
(500 iterations per test) and compared with
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Figure 3. Floodplain water bodies separated into different types based on their position and morphology. Numbers indicate water
bodies with brown frogs (Rana latastei, R. temporaria, R. dalmatina) and/or Bufo bufo (first value) and the total number of water

bodies in each category (second value). LWD: Large woody debris.

observed ‘temperatures’. The nestedness calcu-
lator also produces a measure of unexpected
presence or absence of species. Species with
many such deviations from perfect nestedness
cause idiosyncratic patterns due to their ‘species
temperatures’ that are much higher than the
overall matrix temperature. Such patterns can
be explained with respect to extinction and
recolonisation, and may reflect exclusions or the
presence of unique geomorphic features on some
‘islands’ (Atmar & Patterson, 1993). Nestedness
values were compared with values calculated
from more regulated floodplains along the
Danube and the Rhone rivers. There, data
were collected in an intensity comparable

90 - Riparian Forest
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40 -

Number of water bodies
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25.3.

5.4.
27.4.
15.5

3.6.
23.6.

13.7

to the present study (Joly & Morand, 1994;
C. Baumgartner, unpubl. data).

Results
Habitat identification and spawning sites

In the main investigation area (Reach 1V), 130
water bodies were identified, 1/3 of which were
located in the riparian forest and 2/3 in the active
corridor (Fig. 3). The average surface area of lentic
water bodies (floodplain ponds) was 340 m?
without a significant difference between those
located in the two parts of the floodplain. Based on

Active Floodplain

10.3
25.3.

54,
27.4.
15.5

3.6.
23.86.
13.7

Sampling date

Figure 4. The total number of water bodies in the active floodplain and the adjacent riparian forest of Reach IV and their proportion
with egg masses/larvae (black), without egg masses/larvae (hatched), and those that were dry (white) during each sampling date. Egg
masses/larvae were from brown frogs (Rana latastei, R. temporaria, R. dalmatina) and/or the common toad (Bufo bufo).
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their location and their formation, ponds were di-
vided into several classes and subclasses. Within
the active plain, more than 60% of all water bodies
were associated with LWD or vegetated islands.
Most ponds in the riparian forest were permanent;
however, many water bodies in the active flood-
plain were temporary. In the active plain, many
ponds were dry at the end of winter but were filled
during high spring flow in mid-March and slowly
contracted during subsequent months (Fig. 4). All
riparian forest water bodies and two third of the
water bodies within the active plain were used as
spawning habitats by amphibians (eggs/larvae
present). Within the active plain, ponds associated

with large wood (LWD) and vegetated islands were
preferred as spawning sites (cf. Fig. 3). Main and
side channel habitats were almost devoid of
amphibians. During the investigation period the
number of water bodies utilised by amphibians
decreased (Fig. 4).

Species diversity and number of egg mass clutches

Ten taxa were identified along the corridor of
the Tagliamento river. Three additional species
(Salamandra salamandra, Pelobates fuscus and
Triturus alpestris) were observed in adjacent
uplands. Along the entire corridor, the number per

Table 1. Distribution of amphibians along the Tagliamento (reaches I-VI)

Reach I I 111 v v VI Adjacent
upland

Altitude (m a.s.l.) 1050 705 165 140 20 5

Average slope (%) 5.5-19.5 2.5 1 1 0.5 <0.5

Geomorphic type Constrained  Island- Bar- Island- Braided- Meandering
braided braided braided anastomosed

Width of active 30 260 830 1000 830 250

floodplain (m)

Triturus vulgaris X

(Smooth Newt)

Triturus carnifex X

(Alpine Warty Newt)

Triturus alpestris X

(Alpine Newt)

Salamandra salamandra X

( Fire Salamander)

Bombina variegata X

( Yellow-bellied Toad)

Bufo bufo (Common Toad) X X X (A) X

Bufo viridis (Green Toad) X X (A) X

Hyla intermedia X (A)

(Italian Tree Frog)

Rana latastei (Italian Agile Frog) X X (A) X

Rana temporaria X X X X (A) X

(Common Frog)

Rana dalmatina ( Agile Frog) X X (A) X

Rana lessonae and X (A) X X

R. kl. esculenta (Green Frogs)

Pelobates fuscus X

(Common Spadefoot)

X: species recorded. Reach IV: A: Species found in the active floodplain. For comparison, we included for reach IV data from three

sampling dates (March, May, July) as for all other reaches.



reach ranged from 1 species (Reach I) to 9 taxa
(Reach 1V) (Table 1).

In the main study area (Reach IV), eight taxa
were identified in the riparian forest and seven taxa
in the active plain. Bufo bufo and Rana latastei
were the most common species in active and
riparian floodplain habitats. Bufo viridis was
restricted to the active corridor; Triturus vulgaris
and T. carnifex were only observed in the riparian
forest. Average species richness was higher in
riparian forest water bodies (maximum of six
species per water body, mostly 2-3 species per
pond) compared to the active floodplain (mostly
1-2 species per pond, with a maximum of five taxa;
Fig. 5). The only parameters tested that were sig-
nificantly correlated with species richness were
surface water temperature (active floodplain and
riparian forest, positive correlation), distances to
vegetated islands (active floodplain, negative cor-
relation), and fish density (active floodplain,
positive correlation; Table 2).

In the riparian forest, total number of egg mass
clutches (as a surrogate for adult female population
density) of brown frogs combined (R. latastei, R.
dalmatina, R. temporaria) and common toad
(B. bufo) were as high as 1850 and 700, respectively
(Fig. 6). In the active plain, the total number of egg
clutches was 350 for brown frogs and 65 for the
common toad, respectively. The maximum number
of egg masses per individual water body in the
floodplain (active plain and riparian forest) was
150 for brown frogs and 200 for B. bufo. Total and
average (per hectare surface water) egg mass den-
sity of B. bufo and brown frogs was between six and
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Figure 5. Frequency distribution of floodplain waters (active
and riparian forest habitats) with different taxa richness.

127

ten times lower in the active floodplain compared
to the riparian forest. Egg mass density of brown
frogs was correlated with pond size (positive cor-
relation) in the riparian forest, and to temperature
(positive), fish density (positive) and distance to
islands (negative) in the active plain. Density of B.
bufo was correlated with pond size (riparian forest),
vegetation cover and fish density (active plain;
Table 2). Based on the area of surrounding vege-
tated terrestrial habitats (vegetated islands and
riparian forest), within a certain distance to ponds
(see methods), egg mass density measured 23 egg
masses per hectare and was very similar in the ac-
tive plain and the adjacent riparian forest.

Indicator species and species association

Based on TWINSPAN analyses of amphibian
species, active floodplain and riparian forest hab-
itats were clearly distinct (Fig. 7). Bufo viridis was
an indicator species of bare gravel ponds,
R. temporaria and B. bufo characterised island- and
LWDe-associated waters in the active floodplain;
however, T. vulgaris and R. dalmatina primarily
occurred in isolated ponds in the riparian forest
dominated by fine sediments and a dense vegeta-
tion cover. Ponds along the margin of the active
corridor were colonised by species characteristic of
both the active plain and the riparian forest
(mainly B. bufo and R. latastei; Fig. 7). No posi-
tive spatial species associations were observed;

2000 1
i Riparian forest
0 1600 (R. latastei, R. dalmatina,
ﬁ R. temporaria)
©
E 1200 1
3
o Riparian forest
° 800 - (Bufo bufo) . .
g 00000 Active ﬂooq plain ]
€ (R. latastei, R. dalmatina,
3 R. temporaria)
400 1 2 2dhddddAdAAAAAAAAAAA
0 ¥ A Active flood plain (Bufo bufo)
- T T T

1 11 21 31 41
Ranking number of water bodies

Figure 6. Cumulative number of egg-masses of brown frogs
( Rana latastei, R. temporaria, R. dalmatina) and common toad
(Bufo bufo) versus number of water bodies sampled from the
active floodplain and the adjacent riparian forest. Ponds are
arranged according to densities of egg masses, from the highest
to the lowest.
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Table 2. Rank-correlations of species diversity and egg mass density (egg masses of brown frogs, Rana temporaria, R. latastei &

R. dalmatina, and the common toad, Bufo bufo) with various extrinsic factors

Active floodplain (n=82)

Riparian forest (n=48)

Taxa richness (S=10)

Temperature (°C)

Fish density (1-4)

Distance from vegetated islands (m)
Egg mass density: Brown frogs
(Rana latastei, R. temporaria, R. dalmatina)

Area (ha)

Temperature (°C)

Fish density (1-4)

Distance from vegetated islands (m)
Egg mass density: Bufo bufo

Area (ha)

Fish density (1-4)

Vegetation cover (1-4)

R=0.41 (p<0.001)
R=0.40 (p<0.001)
R=-0.34 (p=0.02)

R=0.12 (p="0.30)
R=0.36 (p<0.001)
R=0.40 (p<0.001)

=-0.38 (p<0.01)

R=0.05 (p="0.65)
R=0.30 (p="0.007)
R=0.42 (p=0.002)

R=0.29 (p=0.02)
R=0.05 (p=0.71)
N. A.

R=0.59 (p<0.001)
R=0.27 (p="0.05)
R=0.19 (p=0.18)
N. A.

R=0.36 (p=0.01)
R=0.12 (p=0.39)
R=-0.16 (p=0.26)

N.A. not applicable. Only significant correlations are shown.

however, significant negative spatial associations
occurred between R. dalmatina, R. latastei,
R. temporaria and B. bufo (data not shown).

Nestedness

Nestedness-analyses indicated that amphibians
were distributed as non-random assemblages
(Table 3). Observed ‘system temperatures’ ranged
from 5.0 (active floodplain) to 11.7 (riparian for-
est) and were significantly lower than estimated
values produced by Monte Carlo simulations
(p< <0.001). A few species showed unexpected
presence and absence patterns (idiosyncratic spe-
cies). In the riparian forest, R. latastei and
T. vulgaris had ‘temperatures’ that were higher
compared to the average. In the active floodplain,
B. viridis had slightly higher temperatures com-
pared to the average of all other taxa, demon-
strating that these species tended to be absent from
species-rich sites. ‘System temperature’ in the ac-
tive floodplain of the Tagliamento was much lower
compared to regulated floodplains along the
Danube and Rhone rivers (Table 3).

Discussion

Floodplains along the Tagliamento are character-
ised by a very high density and diversity of aquatic

habitats, including ephemeral, lentic and lotic
water bodies (Fig. 2; Arscott et al., 2000; Karaus
et al., 2005). In gravel-bed rivers, lentic water
bodies represent only a small proportion of total
aquatic area; however, based on their number and
variety, ponds are key features for maintaining
aquatic invertebrate diversity in many floodplain
systems (Homes et al., 1999; Ward et al., 1999a;
Arscott et al., 2005; Karaus et al., 2005). Arscott
et al. (2000), who compared aquatic habitat
diversity in the six geomorphic reaches along the
Tagliamento, found the highest habitat diversity in
the island-braided floodplain (Reach IV). This is
also the reach with the highest amphibian diversity
(Table 1). Total species richness of amphibians
along the Tagliamento was similar to values
reported for the largest Central European rivers such
as the Rhone and Danube (Ward et al., 1999a;
Table 3). This suggests that dynamic gravel-bed
rivers, such as the Tagliamento, are focal areas for
amphibians. Moreover, endangered species such as
R. latastei (endemic to northern Italy) developed
large populations in the Tagliamento floodplain
(based on egg mass density). Bufo bufo, the most
frequent species in the active plain, exhibits a pro-
nounced reproduction plasticity that allows this
species to explore dynamic and ephemeral habitats
(Kuhn, 1993). This includes spawning synchroni-
sation with the hydrology, a fast metamorphosis,
and the formation of small spawning aggregations.
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Figure 7. TWINSPAN separation of floodplain waters and the indicator species responsible for the separation. LWD: Large woody

debris.

The present results demonstrate that most
species were able to utilise active floodplain habi-
tats as spawning sites, although frequency of spe-
cies occurrence, egg mass density, and the average
number of species per water body were lower than
in the adjacent riparian forest. None of the mea-
sured parameters, except water temperature,
influenced amphibian diversity in both parts of the
floodplain. For example, a significant positive
relationship between egg mass density and pond
size was found for the riparian forest but not for
the active plain. This finding corresponds to data
from many other wetlands, such as depression
wetlands in the southern United States (Snodgrass
et al., 2000) and ponds in Switzerland (Oertli
et al., 2002) where no relationship between
amphibian species richness and habitat size were
observed. Pond size matters, not for species rich-
ness but for egg mass density, at least in the

riparian forest. This implies that species distribu-
tion patterns are determined by other character-
istics of water bodies, such as hydrological
connectivity (Morand & Joly, 1995), pond age
(Merovich & Howard, 2000), presence of preda-
tors (Werner & McPeek, 1994), vegetation struc-
ture and cover (Healy et al., 1997), or the presence
of vegetated islands and large woody debris
(LWD; this study).

During their life cycle most amphibian species
depend on both aquatic and terrestrial habitats. In
the active floodplain, most water bodies colonised
by amphibians were associated with vegetated
islands and LWD. Hence, vegetated islands and
large accumulations of woody debris were
expected to control species numbers and egg mass
density as demonstrated by the significant corre-
lation between species richness and the distance to
vegetated islands (so called ‘wood benefit’ sensu
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Table 3. Nestedness analysis for the Tagliamento (active floodplain, riparian forest; Reach IV) compared with data for floodplains
along the Danube (Austria) and the Rhone (France). Regelsbrunn (Danube) is the most dynamic of these additional floodplains, Obere

Lobau (Danube) the most isolated one

Nsites Ntaxa Fill (%) System 77 Generated T (mean+SD)  Significance

Tagliamento (Reach IV)

Riparian Forest 50 9 30.4 11.7 53.2+6.1 <0.001

Active Floodplain 58 7 29.0 5.0 49.9+6.9 <0.001
Rhone (Jons, Upper Rhone) 17 10 28.7 12.9 45.1+£8.7 <0.001
Danube (Regelsbrunn) 56 10 28.2 16.1 529+5.0 <0.001
Danube (Orth) 28 7 37.7 17.4 50.5+7.2 <0.001
Danube (Untere Lobau) 73 9 29.3 10.5 55.5£53 <0.001
Danube (Obere Lobau) 68 9 30.3 18.3 56.6+5.6 <0.001
Danube (Obere Lobau, only isolated sites) 29 9 36.0 31.5 50.9+£6.6 <0.001

‘Fill’ represents the presences (%) in the site-taxon matrix, ‘System 7 is the system temperatures observed, and ‘Generated 7" is the
system temperatures generated by Monte Carlo randomisations (500 iterations each). Data from the Rhone: Morand & Joly (1995).

Danube: C. Baumgartner (unpubl. data).

Gurnell & Petts, 2002). Further, egg mass density
of brown frogs per ha vegetated island was similar
to densities in the riparian forest and was much
higher than in regulated floodplains. The average
density of egg masses of brown frogs in regulated
floodplains along the Danube was about 3.5 per ha
floodplain forest (Pintar et al., 1997, Baumgartner
et al., 1997); this was one-order-of magnitude
lower than in the present study. We may expect
that LWD and vegetated islands play a pivotal
role for (i) providing potential terrestrial habitats
for adults (e.g., hibernation), (ii) creating aquatic
habitats, and (iii) facilitating the subsequent col-
onisation by amphibians (Gurnell et al., 2005).
LWD increases the permanency of water bodies
(deep scour ponds at the apex of wood accumu-
lations; e.g., Abbe & Montgomery, 1996), provides
shelter during flood events, reduces predation by
fish and birds, increases food availability by pro-
viding surfaces for biofilm development, and
serves as a stable structure to attach egg masses
(e.g., by brown frogs, B. bufo). The unexpected
positive relationship between fish density and
amphibian diversity in the active floodplain dem-
onstrated that LWD may facilitate the coexistence
of otherwise mutually exclusive groups. We did
not investigate fish in more detail, but we observed
that ponds were primarily colonised by fish larvae
and young fish which most probably do not feed
extensively on amphibian larvae. In addition, large
wood and extensive shallow areas provide shelter
for amphibians against predation.

Amphibians showed highly ordered distribu-
tional patterns (low ‘system temperature’), espe-
cially in the active floodplain. This high degree of
nestedness implies that a few common species
tended to be ubiquitous and rare species tended to
occur only at species-rich sites. As in many other
systems (e.g., Patterson & Brown, 1991; Hecnar &
Mc’Closkey, 1997), both extinction and selective
colonisation may have contributed to structuring
the nested assemblages of floodplain amphibians.
The high turnover rate of aquatic water bodies
(‘selective’ extinction of amphibians caused by
flood fill/scour or drying) and the species prefer-
ence of ponds associated with LWD and islands
(selective colonisation) can explain the very high
degree of nestedness in the active floodplain.
Indeed, nestedness in the active plain was
considerably higher than that reported in most
investigations of aquatic and terrestrial areas (e.g.,
294 examples listed in Atmar & Patterson, 1995;
Table 3). Similar high degrees of nestedness have
only been described for fish communities in Aus-
tralian desert springs (Kodric-Brown & Brown,
1993). Those authors concluded that a common
biogeographic history, similar contemporary
environments and hierarchical ecological rela-
tionships among species were necessary to create
such a deterministic assembly structure. In Swed-
ish streams, however, Malmqvist & Hoffsten
(2000) calculated ‘system temperatures’ that ran-
ged from 12.6 for Simuliidae to 29.2 for Plecop-
tera. This lower degree of nestedness in streams



(higher ‘system temperature’) was expected to
result from a higher probability of exchange rates
between sampling sites (high degree of connectiv-
ity) and/or by high dispersal properties of species
(e.g. drifting invertebrates, wind-dispersed plants;
e.g. Kadmon, 1995). The much higher ‘system
temperature’ calculated for regulated floodplains
(Table 3) may result from a stable degree of con-
nectivity, either between individual water bodies or
by the presence of a closed floodplain forest matrix
that may facilitate the exchange of larval and adult
amphibians.

Nestedness has also major implications for the
development of conservation strategies since a
high degree of nestedness (low ‘system tempera-
ture’) means that the protection of the most diverse
habitats is required in order to also conserve
rare species. Hecnar & Mc’Closkey (1997), for
example, concluded from their investigation of the
amphibian fauna in 118 ponds in SW Ontario
(Canada) that single large reserves were preferable
to several small reserves for the conservation of
temperate pond-dwelling amphibian assemblages.
Alford & Richards (1999) concluded from their
extensive review that most amphibians exhibited a
metapopulation structure (Marsh & Trenham,
2001). Since in the active channel along the
Tagliamento the exact location of sink and source
habitats considerably changes with floods (half-life
expectancy of ponds is less than 7 months, Van der
Nat et al., 2003), the preservation of an entire
floodplain complex is required for maintaining
intact amphibian populations (De Nooij et al.,
2006). Our results also demonstrate that amphib-
ians in the active floodplain are differently organ-
ised than in the riparian forest (based on degree of
nestedness), and that most likely different variables
control the distribution and density in the active
and passive floodplain sections (Table 2).

Natural floodplains are distinctive landscapes
with respect to their natural richness and their
bioproduction. River canalisation has restricted
the active part of floodplains to a narrow ribbon of
riparian vegetation along the main river channel.
Elimination of islands and the reduced diversity of
floodplain ponds have detrimental effects on both
aquatic and terrestrial organisms (e.g. Stanford
et al., 1996; Karaus et al., 2005). In regulated
rivers, amphibians were eliminated from the active
corridor and restricted in their occurrence to the
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isolated parts of the floodplain. Re-establishing
hydrological connectivity between the river and its
floodplain has been generally regarded as having
negative effects on amphibian species. The present
investigation, however, demonstrates that even
one of the most dynamic river corridors in Europe
(Tagliamento) provides extensive habitats for
diverse amphibian communities. Consequently,
there is no general conflict between maintaining/
creating high fluvial dynamics and high amphibian
diversity and density. This is supported by recent
studies along the Danube (Austria), where the
reconnection of formerly isolated floodplains did
not affect amphibian diversity and density in a
negative way (C. Baumgartner, unpubl. data).
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Abstract

Riverine landscapes are characterised by recurrent flooding events and successional landscape mosaics with
high habitat heterogeneity, providing species-specific patterns of suitable and unsuitable biotopes. Land-
scape characteristics, like distance, barriers and their specifications (e.g. cumulative barrier width, barrier
number) and the spatial arrangement of suitable habitat areas, are expected to affect the dispersal of
animals in landscapes. The distribution of voles, shrews and mice in a floodplain was monitored for 2 years
using live traps. Recolonisation was found to be a slow process, resulting in a heterogeneous distribution of
small mammals in the floodplains. Microtus arvalis was found just after the floods in low densities and on or
near non-flooded areas only. From summer to autumn densities gradually increased, and specimens could
be observed on larger distances from the non-flooded areas. The density development pattern of Crocidura
russula was similar to that of M. arvalis, but densities increased faster. In contrast, Clethrionomys glareolus
and Sorex araneus could immediately be observed in the former flooded areas just after the floods, but
throughout the year these species were not trapped on distances further than 120 m from the non-flooded
areas. Micromys minutus and Apodemus sylvaticus were trapped only occasionally in spring and summer
after which those species could be found throughout the floodplain in larger densities in autumn. To
analyse the influence of landscape characteristics on recolonisation, the floodplain was classified into
suitable, marginal and unsuitable habitat landscape units for each of the small mammal species, based on
the trapping results. Landscape characteristics relating to monitoring sites were measured from an aerial
photograph using a geographic information system. After that, presence and recolonisation time of small
mammals at monitoring sites could be described by multiple regression models based on these measured
landscape characteristics. The predictive power of these models was tested in another floodplain by
determining the species distribution after 35 weeks. Multiple regression models appeared to be useful in
analysing recolonisation patterns and determining the importance of landscape characteristics for recolo-
nisation by small mammals after flooding events. Available distribution data suggest three different types of
recolonisers: (1) Gradual, density induced colonisers; (2) Active dispersers and (3) Long-distance dispersers
after a lag. Results of regression models confirmed that M. arvalis could be characterised as a type 1 and
A. sylvaticus as a type 3 species. The classification of the other species was not possible due to the relatively
short time available for recolonisation.
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Introduction

Small mammals (e.g. voles, shrews and mice) in
floodplains have to cope with periodic floods.
Flooding has a strong impact on their populations,
resulting in high mortality, and restricting their
presence to refugia on elevated terrains after
inundation (Pachinger & Haferkorn, 1998; Ander-
sen et al., 2000). After the water has retreated, the
floodplain landscape has to be recolonised from
these sources (Robinson et al.,, 2002). Small
mammals are important animals in riverine eco-
systems, because of their feeding and burrowing
activities and their role in food webs (Wijnhoven
et al., 2005). They are important prey items for
several endangered or protected birds of prey and
carnivorous mammals (Erlinge et al., 1983; Jong-
bloed et al., 1996; Hanski et al., 2001; Leuven
et al., 2005), for which many floodplains are
assumed to function as important conservation
areas (Andersen et al., 2000; Wike et al., 2000;
Robinson et al., 2002; Van den Brink et al., 2003;
De Nooij et al.,, 2004). As predators predomi-
nantly forage in areas with abundant prey, it is
important to understand the temporal and spatial
distribution patterns of small mammals.

Several small mammal species are known to
form potentially fast-growing populations (Erlinge
et al., 1983; Delattre et al., 1999; Hanski et al.,
2001). However, connectivity of landscapes is very
important for a rapid dispersal through, or recol-
onisation of, such landscapes (Zhang & Usher,
1991; Wolff, 1999). Riverine landscapes are dy-
namic, and biologically and spatially complex,
characterised by a successional landscape mosaic
with high habitat heterogeneity (Robinson et al.,
2002). Characteristics of the landscape elements
between small mammal source populations and
unoccupied suitable habitats, like distance, the
presence and characteristics of barriers and the
spatial arrangement of suitable habitat areas, are
expected to affect the dispersal (in terms of speed
and direction) of animals (Van Apeldoorn et al.,
1992; Diffendorfer et al., 1999; Peles et al., 1999;
Matthiopoulos, 2003). The role of various land-
scape characteristics in guiding dispersal and re-
colonisation may be species-specific, while
landscape suitability may also differ for various
species (Kozakiewicz, 1993; Bowers & Barrett,
1999; Robinson et al., 2002). Unsuitable areas can

function as temporary or permanent barriers to
dispersal (Bondrup-Nielsen, 1985; Peles et al.,
1999), whereas relatively small suitable parts can
influence the connectivity (e.g. by forming corri-
dors or stepping-stones; Kozakiewicz, 1993; Wolff,
1999) and therefore the recolonisation speed.
Models based on landscape characteristics have
been used to study the impacts of habitat frag-
mentation on species distribution patterns (Vos &
Chardon, 1998; Verboom et al., 2001; Verbeylen
et al., 2003), and such models might be useful for
floodplain conservation and management (Wolff,
1999).

The factors that determine the recolonisation
process by small mammal species in various
diversified floodplains are expected to be similar,
although the relative importance of landscape
characteristics may depend on the species. In this
study, we investigated: (1) The relative importance
of various landscape characteristics for the recol-
onisation of floodplains by small mammals; (2) the
existence of different patterns of dispersal behav-
iour (species-specific recolonisation patterns); (3)
the usefulness of multiple regression models of
floodplain recolonisation by small mammals as
tools to analyse the importance of various land-
scape characteristics; and (4) the usefulness of
multiple regression models in predicting the time
to recolonisation and the presence of species at
certain locations after flooding events.

Materials and methods
Research areas

The research project took place at the Afferden-
sche en Deestsche Waarden (ADW) and Millin-
gerwaard (MW). Both floodplains are located on
the left bank of the river Waal, the main branch of
the river Rhine in the Netherlands (Fig. 1). The
ADW, with an area of 280 ha, is situated 20 km
west of the town of Nijmegen and consists of
conservation areas and farmland. The ADW in-
cludes elevated areas left over from former brick
factories, as well as clay excavations, small water
bodies and side channels of the river. Similar
structures can also be found in the MW, situated
20 km east of Nijmegen. The MW includes a lar-
ger section (including the entire 41.2 ha research
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Figure 1. Characteristics of the research areas. (a) Locations of the non-flooded areas (shaded) in the Afferdensche en Deestsche
Waarden floodplain (ADW), with the borders of the distance zones (0-30 m; 30-120 m; > 120 m) indicated as lines. (b) Classification
of the ADW into small mammal ecotopes. (c) Locations of the non-flooded areas (shaded) in the research area at the Millingerwaard
floodplain (MW). (d) Classification of MW into small mammal ecotopes. The small mammal monitoring plots are shown as triangles.

area) designated as conservation area than the semi-natural wetlands, grasslands, shrub-domi-
ADW. Both floodplains are included in ecological nated vegetation and softwood forests. Ecological
rehabilitation programmes involving natural and rehabilitation measures started in 1990 at the MW
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(Helmer & Smeets, 1990), and after 1995 at the
ADW (Zandberg, 1999). Because of this time dif-
ference, the vegetation at the MW is generally
denser and rougher than that at the ADW, due to
natural succession processes (Fig. 1). Both areas
are embanked and include areas inside and outside
the summer dikes (the dikes closest to the river
that protect land against summer flooding). The
summer dikes in the MW nowadays mostly
resemble natural elevations like river dunes. Both
research areas are regularly inundated. The
flooding frequency at the ADW is more than once
a year, while the MW is not flooded every year,
due to its elevation. Small mammals in the ADW
were monitored between April 2001 and January
2003 (Fig. 2). During this monitoring period,
approximately 194 ha was flooded (followed by a
gradually retreat of the water) between 16 April
2001 and 5 May 2001, between 24 February 2002
and 30 March 2002 and between 14 November
2002 and 5 December 2002. Approximately 126 ha
was also flooded from 29 January 2002 to 24
February 2002. In the MW, small mammals were
monitored between a flood event just before the
spring of 2002 (after which the water had retreated
by 18 March) and one in the first week of 2003.

Measuring small mammal distribution

In the ADW, the small mammal distribution pat-
terns were monitored using trap lines with 10 live
traps each, distributed over 34 selected monitoring
plots, as indicated in Fig. 1, and as described in
Wijnhoven et al. (2005). The live traps were
checked every 4 h for 72 h after a 2-day prebaiting
period, and were monitored at 7, 13, 24 and
34 weeks after the water had retreated in 2001, and
at 2, 6, 16, 27 and 36 weecks after the water had
retreated in 2002. During weeks 33 and 34 after the
water had retreated in 2002, some of the moni-
toring sites were flooded again. Small mammals
could only survive in refugia on the elevated non-
flooded areas during inundation of the remaining
parts of the area. In the 2 years of live trapping,
nine small mammal species (voles, shrews, mice
and mustelids) were trapped in the ADW, viz.
Microtus arvalis (Pallas 1771) (Common vole),
Clethrionomys glareolus (Schreber 1780) (Bank
vole), Sorex araneus (Linnaeus 1758) (Common
shrew), Crocidura russula (Hermann 1780) (White-

toothed shrew), Micromys minutus (Pallas 1771)
(Harvest mouse), Apodemus sylvaticus (Linnaeus
1758) (Wood mouse), Microtus agrestis (Linnacus
1761) (Short-tailed field vole), Sorex minutus
(Linnaeus 1766) (Pygmy shrew) and Mustela ni-
valis (Linnaeus 1766) (Weasel). Between 46 and
247 individuals were trapped for each of the first
six of these species. The other three species were
trapped only occasionally (less than 10 individuals
per species), which was insufficient to analyse the
recolonisation patterns. The species densities were
calculated for zones based on the distance from
non-flooded areas (0-30 m, 30-120 m, >120 m),
and for the non-flooded arecas themselves. Trap-
ping numbers per trap line were converted into
densities per habitat suitability class (suitable,
marginal, or unsuitable habitats, as shown in
Table 1). This meant that the species-specific
trapping range of the trap lines had to be taken
into account. The total area per habitat class in
each zone was used to calculate the total density
(n ha™'; Wijnhoven et al., 2005). The trapping re-
sults were used to calculate the time to recoloni-
sation for 68 situations (2 years of monitoring at
34 sites) assuming that the first trapping of a spe-
cies at a monitoring site corresponds to the recol-
onisation time (in weeks after the retreat of the
water) for that site.

In an attempt to cover a larger area with less
effort, the populations of M. arvalis, C. glareo-
lus, S. araneus and C. russula at the MW were
monitored using ‘food traps’. These traps were
positioned in lines of five across the monitoring
plots (Fig. 1), and were checked and refreshed
daily for 3 days. These traps were constructed in
such a way that small mammals could freely
enter and leave, while larger animals could not.
Different types of bait (apple, carrot and tinned
meat) were offered together in each trap to
analyse the feeding patterns. The method was
also combined with live trapping several times at
the ADW, and observations were made in ter-
rariums, allowing species to be identified from
the feeding patterns. The specific feeding patterns
were as follows. M. arvalis had a preference for
apple (often gone), ate most of the meat and
also ate carrot. C. glareolus preferred carrot, ate
apple and ate some meat. S. araneus ate all the
meat and took tiny pieces of apple.
C. russula preferred carrot and ate small pieces
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Table 1. Suitability of riverine ecotopes for six small mammal species, determined from the 2001 trapping results in the Afferdensche
en Deestsche Waarden floodplain (derived from Wijnhoven et al., 2005)

Small mammal ecotopes

M. arvalis C. glareolus S. araneus C. russula M. minutus A. sylvaticus

Maize field U
Softwood forest or shrubs with herbaceous undergrowth
Softwood forest or shrubs with sparse undergrowth
Rough vegetation of blackberry and stinging nettle
Rough vegetation, predominantly blackberry

Sparse herbaceous vegetation on sand

Hay meadow

Grassy vegetation, ungrazed and unmown

Water

Grassy vegetation, mown or trodden

Rough herbaceous vegetation, ungrazed

U
U
U
U
U
M
S
U
M
S
Pasture (grazing land) M
Grassy vegetation, extensively grazed M
Bare sand U
Rough herbaceous vegetation on sand U
Rough herbaceous vegetation, grazed S
Low herbaceous vegetation M
Buildings U
Rough vegetation, predominantly stinging nettle U
Rough vegetation, predominantly thistle U
U

Hard substrate

ccccccccoccvwccccozvcdzgCc
cccccgzzcocvcoccoccozzozgc
cocccwccwCcwgozZzoOcZ oo
CccccczvwcoccwcCcZoCZZAOaco

czgcczcocccczgoccoccocccunnunzc

Suitability of ecotopes: U, unsuitable ecotope; M, marginal ecotope; S, suitable ecotope. Trap lines were assumed to be situated in a
suitable ecotope when a species was present during each trapping period after the first observation. If the species was only occasionally
present, the trap line was assumed to be in a marginal ecotope. If a species was only present in a trap line located on a non-flooded part
in December, while there were neighbouring ecotopes which were assumed to be suitable, the trap line was assumed to be in a marginal
habitat. In all other cases, the trap lines were assumed to be situated in unsuitable ecotopes.

of meat and apple. A. sylvaticus ate meat and
apple and took tiny pieces of carrot. M. agrestis
ate carrot and apple in similar amounts, and
also ate from the meat. No data were available
on the feeding patterns of M. minutus. When one
of the vole species was present, all the bait in a
trap was sometimes gone. As we made 15
observations per monitoring site, we were also
able to ascertain if more than one species had
been present, as there were always cases in which
only one of them visited a trap. The character-
istic pattern of M. agrestis was not observed in
the MW, and we did not find the pattern cha-
racterising A. sylvaticus, although the species was
assumed to be present. Monitoring sites were
located at distances (shortest linear distance) of
0, 50, 100, 150, 250 and 400 m from non-flooded
areas, covering the entire research area in the
MW. In total, 42 monitoring sites were analysed,

yielding the distribution of four frequently ob-
served species in the MW, 35 weeks after inun-
dation.

Landscape characteristics

The landscape structure of the two research areas
was classified into 21 structure classes to analyse
the landscape characteristics (Fig. 1). The struc-
ture classes were based on vegetation and soil
characteristics and were called small mammal
ecotopes (Wijnhoven et al., 2005). In the ADW,
this classification was based on intensive moni-
toring of vegetation development during field-
work. The MW was classified into small mammal
ecotopes using the vegetation map by De Ronde
(2003). On the basis of the small mammal ecotope
maps, species-specific habitat suitability maps
according to the classification shown in Table 1



were drawn for the six small mammal species
investigated.

All research plots were positioned using a
GARMIN GPS 12 Personal Navigator. To mea-
sure the values of the landscape characteristics of
each of the monitoring sites, we defined the re-
colonisation routes. We assumed that species had
taken the shortest recolonisation route through
suitable and marginal habitats from potential
sources of recolonisation to the monitoring sites.
When no direct route through suitable or marginal
habitats was available, unsuitable habitats (po-
tential barriers) were assumed to be crossed, and
we used the shortest cumulative distance (when
more than one potential barrier had to be cros-
sed). As potential sources of recolonisation we
defined those non-flooded areas on which species
were indeed observed, or on which species were
assumed to be present, as they were caught in
suitable habitats that were located within 10 m
from non-flooded areas and were directly con-
nected by suitable habitats. The source of recolo-
nisation was defined as the potential source with
the shortest recolonisation route. All measure-
ments of distances and areas between recolonisa-
tion sources and monitoring sites were done in
ArcMap 8.0.

Landscape characteristics such as distances,
surface areas and suitability of landscape struc-
tures have often been used in various forms in
regression models predicting or evaluating species
distributions (King et al., 1998; Mortberg, 2001;
Carignan & Villard, 2002; Chase et al., 2003;
Chardon et al., 2003). We analysed a number of
landscape characteristics for the various small
mammal species. Distance (D) is the length in
metres of the recolonisation route. Cumulative
barrier width (Wh,,) (referred to below as barrier
width) is the summed length in metres of the re-
colonisation route through unsuitable habitats.
Number of barriers (Np,,) is the number of barri-
ers counted along the recolonisation route. Area of
suitable and marginal habitat influencing recolo-
nisation (Ay,p) Was calculated by first taking the
shortest linear distance between the source and
the monitoring site as the radius of a circle with the
source as its centre, and then calculating the area
of suitable and marginal habitats within this circle
in square metres. Habitat suitability (Sy,p) of the
monitoring site was scored as 1, 2 or 3 for suitable,
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marginal and unsuitable habitats, respectively, as
shown in Table 1.

Calculations and statistics

To compare the importance of landscape charac-
teristics for the small mammal species in the two
research areas, five models were calculated for
each species, based on the monitoring results in the
ADW. Two logistic regression models of the type
In(Y) = aX, + bX, + ¢X3+ - -+, calculated using
SPSS 11.5, predicted the presence (P) of species,
with presence being validated as 1, and absence as
0 (Table 2). Comparable models have been used
by Mortberg (2001), Carignan & Villard (2002)
and Chardon et al. (2003) for various species.
Model I included the data of all monitoring sites,
while Model II included only the data of moni-
toring sites in suitable and marginal habitats. The
other three models were linear regression models
of the type Y = aX| + bX, + cX3 + - - -, calculated
using Microsoft Excel 2000, predicting the recol-
onisation time (RT) in weeks. These linear models
were based on the data of suitable and marginal
habitats only. Linear models have been used in
several studies on species distributions, for in-
stance those by King et al. (1998) and Chase et al.
(2003), and yielded stronger regressions (in terms
of R?) than logistic models.

Monitoring sites where species were never ob-
served were excluded from Model III. In the other
two models, the absence of species was scored with
a recolonisation time of 45 (Model IV) and 90
(Model V) weeks, respectively. Although these
values are arbitrary, being merely used to analyse
their effect on the model, 45 weeks was approxi-
mately the time between two successive floods and
therefore the period available for recolonisation.
When regression equations are based on data of
suitable and marginal habitats only, this will
automatically result in a weaker regression for
habitat suitability. All measured landscape char-
acteristics were included in the model, including
those which did not show significant regression, as
we wanted to analyse changes in regression factors
between models. We report the significance of the
calculated regression coefficients based on the cal-
culated z-values, as well as the positive or negative
influence of the characteristic on recolonisation.
To evaluate the importance of the landscape
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Table 2. Regression coefficients of multiple regression models (least squares method) for the recolonisation of monitoring sites in the
Afferdensche en Deestsche Waarden floodplain. Two models explain the presence (P=1) or absence (P=0) of six small mammal
species based on landscape characteristics, calculated by logistic regression from the total data set (Model I) or from data for suitable
and marginal habitats only (Model II). Three models calculate recolonisation time using linear regression for suitable and marginal
habitats only. In model I11, the absence of species is omitted (4 =/), in model I'V recolonisation time (RT) for the absence of species is
set on 45 weeks (4 =45), in model V on 90 weeks (4 =90). If the regression coefficient is found significant this is indicated in bold
underlined (p <0.05) or underlined (p <0.25)

D Wbar Nbar Ahab Shab ¢ n Rz
M. arvalis
I In(P)  -4.63x107°  -L11x107°  -576x107"  -2.24x10°  -6.16x10"" 191 68 0.25
I In(P) -462x107°  020x107"  -3.31 -2.19x1077  -1.17 321 47 0.5
I RT 437x107  -1.53x107" 3.09 -1.34x107* 6.38 8.47 27 0.14
IV RT 3.35x107%  -1.13 20.8 -4.24x107° 9.97 8.82 47 029
V. RT 7.76x107%  -2.94 49.9 -4.04x107° 18.8 4.73 47 030
C. glareolus
1 In(P) -1.06x107>  -1.76x107> 1.29x107" 1.26x107%  -1.61 3.30 68 036
I In(P) 2111072 —1.12x1072 -1.72 4.95x107° 6.92x107! 5.56x107" 35 0.1
I RT 4.80x107" 3.22x107% -59.2 -2.61x107°  -9.87 24.5 16 0.14
IV RT L14x107  9.62x107> 4.66 -1.74x107%  -4.60x107" 22.1 35 0.40
V. RT 3.32x1077 1.93x10™" 12.3 -3.38x107*  —2.65x107" 31.0 35 046
S. araneus
I In(P) -7.71x107°  -2.76x107> L41x10™" 1.64x107°  -4.71x107" 1.78 68  0.28
I In(P) —-6.79x10%  —-1.99x1072 5.99x1072 1.71x107° -4.39%x107! 1.60 48 0.10
I RT -1.36x107" 1.54% 107" 6.89x 107" 1.18x107? 6.54 3.80 24 0.8
IV RT 1.90x107>  L67x10™'  -3.13x10”" 4.17x107° 8.85 10.2 48 021
V. RT 5.52x107%  371x107"  -321x107"  -540x107° 15.5 14.7 48 0.19
C. russula
I In(P) —6.04x107°  -1.52x107> 439x107"  342x107° 457107 -3.97x107> 68  0.07
I In(P) -684x107° -1.66x107> 8.36x107"  3.65x107° 548x107"  -L.81 50 0.05
I RT 8.27x107°  -8.80x107>  -9.17x107>  -7.34x107° -144 39.4 15 046
IV RT 2.82x107%  443x107°  -3.24 -1.49%x107*  -6.38 46.7 50 0.06
V. RT 8.00x10~" 1.88x107"  -10.8 -4.25%x107*  -11.0 86.8 50 0.08
M. minutus
I In(P)  7.34x107°  -1.28x107>  —4.64x107"  -9.59x10°  -1.08 175 68  0.18
I (P  2.09x107° 1.36x107%  -5.52x107"  -6.83x107°  -2.62x107" 442x107" 49 0.09
I RT 5.52x1072  —=6.60x107>  -3.35 3.37x107% -4.50 304 16 048
IV RT 3.89x107  -1.20x107" 2.08 1.36x107*  -3.07x10™" 35.5 49 0.16
V. RT 6.35x107>  -3.07x107" 3.40 3.45x107* 2.72 54.6 49 0.14
A. sylvaticus
I In(P)  -6.27x10™*  -337x107°  -9.75x10"  3.08x107°  -1.54 4.43 68 031
I In(P) -939x107°  325x107  -1.01 9.30x107°  -2.55 5.75 47 0.19
I RT 3.56x107%  -1.24x107'  -4.88 4.44x107° 8.32 19. 24020
IV RT 3361072 -1.17x107" 1.58 -2.50x107* 105 17.1 47 028
V. RT 1.00x107"  -3.43x107" 9.39 -9.38x10™*  29.0 -14.2 47 034

Landscape characteristics measured between the sources of recolonisation and the monitoring sites: D, distance (m); W,,, cumulative
barrier width (m); Np,,, number of barriers; Ay,p, area of intervening suitable and marginal habitat (mz); Shab, habitat suitability of
monitoring site (suitable habitat, 1; marginal habitat, 2; unsuitable habitat, 3); ¢, constant; n indicates sample size; R? indicates the
explained variance by the models.



characteristics for the recolonisation process we
consider the significant related parameters of the
models which explain more than 25% of variance
in the data as potentially important. The relation of
these landscape characteristics should be consistent
(negative or positive relation) in those models
which explain more than 25% of the variance.
The predictive power of the regression models
was evaluated by applying the regression equa-
tions to the spatial data for the MW and com-
paring the predicted recolonisation data with the
measured data for each of the monitoring sites. A
predicted value >0.5 (for models I and II), and a
value <35 (for models III, IV and V) was
interpreted as presence (Table 3). The predictive
power was the percentage of predictions that
corresponded to the observations. Average
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values + standard deviations for various land-
scape characteristics were calculated for the dif-
ferent study sites, data sets and species (Table 4),
as they can explain observed differences in recol-
onisation and/or differences in model outcomes.

Results

Figure 2 shows the development of the densities
of small mammal species in the ADW. Differ-
ences between 2001 and 2002 were observed, but
general trends in population development (e.g.
total densities and timing of density peaks) of
the species were similar for the 2 years. The
densities of M. arvalis increased gradually in
spring, and faster towards autumn. The densities

Table 3. Comparison between measured and predicted recolonisation of the Millingerwaard floodplain

M. arvalis

C. glareolus S. araneus C. russula

Measured Model

Measured Model Measured Model Measured Model

Model I Total data, P=1, A=0 Average 0.595 2.87 0.238 0.684 0.262 1.83 0.195 1.84x10?
SD 0.497 4.67 0.431 4.19 0.445 1.62 0.401 7.48x10%
n 42 42 42 41
Predictive power  57.1 76.2 40.5 46.3
Model II Habitat data, P=1, A=0 Average 0.636 1.70x10% 0.278 1.98 0.333 2.18 0.235 1.94x10°
SD 0.492 7.97x10* 0.461 7.03 0.485 1.38 0.437 7.20x10°
n 22 18 31 33
Predictive power  77.3 50.0 323 42.4
Model III Habitat data, P=w, 4=/ Average 19.5 -27.2 34.8 16.8
SD 2.58 45.1 26.3 7.96
n 22 18 31 33
Predictive power  63.6 38.9 64.5 21.2
Model IV Habitat data, P=w, 4 =45 Average 26.8 26.7 32.3 31.9
SD 13.6 443 3.37 7.79
n 22 18 31 33
Predictive power  77.3 27.8 48.4 51.5
Model V Habitat data, P=w, 4=90 Average 40.3 46.8 53.1 55.5
SD 36.0 10.7 5.3 21.4
n 22 18 31 33
Predictive power  63.6 55.6 71.0 66.7

P, presence of a species, 4, absence of a species; the first two models are based on presence—absence data; in the other three models, the
first observation of a species at a monitoring site is given as recolonisation time (RT) in weeks (w), with the absence of species either
ignored (4 =), or set at 45 or 90 weeks. Predictions are based on the multiple regression models derived from the Afferdensche en
Deestsche Waarden floodplain data for various small mammal species. Table shows average + standard deviation for the measure-
ments and the models, and the number of measurements included (n). The predictive power is shown as the percentage of predictions
that are similar to the trapping results; when the predicted value x>0.5, the prediction is equal to P, and when x <0.5, the prediction is
equal to 4 in models I and II; when x>35, the prediction is equal to P, and when x <35, x is similar to 4 in models III, IV and V.
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Table 4. Values (average + standard deviation) of the landscape characteristics data for the various small mammal species in the
Afferdensche en Deestsche Waarden floodplain (ADW) and the Millingerwaard floodplain (MW) used to predict recolonisation

ADW, MW, ADW,, MW,
Average +SD Average +SD Average +SD Average +SD
M. arvalis D 219.2 185.8 95.5 91.2 138.5 131.2 83.7 92.9
Woar 21.4 30.7 12.2 18.8 44 8.7 5.6 14.0
Nypar 1.1 1.3 0.9 0.9 0.5 0.7 0.4 0.6
Apab 39217.1 41164.2 15083.4 24556.6 32022.4 43853.4 12736.9 23746.5
Shab 1.8 0.9 2.1 0.9 1.3 0.5 1.4 0.5
C. glareolus D 248.5 242.1 171.9 141.6 169.2 207.6 160.9 129.3
Woar 109.6 124.8 32.1 34.0 59.0 69.1 17.1 15.2
Noar 1.4 1.1 1.4 0.9 0.8 0.9 1.1 0.8
Anap 15412.5 18252.7 18322.7 20914.0 9974.3 14419.5 20226.0 22587.6
Shab 2.1 0.9 2.2 1.0 1.3 0.5 1.1 0.3
S. araneus D 124.6 126.0 126.1 111.1 93.2 104.4 134.5 107.9
Woar 53.2 82.4 7.6 11.5 24.8 33.1 6.3 12.0
Nyar 1.4 1.6 0.7 0.6 1.4 1.8 0.5 0.5
Anap 7054.8 9970.4 27975.9 34325.1 6732.6 11024.6 29633.2 34657.3
Shab 2.1 0.7 2.2 0.5 1.7 0.5 2.0 0.2
C. russula D 235.5 169.3 135.7 92.3 222.0 182.3 139.2 84.2
Woar 47.3 42.4 7.2 22.7 34.8 37.9 6.6 24.8
Npyar 1.9 1.2 0.6 0.5 1.7 1.2 0.5 0.5
Anap 22999 22303.4 51592.5 53129.9 23501.6 24051.8 49128.4 50031.1
Shab 1.8 0.8 1.8 0.7 1.3 0.5 1.6 0.5
M. minutus D 152.3 125.7 n.a. n.a. 120.0 104.8 n.a. n.a.
Wear 41.6 54.8 n.a. n.a. 21.4 25.4 n.a. n.a.
Nypar 1.7 1.6 n.a. n.a. 1.6 1.7 n.a. n.a.
Anan 12491.0 11501.3 n.a. n.a. 10179.9 10644.5 n.a. n.a.
Shab 2.1 0.7 n.a. n.a. 1.7 0.5 n.a. n.a.
A. sylvaticus D 227.7 231.5 n.a. n.a. 161.2 178.2 n.a. n.a.
Wear 50.2 47.7 n.a. n.a. 34.6 36.5 n.a. n.a.
Npar 2.1 1.5 n.a. n.a. 1.7 1.3 n.a. n.a.
Anan 17109.2 18733.5 n.a. n.a. 12635.9 15720.7 n.a. n.a.
Shab 2.1 0.7 n.a. n.a. 1.8 0.4 n.a. n.a.

D, distance (m); Wy,,, cumulative barrier width (m); Ny,,, number of barriers; Ay,p, area of intervening suitable and marginal habitat
(m?); Shab, habitat suitability (1, suitable habitat; 2, marginal habitat; 3, unsuitable habitat); n.a., not available. Table shows values of
monitoring data for all sites (ADW, and MW,) or for the sites in the suitable and marginal habitats only (ADW;, and MW,,).

of M. arvalis were generally highest on non-
flooded areas throughout the year (especially in
2002), while densities in the other zones in-
creased later in the year, an increase which was
related to the distance to non-flooded areas. The
densities of C. glareolus were highest immedi-
ately after the retreat of the water in the zone at
a distance of 0-30 m from the non-flooded areas.
Their total densities in the ADW were relatively

stable throughout the year, and C. glareolus was
not trapped at distances of more than 120 m
from the non-flooded areas. S. araneus was also
present immediately after the water’s retreat in
the lower flooded parts, after which densities
fluctuated. This species was not observed at
more than 120 m from the non-flooded areas
either. In spring, C. russula was only trapped in
non-flooded areas, after which the species gradually



appeared at greater distances from these areas,
while its total densities increased. Both M. min-
utus and A. sylvaticus were not trapped or only
occasionally until autumn, when they appeared
with greatest densities in the 0-30 m zone, but
also at larger distances. In October 2002, both
species were observed at more than 120 m from
the non-flooded parts, and they were also ob-
served in this zone in December 2001. M. arvalis,
C. russula and M. minutus showed a decrease in
total densities towards December, while the
densities of A. sylvaticus were still increasing,
and the densities of C. glareolus and S. araneus
were at least stable.

Combining Table 1 and Figure 1 shows that the
research areas were of different quality (in terms of
suitability and connectivity) for the different spe-
cies. This is also shown in Table 4, which evaluates
the landscape characteristics in relation to moni-
toring sites. Some of the landscape characteristics,
like cumulative barrier width, barrier number and
recolonisation distance, generally had higher val-
ues in the ADW than in the MW. The area of
suitable habitats between the source of recoloni-
sation and a randomly chosen monitoring site was,
however, similar for the two floodplains, or larger
at the MW than at the ADW. The barrier width
was greater for C. glareolus than for the other
species, and recolonisation distances were also
large for this species, as well as for C. russula and A.
sylvaticus. The recolonisation distance for M. ar-
valis was large in the ADW, but small in the MW,
unlike what we found for S. araneus. The area of
suitable habitats in the vicinity was large for C.
russula in both research areas, and also large for M.
arvalis in the ADW. This was also reflected in the
monitoring sites, which were often found in suit-
able habitats (i.e., with low Sp.p).

When data for unsuitable habitats were ex-
cluded, the presence or recolonisation time of
M. arvalis was most related to barrier number
and barrier width (Table 2). Recolonisation time
was also related to habitat suitability for the
models IV and V which explain more than 25%
of the variance in the data. Significant relations
were found between habitat suitability and the
presence of C. glareolus (model I), and the
number of barriers and recolonisation time
(model V). These models explained 36 and 46%
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of the variance in data, respectively. However
relations between these landscape characteristics
and the presence or recolonisation time were
only found in a singular occasion. Only one
model (I) appeared to explain more than 25% of
the variance in the presence data of S. araneus,
at which a significant relation was found with
barrier width. For C. russula this was only the
case for model III where a significant relation
between recolonisation time and habitat suit-
ability was found, and for M. minutus for the
same model where relations with distance and
the number of barriers were found. The models
I, IV and V explained more than 25% of the
variance of presence and recolonisation time
data for A. sylvaticus. For this species, habitat
suitability was of significance in all of the three
models, and the number of barriers, the barrier
width and the distance were of significance in
two of the three models.

It was found that the variance explained by the
models (comparison between model I and II) im-
proved for all species when the data of the
unsuitable habitats were also taken into account.
For M. arvalis, C. glareolus and A. sylvaticus it is
found that the variance in recolonisation time ex-
plained by the model is much larger when absence
data are included in the model. For C. russula and
M. minutus this is just the other way around.

The presence—absence models for the ADW
had greater predictive power for the MW obser-
vations for M. arvalis and C. glareolus than for the
other species (Table 3). The predictive power for
M. arvalis was greatest when unsuitable habitats
were excluded, while that for C. glareolus was
greatest when these were included. However, there
was a huge variance in the models for M. arvalis
and C. russula in particular. All of the species were
expected to occur on more MW monitoring sites
than where they were actually observed. Except for
M. arvalis, the predictive power of the models
decreased when unsuitable habitats were excluded.
The predictive power of each of the models for
M. arvalis based on recolonisation time was more
than 60%, the greatest predictive power being
shown by Model IV. The predictive power of the
models for S. araneus and C. russula was greatest
when absence meant a recolonisation time of
90 weeks.
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Discussion
Small mammal distributions

Small mammals, like other animal species, are not
homogeneously distributed over a floodplain.
Although this fact is well known to ecologists
(Leuven & Poudevigne, 2002; Poudevigne et al.,
2002; Robinson et al., 2002; De Nooij et al., 2004),
it is rarely taken into account in impact assess-
ments of physical reconstruction and floodplain
management plans. At best, these tend to take
account of habitat suitability (Kooistra et al.,
2005) for different species, assuming that species
will be present when habitat structures and prop-
erties (e.g. vegetation, substrate, moisture and size)
are suitable. However, frequent inundations are a
serious problem for several species, which have to
return after a flood. The recolonisation of habitats
which are at first sight suitable habitats may then
be a slow process, especially when landscapes are
patchy, and lack large connected areas of suitable
habitats. Figure 2 shows that the recolonisation of
the ADW floodplain by small mammals was a
slow process in both years of monitoring. The
densities of all species were generally highest on
the non-flooded areas or in the neighbouring zones
(at distances of 0-30 m), and after 7-9 months,
several species were still not present at distances of
more than 120 m from the non-flooded areas, or
were present there in lower densities than in other
zones.

Landscape characteristics and recolonisation

We selected five landscape characteristics which we
expected to potentially affect recolonisation. The
distance between a source population and a
monitoring site is assumed to be important, as
each species has its action radius, and the potential
to disperse over a certain distance in time (Wolff,
1999; Wijnhoven et al., 2005). Distance is also
assumed to be positively related to recolonisation
time (Diffendorfer et al., 1999), and negatively
related to the ‘logarithm of presence’ In(P), in the
absence of interference by other factors. For
A. sylvaticus, increasing distance was indeed sig-
nificantly related to absence or an increase in
recolonisation time (in 2 of the 3 models which
explain more than 25% of the variance in the

data), and the same was true for M. minutus (in
model III; Table 2). For all other species, other
landscape characteristics appeared to be more
important in determining recolonisation, and in
fact, A. sylvaticus also showed stronger regressions
with other landscape characteristics. This indicates
that distance in itself is not the major factor
explaining the relatively slow recolonisation.
Potential barriers (unsuitable habitats) which
have to be crossed can slow down a recolonisation
process. How long it will take before barriers are
crossed is related to barrier characteristics, and
increasing densities within the source area can
function as a trigger to cross barriers (Montgom-
ery et al., 1991). It is often assumed that individ-
uals (active dispersers more so than non-active
dispersers) regularly sally outside suitable habitats,
which is often encouraged by crowding (Gaines &
McClenaghan, 1980; Bondrup-Nielsen, 1985;
Bondrup-Nielsen &  Karlsson, 1985; Van
Apeldoorn et al., 1992; Diffendorfer et al., 1999).
These movements through unsuitable habitats are
more likely to result in the crossing of a partial
barrier when its width is smaller. However, barri-
ers can also accelerate recolonisation (distance per
time; Peles et al., 1999), as individuals may travel
across them faster or in a straighter line, and are
less tempted to settle in these unsuitable habitats.
The number of barriers can therefore have either a
positive or a negative effect on recolonisation
speed. Barrier width was found to be a significant
factor for M. arvalis and A. sylvaticus (2 of the 3
models which explain more than 25% of the var-
iance in the data) as wider barriers delayed recol-
onisation. By contrast, the recolonisation speed of
S. araneus (in the only model which explains more
than 25% of the variance in the data) was posi-
tively related to barrier width. The number of
barriers, which also had implications for barrier
width as we measured it, was positively related to
recolonisation time (in the sense of delaying re-
colonisation) for M. arvalis (2 of the 3 models) and
C. glareolus (1 of the 3 models) and for 4. syl-
vaticus (2 of the 3 models) and M. minutus (the
only model which explains more than 25% of the
variance in the data). In the last case, model III
showed a significant effect, which indicates that the
number of barriers was not important for the areas
that were recolonised, but was problematic for
those monitoring sites that were not recolonised.



Another important characteristic is the surface
area of available suitable habitats in the vicinity, as
it can influence the direction and distance of dis-
persal. It is assumed that individuals are more
likely to disperse in the direction of a connected
suitable habitat than through an unsuitable habi-
tat. If the source of recolonisation is a large con-
nected area of suitable habitat, it will take longer
before individuals are forced to disperse through
unsuitable habitats due to crowding (Boyce &
Boyce, 1988; Briner et al., 2005), resulting in a
positive relation between the available area of
suitable habitat and the recolonisation time. A
larger area of suitable habitat can also mean an
increase in connectivity over longer distances, by
offering corridors or stepping-stones. This should
result in a negative relation between the area of
suitable habitat and the recolonisation time. A
larger area of suitable habitats only had a signifi-
cant accelerating effect on A. sylvaticus (1 of 3
models) and therefore did not seem to be a good
descriptive factor for recolonisation the way we
measured it.

Finally, habitat suitability will be of impor-
tance, as suitable habitats will probably be colon-
ised sooner than marginal habitats with the same
connectivity. We found that suitable habitats were
colonised significantly sooner than marginal and
unsuitable habitats for 4. sylvaticus (all of the 3
models), M. arvalis (2 of the 3 models) and
C. glareolus (1 of the 3 models), except for C. rus-
sula, for which we found the opposite regression
for the only model which explain more than 25%
of the variance in the data. This probably means
that habitat suitability has not been very accu-
rately described for C. russula, or that marginal
habitats are not colonised later than suitable
habitats at similar connectivity, but that suitability
is only reflected by the densities it can carry.

The fact that the constant factor in several
regression equations was also significant means
that not all important landscape characteristics for
recolonisation were included, or that the variation
in the models of recolonisation time was relatively
small, which would be expected to improve if
recolonisation was monitored for longer
than approximately 36 weeks. Especially for
C. glareolus only the constant factor appeared to
be significantly related in the three relevant mod-
els, which indicates that the recolonisation of the
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habitats occurred independent of the landscape
characteristics measured by us. This could be the
result of the fact that suitable habitats near the
sources were colonised soon, while others were not
reached throughout the monitoring period.

Types of recolonisation

Based on the density development patterns, we
expect that three types of recolonisers can be dis-
tinguished, which should be reflected in the
importance of the landscape characteristics deter-
mining the recolonisation of floodplains by small
mammal species. The three different types distin-
guished are schematised in Figure 3. For species of
the first type, the ‘gradual, density induced col-
onisers’, population densities first have to increase
in suitable areas (sources) before barriers are
crossed. When densities increase, individuals are
forced to move into unsuitable habitat searching
for suitable habitats, at which suitable habitats in
the surroundings will be colonised first. Each extra
barrier will delay recolonisation, while wider bar-
riers to a certain extent can accelerate recolonisa-
tion, as individuals will not settle in unsuitable
habitats. Just after a flood these species are only
observed on and near non-flooded areas after
which the floodplain will be colonised gradually.
Species of type 2, the ‘Active dispersers’, fre-
quently sally outside the suitable habitats. They
can be found at several sites within a short time,
and colonisation is often driven by habitat quality
at a particular moment. Their dispersal is not im-
peded by areas of unsuitable habitats or potential
barriers to a certain extent. A typical recolonisa-
tion pattern for these species involves rapid re-
colonisation of several adjacent sites, followed by
a very slow or gradual colonisation of sites with
poor connectivity. For species of type 3, the ‘Long-
distance dispersers after a lag’, small stretches of
unsuitable habitats initially prevent colonisation of
suitable habitats. After longer periods, suitable
habitats at large distances are also colonised. A
certain increase in the population density in source
areas is necessary before individuals start to cross
barriers. Once dispersal through unsuitable habi-
tats has been initiated, these species can travel over
large distances. Therefore, recolonisation time is
typically negatively related to barrier width.
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Figure 3. Three types of recolonisation by small mammal species shown in six comparable time intervals for each of the types, as
indicated by letters. The arrows indicate the dispersal movements between suitable habitats (rectangles), in which the populated parts
are shown in grey. Unsuitable habitats in between suitable patches can form temporary barriers to recolonisation.

The presence of M. arvalis was related to bar-
rier number and barrier width and is a typical
species of type 1. M. arvalis and also C. russula
populations grew faster than those of the other
species, gradually recolonising areas at larger dis-
tances. Both species recolonised areas at distances
of more than 120 m. Therefore the density devel-
opment pattern of C. russula also looked like type
1, but this could not be confirmed by the regres-
sion analyses. The fact that a negative relation
between habitat suitability and recolonisation time
was observed for C. russula indicates that the
habitat is not described well or that the connec-
tivity of the suitable habitats was poor.

Based on the density development patterns
C. glareolus and S. araneus are expected to belong
to type 2. They show a rapid recolonisation of
several adjacent sites, followed by a very slow or
gradual colonisation of sites with poor connectiv-
ity. Fast recolonisation of adjacent monitoring
sites could be the result of favourable conditions in
the lower parts just after the flood, probably
relating to food availability and quality. Fresh
plant shoots and relatively immobile earthworms
are plentiful in the formerly inundated parts, and
invertebrates are abundant in the debris at the
flood mark. In addition, competition is minimal
and there are plenty of shelter opportunities just



after inundation. The total densities of C. glareolus
and S. araneus were relatively stable throughout
the year, and both species were not observed in
about 50% of the total area (viz. the zone at a
distance of more than 120 m from the non-flooded
areas). It seems that for these species the research
area had a poor connectivity and there was a lack
of time for complete recolonisation. Although a
positive relation between barrier width and recol-
onisation time was found for S. araneus, more data
on distributions in floodplains are actually neces-
sary to discriminate if S. araneus is indeed a type 2
species. Also the classification of C. glareolus in
one of the recolonisation types is unclear from the
regression models. For C. glareolus the number of
barriers and recolonisation time are related, which
is in line with publications referring to this species
as a species with low dispersal activity, not very
frequently crossing barriers (Bondrup-Nielsen &
Karlsson, 1985; Kozakiewicz, 1993). However this
could also be the result of several suitable habitats
laying out of reach for this species within the re-
search period.

For species of type 3, small stretches of
unsuitable habitats initially prevent colonisation of
suitable habitats. After longer periods, suitable
habitats at large distances are also colonised. A
certain increase in the population density in source
areas is necessary before individuals start to cross
barriers. Once dispersal through unsuitable habi-
tats has been initiated, these species can travel over
large distances. Therefore, recolonisation time is
typically negatively related to barrier width.
A. sylvaticus is a typical representative of this type.
Also M. minutus shows a similar density develop-
ment pattern, but cannot be classified due to the
poor regressions. Poor trappability during a large
part of the year may also influence the pattern for
this species (Lange et al., 1994). As a result,
M. minutus suddenly appeared at several moni-
toring sites in autumn, making it look like a type 3
species, although it was most probably already
present earlier in the year at some monitoring sites.

Predictive capacity of the regression models

Although regression models based on ecological
data, and especially trapping results of small
mammals, show a great deal of unexplained vari-
ance (low R* values, as shown in Table 2), they
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show valuable information, especially in relation
to heterogeneously structured landscapes or spe-
cies with different recolonisation strategies.
Specifically, these models can give valuable infor-
mation on the relative importance of landscape
characteristics from different levels of significance,
and show trends in positive or negative influence
on species recolonisation. We decided to include
all landscape characteristics in the regression
models (even those which were not found to be
significant), as the regression models were based
on the data of only one floodplain with its own
characteristics. Retaining all parameters in the
model can give valuable information about the
importance of landscape characteristics, when
predictions for another floodplain (MW) are
combined with its landscape characteristics. The
R? values show that the absence of C. russula and
M. minutus from several sites was not adequately
explained by the landscape characteristics, as the
regressions were much stronger when absence data
were omitted. It is also shown that unsuitable
habitats often explained the absence of species, as
the regressions of model I were generally much
better than those of model II. The presence and
recolonisation time appeared to be described best
by the chosen landscape characteristics for M.
arvalis and A. sylvaticus, as for those species the
constant value was not the only or best descriptive
parameter, and the different models showed simi-
lar results.

The presence or absence of species at a moni-
toring site is easier to measure than the time until
recolonisation, and this may be sufficient for sev-
eral applications. The use of several monitoring
sessions reduces the risk of missing a species which
is actually present. Predicting the presence of spe-
cies will be less accurate when floods occur in
various seasons, as the development of small
mammal populations will vary over the year
(Southern, 1965; Montgomery, 1989), and the im-
pact on species survival is different (Van der Velde
et al., 2004). As the flooding intervals in the ADW
and the MW were similar in the years in which we
monitored them, we feel justified in using the
presence—absence models of the ADW to make
predictions for the MW. Except for individuals
dispersing or occasionally sallying out of the suit-
able habitats, species are not expected to occur in
unsuitable habitats. Therefore, we expect the
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predictive power of a model to increase when the
trap lines in unsuitable habitats are ignored. Hav-
ing monitoring sites in unsuitable habitats in the
dataset will increase the deviation of the regression
coefficients. This is actually not the case for all
species which indicates that the unsuitable habitats
also often had a poor connectivity in those cases.

Predictions of the presence of species in vari-
ously structured floodplains with different flooding
regimes actually necessitate the use of regression
models based on recolonisation time. A problem
of these regression models is that of handling data
on species absence. If these data are ignored, less
information about decelerated recolonisation is
incorporated. These regression models are ex-
pected to underestimate the actual recolonisation
time in a landscape. It is possible to allocate a
value to the absence data which is larger than the
maximum recolonisation time recorded. Some
uncertainty will remain, however, which can lead
to underestimation or overestimation. The relative
importance of model parameters for predictions
about different species will not be changed by
varying the value of the recolonisation time at
monitoring sites where species are absent. In ideal
situations, the regression models are based on a
much longer monitoring time than is available in
the area of prediction. This makes it unnecessary
to add the value of the recolonisation time to
monitoring sites that are not recolonised, as the
predictive power of model III will be improved.
The predictive power of similar models such as IV
and V will also be improved, as a larger value for
recolonisation time (> 90) can be given to the sites
where species are absent.

Species-specific landscape characteristics should
be compared between the two research areas to
interpret the predictive capacity of models, as val-
ues of the landscape characteristics in the area of
prediction should lie within the range of values for
the monitoring area. The predictions for the pres-
ence of M. arvalis in the MW were reasonable
(predictive power of 57.1 and 77.3%; Table 3),
while the landscape characteristics for M. arvalis in
the ADW and the MW were also similar. This was
especially the case for the most important factors
determining the presence of M. arvalis, viz., barrier
number and width (Table 4). Only the distances
and the area of suitable habitats in the MW seem to
be smaller, which does not greatly influence the

predictions. The presence of all species, but espe-
cially that of S. araneus and C. russula, in the MW
was, however, overestimated by the models (lead-
ing to a poor predictive power of between 32.3 and
46.3%). In general, barriers in the MW are nar-
rower and greater areas of suitable habitats are
present than in the ADW, for all species except for
M. arvalis. Barriers may prevent the recolonisation
of the MW by C. glareolus and C. russula to a
greater extent than expected. For S. araneus, the
barrier number and width are smaller in the MW,
while the area of suitable habitat is larger. Barriers
may prevent recolonisation by this species as well,
or the much larger suitable area may slow down the
recolonisation process. While the predictive power
of the recolonisation model of M. arvalis was good
(77.3%) when the recolonisation time for the suit-
able habitats where the species was assumed to be
absent was set at 45 weeks (Table 3), the models
for the other species had better predictive power at
a mean recolonisation time of 90 weeks. This sug-
gests that most of the suitable habitats for M.
arvalis are inhabited when there is no flooding for a
whole year, while for the other species, the com-
plete recolonisation of the MW is probably a
matter of years.

Conclusions

The results of this study confirm that the recolo-
nisation of floodplains by small mammal species
after flooding events is a relatively slow process.
Floodplains in which linear distances between
non-flooded areas and potential habitats never
exceed 1 km, are found to be not entirely recol-
onised within 1 year. As the time between two
successive floods is generally not long enough for a
complete recolonisation of the floodplain, species
distribution within floodplains is generally far
from homogeneous, even when only suitable
habitats are considered. The recolonisation pat-
terns are species-specific. Three general types were
distinguished based on recolonisation patterns.
Species behaviour towards landscape characteris-
tics as shown by regression equations confirmed
the positioning of M. arvalis and A. sylvaticus in
these types.

This study also showed that multivariate
regression models are useful in determining the



importance of landscape characteristics for recol-
onisation. The predictive power of the models
looks promising, but can be improved using data
from a few other research areas, especially those
where longer recolonisation times are available.
This would improve especially the value of models
based on recolonisation time.
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Abstract

This paper examines the relationship between protected and endangered riverine species (target species) and
hydrodynamics in river-floodplain ecosystems, combining ecological and policy-legal aspects of biodiversity
conservation in river management. The importance of different hydrodynamic conditions along a lateral
gradient was quantified for various taxonomic groups. Our results show that (i) target species require
ecotopes along the entire hydrodynamic gradient; (ii) different parts of the hydrodynamic gradient are
important to different species, belonging to different taxonomic groups; (iii) in particular low-dynamic parts
are important for many species and (iv) species differ in their specificity for hydrodynamic conditions.
Many species of higher plants, fish and butterflies have a narrow range for hydrodynamics and many
species of birds and mammals use ecotopes along the entire gradient. Even when focussing only on target
species, the entire natural hydrodynamic gradient is important. This means that the riverine species
assemblage as a whole can benefit from measures focussing on target species only. River reconstruction and
management should aim at re-establishing the entire hydrodynamic gradient, increasing the spatial het-
erogeneity of hydrodynamic conditions.

Introduction

Natural river-floodplain ecosystems exhibit a
hydrodynamic gradient from the main channel to
inundation-free areas. A wide variety of riverine
habitats exists along this gradient, in space and
time, created by the dynamic interaction of water,
sediment and biota, leading to high biodiversity
(Bayley, 1995; Ward et al., 2002). Species charac-
teristic of the river-floodplain ecosystem (hereafter
termed riverine species) have adapted their life
histories to match riverine conditions. However,

many riverine species have become rare and
endangered in the Rhine and Meuse catchments,
as a consequence of the dramatic changes in river-
floodplain ecosystems (e.g. the construction of
dikes, dams, groynes and weirs, conversion of
floodplains to agricultural land, water pollution
and invasive species). These modifications have
greatly reduced the spatial heterogeneity, as well as
the variation in hydrodynamic conditions along
the lateral gradient in the floodplain, but also
along the longitudinal and vertical dimensions
(Ward & Tockner, 1999; Aarts et al., 2004).
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Ecological rehabilitation aims at restoring riverine
biodiversity by rehabilitating hydrodynamic and
morphodynamic processes in river-floodplain
ecosystems, and introducing semi-natural grazing
regimes (Nienhuis et al., 2002). Ecological reha-
bilitation also includes improvement of water
chemistry and the remediation of toxic river sedi-
ments (Leuven et al., 2005).

Large-scale reconstruction measures are being
prepared and implemented in river basins of
north-western Europe for the purpose of flood
defence, ecological rehabilitation and infrastruc-
tural improvements (Van Stokkom et al., 2005).
These measures will have far-reaching conse-
quences for the physical structure and dynamics,
and hence for the ecological functioning, of river-
floodplain ecosystems (Nienhuis et al., 1998).
Political and legal goals state the importance of
ecological rehabilitation and provide regulations
and time horizons. According to the European
Water Framework Directive (Council Directive
2000/60/EC), for natural rivers a good ecological
status and for heavily modified waters a good
ecological potential have to be achieved by
2015.

The legislative framework for nature protection
in Europe consists of the Habitats Directive and
the Birds Directive. Significant negative impacts of
human activities on species and habitats protected
by these directives are not allowed, unless (i) there
are no alternative solutions and (ii) there are
imperative reasons of overriding public interest
that demand these activities (Council Directive 79/
409/EEC; Council Directive 92/43/EEC). Even if
these two conditions have been met, the negative
impacts on protected habitats have to be com-
pensated for. River managers are therefore obliged
to take protected species into account in their ef-
fect assessments for spatial planning, physical
reconstruction and management (e.g. Environ-
mental Impact Assessments and Strategic Envi-
ronmental Assessments). Another important and
widely used instrument in species conservation is
that of Red Lists. In this paper, we use the term
target species to refer to both legally protected and
red-listed species.

Attuning the aims of flood defence, ecological
rehabilitation and nature protection requires
tools that integrate policy and legislation goals
with ecological knowledge about target species in

river-floodplain ecosystems. Expressing both ac-
tual and potential biodiversity values offers
opportunities to assess the impacts of physical
reconstruction on biodiversity. The BIO-SAFE
model (Spreadsheet Application For Evaluation of
BIOdiversity) is such a tool (Lenders et al., 2001;
De Nooij et al., 2004, 2005).

The theoretical relation between hydrodynam-
ics and biodiversity is well-known and is exempli-
fied in the flood pulse concept (e.g. Junk et al.,
1989). Empirical evidence supports this concept
and shows that different taxonomic groups utilize
the gradient differently (Van den Brink, 1994; Van
den Brink et al., 1996; Ward & Tockner, 2001;
Chovanec et al., 2005). However, to what extent
the relation between hydrodynamics and biodi-
versity is also valid for target species is largely
unknown. Maximizing ecological benefits of
floodplain reconstruction, and minimizing con-
flicts between river management and nature pro-
tection, require knowledge on the response of
protected and red-listed riverine species to river
dynamics. The BIO-SAFE model integrates
available knowledge about habitat demands of
these target species for the rivers Rhine and Meuse
with their political and legal status. This model
was used to answer the following questions:

e How important are different parts of the
hydrodynamic gradient for target species of
different taxonomic groups in river-floodplain
ecosystems?

e How specifically do target species utilize the
various parts of the hydrodynamic gradient?

e What are the implications of the response of
riverine target species to hydrodynamic con-
ditions for river management?

Materials and methods
Model description

BIO-SAFE is a valuation model which links eco-
topes to riverine target species listed in the Euro-
pean Habitats Directive, the European Birds
Directive, the Conventions of Bern and Bonn and
Red Lists. Ecotopes are defined as spatial units of a
certain extent, which are relatively homogeneous in
terms of vegetation structure, succession stage and



the main abiotic site factors that are relevant to
plant growth (Klijn & Udo de Haes, 1994). BIO-
SAFE describes the habitat of riverine target spe-
cies in terms of riverine ecotopes, derived from the
Water Ecotope Classification published by Van der
Molen et al. (2003), which includes the River
Ecotope System (RES) by Rademakers & Wolfert
(1994). The classification by Van der Molen et al.
(2003) for rivers is based on vegetation structure
and composition, inundation frequency (hydrody-
namics), morphodynamics and land use. In BIO-
SAFE, ecotopes are distinguished at four levels of
scale (1:100,000; 1:50,000; 1:25,000; 1:10,000). At
the finest level of scale (1:10,000), 60 different
ecotopes are distinguished. River engineers, land-
scape ecologists and landscape designers use eco-
topes in hydraulic models, landscape ecology and
landscape design, making the concept of ecotopes a
suitable tool for communication between the vari-
ous disciplines active in river management. The
model incorporates both natural ecotopes and
man-made ecotopes.

Species were selected based on their occurrence
in river-floodplain ecosystems. This included spe-
cies characteristic of the current situation, but also
of natural river-floodplain ecosystems. Selected
species were subsequently attributed to the different
ecotopes. The information on species and habitats
was derived from a thorough literature survey,
supplemented by expert knowledge. Taxonomic
groups included in the model are higher plants,
birds, herpetofauna (amphibians & reptiles),
mammals, fish, butterflies and odonates (dragon-
flies & damselflies). In linking species to ecotopes the
habitat demands of all life cycle stages were con-
sidered. Species in other taxonomic groups were
either not listed as target species or were not char-
acteristic of the Rhine and Meuse river-floodplain
ecosystems. Table 1 lists the numbers of species
included in each taxonomic group.

To each species, values were assigned on the
basis of its policy and legislation status. Through
the linkage of species to ecotopes, values were as-
signed to ecotopes as well (Fig. 1). An explanation
of the species selection process, the value assign-
ment, the development of the ecotope typology
and the linkage of species to ecotopes, including a
full description of the functionalities of the BIO-
SAFE model, can be found in Lenders et al. (2001)
and De Nooijj et al. (2001, 2004).

155
Data analysis and calculations

In this study, species selection, linkage to eco-
topes and value assignment concern lowland river-
floodplain ecosystems in the Netherlands and the
Dutch political-legislative context. All analyses
were carried out at the finest level of scale, as
preliminary analyses had indicated that ecotopes
defined at coarser levels were less accurate in
describing the habitats of many species. The eco-
topes were classified into seven different hydrody-
namic classes along the hydrodynamic gradient
(hydroclasses, Table 1). Note that an ecotope can
occur in more than one hydroclass, such as the
ecotope called natural levee pasture, which can
occur under flooding conditions with a total
inundation time of less than 100 days per year (i.e.
hydroclasses 5 and 6; Table 1).

Based on the values assigned to the species, the
linkage of the species to the ecotopes and the rela-
tion between hydrodynamic conditions and the
occurrence of ecotopes (Table 1), we quantified the
biodiversity potential of a hydrodynamic class
(Hydroclass Importance) (Fig. 1). This procedure
was applied to all taxonomic groups combined
(Fig. 2) and to each taxonomic group separately
(Fig. 3). For all taxonomic groups combined, the
total score in all hydroclasses was set at 100% for
each taxonomic group (in order to weight the dif-
ferent taxonomic groups equally, i.e. irrespective of
the total number of species in a taxonomic group).
In order to calculate the importance for each eco-
tope, the species scores were first summed per
taxonomic group, resulting in the Potential Taxo-
nomic group Biodiversity constant (PTB):

PTB :Z species scores (1)

(for all species
per taxonomic group)

Subsequently, the score of a species was assigned to
the ecotopes it was linked to (species score). This
species score was divided by the PTB, resulting in
the Species specific Ecotope Importance (SElecotopei)
which is the species’ relative contribution to the
maximum potential value of that ecotope.

SElccotopei = species score/PTB (2)

For each taxonomic group, the SEI values of all spe-
cies were summed per hydroclass (Table 1) in order to
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Red lists

- Higher plants
- Birds

- Mammals

- Herpetofauna
- Fish

- Odonates

- Butterflies

International documents
- EU Habitats Directive

- EU Birds Directive

- Bern Convention

- Bonn Convention

N

Target species

Weight distribution*

Selection of species
characteristic of

rivers**
Quantified policy Species score
status of riverine PTB
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Link target SpeCIeS taxonomic group)
inkage to
hydrodynamics

via ecotopes**
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species linked to
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* Experts

** Experts and literature

Figure 1. Schematic overview of the construction of BIO-SAFE and quantification of the potential of hydrodynamic conditions for
target species. S score: Species-specific score, quantifying policy relevance; PTB: Potential Taxonomic group Biodiversity constant;
SEI: Species-specific Ecotope Importance; relative contribution of species to the maximum potential value for that ecotope; THI:
Taxonomic group Hydroclass Importance; potential value of the hydrodynamic class.

calculate the Taxonomic group Hydroclass Importance
(THI). This is defined as the potential value of that
hydrodynamic class as a habitat for riverine target
species belonging to a certain taxonomic group.

THIhydroclassk = Z SEI (3)

(for all species per

taxonomic group occurring

in ecotopes with hydrodynamic
class k)

Per hydrodynamic class, ecotopes were only used
in the calculation if (i) they occurred under those

hydrodynamic conditions and (ii) they were used
by at least one species in that taxonomic group (see
Table 1), in order to exclude ecotopes which are
unsuitable for that taxonomic group (e.g. fish do
not occur in terrestrial ecotopes).

Results

When all taxonomic groups of target species are
combined, the biodiversity potential shows an
increase with decreasing hydrodynamics, until
class 6, where an optimum is reached (Fig. 2). This
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Figure 2. Hydroclass Importance (HI), for all species groups combined, along the hydrodynamic gradient. The contribution of each
taxonomic group was set at 100%. 1: highest degree of hydrodynamics, 7: lowest degree of hydrodynamics.

class also harbours the largest number of target
species (Table 1). The contribution of the different
taxonomic groups to the potential differs markedly
along the hydrodynamic gradient. The results per
taxonomic group are given in Figure 3.

For higher plants, the low-dynamic parts (clas-
ses 5 and 6) are most important, although a number
of plants are confined to class 3, viz., strapwort
(Corrigiola litoralis), tall pepperwort (Lepidium
graminifolium) and bur medick (Medicago minima).
Many plant species have a narrow range (high
specificity) along the hydrodynamic gradient.

Fish show a pattern opposite to that of plants, in
which the high-dynamic parts (classes 1 and 2) are
most important. Sturgeon (Acipenser sturio), twaite
shad (Alosa fallax) and lampern (Lampetra fluvia-
tilis) are restricted to the high-dynamic parts. Spe-
cies with a broad range are predominantly found in
the low-dynamic parts (classes 5-7); these include
weatherfish (Misgurnus fossilis), eel (Anguilla an-
guilla) and crucian carp (Carassius carassius).

For birds, the entire hydrodynamic gradient is
important. Species with a narrow range (high
specificity), such as black stork (Ciconia nigra),
curlew (Numenius arquata) and redshank (7ringa
totanus) are mainly found in the low-dynamic
parts (classes 4-7). Many bird species have a broad
range for the hydrodynamic gradient; these
include waterfowl like several duck species, black
tern (Chlidonias niger) and common tern (Sterna
hirundo).

The extremely dynamic parts (class 1) are of no
importance to butterflies, while the high-dynamic
parts (classes 2 and 3) are important to brown
argus (Aricia agestis), queen of spain frittillary
(Issoria lathonia) and glanville frittillary (Melitaea
cinxia). Species restricted to the low-dynamic parts
(4-7) include scarce large blue (Maculinea teleius),
chequered skipper (Carterocephalus palaemon) and
silver-washed frittillary (Argynnis paphia).

For herpetofauna, it is the low-dynamic parts
(classes 4-7) that are the most important by far.
The high-dynamic parts (1-3) are only used by
grass snake (Natrix natrix), lake frog (Rana ridib-
unda) and edible frog (Rana kl. esculenta). These
species occur across the entire hydrodynamic
gradient.

Odonates, like butterflies, are absent from the
extremely dynamic parts. Gomphidae use almost
the entire gradient, while green hawker (Aeshna
viridis) and hairy dragonfly (Brachytron pratense)
are restricted to the low-dynamic parts (classes 4-7).

For mammals, the entire hydrodynamic gradi-
ent is important, although compared to birds, the
high-dynamic parts (classes 2 and 3) are more
important to them. Species with a narrow range for
the hydrodynamic gradient include red deer
(Cervus elaphus), root vole (Microtus oeconomus)
and water shrew (Neomys fodiens). Species with a
broad range for the hydrodynamic gradient include
beaver (Castor fiber), otter (Lutra lutra) and pond
bat (Myotis dasycneme).
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Figure 3. Taxonomic group Hydroclass Importance (THI) for the different species groups along the hydrodynamic gradient. Species
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Discussion and economic development (in terms of flood

defence, food and drinking water quality, infra-
Traditionally, river management has focussed structure, agriculture, mineral extraction, etc.)
mainly on the chemical and physical aspects were always the main goals. River managers
of river-floodplain ecosystems, such as water today are faced with highly modified river-flood-

quality, water quantity and flow power. Safety plain ecosystems, with large numbers of species
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that are nowadays protected and/or endangered
and therefore require special attention. The chal-
lenge in the near future is to reconstruct and
manage these river-floodplain ecosystems in a way
that reconciles flood risk management, infra-
structural works and economic development with
ecological rehabilitation (Nienhuis & Leuven,
2001), within legal boundaries imposed by nature
conservation legislation. River-floodplain ecosys-
tems are structured by hydrodynamics, morpho-
dynamics and vegetation succession. River
managers should be able to influence these pro-
cesses in such a way as to achieve the various
goals of river management. This requires knowl-
edge about the causal relationships between
physical processes and desired endpoints. In the
present study, target species (endpoints of nature
conservation) were linked to hydrodynamics.
Our results therefore integrate the ecological sig-
nificance of hydrodynamic conditions with the
relative importance of riverine species in policy
and legislation.

Although target species occur along the entire
gradient, the potential for these species increases
gradually with decreasing dynamics and reaches
an optimum when the inundation frequency is
between 0 and 20 days per year (class 6). In
addition, each taxonomic group shows a different
distribution along the gradient and responds to
hydrodynamics in a typical and different fashion.
For some groups (e.g., rheophilous fish), it is the
high-dynamic parts that are more important, while
for other groups (e.g. higher plants, herpetofauna,
butterflies), the most important parts are those
with low dynamics. Many species of birds, mam-
mals and odonates predominantly use the entire
gradient, while most plant species and — to a lesser
extent — butterflies and fish are specifically bound
to one or two hydrodynamic classes.

Species found along the entire gradient may be
indifferent to hydrodynamics, but may also spe-
cifically utilize different parts of the gradient for
different activities (e.g. foraging, breeding and
resting) and therefore depend on the entire gradient
in order to successfully complete their lifecycle
(Verberk & Esselink 2003). Usually, the latter sit-
uation is the case. For example, black terns
(Chlidonias niger) are very specific as regards their
breeding site, using floating rafts of terrestrializing
vegetation, such as those formed by water soldier

(Stratiotes aloides), but forage in a broad range of
ecotopes (from the main channel and lakes to
marshland vegetation), feeding mainly on small fish
and large aquatic insects, such as dragonflies. The
grass snake (Natrix natrix) is also found along the
entire hydrodynamic gradient, but selectively
requires low-dynamic ecotopes with conditions
making them suitable as hatcheries for their eggs,
while many other ecotopes are suitable foraging or
resting sites. The water bat (Myotis daubentonii)
selectively catches its prey above open water, and is
specific with regard to its resting and breeding
habitat (e.g. old growth trees). The river darter
(Gomphus flavipes) specifically uses submerged
sandy river banks during its larval stages, whereas
upon emerging, the adult uses a variety of terrestrial
ecotopes for maturation, roosting and foraging.

These examples illustrate the limitations of the
concept of ecotopes in describing habitats when
applied to mobile animals. This was to be expected,
as the ecotope classification concept we used was
primarily based on factors structuring plant com-
munities. Although many important causal factors
for animal species are not incorporated in the
ecotope classification applied in this study, this
concept can to a certain extent be applied to
quantify biodiversity potential (Lenders et al.,
1998).

Our study dealt only with riverine target species
of various taxonomic groups of the Rhine and
Meuse in the Netherlands. These river-floodplain
ecosystems are highly managed lowland rivers,
potentially limiting the extrapolation of the results
to other systems. However, species and ecotopes
incorporated in the model were derived from both
natural and modified river-floodplain ecosystems
(see Materials and methods). Moreover, the results
are largely in accordance with those of studies
dealing with various aquatic taxonomic groups of
river-floodplain ecosystems along the lower Rhine
and Meuse (Van den Brink, 1994; Van den Brink
et al.,, 1996), with total species richness in the
Danube (Ward & Tockner, 2001), with a weighted
biodiversity score in the Danube (Chovanec et al.,
2005) and with fish biodiversity in general (Aarts
et al., 2004). This is a strong indication that, for
river-floodplain ecosystems, (i) our results may
have generic meaning and (ii) the riverine species
assemblage as a whole can benefit from measures
focussing on creating suitable conditions for target



species only. These results are important in the
light of the implementation of many measures as
required by the EU’s Water Framework Directive
(WFD).

Our results show that for target species the en-
tire hydrodynamic gradient found in a natural
riverine landscape is important. Our results also
show that both aquatic and terrestrial ecotopes in
the low-dynamic parts of the hydrodynamic gra-
dient are particularly valuable. The importance of
low-dynamic aquatic parts was also highlighted by
a study by Van den Brink et al. (1996).

Measures aimed at flood defence, which include
lowering of floodplains and river dike diversion
(winter bed enlargement), may provide opportuni-
ties as well as threats for (protected) biodiversity.
The habitat demands of riverine species in relation
to hydrodynamics should set the boundary condi-
tions for physical reconstruction and management
aimed at combining safety goals with ecological
rehabilitation and nature protection (Nienhuis &
Leuven, 2001; Van Stokkom et al., 2005). Increasing
the opportunities for target species requires
enlargement of the winter bed (i.e., more space for
the gradient to develop), a prerequisite running
counter to current reconstruction plans. Because
space is scarce, river managers are looking for room
for water discharge in the vertical dimension, by
riverbed deepening and floodplain lowering (Nien-
huis & Leuven, 1998). This causes higher levels of
hydrodynamics between the dikes, and thus does
not result in restoration of the hydrodynamic gra-
dient, but in a loss of low-dynamic parts (and the
creation of a ‘bathtub’ situation). Our results indi-
cate that these parts are of vital importance, so that
situations with limited space require tailor-made
designs. These designs need to combine our results
on the importance of different hydrodynamic con-
ditions for riverine species with more specific
knowledge about their demands in terms of size and
configuration of habitat elements (e.g., ecotopes;
Wiens, 2002). For example, extra space for low-
dynamic ecotopes can be created by over-dimen-
sioning of flood defence measures such as lowering
of floodplain and widening or digging of secondary
channels. Tailor-made designs also require a sound
inventory and assessment of the actual situation and
potentials specific for that location.

In conclusion, even when focussing only on
target species, no part of the natural hydrody-

161

namic gradient can be neglected in reconstruction
and restoration designs. River reconstruction and
management should aim at enlarging the winter
bed in order to re-establish the entire hydro-
dynamic gradient. When this is not possible, spa-
tial and temporal heterogeneity of hydrodynamic
conditions should be maximised within the spatial
limits.
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Abstract

The European policy for river management during peak discharge periods is currently changing from
exclusion strategies (reinforcement of dykes) to allowing a more natural situation by creating more
floodplain space to reduce water levels during peak discharges. In addition, water retention and water
storage areas have been created. The new measures are generally being combined with nature development
strategies. Up till now, however, ecological targets of broadscale floodplain wetland restoration including
sedge marshes, species-rich floodplain forests and carrs, riparian mesotrophic grasslands and other bio-
diverse riverine ecosystems, have hardly developed in these areas. Most studies on the conditions needed for
sustainable ecological development of floodplains have focused on hydrological and geomorphological
rather than biogeochemical issues (including nutrient availability and limitation). There are, however, large
differences in the composition of river water and groundwater and in sediment quality between rivers in
densely populated areas and those in more pristine areas, which serve as a reference. It is very likely that
these factors, in combination with heavily altered hydrological regimes and the narrow areas confined
between the dykes on both sides of the rivers, impose major constraints on sustainable ecological devel-
opment of riverine areas. Another issue is that existing wetlands are generally considered to be very
appropriate for water retention and conservation, although recent research has shown that this may pose a
serious threat to their biodiversity. The present paper reviews the biogeochemical constraints on the
combination of floodplain rehabilitation, water conservation and the conservation and development of
wetlands. It is concluded that biogeochemical problems (mainly related to eutrophication) predominantly
arise in less dynamic parts of the river system, to which the flood-pulse concept applies less. Sound
knowledge of the biogeochemical processes involved will contribute to greater efficiency and a better
prediction of the opportunities for restoration and development of riverine wetlands. This information can
be directly applied in nature management, water management, policy-making and consultancy.

Changing concepts, changing rivers Netherlands have to cope with excessive volumes
of water in a narrow area confined by dykes. In the
During peak discharge periods, regulated river past, the only strategy was to avoid flooding by

systems in densely populated areas such as the raising and reinforcing dykes (levees). Since this
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approach has proved to be insufficient and
concepts of river management have changed, new
strategies have been designed which allow the
development of a more natural riverine system
(Admiraal et al.,, 1993; De Waal et al., 1995;
Harper et al., 1995; Sparks, 1995; Tockner et al.,
1998). Additional space is created in floodplains to
avoid the heading up of water between the
embankments, thereby reducing flood risks (‘Space
for the river’ or ‘Room for the river’ policy; Van
Stokkom et al., 2005). In this approach, flood-
plains are mechanically lowered (by excavation)
and widened (by dyke displacement), secondary
channels are excavated and large obstacles re-
moved, so that rivers are able to expand into side
channels and wetland areas (Mostert, 1998;
Nienhuis et al., 1998; Leuven et al., 2000; Smits
et al., 2000). In strongly regulated rivers lacking
space for natural hydrogeomorphological pro-
cesses, the concept of ‘cyclic rejuvenation’, mim-
icking the effects of natural channel migration, is
being applied as a compromise between flood
protection and ecological rehabilitation (Simons
et al., 2001; Baptist et al., 2004; Geerling et al.,
2006). In addition, inland areas are adapted to
retain and store excess water temporarily, both in
natural wetlands and in agricultural areas.

These new safety strategies are generally being
combined with habitat creation strategies (Cals
et al., 1998; Buijse et al., 2002; Nienhuis et al.,
2002). The ecological objective is to create flood-
plain forests, riparian grasslands, sedge fens and
other biodiverse ecosystem types (Postma et al.,
1996; Bal et al., 2001; Buijse et al., 2005; Nienhuis,
2006). Up till now, however, high-biodiversity
vegetation targets have hardly been achieved,
especially for the permanently flooded or water-
logged locations (Pedroli et al., 2001; Buijse et al.,
2002, 2005). Increased connectivity to the river has
even been shown to decrease species diversity for
macrophytes, macrozoobenthos, phytoplankton
and zooplankton in floodplain lakes along the
lower Rhine and Meuse rivers (Van den Brink
et al., 1993; Van den Brink & Van der Velde,
1994).

The present paper will focus on biogeochemical
problems that may impede ecological rehabilita-
tion of floodplain vegetation, and on their relation
with the flood-pulse concept. The rehabilitation
discussed includes the development of ecosystem

types that have become rare along rivers in
densely-populated areas, such as sedge fens and
alder carrs. After the discussion of constraints re-
lated to surface water, groundwater and soil
quality, their possible effects on plant biodiversity
will be treated. Next, implications for river man-
agement and nature conservation will be outlined.

River water: quantity and quality

The hydrological changes described above will al-
low rivers greater access to their floodplains (in-
creased connectivity), and increase water level
fluctuations in floodplains. In other words, the
flood pulse, regulating floodplain functioning, is
restored (Junk et al., 1989; Bayley, 1991; Heiler
et al., 1995; Middleton, 1999; Van Geest et al.,
2005). In the river deltas, more estuarine processes
(tidal action and brackish water intrusion) will be
allowed (Smits et al., 2000, 2006). As a result of
this, large areas will be temporarily or permanently
flooded, or waterlogged. Such water table fluctu-
ations lead to alterations between oxidized and
reduced soil conditions. In addition, flooding will
become more frequent in many parts of the
floodplains. It is evident that these changes in the
water table regimes will lead to changes in vege-
tation composition, as a result of the susceptibility
of plants to waterlogging and flooding. The
duration of the flooding periods, as well as the
seasonality and frequency of flooding, have major
effects on species distribution and succession. This
may be the result of low oxygen concentrations
affecting root growth (Van der Valk, 1981; Jack-
son & Drew, 1984; Brock et al., 1987; Crawford,
1987, 2003; Smits et al., 1990b; Van den Brink
et al.,, 1991; 1995; Armstrong et al., 1994; Blom
et al., 1994; Lenssen et al.,, 1999; Visser et al.,
2003; Van Eck et al., 2006) or germination (Smits
et al., 1990a, 1995), decreased photosynthetic rates
(Vervuren et al., 1999; 2003; Mommer et al.,
2004), erosion and sedimentation, or mechanical
stress by current and wave exposure (Coops & Van
der Velde, 1996; Coops et al., 1996a). In addition
the water depth and the fluctuation of the water
table strongly control vegetation growth and
zonation (Coops & Van der Velde, 1995; Coops
et al.,, 1996a; Van Geest et al., 2005). Lastly,
flooding may well increase dispersal of propagules



via the surface water (Brock et al., 1987; Coops &
Van der Velde, 1995; Amoros, 2001; Boedeltje
et al., 2004).

Increased connectivity between rivers and their
floodplains will inevitably lead to a stronger
influence of the river water quality on floodplain
communities, such as demonstrated for the rela-
tion between the flooding frequency and duration,
and their water quality (Van den Brink & Van der
Velde, 1994). The magnitude and location of
sedimentation and erosion directly influence bio-
diversity while, conversely, the vegetation type has
a significant effect on hydrogeomorphological
characteristics such as hydraulic conductivity and
sedimentation (Hupp, 1992; Bornette & Amoros,
1996; Coops et al., 1996b, 1999; Henry et al., 1996;
Steiger & Gurnell, 2003). High connectivity seems
to be a prerequisite for some aquatic species such
as as Nymphoides peltata through the prevention
of calcium deficiency (Smits et al., 1992). Surface
water pollution by phosphate and nitrate increases
the influx of these nutrients, both in the dissolved
and the particulate fraction, in floodplain soils
(Van den Brink et al., 1993; Van den Brink & Van
der Velde, 1994; Knowlton & Jones, 1997;
Kronvang et al., 1998; Spink et al., 1998; Darke &
Walbridge, 2000). This direct pollution is known
to be able to decrease biodiversity in floodplain
streams and ponds through eutrophication (Van
den Brink et al., 1993; 1994; Trémolieres et al.,
1994; Bornette et al., 2001; Bij de Vaate et al.,
2006). Floodplain waters become dominated by
algae and cyanobacteria, causing the deterioration
of underwater communities.

On the other hand, nutrient retention and
removal by denitrification, uptake by plants,
periphyton and microorganisms, sedimentation
and binding to the soil are regarded as important
regulators of nutrient concentrations in the river
water (Kok et al., 1990; Sjodin et al., 1997; Reddy
et al., 1999; Olde Venterink et al., 2003b; Hogan
et al., 2004). Van der Lee et al. (2004) studied the
eutrophic river Rhine and found that nitrogen (N)
retention was insignificant (<3% of the annual
load), while phosphorus (P) retention amounted to
18%. For both nutrients, sedimentation was the
most important retention mechanism. As a result
of differences in connectivity, flow velocity and
vegetation composition, nutrient accretion rates
show great variability within floodplains. During
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floods, however, large amounts of phosphate may
be released from heavily fertilized floodplain soils
as they dissolve and diffuse to the water layer, as
explained below. This is expected to reduce the
retention capacity for this nutrient, or may even
lead to a net efflux of P from the floodplains to the
river. In addition, flooding is known to stimulate
the loss of C, N and P as a result of increased
decomposition and mineralization in soil litter, for
instance, in floodplain forests (Lockaby et al.,
1996).

Even if river water is eutrophic, mesotrophic
vegetation types such as sedge fens may develop on
floodplains. The occurrence of these often biodi-
verse vegetation types depends on a low total influx
of nutrients. This can be determined by a lower
level of connectivity (by distance), but may also
result from permanent influx of nutrient-poor
groundwater like in floodplains surrounded by
calcareous massifs (Kohler et al., 1973; Carbiener
et al., 1990; Bornette et al., 1996), or from seepage
of iron-rich groundwater (see below). It can, how-
ever, also be caused by the presence of highly
productive, eutrophic or hypertrophic vegetation
types between the biodiverse vegetation types and
the river. Nutrient-rich, species-poor stands of
helophytes such as Phragmites australis, Typha
latifolia, Phalaris  arundinacea and Glyceria
maxima, and of species-poor brushwood and
forests adjacent to rivers, act as natural helophyte
filters, removing nutrients and particles from the
surface water and enabling biodiverse wetland
types to develop farther from the river (Wassen
et al., 2002; 2003). However, vast floodplains,
ranging in width from several hundreds of metres
to several kilometres (e.g., up to 10 km for the river
Danube), are absent in densely populated lowland
areas such as the Netherlands (Buijse et al., 2002).
The actual space for the river will, even after the
implementation of the new plans for riverine areas,
in most cases be too narrow to allow for
these lengthy gradients from nutrient-rich to
nutrient-poor conditions, including both mineral
and more organic soils. All desired wetland types of
the target situation including marshes, natural
grasslands and floodplain forests (Postma et al.,
1996; Buijse et al., 2005), have to develop within a
‘straitjacket’, confined by the embankments on
both sides. The better the water quality, the smaller
the influence of this spatial problem, which is very
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difficult, if not impossible, to tackle in densely
populated areas. This fact underlines the need for
cleaner water and cleaner floodplain soils.

In addition to the direct eutrophication effects
caused by the influx of nutrients, high sulphate and
chloride concentrations in the inflowing surface
water may cause adverse biogeochemical
changes in many Dutch wetlands with organic
soils, including former river meanders (Roelofs,
1991; Koerselman et al., 1993; Smolders &
Roelofs, 1993; Lamers et al., 1998b; Beltman
et al., 2000; Lamers et al., 2001; Verhoeven et al.,
2001; Lucassen et al., 2004a). Concentrations of
both anions in wetlands have greatly increased as a
result of anthropogenic input into rivers (indus-
trial, agricultural and mining activities) and the
increased use of river water to compensate for
water shortage in agricultural areas and nature
reserves (Roelofs, 1991; Smolders & Roelofs, 1993;
Lamers et al., 1998b). Increased chloride loading
from chloride-polluted river Rhine water may
negatively influence the vegetation composition of
floodplain lakes (Van den Brink & Van der Velde,
1993). Large amounts of sulphate are being
mobilized by the oxidation of geological iron sul-
phide (FeS,) deposits by oxidation as a result of
drainage (Lamers et al., 1998a; Schuurkes et al.,
1988) and, indirectly, by nitrate pollution of
aquifers from the intensive fertilization of arable
land (Nordstrom, 1982; Koélle et al., 1985; Paul &
Clark, 1989; Appelo & Postma, 1993; Hoffmann
et al., 1998; Lamers et al., 2002b). In the latter
case, FeS, is oxidized anaerobically through
chemolithotrophic denitrification, resulting in even
stronger increases in sulphate concentrations in
groundwater and, after discharge, surface water.
Increased sulphate concentrations, between 1 and
4 mmol 17! for Dutch surface waters, may well
lead to considerable phosphate mobilization under
anaerobic conditions (waterlogging and flooding;
Fig. 1). The increased production of sulphide in
sulphur (S)-polluted wetlands by increased micro-
bial sulphate reduction rates interacts with iron
phosphate binding, leading to the formation of
iron sulphides (including pyrite), the release of
phosphate and potential iron deficiency (Bostréom
et al., 1982; Caraco et al., 1989, 1993; Roelofs,
1991; Smolders & Roelofs, 1993; Smolders et al.,
1994; Lamers et al., 2002a). In addition, mineral-
ization rates may be stimulated by increased

alkalinity (Kok et al., 1990; Roelofs, 1991; Smol-
ders & Roelofs, 1995) as a result of the reduction
of electron acceptors such as sulphate or nitrate.
The effect of the increased sulphate concentrations
is, however, strongly dependent on the soil type,
and on the concentrations (Lamers et al., 2001).
One of the significant factors is the concentration
of free iron that is available for phosphate binding.
For wetland soils, the ratio between the pore water
concentrations of iron and phosphate has a high
indicator value. Phosphate mobilization to the
water layer is low at values above 10 (mol mol™"),
and moderate between 1 and 10 (Smolders et al.,
2001; Geurts et al., unpublished data). At ratios
below 1, however, iron levels proved to be too low
to provide a functional ‘iron trap’. Although it is
known that the microbial community responsible
for sulphate reduction strongly changes over a
salinity gradient (Laanbroek & Pfennig, 1981),
information on the composition of assemblages of
sulphate-reducing prokaryotes in S-polluted
freshwater systems is still limited (Lomans et al.,
1997; Castro et al., 2002). Potential sulphate
reduction rates appear to be high within the first
week after the water table is raised in drained soils,
showing the presence and fast response of a viable
community of sulphate-reducing prokaryotes
(Miletto, unpublished data).

Groundwater changes

Floodplains show a hydrological mosaic, caused
by differences in lateral fluxes between uplands,
floodplains and the river, often including discharge
locations. In more pristine areas, discharged
groundwater will generally be nutrient-poor (De
Mars et al., 1997). This discharge of hypoxic, iron-
or calcium-rich groundwater may lead to increased
phosphate retention, decreasing phosphate
availability under natural wetland conditions. The
extent to which this occurs depends on the
hydrological characteristics and on soil and
groundwater quality (Stumm & Morgan, 1981). As
a result of large-scale water table draw-down in the
catchment, groundwater fluxes have greatly chan-
ged in floodplains. This has led not only to
quantitative changes, but also to qualitative
changes. Discharge of iron has decreased, and
groundwater may contain high concentrations of
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Figure 1. Phosphate mobilization (pore water) in mesocosm experiments by waterlogging with (S) or without (control) sulphate
pollution (2 mmol 171) for three different sediment types. Sedge meadow: grassland abandoned by agriculture approx. 10 years before
the onset of the experiment; organic sediment; Caricion nigrae vegetation. Fen meadow: organic sediment; Junco-Molinion vegetation.
Alluvial meadow: clay sediment; Alopecurion pratensis vegetation. After 11 weeks (end of the experiment), phosphate mobilization in
the alluvial meadow was just as high as for sulphate-treated sedge-meadows, although its initial rate was slower. In contrast to the
other two types, however, sulphate did not fortify the eutrophication process. Means are given, with their standard errors (=6, 5, 5,

respectively). (From: Lamers et al., 2001; Loeb & Lamers, 2003).

nitrate and sulphate (up to the millimolar range;
Lucassen et al., 2004a; Baker & Vervier, 2004). As
a result of the high P sorption capacity of soils,
phosphate concentrations in groundwater are
considerably lower. Depending on the constitution
of the subsoil (including water table and organic
matter concentration), a large part of the nitrate
may be reduced and lost from the soil by denitri-
fication (Kester et al., 1997; Baker & Vervier,
2004; Hefting et al., 2004), although this strongly
depends on the actual hydrology of the floodplain
(Burt et al., 1999) and soil texture (Pinay et al.,
2000). Higher water tables and concomitant
absence of oxygen may, however, promote nitrate
reduction to ammonium, leading to ammonium
accumulation in the topsoil. On drained sites,
nitrification rates are high and nitrate may accu-
mulate (Hefting et al., 2004).

In addition to organotrophic denitrification,
nitrate may also be reduced by lithotrophic
denitrifiers, as explained above. Although the
passage of nitrate-rich groundwater through
aquifers rich in iron seems beneficial because it
means that nitrate is stripped from the water, a
significant new problem is created because
sulphide is oxidized to sulphate. In many agricul-

tural areas, nitrate intrusion has led to sulphate
‘charging’ of the groundwater in this way (Pauwels
et al., 1998; Lamers et al., 2002b). In addition to
this source, increased sulphate concentrations in
groundwater originate from sulphide oxidation by
oxygen in drained wetland soils and sulphate efflux
from farmlands (Heathwaite, 1990; Freeman
et al., 1996; Lamers et al., 1998a,b). Values of up
to 8 mmol 17! have been reported for groundwa-
ter-feeding carr woods in oxbow lakes (Boxman
et al., 2003). In many Dutch riverine wetlands that
still show seepage, groundwater has become the
primary source of sulphate pollution (Lucassen
et al., 2004a).

Sulphate pollution is especially detrimental
when the efflux of water and dissolved nutrients
is blocked. The creation of high water tables
throughout the year as a measure against
desiccation was found to be disastrous for alder
carrs in former river meanders (oxbow lakes) of
the river Meuse in the Netherlands. This (for this
wetland type) artificial situation differs strongly
from the natural conditions, which involve water
table fluctuations during the year with lower val-
ues in the summer. Even within the first growing
season after the introduction of this measure, the
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surface water had become completely covered by
Lemna spp., while characteristic species such as
Caltha palustris, Calla palustris and several Carex
spp. had been literally drowned. Phosphate con-
centrations had increased severalfold as a result of
prolonged anoxic conditions and accumulation
(Boxman et al., 2003; Lucassen et al.,, 2004a,
2005). Alnus glutinosa even started to die at these
locations. It may be clear that this artificial
hydrological regime (‘over-rewetting’) is very det-
rimental and undesirable. The same holds for
other types of wetlands, such as fen meadows.
Aerobic conditions are needed in summer,
presumably also to stimulate nitrification. Plants
characteristic of this type of habitat show a strong
preference for nitrate as an N source, while the
accumulation of ammonium leads to toxic condi-
tions (Smolders et al., 1996; De Graaf et al., 1998;
Lucassen et al., 2003; Van den Berg et al., 2005).
The re-establishment of a more natural water
regime, with higher water tables during winter and
tables below the hydraulic head of the seepage
groundwater (allowing adequate nutrient efflux),
have been shown to offer better prospects
(Lucassen et al., 2004a, 2005). A positive effect of
water table fluctuation on biodiversity was also
found for floodplain lakes along the Lower Rhine
(Van Geest et al., 2005). For fen types that need a
constant water level at soil surface, however, this
type of water table fluctuation does not provide a
solution.

Interestingly, high nitrate concentrations in the
groundwater, originating from intensive fertiliza-
tion of arable land in the catchment, are able to
reduce or even counteract the adverse effects of
stagnating, sulphate-rich conditions. Since nitrate
is a more favourable electron acceptor than
sulphate, it appears to be able to prevent sulphate-
induced phosphate mobilization and sulphide
accumulation (Lucassen et al., 2004b). On the
other hand, accumulation of ammonium (Hefting
et al., 2004) may well lead to wundesirable
dominance of highly competitive graminoid spe-
cies (Lucassen et al., unpublished data).

In addition to the plans for development of
freshwater wetlands, plans have also been
announced to restore more saline conditions to
regions that had formerly been brackish. This is
expected to lead to restored tidal water level fluc-
tuations, affecting soil biogeochemistry (including

redox reactions). Additionally, chloride and
sulphate concentrations will increase. Increased
sulphate and chloride concentrations in freshwater
wetlands are expected to reduce biodiversity by
eutrophication (nutrient-controlled systems), as
described above. Higher values of both anions
under brackish conditions, however, will probably
lead to the rehabilitation of characteristic (eutro-
phic) brackish wetlands with a high biodiversity.
Unlike freshwater wetlands, which are generally
nutrient-controlled, these are expected to be con-
trolled by high, fluctuating chloride concentrations
(salinity controlled), or by the interaction between
salinity and nutrient availability (Den Hartog,
1974; Bloemendaal & Roelofs, 1988; Moss, 1994).
Higher salinity will be directly toxic to most
freshwater species, but it will also influence them
indirectly, through the modification of biogeo-
chemical processes like decomposition, minerali-
zation, redox reactions and nutrient release
(Christian et al., 1990; Van den Brink & Van der
Velde, 1993; Hall & Anderson, 1995; Mendelssohn
et al., 1999; Hyacinthe & Van Cappellen, 2004).

Soil quality: nutrients

Research in floodplains has generally focused on
hydrology and river water quality. Decomposition
rates are, for instance, strongly determined by soil
moisture content. In peatlands, water tables are a
major factor controlling decomposition rates, with
higher rates at drained sites (Bridgham & Rich-
ardson, 2003). However, in addition to hydrolog-
ical changes and surface water quality, several
other factors have been drastically changed in
riverine areas. Although river water quality in the
Netherlands has improved in recent decades, and
nutrient concentrations have decreased substan-
tially (except for N in the Meuse; Admiraal et al.,
1993; Bij de Vaate et al.,, 2006; Fig. 2), most
floodplains are still highly eutrophic, because they
have received massive amounts of nutrients by
fertilization (manure and fertilizer) for agricultural
purposes. In the Netherlands, influxes may
amount to 500 kg N and 75 kg P per hectare per
year (CBS, 2004). Additionally, approximately 20—
30 kg of airborne N per hectare per year is
deposited in non-forest vegetation (Boxman,
2005). Due to high concentrations of amorphous
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Figure 2. Total concentrations of phosphorus (P) and nitrogen (N) in the rivers Rhine and Meuse, and their discharges, between 1980

and 2003. (Data from: RIVM, 2004).

(i.e. non-crystalline) iron and aluminium (the latter
especially in clay), the phosphate-binding capacity
of wetlands is generally very high. Clay soils in
particular are known to have an extremely high
potential for P retention. Phosphate retention ap-
pears to be strongly correlated to the concentra-
tion of both compounds, especially aluminium
(Richardson, 1985; Darke & Walbridge, 2000).
Furthermore, pollution of the groundwater with
nitrate may also lead to the accumulation of ni-
trate and ammonium in floodplain soils (as ex-
plained above). This soil eutrophication (P and N)
appears to impose a more imminent constraint on
the ecological rehabilitation of floodplains than
the threat from the river water quality, especially
now that this quality is improving.

It is known that flooding of former agricultural
land leads to excessive P eutrophication by oxygen
depletion and concomitant phosphate mobiliza-
tion (Lamers et al., 1998b; Lamers et al., 2001;
Young & Ross, 2001; Van Dijk et al., 2004). This
is a result of limited access of oxygen to soils and
the concomitant shift to other electron acceptors
available for soil microorganisms, decreasing the
overall redox potential and generating alkalinity
(Ponnamperuma, 1984; Laanbroek, 1990). Simul-
taneously, the concentration of dissolved free iron
increases (due to iron reduction) and phosphate is
mobilized (Patrick et al., 1973; Patrick & Khalid,

1974; Khalid et al., 1977; Lamers et al., 1998a, b;
Baldwin & Mitchell, 2000; Loeb et al., unpub-
lished data). Phosphate bound to aluminium and
aluminium-organic compounds will, in contrast,
not be released, because the metal is not redox-
sensitive (Darke & Walbridge, 2000). This means
that after retention, the greater part of this frac-
tion will stay in the soil. The same holds for
phosphate  bound to calcium carbonate
(Golterman, 1998; Reddy et al., 1999). For cal-
cium-rich soils, the relatively high proportion of P
may be sequestered by calcium, preventing phos-
phate from dissolving during flooding.

Recent research has revealed that many flood-
plains along Dutch rivers show high concentra-
tions of free iron in the soil moisture (up to
6000 umol 17"), preventing the accumulation of
free sulphide (Loeb et al., unpublished data).
Total soil iron concentrations range from 0.6 to
6% (100-1000 umol g~' DW; Loeb, unpublished
data), as a result of sedimentation from river
surface water (the iron concentration in suspended
matter being 3% for the Rhine; ICPR, 2005).
Higher concentrations of iron measured in flood-
plain soils are mainly the result of the discharge of
anaerobic, iron-rich groundwater in the present or
past. Upon reaching the (temporarily or perma-
nently) aerobic top layer, iron is oxidized to iron
hydroxides, and accumulates. This may even lead
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to the deposition of iron stone (marsh ore, with Fe
concentrations up to 50%), for instance in river
valleys whose soils comprise a mixture of sand and
peat (called dalgronden in Dutch).

At first glance, these high iron concentrations
seem to be beneficial because of their high phos-
phate-binding capacity. Unfortunately, this high
binding capacity has, in combination with the
heavy fertilization of floodplains, led to excessive
loading of the soil’s phosphate binding sites. As a
result, the phosphate concentration in pore water
may increase to 20-200 times the original con-
centration during flooding, leading to concentra-
tions up to 225 umol I"! (Young & Ross, 2001;
Loeb et al.,, unpublished data). The phosphate
saturation of iron-based binding sites has proved
to be a powerful diagnostic tool to predict phos-
phate mobilization during waterlogging or flood-
ing (Young & Ross, 2001; Hogan et al., 2004;
Loeb et al., unpublished data). In combination
with ammonium loading, this phosphate ‘time
bomb’ provides a serious biogeochemical pitfall
for the creation of biodiverse wetlands, whose
production is generally limited by the availability
of N, phosphate, potassium or a combination of
these nutrients (Aerts & Chapin, 2000; Olde
Venterink et al., 2003a; Giisewell, 2004). In iron-
rich, mineral floodplain soils, sulphate pollution
does not lead to extra phosphate mobilization. The
high availability of iron appears to be sufficient to
sequester all sulphide produced without phosphate
being mobilized from iron-phosphate complexes
(Fig. 1; Loeb & Lamers, 2003). We expect that
floodplain soils higher in organic matter and lower
in iron concentration will react like fen soils when
polluted with sulphate, and show both extra
phosphate mobilization and sulphide accumula-
tion (Lamers et al., 1998b; 2001). This is currently
being tested. Peat-forming systems, similar to fens
outside river floodplains, have become very rare in
regulated riverine landscapes. This may be attrib-
uted to the lack of space that would allow for less
dynamic aquatic wetland types farther from the
river, showing lower sedimentation and erosion
rates, and to the young age of most ‘rejuvenated’
floodplains, in which the accumulation of organic
matter has only just started.

The extent to which phosphate mobilization
occurs strongly depends on the seasonality of
flooding. This has been clearly demonstrated by a

mesocosm study using mineral monoliths with
their vegetation. While summer floods resulted in
phosphate mobilization, especially with sulphate-
rich water, winter floods did not produce signifi-
cant changes (Fig. 3; Bruijnzeels & Lamers,
unpublished data). It was striking that this soil
showed a clear response to sulphate pollution, in
contrast to other mineral soils tested, as explained
above. After the water table had been lowered,
phosphate concentrations dropped again, as
expected. In addition, sulphide hardly accumu-
lated during the winter, while sulphide production
peaked in spring, both in the sulphate and control
conditions of the experiment. During water
table draw-down, sulphate reduction ceased and
sulphide became oxidized. Although the season-
ality of flooding is clearly one of the most impor-
tant variables controlling both floodplain
biogeochemistry and vegetation responses, it is
remarkable that river management options
involving combined water storage and ecological
rehabilitation often ignore this fact. Most plants
will survive winter flooding, and nutrient cycling
rates are modest. While water storage as a flood
prevention measure during winter is relatively
harmless to most vegetation types of mesotrophic
wetlands (see also Van Eck et al., 2006), storage
during the growing season will be disastrous.

Soil quality: toxicants

Next to nutrients and chloride, floodplains in
densely populated areas have also been loaded
with a large range of contaminants, including
potentially toxic metals and persistent organic
micropollutants (Leuven et al., 2005). There is
considerable variation in concentrations between
different floodplain areas along the same river, as
well as along horizontal and vertical gradients
within the same floodplain (Middelkoop, 2000).
Concentrations of many compounds exceed
quality standards at many locations (Japenga
et al., 1990; Hendriks et al., 1995; Gocht et al.,
2001). Even if pollutant concentrations in river
water decrease, there is still accumulation in the
soil (Japenga & Salomons, 1993; Leuven et al.,
2005; Hollander et al., 2006; Wijnhoven et al.,
2006). Although the concentrations of most con-
taminants in the river water have substantially
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Figure 3. Effect of temperature on the mobilization of phosphate and accumulation of sulphide in pore water as a result of water-
logging without or with (S) 2 mmol 17! sulphate. Mesocosm experiment with calcareous, sandy monoliths (4% organic matter)
including their Junco-Molinion vegetation (Bruijnzeels & Lamers, unpublished data).

decreased during the last decades, floodplain soils
may still contain high concentrations of persistent
contaminants that can accumulate at different
trophic levels (e.g., Hendriks & Pieters, 1993;
Goodyear & McNeill, 1999). The soil profile may
even provide a proxy for the estimation of historic
water qualities in terms of both P and contami-
nants, since the age of the different layers can be
determined by Cs-137 dating (Middelkoop, 2000;
Winter et al., 2001). For metals, however, the
actual toxicity at a particular temperature is
closely related to metal speciation (Florence et al.,
1992; Forstner, 1993; Tessier & Turner, 1995;
Vink, 2002; Schroder et al., 2005). While total
concentrations in soils may be high (suggesting
great toxicity risks), bioaccumulation may be
adventitiously low (Hobbelen et al., 2004). Metal
speciation is determined by redox conditions, pH
and the concentration and type of dissolved
organic matter. Low redox potentials (waterlog-

ging or flooding) or acidic conditions favour the
dissolving of a number of metals. High total
concentrations will have a much smaller effect in
calcareous soils than in more acidic soils, because
the metals are hardly mobile. Since desiccation of
soils generally leads to acidification through
oxidation processes, including the oxidation of Fe
and S and nitrification (Lamers et al., 1998a;
Lucassen et al, 2002), the acid neutralizing
capacity (ANC) is a significant regulator of metal
toxiciy. If the ANC is sufficiently high, acidificat-
ion (i.e. loss of ANC; Van Breemen et al., 1983)
does not lead to a drop in pH because all protons
are neutralized. For S-rich wetlands, therefore, the
ratio between the total concentration of S (the
acidifying component) and that of calcium +
magnesium (representing ANC) has proved to be a
useful diagnostic tool to assess toxicity problems
during drainage (Lucassen et al., 2002). Values
exceeding 0.7 (mol mol™") indicate that desiccation
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would lead to severe acidification and metal
mobilization. In conclusion, this means that data
on the total metal concentrations (which are gen-
erally used in policy-making programmes) have to
be combined with biogeochemical knowledge of
the regulatory processes to allow toxicity to be
properly predicted (Van der Welle, in press). For a
specific location, current toxicity, bioaccumulation
and biomagnification can be determined by mea-
suring contaminant concentrations and physio-
logical variables in selected organisms (Kooistra
et al., 2001, 2004), or by estimating the fraction
that is readily taken up by organisms (Vink, 2002).

In addition to eutrophication and pollution by
metals and other toxicants, the accumulation of
natural, potentially toxic substances such as
sulphide and ammonium may provide an addi-
tional problem for wetland development in
polluted river systems. For both substances, even
low concentrations are known to be phytotoxic to
helophyte and aquatic macrophyte communities
(Roelofs, 1991; Van Wijck et al., 1992; Armstrong
et al., 1996; Smolders & Roelofs, 1996; Smolders
et al., 1996; Lamers et al., 1998b). High concen-
trations of iron are also known to be toxic to
certain plants (Smolders et al., 1994; Lucassen
et al., 2000). For eutrophic floodplain vegetation,
the accumulation of organic acids such as acetic
acid might be an additional problem (Laanbroek
et al., 1984; Armstrong et al., 1996). The higher
sensitivity to flooding of plants on organic, highly
reductive substrates as compared to mineral
substrates (Van den Brink et al., 1995) can be
explained by the higher oxygen consumption rate
in the soil and the accumulation of toxic
substances mentioned above.

Biogeochemistry and biodiversity

At the highly dynamic locations near the river,
increased connectivity is expected to lead to
greater biodiversity as a result of increased
disturbance by flooding, by sedimentation and
erosion, and by increased dispersal potential
(Bornette et al., 1998; Galat et al., 1998; Demars
& Harper, 2005). In this situation, highly
competitive species are not able to become domi-
nant, and niches for regeneration of ruderal spe-
cies (Grime, 1974) are constantly created, thereby

‘resetting’ succession. In addition, the dispersal of
plant propagules is promoted, which is relevant in
relation to habitat fragmentation. In this way,
biodiversity is warranted by disturbance caused by
hydrological fluctuations. For the upper Rhone
river, it was indeed demonstrated that the most
frequently flooded channel had the greatest mac-
rophyte biodiversity (Bornette et al., 1998). How-
ever, from extensive field studies it is known that
plant biodiversity does not necessarily increase
linearly with flooding intensity. Some studies even
found a negative effect, because the regional spe-
cies pool of flooding-tolerant plants appeared to
be relatively small (Grace & Pugesek, 1997; Grace
& Jutila, 1999; Olde Venterink et al., 2001). Other
studies showed that species richness was highest at
intermediate levels of flooding (Day et al., 1988;
Pollock et al., 1998). In a study along the lower
Rhine covering 215 floodplain lakes the effect of
inundation appeared to be modest, probably
because flooding during the growing season is rare
in this region (Van Geest et al., 2003). A stable
water table in these lakes, however, appeared to
reduce biodiversity and to promote the undesired
dominance of Elodea nuttallii (Van Geest et al.,
2005). Incidental temporal lowering of the water
level is expected to enhance the ecological status of
these lakes, like in peat lakes (Lamers et al.,
2002b). In an earlier study on floodplain lakes
along the lower Rhine, it was also concluded that
in-lake processes (including soil resuspension by
benthivorous fish) appeared to be more important
than river dynamics (Roozen et al., 2003). This
seems to hold particularly for less dynamic river
systems, in contrast to highly dynamic systems. A
complicating factor, not related to connectivity, is
the fact that biodiversity can be very low in less
dynamic backwaters (connected through back-
flows) as a result of high local nutrient loading
(Bornette et al., 1998; Boedeltje et al., 2005).

In order to predict the above effects of changed
nutrient biogeochemistry, it is vital to know
whether the target vegetation types are limited by
nutrient availability, and which of the elements
is actually limiting biomass production for the
total vegetation, or for potentially invading fast
growing species.

In aquatic habitats, phosphate availability
initially controls biomass production, except in
those characterized by extremely low N availabil-



ity (like softwater lakes). Increasing concentrations
of phosphate strongly promote the growth of
algae, decreasing light availability. Submerged
macrophytes and their associated fauna start to
disappear at phosphate concentrations around
5 umol I"!, and plants possessing floating leaves,
such as Lemna, take over. At even higher
phosphate concentrations (>10 umol 1"!) high
phytoplankton (green algae and cyanobacteria)
concentrations develop, or the water becomes
covered by Azolla filiculoides, a fern capable of N
fixation thanks to its symbiosis with cyanobacte-
ria. This means that these waters have changed
from P-limited to N-limited, providing a compet-
itive advantage for N-fixing organisms. Eutrophic
floodplain lakes show clear phytoplankton domi-
nance, suppressing submerged vegetation (Van
den Brink et al., 1993; Van den Brink & Van der
Velde, 1994). The growth of the vegetation in
biodiverse wet meadows, poor fens and rich fens,
now almost completely absent from Dutch riverine
areas, has been shown to be limited by either P or
N, or both (Koerselman & Verhoeven, 1995;
Wassen et al., 1995; Van Oorschot et al., 1998;
Bedford et al., 1999; Wheeler & Proctor, 2000). In
the floodplains of the Allier and Loire (France)
vegetation was found to be N-limited, as indicated
by the positive correlation with N mineralization
(Van Oorschot et al., 1998). Species-rich fen
grasslands in the floodplain of the less polluted
river Shannon were found to be co-limited by N
and P (Spink et al., 1998).

The nature of nutrient limitation is generally
tested by conducting fertilization experiments, by
correlation analysis, or by analyzing the N:P ratio
(reflecting the relative availability for a particular
species). However, the results of fertilization
experiments mostly refer to the biomass response
of the actual total vegetation to nutrient addition,
and not to the competitive advantage of fast-
growing species in the longer term. The differential
effects of nutrient addition can partly be explained
by differences in interspecific variation in the
uptake of N and P, or in the need for these two
nutrients. In conditions of low P availability, small
Carex spp. have a competitive advantage because
they show higher nutrient-use efficiency than
species adapted to eutrophic conditions (Chapin,
1980; Aerts & Chapin, 2000). The fact that indi-
vidual species can be limited by different resources,
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as well as the small-scale heterogeneity in resource
availability, enable species coexistence and biodi-
versity (Tilman, 1994; Gilisewell, 2004). In the
Biebrza Valley (Poland), P fertilization of flood-
plain fens resulted in increased growth of large
sedges, grasses and non-graminoid herbs. Small
sedges were shown to be outcompeted by large
sedges because of the low light availability
(Kotowski, 2002). A review of the literature on
European fens showed that light availability was
closely related to fertility, rather than to the
hydrological regime (Kotowski & Van Diggelen,
2004). Contradictory results may also be explained
by changes in the relative need for nutrients over
time. This was demonstrated by Van der Hoek
et al. (2004). After N addition, the total biomass of
a fen meadow vegetation increased only during the
first year of fertilization, without any effect of P
fertilization. During the second year, total biomass
was unexpectedly boosted by P addition, while the
vegetation became dominated by the grass species
Holcus lanatus. At higher N availability, P uptake
by the vegetation as a whole had increased, leading
to P shortage.

The type of nutrient limitation is strongly
regulated by the extent of drainage and the
mowing regime. Annual mowing of floodplains
along the Polish river Jegrznia has resulted in a
shift from no limitation to (periodical) N and P
limitation at slightly drained riparian locations,
and to P (and probably also K) limitation at the
heavily drained locations (De Mars et al., 1996).
Mowing generally leads to a net export of P and K
(Koerselman & Verhoeven, 1995).

The extremely high nutrient concentrations
(both N and P) in floodplain soils along the rivers
Rhine and Meuse, due to heavy fertilization, are
expected to lead to increased aboveground
biomass production, and thereby to loss of species.
Highly competitive, tall and fast growing species
may outcompete characteristic,c more slowly
growing species (Day et al., 1988; Taylor et al.,
1990). Vegetation types with aboveground
biomass values exceeding 500 g m™2 always show
low plant species richness. The conservation of
many threatened wetland plant species requires
low productive P (co)-limited conditions (Olde
Venterink et al., 2001, 2003a; Wassen et al., 2005).
In Dutch floodplains, the average biomass was
found to be 1000 g m™>2 with values up to
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8000 g m™2 for Phragmites australis stands. Less
than one quarter of the locations monitored
showed a standing stock of 500 g m™> or less
(Antheunisse et al., unpublished data).

Highly productive species-poor vegetation
types such as those dominated by Glyceria maxima
(Europe) or Scirpus fluviatilis (USA) appear not to
be limited by nutrients (Wassen et al., 1995, 1998,
2003; Spink et al., 1998). In eutrophic Dutch and
American floodplains, nutrient availability was
found to be a less important regulator of plant
production than other factors such as flooding and
drought (Spink et al., 1998). In this case, nutrient
availability as the controlling factor of plant
growth is superseded by hydrological variables
(e.g. flooding, current, sedimentation and drought)
and genetic constraints (including flood tolerance
and maximum growth rate). High biomass
production rates reinforce nutrient accumulation,
due to increased accumulation of nutrients ex-
tracted from the soil and enhanced sedimentation.
This stabilizes the existing state and impedes the
transition to a state controlled by nutrient avail-
ability. For eutrophic floodplains, we expect that
the rehabilitation of vegetation types dominated
by slow-growing species, which show high nutri-
ent-use efficiency and a low physiological ability to
respond to eutrophication, will only be possible
after additional measures, as explained in the next
section. In slightly acidic grassland abandoned by
agriculture, the fast growing common rush, Juncus
effusus, represents a major frustration to
conservationists who are trying to convert arable
land to biodiverse wetland by raising water tables.
High phosphate availability in the topsoil impedes
competition by more slowly growing species
(Smolders et al., unpublished data).

In addition to nutrients, high concentrations of
toxic organic and inorganic pollutants are also
expected to impact on floodplain biodiversity.
Although most studies refer to effects on fauna
communities, vegetation development may also be
regulated by toxicity. Potentially phytotoxic com-
pounds include iron (Snowden & Wheeler, 1995;
Lucassen et al., 2000; Batty et al., 2002), sulphide
(Roelofs, 1991; Armstrong et al., 1996; Smolders
et al., 1996; Lamers et al., 1998b), ammonium (e.g.
Roelofs et al., 1985; Boxman & Roelofs, 1988;
Smolders et al., 1996; De Graaf et al., 1998; Luc-
assen et al., 2003), chloride (Van den Brink & Van

der Velde, 1993) and aluminium (Rengel, 1996; De
Graaf et al., 1997; Rout et al., 2001; Batty et al.,
2002). As ammonium and aluminium appear to be
far more toxic at low pH and low Ca concentra-
tion, the toxicity of these compounds will be more
pronounced at locations with a low ANC. In fen
meadows, ammonium and aluminium toxicity
have been shown to be quite detrimental to a
number of characteristic, vulnerable species (De
Graaf et al., 1998; Lucassen et al., 2003; Van den
Berg et al., 2005). However, high ammonium
concentrations in anaerobic soils (in which nitrifi-
cation rates are low) may also be toxic to aquatic
macrophytes in calcarcous waters (Onaindia et al.,
1996; Smolders et al., 1996; Pezeshki, 2001).
Therefore, species biodiversity is expected to be
regulated by concentrations of both nutrients and
toxicants. Depending on speciation (regulated by
pH, dissolved organic matter and redox state),
high metal concentrations may accumulate in both
riparian and aquatic macrophytes.

From research to policy and measures

As discussed above, we expect several biogeo-
chemical problems to arise when Dutch rivers are
allocated more space, and new hydrological
regimes are established. We think that it will not
be possible to simply extrapolate the ecological
developments in the more pristine river systems
chosen as a reference to greatly disturbed river
systems such as those in the Netherlands.
Phosphate-poor conditions for the develop-
ment of biodiverse wetland vegetation can only be
created by either sod cutting or soil removal. To
estimate the biological availability of P, extraction
procedures (e.g. Olsen et al., 1954) provide a better
estimate than the total concentrations. Olsen-P
concentrations are very high in Dutch floodplains
along the rivers Rhine, Meuse and IJssel, compa-
rable to nature development regions outside river
areas (Fig. 4a). Even for Polish floodplains along
the Bug and Narew, P concentrations have been
found to be quite high, while those for the Odra
floodplains were extremely high, due to fertiliza-
tion or pollution from the river. Efforts to deplete
the strongly eutrophicated soils by mowing and
biomass removal are inadequate. Total P concen-
trations in the soils are, on average, 10-20 times



the Olsen-P values. This means that if one wanted
to achieve the phosphate concentrations that are
characteristic of biodiverse reference areas
(amounting to 250 umol Olsen-P kg~' DW;
2500 umol total P kg™' DW), it might take
100-500 years to create the desired conditions.
This is generally well beyond the scope of policy-
makers, nature managers and water managers. A
depth profile for P will indicate the required
removal depth, which is often not equivalent to the
depth of ploughing. For many habitat creation
areas, however, phosphate saturation is too deep
and soil removal therefore too costly (Fig. 4b).
This means that the above-mentioned
development of P-limited, biodiverse vegetation
types is impossible. In this case, regular sod cut-
ting, removing highly competitive species, may
favour early successional stages. As deeper soil
layers in floodplains may still contain high con-
centrations of phosphate due to historic loading
(Winter et al., 2001), it is vital to analyze soil
profiles before starting rehabilitation measures like
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excavation. In combination with this analysis,
rejuvenation measures may meet extra targets by
eliminating the eutrophication constraint imposed
by P enrichment of floodplain soils.

Nitrate is generally a less important problem
than phosphate, due to the relatively high mobility
of this nutrient (Fig. 5). N concentrations in soil
moisture of Dutch floodplains are generally
between 0 and 100 umol I”! for ammonium, and 0
and 50 umol 1I"! for nitrate, which is moderate.
Both in Poland and in the Netherlands, however,
extremely high values, up to the millimolar range,
for nitrate (drier soils) and ammonium (wetter soils)
have been measured (Loeb et al., unpublished
results). At locations with seepage of nitrate-rich
groundwater, soil removal will not exhaust the
available nitrate. At these high N concentrations,
N-based eutrophication is very likely. As discussed,
the relative availability of one nutrient will influence
the response to another.

The ecological rehabilitation of floodplains
may also be frustrated by soil contamination. As
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Figure 4. (a) Estimation of phosphorus availability in the upper 10-20 cm of sediments and sediments by bicarbonate extraction
(Olsen et al., 1954), for various locations in the Netherlands, Poland and Ireland for riverine soils, grey dots represent organic soils,
white dots mineral soils. Many locations show high P availability, some even excessive. Df.: P deficiency plausible. Ref: reference
biodiverse wetlands; ND: non-alluvial, former agricultural areas destined for nature development (Smolders, unpubl. data). All other
locations are alluvial wetlands, most of which were formerly or are currently in agricultural use (Antheunisse, unpublished data; Loeb,
unpublished data). River codes: OV: Overijsselse Vecht, the Netherlands (NL); OM: Oude Maas (NL); ME: Meuse (NL); RH: Rhine
(NL); W: Waal (NL); SW: Swalm (NL); GE: Geulle (NL); SH: Shannon, Ireland; OD: Odra, Poland (PL); BU: Bug (PL); NA: Narew
(PL). (b) Olsen P values for the different depth classes at the ND locations of panel A (Smolders, unpublished data). Defic.: P deficiency
plausible. Ref: reference biodiverse wetlands. Based on these estimates, decisions can be made on the extent of sediment removal
needed to restore nutrient-poor conditions in ecological rehabilitation programmes.



178

1000 - —@—arable
800 1 —O— former arable

—/\— reference
600 -

400 -

200

0-20 20-40 40-50 50-60 60-70

NO,™(umol kg™' DW)

4000 -
3500 -
3000 -
2500 -
2000 -
1500 -
1000 -
500 A
0 —2 T T A T A_
0-20 20-40 40-50 50-60 60-70
depth class (cm)

P, (Mmol kg DW)

Figure 5. Concentrations of plant-available nitrate (NO3; H,O
extraction) and phosphate (HPO3; lactate/acetate extraction)
in sediments, for different depth classes; comparison between an
arable land location, former arable land and reference (biodi-
verse nature reserve). All three are recharge areas in terms of
hydrology. NO3 concentrations have decreased to reference
values after cessation of agricultural activites 10 years ago while
HPOj3™ concentrations remain high. (From: Smolders et al.,
unpublished data).

concentrations of a large number of contaminants
were extremely high during the 1970s and have
since decreased in the surface water, excavation
may well uncover contaminated layers (Winter
et al., 2001).

The targets of ecological rehabilitation are not
only related to plant species diversity, but also to
ecosystem diversity and riverine landscape diver-
sity (Amoros, 2001; Ward et al., 2002). This means
that measures should be taken at these different
levels. The biogeochemical constraints we have
discussed operate not only at the species and
ecosystem level, but also at the landscape level.
For instance, vegetation development interferes
with geohydrology at the landscape level, urging
the need for preservation and rehabilitation of
biodiversity at higher scales (Sparks, 1995; Tock-
ner et al., 1998; Godreau et al., 1999).

The identification of possible constraints and
the prediction of the outcome of restoration

measures require an understanding of biogeo-
chemical and biological key processes in riverine
areas (Buijse et al., 2002) and other wetland
types (Bedford, 1999). Unlike a trial and error
approach, this will enable managers and policy-
makers to understand the factors controlling
degradation or successful restoration (Bedford,
1999; Lamers et al., 2002b; Buijse et al., 2005).
Field observations providing correlative infor-
mation need to be coupled to experimental data,
in order to find causal relationships. Once the
key variables and processes have been assessed,
diagnoses can be established and results for one
location can be extrapolated to other areas. In
addition to biogeochemical assessments, vegeta-
tion can also be used for an ecological diagnosis
of riverine wetlands, because the occurrence and
abundance of wetland plant species are highly
indicative of their habitat characteristics (Bloe-
mendaal & Roelofs, 1988; Demars & Harper,
1998; Dawson & Szoszkiewicz, 1999; Amoros
et al., 2000; Buijse et al., 2005). Moreover, it
should be possible to predict the degree of suc-
cess for a given location, and to make sound
choices between potential new areas combining
water safety and ecological targets (risk analy-
sis). In order to be able to include the spatial
variability within riverine systems, geographic
information systems applications are indispens-
able (Poiani & Bedford, 1995; Kooistra et al.,
2001). Rehabilitation projects based on trial and
error show a very unfavourable cost-benefit
ratio, which is undesirable given the high costs
of ecological rehabilitation.

Conclusions: how much ecological space does the
‘straitjacket’ provide?

Highly regulated rivers only provide a narrow
area to accommodate an elaborate mosaic of
wetland types, including sedge fens and carr
woods. In the past, high inputs of nutrients and
contaminants caused a gradually declining
nutrient gradient, depending on connectivity.
The heavy fertilization of floodplain soils and of
groundwater feeding floodplain wetlands with N
and P impose a serious constraint on the devel-
opment of wetland types controlled by nutrient
availability. For these areas, managers have to



be satisfied with lower ecological targets, or take
additional measures such as top layer removal.
The need for this may be partly obviated by
removing soil as a part of rejuvenation measures,
provided that newly exposed soil layers do not
contain high concentrations of phosphate or
contaminants as a legacy from past eutrophica-
tion and pollution. For floodplain lakes, water
level fluctuation seems to be vital to reduce
eutrophication and increase biodiversity. In or-
der to tackle nitrate and sulphate pollution via
groundwater seepage, measures have to be taken
at the landscape scale. For those communities
primarily controlled by flooding regime (alter-
nating flooded and desiccated conditions),
nutrient biogeochemistry will be of minor
importance, because flooding regimes overrule all
other factors. Their biodiversity is mainly con-
trolled by disturbance, either positively or nega-
tively. Next to eutrophication, intoxication by
(micro)pollutants imposes an additional con-
straint. After removal of the top layer, soils may
even show higher concentrations as a heritage
from a more polluted past.

We have argued that a trial and error ap-
proach will not be able to predict the ecological
development of particular floodplain locations,
nor will it be possible to select those locations
that are most likely to be successful in terms of
ecological rehabilitation. Biogeochemical knowl-
edge is a prerequisite for successful ecological
rehabilitation, ensuring that space for the river
also implies space for ecologically sound flood-
plains.
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